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Summary 

This research project aims to investigate the toxicity of six commonly used agricultural 

pesticides (formulations based on glyphosate, mecoprop-p, chlorothalonil, mancozeb, 

metaldehyde and chlorpyrifos) on three key functional groups of the freshwater 

environment.  This was achieved by carrying out laboratory acute toxicity studies on 1) 

the bacterial community of a dehydrated microbial seed, 2) the submerged aquatic 

macrophyte species Myriophyllum aquaticum and 3) the aquatic invertebrate species 

Daphnia magna.  

Firstly, the impact of pesticide exposure on the bacterial trophic level of a freshwater 

system was carried out.  The effect of the pesticides on bacterial activity was measured 

by assessing the oxygen consumption of the population over time. This was achieved by 

using the standard BOD5 method and the Oxitop control measuring system.  The 

inhibitory effect of the test substance on the bacterial population was measured in terms 

of percentage inhibition of BOD5, length of the lag phase, slope of the line during the 

exponential growth phase and EC50 values calculated at various time points on the 

growth response curve.  Based on the results, the overall toxicity order of the pesticide 

formulations towards the bacterial population was as follows; glyphosate/mecoprop-p 

> chlorothalonil/chlorpyrifos > metaldehyde > mancozeb.  Based on the EC50 value 

obtained, these pesticides are not thought to have a long term inhibitory effect on 

bacteria.  All pesticides were degraded and used as a food source by the bacteria seed 

population over the test period.  This indicates that freshwater systems have the ability 

to remediate against pesticide contamination.  

A second toxicity bioassay was carried out on the submerged aquatic macrophyte 

Myriophyllum aquaticum, which represented the macrophyte trophic level of the 

system.   While no standard procedure for toxicity testing of Myriophyllum aquaticum 

exists, the experimental procedure used was based on the Myriophyllum toxicity test 

method developed by the SETAC Aquatic Macrophyte Ecotoxicology Group (AMEG), 

with some minor modifications. Submerged rooted M. aquaticum shoots were exposed 

to the test substance, under controlled conditions, for a period of 14 days.  Macrophyte 

inhibition was assessed by recording shoot length, biomass wet and dry weight, root 

length and root number, as well as noting physical changes of the plant over the course 

of the study.  Based on mean toxicity values, the toxicity scale of the six pesticides 
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examined was as follows; mancozeb > mecoporp-p > glyphosate > chlorpyrifos > 

chlorothalonil > metaldehyde.   Five of the six pesticides examined exerted a toxic 

effect on M. aquaticum. Glyphosate, mecoprop-p, chlorothalonil, mancozeb and 

chlorpyrifos were all found to be toxic to the plant. Metaldehyde was the only active 

ingredient which did not stunt the plant growth.  Due to the large range in sensitivity of 

parameters, it was concluded that a number of parameters should be used when 

measuring macrophyte toxicity. Roots are particularly sensitive to pollutants and where 

possible should always be included in toxicity tests.  

Finally, the toxicity of plant protection products on the invertebrate trophic level of a 

freshwater ecosystem was examined by carrying out the Acute Immobilisation Test of 

Daphnia (OECD 202).  The toxicity order of the pesticides towards daphnia was found 

to be as follows; mancozeb > chlorpyrifos > metaldehyde > chlorothalonil > 

glyphosate > mecoprop-p.  Fungicide and insecticide products were the most harmful 

to daphnia while herbicidal products posed less of a risk. The OECD 202 Daphnia 

immobility study is a general protocol for the assessment of a wide variety of chemical 

substances, however, some modification for the assessment of plant protection products 

have been suggested.  Stirring or aeration of the test solution may be required in cases 

where the test substance does not easily remain in solution.  Secondly, distinguishing 

between immobility and mortality of daphnia, while more time consuming, can provide 

useful additional information on the effect of the substance on the daphnia.   

By combining the above results, an overall assessment of the toxicity of pesticides on 

the freshwater environment can be evaluated.  It was concluded that individual 

pesticides effect each trophic level differently.  The invertebrate trophic level was 

observed to be the most sensitive to pesticide exposure, while the bacterial trophic level 

was the least sensitive.  Bacterial populations have the potential to remediate against 

pesticide exposure and are an important defence against pesticide pollution events.  It 

was concluded that of the six pesticide formulations examined here, mancozeb and in 

particular chlorpyrifos based formulations pose the greatest risk to the overall aquatic 

ecosystem.  This is due to their toxicity on the three test species but also based on their 

potential for wider ecosystem effects. A tiered toxicity assessment, using a number of 

toxicity assays from different trophic levels, is therefore considered an effective way of 

assessing the risk posed by pollutants to the aquatic environment as a whole.  
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1. Introduction 

1.1  Introduction 

The concept of ecotoxicology was first presented in the 1970’s and was defined as “the 

branch of toxicology concerned with the study of toxic effects, caused by natural or 

synthetic pollutants, to the constituents of ecosystems, animal (including human), 

vegetable and microbial, in an integral context by Truhaut (1977).  Truhaut and 

colleagues were involved in a number of early ecotoxicology studies, including 

examining toxic thresholds of cadmium on the algae species Chlorella 

vulgaris (Truhaut, Ferard et al. 1980) and bioaccumulation studies of cadmium through 

several trophic levels of an aquatic environment (Ferard, Jouany et al. 1983).  

Ecotoxicology is concerned with the relationship between the concentration of chemical 

present and the effect it has on the receiving organism.  Dose response curves are often 

used to assess this relationship.  The toxic response of an organism to a chemical can be 

measured in a number of ways including death, reduction in growth, reproductive 

inhibition, chemical and molecular changes and alteration in behaviour.  These effects 

are most often expressed in terms of EC50 (effect concentration) values, which is the 

concentration at which a 50% response is seen, or LC50 (lethal concentration), which 

represents the concentration which causes death in 50% of the population.  Other 

common measurements of toxicity include no observed effect dose (NOED) and no 

observed effect concentrations (NOEC) which is the highest exposure concentration 

before an effect is observed.  In aquatic toxicity studies, significant differences in 

responses have been seen between different species and in some cases between different 

strains of the same species (Walker 2006).  The major route of uptake in an aquatic 

environment is directly from the water phase but depending on the organism and its 

habitat, uptake from food and from residues in the sediment are also important sources 

of contamination.  As a result, for a comprehensive chemical toxicity assessment, 

evaluation of a wide range of aquatic organisms, from a number of different trophic 

levels, is suggested.   
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1.2 Plant Protection Products 

1.2.1 Pesticide definition 

The term pesticide is a general term which covers a wide range of chemical 

formulations used to treat unwanted pests.  A pesticide can be defined as “any 

substance or mixture of substances intended for preventing, destroying, repelling, or 

mitigating any pest” (Pang, Yang et al. 2016).  The term covers plant protection 

products, biocides and veterinary products.  Plant protection products are those products 

intended for the protection of crops and plants.  Biocidal products cover a vast array of 

uses including disinfectants, preservatives, pest control and others (EPA 2012).  

Synthetic pesticides were first developed in the 1940’s and this marked the move away 

from natural and inorganic pesticides in favour of using synthesised pesticides (Zhang, 

Jiang et al. 2011).  Since then agricultural pesticides have always posed a risk to the 

aquatic environment but as methods of detection improve and research into the area has 

increased the true ecotoxicological risk of these chemicals on the aquatic environment 

has become apparent.  Agricultural pesticides reach aquatic environments in a number 

of ways including through spray drift, surface runoff, leaching through the soil or point 

sources from accidental and deliberate spill events (Lipok, Studnik et al. 2010).  The 

impact of any pesticide on the aquatic environment will also be heavily influenced by 

the chemical nature of the formulation and in particular the active ingredient. The risk 

to the aquatic environment is increased the more water-soluble the active ingredient is.  

However, for soil environments water soluble pesticides tend to stay in the aqueous 

portion of the soil and do not absorb onto soil particles, therefore, reducing the risk of 

persistence in the soil.  The chemicals DT50 value i.e. the time it takes for the pesticide 

concentration to decrease by 50%, in soil and water will also determine its persistence 

and potential for freshwater contamination.  If the DT50 in soil is low there is the 

potential for the compound to pass through the soil and reaches either groundwater or 

freshwater environments.  If the DT50 in water is high then the compound will persist in 

freshwater if present (CDM 2008).   

1.2.2 Pesticide use in Ireland 

The most extensive surveys of pesticide use patterns in Ireland are carried out by the 

Pesticide Control Division (PCD) which publish pesticide usage survey of grassland 

and fodder crops (Department of Agriculture 2013) and arable crops (Department of 
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Agriculture 2012).  In the grassland and fodder crops category of land use, herbicides 

dominate pesticide applications accounting for 98% of the total weight kg of 

formulation used.  The other significant usage categories were fungicides at 2%. All 

others pesticide types were ≤ 1%.  Based on crop type the largest portion of pesticides 

formulation used for all grass and fodder crops was on fodder beat (2.72 kg/ha), 

Swedes/turnip (1.99 kg/ha) and fodder maize (1.9 kg/ha) (DAF 2004).  For cereal crop 

fungicides represented the highest proportion of pesticide type used with 48% of 

product weight used being fungicidal.  Herbicides were also used in similar amounts 

representing 30% of the wet weight of product applied (Department of Agriculture 

2012).  These two reports are the last comprehensive examination of Ireland pesticide 

use and application.  However, the EU Eurostats website publishes regular statistics on 

pesticide sales in Europe.  The most up to date statistics available are based on 2014 

sales figures. In 2014, 2,039,237 kg of herbicidal products, 635,509 kg of fungicidal 

products, 51,430 kg of insecticide and 9,850 of molluscicide products were sold in 

Ireland (Eurostat 2016).  Sales and usage trends for 2017 and beyond are likely to be 

higher than these figures as food production and the economy of Ireland continues to 

grow.  Worldwide pesticide use follows a similar pattern to that of Ireland.  Herbicides 

are the most widely used pesticide product based on sales levels.  

Fungicide/bactericides are the second most used pesticide group and insecticides are the 

third most used group worldwide (Zhang, Jiang et al. 2011). Between 1 - 2.5 million 

tonnes of pesticide product is used worldwide every year (Fenner, Canonica et al. 

2013).  The leading countries for pesticide use are China, the United States of America, 

France, Brazil and Japan.  However in total Europe is the largest consumer of pesticides 

in the world (Zhang, Jiang et al. 2011).  

1.2.3 Selection of pesticides for use in the study 

The selection of which pesticides to use for this study was based on available 

information on pesticide usage patterns in Ireland, the UK and the USA.  The Republic 

of Irelands usage patterns were based on data provided by the Pesticide Registration & 

Control Division (PRCD) of Department of Agriculture, Food and the Marine (DAFM) 

(DAF 2003, DAF 2004).  This was the latest available information on pesticide usage 

patterns at the time of pesticide selection.  Subsequent pesticide usage data in Ireland 

show comparable pesticide usage trends to these.  Based on the information supplied on 

Grassland and Fodder crops and Arable crops in the PRCD reports Zhao, Singleton et 
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al. (2013) established that the six most widely used pesticides in Ireland at that time 

were MCPA, glyphosate, chlorothalonil, mecoprop-p, chlormequat and mancozeb.  

When Irish pesticide usage information was combined with usage patterns in the UK 

(D.G. Garthwaite 2013) and the United States (EPA 2012) the six active ingredients for 

examination in this research project was finalised.  The final selection of the pesticides 

investigated was based on the combined worldwide usage and providing a spread of 

plant protection products types with herbicidal, fungicidal, insecticidal and molluscicide 

uses. A summary of the usage patterns in each country is given in Appendix 1.  The 

selection of product formulations was based on selecting formulations which had only 

one active ingredient rather than a number of active ingredients, with consideration also 

given to products that were commonly used in Ireland.  The pesticides active 

ingredients and commercial formulation chosen for this research project are as follows 

and are shown in Figure 1.1;    

i. Glyphosate (commercial formulation Roundup Pro Bioactive® containing 

360g/l (30.77% ww) glyphosate, present as 480g/l (41.6% ww) of the 

isopropylamine salt of glyphosate ) (herbicide). 

ii. Mecoprop-p (commercial formulation Duplosan KV containing 600 g/l 

mecoprop-p potassium salt) (herbicide). 

iii. Chlorothalonil (commercial formulation Bravo 500 containing 500 g/l (40.3% 

w/w) chlorothalonil) (fungicide). 

iv. Mancozeb (commercial formulation Dithane 945 in wettable powder 

containing 80% w/w mancozeb) (fungicide). 

v. Chlorpyrifos (commercial formulation Trigger contains 480g per litre (40.8% 

w/w) chlorpyrifos plus co-solvents) (insecticide). 

vi. Metaldehyde (commercial formulation Slug Clear containing 228 g/l of 

metaldehyde as a suspension concentrate) (molluscicide). 

  



5 
 

  

 

Figure 1.1 Plant protection product formulations examined for a tiered toxicity assessment of a 

freshwater aquatic environment; a) Roundup Pro Bioactive®, b) Duplosan KV, c) Bravo 500, d) Dithane 

945, e) Trigger and f) SlugClear.  

1.2.4 Herbicide 

Herbicides are an extensively used group of plant protection products used to control or 

kill unwanted plant growth.  As stated above, herbicides contribute to the greatest 

amount of pesticide use in Ireland.  The following herbicidal active ingredients were 

examined for this research project.  

Glyphosate 

Glyphosate is a commonly used active ingredient in a number of herbicide products 

used for agricultural, forestry and aquatic weed control (Lipok, Studnik et al. 2010).  It 

is a broad spectrum herbicide (Peruzzo, Porta et al. 2008) used on both 

monocotyledonous and dicotyledonous weeds on agricultural and non-agricultural lands 

a) 

d) 

c) b) 

f) e) 
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(Kielak, Sempruch et al. 2011).  Glyphosate is the fifth most commonly used active 

ingredient in Ireland and the most widely used active ingredient in America.  A total of 

116,731 kg of glyphosate is applied to agricultural land in Ireland each year (DAF 

2004).  Current glyphosate is classified by the European Chemical Agency (ECHA) as 

having an aquatic chronic category of 2 meaning it is toxic to aquatic life with long 

lasting effects (ECHA 2016).  Glyphosate is a 5-enolpyruvylshikimate-3-phosphate 

(EPSP) synthase inhibitor (Wood, Mitrovic et al. 2016).  EPSP is an intermediate in the 

synthesis of aromatic amino acids present in the shikimic acid pathway (Gomez, 

Ferreras et al. 2009).  By interfering with this pathway glyphosate stops the production 

of aromatic amino acids necessary for the synthesis of protein and therefore inhibit the 

growth of the plant (Townsend, Peck et al. 2017).  Several previous studies have 

investigated the impact of glyphosate on aquatic non-target organisms. Mateos-Naranjo 

and Perez-Martin (2013) studied the effect of low levels of glyphosate (5 - 30 mg/l) on 

the aquatic species Bolboschoenus maritimus.  They discovered that relative growth rate 

(RGR) decreased with increasing concentration of glyphosate with a 26% decrease in 

RGR at 30mg/l glyphosate when compared to the control.  Photosynthesis was also 

impaired in the presence of the herbicide with both photosynthetic rate and pigment 

concentration reduced at the highest glyphosate concentrations demonstrating that even 

at non-lethal doses significant reduction in growth can occur in non-target species.  Tsui 

and Chu (2008) investigated the fate of Roundup (a glyphosate based herbicide) in a 

freshwater and estuarine environment after a herbicide application.  At both test sites, 

glyphosate levels in the water column had rapidly decreased after three days.  Levels 

are thought to decrease due to the transport mechanisms caused by wind and currents.  

Glyphosate is also rapidly bound to the sediment again removing it from the water 

column.  Thirdly, over time this attached glyphosate is degraded into 

aminomethylphosphonic acid and other intermediate breakdown products by microbial 

activity.  Tsui and Chu (2008) concluded that while glyphosate levels in the water and 

sediment phase were rapidly degraded to below lethal levels, the impact on amphibians 

and other non-target organisms are not clearly known and should be investigated.  

There is also evidence that individual species vary dramatically in their response to 

Roundup application.  This was shown by Sihtmäe, Blinova et al. (2013) who observed 

that of the two terrestrial plant species studied Hordeum vulgare was more sensitive to 

Roundup than Raphanus sativus even though their response was expected to be the 

same.  This study again supports the finding that glyphosate concentrations can remain 
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in the soil long after herbicide application and leaching into freshwater systems is a risk 

(Sihtmäe, Blinova et al. 2013).  

Mecoprop-p  

Mecoprop-p ((R)-2-(4-chloro-2-methylphenoxy) propanoic acid) is a phenoxyalkanoic 

acid herbicide used for the control of broadleaf weeds common to cereal crops.  It is a 

chlorophenoxy herbicide (Gómez-Ramírez and García-Fernández 2014).  

Chlorophenoxy herbicides are a group of herbicides used for plant control which 

include the active ingredients dicamba (González, Soloneski et al. 2007), 2,4-

dichlorophenoxyacetic acid, triclopyr, dimethyl tetrachloroterephthalate and 3-

phenoxybenzoic acid (3-PBA) (Chu, Henny et al. 2007) and mecoprop.  They are a 

significant group of herbicide products because of their extensive use and wide 

distribution (Jankowska, Biesaga et al. 2004). Mecoprop-p has high water solubility and 

slow degradation rate in soil meaning it is a high risk for aquatic ecosystems 

(Rodríguez-Cruz, Bælum et al. 2010).  The structure of mecoprop (MCPP) is 

enantiomeric meaning it has two mirror image structures.  Each enantiomeric possesses 

identical physio-chemical properties but can react in different ways to biological 

systems (Williams, Harrison et al. 2003).  Mecoprop contains equal parts of two 

different stereoisomers but only the (R)-(+) isomer (D form) has any herbicidal 

qualities.  Mecoprop-p differs from mecoprop in formulation because it has >93% of 

(R)-(+) enantiomer (Mottier, Kientz-Bouchart et al. 2014).  Mecoprop and mecoprop-p 

are not considered persistent in soil, with a very low octanol-water partition coefficient 

values (Kow ) of −0.19 to 0.02 (Mottier, Kientz-Bouchart et al. 2014).  Log Kow values < 

5 have little potential for bioaccumulation (Verhaert, Newmark et al. 2017).   However, 

this means that the compound can be easily leached from the soil and makes its way 

into aquatic environments (Mottier, Kientz-Bouchart et al. 2014).  Mecoprop-p is 

considered hazardous to both humans and the aquatic environment.  Base on ECHA 

classification it is considered to have an acute toxicity category 4 and an Eye damage 

category 1.  It is also classified as aquatic chronic category 2 posing a long term toxicity 

risk to aquatic organisms (ECHA 2016f).  Aquatic organisms have had a mixed toxicity 

response to mecoprop and mecoprop-p.  The response of organisms to mecoprop and 

mecoprop-p exposure is varied.  It's recorded effects include the inhibition of embryo-

larval development in oysters (Mottier, Kientz-Bouchart et al. 2014).  However, at low 

concentrations, 10 μM of mecoprop active ingredient did not cause significant 
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inhibition to aromatase activity in microsomes from the brain or ovaries (Hinfray, 

Porcher et al. 2006). Mecoprop active ingredient was not observed to be acutely toxic to 

daphnia up to 100 mg/l and there was no observed toxicity to algae up to a 

concentration of 180 mg/l (Nitschke, Wilk et al. 1999).  There appears to be a 

difference in toxicity between the mecoprop and mecoprop-p forms of the herbicide 

active ingredient.  This is also subject to species and concentrations used.  

1.2.5 Fungicide 

Fungicides are another major group of pesticides which have a large global application 

volume.  They are used to inhibit or kill fungi and fungal spores (Li, Liu et al. 2016).  

There are currently over 250 fungicide products registered for use in Ireland alone 

(PRCD 2016). The fungicidal active ingredients chlorothalonil and mancozeb were 

chosen for toxic evaluation in this research project.  

Chlorothalonil  

Chlorothalonil (2,4,5,6-tetrachloroisophthalonitrile,CHT) (Zhang, Nie et al. 2016) is a 

broad spectrum fungicide used to treat fungal disease of plant foliage. It is a non-

systemic, organochlorine fungicide (Wu, Deng et al. 2016).  The water solubility of 

chlorothalonil is reported as 0.9 mg/l (Zhang, Nie et al. 2016).  Chlorothalonil has a 

Log Kow of 2.92 and a half-life of between 8 – 49 days (Phyu, Palmer et al. 2011).  It 

also has a number of metabolites including 4-hydroxychlorothalonil, 2,5,6-trichloro-4-

methoxyisophthalonitrile, 2,4,5-trichloroisophthalonitrile and isophthalonitrile (Chaves, 

Shea et al. 2007). The metabolite 4-hydroxychlorothalonil is considered the most 

significant metabolite however its impact on the aquatic environment is still not well 

known.  A study on the toxicity of chlorothalonil and its metabolites toward zebrafish 

embryo found that rate of mortality following exposure to 4-hydroxychlorothalonil was 

greater than that of chlorothalonil at 50µg/l (Zhang, Ji et al. 2016). The known risks of 

chlorothalonil to human health include dermatitis, eye and skin irritation, and 

gastrointestinal problems (Draper, Cullinan et al. 2003).  It has a hazard classification of 

Eye damage 1, Skin sensitisation 1, Acute toxicity 2 and Specific Target Organ 

exposure (single exposure) 3 respiratory.  It is also classed as a carcinogen category 2. 

In terms of the aquatic environment, chlorothalonil is classified as Aquatic acute 1 and 

Aquatic chronic 1 indicating that it poses both a short term and long term toxicity risk 

to the aquatic environment (ECHA 2016a).  Chlorothalonil usually has an application 
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schedule of multiple applications in a season at short intervals (DeLorenzo and Fulton 

2012).  Multiple applications at short intervals will mean that residue build-up is more 

likely and therefore poses a higher risk to the receiving environment and non-target 

organisms.  It is used to treat diseases including Brown patch (Rhizoctonia solani), 

dollar spot (Sclerotium rolfsii) and Pythium Blight (Pythium aphanidermatum) 

(Sherrard, Murray-Gulde et al. 2003).  Previous toxicity assessments of chlorothalonil 

found an IC50 of 66.4 µg/l in the freshwater cladoceran Ceriodaphnia cf. dubia (Phyu, 

Palmer et al. 2011),  an LC50 of 2400 µg/l for the fish species Oncorhynchus kisutch 

(Mayer, Mayer et al. 1986) and an LC50 of 3044 µg/l in the prawn species Palaemon 

serratus (Bellas, Beiras et al. 2005).  The toxicity of chlorothalonil to algae is estimated 

to be between 5.1 – 450 µg/l (DeLorenzo and Fulton 2012).  Algae have proven to be 

the most sensitive aquatic species to chlorothalonil.   

Mancozeb 

Mancozeb is part of the ethylenedithiocarbamates family with zinc and manganese as 

co-metals (Pariseau, Saint-Louis et al. 2009, López-Fernández, Yáñez et al. 2016). It is 

widely used, non-systematic agricultural fungicide (López-Fernández, Pose-Juan et al. 

2017).  It works by reacting with the sulfhydryl groups of amino acids and enzymes in 

fungal cells (Afsar and Demirata 1987).  However, mancozeb is unstable in water and 

air and is degraded rapidly.  As a result, it is considered to have a low toxicological risk 

to aquatic environments (López-Fernández, Pose-Juan et al. 2017).  The optimum 

degradation condition of mancozeb in water are reported to be low pH (pH 2), high 

temperature (25°C) and when in the presence of light (López-Fernández, Pose-Juan et 

al. 2017).  Mancozeb itself is rapidly degraded into its metabolites ethylenethiourea 

(ETU) also known as imidazolidine-2-thione and ethylenebis (isothiocyanate) sulphide 

(EBIS) in water.  It is these metabolites that often cause the most toxic harm to the 

environment (López-Fernández, Yáñez et al. 2016).  Due to the fact that ETU is stable 

and soluble in water the risk of freshwater and groundwater contamination is high and 

is considered to pose the greatest threat to the aquatic environment.  According to the 

European Chemicals Agency (ECHA), ETU has a hazard class of Acute Toxicity 4 and 

Reproductive toxicity 1B (ECHA 2016e).  Mancozeb is a skin sensitizer category 1 and 

has a hazard classification of 2 for reproduction. It is also classified as being Aquatic 

Acute 1, meaning it is considered toxic to the acute environment following acute 

exposure (ECHA 2016e).  Mancozeb has a proven toxicity to the aquatic environment.  
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It has a reported LC50 value of 3.4 – 7.2 μg/ml for the cyanobacterium 

species Cylindrospermum depending on the nutrients present (Padhy and Rath 2015).  

Marques, Rego et al. (2016) observed after 3 days exposure to a mancozeb based 

fungicide formulation the eel species Anguilla anguilla L. resulted in DNA damage at 

2.9 µg/l.  Mancozeb formulations are thought to have a higher toxicity than the active 

ingredient alone, as seen by De Silva, Pathiratne et al. (2010).  A toxicity assessment of 

the earthworm Perionyx excavatus established an EC50 value of 37.4 mg/kg dry soil for 

pure mancozeb verses an EC50 of 22 mg/kg dry soil for the mancozeb formulation (De 

Silva, Pathiratne et al. 2010).  This increases the risk to the aquatic environment, as 

natural systems will only come into contact with mancozeb formulated products.  

1.2.6 Insecticide 

Insecticides are used for the control of unwanted insects on crops and during crop 

storage and transport.  For this research project, the insecticide active ingredient 

chlorpyrifos was chosen as a representative insecticide for assessment.  

Chlorpyrifos  

Chlorpyrifos (O,O-diethyl O-(3,5,6-trichloro-2-pyridinyl)-phosphorothioate, CPF) is an 

organophosphate (OP) insecticide which has a broad range of applications (Kumar, 

Berliner et al. 2017). Organophosphates are the largest group of pesticides used in 

agricultural activity.  They work by inhibiting the enzyme acetylcholinesterase (AChE) 

which disrupts the nervous system (Facure, Mercante et al. 2017).  Acetylcholine then 

accumulates in the neuron synapse of the organism (Abraham and Silambarasan 2016).  

Chlorpyrifos is of concern for aquatic environments and has a hazard classified of 

Aquatic Acute 1 and Aquatic Chronic 1, posing both a short and long term risk to 

aquatic environments.  Chlorpyrifos also has an acute toxicity classification of 3 for 

human health (ECHA 2016b).  However, due to susceptibility to volatilization, 

photolysis and microbial degradation in the aquatic environment the toxicity risk of 

chlorpyrifos is lessened slightly (Williams, Giddings et al. 2014).  It is an 

organophosphorus (OP) insecticide used mainly for agricultural purposes.  As with 

previously discussed active ingredients chlorpyrifos’ degradation products are 

considered to pose more of a risk to the environment than the parent compound. The 

main degradation products of chlorpyrifos are chlorpyrifosoxon and 3,5,6-trichloro-2-

pyridinol (TCP) (Tang, Yang et al. 2017).  TCP is more water soluble than chlorpyrifos, 
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increasing its potential for aquatic pollution (Abraham and Silambarasan 2016).  

Chlorpyrifos has a reported Kow of 4.7 meaning it can partition from aquatic 

environments into aquatic organisms (Negro and Collins 2017).  Physical effects of 

chlorpyrifos toxicity in aquatic organisms include histopathological lesion on the gills 

and an increase F and B -cells of Zilchiopsis collastinensis crabs (Negro and Collins 

2017).  Previous research has found that a number of pesticide active ingredients 

(chlorpyrifos, endosulfan, cypermethrin, and lambda-cyhalothrin) all pose a risk to 

aquatic organisms based on the Species at Risk (SPEAR) index (Hunt, Bonetto et al. 

2017). 

1.2.7 Molluscicide  

There is not a wide range of molluscicide products or active ingredients available for 

use.  There are only a limited number of molluscicide active ingredients currently 

registered for use with the principal active ingredients being metaldehyde, methiocarb, 

iron phosphate and its chelating agents (Edwards, Arancon et al. 2009).  Pest control for 

molluscs can be difficult as they have natural defences to contact treatments.  Therefore 

most molluscicides are in the form of poison in bait or pellets (Edwards, Arancon et al. 

2009).  This formulation type poses different risks to the environment when compared 

to the liquid pesticide formulations.  Metaldehyde was the active ingredient examined 

for this research project.   

Metaldehyde 

Metaldehyde (2,4,6,8-tetramethyl-1,3,5,7-tetraoxacyclo-octane) was first introduced as 

a molluscicide in 1939 and is still in use today (Dong, Shao et al. 2017).  It is used in 

bait form to kill snails and slugs for both commercial scale agriculture, horticulture and 

home and garden use.  This active ingredient works inside the stomach.  Once the bait 

has been ingested it causes increased slime secretion and destruction of mucocytes. This 

leads to dehydration and eventually death (Cardoso, Santos et al. 2015).  Metaldehyde 

is classified as acute toxicity category 4 for human toxicity.  It does not have an aquatic 

hazard classification from the European Chemicals Agency (ECHA 2016g).  However 

metaldehyde is considered very persistent in water (Tang, Denardo et al. 2016) but is 

less so in soil with a DT50 value of 2.3 – 2.4 days (Dong, Shao et al. 2017).   Its high 

persistence in water means that metaldehyde has become an issue in drinking water 

sources in some locations and its removal from drinking water has proven difficult 
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using conventional water treatment measures (Autin, Hart et al. 2012).  However, there 

are conflicting reports of metaldehyde persistence in water.  Coloso, Borlongan et al. 

(1998) reported that metaldehyde concentrations had been reduced to only 16% of the 

initial application concentration in brackish water ponds after 3 days.  This would 

suggest that metaldehyde does not pose a risk of long term persistence in water bodies 

and therefore reduces its potential for long term build up in water bodies.  However 

considering that most recent publications have deemed metaldehyde to be persistent in 

water it should, therefore, be considered as a long term pollutant. 

1.3 Legislation  

In the Republic of Ireland, the Pesticide Registration & Control Division of The 

Department of Agriculture, Food and the Marine (DAFM) is responsible for pesticide 

regulation.  The legislation governing the placing of plant protection products on the 

market is the European Regulation (EC) No. 1107/2009.  The registration process starts 

with the approval of the active substance(s) that the plant protection product is based 

on.  The active substance is evaluated by an EU member state (MS) and following 

review and consultation with other member states and the European Food Safety 

Authority (EFSA) an approval or non-approval is granted.  Next, the plant protection 

product, based on the approved active substance, is evaluated in the three EU zones 

(Northern, Central and Southern) by an MS from each zone.  When the zonal MSs have 

made their conclusion on the product all remaining EU MS will decide to authorise the 

product or not based on that countries specific requirements.  Approved active 

substances and products containing those active substances are reassessed every couple 

of years to ensure that they still meet the latest legislative requirements (PRCD 2016).  

While the European Regulation (EC) No. 1107/2009 governs the marketing of plant 

protection products, further regulations are responsible for monitoring the presence of 

pesticides in the environment.   There are strict regulations on the classification and 

labelling requirements of plant protection and other hazardous substances also.  Product 

labels should compile with Regulation (EC) 1272/2008 (Classification, Labelling and 

Packaging of substances and mixtures).  The regulation outlines how a substance should 

be classified based on the toxicity of its ingredients and how the user is made aware of 

these hazards.  This includes the use of hazard statements and symbols on the label and 
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a comprehensive material safety data sheet (MSDS) provided for all products 

(Lombardo, Roncaglioni et al. 2014). 

The EU Water Framework Directive 2000/60/EC is a European directive that requires 

all member states to protect or improve all water bodies to good ecological status, 

initially by 2015, or at the latest 2027 (Department of Housing 2016).  The presence of 

pesticides at levels higher than 0.1 µg/l is deemed unacceptable from a human and 

environmental health perspective, with the sum of all pesticides not exceeding 0.5 µg/l. 

This has huge implications for Ireland, as not all of Ireland’s waterways meet this target 

for water quality.  According to EPA figures from the 2010-2015 EPA Water Quality in 

Ireland Report, pesticide analysis of Irish river water between 2013–2015 showed that 

72 of all 85 rivers sampled contained traces of pesticides. MCPA was the most frequent 

recorded pesticide present in almost two thirds of all river samples taken.  Mecoprop 

was the second most observed pesticide active ingredient.  Other frequently observed 

pesticide active ingredients include 2 6-Dichlorobenzamide, 2 4-D and Dichlobenil.  In 

terms of groundwater analysis, pesticides were detected far less and in smaller 

quantities, than amounts found in rivers and streams. On only four occasions did the 

presence of pesticides exceed the recommended standard levels.  One instance of both 

luroxypyr and triclopyr and two instances of 2,6-dichlorobenzamide exceeding the 

drinking water limits were observed (EPA 2017).  This data shows that while levels 

were in general low, both river and groundwater quality in Ireland is not currently 

meeting its Water Framework Directive requirements for pesticides.  The implications 

of not meeting these requirements include the risk it poses to human and environmental 

health, as well as large fines for the state.  It is evident from these figures that pesticide 

pollution is still a problem in Ireland.  This research project will benefit Irelands efforts 

to meet its Water Framework Directive targets in the future by 1) improving assessment 

methods that determine the risk that pesticides pose to the aquatic environment, 2) help 

determine better pesticide limits of use in the future, and 3) develop toxicity knowledge 

on the most commonly used pesticides in Ireland and therefore those that have the 

greatest potential to pollute the environment.  In these ways, this research aims to help 

Ireland meet its requirements under the Water Framework Directive in the future.  
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1.4 Environmental impacts of Pesticides 

1.4.1 Impact on the Natural Environments 

Pesticide contamination of the environment has been an area of concern for many years.  

Much of the current research on the ecotoxicity of pesticides has focused on the 

potentially harmful effects of pesticide use on non-target arthropods especially 

honeybees (Apis mellifera).  Honeybees are vulnerable to acute exposure immediately 

after application and chronic exposure due to pesticide residues in nectar and pollen (de 

Oliveira, Queiroz et al. 2016).  The effects of pesticide exposure to bees can be varied 

and include mortality (Stanley, Sah et al. 2015), alteration in learning and habituation 

behaviour (Guez, Suchail et al. 2001) and accumulation of sublethal amounts of 

pesticide in the bee tissue affecting bee health over time (Hladik, Vandever et al. 2016).  

The extent of the toxic effect is also substance specific with neonicotinoid proving to 

have a higher toxicity to bees than organophosphate (Heard, Baas et al. 2017).   In terms 

of soil organisms, earthworms are a key test organism used to establish the toxicity of 

pesticides on soil organisms. Similarly to honeybee exposure, the effect of pesticides on 

earthworms can be varied and include weight loss, avoidance behaviour and tissue 

damage (Rico, Sabater et al. 2016).  Bioaccumulation of certain active ingredients in 

earthworm tissue has also been recorded (Chang, Wang et al. 2016).   The soil organism 

community can, however, be utilised to remediate against pesticide accumulation in the 

soil.  Bacteria and fungi are known bioremediation organisms.  Species such as 

Streptomyces consortiums (Fuentes, Raimondo et al. 2017), Bacillus strains (Salunkhe, 

Sawant et al. 2015), Endogenous flora (Silva, Fialho et al. 2004, Chen, Shih et al. 2012, 

Ortíz, Velasco et al. 2013), Pseudomonas sp (Silva, Fialho et al. 2004) among others 

have been recorded as having remediation qualities.  Non-target plants are another 

group of organisms that are vulnerable to accidental pesticide application, particularly 

herbicide application.  Botías, David et al. (2016) found that neonicotinoid residues in 

52% of wild plants on the edge of fields sown with neonicotinoid treated seeds.   

Concentrations in wildflowers were very variable but in some circumstances, they were 

equal to lethal concentrations cited in the literature.  Higher tier terrestrial animals, 

specifically birds and mammals, are the final tier of the food chain to be at risk from the 

presence of pesticides in the environment.  The rat is most often used as a representative 

species of terrestrial mammals. The main routes of contamination for mammals are by 
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absorption through the skin, inhalation of pesticide vapours or by ingestion from their 

diet (Sharma, Singh et al. 2017).  Neurotoxic effects from chlorpyrifos (Sharma, Singh 

et al. 2017), other organophosphates and carbamates (Khan 1990) and 

perfluoroalkylated compounds (PFCs) (Mariussen 2012) have all been observed in 

mammals.  The recorded effects of pesticide on mammals include disturbance of the 

endocrine system, alterations to the metabolism of key molecules in the body, affect 

reproduction and cause mutagenic and carcinogenic effects (Khan 1990).  Likewise, 

birds can have a host of responses to pesticide toxicity including changes in feeding, 

reproduction or predatory activity.  Indirect effects on birds, such as a reduction in prey 

numbers, is also a potential area of concern due to the presence of pesticides in the 

environment (Walker 2003).  When pesticides are applied to the environment they can 

have a wide ranging effect on many non-target organisms.  The effects can be either 

immediate or long term.  As the risks that pesticides pose to the environment become 

clearer, measures to mitigate against these risks are being developed.  Increasingly 

Integrated Pesticide Management (IPM) schemes are being recommended and 

employed to reduce the need for pesticide application and therefore limit the potential 

risk to the environment.  Integrated Pest Management incorporates mechanical, 

biological and chemical measures to control pests.  Measures include crop rotation, 

enhanced monitoring and information systems to adapt pesticide use to the specific 

need of the crop, use of crop varieties with natural resistance to pests or disease and 

improved handling and use of products and equipment (Nordborg, Davis et al. 2017).  

1.4.2 Impacts on the Aquatic Environment 

Current and previous research has helped to better understand the effects of pesticide 

pollution on both specific species and the aquatic ecosystem as a whole.  Pesticides 

have been observed to transfer through aquatic food webs from lower to higher trophic 

levels in the past. A study by Scholes, Hageman et al. (2016) on the accumulation of 

pesticide in freshwater brown trout found that hexachlorobenzene concentration 

increased with increasing trophic level.  A second finding of the study was that fish life 

history can help to explain variation in pesticide concentration suggesting an 

accumulation of compound over time.  Qiu, Zeng et al. (2017) examined the 

accumulation of persistent organic pollutants, including organochlorine pesticides 

(OCPs), in algae found in two estuarine bays in China.  Due to the fact that algae 

occupy a key position in aquatic systems, they have been shown to influence 
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bioaccumulation at higher trophic levels.  However, Qiu, Zeng et al. (2017) discovered, 

that depending on the pollutant in question, bioaccumulation did not always move up 

the food web.  The concentration order of DDT in the system was carnivorous fish > 

crab > phytoplankton > sediment > seawater.  The concentration order of 

polybrominated diphenyl ethers was sediment > algae > fish and invertebrates > 

seawater.  These differences in accumulation and potential effect can be due to both 

ecological differences between species and the physicochemical and biochemical 

characteristics of the pollutant substance (Qiu, Zeng et al. 2017).  These studies 

highlight both the potential for substances to have far reaching effects in an aquatic 

ecosystem and also how a whole ecosystem evaluation approach is needed to assess the 

true effect of a pollutant.  Bioaccumulation of pesticides is, however, substance 

specific.  Lazartigues, Thomas et al. (2013) found that following exposure to 13 

common pesticide active ingredients neither perch or carp muscle tissue had significant 

pesticide molecule accumulation.  The resulting low biomagnification factors were 

attributed to low assimilation into the tissue and/or rapid elimination of the compounds 

from fish muscle tissue.  Even though low levels of all compounds were observed, there 

were slight differences in the amount of parent compound present in fish tissue.  Less 

parent material was found in Perch when compared to carp (Lazartigues, Thomas et al. 

2013).  This again highlights the complexity of the effect and persistence of pesticide 

compounds in the aquatic environment. The species, compound properties and presence 

of the substance in lower trophic levels will all influence the effect the pesticide has on 

the environment.  However, this accumulation of chemical pollutants in the tissue of 

aquatic organisms can be used to help indicate the presence of pollutants in the 

ecosystem.  A study by Inostroza, Wicht et al. (2016) found that 13 different pesticide 

compounds were found in the tissue of gammarids species in the Danube river.  The 

study concluded that invertebrate tissue represents a good biological indicator of the 

presence of organic micropollutants in the water system and therefore of the water 

quality of the system as a whole.  There are often no immediate signs of 

bioaccumulation in the aquatic environment and the effects of the presence of pesticides 

may only become apparent after a long period of time.  This supports the need for 

regular water monitoring even in seemingly unpolluted environments.   

Physiological effects of pesticide towards aquatic organisms have also been noted.  The 

insecticide active ingredient diazinon has been observed to cause cholinesterase (ChE) 
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inhibition in the brain of larval rainbow trout (Oncorhynchus mykiss). ChE inhibition 

effects acetylcholine (ACh) which is an important neurotransmitter of the neural system 

(Beauvais, Jones et al. 2000). Likewise, physiological effects of the 

insecticide imidacloprid and its transformation products on Gammarus fossarum were 

observed by Malev, Klobučar et al. (2012).  Exposure to the imidacloprid and 

formulated product based on this active resulted in oxidative stress to freshwater 

amphipods and catalase scavenging protection mechanism were also recorded (Malev, 

Klobučar et al. 2012). Imidacloprid is also reported to cause increases in antioxidant 

enzyme activities in the brain tissue of rainbow trout (Topal, Alak et al. 2017). 

Physiochemical and behavioral responses are not just confined to insecticide exposure. 

In a behavioural study by Shinn, Santos et al. (2015) juvenile rainbow trout were 

observed to alter their swimming behaviour even at low levels of a herbicide mixture of 

mixture of atrazine, linuron and metolachlor. Fish were observed as spending more time 

at the lower section of the aquarium and moved less in comparison to control fish.  In a 

similar study, behaviour changes such as restlessness, swimming at the surface or 

abnormal swimming behaviour, vigorous jerks of body and loss of balance were 

recorded in the freshwater fish species Heteropneustes fossilis, Clarias 

batrachus, Channa punctatus. The behavioural changes were observed following 

exposure to the herbicides, pentachlorophenol, 2,4-dichlorophenoxyacetic acid and 2-

chloro-2,6-diethyl-N-(butoxymethyl) acetanilide at concentrations of  0.65–0.90 ppm, 

110–150 ppm and 4.0–5.0 ppm respectively (Farah, Ateeq et al. 2004).   These and 

other physiological effects are all possible outcomes when non-target organisms are 

exposed to pesticides.  There are a wide range of possible effects from biochemical and 

physiological to behavioural and physical.    

1.5  Bioassays 

Bioassays have been developed and standardised over time.  Standard protocols exist 

for an array of species, both aquatic and terrestrial, from all trophic levels.  These 

protocols can now be easily employed to determine the toxicity of harmful chemicals 

on all trophic levels of the natural environment.  A study conducted by Harbi, Makridis 

et al. (2017) examined the effect of wastewater on a suite of marine organisms. The 

chosen organisms, Dunaliella tertiolecta, Artemia franciscana, mussel hemocytes and 

Sparus aurata, are not commonly used as biological assay species.  Harbi, Makridis et 
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al. (2017) found that a biological toxicity assessment using different trophic levels can 

be used to determine the causes of toxicity in chemical mixtures.  Secondly, it was 

established that different trophic levels are best at determining specific endpoints.  For 

example, Sparus aurata determined 120 h LC50 while Dunaliella tertiolecta was used to 

best determine the 96 h IC50 value.  This study highlights how a better picture of 

substances toxicity can be gained from multilevel toxicity studies and that each species 

evaluated can add additional detail to the overall toxicity evaluation.  A similar toxicity 

assessment by Díaz-Garduño, Rueda-Márquez et al. (2016) examined the toxicity of 

three different wastewater effluents on a range of marine organisms, namely the 

bacteria strain Vibrio fischeri, the microalga Isochrysis galbana, sea urchin 

Paracentrotus lividus and the fish species Sparus aurata.  The author concluded that the 

use of a range of species, representing different trophic levels of a marine ecosystem, 

better depicted the toxicity of the effluent compared to single species toxicity 

determination.  Each species had a slightly different toxic response.  The use of 

different endpoints such as % mortality, % fertilisation, growth inhibition and embryo 

development can also be assessed when assessing a number of different trophic levels 

(Díaz-Garduño, Rueda-Márquez et al. 2016).   

The life stage of the organism can also play a part in the toxicity of a chemical.  Early 

life stage bioassays are becoming an important tool for biological toxicity analysis.  

Ribeiro, Torres et al. (2015) established that the embryonic and larval stages of 

zebrafish and sea urchin are highly sensitive to the pharmaceutical products diclofenac, 

propranolol, simvastatin and sertraline and represent a valuable option for toxicity 

assessment of pharmaceutical and other products.  Furthermore, an evaluation by 

(Palma, Ledo et al. 2016), of measurable endpoints in both aquatic and sediment 

bioassays, found that lethal endpoints were less sensitive than sub-lethal endpoints such 

as growth or reproduction.  Sub-lethal endpoints can also help to establish the longer 

term effects of exposure.  To improve the end evaluation of the pollutant even further, 

bioassays can be coupled with other avenues of assessment.  For example, Piva, 

Ciaprini et al. (2011) combined a bioassay using the eel species eel Anguilla anguilla 

with chemical characterization pollutants bioavailability and sub-lethal effects to use a 

“Weight of evidence” approach to evaluate the quality of marine sediments.  This 

holistic approach to environmental assessment has a number of advantages.  Chemical 

and biological assessments can be added or removed depending on the extent of the 
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evaluation.  Secondly, this integrated method can be used for both toxicity risk 

assessments and environmental management practices to help better monitor and 

protect the studies environment (Piva, Ciaprini et al. 2011).  The array of species, life 

stage evaluations and measurable endpoints means that biological assessments of 

toxicity are a versatile and important means of evaluating the toxicity and risk posed by 

an array of chemical compounds which may come in contact with the natural 

environment.     

One of the weaknesses of laboratory bioassays is the lack of realistic environmental 

conditions maintained in these studies.  Standardised laboratory conditions allow for 

comparisons between studies and for a more rigorous laboratory method.  However, 

these standardised conditions do not represent all environmental situations.  Therefore, 

as suggested by Boyle, Hoak et al. (2016), laboratory bioassay results should be given 

with reference to the influence realistic environmental conditions may have on the 

results.  For example, temperature could have both a synergistic or antagonistic effect 

on chemical toxicity.  To address this issue bioassays could be carried out at a range of 

temperatures to mitigate against its effect on the toxicity results (Boyle, Hoak et al. 

2016).  Other environmental factors which should be considered when reviewing 

aquatic bioassay toxicity results are expected water volumes and flows, the complexity 

of the ecosystem, its chemistry and species and the potential influence of the 

surrounding environment.  Laboratory bioassays are relatively easy and fast to 

complete.  Meaning an initial assessment of toxicity can be gained quickly.  Some of 

the key measures of a comprehensive and useful bioassay and toxicity assessment test 

are as follows: be scientifically accepted, that endpoints are compatible with further 

modelling and risk assessment calculations, be a representative, repeatable and reliable  

study and, finally, to be an economical and user friendly method (Wieczerzak, 

Namieśnik et al. 2016).  Despite these limitations of bioassays, these studies are still the 

most effective way to quickly assess a chemicals toxicity risk to organisms in the 

receiving environment.  

1.6  Ecosystem evaluation  

While most bioassays mentioned previously focus on a single species, evaluation of the 

implications of pesticides on the aquatic ecosystem as a whole is an alternative method 

of monitoring the health of an ecosystem.  Ecosystem assessment is a more long term 
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study of the overall health of the system.  Evaluation of an ecosystem can focus on the 

structure or function of the system.  Structural changes are those associated with the 

species composition of the ecosystem.  These can vary from shifts in the numbers of 

specific species to the elimination of a species from the system completely.  Functional 

assessment of an ecosystem is based on measurements such as carbon or nitrogen 

cycles but do not take individual organisms into consideration.  Of course, a 

combination of both ecosystem approaches is the most comprehensive evaluation of 

ecosystem health or inhibition.  There are of course some limitations to the ecosystem 

approach to risk assessment.  Firstly, many ecosystems are so vast and the species 

within these ecosystems are highly mobile meaning it is virtually impossible to 

determine the confines or the ecosystem or reliably determine community change.  

Secondly, pollution events are never entirely the same making exact comparisons 

impossible. Finally, it is only possible to compare the populations before and after a 

pollution event if data from the site exists before the pollution event, which is not 

always the case (Walker et al. 2006).  Despite these limitations, whole ecosystem 

evaluation of a pollutant can be very useful and is a comprehensive approach to 

assessing toxicity.  However, in most cases, this type of approach is not practical and a 

more modelled method of assessment needs to be used.  Evaluation of different biotic 

groups and their relative sensitivity to a pollutant, under laboratory conditions, is an 

acceptable compromise to this and is commonly used.  A mesocosm study, on the 

aquatic toxicity of the fungicide Azoxystrobin and the insecticide Lindane, investigated 

how organism interaction affected toxicity.  The main finding of the study was that 

multi- stress scenarios i.e. the presence of more than one pesticide significantly 

increased detritivore mortality and decreased fungal sporulation compared to one 

pesticide.  Secondly, multilevel interactions between the organisms in the food web and 

the pesticides present mean that toxicity outcomes cannot be easily predicted.  The 

toxicity evaluation is strongly influenced by the complexity of the system and 

interactions between the pollutants.  It was concluded that a negative impact on one 

trophic level does not necessarily indicate a risk to other trophic levels (Dawoud, 

Bundschuh et al. 2017).  This study supports the need for a whole system approach to 

toxicity assessment as toxicity levels can vary widely between species and trophic 

levels.  
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1.7  Aims and Objectives 

Overall, this research project endeavours to determine the toxicity of six agricultural 

pesticides on three representative organisms, from different trophic levels, of a 

freshwater aquatic environment.  Data from each individual toxicity test will then be 

used to determine the potential impact of the pesticides on the freshwater aquatic 

ecosystem as a whole.  

This research project will investigate the toxicity of six commonly used commercial 

formulations of agricultural pesticides on three representative freshwater aquatic 

organisms. The toxicity assessment of each organism is discussed in the subsequent 

chapters.  

 

The aims of each assessment are as follows;  

 

Bacterial inhibition study 

1) To establish the extent of bacteria inhibition caused by glyphosate, mecoprop-p, 

chlorothalonil, mancozeb, chlorpyrifos and metaldehyde based pesticide 

formulations by measuring respiration.  

2) To investigate the ability of bacteria populations to recover from pesticide exposure 

after a period of acclimatization.  

3) The Biochemical Oxygen Demand Inhibition test can detect changes to respiration 

due to the presence of pesticides.  

 

Macrophyte toxicity study 

1) To establish the toxicity of the selected agricultural pesticides on submerged 

macrophytes using Myriophyllum aquaticum as a representative species, 

2) To establish an EC50 value of all six pesticide formulations on M. aquaticum,  

3) Finally, to further develop a standardised method for the use of M. aquaticum as a 

test organism in toxicity tests.  
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Daphnia acute inhibition study  

1) To investigate the toxicity of six agricultural chemicals on the mobility and 

mortality of Daphnia magna. 

2) To investigate the potential for agricultural pesticides to impact on the invertebrate 

community of a freshwater environment.  

3) Evaluating the usefulness and establish potential amendments to the OECD 202 

toxicity test specific to Plant Protection Products. 
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2. The evaluation of the Biochemical Oxygen Demand 

Inhibition Test (ISO 13641:2003 (1&2)) to assess the 

toxicity of six agricultural pesticides. 

2.1 Introduction 

This chapter examines the toxicity of six agricultural pesticides on the activity of the 

bacterial trophic level of a freshwater system. To do this a dehydrated microbial seed 

was used as the model to represent a diverse heterotrophic freshwater bacterial 

population. The population was exposed to increasing concentrations of six different 

agricultural pesticides based on field application levels. The impact of the pesticides on 

bacterial activity was measured by assessing the oxygen consumption of the population 

over time using the standard BOD5 method (13641-1, (2003), 13641-2, (2003)). A 

comparison between the toxicity of a number of pesticide groups on a bacterial 

community has not been carried out before using this method. The results will help to 

determine the impact of these agricultural chemicals on freshwater bacteria and on the 

wider freshwater ecosystem as well as determining the ability of bacteria to recover 

from pesticide exposure. It will also help to establish the potential value of this method 

in future toxicity tests.  

While often overlooked, bacteria are a key organism in the freshwater environment 

occurring at densities of between 102 - 108 cells ml
-1

 (Sigee 2005). Bacteria perform a 

number of useful ecosystem services for freshwater systems including the uptake and 

degradation of dissolved organic carbon (Farkas, Peter et al. 2015), release of nitrogen 

and phosphorus (Lin, Cheng et al. 2006) and by providing an important source of food 

for higher trophic levels (Fouilland and Mostajir 2010). Bacteria occupy the bottom 

trophic level of a freshwater ecosystem and therefore are the basis of all other 

organisms in the system. This is highlighted in Figure 2.1 where a simple aquatic food 

web illustrates that bacteria, present on detritus, occur at the bottom of the system. 

Their role in the freshwater system, both in attached and free-living forms, is essential 

to sustaining the freshwater community structure and the ability of such systems to self-

purify. The microbial population plays an important role in purifying the water and 

even eliminating chemicals and pollutants from the system. Microbial biodegradation is 

responsible for the conversion of organic chemicals to inorganic products with the aid 

of abiotic processes such as adsorption, hydrolysis and photolysis and therefore 
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improving the overall health of the system (Reuschenbach, Pagga et al. 2003). The 

heath of any freshwater system is dependent on the presence of a healthy population of 

bacteria.  

 

Figure 2.1 A simple aquatic ecosystem illustrating i) zooplankton, ii) phytoplankton, iii) macrophyte and 

iv) detritus. (Lagesson, Fahlman et al. 2016).  

Bacteria also have a strong influence on the bioaccumulation of substances through the 

system. A study conducted by Miranda and Rojas (2006) identified the ability of the 

bacterial strain Vibrio sp. to transfer copper up the food chain. When the scallop larvae 

culture was fed with the Cu-contaminated bacteria strain, copper was observed to 

transfer from the bacteria to the larvae. Within 24 hrs the treated larvae cultures were 

observed to have 2.5 times higher copper concentration than control groups. Similar 

processes occur in the marine environment also. The marine sponge species Aplysina 

cavernicola was observed to bioaccumulate 60% of all but one (134Cs) of the 

radioisotopes present in the radiolabelled bacteria (Pseudomonas stutzeri) that they 

were fed with. A second sponge species, Ircinia oros, accumulated on average 7% of 
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the radiotracers present in the bacteria (Lacoue-Labarthe, Warnau et al. 2016). This 

study showed that trophic transfer of substances from bacteria can occur but that this 

can be both substance and species specific.  Bioaccumulation by bacteria can also 

positively impact on organisms from higher trophic levels. Research carried out by Li 

and Ramakrishna (2011) reported that a particular strain of the soil bacteria 

Pseudomonas sp. ( TLC 6-6.5-4 ) had the ability to bioaccumulate copper as well as 

other heavy metals. The uptake of copper by the bacteria resulted in an increased 

production of siderophores following exposure. In turn, the presence of these 

siderophores in the soil stimulated the growth of both maize and sunflower plants. 

These studies show that bacteria from many ecosystems play a key role in 

bioaccumulation of substances through the system and therefore their response to 

pesticide exposure will have a strong influence over the whole freshwater ecosystem.   

The effect of pesticides on bacterial communities has mainly been focused on soil flora 

(Chen, Edwards et al. 2001, Taccari, Comitini et al. 2011) with little research conducted 

on their impact on freshwater heterotrophic bacteria. However, there is evidence to 

suggest that aqueous bacteria are more sensitive to stress than their soil analogues. For 

example, cyanobacterium grown in a liquid medium are more severely affected by 

pesticide exposure than when grown in a combined soil-water medium (Padhy and Rath 

2015). The response of aqueous bacteria to stress depends on both the type and strength 

of pollutant and on the bacterial strain. This was shown by Kis, Sipka et al. (2015) who 

examined the response of three strains of photosynthetic purple bacteria exposed to 

mercury, chromium and lead at various concentrations. The metals were either 

sequestered and immobilized within the cells causing little effect, or significantly 

damaged the bacteria by disrupting the metabolic processes involved in structure and 

function with mercury and chromium more toxic than lead (Kis, Sipka et al. 2015). A 

variety of different responses to pesticide exposure have been recorded. The 

commercial formulation of the herbicide sulfentrazone produced chromosomal 

abnormalities in the cells of S. typhimurium even at low exposure concentrations. In 

combination with the insecticide imidacloprid, the two pesticides induced a similar 

toxic effect, but at a lower impact level, than the active ingredients on their own 

(Bianchi, Cabral-de-Mello et al. 2015). In another example, glyphosate and chlorpyrifos 

were found to reduce and disturb the respiration activity of soil bacteria (Taccari, 

Comitini et al. 2011). Singh, Gupta et al. (2015) observed that rhizospheric bacteria 
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abundance and community structure was negatively affected by the application of the 

pesticide active ingredients chlorpyrifos and cypermethrin and azadirachtin. These 

changes in bacterial community lasted for the full life of the plant. These studies 

highlight the array of possible effects pesticides can have on a bacterial community. 

These studies also demonstrate that measuring the true toxicity of a substance on a 

bacterial community is a complex process with many factors to consider.  

Along with the bacterial responses, the methods used to access the inhibitory effect of a 

substance on bacteria are also numerous. Standardised toxicity methods measuring light 

emissions from luminescent bacteria exist for fresh, liquid dried and freeze dried 

bacteria (11348-1 2008, 11348-2 2008, 11348-3 2008) and are extensively used. 

Enzyme activity in the soil, such as phosphatase, protease, urease, amidase and 

asparaginase activity have all been used previously to gauge soil microbial activity 

following exposure to pesticides (Yu, Shan et al. 2006, Rasool and Reshi 2010). 

Inhibition of gas production (CO2 and methane) can also be used to measure the toxicity 

of a number of pollution sources (13641-1: 2014, 13641-2 2014). There are a number of 

methods available to evaluate the condition of water bodies or wastewater treatment 

plants which can also be adapted to assess the response of bacteria to chemical 

exposure. These tests include the SOUR (Specific oxygen uptake rate), COD (chemical 

oxygen demand) and BOD (biochemical oxygen demand) tests. All methods measure 

the activity of the microbial community by monitoring aerobic activity. The COD test 

examines both the biodegradable and non-biodegradable elements of a wastewater 

sample while the BOD5 five day test examines the biodegradable fraction only. It is a 

“measure of the quantity of oxygen required for the biochemical oxidation of organic 

matter in a wastewater sample” (Kumar, Dhall et al. 2010). It is calculated by dividing 

the amount of oxygen taken up during microbial respiration by the volume of liquid in 

the test bottle after 5 days at a constant temperature of 20ºC (Jouanneau, Recoules et al. 

2014). Seeding is the addition of microorganisms at the beginning of a BOD test in 

order to aid in the oxidation of organic matter in the sample. Polyseed NX®, which was 

used in this study, is a dehydrated microbial seed used for this purpose. The seed comes 

in capsule form and is rehydrated in dilution water (Section 2.2). It contains a 

combination of a number of bacterial cultures and a chemical additive allylthiourea 

(ATU) which inhibits nitrifying bacteria. Therefore, the below test is a measure of 

carbonaceous oxygen demand only and excludes nitrogenous demand.  
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The species V. fisher is the standard bacteria toxicity test species (11348-1 2008, 

11348-2 2008, 11348-3 2008). It is a marine species but is used to represent bacteria 

from all environments. Current toxicity tests focus on short term exposure, typically for 

only 15 - 30 minutes (Zhu, Liu et al. 2009). While it has been used effectively in the 

past, to test for chemical toxicity, the limitation of this method comes when testing 

substances which have a delayed inhibitory response. For example, chemical substances 

which impact on the biosynthetic processes of an organism will have a limited effect 

within the first 30 minutes following exposure (Froehner, Backhaus et al. 2000). These 

shorter tests also limit the opportunity to record the recovery ability of the bacteria 

following an exposure event.  Backhaus, Froehner et al. (1997) compared short-term 

(30 minutes) and long-term (24 hours) bioluminescence tests on the bacterium culture 

Vibrio fischeri.  A number of chemicals were compared between tests and a 50% Effect 

Concentration (EC50) value was generated for each. It was discovered that for those 

chemicals with an unspecific mode of action, the short term test was sufficient to 

accurately determine toxicity. This is because these chemicals affect energy supply 

processes and therefore impact the cell quickly. However, for biosynthetic chemicals, 

the short term tests underestimated or even failed to detect the toxicity of the substance. 

The conclusion can be drawn, that depending on the mode of action of the test 

substance, careful consideration should be given to the type and duration of test being 

used. This highlights the need for further investigation and development of a method for 

examining longer term toxic effects on bacteria.  

The BOD5 inhibition test has a number of advantages over other toxicity tests. 

Variations in the test organisms between toxicity tests is one of the major drawbacks of 

using higher level organisms (Parvez, Venkataraman et al. 2006). The use of a seed 

inoculum helps to eliminate this problem by supplying a standard concentration and less 

varied population of bacteria over time. A study by Fitzmaurice and Gray (1989) 

established that when compared with raw and treated effluents the dehydrated microbial 

seed produced lower standard deviation and higher repeatability than the other seed 

types. Bacterial toxicity tests are also considered far less labour intensive as well as 

being less expensive than other methods (Ma, Wang et al. 2014). Another benefit of 

using the BOD5 inhibition test is that it allows for more flexibility in test duration. The 

Oxitop control measuring system (Wissenschaftlich-Technische Werkstätten GnbH), 

discussed below (Section 2.2.3), measures respiration at hourly intervals and any test 
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duration from a few hours to five days can, therefore, be chosen. If the full five day test 

is performed it has the advantage of allowing not just toxicity but recovery of the 

bacteria population following toxic exposure to be measured.  Finally, bacteria have a 

larger surface area to volume ratio compared to larger test species and are therefore 

good indicators of the toxic potential of the substances they come into contact with 

(Imfeld and Vuilleumier 2012). All of these factors combine to make the Biochemical 

Oxygen Demand (BOD5) Inhibition Test a valuable method for the assessment of 

chemical toxicity on freshwater environments and a suitable alternative to existing 

methods. 

As discussed, bacteria play a varied and vital role in the function of freshwater systems. 

It is therefore important to establish a suitable method that can determine the effect 

toxic substances, including pesticides, can have on these communities.  No one method 

has as yet been established as the definitive method for assessing the response of 

bacteria to toxic substances. Previous toxicity studies have established that the toxic 

potential of a substance depends on both the substance and exposed organism. A 

flexible toxicity study is required to take these factors into consideration.  The 

Biochemical Oxygen Demand (BOD5) Inhibition Test has the potential to meet these 

toxicity study requirements and as a result this study aims to 1) investigate the use of 

Biochemical Oxygen Demand Inhibition Test as a measure of toxicity on freshwater 

bacterial communities, 2) investigate the toxicity of six pesticide active ingredients 

towards a model bacterial population and 3) investigate the recovery time and ability of 

bacterial populations to recover following toxic exposure. 
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The Hypotheses of this study are as follows; 

1) The Biochemical Oxygen Demand Inhibition test can detect changes to respiration 

due to the presence of pesticides.  

2) Formulations based on the pesticide active ingredients glyphosate, mecoprop-p, 

chlorothalonil, mancozeb, chlorpyrifos, and metaldehyde cause an inhibitory effect 

on bacterial populations by reducing respiration.  

3) Bacteria have the ability to recover from pesticide exposure after a period of 

acclimatization.  
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2.2  Material and Methods 

The following method for the assessment of bacteria respiration over time has been 

modified from the standard methods ISO 13641:2003 (1 & 2) for the measurement of 

the Biochemical Oxygen Demand of water and wastewater (13641-1, (2003), 13641-2, 

(2003)).  

2.2.1 Test Solution 

The test solution contained a mixture of Glucose-Glutamic acid (GGA) and a standard 

dilution water mixture comprising of phosphate buffer solution, magnesium sulphate 

solution, calcium chloride solution and ferric chloride solution (Table 2.1).  To make 

the solution 5 ml of each stock solution and 225 mg/l of both glucose and glutamic acid 

is diluted in a 5 L volumetric flask of distilled water. The flask is inverted a number of 

times to ensure the contents are fully mixed and suspended in solution. The solution 

was prepared in a 5 L volumetric flask to minimise the variation between sample 

bottles. The addition of GGA helps to stabilize the solution and acts as a food source for 

the bacterial population. The standard method calls for the addition of 150 mg Glucose 

and 150 mg Glutamic acid per litre of dilution water which should produce a BOD of 

200 mg/l when incubated. In these tests, a lower BOD of ~ 60 mg/l BOD was adopted 

in order to more easily identify and measure an inhibition in oxygen consumption due 

to the pesticide. This required a 3.33 dilution of the Glucose-glutamic acid added to the 

stock solution. This was equivalent to 45 mg/l of GGA in each test vessel.  

Next, the microbial seed Polyseed NX
®
, which acted as the test subject in this study, is 

added to the solution. The seed is a combination of several different soil-based strains 

of Bacillus bacteria and the nitrogenous inhibiting chemical 1- Allyl 2-Thlourea. By 

inhibiting the degradation of nitrogen compounds any microbial activity that is 

measured can be attributed to biodegradation of organic material only and allows for 

more certainty in the origin of the oxygen consumption. Before the seed population can 

be used it must be rehydrated. To do this the contents of one capsule of Polyseed NX
®

 

is placed in a beaker with 500ml of the dilution water (Table 2.1). This polyseed 

solution is aerated and stirred for a minimum of one hour. Once the mixture has been 

aerated the bran, which acts as a carrier for the bacteria, is allowed to settle at the 

bottom of the beaker and the polyseed solution can be decanted out. Next 66.5 ml of the 
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polyseed suspension is added to the 5 litres of the stock solution described above. Once 

mixed 365 ml of the solution is added directly into each incubation bottle ready for the 

addition of the pesticide.  

Table 2.1 Standard dilution water formulation for BOD5 toxicity test. All stock solutions are diluted in 

1L of distilled water.  

Stock solution Name Components 

1 Phosphate buffer solution 

8.5g KH2PO4, 

21.75g K2HPO4, 

33.4 g Na2HPO4·7H2O, 

1.7 g NH4Cl 

2 Magnesium sulfate solution 22.5 g MgSO4·7H2O  

3 Calcium chloride solution 27.5 g CaCl2 

4 Ferric chloride solution 0.25 g FeCl3·6H2O  

 

2.2.2 Chemicals 

The toxicity of six different pesticide active ingredients on a microbial seed population 

was examined. The active ingredients and their corresponding commercial formulation 

are as follows; 

 

vii. Glyphosate (commercial formulation Roundup Pro Bioactive® containing 360 

g/l (30.77% ww) glyphosate, present as 480 g/l (41.6% ww) of the 

isopropylamine salt of glyphosate ) (herbicide). 

viii. Mecoprop-p (commercial formulation Duplosan KV containing 600 g/l 

mecoprop-p potassium salt) (herbicide). 

ix. Chlorothalonil (commercial formulation Bravo 500 containing 500 g/l (40.3% 

w/w) chlorothalonil) (fungicide). 

x. Mancozeb (commercial formulation Dithane 945 in wettable powder 

containing 80% w/w mancozeb) (fungicide). 

xi. Chlorpyrifos (commercial formulation Trigger contains 480 g per litre (40.8% 

w/w) chlorpyrifos plus co-solvents) (insecticide). 

xii. Metaldehyde (commercial formulation Slug Clear containing 228 g/l of 

metaldehyde as a suspension concentrate) (molluscicide). 
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An additional test was carried out on a product with a mixture of active ingredients.  

xiii. High Load Mircam is a soluble concentrate containing 600 g/l (46.5% w/w) 

mecoprop-P and 80 g/l (6.2% w/w) dicamba as potassium salts (herbicide).  

All six pesticides were diluted to the manufacturers recommended field applications, 

which is denoted as the 100% concentration in the below study.  For all studies, 

concentrations are donoted as a percentage of the recommended field application e.g. a 

50% concentration is a half strength concentration of the recommended field 

application and 200% is twice the recommended field application concentration. The 

manufacturers recommended dilution level is shown in Table 2.2.   

Table 2.2 Manufacturers recommended dilution levels and corresponding active ingredient wet weight 

Pesticide active ingredient 
Field application level 

(100%) 

Active ingredient ww at field 

application level (100%) 

Glyphosate 

(Roundup Pro Biactive) 
25 ml per 1L 9 g/l 

Mecoprop-p and dicambe 

(High Load Mircam) 
3 ml per 1L 1.8 g/l 

Mecoprop-p (Duplosan KV) 6.2 ml per 1L 3.72 g/l 

Chlorothalonil (Bravo 500) 10 ml per 1L 5 g/l 

Mancozeb (Dithane 945) 2 g per 1L 0.0016 g/l 

Chlorpyrifos (Trigger) 1.67 ml per 1L 0.80 g/l 

Metaldehyde (Slug Clear) 3.33 ml per 1L 0.76 g/l 

These concentrations were recalculated to a volume of 365 ml which is the volume of 

solution present in each BOD bottle. Undiluted pesticide was pipetted directly into each 

BOD bottle to give the required concentration. In the case of mancozeb, the powder 

formulation was added directly into the BOD bottle.  

2.2.3 Oxitop-C 

The Oxitop control measuring system (Wissenschaftlich-Technische Werkstätten 

GnbH) is widely used for respiration studies and for the measurement of BOD (Oller, 

Gernjak et al. 2006, Junker, Paatzsch et al. 2010, Binner, Böhm et al. 2012, Peham and 

Bruckner 2012). The system consists of 12 individual glass bottles, each representing a 

measurement vessel. Each bottle contains a magnetic stirrer and a quiver containing two 

sodium hydroxide granules. The bottles are sealed by the Oxitop measuring head which 
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contains an electronic pressure indicator. All bottles are placed on a stirring platform 

and sustained at a constant temperature of 20°C in an incubator. The microbial activity 

in each vessel results in the consumption of O2 and production of CO2. The NaOH 

granules absorb the CO2 in the vessel causing a drop in pressure which is recorded by 

the measuring heads. A pressure reading is recorded every hour for 5 days which totals 

120 data points per test vessel. This continuous data enables the generation of a detailed 

respiration curve of the microbial population. Any changes in activity due to pesticide 

exposure are detected by a change in pressure in the test vessel. The WTW system 

contains 12 incubation bottles which allow five concentrations of the pesticide, with 

two replicates each, and two control bottles to be set-up each time the test is run.  

2.2.4 Statistical analysis  

The inhibitory qualities of the pesticide can be evaluated in a number of ways. 

1. Percentage inhibition of BOD5.  

2. The length of the lag phase. 

3. The slope of the line during the exponential growth phase.  

4. EC50 values calculated at various time points on the growth response curve. 

1) The % inhibition using BOD5 for each pesticide and concentration was calculated 

using the following formula: 

 

BODs – BODt x 100 

BODs 

where BODs is the BOD of the control solution and BODt is the BOD of the test 

solution containing pesticide (Gray 2005). 

2) The length of the lag phase was determined by examining the hourly respiration 

data. The lag phase was determined to have ended at the time point when respiration 

data began to show an increase hour on hour.   

An alternative method to establish the lag period would be to use a rolling average 

(Binner, Böhm et al. 2012).  In this case, the method was not adopted because a rolling 

average is most useful when there is a fluctuation, both up and down, in values or when 
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fluctuations are not easily noticed. However, in this case, the respiration values 

increased continuously in value and were easily identified so a rolling average was not 

necessary.  

3) The slope of the exponential growth phase was calculated using the equation for the 

slope of a line (Peham and Bruckner 2012).  

4) EC50 values for each pesticide were calculated using the statistical package 

GraphPad Prism 6. The package plots a non- linear regression of % inhibition 

against log pesticide concentration and calculates the EC50 value of the pesticide 

from the line.  

Minitab 17 Statistical software was used to perform a one way ANOVA on BOD5 mg/l 

data at each exposure concentration. Tukey's pairwise analysis was used to establish at 

which concentrations significant differences in BOD5 existed.  
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2.3 Results 

2.3.1 Glyphosate 

Range finding experiment 

An initial broad range screening test of glyphosate was carried out at concentrations of 

between 0.001% - 10% to establish a toxicity range for the pesticide. The mean BOD5 

mg/l, corresponding standard deviation and percentage inhibition values for this test are 

presented in Table 2.3.  

Table 2.3 The mean BOD5 (mg/L), standard deviation and inhibition (%) of 0.001% - 10% glyphosate 

based pesticide formulation. 

Concentration (%) Mean BOD5 (mg/l) n SD % Inhibition 

0 95 2 - - 

0.001 77.5 2 24.75 18.42 

0.01 96.6 2 0.85 -1.68 

0.1 97.2 2 1.56 2.36 

1 99.5 2 14.28 -4.74 

10 4 2 0.85 95.79 
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Figure 2.2 Second order polynomial regression model (y=0.3468x2 + 167x-0.6209) of percentage 

inhibition of glyphosate (%) using the BOD inhibition test (R
2
 = 1.0000). EC50 is 6.11% glyphosate 

concentration. 

 

Figure 2.3 Evolution of oxygen uptake during the BOD test expressed as BOD (mg/L) over 120 hours at 

20
o
C.  (One replicate of the 0.01% concentration did not acclimatise and the respiration reading 

remained low for the duration of the test.  It was decided that this sample was unreliable possibly 
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due to a reading error by the Oxitop apparatus. As a result, this sample point is not represented on 

the graph and subsequent analysis).  

A significant inhibitory effect was recorded for glyphosate at a concentration of 10% 

causing a 96% inhibition. No effect was seen at any other concentration when compared 

to the control. The EC50 is 6.11% of a 1:40 dilution of 360 g/L glyphosate which is 

equivalent to 550 mg/L (Figure 2.2). The reaction rate over the first 48 hours shows 

acclimatization is affected by concentration with suppression of bacterial activity for 96 

hours at 10% concentration (Figure 2.3).  

EC50 determination 

To better determine the inhibitory effect of glyphosate on respiration the experiment 

was repeated at 1%, 2.5%, 5% and 10% concentrations. This resulted in a wider spread 

of percentage inhibition values from which to calculate the EC50 value. The mean BOD5 

mg/l, standard deviation and percentage inhibition of the resulting dataset are presented 

in Table 2.4.  

Table 2.4 The BOD5 (mg/L), standard deviation and percentage inhibition of glyphosate concentrations 

1%, 2.5%, 5% and 10%.  

Concentration (%) Mean BOD5 (mg/l) n 

SD Mean 

BOD5 

(mg/l) 

% Inhibition 

0 94.65 4 2.97 - 

1 105.7 2 0.71 0 

2.5 75.2 2 13.58 20.55 

5 66.7 2 14.28 29.53 

10 9.6 2 0.849 89.86 
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Figure 2.4 Bacteria oxygen uptake following exposure to glyphosate expressed as BOD (mg/L) at 12 

hour intervals including error bars.  

 

Figure 2.5 Hourly BOD (mg/L) values over 120 hours following glyphosate exposure. The red dots 

indicate the end of the lag period for each concentration. 

Glyphosate has a significant inhibitory effect on respiration at a concentration of 2.5% 

and above (ANOVA, F(4,23) = 347.32, p = 0.000) with 90-96% inhibition at 10% 

(Table 2.4 and Figure 2.4).  No effect was recorded at concentrations of <1%. By the 

end of the test period, bacterial populations exposed to 1% had a higher final BOD 
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value than the control population. This is possibly a reflection of degradability of 

glyphosate adding to the total amount of degradable organic material present. Figure 2.5 

and Table 2.16 illustrates the length of the lag period and slope of the exponential 

growth phase for each glyphosate concentration. The acclimatization time is greater 

with increasing concentration of toxicant as is the decay rate. In control populations, the 

lag period lasted 38 hours. Following exposure to 1% strength glyphosate, the lag phase 

was extended by 4 hours to 42 hours. At 2.5% glyphosate, the lag period lasted 60 

hours, which is 22 hours greater than the control. This was extended to 86 hours, 50 

hours more than the control, at a 5% exposure level. Finally, populations exposed to 

10% glyphosate solution remained in the lag phase for 113 hours, which is 75 hours 

longer than recorded in the control. The slope of the exponential growth phase was 

steeper for control and 1% treatment concentrations (4.36 and 3.04 mg l
-1

/hr 

respectively) than for 2.5 and 5% treatment levels (1.64 and 1.94 mg l
-1

/hr 

respectively). This suggests slower recovery when exposed to higher concentrations of 

glyphosate. Figure 2.4 shows the error range associated with respiration values every 12 

hours. It was observed that there is little variation been samples during the lag and 

stationary phases but large variation between samples during the growth phase. This 

highlights that growth phases are inconsistent but final respiration levels are more 

stable. There was a significant difference between BOD5 values following contact with 

a glyphosate based herbicide (F(7,15) = 42.25, P=0.000). Tukey's pairwise comparison 

established that the mean BOD5 under a 10% exposure was significantly lower than at 

any other concentration. The mean BOD5 value recorded under a 5% application rate 

was significantly lower than that of the control or the 1% treatment level. No other 

significant differences between test concentrations were seen. A dose-response curve 

was created from the percentage inhibition of BOD5 following exposure to glyphosate 

(Figure 2.6). From this, an EC50 value of 6.74% corresponding to 606.6 mg/l of 

glyphosate was calculated.  
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Figure 2.6 Dose-response curve of bacteria following exposure to glyphosate based herbicide. 

Test of degradability of Glyphosate in bacterial culture 

To investigate if pesticide formulations can act as an energy source for bacteria cultures 

a seed population was exposed to the glyphosate pesticide in the absence of GGA. 

Results are provided in Table 2.4 and Figure 2.7.  

Table 2.5 The BOD5 (mg/L) of glyphosate concentrations ranging from 0.01 to 5% of commercial 

formulation (38.5% w/w glyphosate) without the presence of glucose.  

Concentration (%) BOD5 (mg/l) Mean BOD5 (mg/l) SD 

0 
1.2 

0.6 0.85 
0 

0.01 
0 

0 0 
0 

0.1 
0 

0 0 
0 

0.5 
0 

0 0 
0 

1 
1.2 

1.2 0 
1.2 

5 

17 

17 0 17 
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Figure 2.7 BOD5 consumption of bacterial culture in dilution water. No GGA added with low levels of 

glyphosate. 

From Figure 2.7 we can see that glyphosate at 5% concentration acts as an energy 

source for bacteria in the absence of GGA. Following an initial lag period heightened 

respiratory activity was seen at 5% glyphosate concentration.  

 

0

1

2

3

4

5

6

7

8

9

0 12 24 36 48 60 72 84 96 108 120

Time (hr)

M
e
a
n

 B
O

D
 m

g
/l

0%

0.01%

0.10%

0.50%

1%

5%



42 
 

2.3.2 Mecoprop-p 

As an additional comparative study, the toxicity of two mecoprop-p products on 

bacterial respiration was examined. The first product (High Load Mircam) contains 

mecoprop-p in combination with the active ingredient dicambe. The second product 

(Duplosan KV) contained mecoprop-p as the sole active ingredient.  

BOD5 inhibition test of the herbicide High Load Mircam.  

Mecoprop-p is commonly used in combination with other active substances to give the 

product a broader range of target species. This product is one of the most widely used 

mecoprop-p formulations and therefore it is important to assess its potential toxicity 

towards freshwater bacteria. Preliminary tests showed no significant difference between 

the control and treated populations up to a concentration of 10% (Table 2.6 and figure 

2.8).  

Table 2.6 The BOD5 of a mecoprop-p and dicambe based herbicide at concentrations of 0 – 10% field 

application levels. 

Concentration (%) Mean BOD5 mg/l n Standard deviation 

0 74.6 2 3.11 

0.5 77.4 2 3.96 

1 74.6 2 1.70 

2.5 78.6 2 0.85 

5 64.5 2 11.17 

10 50.3 2 32.67 
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Figure 2.8 Mean BOD mg/l over a 120 hour period when exposed to mecoprop-p at concentrations of 0 – 

10%. (Outliers have been removed) 

Results from the assessment of the toxicity of High Load Mircam at concentrations 

from 0% - 200% are given in Table 2.7 and Figure 2.9.  The concentrations above 

100% are those mecoprop-p samples at a higher concentration than the manufacturers 

recommended field application level, which is indicated as the 100% concentration.  

Table 2.7 The BOD5 and mean BOD5 of mecoprop-P at concentrations from 0 – 200 % field application 

levels. 

Concentration (%) Mean BOD5 mg/l n Standard deviation 

0 77.4 4 5.09 

10 88.2 2 1.70 

20 85.9 2 1.56 

25 88.2 2 4.81 

50 103.75 4 4.17 

75 109.7 2 6.36 

100 118.2 2 3.96 

150 135.1 2 2.40 

175 137.9 2 1.56 

200 154.9 2 1.56 
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Figure 2.9 Mean BOD mg/l over a 120 hour period when exposed to mecoprop-p and dicamba (High 

Load Mircam) at concentrations of 0 – 200% strength solution.  

At concentrations of up to 200% strength, the combined formulation of mecoprop-p and 

dicamba had no inhibitory effect on the BOD5 of the bacterial community (Figure 2.8 

and Table 2.6). An increased herbicide concentration corresponds to an increase in the 

final BOD5 value. At higher concentrations, it took the bacterial population longer to 

acclimatization to the herbicide before it started to consume oxygen. After 

approximately 60 - 72 hours mean BOD level begins to stabilize. Both active 

ingredients appear to be degraded over time.  

BOD5 inhibition test of the herbicide Duplosan KV. 

The results from the range finding experiment for mecoprop-p formulation Duplosan 

KV are given in Table 2.8 and Figure 2.10. 
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Table 2.8 BOD5 of bacteria seed population following exposure to mecoprop-p at concentrations of 

between 200 – 500% field application levels.  

Concentration (%) 
Mean BOD5 

mg/l 
n 

Standard 

deviation 
% inhibition 

0 91 2 0.85 0 

200 43.5 2 12.02 52.20 

300 2.9 2 2.40 96.81 

400 3.4 2 0 96.26 

500 2.8 2 0.85 96.92 

 

 

Figure 2.10 Mean BOD mg/l over a 120 hour period when exposed to mecoprop-p at concentrations of 0 

– 500% strength solution. 

Preliminary investigations suggested that above a concentration of 300% field 

application mecoprop-p exerts a long lasting inhibitory effect on bacteria activity 

(Figure 2.10). At a concentration of up to 200% recovery was observed and began 

between 24 and 36 hours after initial contact.  

Next, a smaller range of concentrations was examined to narrow the inhibition range. 

Figure 2.11 and Table 2.9 shows the BOD evolution of bacteria populations exposed to 

mecoprop-p at concentrations from 0% – 150%. We can see that up to 60 hours after 
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the pesticide is applied, the BOD5 is severely limited when compared to the control. 

After 60 hours, bacteria exposed to concentrations of 20% or less begins to recover and 

by the end of the experimental period (120 hours), their BOD5 is slightly above that of 

the control populations. Some recovery is also observed at 25% pesticide application 

after 96 hours. At concentrations above 50%, no recovery is observed over the 120 hour 

test period. Statistical analysis of the BOD5 values shows a significant difference 

between the control and the treated populations (ANOVA, F(7,24) = 111.87, p= 0.000), 

however, there was no significant difference between treated populations.   

Table 2.9 BOD5 and percentage inhibition following exposure to a mecoprop-p based herbicide. 

Concentration (%) 
Mean BOD5 

mg/l 
n 

Standard 

deviation 
% inhibition 

0 104 4 6.53 - 

20 111.1 4 6.28 -6.85 

25 27.95 4 18.17 74.38 

35 11.55 4 1.14 89.41 

50 15.25 4 7.00 85.34 

75 12.2 4 3.94 88.27 

100 11.9 4 5.29 88.56 

150 13 4 4.96 87.5 

 

 

Figure 2.11 BOD5 over a 120 hour period when exposed to the herbicide mecoprop-p at concentrations 

of 0 – 150% field application levels.  
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20 day BOD inhibition test  

A 20 day test was carried out to observe the recovery ability of a bacterial population 

following the introduction of a mecoprop-p pesticide. Where respiration reached the 

maximum detectable level for this test i.e. 160 mg/l, a value of 160 mg/l is used. 

Percentage inhibition of BOD20 was not calculated as populations at all test 

concentrations had fully recovered by the end of the test. The most useful measure of 

inhibition on this occasion was the lag period which was extended with increasing 

concentration of mecoprop-p (Table 2.10 and Figure 2.12). The lag period lasted one 

day for the control populations. Following exposure to 20%, 25%, 35%, 50% and 100% 

strength concentrations of mecoprop-p the lag period increased to 4, 5, 6, 9 and 11 days 

respectively. The exponential growth phase and the corresponding line slope for each 

exposure level are also illustrated in (Table 2.16 and Figure 2.12). The smallest line 

slope was recorded for 20% mecoprop-p exposure (27.95). The slope of the control 

population was calculated to be 47.75. The slope of all other exponential growth phases 

increased with increasing exposure levels. The slope at 25% was 75.1 rising to a slope 

of 94.3 at 100% mecoprop-p concentration.   

Table 2.10 Mean BOD mg/l at five day intervals following exposure to mecoprop-p 

Concentration (%) Mean BOD5 mg/l n 

 Day 5 Day 10 Day 15 Day 20  

0 113.7 (±2.40) 143 (±7.07) 154.9 (±6.36) 158.6 (±1.98) 2 

20 42.4 (±59.96) 127.8 (±12.73) 155.7 (±6.08) 160 (±0) 2 

25 6.8 (±3.11) 123.2 (±7.92) 153.2 (±0.85) 159.1 (±1.27) 2 

35 0 (±0) 129.4 (±8.77) 154 (±8.49) 156.9 (±4.38) 2 

50 2.8 (±3.96) 105.1 (±3.96) 158.6 (±8.49) 160 (±4.38) 2 

100 0.6 (±3.96) 0 (±33.52) 160 (±1.98) 160 (±0) 2 
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Figure 2.12 20 day BOD respiration following exposure to mecoprop-p formulated herbicide. The red 

dots indicate the end of the lag period for each concentration. 
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2.3.3 Chlorothalonil 

The results of the BOD5 inhibition test for chlorothalonil are presented in Table 2.11 

and Figure 2.13.  The final respiration value 120 hours after initial exposure did not 

show a strong link to exposure concentration. The highest respiration rate of 160.0 mg/l 

(detection limit of apparatus) was recorded at a concentration of 20% chlorothalonil. 

Respiration levels at chlorothalonil concentrations 1%, 5%, 10% and 20% were all 

above that of the control at the end of the test period. The lowest respiration value was 

73.50 mg/l at 100% chlorothalonil concentration. Only concentrations of 50% and 

100% field application levels imposed a reduction in respiration 5 days after exposure. 

This corresponded to an inhibition of 1.65% and 9.98% respectively. A significant 

difference was observed between BOD5 values (ANOVA, F(7,16) = 3.68, p = 0.015). A 

Tukey pairwise comparison established that the 20% treatment level was significantly 

different from all other concentrations. The final BOD5 values of all other 

concentrations were not significantly different. The largest variation between replicates 

occurred at a concentration of 20%. This can be seen by the large error bars associated 

with this respiration curve in Figure 2.13. As a result, the 20% data point is not a 

reliable data point.  

Table 2.11 Mean BOD5 and % inhibition following exposure to a chlorothalonil based herbicide. 

Concentration (%) 
Mean BOD5 

mg/l 
n 

Standard 

deviation 
% inhibition 

0 81.65 4 30.36  

1 93.00 4 5.15 -13.90 

5 87.60 4 31.46 -7.29 

10 99.50 4 16.76 -21.86 

20 160.00 2 0 -95.96 

50 80.30 2 8.06 1.65 

100 73.50 2 3.25 9.98 

The lag period increased with increasing chlorothalonil concentration from 1% to 10%. 

However, at 20%, the lag period was less than that at 5% and 10% (Table 2.16 and 

Figure 2.14). When we examine the slope of the exponential phase we can see that the 

control population had the largest slope (10.5 mg l
-1

/hr) showing that it had the fastest 

recovery. The smallest slope was at 20% (1.5 mg l
-1

/hr) indicating that this bacterial 

population had a slower rate of recovery than those exposed to lower concentrations of 

chlorothalonil (Table 2.16 and Figure 2.14).  
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Figure 2.13 BOD5 over a 120 hour period when exposed to the chlorothalonil at concentrations of 0 – 

100% field application levels.  

 

Figure 2.14 Hourly respiration data following exposure to chlorothalonil at concentrations from 0% -

20%. The red dots indicate the end of the lag period for each concentration.  
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2.3.4 Mancozeb 

Range finding experiment 

The results from an initial range finding experiment are illustrated in (Table 2.12 and 

Figure 2.15).  

Table 2.12 Mean BOD5 and percentage inhibition following exposure to mancozeb 

Concentration (%) 
Mean BOD5 

mg/l 
n 

Standard 

deviation 
% inhibition 

0 83.6 2 9.62  

20 41.2 2 8.77 50.72 

50 74.6 2 0 10.77 

100 109.6 2 9.67 -31.10 

 

 

Figure 2.15 BOD5 over a 120 hour period when exposed to a mancozeb based pesticide at concentrations 

of 0%, 20%, 50% & 100% field application levels. 

In terms of BOD5 inhibition, at concentrations of 20% and 50% respiration was 

inhibited compared to the control culture. Respiration was initially inhibited by 100% 

strength pesticide concentration when compared with the control but by test completion 

respiration at 100% was above that of the control. Mancozeb concentrations of 1% and 

5% were also measured but no detectable respiration levels were recorded at either 

concentration due to recorded error so they could not be included in the final results.  
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EC50 determination. 

To better determine the inhibitory effect of mancozeb on respiration the experiment was 

repeated at concentrations of 10% to 200%. 

Table 2.13 Mean BOD5 and percentage inhibition following exposure to mancozeb. 

Concentration (%) 
Mean BOD5 

mg/l 
n 

Standard 

deviation 
% inhibition 

0 93.60 6 9.54  

10 31.35 4 2.82 68.20 

20 40.87 6 4.35 58.72 

50 83.27 6 9.00 11.16 

100 118.67 6 8.55 -24.95 

200 159.8 3 0.346 -75.59 

 

 

Figure 2.16 BOD5 over a 120 hour period when exposed to a mancozeb based pesticide at concentrations 

of 0% - 200% field application levels. 

Percentage inhibition of the final BOD5 results at concentrations of 0% - 200% are 

given in Table 2.13. With increasing pesticide concentration the culture is observed to 

go for a stage of inhibition to a stage of increased respiration. At concentrations of 10%, 

20%, and 50%, BOD5 was below that of the control population. At an exposure level of 

100% and 200% BOD5 was greater than the control (Figure 2.16). The highest level of 

inhibition was observed at a pesticide concentration of 10%, with an inhibition level of 

68.20% being achieved. Statistical analysis of these results confirmed that significant 

differences existed between concentrations (ANOVA, F(7,27) = 208.36, p = 0.000). 
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The BOD5 values recorded under 200% and 100% exposure were significantly different 

from all other values and from each other. The control and 50% treatment populations 

could not be separated but were different from all other treatment levels. Likewise, the 

lowest exposure concentrations (10% and 20%) were not significantly different from 

each other but were significantly lower than other recorded values. Mancozeb was the 

only pesticide tested that did not extend the lag period following exposure. In fact, a lag 

phase was not observed for any of the treated populations. All treated populations 

showed a slow steady increase in respiration following exposure. Table 2.16 gives 

details of the slope of each line illustrated in Figure 2.16. The control respiration curve 

was divided in a lag period, an exponential growth phase (slope = 5.2 mg l
-1

/hr) and a 

stationary phase (slope = 0.13 mg l
-1

/hr). Of all treated populations, the steepest line 

slope was recorded for 200% exposure with a slope of 1.962 mg l
-1

/hr.  The next 

steepest line slope was at 100% exposure (slope = 0.74 mg l
-1

/hr). The slope of the 

respiration line for 10%, 20%, and 50% treatment levels were low with recorded values 

of 0.30, 0.19 and 0.34 mg l
-1

/hr respectively.  
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2.3.5 Metaldehyde 

The results of the BOD5 inhibition test using metaldehyde are presented in Table 2.14 and 

Figure 2.17. 

Table 2.14 Mean BOD5 and percentage inhibition following exposure to metaldehyde. 

Concentration (%) Mean BOD5 mg/l n Standard deviation Percentage inhibition 

0 104.85 4 10.66  

10 127.45 4 40.39 - 21.55% 

50 160 4 0 - 52.6% 

100 160 4 0 - 52.6% 

200 160 4 0 - 52.6% 

500 160 4 0 - 52.6% 

 

 

Figure 2.17 BOD5 over a 120 hour period when exposed to a metaldehyde based pesticide at 

concentrations of 0% - 500% field application levels. 

The final BOD5 values were not inhibited by the presence of metaldehyde at any of the 

concentrations tested. In all cases, treated populations had a higher final BOD5 value 

than that of the control population (Table 2.14). All treated bacterial populations 

reached a maximum detectable BOD level of 160 mg/l before the end of the five day 

test. It is possible that respiration continued to increase in value after this point. The 

higher the exposure concentration, the faster the maximum detectable level of 

respiration was achieved. A significant difference between final BOD5 values at each 

exposure level was found (ANOVA, F(5,18) = 7.76, p = 0.00). This difference existed 

between the control and all concentration levels from 50% to 500% with the control 
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having a significantly lower BOD5 value than the treated populations. Following 

initially suppression, bacterial activity was stimulated beyond that of the control.  Based 

on Table 2.16 and Figure 2.18 we can see that the lag period of the control and at 

concentrations 1% to 10% varied by only 5 hours in total. At 50% metaldehyde 

concentrations, the lag period was extended to 61 hours (+ 40) and following exposure 

to a 100% strength concentration, the lag period lasted for 75 hours (+54). Despite 

evidence of inhibitory effects on the acclimatization of the microbial population, there 

was no inhibitory effect on the exponential growth phase of the bacteria. This is shown 

by the fact that the slope of the exponential growth phase is similar among all 

concentrations (Table 2.16 ). 

 

Figure 2.18 Hourly respiration data following exposure to metaldehyde at concentrations from 0% -

500%. The red dots indicate the end of the lag period for each concentration.  
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2.3.6 Chlorpyrifos 

The results of the BOD5 inhibition test are provided in Table 2.15 and Figure 2.19. 

Table 2.15 Mean BOD5 and percentage inhibition following exposure to chlorpyrifos.  

Concentration (%) Mean BOD5 mg/l n Standard deviation Percentage inhibition 

0 102.3 2 5.52  

1 104.6 2 0.85 -2.25 

10 104 2 6.51 -1.66 

5 101.2 2 0.85 1.08 

10 114.2 2 3.11 -11.63 

100 115.3 2 3.25 -12.71 

 

 

Figure 2.19 BOD5 over a 120 hour period when exposed to a chlorpyrifos based pesticide at 

concentrations of 0% - 100% field application levels. 

Oxygen consumption at the 1%, 5% and 10% treatment levels matched that of the 

control, for the duration of the test (Table 2.15). The control lag phase lasted for 21 

hours and the lag phases following exposure to 1%, 5%, and 10% chlorpyrifos lasted 

for 24, 24 and 26 hours respectively (Table 2.16 and Figure 2.20). Higher concentration 

levels i.e. 50% and 100%, were noticeably different from those at lower levels. At 50% 

a lag period of 61 hours was observed before the population began to show signs of 

recovery. This represents an extension of the lag phase by 40 hours in comparison to the 

control. Under a 100% treatment level, it took 75 hours before a noticeable increase in 

oxygen intake was seen. Respiration was suppressed for 54 hours longer than the 

control. Once recovery began, the oxygen consumption at the two highest 

concentrations rose sharply to reach a BOD5 level greater than that of the control or 
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lower concentrations. BOD5 values were not significantly different from that of the 

control and therefore chlorpyrifos did not inhibit BOD5 at any of the concentrations 

tested. Finally, the slope of the exponential growth rate did not vary greatly between the 

control and any of the treatment levels (Table 2.16).  

 

Figure 2.20 Hourly respiration data following exposure to chlorpyrifos at concentrations from 0% -

100%. The red dots indicate the end of the lag period for each concentration.  
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2.3.7 Lag phase based EC50 and Hill Slope 

EC50 values 

EC50 values were calculated using dose response curves (Chen, Bertin et al. 2013). A 

dose response curve was plotted at the end of the lag period of each concentration i.e. 

before recovery occurred. Mancozeb was not observed to exert an inhibitory or lag 

period on bacteria respiration and therefore mancozeb was the only pesticide for which 

a lag based EC50 value could not be calculated in this way. These time points are 

displayed as red dots on respiration curve for each pesticide. If an inhibition of the final 

BOD5 value was observed, an EC50 value was also calculated for the end of the test. 

This was only observed in two of the pesticides tested; glyphosate and mecoprop-p. All 

growth curves and the corresponding lag based EC50 values are displayed below in 

Table 2.16 and Figure 2.21. The EC50 values based on BOD5 values are given in Table 

2.17.  For four of the five pesticides plotted (glyphosate, chlorothalonil, chlorpyrifos, 

and mecoprop-p) the EC50 can be seen to increase with time. This shows that the 

toxicity is decreasing over time due to the combination of the active ingredient being 

degraded and the bacteria becoming acclimatized to the substance. Metaldehyde was 

the only pesticide where the EC50 value decreased and rose again over time.  
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Figure 2.21(a) Dose response curves of % respiration inhibition at time points 61hrs, 87hrs, 114hrs and 

120hrs after exposure to a glyphosate based pesticide.  
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Figure 2.21(b) Dose response curves of % respiration inhibition at Day 5, 6, 9, and 11 after exposure to a 

mecoprop-p based pesticide. 
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Figure 2.21(c) Dose response curves of % respiration inhibition at time points 32hrs, 37hrs, 59hrs and 

66hrs after exposre to a chlorothalonil based pesticide. The 20% respiration inhibition values were 

removed from the dose response curves as they were considered an outlier. 
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Figure 2.21(d) Dose response curves of % respiration inhibition at time points 25hrs, 30hrs, and 47hrs 

after exposre to a metaldehyde based pesticide.  
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Figure 2.21(e) Dose response curves of % respiration inhibition at time points 25hrs, 27hrs, 62hrs and 

76hrs after exposre to a chlorpyrifos based pesticide. 
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Table 2.16 Lag period, slope and Lag phase based EC50 values for glyphosate, chlorothalonil, 

metaldehyde, chlorpyrifos, and mecoprop-p formulated products as determined by the dose response 

curve. 

Pesticide 
Concentration 

(%) 

Lag period 

(hrs) 

Slope of 

exponential 

growth phase 

(mg l-1 / hr) 

EC50 

(Lag period) 

%  

EC50 

(Lag period) 

g/l  

G
ly

p
h

o
sa

te
 Control 38 4.36 1.169 0.105 

1 42 (+4) 3.04 0.4633 0.042 

2.5 60 (+22) 1.64 1.146 0.103 

5 86 (+48) 1.94 2.273 0.205 

10 113 (+75) - 5.149 0.463 

C
h

lo
ro

th
a

lo
n

il
 

Control 21 10.5 - - 

1 31 (+10) 2.17 0.04069 0.002 

5 58 (+37) 5.3 14.48 0.724 

10 65 (+44) 3.52 20.9 1.045 

20 35 (+14) 1.5 1.219 0.061 

M
et

a
ld

eh
y

d
e
 Control 20 9.4 - - 

10 21 (+1) 11.5 - - 

50 22 (+2) 10.2 - - 

100 24 (+4) 8.56 2232 16.963 

200 29 (+9) 9.39 145.0 1.102 

500 46 (+26) 7.67 ~ 191.5 0.695 

C
h

lo
rp

y
ri

fo
s Control 21 6.1 - - 

1 24 (+3) 8.48 - - 

5 24 (+3) 7.36 37.58 0.301 

10 26 (+5) 8.4 8.387 0.067 

50 61 (+40) 7.27 31.15 0.249 

100 75 (+54) 6.14 65.06 0.520 

M
ec

o
p

ro
p

-p
 

 Days    

Control 1 47.75 24.49 0.911 

20 4 27.95 1.475 0.055 

25 5 75.1 18.99 0.706 

35 6 78 19.79 0.736 

50 9 78 41.82 1.556 

100 11 94.3 72.86 2.710 
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Table 2.17 BOD5 based EC50 values (% and mg/l) for glyphosate, mecoprop-p, and chlorothalonil  

 BOD5 based EC50 (%) BOD5 based EC50 (g/l) 

Glyphosate 5.972 0.537 

Mecoprop-p 18.99 0.706 

 

2.3.8 Control Data 

The mean BOD5 value of the control populations across all tests is provided in Table 

2.17 and Figure 2.22. The largest variation between values occurred at 24 and 36 hours 

after test initiation. The standard deviation of the control values ranged from 6.16 and 

32.72. Variation between values decreased over time.  

Table 2.17 Average BOD5 and corresponding standard deviation of all control samples (n=20).  

 
Hours 

0 12 24 36 48 60 72 84 96 108 120 

BOD5 

mg/l 
0 5.03 9.17 62.45 79.28 89.21 92.17 94.03 95.33 97.37 99.13 

Standard 

deviation 
0 6.16 9.95 32.72 23.81 13.24 12.43 12.88 12.16 11.14 10.67 

CV 0 1.22 1.09 0.52 0.3 0.15 0.13 0.14 0.13 0.11 0.11 

 

 

Figure 2.22 Average BOD5 mg/l of the combined control for all tests run (n = 20).  
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2.4 Discussion 

2.4.1 Bacterial growth phases 

All bacterial populations over their lifespan adhere to the basic microbial growth curve 

as illustrated in Gray (2010). There are six stages of growth along this growth curve. 

The initial lag phase represents the acclimatization of bacteria to their environment. A 

lag period at the beginning of a BOD test can often occur as the microorganisms adapt 

to the test environment. This lag period may result in a lower than expected final BOD 

value and should be taken into consideration when assessing final results (Kumar, Dhall 

et al. 2010). Following the lag phase, the bacteria enter into an acceleration phase and 

then an exponential growth phase. During these periods of growth, the generation time 

decreases while the growth rate is in a maximum and constant state. The bacterial 

population will remain at this constant exponential phase until such time as the 

substrate becomes limiting. This leads to the declining growth phase. At this stage in 

the cycle, the rate of growth declines and the growth curve eventually flattens out as the 

rate of reproduction equalling the death rate. This is the stationary phase of the process 

(Gray 2010). All control specimens followed the same growth curve. Following an 

initial lag phase, control populations entered into a growth phase between 21 to 38 

hours after test initiation. At approximately 60 hours into the test, control populations 

entered the stationary growth phase and remained at a steady state until the end of the 

test period (Table 2.17 and Figure 2.22). 

Herbicides 

Many of the bacterial populations measured in this study followed a similar pattern as 

described above and were in either the exponential growth phase or had entered the 

stationary phase, by the end of the test. The growth phase at the end of the test was 

heavily dictated by both the type and concentration of pesticide.  

From Figures 2.4 and 2.11 we can see that both herbicide products tested altered the 

growth curve of the bacteria when compared to the control. 1% glyphosate was the only 

treatment level where the population reached a stationary growth phase after 5 days. At 

2.5% and 5% glyphosate exposure the growth curve was in the exponential growth 

phase, while at 10% exposure the culture population remaining in the lag phase for the 

majority of the test period. Only the 20% treated population of mecoprop-p reached the 
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stationary growth phase over the 5 days of the respiration test. At all other 

concentrations, respiration remained in the lag phase for the duration of the test. 

However, in the case of mecoprop-p, when the test duration was extended to 20 days a 

complete growth cycle was observed at each concentration (Figure 2.12). At this 

highest mecoprop-p concentration (100%) the maximum detection level of the 

apparatus was reached before the end of the test (160 mg/l). While the respiration rate 

in this sample was still increasing at the end of the test it did appear to be exiting the 

exponential growth phase. It is likely that over an extended test period the culture 

populations exposed to glyphosate would complete the full growth curve too. A study 

by Wang, Seiwert et al. (2016) discovered that for the first ten days after introduction of 

glyphosate, to a water-sediment system, mineralization of glyphosate was low at 0.3% 

day
-1

. However, from days ten to 40, the mineralization rate rose to 1.2% day
-1

. It was 

noted that in water only systems the mineralization was much lower. Therefore it is 

likely that in the study discussed here a lack of sediment prolonged the presence of 

glyphosate in the water phase and the limited microbial population took longer to begin 

to mineralise it. Wang, Seiwert et al. (2016) study highlights that the longer the contact 

time, the greater acclimatization that occurs. In a real case scenario, the sediment would 

act as a biofilm base for the development of an acclimatized bacterial population. This 

is most likely to occur in a more prolonged discharge scenario rather than a once off 

exposure event. Therefore the presence of sediment can aid degradation by increasing 

the bacterial population and also possibly helping to increase adsorption onto the 

biofilm polymer matrix itself. Regarding mecoprop-p, recovery time varied between the 

two formulations tested. When mecoprop-p is the sole active ingredient it takes far 

longer for the bacterial community to recover after initial exposure when compared to 

mecoprop-p in combination with dicamba. Both formulations contained 600 g/l of 

mecoprop-p, with the commercial product High Load Mircam also containing 80 g/l 

dicamba. Abraham, Silambarasan et al. (2014) identified an increase in degradation of 

pesticide when bacteria were exposed to a mixture of pesticides (chlorpyrifos, 

monocrotophos, and endosulfan) versus single active ingredients. The degradation 

appears to be increased by the presence of additional carbon sources. This could help to 

explain the variation between products observed in this study also.  

The reported half-life of these two active ingredients varies greatly and it is possible 

that on this occasion mecoprop-p on its own persisted in the test for longer than the 
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herbicide mix. Dicamba has been observed as having a half-life of between 

approximately 25 -50 days in pond sediment at temperatures comparable to this 

experiment  (19.9ºC) (Pavel, Lopez et al. 1999). The half-life of mecoprop-p varied 

greatly from between 12 to 84 days, again in a soil sample (Rodríguez-Cruz, Bælum et 

al. 2010). In one previous studies of the combined toxicity of pesticides, the toxicity of 

chlorpyrifos on soil bacteria was seen to increase with the presence of chlorothalonil 

and this increase was directly related to chlorothalonil concentration (Chu, Fang et al. 

2008). The difference between this study and that of Chu, Fang et al. (2008) example is 

that the active ingredients used by Chu, Fang et al. (2008) were separate commercially 

formulated pesticides applied together. It is possible that other elements of the 

formulation rather than the active ingredient itself led to a heightened toxicity. This is 

why all formulations and combinations of an active ingredient should be examined 

separately for toxicity as results may vary greatly.  

Overall, herbicides at field application levels are likely consumed or degraded by 

microbial activity following introduction into the system.  This rate of removal would 

likely be accelerated in a water-sediment system. Herbicides do not appear to pose a 

long term toxic risk to bacteria at field application levels. However, depending on 

formulation, respiration is severely suppressed for a short period after application.  

Fungicides 

When both fungicides are compared, the mancozeb product was seen to degrade more 

quickly than the chlorothalonil product. Following exposure to 10% to 50% mancozeb, 

bacteria had entered the stationary phase before the final day of the test. BOD values 

recorded at 100% and 200% were still rising but at a reduced rate than earlier in the 

process (Figure 2.16). The slope of the exponential growth phase, at higher treatments 

levels, was greater than those at lower respiration levels. Treatment levels of 100% and 

200% had corresponding slope values of 0.74 mg l
-1

/hr and 2.00 mg l
-1

/hr compared to 

slope values of 0.30, 0.19 and 0.34 mg l
-1

/hr at 10%, 20% and 50% treatment levels. For 

the chlorothalonil trial, all populations, excluding those at 20% exposure level, were 

moving from an exponential growth phase to a stationary phase of growth by the end of 

the test (Figure 2.13). Bacteria exposed to chlorothalonil went through a lag phase 

before beginning to increase their oxygen consumption. The duration of the lag period 

was related to the exposure concentration. No lag phase was observed following 
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mancozeb exposure. Fialová, Boschke et al. (2004) suggests one possible reason for the 

absence of a lag phase. Using the same experimental system as used in this study 

Fialova Boschke et al. (2004) showed that above a certain amount of phenol the 

concentration is too high to allow balanced growth and the growth curve becomes linear 

rather than the expected sigmoidal curve. This suggests that mancozeb may have 

impacted negatively on the bacterial population, even though the growth curve does not 

indicate an inhibitory effect. As with the previous pesticide products, the bacteria 

utilized the substance for a food source.  Chlorothalonil had a greater inhibitory effect 

than mancozeb, however, neither fungicide had a lasting effect on bacterial respiration.  

Molluscicide 

Finally, in the case of metaldehyde, there was no adverse effect on the bacteria growth 

curve at normal application levels (Figures 2.17 and 2.18). At a treatment level as high 

as 500%, the lag phase was not extended. However exponential growth was slower than 

that of lower concentrations. Metaldehyde does not appear to have a significant impact 

on the bacterium growth curves. At concentrations of 50% and over, respiration was 

increased to above that of the control, indicating that metaldehyde is being used as an 

energy source by the bacteria and is rapidly degraded. However, variation between 

replicates was high and error bars were large. This means limited conclusions can be 

drawn from the test except that all treated populations had an increased respiration rate 

due to a greater food supply which is rapidly utilized. Coloso, Borlongan et al. (1998) 

discovered that metaldehyde is rapidly degraded to CO2 by microorganisms in a pond 

environment. Within 15 days 84% of the original input amount had been degraded. 

These results also suggest metaldehyde has a limited potential for pollution of a 

freshwater system.  

Insecticide 

Chlorpyrifos significantly increased the lag period of the bacteria at 50% and 100% 

concentrations. However, by the end of the test period of 5 days, these populations had 

recovered and were moving from a period of exponential growth into a period of 

stationary growth. Bacterial populations from 1% to 10% followed the same growth 

curve as the control and had entered a stationary growth phase by the end of the test 

period (Figures 2.19, 2.20). Like the previously mentioned active ingredients, an initial 

period of suppressed activity is followed by a period of heightened oxygen consumption 
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at higher concentrations. A previous study conducted by Abraham, Silambarasan et al. 

(2014) found 20 ml of a bacterial consortium was capable of degrading 300 mg l
-1

 of 

chlorpyrifos in 2 days. It was also discovered that in a mixture with another 

organophosphorus (monocrotophos) and an organochlorine (endosulfan) chlorpyrifos 

was completely degraded in 24 hours. This enhanced degradation may be a result of an 

increase in carbon sources for the bacteria consortium. The bacterial strains identified 

as having chlorpyrifos degradation capabilities were Alcaligenes sp JAS1, 

Ochrobactrum sp. JAS2 and Sphingobacterium sp. JAS3. In comparison to Abraham, 

Silambarasan et al. (2014) study, the degradation process in this study occurred more 

slowly than this, however, the quality of bacteria per test vessel was less. Both tests 

prove that chlorpyrifos is used as an energy source by the bacteria until completely 

degraded and therefore does not pose any long term inhibitory effects on freshwater 

bacteria populations.  

There is evidence in the literature that taking growth phase into account is essential 

when calculating substances toxicity towards bacteria. Chaithawiwat, Vangnai et al. 

(2016) investigated the toxicity of nanoscale Zero Valent Iron (nZVI) on four different 

bacteria strains. nZVI is used for the remediation of chlorinated compounds from the 

environment. The authors discovered the bacteria were more resistant to nZVI in the lag 

and stationary phases and less resistant in the exponential and decline phases. The 

greater resistance seen in the exponential and stationary phase is suggested to be a result 

of increased rpoS expression during late exponential and stationary phases. 

rpoS expression is involved in the regulation of several genes in response to various 

stresses. This highlights the value of taking measurements at each growth stage. 

Secondly, some bacterial assays can have limited value because they only provide a 

single measurement at a fixed time point. This can lead to a loss of information on the 

growth curve of the bacteria prior to that point (Vázquez and Rial 2014). By using the 

Oxitop measuring heads, to record respiration on an hourly basis, a clearer picture can 

be gained on the behaviour of the bacteria over time, using hourly reading if desired. 

Only focusing on the final BOD5 value severely limits the information gained on the 

inhibitory qualities of a substance. 
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2.4.2 EC50  

Glyphosate 

The results from this study found a standard EC50 using the 5 day BOD inhibition 

method for glyphosate of between 5.97% (Figure 2.2) - 6.74 % (Figure 2.21a), 

equalling 537 mg/l - 606.6 mg/l of glyphosate after five days. The highest level of BOD 

inhibition occurred at approximately 113 hours after initial exposure. At this time point, 

an EC50 value of 463 mg/l was calculated. As respiration toxicity studies on aqueous 

populations are limited it is useful to compare the results to those of soil bacterial 

inhibition studies. Zabaloy, Gómez et al. (2012) measured the respiration of soil 

bacteria following glyphosate exposure. For those soils with no previous exposure to 

glyphosate, respiration was heightened. The opposite is seen in agricultural soils with 

long term exposure to the herbicide. Here respiration was seen to be reduced. A second 

study carried out by Gomez, Ferreras et al. (2009), examining the effect of glyphosate 

on soil microbial respiration, found no difference in respiration rate following 

application of the herbicide. However microbial biomass was reduced suggesting a 

higher energy requirement to maintain respiration. Lipok, Studnik et al. (2010) 

compared the toxicity of the glyphosate commercial formulation Roundup with its 

individual components, on a number of freshwater cyanobacteria, by measuring 

chlorophyll. Roundup EC50 values ranged from 2.9 mg/l to 89.8 mg/l depending on the 

bacterial strain. Interestingly, when the different constituents of the herbicide were 

examined separately, glyphosate was noted as having the lowest toxicity (164.9 - 598.4 

mg/l) while the surfactant isopropylamine had the highest toxicity (1.5 - 92.4 mg/l) 

(Lipok, Studnik et al. 2010). Amorós, Alonso et al. (2007) carried out a bioassay on the 

commercially available bacteria strain Microtox
®
 measured bacterial bioluminescence 

following exposure to Roundup. On this occasion EC50 values were found to range from 

36.9 mg/l (pH 4.6) to 3792 mg/l (pH 6.3). The acidity of the solution strongly 

influenced toxicity. Finally, Pesce, Batisson et al. (2009) examining the response of a 

microbial population to low level glyphosate exposure (10 µg l
-1

) and discovered no 

significant changes. In general, the EC50 values found in this research study fall at the 

higher limit of most of the values found by the above authors. The final EC50 value is 

heavily influenced by the toxicity indicator being measured. Therefore careful 

consideration should be given to which test is most suitable for a given situation and the 

use of more than one toxicity test would strengthen the final result.  
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Mecoprop-p 

On completion of this study, it was evident that while mecoprop-p products exert an 

inhibitory effect on bacterial communities, over time these populations can acclimatize 

and recover from exposure. In this case of the standard 5 day BOD inhibition test, an 

EC50 value of 18.99% corresponding to 706 mg/l mecoprop-p was calculated. However, 

when we examine the extended 20 day BOD test we observe complete recovery to 

control levels by approximately day 15. EC50 values were in the range of 1.48mg/l - 

72.86 mg/l depending on time point. Acclimatization and subsequent degradation of 

mecoprop-p by soil bacteria has been recorded in the past. Tett, Willetts et al. (1994) 

established that over a five month period the soil bacteria species Alcaligenes 

denitrificans acclimatized to such an extent that it was able to gain all of its carbon and 

energy supply solely from mecoprop. It was suggested that its ability to degrade the 

active ingredient increased over time. It is also thought that in the case of soil bacteria 

they mainly degrade the (R)-(+)- enantiomer component of mecoprop while leaving 

(S)-(-)- enantiomer mostly untouched. (R)-(+)- and (S)-(-)- are the two stereo-isomeric 

forms that the active ingredient occurs in. Tett, Willetts et al. (1994) also observed a 

shorter acclimatization period than was found in this study. However, some differences 

exist between the two tests, such as the addition of GGA in the test solution to act as a 

food source. This additional energy supply may have strengthened the bacteria making 

them more able to degrade the substance and subsequently recover.  Herbicides are not 

targeted at bacterial populations and therefore their inhibitory effect towards a bacterial 

population is expected to be limited. However, as seen above, herbicides can exert a 

strong initial inhibition of oxygen consumption. Furthermore, previous studies have 

shown that due to the close links between bacteria and algae, inhibition of algae due to 

the herbicide diuron can indirectly affect bacteria population numbers. This is 

particularly evident in biofilm structures (Ricart, Barceló et al. 2009). This is 

particularly significant in real life systems where biofilms are abundant. This coupled 

with the fact that an initial period of inhibition was observed following exposure to both 

herbicides suggests that bacteria are vulnerable to herbicide pollution events at least for 

a limited time after exposure.  
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Chlorothalonil 

An initial inhibition of microbial activity was observed following the addition of 

chlorothalonil. Over time all populations, even those at the highest concentrations, 

began to recover and increased in respiration activity for the remainder of the test 

(Figure 2.13). The lag phase based EC50 values ranged from 2.05 - 1045 mg/l 

depending on the time point. Chen, Edwards et al. (2001) examined the substrate 

induced respiration (SIR) of a soil microbial population following benomyl, captan, and 

chlorothalonil exposure. SIR was initially inhibited compared to the control but in no 

case was total inhibition achieved. It took between 25 to 30 days for the SIR to return to 

control levels and in some cases increase above control levels (Chen, Edwards et al. 

2001). While Chen, Edwards et al. (2001) noted an acclimatization period far larger 

than the acclimatization period recorded in this study, it is likely that in both examples 

the product was degraded by the bacteria. Degradation of chlorothalonil by bacteria has 

also been noted in the literature. Zhang, Teng et al. (2014) witnessed a strong 

degradation ability of H4 strain bacteria Stenotrophomonas sp. on chlorothalonil. Over 

a 7 day period, bacterial biomass increased with a corresponding decrease in the 

fungicide. In total 82.2% of chlorothalonil was degraded by the completion of the 

experiment. However, the degradation of chlorothalonil depended on a number of 

factors including pH, temperature, and initial pesticide concentration. The degradation 

ability of the bacteria was slower in the first week after test initiation compared with the 

second while the bacteria underwent an acclimatization period before normal activity 

resumed (Zhang, Teng et al. 2014). Chlorothalonil has the capacity to inhibit bacteria 

and also act as a food source. In this study, the bacterial population appeared to be using 

chlorothalonil as a food source. The concentrations used here were a maximum of 

double field application levels and therefore chlorothalonil does not appear to expert 

lasting effects on bacterial populations at normal field application levels. 

Mancozeb 

Bacterial respiration responded differently to mancozeb exposure than in any of the 

other pesticides tested. Exposure to a concentration of between 10% - 50% of field 

application levels resulted in a reduced BOD5 compared with the control. However, 

following exposure to 100% and 200% strength solutions, the BOD5 was significantly 

higher than the control. Due to this unusual recording, a dose response curve and EC50 
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values were not calculated for this active ingredient. Rasool and Reshi (2010) examined 

the response of soil microbes to mancozeb exposure by measuring enzyme activity. 

Three of the five enzymes were stimulated by the presence of mancozeb. Urease and 

asparaginase activity were also stimulated at a concentration of ten times that of the 

normal application levels (600 kg Ha
-1

). It was only at 100 times the normal application 

level that inhibition was observed. The present study did not test mancozeb 

concentrations above 200% of field application levels and as a result, inhibition was not 

observed. Both this study and that of Rasool and Reshi (2010) support the idea that 

microbial communities can use the pesticide product as a source of food which enables 

them to increase their activity as a result. The reason for an inhibitory effect at low 

concentrations is not clear. Some evidence exists to suggest that mancozeb is more 

toxic to bacterial species than the above tests report. An investigation into the toxic 

effect of fungicides on the Cylindrospermum sp. of cyanobacterium found that 

mancozeb had an inhibitory effect, with LC50 values changing depending on C and N 

concentration of the medium. An LC50 value of 7.2 (0.86) µg/ml was recorded from a 

soil water interface sample. LC50 in a liquid medium ranged from 3.4 (0.53) - 4.3 (0.62) 

µg/ml and a variation of between 2 (0.31) - 2.3 (0.37) µg/ml was recorded in an agar 

medium (Padhy and Rath 2015). It was also observed that fungicides were more toxic 

to this species than insecticides but that mancozeb was the least toxic fungicides 

examined (ziram > zineb > mancozeb) (Padhy and Rath 2015). In this research study, 

the insecticide active ingredient had a greater inhibitory ability than both fungicides 

tested. Previous studies have identified clear inhibitory qualities of mancozeb on 

bacteria. A clear pattern was not obvious from this study. One possible area of error 

could be due to the fact that mancozeb (commercial formulation Dithane 945) comes in 

powder form and therefore issues with suspension of the product may have occurred. 

However, all solutions were stirred for the duration of the test to eliminate any possible 

settlement.  

Metaldehyde 

There appears to be no prior investigation of the ecotoxicity of metaldehyde on a 

bacteria population. This study found that metaldehyde initially suppressed respiration 

but that bacteria quickly recovered to a respiration level above that of the control. The 

greatest period of inhibition occurred at approximately 46 hours after the introduction 

of the metaldehyde formulation. The EC50 values for metaldehyde ranged from 145.0 
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mg/l to 2.23 g/l depending on the time point at which the value was calculated (Figure 

2.21d). These high values suggest that metaldehyde is not very toxic to bacteria 

populations particularly at recommended field application levels. Previous studies have 

also found little or no harmful effects of similar active ingredients on non-target 

organisms. Two separate investigations into the toxic effect of molluscicide on the 

earthworm species Lumbricus terrestrris found it to have no adverse effects when 

compared to the control (Langan and Shaw 2006). An LC50 value of molluscicide on 

earthworms was stated as being >10,000 mg kg 
-l
 (Edwards, Arancon et al. 2009). In 

both investigations, iron phosphate, also used as a molluscicide, was more toxic to the 

L. terrestrris. However the chelating agents ethylene diamine tetracetic acid (EDTA) or 

ethylene diamine succinic acid (EDDS) had the greatest toxic effect on earthworm 

activity and growth with an LC50 value of 156.46 mg kg
-l
 and 145.57 mg kg 

-1
 

respectively (Edwards, Arancon et al. 2009). EDTA and EDDS are added to iron 

phosphate formulations to make the iron more toxic and are another example of how 

surfactants in a pesticide formulation can prove to be more toxic than the active 

ingredient itself. Though not quantitatively measured, earthworms were observed to 

have discoloration and lesions on the skin after treatment with metaldehyde (Langan 

and Shaw 2006). Perhaps this indicates that while activity and growth are not affected 

by this active ingredient it can lead to some physical deterioration. Both tests were 

carried out using slug pellets and not the liquid formulation that was used in the 

research discussed in this chapter. The use of these pellets does limit the amount of 

contact the organisms have with the substance and therefore possibly underestimates its 

toxic effect. Use of the liquid formulation of this active ingredient in toxicity tests is 

recommended to gain a more accurate toxicity measurement. Based on results to date, 

metaldehyde is not considered to have a lasting toxic effect on bacterial populations. 

Chlorpyrifos 

In this investigation, chlorpyrifos had a strong inhibitory effect at half strength (50%) 

and full strength (100%) field application levels. However by the end of the test full 

recovery had occurred and therefore an EC50 value for the standard 5 day BOD 

inhibition test could not be calculated. Lag phase EC50 values ranged from 8.39 mg/l to 

65.06 mg/l depending on the time point. The highest level of inhibition based on the 

EC50 value was at 26 hours after application. Chlorpyrifos has been noted as having a 

strong inhibitory effect on soil bacteria too. One previous study found that just one day 
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after exposure to normal land application concentration the bacterial population was 

reduced by 44.1% compared when control populations (Chu, Fang et al. 2008). 

Bacterial populations were recorded as being suppressed for up to seven days after 

application. Chlorpyrifos was also observed to inhibit fungi and actinomycetes in the 

soil (Chu, Fang et al. 2008). Previous toxicity tests of other insecticide active 

ingredients in liquid mediums generated an LC50 value of 43.7 to 56.2 µg/ml for 

carbaryl and 288.4 and 588.8 µg/ml for carbofuran (Padhy and Rath 2015).  In this 

example, cyanobacteria were more tolerant of insecticide exposure when compared 

with fungicides. It can be concluded that insecticides, although not targeted at bacteria, 

are moderately toxic to bacteria populations but do not exert a lasting toxic effect on 

respiration.  

For all six pesticides examined the resulting EC50 values were high in relation to 

concentrations likely to be found in a freshwater environment. Therefore it is unlikely 

that these pesticides would cause a serious pollution risk to the microbial population 

unless a large spill event was to occur. However, in all cases, an alteration in microbial 

behaviour and respiration was observed following exposure. This could have an impact 

on the wider community, reducing the system’s ability to purify itself and ultimately 

leaving other trophic levels vulnerable to chemical exposure.  

2.4.3 Comparison of all active ingredients 

To compare the toxicity of these six pesticides it is important to examine not only the 

standard 5 day EC50 values but also lag periods and recovery speed. If the inhibitory 

value was based solely on the BOD5 value and the corresponding EC50, herbicides 

would appear to be the most toxic pesticide group towards microbial communities. 

Glyphosate would be established as being more toxic than mecoprop-p with no other 

active ingredient appearing to inhibit microbial activity. However, when both the 

inhibitory period and recovery times are taken into consideration a more complex 

picture of the inhibitory effect of these pesticides can be seen.  

1. The toxicity order of the pesticides based on active ingredient wet weight is as 

follows;  

glyphosate > mecoprop-p > chlorpyrifos > chlorothalonil > metaldehyde  > 

mancozeb. 
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2. The toxicity order of the pesticides based on lag period is as follows;  

mecoprop-p > glyphosate > chlorothalonil > chlorpyrifos > metaldehyde > 

mancozeb. 

3. Finally, the toxicity order of the pesticides based on the slope of the exponential 

growth phase; 

glyphosate / chlorothalonil / mecoprop-p / mancozeb  > metaldehyde / 

chlorpyrifos.  

By scoring each pesticide in terms of its above ranking an overall toxicity order can be 

established as follows;  

Glyphosate/mecoprop-p > chlorothalonil/chlorpyrifos > metaldehyde > mancozeb. 

We can see that for active ingredient wet weight and lag period herbicides were the 

most toxic to the bacterial population. Metaldehyde and mancozeb had low to 

negligible inhibitory effect on EC50 and lag period. Chlorothalonil and chlorpyrifos had 

a medium effect on these two endpoints.  A slightly different pattern was seen for the 

exponential growth phase. Metaldehyde and chlorpyrifos had no observed effect on the 

slope of the exponential growth phase while all other pesticides examined did. Both 

herbicides had a similar toxicity while fungicides varied in there toxicity towards 

bacteria. A broader approach to toxicity assessment, beyond the use of just the final 

EC50 value, is sensible to better understand the overall impact of an active ingredient. 

Measurement of the recovery time can be a useful aid to assessing the long term toxic 

effects of a substance and has been used for toxicity assessment for heavy metals in the 

past (Drost, Matzke et al. 2007). Hourly data can give very precise information about 

the inhibition and recovery patterns of the population.  

2.4.4 Biodegradation 

Under many circumstances, respiration is increased following pesticide exposure. This 

was observed for all of the pesticides examined in this study. Following initial 

inhibition, recovery equal to or above control levels was recorded. This is believed to be 

a stress response by bacteria to the presence of a toxin, usually seen in populations 

which have not come into contact with the substance previously (Zabaloy, Gómez et al. 
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2012). Polyseed NX
®

 is a seed inoculant and would not have come into contact with 

pesticides previously which may be one cause for the heightened activity seen in the 

results. A more likely reason for the enhanced activity is the fact that pesticides can 

stimulate bacterial activity by providing a source of nitrogen and carbon. This has 

previously been shown to happen following glyphosate exposure (Amorós, Alonso et 

al. 2007, Zabaloy, Gómez et al. 2012). Even the dead microorganisms which have been 

killed by the pesticide can then act as a substrate for the pesticide tolerant microbial and 

aid their growth (Chen, Edwards et al. 2001). However, this initial benefit may lead to a 

negative impact over time by a reduction in pesticide sensitive bacteria and therefore a 

change in the bacterial community itself (Zabaloy, Gómez et al. 2012). The presence of 

nutrients in the test solution can also speed up the degradation of the pesticide and aid 

recovery. This was seen by Pino and Peñuela (2011) who observed an increase in the 

degradation of chlorpyrifos and methyl parathion from 39% and 72% respectively to 

100% degradation when glucose was present. Another study which highlights the 

importance of the substrate to bacterial tolerance was carried out by Santos, Videira et 

al. (2014). This study found that the herbicide active ingredient linuron reduced bacteria 

respiration when grown on the substrate NADH but no reduction was observed if using 

a +TMRD substrate. This may have implications for pesticide pollution events in the 

field. Environments with low nutrient levels may be less able to withstand or recover 

from pesticide exposure. A number of previous studies have observed the degradation 

of pesticides by bacteria. Zhang, Xu et al. (2014) observed enhanced degradation of five 

organophosphorus pesticides in the presence of lactic acid bacteria (LAB) in skimmed 

milk while  Deng, Chen et al. (2015) recorded 100% degradation of methyl parathion, 

methyl paraoxon, diazinon and phoxim by the bacteria strain G1, which is in the 

Stenptrophomonas genus, after 24 hours. Degradation of 95% of parathion, 63% of 

chlorpyrifos, 38% of profenofos and 34% of triazophos was also recorded. An 

investigation into the biodegradation capacity of river biofilms by Tien, Lin et al. 

(2013) discovered a higher dissipation rate of three carbamate pesticides in the presence 

of the biofilms when compared to the control. Degradation capacity was linked to both 

the season in which the biofilm was sampled and the active ingredient being examined. 

Addition factors such as temperature, pH, and soil type can all affect bacterial 

degradation of pesticides (Deng, Chen et al. 2015).  Finally, there is evidence to suggest 

that bacterial populations develop tolerance to a pollutant following extended exposure 

(Gong, Gasparrini et al. 2000). Pollution induced community tolerance (PICT) was 
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observed in a soil microbial population sampled from an area of prolonged TNT 

exposure. The most contaminated soils had the highest tolerance to the substance 

(Gong, Gasparrini et al. 2000). The development of tolerance in a population can be due 

to acclimatization, loss of substance sensitive species or adaptation (Posthuma, 

Baerselman et al. 1997).  However, PICT is generally observed over a prolonged period 

of time and not the shorter test period used in this study. One or all of these factors may 

be playing a part in the recovery capability of the bacteria following pesticide exposure. 

The bacterial populations of freshwater sediment may also have the capacity to develop 

PICT over time however pesticide exposure in aquatic sediment is likely to be much 

less frequent than terrestrial soils. It appears that pesticides do not have a lasting 

inhibitory effect on bacteria mainly because of its rapid degradation from the system. 

However, if continuous exposure rather than a once off pollution event was to occur, 

lasting suppression of bacteria activity is likely. The nutrient levels in the environment 

prior to pollution can also have a huge impact on the bacteria’s ability to respond to a 

pollution event. 

2.4.5 Temperature 

In this study, all experiments were conducted under controlled conditions at a constant 

20°C in an incubator. Temperature has a large influence on microbial activity. The 

microbial activity and therefore potential degradation ability or a river microbial 

population was noted as being greater under summer temperatures (14°C) when 

compared to spring temperatures (9°C) (Pesce, Batisson et al. 2009). Zhang, Teng et al. 

(2014) study found that the Stenotrophomonas bacteria species grew best in 

temperatures of between 25 - 37 °C with an optimum temperature for removing 

chlorothalonil from the soil of 30 °C. Average Irish water temperatures are far below 

this level. This suggests that bacterial populations may be better able to survive a 

pesticide pollution event during the summer season when temperatures are on average 

highest. However, this would also coincide with lower river water volumes and 

therefore less dilution of the pollutant. By taking water temperatures into account when 

planning pesticide application schedule this could help to avoid periods when bacteria 

populations are most vulnerable to exposure. The half-life of pesticides has also been 

seen to vary depending on temperature. Pavel, Lopez et al. (1999) observed that the 

half-life of the herbicide active ingredient dicamba increased with decreasing 

temperature in the soil. This again supports the idea that the higher the water 
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temperature the better the bacteria can both degrade and recover from exposure to 

pesticides. It also highlights the importance of having a constant temperature during a 

BOD inhibition test in order to have a reliable toxicity result.  

2.4.6 BOD inhibition test evaluation  

Variation between replicates of the same concentration was observed. The largest 

variation usually occurred during the exponential growth period while variations were 

usually smaller at the end of the test. The greatest variations often occurred at lower 

exposure concentrations. Variation between control samples was also observed. The 

largest standard deviation between control values occurred between 24 and 60 hours 

after pesticide application (Table 2.17 and Figure 2.22). This corresponds to the 

exponential growth period of the bacteria population and is similar to the trend in 

variations seen in treated populations. Large variations observed during the exponential 

growth period can be explained by the fact that populations moved from an inhibitory 

phase to a growth phase very quickly and if two replicates differed in recovery time, 

even by a few hours, the corresponding standard deviation of sample means would 

appear very large for that period. When samples reached the stationary phase hourly 

changes were very small and therefore variation between samples was much smaller.  

Hourly respiration data proved to be very useful when assessing the true inhibitory 

effect of each pesticide. If the final BOD5 value was taken as the only inhibition 

measurement little to no inhibition of bacterial respiration would have been observed. 

In fact, in most of the pesticides examined here, the results would point to a stimulatory 

effect on bacterial oxygen uptake. By recording the BOD value at a number of time 

points, over the course of the five day test, a much clearer picture of the population’s 

response was seen. The use of the Oxitop measurement system allows for an increased 

level of detail on inhibition not possible with conventional BOD measuring units. It also 

supports the use of multiple measurement points in bacterial inhibition tests rather than 

a single final value. It is possible to shorten the length of the tests from 5 days to a 

shorter time frame allowing for a faster result. Most of the pesticides examined in this 

study had completely degraded by the end of the test. In these cases, a shorter BOD 

inhibition test would have been sufficient to gain results. It is important to take the 

substance properties into consideration when designing the inhibition test. The test 

duration should reflect the mode of action of the chemical being examined and it's 
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likely inhibitory effect as well as its expected degradation rate (Backhaus, Froehner et 

al. 1997). Finally, care must be taken when comparing results between the different 

methods of bacterial inhibition tests as the time of measurement and duration of test can 

have a major impact on the final result.  

It is also important to keep in mind that the seed population used here, as in all toxicity 

tests, was a representative organism and therefore may react differently to toxic 

exposure than bacterial populations found in freshwater environments. In free flowing 

water attached bacteria dominate and are most commonly found in biofilms (Sigee 

2005). A previous study has shown that these communities are better able to withstand 

toxic exposure, specifically the fungicide tebuconazole (TBZ). Biofilms were found to 

be less sensitive to TBZ than plankton communities. It is thought that biofilms are 

better equipped to tolerate exposure because the structure of the biofilm is better able to 

prevent penetration of the toxin into the cell (Artigas, Pascault et al. 2014). 

Chaithawiwat, Vangnai et al. (2016) investigated the inhibitory effect of nZVI on four 

bacterial strains and found that the toxic effect was both genus and strain dependent. 

These finding could have implications for the future study of pesticide toxicity on 

freshwater ecosystems. Single or free-living organisms may be more sensitive and 

record higher toxicity values than the more commonly found biofilm communities in 

freshwater. The strain used may also strongly influence the result. The development of 

a multi-species test may go some way to bridge the gap between test and real life 

environments. The use of a multispecies seed population goes some of the ways in 

replicating the complex communities found in the field but cannot perfectly represent 

these communities.  
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2.5 Conclusions 

 The overall toxicity order of all six pesticide formulations was as follows:  

Glyphosate/mecoprop-p > chlorothalonil/chlorpyrifos > metaldehyde > mancozeb. 

 The pesticide active ingredients examined here were not permanently toxic to the 

bacteria seed population and all populations recovered within five days. These 

pesticides are not thought to have a long term inhibitory effect on bacteria.  

 The ISO 5815:2003 (1&2) is not a good inhibition screening test because the 

pesticides examined here do not exert a lasting inhibitory effect on the bacterial 

seed population. The final BOD5 value is not a good indicator of the toxic quality of 

the test substance. However continuous data collection for the duration of the test 

allows for a much better picture of the impact the substance has on the bacterial 

population. Continuous data collection over a shorter period of time using the WTW 

Oxitop system would be a more useful alternative to using BOD5 as an inhibitory 

screening method. This also allows for a dose response curve to be plotted and an 

EC50 value to be generated.  

 Similarly, the use of a number of end-points, e.g. % inhibition of BOD5, length of 

the lag period, EC50 and slope of the exponential growth phase, rather than a single 

toxicity endpoint is advised where possible. Pesticides have differing levels of 

toxicity depending on the indicator being measured and therefore the use of a 

number of endpoints gives a better overall picture of the toxicity of the substance.  

 All pesticides were degraded and used as a food source by the bacteria seed 

population. This indicates that freshwater systems are able to remediate against 

pesticide contamination. As seen in the dose response curves, following a period of 

acclimatization bacteria respiration increased rapidly. Therefore pesticides do not 

pose a lasting inhibitory effect on the bacterial trophic level of a freshwater 

ecosystem. There is also the possibility that the bacterial population will become 

more tolerant of a pesticide following continuous exposure again limiting the 

impact the pesticide will have on the population.  

 Suppressing the bacteria trophic level for even a short time can have knock on 

effects on the whole freshwater system. While the bacteria population is in its initial 
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acclimatizing period it is not capable of degrading the product, leaving the other 

trophic levels vulnerable to pesticide exposure. The entire freshwater system is, 

therefore, most vulnerable to toxic shock in the initial 24 to 48 hours following 

pesticide exposure. To determine how far downstream a pollution event would 

travel in this timeframe, flow and mixing characteristics of the freshwater system 

would also be necessary.  

 Further study in this area would help to support and validate the findings shown 

here, that bacteria populations recover fully from pesticide exposure events over a 

short period of time.  Additional tests using other bacterial strains, especially those 

more commonly found in natural freshwater systems, would again help to verify 

that all bacterial strains are robust and can withstand pesticide pollution events.  If 

supplementary investigations into this area corroborate these findings, then it can be 

confirmed that the bacterial respiration bioassay is most useful as a measure of 

recovery rather than of toxicity.  
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3. A toxicity assessment of agricultural pesticides on the 

submerged aquatic plant Myriophyllum aquaticum. 

3.1 Introduction 

Pesticide pollution of freshwater environments is known to change the community 

structure and composition of the receiving environment (Biggs, Williams et al. 2007). 

However, much of the research into pesticide contamination has focused on 

invertebrates and other higher level organisms.  Less focus has been on aquatic 

macrophytes, and in particular, rooted macrophytes.  This chapter examines the toxicity 

of six agricultural pesticide formulations on freshwater aquatic macrophytes, using 

Myriophyllum aquaticum (vellozo) Verdecourt as a model organism. The test will focus 

on sub-lethal pesticide concentrations and their inhibitory effect on the growth of the 

plant. Several endpoints will be measured to monitor the impact of the test substances 

on M. aquaticum; shoot length, biomass wet and dry weight and root number and 

length. It is also hoped that by carrying out this study, validation and improvement of 

the standard protocol for the toxicity assessment of Myriophyllum aquaticum can be 

developed.  

Aquatic macrophytes provide a number of important ecological services to freshwater 

environments. They provide food and shelter for an array of aquatic organisms, help to 

anchor the sediment, as well as being a source of oxygen to the sediment and water 

phases (Lewis 1995). They also play an important role in nutrient cycling in the system 

(Mohr, Berghahn et al. 2007) and can help to remove pollutants and nutrients from the 

water phase (Wang, Zhang et al. 2008). Submerged plants are an essential source of 

oxygen for an aquatic system which is otherwise oxygen deprived. The aquatic 

environment benefits from this in a number of ways. Some of the oxygen within the 

plant diffuses from the roots and oxidizes, reducing substances in the rhizosphere 

(Flessa 1994). Carpenter, Elser et al. (1983) examined the impact oxygen release, from 

the submerged plant Myriophyllum verticillatum L., had on the water and soil redox 

potential.  Depending on plant size and experiment condition, changes of 50-100mV 

Eh, 0-0.2 pH units, and 1-4 mg O2 l
-1

 were observed after 3h. In another study, the 

sediment of rooted macrophytes was also found to have lower pore water COD than 

controls without macrophytes. The plant's impact on organic matter in the sediment was 

less significant at only 2%. This shows that macrophytes exert a significant impact on 
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the surrounding environment and in particular the radox potential in the sediment. A 

negative impact of the anoxic sediment is that metals will be more easily released from 

the sediment in negative potential (Guilizzoni 1991). The oxygen released by 

macrophytes is an important O2 source for the system and also aids nutrient and metal 

removal. Submerged macrophytes influence many key functions in the aquatic 

environment and changes to the submerged macrophyte community, due to toxic 

exposure, has the potential to have far reaching effects on many of the key processes in 

the system.    

Submerged macrophytes interact with a number of aquatic species in their environment. 

Howard-Williams and Liptrot (1980) investigated the community structure of an 

estuarine lake on the southern African coast. A bed of Potamogeton dominated 

macrophytes supported large populations of bivalves Musculs virgiliae Barnard (410 

gm
-1 

dry mass), polychaetes and amphipods. Stands of these submerged plants also 

support juvenile fish communities supplying food and shelter for young fish. Howard-

Williams and Liptrot (1980) also discovered that the presence of macrophytes stands 

allowed the growth of epiphytic algae of Lyngbya, Enteromorpha, Cladophora 

Percursaria, Chondria, and Hypnea  and  populations of spirorbid polychaete. All of 

these species depend on macrophytes and without them the community structure would 

be very different. Macrophytes have developed some adaptations to compete with other 

aquatic species. For example, rapid leaf turnover helps macrophytes to restrict epiphyte 

growth. If leaves are constantly shed it stops the build-up of epiphytes on the plant 

(Sand-Jensen and Borum 1991). Sand-Jensen and Borum (1991) discuss the ways by 

which macrophytes interact with phytoplankton, and in so doing, can promote or reduce 

their growth. Macrophytes can reduce phytoplankton development by 1) nutrient uptake 

from sediment reducing release to the water, 2) oxidation of surface sediment, 3) 

shading of phytoplankton, 4) shelter zooplankton, and by 5) providing shelter for 

planktivorous fish. The mechanism by which macrophytes promote phytoplankton 

include 1) nutrient uptake from sediment and decomposition in water, 2) reduced 

conditions in dense stands and 3) shelter for piscivorous fish (Sand-Jensen and 

Borum,1991). Finally, rooted submerged macrophytes can adapt to the changing 

aquatic environment by gaining nutrients from either the substrate or the water phase 

depending on a number of factors (Gumbricht 1993).  
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Previous investigations have studied the toxicity of a wide array of pollutants on aquatic 

macrophytes. These substances include heavy metals (Mishra, Upadhyaya et al. 2008, 

Bian, Berninger et al. 2013, Markich 2013, Harguinteguy, Pignata et al. 2015), arsenic 

(Falinski, Yost et al. 2014), pharmaceuticals and personal care products (Brain, Johnson 

et al. 2004, Dordio, Duarte et al. 2009, Petersen, Heiaas et al. 2014) and phenol (Barber, 

Sharma et al. 1995, Park, Brown et al. 2012). Regarding pesticide toxicity, 

investigations have been carried out on a variety of plant protection products, including 

a variety of herbicides (Forsyth, Martin et al. 1997, Turgut and Fomin 2002, Tsui and 

Chu 2003, Belgers, Van Lieverloo et al. 2007, Mohr, Schott et al. 2013), fungicides 

(Turgut 2007, Arts, Belgers et al. 2008, Olette, Couderchet et al. 2008), growth 

regulators (Mohr, Schott et al. 2013), insecticide (Turgut 2007, Asselborn, Fernández et 

al. 2015) and molluscicides (Hector, Wilby et al. 2004). These tests have been carried 

out on both vascular (Myriophyllum spp., Lemna spp., Elodea spp., Ceratophyllum 

demersum, Potamogeton spp., Ranunculus spp., and Cabomba aqutica) and algal plant 

species (Selenastrum capricornutum, Skeletonema costatum, and Ankistrodesmus 

gracilis). It is obvious from the literature that the area of macrophyte toxicity is not a 

new one, and while many macrophyte species have been used for this purpose, there is 

little standardisation within or among species. There are always new substances being 

developed and toxicity testing will play a vital role in protecting freshwater systems 

from over exposure to these. For this reason, it is wise to develop a more standardised 

approach to investigating the toxicity of a substance on a range of macrophyte species. 

The response of macrophyte species to pesticide exposure is varied and depends on 

both the active ingredient and the species being studied. This is evident from a number 

of previous studies presented in the literature. One example investigated the toxicity of 

the herbicide active ingredient triazine on a multispecies aquatic mesocosm. Elodea 

canadensis was observed to be the more sensitive species when compared to M. 

spicatum, which was less sensitive and had greater recovery potential than E. 

canadensis. Shoot length was the most sensitive endpoint in most cases, except for 

emergent species Glyceria maxima, in which case photosynthetic yield was its most 

sensitive endpoint to exposure (Vervliet-Scheebaum, Straus et al. 2010). Similarly, 

Fairchild, Ruessler et al. (1998) discovered that the EC50 value of the herbicide atrazine 

ranged from 21 to >3000 µg/l among 11 aquatic species. Selenastrum was the most 

sensitive species while Lemna minor, a standard species, was only of intermediate 
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sensitivity. It was found to be 5 times less sensitive than Ceratophyllum. As stated 

above, the mode of action of the pesticide will also impact on the final toxicity results. 

For example, metazachlor works by inhibiting the synthesis of VLCFA, which is 

produced as plants grow. It is not surprising then that it was found to be most inhibitive 

on the fast growing filamentous algae, when compared to slower growing vascular 

plants (Mohr, Berghahn et al. 2007). These previous studies show that no one 

macrophyte species can completely represent the toxic effect a pesticide has on the 

entire aquatic macrophyte community.  This is why the use of a wider suite of 

macrophyte species would be beneficial.  Selection of the macrophyte test species based 

on the chemistry and mode of action of the toxin would help to achieve the worst case 

pollution scenario and results would be based on the most sensitive species.  Having a 

wider selection of aquatic macrophyte test species to choose from would allow for a 

more tailored toxicity assessment to be achieved, which would help to expand the 

results of the test.  Alternatively, for particular environmental areas of importance, 

different aquatic macrophyte species could be used as a secondary phase of toxicity 

testing following a screening step with the current standatd Lemna and Myriophyllum 

species.  

At present, the standard OECD test protocol for fish (OECD 203, OECD 236), aquatic 

invertebrates (OECD 202, OECD 211) and primary producers (OECD 201, OECD 239) 

are used to assess the toxicity of a substance and determine its ecotoxicity on the whole 

freshwater environment. However, it has been argued that this does not accurately 

represent the toxic response of nonstandard organisms. The toxicity of a substance on 

freshwater macrophytes is usually examined using either algae or the aquatic plant 

Lemna minor (Turgut and Fomin 2002). L. minor is the preferred aquatic plant species 

for use in toxicity tests for a number of reasons.  Its size and rapid growth, along with 

the fact it is easily cultivated, make it a good choice for these types of tests. It also has 

the advantage of being sensitive to a wide range of toxins (Cedergreen, Abbaspoor et al. 

2007). The problem with using this test organism is that they are not a good 

representation of the array of macrophytes found in freshwater systems. Macrophyte 

species can vary greatly in both physiology and morphology and pesticide active 

ingredients can affect different plants in different ways (Mohr, Schott et al. 2013). This 

is why the use of higher level plants, when studying the toxicity of a substance on 

freshwater macrophytes, would be of benefit. One key element which is not addressed 
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by Lemna toxicity studies, is the influence of sediment on the toxicity evaluation. The 

physical growth of plants in sediment and the impact of sediment on the toxicity 

process are not considered. Likewise, the growth and development of roots in sediment 

under toxic stress is not addressed. A number of previous investigations have found that 

roots are the most sensitive parameter to toxic exposure (Belgers, Van Lieverloo et al. 

2007). However, roots are a parameter which is not consistantly measured in Lemna 

minor tests. For these reasons, the wider use of higher level aquatic macrophytes in 

toxicity studies is necessary.  

The SETAC Macrophyte Ecotoxicity Group (AMEG) in Germany developed a new 

method for investigating macrophyte toxicity, using Myriophyllum aquaticum and 

Myriophyllum spicatum as the test species (AMEG 2012). The report examined the 

potential of Myriophyllum species as test subjects in toxicity studies and helped to guide 

the development of the OECD guidelines on a Myriophyllum spicatum toxicity test 

(OECD 239). In comparisons between the two Myriophyllum species, both showed 

similar inhibition from the pesticide 3,5-dichlorophenol, while M. aquaticum was less 

sensitive to the herbicides isoproturone and trifluralin than M. spicatum. After the 

results of 15 different laboratory ring tests were combined and analysed, it was deemed 

that both M. spicatum and M. aquaticum are suitable species for use in toxicity tests 

with controls meeting the necessary validity criteria. However, the authors did highlight 

that in some cases high variability can be observed when using these species and this is 

why further development of the methodology is recommended.  

Myriophyllum aquaticum (vellozo) Verdecourt, also known as parrotfeather, is a non-

native invasive plant in Ireland, originating from South America. It is a submerged 

aquatic macrophyte. It reproduces by vegetative fragmentation, giving it the ability to 

disperse and colonise new areas with ease (Wersal, Cheshier et al. 2011). It is also 

tolerant to disturbance (Moreira et al. 1999) and it is these qualities which make it an 

ideal choice for toxicity testing. Most previous investigations into the use of 

Myriophyllum species as a toxicity organism have been substrate free tests (Turgut and 

Fomin 2002, Knauer, Vervliet-Scheebaum et al. 2006, Turgut 2007, Arts, Belgers et al. 

2008). Those that have been sediment based have focused on Myriophyllum spicaticum 

as the test species (Fairchild, Ruessler et al. 1998, Mohr, Schott et al. 2013).  More 

investigation is therefore needed on the use of Myriophyllum aquaticum as a toxicity 
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test organism, in particular in a sediment based systems. If established as a suitable 

species for toxicity trials it could be a valuable addition to the existing standard 

protocols for the testing of substances on aquatic macrophytes.  
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The aims of this study are:  

1) To establish the toxicity of the selected agricultural pesticides on submerged 

macrophytes, using Myriophyllum aquaticum as a representative species, 

2) To establish an EC50 value for all six pesticide formulations on M. aquaticum,  

3) Finally, to further develop a standardised method for the use of M. aquaticum as a 

test organism in toxicity tests.  

The Hypotheses of this study are: 

1) Pesticide formulations, based on the active ingredients glyphosate, mecoprop-p, 

chlorothalonil, mancozeb, chlorpyrifos and metaldehyde, exert an inhibitory effect 

on the growth of M. aquaticum under laboratory conditions. 

2) M. aquaticum plant parts will be inhibited to different levels when exposed to 

pesticide formulations.  

3) Certain M. aquaticum endpoints will be more sensitive to pesticide exposure than 

others. 

4) M. aquaticum is a suitable species for use in a submerged aquatic toxicity test to 

generate an EC50 toxicity endpoint.  
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3.2 Materials and Methods  

While no standard procedure for toxicity tests on Myriophyllum aquaticum exists, the 

experimental procedure used here is based on the Myriophyllum toxicity test method 

developed by the SETAC Aquatic Macrophyte Ecotoxicology Group (AMEG) with 

some minor modifications (AMEG 2012). 

3.1.1 Plant material 

The species Myriophyllum aquaticum was used as the test organism to investigate the 

impact of six commercially formulated pesticides on non-target macrophytes. Plants 

were harvested in May 2013, from an artificial wetland and planted in a sediment mix 

of aquatic soil and sand. The plants were grown in low to medium nutrient tap water. 

The composition of the tap water from DCC Zone 6, which was where the water supply 

for this study was taken from, was available from the drinking water quality results on 

the Irish Water website (Irish Water 2017).  Between the years 2014 to 2016, 

aluminium content in the water ranged from 163 - 266 µg/l and the iron content ranged 

from 163 - 266  µg/l.  All other metals and nutrients were at negligible levels.  The 

occasional addition of Hoagland growth solution when necessary (Hoagland and Arnon 

1950). The culture population was grown under greenhouse conditions for 6 months 

prior to the beginning of the trial. Before the trial began, the test plants were 

acclimatised to test conditions by placing them in a controlled growth chamber at 20C 

with a light/dark ratio of 16h/8h. An acclimatising period of three days was allowed to 

ensure the plants were ready for use.  

3.1.2 Test substances 

The toxicity of the following active ingredients was examined.  The herbicide active 

ingredients glyphosate [commercial product Roundup Pro Bioactive®] and mecoprop-p 

[commercial product Duplosan KV]. The fungicide chlorothalonil [commercial product 

Bravo 400] and mancozeb [commercial product Dithane 945]. The insecticide active 

ingredient chlorpyrifos [commercial product Trigger] and finally the molluscicide 

metaldehyde [commercial product Slug Clear]. Details of the active ingredient 

concentration and dilution rates of each pesticide formulation are given in Chapter 2, 

section 2.2.2.   
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3.1.3 Test vessels/sediment/water 

To prepare sufficient material for experimental toxicity testing, each plant was planted 

in a 5.5 cm deep plastic pot, containing 100g of the sediment mixture. A piece of 

Whatman™ filter paper (47 mm) was placed at the bottom of each pot, to stop any 

sediment loss from the bottom of the container. During the acclimatisation period, the 

plants were grown in a small aquarium (10 litre capacity) with six pots per aquarium 

(Figure 2.1a). Once the acclimatisation period was over, each pot was transferred to  

individual 1L glass beakers for the duration of the test (Figure 2.1 b and c). There was 

an overlay or 10 cm of water above the surface of the sediment when the pots were 

placed into the beakers.  

The artificial sediment used was based on the OECD Guideline 219 (OECD 219). The 

sediment was formulated using 4-5% peat, 20% kaolin clay, and 75-76% quartz sand. 

The peat constituent of the sediment was air dried and ground to a particle size of <1 

mm. Where necessary the pH was adjusted to between 5.5 and 6.0 using CaCl3. The 

clay component of the sediment had a kaolinite content of >30%. Finally, the sand used 

was fine grained sand with more than 50% of the particles being 50 – 200 µm in size. 

All three components of the formulated sediment were mixed together with deionised 

water to form homogeneous sediment. The pH of the final sediment was tested and, if 

necessary, adjusted to between pH 6.5 – 7.5. The peat used for this study had a pH of 

5.5 and the final sediment mixture had a pH of 6.8. No pH adjustment was necessary. 

100g of the final sediment was placed in each plant pot and a thin layer of aquarium 

pebbles (< 5mm) was laid on top to stop the loss of sediment during the experiment. 

The formulated sediment was exposed to test conditions for seven days prior to the start 

of the test, as stated in the standard method.  

Smart and Barko medium (Michael Smart and Barko 1985) was used as the water 

medium for the duration of the test (Table 3.1). The pH of the Smart and Barko medium 

at test initiation was between pH 7.5 – 8.0 and, therefore, no adjustment was necessary 

on this occasion. 
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Table 3.1 Smart and Barko growth medium used during the Myriophyllum aquaticum toxicity test 

(Michael Smart and Barko 1985).  

 Reagent added to water 

CaCl.2H2O 91.7 mg/l 

MgSO4.7H2O 69.0 mg/l 

NaHCO3 58.4 mg/l 

KHCO3 15.4 mg/l 

 

a)   
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b)  

c)  

Figure 3.1 (a) Planted shoots and individual test vessels containing planted shoots at test initiation, (b) 

plant shoots acclimatising to test conditions in aquarium tanks and (c) individual test vessels in a growth 

chamber under lights. 
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3.1.4 Experimental Procedure 

At the beginning of the three day acclimatisation period, five shoot tips, from the stock 

culture, were clipped to a length of 6 cm (± 1 cm) from a healthy stock population. The 

shoots were planted to a depth of 3 cm or to a depth which covers the bottom two nodes 

of the shoot. Five shoots were planted per pot. All shoots were weighed before planting 

to ensure uniformity. Any shoots that differ in weight by more than 30% were not used. 

The planted shoots were then acclimatised to test conditions in a growth chamber for 

three days. Shoots were grown in tap water for this initial three day period to aid root 

development before the test begins.  

After the acclimatisation period, two shoots were removed from each pot, leaving the 

three most uniformed shoots per pot. In the glyphosate experiment, these removed 

shoots were used to calculate the mean wet and dry weight values for day zero of the 

test, omitting visibly unhealthy or considerably different sized shoots. For all other 

toxicity tests, three addition pots were planted with five shoots each and following 

acclimatisation, the nine most uniform shoots were used to represent control values on 

day zero. The starting mean shoot length measurement is taken at this point, by placing 

a ruler into the test vessel down to the surface of the sediment. The pots, containing 

three shoots each, are then placed into individual 1L beakers containing 800ml of Smart 

and Barko medium (Michael Smart & Barko 1985). Each beaker represents a single test 

unit with three replicate test units used for each test concentration (Figure 3.1 c). 

SETAC Aquatic Macrophyte Ecotoxicology Group (AMEG 2012) initially conducted 

their toxicity test for a period of seven days using M. aquaticum, but concluded that this 

test duration was too short to allow adequate growth.  Therefore, in this toxicity test, 

measurements were recorded over a fourteen day period, under constant conditions, to 

allow for at least a doubling of the control specimens. Experiments were conducted 

using the same conditions under which the plants were cultivated (i.e. photo period 

16h:8h light:dark, constant temperature of 20°C). Each pesticide was tested at five 

concentration levels, with an additional control of test solution only. The glyphosate 

based herbicide (Roundup Pro Biactive) was examined at 0.01%, 0.1%, 1%, 5% and 

10% solution concentrations. The five other pesticides were examined at a 

concentration of 0.1%, 1%, 5%, 10% and 20%. The test solution was replaced on day 7 

of the experiment, for all test substances, to limit a potential decrease of the test item 
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concentration in the system. Once the test substance was added to the water, the 

solution was stirred to ensure it was homogeneously mixed within the beaker. The 

beakers were loosely covered with clingfilm to minimise evaporation. Where 

evaporation did occur the water phase was replenished with deionised water to the 

original volume. Test vessels were moved at random within the growth chamber on 

days three, five, seven and ten to limit possible variation within the test chamber.  

3.1.5 Measurement Parameters 

At the beginning of the test period, the above ground shoot length was measured and 

recorded to the nearest millimetre. The environmental parameters of pH, oxygen 

concentration, temperature (ambient and water) and light level were recorded at the 

beginning of the test and again on days three, five, seven, ten and fourteen of the 

experiment. Details of any shoot damage which occurred during the test, were also 

recorded. The shoot wet and dry weight of a representative subsample was recorded on 

day zero. At the end of the test, all shoots were harvested, cleaned under running water 

and patted dry. Total wet and dry weight of the whole plant, and wet and dry weight 

measurements of the shoot and root separately, were recorded. Root length and number 

were also documented at the end of the test period.  

3.1.6 Observations 

A record was also taken of the physical appearance of all shoots on each sampling day 

of the test. This data was used to supplement quantitative measurements of shoot and 

root length and number, and biomass records.  While observations of appearance are a 

valuable additional indicator of the toxic response an aquatic plant has to a pollutant, 

evaluating and comparing these qualitative results can be difficult.  In order to more 

easily compare visual observations between concentrations and pesticides, a visual 

toxicity index, based on the plant's appearance, was created to quantify these results.   

Shoots were given a score from one to ten according to their visual health, 1 indicating 

no alteration to the physical appearance of the shoot and 10 being complete physical 

change to the shoot when compared with the control. The index scores and 

corresponding plant description are summarised in Table 3.2.  A score of 1 - 3 indicates 

low physical change.  A score of 4 - 6 indicates moderate physical damage and a score 
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of 7 – 10 implies high physical change as a result of toxic exposure.  Scores for each 

pesticide are listed in Table 3.3. 

3.1.7 Statistical Analysis 

Relative growth rate (RGR) for length (cm day
-1

) and wet and dry weight (g day
-1

) was 

calculated using the formula:  

RGR = (In X2 ) – (In X1) / (t2 – t1) 

where X1 and X2 are the plant mean length or plant dry weight at time t1 and t2 

respectively (Stiers, 2011).  

 

Inhibition of growth rate was also calculated using the formula: 

% Ir = µc – µt  x 100 

µc 

where Ir is the inhibition of the average growth rate of the parameter being measured, 

µc is the average growth rate of the control and µt is the average growth rate of the 

treatment group.  

Statistical analysis was carried out using the statistical software package Minitab 16. In 

all experiments, a mean value for growth rate, standard deviation, and coefficients of 

variance were calculated for each parameter measured. A dose response curve of each 

parameter against the log of concentration was plotted and EC50 values were calculated 

for each pesticide using the statistical package GraphPad Prism 7. A one-way ANOVA 

was carried out on the final mean value of each parameter to determine significant 

differences between concentrations. Tukey's pairwise comparison was used to 

determine at which concentrations significant differences occurred. 



99 
 

3.3 Results 

3.3.1 Observations 

From the toxicity index (Table 3.3) we can see that both concentration and time play a 

part in the physical deterioration of shoots following exposure. By day three of the test, 

chlorpyrifos was the only pesticide to achieve a medium level toxicity score. All other 

pesticides had only a low toxicity score at this point. By day seven of the test, however, 

glyphosate, chlorothalonil and chlorpyrifos had all reached a high index score at higher 

exposure levels. On the final day of the test, all six pesticides had caused a high level of 

physical damage (score 7-10) at a minimum of one treatment level. Mecoprop-p, 

chlorothalonil, and mancozeb all caused leaves to curl at the tip following exposure. 

This was not observed following exposure to the other three formulations. We can order 

the pesticides in terms of their impact on the shoot physical appearance, from highest to 

lowest, as follows: glyphosate (herbicide) > chlorpyrifos (insecticide) > chlorothalonil 

(fungicide) > mecoprop-p (herbicide) > mancozeb (fungicide) > metaldehyde 

(molluscicide).  

Table 3.2 Key to the visual toxicity index used to describe the morphological conditions of the 

submerged aquatic macrophyte following 14 days exposure to pesticides. 

Index 

score 
Abbreviation Description 

1 No effect No physiological damage visible on shoot. 

2 Leaves curling 
No discoloration visible but a small percentage of leaves 

are curled at the end (<25%) 

3 
Shoot tip brown 

(<25%) 

Majority of plant green and healthy with a small amount of 

shoot leaves (<25%) developing brown discolouration or 

curling at the tip (chlorosis). 

4 
Discolouration 

(<25%) 

Some shoots (<25%) showing signs of discolouration 

turning pale yellow in colour (chlorosis). 

5 
Discolouration 

(<50%) 

Less than half the shoot discoloured or pale in combination 

with the presence of brown or curled leaf tips (chlorosis). 

6 
Discolouration 

(>50%) 

More than half of the shoot discoloured or pale with 

evidence of brown at the tip of leaves (chlorosis). 

7 
Discolouration 

(>75%) 

Majority of shoot (>75%) pale to yellow in colour with leaf 

tips brown in colour (chlorosis/necrosis). 

8 
Discolouration 

(100%) 

Entire shoot pale yellow in colour with brown at the tip of 

leaves (chlorosis/necrosis). 

9 Brown (>75%) 
Majority of shoot brown in colour (>75%) 

(chlorosis/necrosis). 

10 Brown (100%) 
Entire shoot brown in colour, no green tissue present 

(chlorosis/necrosis). 
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Table 3.3 Visual Toxicity Index of shoots based on their physical appearance on days 3, 5, 7, 10 and 14 

after pesticide exposure. 

 
Concentration 

(%) 

Day 3 Day 5 

Score SD 

Day 7 

Score SD 

Day 14 

Score SD Score SD 

Glyphosate 

0 1 0.00 1 0.00 1 0.00 1 0.00 

0.01 1 0.00 1 0.00    1 * 0.00 3 0.00 

0.1 1 0.00 1 0.00 3 0.00 9 0.00 

1 1 0.00 2  ±1.05 3 0.00 9 0.00 

5 1 0.00 6  ±0.50 7 0.00 9 0.00 

10 1 0.00 8  ±0.50 9 0.00 10 0.00 

Mecoprop-p 

 

0 1 0.00 1  ±0.88 2  ±1.05 3 0.00 

0.1 2  ±0.33 2  ±0.50 6  ±0.33 6  ±0.50 

1 2  ±0.50 2  ±0.44 6 0.00 8 0.00 

5 2 0.00 3  ±0.50 7  ±0.50 8 0.00 

10 2  ±0.50 2  ±0.44 7  ±0.52 8 0.00 

20 3 0.00 2  ±0.53 7 0.00 8 0.00 

Chlorothalonil  

0 1 0.00 1 0.00    3 * 0.00 3 0.00 

0.1 1 0.00 4 0.00 5 0.00 8  ±1.00 

1 1 0.00 5  ±1.00 8 0.00 7  ±0.88 

5 1 0.00 5  ±0.50 8 0.00 9 0.00 

10 1 0.00 7 0.00 9 0.00 9 0.00 

20 1 0.00 8  ±0.33 9 0.00 9 0.00 

Mancozeb 

0 1 0.00 3 0.00 3 0.00 3 0.00 

0.1 1 0.00 3 0.00 3 0.00 5 0.00 

1 2 0.00 4 0.00 4 0.00 6 0.00 

5 1 0.00 3 0.00 5 0.00 6 0.00 

10 1 0.00 3 0.00 5 0.00 7 0.00 

20 1 0.00 5 0.00 5 0.00 7 0.00 

Chlorpyrifos 

0 1 0.00 2  ±1.00 3 0.00 3 0.00 

0.1 3 0.00 3  ±0.33 3  ±1.00 4 0.00 

1 3  ±1.17 7 0.00 7 0.00 7 0.00 

5 5  ±0.50 7 0.00 8 0.00 9 0.00 

10 5 0.00 8 0.00 8 0.00 10 0.00 

20 5 0.00 8 0.00 8 0.00 10 0.00 

Metaldehyde 

0 3 0.00 3 0.00 3 0.00 3  ±0.33 

0.1 3  ±0.44 3 0.00 3 0.00 4 0.00 

1 3 0.00 4 0.00 4 0.00 5 0.00 

5 3 0.00 3  ±0.33 3 0.00 5 0.00 

10 3 0.00 4 0.00 5 0.00 7 0.00 

20 3 0.00 4 0.00 5 0.00 7 0.00 

 * Indicates the presence of algae  

Note: Scores represent the average score of all replicates rounded to nearest whole number.  

The final appearance of a representative shoot from each glyphosate herbicide treatment 

level is shown in Figure 3.2, as an example of the variation in appearance between 

treatments. There is a clear difference in colour and size between shoots exposed to low 

level and high level herbicide applications. There is also a reduction in root 

development with increasing herbicide concentration. 
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Figure 3.2 Physical appearance of shoots exposed to increasing concentrations of a glyphosate based 

formulation. The image shows, from left to right, the control specimen and shoots exposed to 0.01%, 

0.1%, 1%, 5% and 10% test item concentration. 

3.3.2 Shoot length 

For results to be accepted it is desirable that the control specimens double in length over 

the 14 day test period. Four of the six pesticide control groups met these criteria. In the 

glyphosate test shoot length measured 4.17 cm on day 0 and 8.56 cm on day 14 (105% 

increase). Mancozeb average shoot length in the control grew from 5.4cm – 13.3cm 

(146% increase) and in the case of chlorpyrifos the control shoot length increased from 

5.4 – 11.4cm (111% increase). Finally, control shoots measured during the metaldehyde 

toxicity test grew from an average of 5.13cm to 10.43cm (103% increase). The two 

toxicity tests control specimens which did not double their shoot length during the test 

period were mecoprop-p (4.9 cm - 9.1cm; 86% increase) and chlorothalonil (4.8cm - 

7.8cm; 63% increase).  

Glyphosate  

Mean shoot lengths values, RGR cm day 
-1

 and percentage inhibition calculations for 

glyphosate are shown in Table 3.4. After 14 days the mean shoot length was found to 

range from 8.56 cm in the control to 4.89 cm at 10% Roundup concentration. A one-

way ANOVA identified significant differences between shoot length at different 
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glyphosate concentrations (ANOVA, F(5, 48) = 21.83, p = 0.000). Tukey’s post hoc 

comparison identified that shoots lengths exposed to 0.01% were not significantly 

different from the control. All other exposure levels were significantly different from 

control shoots lengths. RGR cm day 
-1

 ranged from 0.048 cm day
-1

 in control pots to 

0.005 cm day
-1

 at 5% treatment concentration. The lowest percentage inhibition value 

(13.32% RGR; 9.09% mean value) was recorded at exposure to 0.01% strength 

concentration. The highest level of inhibition, 88.88% (RGR) or 47.66% (mean value), 

was observed at 5% herbicide concentration.  Figure 3.3 highlights how the control 

shoot (0%) and those exposed to 0.01% treatment rose steadily over the 14 day test 

period while shoot length at 1%, 5%, and 10% exposure levels, showed very little 

increase in length. Figure 3.9a illustrates the dose response curve of M. aquaticum when 

exposed to glyphosate and shows a trend of increased inhibition with increasing 

pesticide concentration. 
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Table 3.4 Mean shoot lengths, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to Roundup Pro Biactive.  

Concentration 

(%) 

(Glyphosate) 

Day 

Mean 

Shoot 

length 

(cm) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(mm day -1 

) 

% 

Inhibition 

(RGR) 

% 

Inhibition 

(mean 

shoot 

length) 

0 
0 4.17 0.62 0.14 9 

0.46 - - 
14 8.56 1.49 0.17 9 

0.01 
0 4.26 0.39 0.09 9 

0.40 13.32 9.09 
14 7.78 1.64 0.21 9 

0.1 
0 4.48 0.63 0.14 9 

0.18 60.63 31.17 
14 5.89 0.86 0.15 9 

1 
0 4.23 0.46 0.11 9 

0.14 71.89 39.87 
14 5.14 0.60 0.12 9 

5 
0 4.14 0.47 0.11 9 

0.05 88.88 47.66 
14 4.48 0.62 0.14 9 

10 

0 4.4 0.74 0.17 9 

0.07 84.86 42.86 14 4.89 0.70 0.14 9 

 

 

Figure 3.3 Shoot length at increasing level of Roundup Pro Biactive over a 14 day test period 

Mecoprop-p 

The mean shoot length, RGR and percentage inhibition following mecoprop-p exposure 

are presented in Table 3.5. Figure 3.4 represents the increase in shoot length over the 14 

day period. Shoot length of control specimens increased from an average of 4.92 cm on 

day 0 to 9.11cm on day 14, an increase of 4.19 cm. The smallest increase in shoot 

length occurred at 0.1% mecoprop-p concentration, with a growth of only 0.92 cm. On 

day 14 a significant difference was found between shoot lengths at different 
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concentrations (ANOVA, F(5, 46) = 11.53, p = 0.000). Tukey’s post hoc test 

established that the shoot length of control specimens was significantly different from 

all other concentrations, but there was no significant difference between these 

concentrations. RGR cm day-1 was lowest at 0.1% and 20%, with growth of 0.01 cm 

day
-1

 at both concentrations. The highest level of inhibition was also recorded at 0.1% 

mecoprop-p treatment with a percentage inhibition mean shoot length of 37.56%. A 

very poor relationship between shoot length inhibition and mecoprop-p concentration 

was observed (Figure 3.4). A dose response curve with and without the 0.1% 

glyphosate data point were generated, however, both show a poor line fit (Figure 3.9 b 

& c).  

Table 3.5 Mean shoot lengths, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to mecoprop-p bases product  

Concentration 

(%) 

(mecoprop-p) 

Day 

Mean 

Shoot 

length 

(cm) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(cm 

day -

1 ) 

% 

Inhibition 

(RGR) 

% 

Inhibition 

(mean 

shoot 

length) 

0 
0 4.92 0.36 0.07 9 

0.04 - - 
14 9.11 1.60 0.18 9 

0.1 
0 4.77 0.40 0.08 9 

0.01 71.28 37.56 
14 5.69 0.91 0.16 9 

1 
0 4.98 0.34 0.07 9 

0.02 49.04 25.23 
14 6.81 0.70 0.10 9 

5 
0 4.72 0.58 0.12 9 

0.02 48.12 28.66 
14 6.5 1.04 0.16 9 

10 
0 5.24 0.75 0.14 9 

0.02 59.68 26.22 
14 6.72 0.94 0.14 9 

20 
0 5.1 0.43 0.08 9 

0.01 66.26 31.10 
14 6.28 0.75 0.12 9 
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Figure 3.4 Shoot length over a 14 day period following exposure to mecoprop-p based herbicide.  

Chlorothalonil  

Shoot length values, RGR and inhibition values for shoots exposed to a chlorothalonil 

based fungicide are presented in Table 3.6 and Figure 3.5. Analysis of variance 

established a significant difference between shoot length values recorded at different 

concentrations (ANOVA, F(5,46) = 5.31, p = 0.000) and a Tukey post hoc test 

identified that all shoots lengths were significantly different from the control. No other 

significant differences were observed. The smallest increase in mean shoot length 

occurred at 1% and 20% concentration of the treatment substance. This represented an 

increase of 0.30cm and 0.31cm respectively. The RGR cm day
-1

 was lowest for shoots 

exposed to a 1% strength test concentration with a value of 0.0047 cm day
-1

 

corresponding to a percentage inhibition of 86.21% (RGR). The lowest mean value % 

inhibition value was 42.68% at 20% concentration. No strong relationship was observed 

between shoot length concentration and inhibition as shown in Figure 3.9 d.  
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Table 3.6 Mean shoot lengths, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a chlorothalonil bases fungicide. 

Concentration 

(%) 

(chlorothalonil) 

Day 

Mean 

Shoot 

length 

(cm) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(cm 

day -1 

) 

% 

Inhibition 

(RGR) 

% Inhibition 

(mean shoot 

length) 

0 
0 4.82 0.45 0.09 9 

0.03 - - 
14 7.81 2.06 0.26 9 

0.1 
0 4.19 0. 1 0.24 9 

0.02 51.22 32.00 
14 5.31 1.65 0.31 9 

1 
0 4.28 1.00 0.23 9 

0.0047 86.21 41.44 
14 4.58 1.51 0.33 9 

5 
0 3.94 0.63 0.16 9 

0.018 47.70 34.86 
14 5.09 1.18 0.23 9 

10 
0 4.44 0.464 0.10 9 

0.006 83.25 38.28 
14 4.82 0.65 0.13 9 

20 
0 4.17 0.56 0.13 9 

0.005 85.22 42.68 
14 4.48 0.92 0.21 9 

 

 

Figure 3.5 Shoot length over a 14 day period when exposed to a chlorothalonil bases fungicide. 

Mancozeb 

The mean shoot length, RGR and percentage inhibition of shoots subjected to 

mancozeb exposure are given in Table 3.7 and Figure 3.6. The largest mean shoot 

length was present in control specimens, with a shoot length of 13.31cm after 14 days. 

The smallest mean increase in shoot length occurred at 20% strength mancozeb 

application, with a mean shoot length of 7.44 cm on day 14. Statistical analysis of the 

results indicates that significant differences in shoot length occurred between 

concentrations (ANOVA, F(5,48) = 10.22, p = 0.000). A post hoc test established that 
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the two highest concentrations of 10% and 20% were significantly different from the 

control and from 0.1% and 1% concentrations. Shoots exposed to 0.1% and 1% 

treatments were not significantly different in length from the control. RGR was highest 

in the control specimens (0.06 cm day
-1

) and lowest when exposed to 20% strength 

mancozeb (0.02 cm day
-1

). The corresponding maximum percentage inhibition at 20% 

was 68.97% (RGR) and 44.07% (mean length). Inhibition was found to increase with 

increasing concentration of mancozeb in most cases, except at a concentration of 1%, 

where shoot length was not significantly inhibition. Figure 3.9d illustrates the 

relationship between inhibition of shoot length and mancozeb concentration. There is a 

trend for increasing inhibition of shoot length with increasing mancozeb strength.  

Table 3.7 Mean shoot lengths, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a mancozeb bases fungicide product.  

Concentration 

(%) 

(mancozeb) 

Day 

Mean 

Shoot 

length 

(cm) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(cm 

day -

1 ) 

% 

Inhibition 

(RGR) 

% 

Inhibition 

(mean 

shoot 

length) 

0 
0 5.46 0.62 0.11 9 

0.06 - - 
14 13.31 2.40 0.18 9 

0.1 
0 5.7 0.69 0.12 9 

0.05 16.59 13.36 
14 11.53 1.08 0.09 9 

1 
0 5.43 0.4 0.07 9 

0.05 8.01 10.35 
14 11.93 2.49 0.21 9 

5 
0 5.44 0.56 0.10 9 

0.04 37.81 28.46 
14 9.52 1.58 0.17 9 

10 
0 5.3 1.05 0.20 9 

0.02 56.98 40.07 
14 7.98 3.44 0.43 9 

20 
0 5.4 0.74 0.14 9 

0.02 68.97 44.07 
14 7.44 1.24 0.17 9 
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Figure 3.6 Shoot length over a 14 day period when exposed to a mancozeb based fungicide.  
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Chlorpyrifos 

All shoot length, RGR and percentage inhibition results, associated with chlorpyrifos 

exposure, are listed in Table 3.8 and Figure 3.7. Control shoots showed the greatest 

increase in mean shoot length with a shoot length on day 14 of 11.36 cm and an RGR of 

0.05 cm day -1. The smallest increase in shoot length was recorded in those shoots 

which came into contact with a 10% concentration of chlorpyrifos, reaching a mean 

shoot length of 4.83 cm with an RGR of 0 cm day 
-1

. Mean shoot length between 

concentrations were found to be significantly different from each other (ANOVA, F (5, 

45) = 9.33, p = 0.000). Control shoots were not significantly different in length from 

shoots exposed to a 0.1% concentration treatment. Shoots exposed to concentrations 

above this were all significantly different from the control. Shoots exposed to 0.1% and 

10% strength solutions also had significantly different lengths from each other. 

Inhibition of mean shoot length was highest at 10% chlorpyrifos concentration with a 

percentage inhibition of 104.83% (RGR) and 57.54% (mean length) reached. Figure 

3.9f highlights the trend for increased inhibition with increasing active ingredient, 

however, this trend line is not a strong fit.  

Table 3.8 Mean shoot lengths, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a chlorpyrifos based insecticide. 

Concentration 

(%) 

(Chlorpyrifos) 

Day 

Mean 

Shoot 

length 

(cm) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(cm 

day -

1 ) 

% 

Inhibition 

(RGR) 

% 

Inhibition 

(mean 

shoot 

length) 

0 
0 5.44 0.66 0.12 9 

0.05 - - 
14 11.36 3.38 0.30 9 

0.1 
0 5.17 0.90 0.17 9 

0.03 37.14 27.74 
14 8.21 1.85 0.23 9 

1 
0 5.11 0.65 0.13 9 

0.019 64.17 41.43 
14 6.66 1.60 0.24 9 

5 
0 5.17 0.90 0.17 9 

0.02 76.97 46.12 
14 6.12 2.14 0.35 9 

10 
0 5 0.71 0.14 9 

0 104.83 57.54 
14 4.83 0.72 0.15 9 

20 
0 4.94 0.53 0.11 9 

0.02 61.59 42.24 
14 6.56 2.30 0.35 9 
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Figure 3.7 Shoot length over a 14 day period when exposed to chlorpyrifos. 

Metaldehyde 

Mean values, RGR, and inhibition values of shoot length under metaldehyde exposure 

are presented in Table 3.9 and Figure 3.8. The greatest increase in mean shoot length, 

over the 14 day test period, occurred at a treatment level of 0.1%. Shoots at this 

exposure level reached a maximum length of 11.09 cm. The lowest increase in shoot 

length was recorded at the 20%, growing to a length of 8.44 cm in 14 days. No 

significant difference between lengths were observed (ANOVA, F = (5, 48) = 2.27, p = 

0.063.). RGR showed little variation between concentrations and only varied by 0.01 

cm day 
-1

 between all of the concentrations. The largest percentage inhibition of 15.49% 

(RGR) and 19.13% (mean length) was recorded at an exposure level of 20%. Shoot 

length was higher than the control at 0.1% exposure and because of this had a negative 

percentage inhibition of -5.87% (RGR) and -6.28% (mean length). The relationship of 

inhibition against exposure concentration is illustrated in Figure 3.9g. 
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Table 3.9 Mean shoot lengths, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a metaldehyde based molluscicide. 

Concentration 

(%) 

(Metaldehyde) 

 

Day 

Mean 

Shoot 

length 

(cm) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(cm 

day -

1 ) 

% 

Inhibition 

(RGR) 

% 

Inhibition 

(mean 

shoot 

length) 

0 
0 5.13 0.82 0.16 9 

0.05 - - 
14 10.43 1.69 0.16 9 

0.1 
0 5.23 0.49 0.09 9 

0.05 - 5.87 - 6.28 
14 11.09 0.93 0.08 9 

1 
0 4.83 0.56 0.12 9 

0.04 12.00 13.53 
14 9.02 2.06 0.23 9 

5 
0 4.77 0.6 0.13 9 

0.05 - 0.17 7.03 
14 9.7 1.98 0.20 9 

10 
0 4.5 0.46 0.10 9 

0.05 - 8.13 7.14 
14 9.69 1.18 0.12 9 

20 
0 4.63 0.69 0.15 9 

0.04 15.49 19.13 
14 8.44 1.71 0.20 9 

 

 

Figure 3.8 Shoot length over a 14 day period following exposure to metaldehyde based molluscicide.  
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Figure 3.9 Dose response curves of shoot length inhibition against log test concentration for a) 

glyphosate, b & c) mecoprop-p, d) chlorothalonil, e) mancozeb, f) chlorpyrifos and g) metaldehyde. Two 

mecoprop-p graphs are included (b & c) to illustrate the dose repsonse curve with and without outliers.  

a) b) 

c) 

f) e) 

d) 

g) 
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3.3.3 Biomass Wet weight  

The following are the results of biomass wet weights after 14 days exposure to each of 

the six pesticides. The total biomass wet weight of the entire plant is given. Where 

significant differences occurred in the separate wet weight values for shoots and roots,  

these values have also been included.  

Glyphosate  

The mean wet weight value of shoots at each herbicide concentration is provided in 

Table 3.10. Wet weight values were observed to decrease with increasing herbicide 

concentration (Figure 3.10). The highest wet weight value of 0.654 g was measured in 

the control shoots. The lowest mean wet weight value of 0.321 g was recorded at 5% 

herbicide concentration. Analysis of variance revealed a significant difference between 

biomass wet weights (ANOVA, F(5,48) = 11.24, p = 0.000). Tukey’s pairwise 

comparison showed that mean wet weight values from the control were significantly 

different from all other concentrations except for 0.01%. Concentrations of 1%, 5%, 

and 10% were not found to be significantly different from each other but were 

significantly lower than mean wet weight values at 0% and 0.01%. Control shoots 

achieved the highest RGR of 0.048 g day
-1

. The smallest RGR of 0.0003 g day
-1

 

occurred at an herbicide application of 5%. The percentage inhibition at each 

concentration of herbicide was calculated by comparing treated shoots to control shoots. 

The highest levels of inhibition were seen at 5% and 10% herbicide concentrations with 

an inhibition level of 99.31% (RGR) or 50.89% (mean value) and 96.92% (RGR) and 

50.04% (mean value) respectively. Figure 3.16a shows a strong trend for decreasing 

shoot biomass with increasing glyphosate concentration. 

Table 3.10 Mean wet weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a glyphosate based herbicide. 

Concentration 

(%) 

(Glyphosate) 

Day 

Mean 

Wet 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

% 

Inhibition 

(mean wet 

weight) 

Control 0 0.320 0.116 - 9 - - - 

Control 14 0.654 0.178 0.27 9 0.048 - - 

0.01 14 0.581 0.104 0.18 9 0.040 16.61 11.21 

0.1 14 0.464 0.145 0.31 9 0.025 48.06 29.11 

1 14 0.399 0.099 0.25 9 0.015 69.15 39.05 

5 14 0.321 0.087 0.27 9 0.0003 99.31 50.89 

10 14 0.327 0.092 0.28 9 0.001 96.92 50.04 
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Figure 3.10 Mean wet weight values on day 0 (light grey), compared with mean wet weight values on 

day 14 (dark grey), when exposed to a glyphosate based herbicide.   

Mecoprop-p 

Mean biomass, RGR and inhibition values resulting from exposure to mecoprop-p are 

available in Table 3.11 and Figure 3.11. The largest mean biomass wet weight was not 

recorded in the control. The highest biomass wet weight was observed at 0.1% 

mecoprop-p with a mean value of 1.63 g. The smallest mean biomass wet weight was 

0.53 g observed under exposure to mecoprop-p at 20% strength (Table 10, Figure 17). 

There was a significant difference between mean wet weights at different treatment 

levels (ANOVA, F(5,48) = 5.19, p = 0.001). These significant differences exist between 

the control and mean values at 0.1% and 20%.  No other significant differences were 

observed. RGR g day
-1

 was highest at 0.1% concentration of mecoprop-p (0.14 g day
-1

) 

and lowest at a concentration of 20% (0.04 g day
-1

).  As a result, inhibition was greatest 

at 20% with an inhibition level of 65.16 (RGR) and 47.27% (mean value). The lowest 

percentage inhibition of 18.89% (RGR) and 19.45% (mean value) was recorded at 10% 

mecoprop-p concentration. The dose response curve of inhibition against concentration 

showed a steep increase in inhibition but a leveling out of the curve at higher 

concentrations because little difference in inhibition was seen (Figure 3.16b).  
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Table 3.11 Mean wet weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a mecoprop-p based herbicide.  

Concentration 

(%) 

(mecoprop-p) 

Day 

Mean 

Wet 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

% 

Inhibition 

(mean wet 

weight) 

Control 0 0.32 0.17 0.53 9  - - 

Control 14 1.01 0.26 0.26 9 0.08 - - 

0.1 14 1.63 0.18 0.11 9 0.14 -77.94 -143.09 

1 14 0.70 0.21 0.29 9 0.06 31.84 30.43 

5 14 0.79 0.26 0.33 9 0.06 21.79 22.00 

10 14 0.82 0.3 0.37 9 0.07 18.98 19.45 

20 14 0.53 0.14 0.26 9 0.04 56.16 47.27 

 

 

Figure 3.11 Mean wet weight values on day 0 (light grey), compared with mean wet weight values on 

day 14 (dark grey), when exposed to Mecoprop-p. 

Chlorothalonil 

All growth and inhibition results for chlorothalonil are presented in Table 3.12. Control 

specimens were found to have the largest mean wet weight after 14 days (0.69 g) while 

shoots exposed to the highest chlorothalonil concentration, of 20%, had the smallest 

mean wet weight (0.30 g). Mean wet weight was shown to decline with increasing 

chlorothalonil concentration. ANOVA analysis established a significance difference 

between means (ANOVA, F(5, 47) = 8.43, p = 0.000). Post hoc analysis discovered that 

the only significant difference was between the control and all treated shoots. Wet 

weight was not significantly different between treatment concentrations. RGR also 

declined with increasing concentration of the fungicide going from 0.054 g day
-1

 in the 

0 

0.2 

0.4 

0.6 

0.8 

1 

1.2 

1.4 

1.6 

1.8 

2 

0% 0.10% 1% 5% 10% 20% 

W
e

t 
w

e
ig

h
t 

M
e

co
p

ro
p

-p
 (

g)
 

Mecoprop-P concentration 



116 
 

control to -0.004 g day
-1

 at an exposure of 20%. Inhibition concentrations for RGR were 

high due to the relatively small growth rates reaching 108.18% at 20%. Percentage 

inhibition of mean values reached 55.95% at the 20% treatment level. Figure 3.12 

illustrates that biomass wet weight did not change significantly with an increase in 

pesticide concentration. A dose response curve of chlorothalonil inhibition is given in 

Figure 3.16c.  

Table 3.12 Mean wet weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a chlorothalonil based fungicide. 

Concentration 

(%) 

(chlorothalonil) 

Day 

Mean 

Wet 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

 

% 

Inhibition 

(mean wet 

weight) 

Control 0 0.32 0.09 0.28 9 - - - 

Control 14 0.69 0.17 0.25 9 0.054 - - 

0.1 14 0.46 0.21 0.46 9 0.025 54.34 33.76 

1 14 0.36 0. 1 0.28 9 0.007 86.7 48.17 

5 14 0.32 0.17 0.52 9 
-

0.0003 
100.56 53.33 

10 14 0.32 0.15 0.46 9 
-

0.0001 
100.26 53.23 

20 14 0.30 0.10 0.33 9 -0.004 108.18 55.95 

 

Figure 3.12 Mean wet weight values on day 0 (light grey), compared with mean wet weight values on 

day 14 (dark grey), when exposed to chlorothalonil.  

Mancozeb 

Details of plant biomass wet weight and inhibition relating to mancozeb exposure are 

presented in Table 3.13 and Figure 3.13. After 14 days the mean wet weight was 
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highest in the control population (1.48 g) and lowest at the 10% exposure concentration 

(0.53 g). Mean wet weight decreased with increasing mancozeb concentration. A 

significant difference existed between the means at different concentrations (ANOVA, 

F(5,48) = 16.14, p = 0.000). Tukey’s pairwise comparison established that the control 

biomass wet weight was different from all other biomass values except 0.1%. The 

highest treatment levels (10% and 20%) were also significantly different from the two 

lowest treatment levels (0.1% and 1%). Interestingly, if we perform an ANOVA and 

Tukey’s analysis on the biomass wet weight of the roots alone, we see further 

distinction between biomass wet weight values at each concentration (ANOVA, F (5, 

48) = 18.79, p = 0.000). On this occasion mean biomass at 5% are less than those at 

0.1% and 1% also. RGR increased from 0.10 g day
-1

 in the control to 0.03g day
-1

 at 

both 10% and 20% treatment levels. Percentage inhibition of RGR began at 17.59% 

under 0.1% treatment and peaked at 74.22% at the 10% treatment level. Percentage 

inhibition of mean wet weight went from 21.34% at 0.1% to 63.67% at a concentration 

of 10%. A strong relationship exists between the inhibition of wet weight and the 

concentration of fungicide, as can be seen in Figure 3.16d.   

Table 3.13 Mean wet weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a mancozeb based fungicide. 

Concentration 

(%) 

(Mancozeb) 

Day 

Mean 

Wet 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

 

% 

Inhibition 

(mean wet 

weight) 

Control 0 0.38 0.24 0.65 15 - - - 

Control 14 1.48 0.37 0.25 9 0.10 - - 

0.1 14 1.16 0.24 0.21 9 0.08 17.59 21.34 

1 14 1.02 0.18 0.17 9 0.07 27.09 30.90 

5 14 0.81 0.19 0.23 9 0.05 44.12 45.23 

10 14 0.53 0.34 0.63 9 0.03 74.22 63.67 

20 14 0.55 0.26 0.47 9 0.03 71.48 62.29 
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Figure 3.13 Mean wet weight values of the control on day 0 (blue) and day 14 (red) compared with mean 

wet weight values following exposure to mancozeb on day 14 (green). 

Chlorpyrifos 

Mean wet weight results including RGR and percentage inhibition are shown in Table 

3.14. The mean wet weight of the control shoots was 0.66 g on day 14. The smallest 

mean wet weight value of 0.17 g occurred at a chlorpyrifos concentration of 10% 

(Figure 3.14). One-way ANOVA analysis found that there is a significant difference 

between the biomass wet weight values (ANOVA, F(5, 47) = 14.02, p =0.000). Tukey's 

pairwise analysis identified that the difference exists between the control and all treated 

specimens but not within treated specimens. If the analysis is carried out on shoot and 

root biomass separately, the same differences are found. The RGR wet weight of the 

control was 0.04 g day
-1

on the final day of the experiment. For all treatment 

concentrations, a negative RGR was found. This is because the wet weight of treatment 

shoots on day 14 was less than the mean wet weight on day 0. Percentage inhibition 

was seen to increase with increasing pesticide concentration, reaching a maximum of 

237.91% (RGR) or 73.71% (mean value) inhibition at 10%. This dose response 

relationship is illustrated in Figure 3.16e. Due to the fact that inhibition fluctuates 

between concentrations, a strong relationship between concentration and inhibition was 

not observed.   
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Table 3.14 Mean wet weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a chlorpyrifos based insecticide.  

Concentration 

(%) 

(Chlorpyrifos) 

Day 

Mean 

Wet 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -1) 

% 

Inhibiti

on 

(RGR) 

 

% 

Inhibition 

(mean wet 

weight) 

Control 0 0.38 0.24 0.65 15 - - - 

Control 14 0.66 0.35 0.53 9 0.04 - - 

0.1 14 0.35 0.18 0.51 9 -0.01 112.95 46.97 

1 14 0.21 0.06 0.30 9 -0.04 202.39 67.91 

5 14 0.20 0.06 0.28 9 -0.05 212.26 69.64 

10 14 0.17 0.08 0.49 9 -0.06 237.91 73.71 

20 14 0.27 0.11 0.49 9 -0.02 161.00 59.51 

 

 

Figure 3.14 Mean wet weight values of the control on day 0 (blue) and day 14 (red), compared with 

mean wet weight values following exposure to chlorpyrifos on day 14 (green). 

Metaldehyde 

Table 3.15 and Figure 3.15 provides the mean, RGR and percentage inhibition values 

for the metaldehyde based molluscicide product. Mean biomass values on day 14 of the 

test ranged from a maximum of 0.91 g in the control to a minimum of 0.53 g at a 

concentration of 10%. A significant difference was detected between mean biomass 

values at different concentrations (ANOVA, F( 5, 48) = 5.95, p = 0.000).  Mean values 

at 5%, 10%, and 20% were identified as being significantly different from the control. 

RGR decreased slightly with an increase in concentration.  RGR was 0.06 g day
-1

 in the 

control plants, 0.05 g day
-1

 at 0.1% and 1% exposure and 0.03 g day-1 had 5% and 
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higher. The relationship between log percentage inhibition and log metaldehyde 

concentration is presented in Figure 3.16f.  Percentage inhibition ranged from 15.68% 

(RGR) or 12.89% (mean value) to 60.10% (RGR) to 41.08% (mean value) at 

concentrations of 0.1% and 10% respectively.  

Table 3.15 Mean wet weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to a metaldehyde based molluscicide.  

Concentration 

(%) 

(metaldehyde) 

Day 

Mean 

Wet 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -1) 

% 

Inhibiti

on 

(RGR) 

 

% 

Inhibition 

(mean wet 

weight) 

Control 0 0.38 0.10 0.28 9 - - - 

Control 14 0.91 0.19 0.21 9 0.06 - - 

0.1 14 0.79 0.15 0.18 9 0.05 15.68 12.89 

1 14 0.78 0.19 0.24 9 0.05 16.95 13.86 

5 14 0.61 0.23 0.38 9 0.03 44.98 32.67 

10 14 0.53 0.15 0.28 9 0.03 60.10 41.08 

20 14 0.55 0.21 0.38 9 0.03 57.45 39.68 

 

 

Figure 3.15 Mean wet weight values of the control on day 0 (blue) and day 14 (red), compared with 

mean wet weight values following exposure to metaldehyde on day 14 (green).  
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Figure 3.16 Dose response curves of wet weight inhibition against log test concentration for a) 

glyphosate, b) mecoprop-p, c) chlorothalonil, d) mancozeb, e) chlorpyrifos and f) metaldehyde following 

14 days of pesticide exposure.  
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3.3.4 Biomass Dry weight 

After the harvested plant material was dried in an oven, the biomass dry weight of each 

shoot was recorded. Again, total biomass dry weight has been cited below but 

individual shoot or root biomass values have been included where significant.  

Glyphosate 

The highest mean dry weight was 0.073 g recorded at 0.1% herbicide application. The 

lowest mean dry weight was 0.06 g recorded at an herbicide concentration of 10%. 

Mean dry weight varied little between herbicide levels and was not found to be 

significantly different between concentrations (ANOVA, F(4, 47) = 0.77, p = 0.576).. 

The highest RGR g day
-1

 was recorded at 0.1% herbicide with an RGR of 0.012 g. 

Similar levels of growth were observed at 0%, 0.01% and 1% herbicide treatments. The 

lowest RGR was recorded at a 10% treatment concentration (-0.0012 g day 
-1

). 

Inhibition of RGR increased sharply with increasing exposure concentration, however, 

percentage inhibition of mean dry weight was far lower. The highest percentage 

inhibition of mean dry weight was 13.36% at a 10% exposure level (Table 3.16 and 

Figure 3.17). The dose response curve for biomass dry weight is presented in Figure 

3.22a. Glyphosate does not appear to exert a strong inhibitory effect on biomass dry 

weight at any of the concentrations examined.  

Table 3.16 Mean dry weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to Roundup Pro Biactive. 

Concentration 

(%) 

(glyphosate) 

Day 

Mean 

Dry 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

% 

Inhibition ( 

Mean dry 

weight) 

0 0 0.061 0.024 0.36 9 - - - 

0 14 0.069 0.015 0.21 9 0.008 - - 

0.01 14 0.069 0.017 0.24 9 0.008 6.72 0.84 

0.1 14 0.073 0.024 0.33 9 0.012 -38.29 -4.93 

1 14 0.069 0.012 0.15 9 0.008 -0.96 -0.12 

5 14 0.061 0.015 0.25 9 0.0001 97.95 11.59 

10 14 0.06 0.018 0.31 9 
-

0.0012 
113.98 13.36 
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Figure 3.17 Mean dry weight values on day 0 (light grey), compared with mean dry weight values on day 

14 (dark grey), when exposed to a glyphosate based herbicide. 

Mecoprop-p 

All of the data relating to mean dry weight, RGR, and inhibition, associated with exposure to 

mecoprop-p based fungicide can be seen in Table 3.17. No significant difference was observed 

between the mean dry weights of total shoots at any concentrations of mecoprop-p fungicide 

(ANOVA, F(5,47) = 0.74, p = 0.60). Mean dry weight varied by only 0.04 g between the 

highest (0.09 g) and lowest (0.05 g) values (Figure 29). No relationship between inhibition and 

concentration was observed and, therefore, an inhibition curve was not plotted.  

Table 3.17 Mean dry weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to mecoprop-p. 

Concentration 

(%) 

(mecoprop-p) 

Day 

Mean 

Dry 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibitio

n 

(RGR) 

% 

Inhibition ( 

Mean dry 

weight) 

0 0 0.08 0.04 0.48 9 - - - 

0 14 0.09 0.02 0.25 9 0.005 - - 

0.1 14 0.07 0.03 0.47 9 -0.012 3.21 29.75 

1 14 0.05 0.03 0.57 9 -0.026 6.02 42.85 

5 14 0.09 0.08 0.96 9 0.010 -0.86 5.29 

10 14 0.08 0.07 0.92 9 0.005 0.11 11.85 

20 14 0.06 0.02 0.34 9 -0.020 4.87 37.84 
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Figure 3.18 Mean dry weight values on day 0 (light grey), compared with mean dry weight values on day 

14 (dark grey), when exposed to a mecoprop-p based herbicide. 

Chlorothalonil  

All dry weight, RGR and inhibition results associated with chlorothalonil treatment are 

listed in Table 3.18. Again, total mean dry weight results relating to chlorothalonil 

exposure were not significantly different from the untreated control (ANOVA, F(5,49) 

= 0.89, p = 0.496).. Mean dry weights ranged from 0.04g (1%) to 0.07 g (0%, 5% & 

20%) after 14 days. However, if we examine the biomass dry weights of shoots without 

roots, a significant difference between exposure concentrations is observed (ANOVA, 

F(5,48) = 4.50, p = 0.002). These differences occurred between the control and 

treatment levels 1%, 10% and 20%.  Similarly to mecoprop-p, inhibition was highest at 

1% with 143.37% inhibition (RGR) and 39.51% inhibition (mean value) being 

observed. 

Table 3.18 Mean dry weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to chlorothalonil. 

Concentration 

(%) 

(chlorothalonil) 

Day 

Mean 

Dry 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

% 

Inhibition  

(Mean dry 

weight) 

0 0 0.05 0.02 0.48 9 - - - 

0 14 0.07 0.03 0.38 9 0.03 - - 

0.1 14 0.06 0.03 0.56 9 0.01 63.09 19.85 

1 14 0.04 0.03 0.62 9 -0.01 143.37 39.51 

5 14 0.07 0.04 0.58 9 0.02 33.82 11.18 

10 14 0.06 0.03 0.48 9 0.01 42.08 13.72 

20 14 0.07 0.03 0.43 9 0.02 32.75 10.85 
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Figure 3.19 Mean dry weight values on day 0 (red), compared with mean dry weight values on day 14 

(blue), when exposed to a chlorothalonil based fungicide. 

Mancozeb 

Table 3.19 lists the mean dry weights, RGR and percentage inhibition for shoots 

exposed to a mancozeb based fungicide. The mean dry weight of the control was 0.10 g, 

after 14 days. This is compared to the lowest mean dry weight value of 0.05 g, observed 

at a pesticide concentration of 10%. Mancozeb was one of the few pesticides tested 

which caused a significant difference between the biomass dry weight of the control 

and treated shoots (ANOVA, F(5, 48) = 3.50, p = 0.009).  These significant differences 

in mean values existed between the control and the two highest test concentrations, 

10%, and 20%. Percentage inhibition of mean dry weight was also highest at the 10% 

treatment, achieving an inhibition of 61.81% (RGR) or 45.86% (mean value). While the 

increases are small, a steady relationship can be seen between increasing pesticide 

concentration and increasing dry weight inhibition (Figure 3.22b).  
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Table 3.19 Mean dry weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to mancozeb.  

Concentration 

(%) 

(mancozeb) 

Day 

Mean 

Dry 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

% 

Inhibition ( 

Mean dry 

weight) 

0 0 0.04 0.02 0.66 9  - - 

0 14 0.10 0.02 0.25 9 0.07 - - 

0.1 14 0.09 0.02 0.25 9 0.06 11.93 11.17 

1 14 0.09 0.02 0.21 9 0.06 10.97 10.32 

5 14 0.08 0.02 0.30 9 0.05 22.92 20.35 

10 14 0.05 0.03 0.63 9 0.03 61.81 45.86 

20 14 0.06 0.04 0.61 9 0.03 51.01 39.73 

 

 

Figure 3.20 Control mean dry weight values on day 0 (blue) and day 14 (red), compared with mean dry 

weight values on day 14 (green), when exposed to a mancozeb based fungicide. 

Chlorpyrifos 

Dry weight values for chlorpyrifos were considered unreliable due to high variation in 

replicates at each concentration (Table 3.20).  Therefore relative growth rate and 

inhibition calculation for this endpoint were not generated for chlorpyrifos exposure.  
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Table 3.20 Mean dry weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to chlorpyrifos based insecticide.  

Concentration 

(%) 

(chlorpyrifos) 

Day 
Mean Dry weight 

(g) 

Standard 

deviation 

Coefficients of 

Variance 
n 

0 0 0.04 0.02 0.66 9 

0 14 0.05 0.04 0.70 9 

0.1 14 0.02 0.02 0.83 9 

1 14 0.02 0.02 1.00 9 

5 14 0.02 0.02 0.81 9 

10 14 0.01 0.01 0.79 9 

20 14 0.04 0.03 0.79 9 

Metaldehyde 

All biomass dry weight values, and associated calculations relating to metaldehyde, are 

available in Table 3.21. Mean biomass dry weight was highest in the control at 0.11 g, 

and declined to a minimum value of 0.06 g at a treatment level of 20%.  A significant 

difference was observed between dry weight values, however, this difference was not 

strongly significant (ANOVA, F (5, 48) = 2.70, p = 0.032). The difference occurred 

between mean values in the control and at 20%. This significant difference was not seen 

in root dry weight values alone, where no difference between concentrations was 

observed. RGR value declined from 0.07 g day-1 at 0% and 0.1% to 0.04 g day-1 at 

10% and 20% treatment levels. Percentage inhibition rose with each increase in 

metaldehyde concentration, reaching a value of 49.85% (RGR) or 40.54% (mean value) 

at a 20% exposure level. This relationship of biomass inhibition, to log pesticide 

concentration can be seen in Figure 3.22c.  

Table 3.21 Mean dry weight, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to metaldehyde based molluscicide.  

Concentration 

(%) 

(metaldehyde) 

Day 

Mean 

Dry 

weight 

(g) 

Standard 

deviation 

Coefficients 

of Variance 
n 

RGR 

(g 

day -

1) 

% 

Inhibition 

(RGR) 

% 

Inhibition ( 

Mean dry 

weight) 

0 0 0.05 0.10 0.33 9 - - - 

0 14 0.11 0.04 0.35 9 0.07 - - 

0.1 14 0.09 0.024 0.25 9 0.06 13.37 13.01 

1 14 0.08 0.034 0.40 9 0.06 22.82 21.17 

5 14 0.08 0.034 0.40 9 0.05 32.29 28.58 

10 14 0.07 0.02 0.29 9 0.04 44.25 36.95 

20 14 0.06 0.03 0.48 9 0.04 49.85 40.54 
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Figure 3.21 Control mean dry weight values on day 0 (blue) and day 14 (red), compared with mean dry 

weight values on day 14 (green), when exposed to metaldehyde. 
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Figure 3.22 Dose response curves of dry weight inhibition against log test concentration for a) 

glyphosate, b) mancozeb and c) metaldehyde following 14 days of pesticide expoure.  

a) 

c) 

b) 
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3.3.5 Root number 

The number of roots present on each shoot was recorded after the plants were 

harvested. An RGR value could not be calculated for root number, as there were no 

roots present on Day 0 of the experiment. The dose response curve for each test 

substance is given in Figure 3.29.  

Glyphosate  

The mean root number found at each treatment concentration is listed in Table 3.22. 

Mean root number in the control was 6.44. Mean root number at 0.01% was 8.3 which 

was above the control number but this difference was not significant. All other mean 

root number values were below the control number. No root development was observed 

at an herbicide concentration of 10%. A comparison of root numbers at each treatment 

concentration is illustrated in Figure 3.23. Analysis of variance proved that there was a 

significant difference between the number of roots present at different treatment level 

(ANOVA, F(5,48) = 23.03,  p= 0.000). Post hoc analysis established that there were 

significantly more roots present at 0%, 0.01% and 0.1% than at 1%, 5%, and 10%. In 

terms of percentage inhibition, root number was not inhibited at 0.01% when compared 

with the control. Increasing levels of inhibition were seen from 0.1% to 10% treatment 

and are illustrated in Figure 3.29a.  

Table 3.22 Mean root number and percentage inhibition of Myriophyllum aquaticum when exposed to 

Roundup Pro Biactive.  

Concentration 

(%) 

(Glyphosate) 

Day 
Mean Root 

number 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean root 

number) 

0 14 6.44 1.13 0.18 9 - 

0.01 14 8.33 1.73 0.1 9 -29.31 

0.1 14 6.33 3.28 0.52 9 1.72 

1 14 2.56 3.09 1.21 9 60.34 

5 14 0.79 1.72 2.21 9 87.93 

10 14 0 - - 9 100 
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Figure 3.23 Mean root number 14 days after exposure to glyphosate based herbicide. 

Mecoprop-p 

Mean root number values following mecoprop-p exposure decreased from 11, in the 

control, to 3.6 at the first treatment concentration of 0.1%. No roots were present at a 

concentration of 1% to 20% (Table 3.23, Figure 3.24). The mean number of roots 

following exposure to 0.1% strength solution were significantly different from the 

control (ANOVA, F(1,12) = 13.10, p = 0.004). 100% inhibition was achieved at a 

concentration of 1% and above. At 0.1% exposure, four of the 9 shoots had no root 

development. At 0.1% exposure, 67.27% inhibition of root number was achieved.  

Table 3.23 Mean root number and percentage inhibition of Myriophyllum aquaticum when exposed to 

mecoprop-p.  

Concentration 

(%) 

(mecoprop-p) 

Day 
Mean Root 

number 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean root 

number) 

0 14 11 4.36 0.40 9 - 

0.1 14 3.6 3.51 0.98 9 67.27 
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Figure 3.24 Mean root number 14 days after exposure to mecoprop-p based herbicide. 

Chlorothalonil 

Unlike the results following herbicide exposure, total inhibition of root development 

was not achieved at any concentration of chlorothalonil. Mean root number, and 

percentage inhibition at each exposure level is listed in Table 3.24.  The highest mean 

root number was achieved in the control treatment, with a mean root number of 6.89 

roots. No significant difference in root number existed between any of the exposure 

concentrations (Figure 3.25). The lowest mean root number observed was 3.33, at 1% 

concentration. Percentage inhibition was highest at this concentration where an 

inhibition level of 51.61% was achieved. Figure 3.29c illustrates the poor relationship 

which exists between root inhibition and the concentration of chlorothalonil.  

Table 3.24 Mean root number and percentage inhibition of Myriophyllum aquaticum when exposed to 

chlorothalonil. 

Concentration 

(%) 

(chlorothalonil) 

Day 
Mean Root 

number 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean root 

number) 

0 14 6.89 3.22 0.47 9 - 

0.1 14 6.38 3.11 0.49 9 7.46 

1 14 3.33 2.24 0.67 9 51.61 

5 14 5.56 3.68 0.66 9 19.35 

10 14 4.22 4.35 1.03 9 38.71 

20 14 3.78 4.63 1.23 9 45.16 
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Figure 3.25 Mean root number 14 days after exposure to chlorothalonil based fungicide. 

Mancozeb 

Mean root number decreased with each corresponding increase in mancozeb concentration, 

however, roots were not totally inhibited by any of the concentrations used (Table 3.25, Figure 

3.26). A mean value of 12.67 roots was observed in the control specimens. A minimum mean 

root number of 1.22 was recorded at 20% exposure level. Analysis of variance revealed that 

root numbers were significantly different among exposure levels (ANOVA, F(5, 48) = 20.31, p 

= 0.000). The number of roots present at the control was significantly larger than at any other 

treatment level. The number of roots present at 10% and 20% were significantly lower than 

those found at 0%, 0.1%, and 1%. There were significantly fewer roots following exposure to a 

5% solution, than were present at 0% or 0.1%. Percentage inhibition rose steadily with 

increasing exposure concentration and reached a maximum of 90.35% inhibition at 20% (Figure 

3.29d). 

Table 3.25 Mean root number and percentage inhibition of Myriophyllum aquaticum when exposed to 

mancozeb. 

Concentration 

(%) 

(mancozeb) 

Day 
Mean Root 

number 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean root 

number) 

0 14 12.67 3.35 0.26 9 - 

0.1 14 8.88 3.87 0.44 9 29.93 

1 14 7.11 3.33 0.47 9 43.86 

5 14 4.22 2.54 0.60 9 66.67 

10 14 2 1.66 0.83 9 84.21 

20 14 1.22 1.86 1.52 9 90.35 
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Figure 3.26 Mean root number 14 days after exposure to a mancozeb based fungicide. 

Chlorpyrifos 

All mean root number and percentage inhibition values for chlorpyrifos are given in 

Table 3.26. The mean root number recorded in the control was 8 roots. The lowest 

mean root number of 1.44 roots was observed in the 10% insecticide treatment (Figure 

3.27). This corresponds to a percentage inhibition of 81.94%. The number of roots at 

10% and 20% was significantly lower than those recorded in the control (ANOVA, 

F(5,48) = 3.90, p = 0.005). Root numbers at 10% and 20% treatments were not 

significantly different from each other. Figure 3.29e illustrates that mean root number 

decreased with an increasing exposure to this pesticide, however, this is not a perfectly 

straight line relationship. 

Table 3.26 Mean root number and percentage inhibition of Myriophyllum aquaticum when exposed to 

chlorpyrifos. 

Concentration 

(%) 

(Chlorpyrifos) 

Day 
Mean Root 

number 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean root 

number) 

0 14 8 4.66 0.58 9 - 

0.1 14 5.25 3.94 0.75 9 34.38 

1 14 3.44 1.33 0.39 9 56.94 

5 14 4 3.77 0.94 9 50 

10 14 1.44 3.36 2.32 9 81.94 

20 14 2.22 3.49 1.57 9 72.22 
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Figure 3.27 Mean root number after 14 days exposure to chlorpyrifos based insecticide. 

Metaldehyde 

Root number, and associated percentage inhibition information for metaldehyde 

exposure, is presented in Table 3.24 and Figure 3.28. Metaldehyde did not appear to 

have an adverse effect on root number. There was no significant difference between the 

number of roots at any of the treatment levels. The highest mean value was recorded at 

0.1%, with a mean root number of 11.33. The lowest root number of 8.44 was recorded 

following exposure to a 10% solution of metaldehyde. The corresponding inhibition 

level of 22.45% was the highest achieved.   

 

Figure 3.28 Mean root number after 14 days exposure to metaldehyde based molluscicide.   
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Table 3.27 Mean root number and percentage inhibition of Myriophyllum aquaticum when exposed to 

metaldehyde.  

Concentration 

(%) 

(Metaldehyde) 

Day 
Mean Root 

number 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean root 

number) 

0 14 10.89 3.02 0.28 9 - 

0.1 14 11.33 3.00 0.26 9 -4.08 

1 14 8.89 3.18 0.36 9 5.00 

5 14 9.44 3.00 0.32 9 13.27 

10 14 8.44 2.51 0.30 9 22.45 

20 14 10.22 3.31 0.32 9 6.12 
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Figure 3.29 Dose response curves of root number inhibition against log test concentration for a) 

glyphosate, b) mecoprop-p, c) chlorothalonil, d) mancozeb, e) chlorpyrifos and f) metaldehyde following 

14 days of pesticide exposure.  

a) b) 

f) e) 

d) c) 
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3.3.6 Root length 

Root length was measured on day 14 of the test, when all shoots had been harvested. 

For the toxicity test of glyphosate, the length of the longest root on each shoot was 

measured. For all subsequent toxicity tests, the length of all roots was measured and a 

mean value generated. The dose response curve for each test substance is given in 

Figure 3.36. 

Glyphosate 

Mean root length values are given in Table 3.27. A comparison of root lengths at each 

concentration is shown in Figure 3.30.  The mean root length of control shoots was 4.53 

cm and was greater than any treated specimens. Mean root length decreased as the 

exposure concentration increased. The lowest root length was at 5% herbicide 

concentration with a value of 0.07 cm. No root development was observed on shoots 

exposed to 10% herbicide. Significant differences were found between treatment levels 

(ANOVA, F(5, 48) = 147.10, p = 0.000). Mean root length in the control, and at 0.01%, 

were significantly different from all other root lengths. The longest root, recorded at 

0.1%, was significantly different from all other treatments. Higher concentrations (1%, 

5%, and 10%) were not significantly different from each other. Percentage inhibition of 

root length rose sharply with increasing herbicide concentration. At 0.01% herbicide 

concentration, the percentage inhibition was 5.64% and this rose to 98.53% at 5% 

pesticide application (Figure 3.36).  

Table 3.27 Mean root length, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to Roundup Pro Biactive. 

Concentration (%) 

(Glyphosate) 
Day 

Mean Root 

length (cm) 

Standard 

deviation 

Coefficients of 

Variance 
N 

% Inhibition 

(mean) 

0 14 4.53 0.97 0.21 9 - 

0.01 14 4.28 0.51 0.12 9 5.64 

0.1 14 1.48 0.62 0.42 9 67.40 

1 14 0.21 0.22 1.04 9 95.34 

5 14 0.07 0.13 1.98 9 98.53 
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Figure 3.30 Mean root length on day 0 (light grey) compared with mean root length values on day 14 

(dark grey) when exposed to Roundup Pro Biactive. 

Mecoprop-p 

Roots were only present in the control and at the 0.1% treatment level. Mean root 

length declined from 3.96 cm in the control to 0.64 cm with a corresponding percentage 

inhibition of 83.96% (Table 3.28 & Figure 3.31). These two results were shown to be 

significantly different from each other when compared using a one-way ANOVA 

(ANOVA, F(1,99) = 63.44, p = 0.000).  

Table 3.28 Mean root length, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to mecoprop-p. 

Concentration (%) 

(mecoprop-p) 
Day 

Mean 

Root 

length 

(cm) 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean) 

0 14 3.96 1.06 0.27 9 - 

0.1 14 0.64 0.37 0.58 9 83.96 
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Figure 3.31 Mean root length 14 days after mecoprop-p exposure.  

Chlorothalonil 

The large variation and error bars represent the fact that root length varied greatly on 

each shoot and within the same treatment level (Table 3.29 & Figure 3.32). Despite this 

some significant differences did occur between concentrations (ANOVA, F(5,244) = 

5.26, p = 0.000). The mean root length following exposure to a concentration of 10% 

and 20% was significantly different from the control. An inhibition of 44.12% was 

reached at the highest exposure level. 

Table 3.29 Mean root length, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to chlorothalonil.  

Concentration (%) 

(chlorothalonil) 
Day 

Mean 

Root 

length 

(cm) 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean) 

0 14 4.1 1.06 0.26 61 - 

0.1 14 3.92 12.75 3.25 46 4.35 

1 14 2.82 8.04 2.85 45 31.14 

5 14 3.56 10.67 2.30 30 13.12 

10 14 2.64 10.05 4.12 36 40.59 

20 14 2.43 9.97 4.35 32 44.12 
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Figure 3.32 Mean root length 14 days after chlorothalonil exposure. 

Mancozeb 

All mean root length values and percentage inhibition calculations, following mancozeb 

exposure, can be seen in Table 3.30. The mean root length in control specimens was 

5.51 cm. Mean root length at 0.1% solution was greater than this at 7.12 cm. Mean root 

length decreased with increasing pesticide concentration, from 1% to 20%, resulting in 

a minimum mean root length of 1.8 cm (Figure 3.33). Significant differences existed 

between root lengths (ANOVA, F(3,315)= 26.53, p=0.000). Tukey's pairwise analysis 

established that root length at 0.1% was significantly different from all other values. 

Root length in the control, and at 1%, was significantly lower than all other treatment 

levels. Root length at 10% and 20% are significantly different from the control and the 

two lowest concentrations. Root length at 5% is significantly different from all other 

concentrations except 10%. The highest percentage inhibition achieved was 67.32%, at 

a concentration of 20%.  
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Table 3.30 Mean root length, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to mancozeb 

Concentration (%) 

(mancozeb) 
Day 

Mean 

Root 

length 

(cm) 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean) 

0 14 5.51 1.09 0.20 114 - 

0.1 14 7.12 0.80 0.11 76 -29.31 

1 14 6.10 0.93 0.15 64 10.32 

5 14 4.0 1.97 0.49 38 27.42 

10 14 2.1 1.40 0.48 18 47.25 

20 14 1.8 0.29 0.16 11 67.32 

 

 

Figure 3.33 Mean root length 14 days after exposure to mancozeb. 

Chlorpyrifos  

Mean root length ranged from 5.80 cm in control specimens, to 0.85 cm at a treatment 

concentration of 10% (Table 3.31 & Figure 3.34). Mean root length declined with 

increased exposure to chlorpyrifos, from 0 to 10%. However, at 20% exposure root 

length increased again. Significant differences in root length between concentrations 

were established (ANOVA, F(5,214) = 21.47, p = 0.000). Control root lengths were 

significantly longer than at any other concentration. Root lengths recorded at 10% 

exposure were significantly shorter than roots at 0%, 0.1%, 1% and 20%. Mean root 

lengths at 0.1%, 1% , 5 % and 20% could not be separated. Percentage inhibition was 

highest when exposed to 10% solution of the pesticide with an inhibition of 85.34%. 
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Figure 3.34 shows an overall trend of decreasing root length with increasing 

chlorpyrifos concentration.  

Table 3.31 Mean root length, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to chlorpyrifos 

Concentration (%) 

(Chlorpyrifos) 
Day 

Mean 

Root 

length 

(cm) 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean) 

0 14 5.80 1.34 0.23 9 - 

0.1 14 3.88 0.80 0.21 9 33.01 

1 14 3.80 0.69 0.18 9 34.51 

5 14 2.69 1.11 0.41 9 53.61 

10 14 0.85 0.74 0.88 9 85.34 

20 14 2.75 1.76 0.64 9 52.50 

 

 

Figure 3.34 Mean root length 14 days after chlorpyrifos exposure. 

Metaldehyde 

Similarly to the root number values, recorded following metaldehyde exposure, root 

lengths did not differ significantly between concentrations. Mean root lengths varied by 

only 0.55 cm between all concentrations (Table 3.32 & Figure 3.35). The control mean 

value was 6.68 cm, while the lowest mean value of 6.13 cm was recorded at 20% 

exposure. A maximum inhibition level of only 8.3% was reached.  
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Table 3.32 Mean root length, Relative Growth Rates and percentage inhibition of Myriophyllum 

aquaticum when exposed to metaldehyde. 

Concentration (%) 

(Metaldehyde) 

 

Day 

Mean 

Root 

length 

(cm) 

Standard 

deviation 

Coefficients of 

Variance 
n 

% Inhibition 

(mean) 

0 14 6.68 1.07 0.16 9 - 

0.1 14 6.43 0.877 0.14 9 3.80 

1 14 6.37 0.80 0.13 9 4.66 

5 14 6.84 1.14 0.17 9 -2.41 

10 14 6.22 1.27 0.20 9 6.95 

20 14 6.13 1.11 0.18 9 8.30 

 

 

Figure 3.35 Mean root length 14 days after metaldehyde exposure. 
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Figure 3.36 Dose response curves of root length inhibition against log test concentration for a) 

glyphosate, b) mecoprop-p, c) chlorothalonil, d) mancozeb, e) chlorpyrifos and f) metaldehyde following 

14 days of pesticide exposure.  

a) 

f) e) 

d) c) 

b) 
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3.3.7 EC50 values 

A dose response curve of each measured parameter, for each pesticide, was plotting 

where possible, using GraphPad Prism. The EC50 value was generated from the slope of 

the line. These EC50 values are given in Table 3.32. 

Glyphosate 

Biomass dry weight had the highest EC50 value of 5.5% usual application level, with a 

corresponding glyphosate weight wet quantity of 495 mg/l. This is an order of 

magnitudes bigger than the EC50 value of any other parameter measured. The EC50 

value of all other parameters was 35.1 mg/l or less. Glyphosate sensitivity from least 

sensitive to most sensitive can be ordered as followed; biomass dry weight (495 mg/l) < 

root number (35.1 mg/l) < biomass wet weight (10.8 mg/l) < root length (5.4 mg/l) < 

shoot length (4.5 mg/l). These glyphosate wet weight values are considerably less than 

normal applications rates of glyphosate.  

Mecoprop-p 

For three of the parameters measured, shoot length, biomass wet weight, and biomass 

dry weight, no significant difference in response was seen at any of the concentrations 

used. As a result, it was not possible to calculate an EC50 value for these parameters. 

Root length was the most sensitive parameter to mecoprop-p with an EC50 value of 

0.019%. This has a corresponding value of 0.43 mg/l. Root number was the only other 

parameter for which an EC50 value could be calculated. The EC50 value was calculated 

to be 0.047% or 0.85 mg/l.  

Chlorothalonil 

Biomass wet weight was the most sensitive parameter to the fungicide chlorothalonil. 

Its EC50 value was 0.36%, with a corresponding active ingredient wet weight of 18.0 

mg/l. Root number and root length had EC50 values of 79.62% (3981 mg/l) and 28.67% 

(1433.5 mg/l) respectively. Due to the fact that no significant difference was recorded at 

any concentration level, an EC50 value was not calculated for either shoot length or 

biomass dry weight.   
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Mancozeb 

Following exposure to mancozeb, all parameters measured showed some level of 

inhibition.  Root length proved to be the most sensitive parameter to mancozeb 

exposure with an EC50 value of only 2.79% (0.04 mg/l). Biomass wet weight and root 

number were the next most sensitive parameters with a calculated EC50 value of 4.48 5 

or 0.07 mg/l and 4.53% or 0.07 mg/l respectively. Biomass dry weight and shoot length 

were the least inhibited following exposure and recorded an EC50 value of 8.82% and 

8.74% respectively, corresponding to a 0.14 mg/l concentration of active ingredient.  

Chlorpyrifos 

EC50 values were calculated for four of the measured parameters, following exposure to 

chlorpyrifos. Of these four parameters, biomass wet weight was the most sensitive to 

chlorpyrifos, with an EC50 value 0.05%, corresponding to an active ingredient 

concentration of 0.4 mg/l. Root number had an EC50 value of 0.73% or 5.84 mg/l. Root 

length was the next most sensitive parameter with an EC50 value of 2.50% or 20.0 mg/l. 

Shoot length also showed sensitivity to this active ingredient and the recorded EC50 

value was 14.42% or 115.36 mg/l active ingredient.  

Metaldehyde 

EC50 values for this active ingredient ranged from 0.62% (4.71 mg/l) to 87.32% (663.63 

mg/l) depending on the parameter used. Root number was the most sensitive parameter 

with an EC50 of 4.71 mg/l. Biomass wet weight was the next most sensitive parameter 

with an EC50 of 3.94% or 29.94 mg/l. Biomass dry weight had a higher tolerance to 

chlorpyrifos with an EC50 of 33.78% or 256.73 mg/l. A range of toxicity values for 

shoot length were recorded depending on the time of measurement. Toxicity was 

highest on day 10 of the experiment with an EC50 of 28.93% or 219.87 mg/l. Toxicity 

decreased to an EC50 value of 87.32% or 663.63 mg/l on day 14. An EC50 could not be 

calculated for root length.  
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Table 31: EC50 values (% and mg/l) for each pesticide active ingredient for the parameters shoot length, 

biomass wet and dry weight, and root number and length..  

 
EC50 

unit 

Shoot 

length 

Biomass 

wet 

weight 

Biomass 

dry 

weight 

Root 

number 

Root 

length 
Average 

Average 

(Without 

Biomass 

dry 

weight) 

Glyphosate 

% 0.05 0.12 5.50 0.39 0.06 1.22 0.16% 

mg/l 4.5 10.8 495 35.1 5.4 110.16 
13.95 

mg/l 

Mecoprop-p 
% 

* 

5.037e-

006 or 

1136502 

* 

2.794e-

005 % 

- 0.047 0.019 0.033 0.033% 

mg/l - - - 0.85  0.34  0.60 0.60 mg/l 

Chlorothalonil 

% * 14499 0.36 - 79.62 28.67 36.22 36.22 % 

mg/l - 18.0 - 3981  1433.5  1810.83 
1810.83 

mg/l 

Mancozeb 
% 8.74 4.48 8.82 4.53 2.79 5.87 5.14% 

mg/l 0.14  0.07  0.14 0.07  0.04  0.09 0.08 mg/l 

Chlorpyrifos 
% 14.42 0.05 - 0.73 2.50 4.43 4.43% 

mg/l 115.36  0.4  - 5.84  20  35.4 35.4 mg/l 

Metaldehyde 

% 
28.93 - 

87.32 
3.94 33.78 0.62 

* 

115491 
30.92 30.20% 

mg/l 
219.87 – 

663.63 
29.94 256.73 4.71 - 234.98 

229.54 

mg/l 

* represents EC50 values generated from graphs with low R
2
 values and are considered to have a wide 

margin of error. These values were not included in the overall average EC50 value.  

3.3.8 O2 and pH 

The min and max values of pH measurements are shown in Table 3.32. For all five 

pesticides, the pH dropped with an increasing toxin concentration. In test vessels with 

glyphosate present, the difference in pH values was most significant, with a pH of 10.13 

in the control, decreasing to a pH of 5.7 in 10% glyphosate solutions. The remaining 

four pesticides examined displayed smaller variations in pH. Min and Max pH values 

were as follows; 7.1 – 8.2 for mecoprop-p, 7.16 – 10.41 for chlorothalonil, 7.47 – 8.49 

for mancozeb, 7.26 – 9.72 for chlorpyrifos and 7.57 - 8.34 metaldehyde.  

DO values in mg/l for each pesticide and treatment concentration are listed in Table 

3.33. DO was always lowest at the highest treatment concentration.  In the majority of 

cases DO decreased steadily with an increase in exposure to the pesticides. Large 

differences were seen between DO in the control and at the highest treatment level. DO 

mg/l values were not available for glyphosate. In the mecoprop-p treatment units, DO 

ranged from 3.6 – 11.3 mg/l. The DO in chlorothalonil units showed a large variation 
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from 0.73 – 23.47 mg/l. In the case of mancozeb test vessels, the DO in solution ranged 

from 2.23 – 11.1 mg/l. Finally, DO values varied from 3.23 – 13.83 mg/l in chlorpyrifos 

solutions.  

Table 3.32 Minimum and maximum pH values for each pesticide examined. 

Concentration (%) 0 0.01 0.1 1 5 10 

Glyphosate 
Min 8.27 8.24 8.20 8.34 5.89 5.48 

Max 10.13 10.02 9.80 9.02 6.8 5.70 

Concentration (%) 0 0.1 1 5 10 20 

Mecoprop-p 
Min 7.65 7.49 7.32 7.1 7.2 7.26 

Max 8.2 7.92 7.89 7.56 7.48 7.53 

Chlorothalonil 
Min 8.7 9.68 9.71 7.57 7.23 7.16 

Max 10.41 9.85 10.13 8.23 7.7 7.57 

Mancozeb 
Min 8.11 7.49 7.64 7.58 7.51 7.47 

Max 8.49 8.01 7.92 7.80 7.71 7.60 

Chlorpyrifos 
Min 7.96 7.92 7.49 7.4 7.26 7.31 

Max 9.03 9.72 8.26 7.68 7.54 7.47 

Metaldehyde 
Min 7.52 7.55 7.55 7.57 7.55 7.47 

Max 8.34 8.31 8.25 8.17 8.2 8.05 

Table 3.33 Minimum and Maximum DO mg/l value for each pesticide examined. 

Concentration (%) 0 0.1 1 5 10 20 

Mecoprop-p 
Min 8.43 7.53 5.57 1.9 3.6 3.53 

Max 11.3 9.6 10.4 8.53 7.03 7.4 

Chlorothalonil 
Min 11.97 14.2 13.9 4 0.73 0.53 

Max 20.1 23.3 23.47 19.4 2.87 2.37 

Mancozeb 
Min 9.8 3.4 5 2.23 1.97 1.4 

Max 11.1 9.13 8.27 6 4.6 3.3 

Chlorpyrifos 
Min 8 9.3 7.3 4.6 4.3 3.23 

Max 11.27 13.83 10.23 6.5 5.93 7.17 

Metaldehyde 
Min 5.77 6.17 6.13 5.23 5 4.3 

Max 10.63 10.53 10.8 8.73 8.2 7.1 
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3.4 Discussion 

3.4.1 Ph and DO 

In all of the plant protection products studied, pH decreased with a corresponding 

increase in pesticide. pH was seen to go from alkaline to neutral. It is thought that 

species richness of a number of aquatic organisms decline when the pH is less than 6 

(Yan, Miller et al. 1985). In this study glyphosate was the only pesticide examined 

which caused the pH to drop below 6. pH has also been shown to have a significant 

impact on the macrophyte composition of both rivers and lakes (McElarney, Rasmussen 

et al. 2010, Manolaki and Papastergiadou 2013). Changes to the pH of freshwater 

ecosystems, as a result of pesticide exposure, could have a negative impact not just on 

aquatic macrophytes themselves but on the wider aquatic community.  pH has also been 

observed to alter the toxicity of pesticide adjuvants (Krogh, Halling-Sørensen et al. 

2003).  Therefore, a change in the water pH due to a pollution event may lead to a 

worsening of the toxic effect of pesticides in the future. While a large pesticide 

pollution event would be necessary to significantly alter the pH of a freshwater 

ecosystem, it is clear that pesticides have the potential to severely alter the chemistry of 

a water body. 

A large variation in DO mg/l of the treatment solution was seen for all pesticides, when 

compared to the control solution. DO mg/l was much lower at the highest treatment 

concentrations. Hanson, Sibley et al. (2003) carried out a mesocosm experiment 

exposing Myriophyllum species to DCM. The DO mg/l varied from 9.4 ± 1.7 in the 

control to 7.6 ± 2.8 at the highest studied concentration. Far larger DO mg/l variations, 

between the control and the highest pesticide concentrations, were observed in this 

research project. Similarly to Hanson, Sibley et al. (2003), DO mg/l in this study was 

seen to decrease as the concentration of the test substance increased. Dissolved oxygen 

concentrations in water are linked to photosynthesis and oxygen production as well as 

respiration and oxygen consumption (Nakova, Linnebank et al. 2009). It is possible, 

therefore, that the decrease in DO mg/l that was observed with increasing pesticide 

exposure is due to a reduction in photosynthetic activity as a result of toxic stress. A 

reduction in both pH and DO was observed in a previous study following the addition 

of a triazine based herbicide to an aquatic macrophyte dominated mesocosm. The two 

parameters are directly linked with reduced O2 impacting on CO2 balance and therefore 
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pH in the water (Vervliet-Scheebaum, Straus et al. 2010). A number of previous studies 

have examined the effect pesticides have on the photosynthetic pigments chlorophyll-a 

and –b (Caffrey and Kemp 1991, Turgut 2002, Turgut 2007, Kielak, 2011) and 

observed that O2 in soil depleted sharply with depth and in dark conditions. O2 

production from the rhizomes was found to be directly linked to photosynthesis. O2 

production by aquatic plants is an important ecosystem service and their reduced ability 

to produce it after pesticide exposure has the potential to affect a wide variety of 

freshwater organisms, in both the water and sediment. The monitoring of pH and O2 

levels in natural systems is also a good tool to monitor the health of the system and can 

be used as an early warning sign for the presence of pollutants in the system and 

potential stress to the macrophyte community.  

3.4.2 Shoot length 

Five of the six pesticides examined recorded some significant differences between 

shoot lengths at different treatment levels. Following exposure to both the herbicide 

active ingredient mecoprop-p and the fungicide active ingredient chlorothalonil, control 

shoots were significantly longer than treated shoots. However, shoot lengths among 

treated plants were not different. In the case of glyphosate, mancozeb and chlorpyrifos 

shoot lengths at the control and the lowest test concentration did not differ. Following 

mancozeb exposure, even those shoots treated with 10% solution did not differ from the 

control. Higher exposure levels were required for a substantial difference to be noticed. 

Metaldehyde did not affect shoot length at any of the concentrations tested. In no test 

was there a complete trend of decreasing shoot length with increasing pesticide 

concentration. At no concentration did any of the pesticides completely stop shoot 

growth. The response of shoot length to pesticides can be varied, as seen in previous 

literature. A previous study, on the impact of 18 different pesticides on M. aquaticum, 

found that only half caused a decrease in shoot length (Turgut 2007). Chlorothalonil 

decreased shoot length by 8.7% (±4.6). Unlike the results observed here, Turgut (2007) 

recorded an increase in shoot length by 14.4% (±2.1) following glyphosate exposure. 

Other studies have highlighted that the sensitivity of shoot length to a pesticide depends 

on both the pesticide and the plant species. In a study of the effect of 4 pesticides, on 9 

submerged macrophytes, the response of shoot length to exposure varied greatly 

(Belgers, Aalderink et al. 2009). For example, M. spicatum was the most sensitive 

species to fluazinam and one of the most sensitive species to pentachlorophenol but was 
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less sensitive to chlorothalonil and carbendazim than other species. The effectiveness of 

shoot length as a parameter of toxicity is varied. Arts, Belgers et al. (2008) found that 

shoot length was not a strong parameter for detecting pesticide toxicity and Singh, 

Gupta et al. (2015) found no adverse effect to plant shoots or roots following exposure 

to chlorpyrifos or cypermethrin. However, Singh, Gupta et al. (2015) applied pesticide 

treatment only once, at the start of the experiment.  Measurements were not taken until 

30, 50 and 80 days post pesticide application. Plants had a substantial period over which 

to recover unlike in this research study, where the response was measured over a 14 

days period with the test solution being replaced after 7 days. This may indicate that 

plants have the ability to recover from a once off or short term exposure event. The 

results from Singh, Gupta et al. (2015) and other studies indicate that while shoot length 

can be used to detect toxicity in submerged macrophyte species, it's response to toxic 

exposure is often not large. In this study, differences in shoot length were mainly only 

seen in comparison with the control but were not often detected between 

concentrations. This is why it is wise to use shoot length in combination with other 

endpoints to gain a better understanding of the toxic effect of the substance. Secondly, 

the results would also indicate that shoot length is not a sensitive enough endpoint to 

detect differences in response between low level exposure concentrations. Finally, from 

the results of this study, it can be concluded that at the most diluted concentrations 

examined here, none of the test substances have a series adverse effect on shoot length. 

3.4.3 Biomass endpoints 

Biomass data was examined in two ways with biomass wet weight and biomass dry 

weight both being recorded. Overall, wet weight biomass results highlighted a number 

of weight differences between treatment levels, while biomass dry weight results 

showed only two significant weight differences. Biomass wet weight results, for all 

pesticides established a difference between the control and some, if not all, of the 

corresponding treated shoots. In relation to glyphosate wet weight results, a significant 

difference was noted between the control and all concentrations from 0.1% to 10% and 

between 0.1% and 1%, 5% and 10%. The wet weight results of both chlorothalonil and 

chlorpyrifos identified significant differences between the control and all treated shoots. 

In the case of mancozeb and metaldehyde, differences were not seen between the 

control and the lowest concentration levels but only at 1% - 20% and 5% - 20% 

respectively. Finally, only those shoots under 0.1% and 20% mecoprop-p treatment 
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were identified as being different from the control.  When we compare these results to 

the biomass dry weight findings far fewer differences within treatments are detected. 

Mancozeb and metaldehyde were the only two pesticides recognised as having any 

noticeable decline in dry weight when compared to the control. These differences were 

only between the control and the highest exposure levels. As is evident from the results, 

the biomass dry weight endpoint provided limited toxicity information and has limited 

value as a toxicity endpoint, a finding supported by Vervliet-Scheebaum, Straus et al. 

(2010). While others have been able to gain more useful information from dry weight 

results its sensitivity is less than other endpoints. Belgers, Aalderink et al. (2009) used 

biomass dry weight data to calculate EC50 values for four pesticides, on 9 different 

submerged aquatic plants. The results show that following exposure to both fluzinam 

and carbendazim, the highest EC50 value of all species was calculated from biomass dry 

weight values. Under chlorothalonil exposure, M. spicaticum was the only species to 

have a higher EC50 generated from another endpoint. Finally, pentachlorophanol had 

the least impact and therefore the highest EC50 values on the biomass dry weight of half 

of the species examined. Despite being able to generate EC50 values, these results 

highlight how biomass dry weight is not a sensitive endpoint to toxicity exposure and 

may underestimate the true impact of a toxic substance if looked at in isolation. One 

example of a study where more reliable dry weight data was generated is in a study 

carried out by Mohr, Schott et al. (2013). In this study, the toxicity of isoproturon, 2, 4-

D, and fluroxypyr on the same macrophyte species was investigated. Most EC50 values 

varied little using either biomass wet or dry weight values and these EC50 values were 

often lower than shoot length values, except for fluroxypyr (Mohr, Schott et al. 2013). 

While it is possible to generate toxicity and EC50 information from dry weight data, the 

results from these are very varied. In this test, dry weight data identified very few 

significant toxic effects compared to wet weight data. It is possible that the small 

amounts of plant material being examined in this trial were not sufficient to identify 

changes in dry weight due to toxic stress. Whilst using a larger quantity of plant 

biomass may improve dry weight data it is recommended to only use dry weight 

information in combination with a number of other endpoints to gain the most accurate 

toxicity information possible. It may also not be practical to use large amounts of plant 

material in a laboratory setting and so dry weight endpoints are less favourable than 

others in plant toxicity evaluation. 
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3.4.4 Root endpoints 

In five of the six pesticides studied root endpoints proved to be the most sensitive 

endpoints to pesticide exposure. For both mecoprop-p and mancozeb, root length was 

found to be the most sensitive endpoint. Root number was the most sensitive parameter 

for metaldehyde and the second most sensitive parameter for mecoprop-p. Root length 

was the second most sensitive parameter for glyphosate. In the case of chlorothalonil, 

biomass wet weight was the most sensitive endpoint and root number and length were 

the second most affected endpoints. Following exposure to the insecticide chlorpyrifos, 

root number was the second most stunted endpoint following exposure. Much of the 

literature has found similar results in relation to the sensitivity of roots to toxin 

exposure (McCann, Greenberg et al. 2000, Malamy 2005, Belgers, Aalderink et al. 

2009). This inhibition of root development has been observed for a wide variety of 

toxic substances including herbicides (Arts, Belgers et al. 2008, Mohr, Schott et al. 

2013), fungicides (Arts, Belgers et al. 2008 ), growth regulators (Mohr, Schott et al. 

2013) and wood preservatives, (McCann, Greenberg et al. 2000, Arts, Belgers et al. 

2008). Mohr, Schott et al. (2013) found that M. spicaticum roots produced the lowest 

yield when exposed to three out of four pesticides tested. Indeed studies on a wider 

range of aquatic macrophytes have also highlighted the sensitivity of plant roots to the 

toxic effect of pesticides. In a study by Belgers, Van Lieverloo et al. (2007) five out of 

the eight aquatic species exposed to 2, 4-D showed that root length declined more 

quickly than either total shoot length or root number with increasing concentration of 

the pesticide. In this case, no toxicity data for Myriophyllum species could be generated 

because negative growth was seen in the control specimens (Belgers, Van Lieverloo et 

al. 2007). However, most previous toxicity tests are carried out in hydroponic sediment-

free tests, while the plants studied in this research study were grown in sediment. This 

may also have an influence on the response of roots to toxic exposure. The root system, 

and in particular its structure, is in direct response to the highly varied structure of the 

soil (Hodge, Berta et al. 2009). In the sediment free examples, the roots experience 

none of the physical barriers to growth which occurs in soil. It is possible that root 

development without soil is less restricted, and therefore greater than in soil, even when 

exposed to toxic substances. Therefore, comparisons of root development between 

sediment and sediment free tests should be carried out with caution. Also, when 

choosing between sediment or sediment free systems for toxicity tests, consideration of 
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the macrophytes species and the type of receiving environment that you wish to focus 

on should be taken into account. In aquatic systems, where sediment is likely to be a 

key influencing factor, the use of sediment in the toxicity evaluation is advised. There 

are a number of possible reasons why roots are so sensitive to exposure to toxins. A 

study by Orcaray, Zulet et al. (2012) showed that key changes in metabolism, induced 

by glyphosate exposure, occurred in the roots. An accumulation of sucrose and glucose 

in the roots reduces the strength of sinks to utilise carbohydrate. It is this accumulation 

of carbohydrates in the leaves which leads to plant growth inhibition (Orcaray, Zulet et 

al. 2012). Roots are also considered to be a fast growing plant part and therefore may 

have increased sensitivity to toxic exposure (Arts, Belgers et al. 2008). Specific 

herbicides, known as auxinic herbicides, cause an over-induction of auxin which is an 

important plant gene (Kelley and Riechers 2007). Auxin is also essential to many of the 

steps involved in root development, including lateral root formation and adventitious 

root formation (Hodge, Berta et al. 2009). It is not surprising that such herbicides would 

have a severe impact on plant roots and their development. It is also important to 

remember that root development is a result of a complex connection between gene 

control and the action of biotic and abiotic factors (Malamy 2005). There are a number 

of possible reasons why roots are so adversely affected by pesticide exposure, and it is 

possible that there is more than one element in play which leads to the strong root 

inhibition witnessed here. Roots are a key point of nutrient uptake for the plant, as well 

as acting as an anchor in the sediment (Michael Smart and Barko 1985). It is to be 

expected that roots will be highly affected by the presence of toxins. Current 

macrophyte toxicity tests, using Lemna minor as the test organism, rarely take root 

endpoints into consideration (Belgers, Van Lieverloo et al. 2007) and so neglect to 

measure the impact of pesticides and other toxins on root growth and development. The 

significance of roots in determining the toxicity of a substance to macrophytes puts 

forward a strong argument for the use of submerged rooted aquatic macrophytes in 

standardised toxicity tests. It is advised that root endpoints always be measured for the 

toxicity assessment of macrophytes.  

One point of note, when generating toxicity values from root data, is that the vast 

majority of toxicity tests are carried out on newly establishing roots. These new roots 

are smaller than those found on well established aquatic plants in the field and may 
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mean that toxic effects of plant protection products on roots are overestimated if 

compared to root systems found in the field.  

One improvement that can be made to toxicity testing of root systems is with the 

potting density of the shoots. In this study, three shoots were grown in one pot. While 

every effort was made to separate roots they can become entangled over the 

experimental period and are difficult to separate when harvested. In order to improve 

the standard of root data collected, the experiment could be repeated with just one shoot 

per pot to separate roots completely. These issues should be taken into consideration 

when evaluating the reliability of root data.  

The usefulness of root toxicity values may depend on the concentration of the toxic 

substance being investigated. Evidence exists to suggest that, at sub-lethal levels, roots 

are more resistant to toxins when compared to the plant foliage.  Forsyth, Martin et al. 

(1997) discovered that both Myriophyllum sibiricum and Potamogeton pectinatus 

suffered foliage damage significantly more than root damage, when exposed to 

herbicides at a concentration of 0.01 – 0.1 mg/l. All four herbicides active ingredients 

(clopyralid, picloram, 2,4-D and a 2, 4-D plus picloram mix) induced a similar result. 

Similarly, Belgers, Van Lieverloo et al. (2007) discovered that at 2, 4-D levels of 

between 10 – 30 µg/l root growth was stimulated. These results were replicated in a 

number of different species. This may suggest that roots can withstand pesticide 

toxicity at low levels but once a threshold level is met, roots become highly sensitive to 

the presence of toxins. This phenomenon was also observed in the current study. Root 

number was higher at the lowest pesticide concentrations compared to the control, in 

both the glyphosate and metaldehyde toxicity tests. Root length following mancozeb 

exposure was greater at 0.1% and 1% than in the control. Roots were not the only 

endpoints to display such a trend. Shoot lengths following metaldehyde exposure and 

biomass wet weight values for mecoprop-p both showed enhanced growth in the lowest 

pesticide concentration compared to the control. This stimulatory response to a toxin is 

known as hormesis and can be defined as the stimulation effect of a subtoxic 

concentration of a toxin (Calabrese and Baldwin 2001). Its occurrence due to the 

presence of low levels of pesticide has been reported widely in the literature (McCann, 

Greenberg et al. 2000, Cedergreen 2008, Bonilla-Ramirez, Jimenez-Del-Rio et al. 

2013). As shown in the above examples, it can be a common plant response to toxins, 
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however, it does not necessarily imply a healthy response and long term monitoring of 

the plant may be required to establish the true impact of the substance in question 

(Belgers, Van Lieverloo et al. 2007). A concentration-response model has been 

developed which takes hormesis into consideration (Vanewijk and Hoekstra 1993) and 

can be employed if it is feared that hormesis is having a large impact on the final 

toxicity estimates.  Despite these issues associated with hormesis, roots are still 

considered the most sensitive plant part to toxic exposure and, where possible, should 

be included in aquatic plant toxicity tests. 

3.4.5 EC50 

All EC50 values calculated in this study are based on the nominal concentration applied 

at the beginning of the test and generated from the inhibition curve of % inhibition 

against log pesticide concentration.  If we compare the toxicity values of this study with 

those cited by the product manufacturer we see some variation in EC50 values. 

Glyphosate [marketed formulation Roundup ProBiactive] material safety data sheet 

cited an EC50 value of 150 mg/l (growth total) and 393 mg/l (growth rate). These values 

were obtained from cell counts of the algae Selenastrum capricornutum (Monsanto 

2012). In comparison, this study generated an EC50 value ranging from 495 mg/l 

(biomass dw) to 4.5 mg/l (shoot length). Here the biomass dry weight value was 

significantly larger than all others, and as mentioned above, it is the least reliable of all 

the endpoints mentioned. Excluding this value, EC50 values generated by shoot length, 

biomass wet weight and root number inhibition all fall below those cited by the 

manufacturer. All are an order of magnitude lower than the EC50 values provided on the 

MSDS. The glyphosate EC50 values cited in the literature vary also. The algae Chlorella 

vulgaris recorded an EC50 value of 118.1 mg/l for the roundup formulation and 292.3 

mg/l for a pure glyphosate compound (Lipok, Studnik et al. 2010). The same test 

organism has also been cited as having an EC50 value of 4.6961 mg/l for glyphosate 

elsewhere in the literature (Ma, Xu et al. 2002). A study of the microalgae Selenastrum 

capricornutum and Skeletonema costatum gave an IC50 for the Roundup formulation of 

glyphosate of 5.81 mg AE/l and 1.85 mg AE/l respectively (Tsui and Chu 2003). An 

EC50 value of between 28,406 – 34,213 µg/l was recorded for the floating macrophyte 

Lemna minor (Cedergreen, Sørensen et al. 2012). Previous toxicity tests on M. 

aquaticum established an EC50 value ranging from 0.221 – 2.04 mg/l depending on the 

endpoint (Turgut and Fomin 2002). The EC50 values established in this study are 
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significantly larger than those stated by Turgut and Fomin (2002), however, different 

endpoints were measured in both studies. Turgut and Fomin (2002) lowest EC50 value 

of 0.222 mg/l weree for the chlorophyll a, b and carotenoid of the plant, none of which 

were measured in this study. The EC50 value generated for total root length was 1.998 

mg/l. Turgut and Fomin (2002) cited an EC50 value for shoot length of 2.040 mg/l. In 

this study, the EC50 value for shoot length was much higher at 266.4 mg/l. This contrast 

in results could be due to the difference in the method used in each. Turgut and Fomin 

(2002) used smaller shoot specimens (3cm) grown in Hoagland growth medium without 

sediment. EC50 values cited in the literature can vary widely in relation to glyphosate, 

with few having looked at Myriophyllum species specifically.  The EC50 value for 

glyphosate can vary greatly between species also. The algae strain Chlorella 

pyrenoidosa, when exposed to glyphosate, was found to have an EC50 value of 380 – 

1082 (ai) ppm after 96h (Anton, Ariz et al. 1993). The amphibian species of Pelophylax 

ridibundus, Pseudepidalea viridis, and Xenopus laevis were observed to have an LC50 

for glyphosate of 26.7, 27.4 and 15.3 mg (ai)/l respectively (Güngördü 2013). This 

highlights that there is a wide range of EC50 values recorded both between species, as 

seen in the literature, and within species, as seen from the results here. This supports the 

view that a more targeted and species specific approach to toxicity testing is needed to 

best establish toxicity values. Based on the results of this research project, glyphosate 

can be considered moderately toxic to submerged macrophyte species.  

The EC50 values of mecoprop-p [commercial formulation Duplosan KV ] on M. 

aquaticum were found to be 0.85 mg/l for root number and 0.34 mg/l for root length. 

EC50 values could not be calculated for the remaining endpoints. The EC50 values cited 

in the product literature were 16.2 mg/l for algae and 1.6 mg/l for Lemna gibba 

(Nufarm 2014). These values were recorded for pure mecoprop-p and not the 

commercial formulation. It has reported that pesticide components can be more toxic 

than the active ingredient itself and in this case M. aquaticum results suggest that the 

formulation is more toxic than those values cited on the product MSDS.  The EC50 

values for this substance, reported in the literature include values of 6.0 mg/l (Nitschke, 

Wilk et al. 1999) and 12,284 – 12,315 µg/l (Cedergreen, Sørensen et al. 2012) both for 

Lemna minor. Interestingly, in Nitschke, Wilk et al. (1999) study of the green algae 

Scenedesmus subspicatus, no inhibition was achieved up to a concentration of 180 mg/l. 

Again, it was discovered that pesticide solvents were more toxic to both algae and 
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Lemna minor than the active ingredient itself (Nitschke, Wilk et al. 1999). In 

comparison to the toxicity values cited in the literature, M. aquaticum seems to be less 

tolerant to mecoprop-p exposure than other organisms. As mecoprop-p is an herbicide 

active ingredient it is to be expected that it will exert a higher level of inhibition on 

macrophyte than other non-target organisms. Therefore it can be concluded that 

mecoprop-p is moderately toxic to M. aquaticum, which is similar to glyphosate, and 

that aquatic macrophytes are vulnerable to herbicide pollution events in aquatic 

environments.  

When compared with the EC50 values of the above herbicides, the fungicide 

chlorothalonil [commercial formulation Bravo 500] was found to be less toxic to 

Myriophyllum aquaticum. The most sensitive endpoint to chlorothalonil was biomass 

wet weight with an EC50 value of 18.0 mg/l. Root number and root length were the only 

other two endpoints for which an EC50 value could be calculated, with values of 3981 

mg/l and 1433.5 mg/l respectively. These are however considerably larger than many of 

the EC50 values cited in the literature.  The product MSDS refers to an EC50 value of 

190 ppb for a 5-day green algae test (Syngenta 2011). Other EC50 values recorded for 

Myriophyllum aquaticum include a value of 0.48 mg/l for root length and 2.210 mg/l for 

root number (Turgut and Fomin 2002). Once again root endpoints were the most 

sensitive endpoints measured by Turgut and Fomin (2002). In another examination of 

chlorothalonil exposure to the aquatic species, Myriophyllum spicaticum, EC50 values 

ranged from 200 µg/l (relative growth) to >3300 µg/l (shoot length) (Belgers, Aalderink 

et al. 2009). There is a wide range of recorded toxicities for chlorothalonil on 

submerged macrophytes. Based on the results of this research project, chlorothalonil 

can be considered of low to moderate toxicity to aquatic macrophytes. However, as 

seen there is a wide variation in toxicity between species and endpoint and a 

conservative evaluation would be to treat chlorothalonil as toxic to non-target aquatic 

macrophytes and mitigate against the risk of exposure accordingly.  

The second fungicide examined, Mancozeb (commercial formulation Dithane 945) was 

observed to be much more toxic to M. aquaticum than chlorothalonil. EC50 values were 

discovered to fall between 0.04 mg/l in relation to root length and 0.14 mg/l in the case 

of biomass dry weight and shoot length. The EC50 values for this product are cited as 

ranging from 0.06 mg/l to 2.24 mg/l for a 96 hr algae test (Bayer 2006). These values 
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are higher than the values recorded by this study, but no values for higher order plants 

are given in the product literature. Mancozeb appears to be extremely toxic to M. 

aquaticum, even more so than the herbicide products tested. The product type itself, 

powder dissolved in liquid, may be a key factor in contributing to the growth inhibition 

of the plant.   Dithane 945 comes in a powder form and when diluted in the water it 

gives the solution a cloudy white to yellow colour. This may have hindered the plant 

growth by limiting its access to light. Light availability is essential for all submerged 

macrophytes and it is what drives the photosynthetic process. On an ecological study of 

Lake Balaton, Hungary, the most important factor in the distribution and colonisation 

depth of submerged macrophytes was light availability. A lack of adequate light 

stopped the plants from establishing and growing (Istvánovics, Honti et al. 2008). Other 

experiments have discovered that the light requirement of submerged macrophytes is 

more important than phosphorus requirements. Zhu, Mayer et al. (2008) found that the 

growth of three submerged species Elodea Canadensis, Myriophyllum spicatum and 

Zosterella dubia was greatly increased with higher irradiance. At 230 µmol s 
-1 

m 
-1 

irradiance, in 2 m water, the number of individuals increased seven-fold. Reduced P 

supply had little to no impact on plant growth and is more important to species which 

depend on the uptake of P from their roots. Therefore, the availability of adequate light 

is one of the most important factors in the growth of submerged macrophytes without 

which the plant will not grow. It is likely that the clouding of the water, following the 

addition of the test substance, was a key factor in stunting the growth of M. aquaticum. 

The potential for suspension products, similarly to Dithane 945, to affect the light 

penetration of natural aquatic environments is probably limited, as water flow and 

volume would most likely disperse the product before clouding of the water could 

occur. Smaller stagnant water bodies are most at risk. In conclusion, based on the 

findings of this research study, fungicides can be considered to inhibit macrophytes 

growth at sub-lethal levels and their use should be closely monitored to avoid pollution 

of aquatic systems.  

The insecticide chlorpyrifos (commercial formulation Trigger) was recorded as having 

an EC50 value of 0.4 mg/l (biomass wet weight), 5.84 mg/l (root number), 20 mg/l (root 

length) or 115.36 mg/l (shoot length) depending on endpoint measures (DHM 

Agrochemicals Ltd. 2009). Few examples exist of the toxicity of chlorpyrifos being 

tested on macrophyte species. A study by Bertrand, Marino et al. (2017) examined the 
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effect of chlorpyrifos at environmentally relevant concentrations (3.5 to 94.5 mg l
−1

), on 

the freshwater macrophytes species Potamogeton pusillus. Following 96 hr exposure, 

oxidative stress and biomolecule damage were recorded in the plant, even when the test 

item itself was not present in the plant tissue. These results highlight the sublethal 

effects that chlorpyrifos poses to macrophytes. Even when physical effects of 

chlorpyrifos accumulation were not observed, the plant was affected by the presence of 

this active ingredient. Most aquatic macrophytes studies focus on the evaluation of the 

physical deterioration of the plant. At the levels investigated by Bertrand, Marino et al. 

(2017) chlorpyrifos would be considered non-toxic if focusing on physical effects 

alone. When its impact on the growth and germination of several terrestrial grass and 

legume species was tested, no adverse effects were observed under normal 

recommended application levels (Hector, Wilby et al. 2004). In two cases, the 

germination of the legumes Trifolium dubium and Vicia sativa were noted as being 

significantly stimulated. While previous investigations indicate low risk of chlorpyrifos 

on the growth of aquatic plants, evidence indicates that it has more subtle effects.  

Based on this fact, and on the findings of this research project, chlorpyrifos should be 

considered toxic to non-target aquatic macrophytes.  

No aquatic toxicity information is available on the MSDS sheet for metaldehyde 

[commercial formulation Slug Clear]. In the toxicity tests carried out in this study, the 

EC50 values ranged from 4.71 mg/l to 663.63 mg/l. Metaldehyde had the smallest 

overall toxic effect on M. aquaticum of the six pesticides examined and few significant 

differences between treated and untreated shoots existed. There is little investigation 

into metaldehyde toxicity in the literature. One of the few tests carried out on plant 

species recorded no significant effect of metaldehyde on the growth or germination of 

any of the six grass and forbs species examined (Hector, Wilby et al. 2004). However, 

this particular study used metaldehyde in pellet formulation and therefore direct contact 

with the plant may be significantly reduced when compared to the soluble formulation 

used here.  In terms of application levels, molluscicides and metaldehyde products have 

a much smaller total yearly application than other pesticide products. Based on this, and 

the experimental results of this study, metaldehyde products are not considered to pose 

a serious toxic risk to aquatic macrophytes.  
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As you can see most toxicity tests are based on the toxicity of algae or floating plants to 

the toxin. It is still unclear whether or not algae species are the best representative of all 

plant life. In comparisons between rooted and unrooted plants Mohr, Schott et al. 

(2013) found that Myriophyllum spicatum was more sensitive to both 2, 4-D and 

fluroxypyr and predicted lower EC50 values than duckweed. Likewise, Olette, 

Couderchet et al. (2008) proved that the rooted macrophytes E. canadensis and C. 

aquatica were more sensitive to copper than unrooted plants. Finally, Arts, Belgers et 

al. (2008) noted that submerged macrophytes growth, biomass and shoot endpoints 

were less affected by pesticides than the floating Lemna gibba, but that root endpoints 

were far less tolerant. Current legislative requirements for the registration of plant 

protection products require higher aquatic macrophytes testing only if effects are first 

seen in Lemna toxicity tests. However, considering in many cases higher levels plants 

are more sensitive to exposure than Lemna sp. are, it is advised to use rooted aquatic 

macrophytes studies in parallel with Lemna toxicity and other studies to establish a 

comprehensive conclusion on toxicity. Finally, it is clear that variations in toxicity lie 

between different species. Even within species, different endpoints can generate a range 

of EC50 values. Therefore, careful consideration should be given to the test substance 

and it's mode of action, as well as the test species and it's endpoints, before carrying out 

a toxicity test. There is no one test species that will be ideal for assessing all substances 

and it is desirable to have a number of possible test species at your disposal to gain the 

most accurate results. 

3.4.6 Evaluation of Study 

The current standard macrophyte toxicity species is the floating aquatic macrophyte 

Lemna minor (OECD 221, Kielak, Sempruch et al. 2011). The results of this research 

project support the use of M. aquaticum as a complementary and /or alternative toxicity 

test organism. The use of M. aquaticum allowed the measurement of the reaction of 

both shoots and roots to the toxic substance, something which is not possible with 

Lemna minor. The addition of measurement parameters such as side shoot length, side 

shoot number, and root dry weight could also be included in toxicity tests using M. 

aquaticum, increasing the value of the test (Turgut and Fomin 2002). Again, these 

measurements are not an option when using L. minor.   
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The repeatability of the test is essential when conducting toxicity tests and the 

performance of the control specimen is vital to this. The test protocol requires the 

doubling of the control specimens over the test period. Taking the example of the 

glyphosate test, all test parameters met this criteria with the exception of biomass wet 

weight which increased by 49% (0.32 g ± 0.12 – 0.65 g ± 0.18) over the 14 day period. 

Shoot length of the control increased by 53% (4.5cm ± 0.62  – 8.5cm ±1.49) and the 

biomass dry weight of the controls increased by 88% (0.061g  ± 0.024  – 0.069 g ± 

0.015). No roots were present at the initiation of the test and on day 14 of the test the 

control shoots had an average root length of 4.5cm ± 0.97 and an average of 6.4 ± 0.21 

roots per shoot.  However, as detailed in Table 3.3, some deterioration of the control 

specimens, mainly discolouration and browning of the leaves, was observed in all but 

the glyphosate experiment. Greater levels of discolouration were also seen in the treated 

specimens. Discolouration can indicate a decrease in the photosynthetic pigment in the 

plant (Parveen, Asaeda et al. 2017). This is worrying as it suggests that control 

specimens were under stress during the experimental period. The cutting and replanting 

of shoots at the start of the experiment may lead to this additional stress on the plant.  

An extended acclimatisation period of one week, rather than 3 days, may help to 

address this issue. The brown discolouration on the control leaves was only present on 

new growth. Development of the method further is necessary to establish the cause of 

this shoot damage, however, based on the growth rates of the control specimens, growth 

rate was not inhibited significantly.  

The coefficient of variance for all measurement parameters are presented in Tables 3.4 

– 3.32. In many cases both the control and treatment specimens varied by greater than 

30%. This shows that the use of higher tier plants in toxicity studies can lead to high 

variation among specimens. While variation is inevitable when working with living 

organisms, the high CV figure observed for some studies, means that the results are less 

reliable than required. The use of greater numbers of replicates and tighter size and 

weight specifications at test initiation might help to resolve this issue.   Mohr, Schott et 

al. (2013) observed that in general, length endpoints have lower CV values than 

biomass measurements. This also supports the use of M. aquaticum in toxicity testing 

and highlights its reliability under test conditions. One possible area of error, associated 

with using a test such as this, is the presence of sediment in the test unit.  Glyphosate is 

known to be adsorbed by the clay fraction of soil as well as the organic matter content 
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(Albers, Banta et al. 2009). Similar effects are known to occur for other active 

ingredients also. If this occurred during the experimental period it could mean that the 

test substance concentration in the water phase is overestimated and therefore add 

inaccuracies to the final EC50 value. The dry weight measurements in this test were 

associated with the highest variability and, therefore, are not recommended as a 

measurement parameter when determining a reliable EC50 value. The very small weight 

values allow for a high level of error. This finding was supported by SETAC Aquatic 

Macrophyte Ecotoxicology Group (AMEC 2012).  Also, the health of the original stock 

plant is very important for accurate results (AMEC 2012, Belgers et al. 2007). Initial 

poor health in the stock population could seriously bias growth and toxicity results. This 

should also be taken into consideration when comparing results with other studies. The 

age or life stage of the test organism may also influence its toxic response to a 

substance. For example, Pereira, Figueiredo et al. (2014) observed that amino acid 

conversion was both enhanced and disturbed in lettuce leaves exposed to mancozeb 

depended on the age of the lettuce leaf. It is possible that other plant responses, or 

changes, are age dependant also. This again may lead to variations between test results.  

The use of percentage inhibition values from both mean measurements and relative 

growth rates (RGR) can add greater insight into the way the pesticide is inhibiting the 

growth of the plant. In general, RGR inhibition is usually higher than the endpoint mean 

value inhibition. This is because RGR in measured in cm growth per day which will be 

a very small increase. Even slight difference in RGR between the control and treatment 

group will lead to high inhibition levels. This may also lead to higher errors among 

values. In comparison, percentage inhibition of mean values generally requires greater 

differences to produce large inhibition values. As a result, by focusing only on RGR 

inhibition the toxic effect may appear quite large. Percentage inhibition based on mean 

measured values is, therefore, considered the more appropriate measure of inhibition. 

However, if plant yield or the rate of growth are of interest for a particular reason, RGR 

inhibition can be a valuable measure of reduction in growth. 

In conclusion, M. aquaticum was found to be a robust plant suitable for use as a toxicity 

test species, however, large variations between replicates does draw the validity of the 

results into question. For the most valuable results to be gained from this toxicity, 

careful attention must be given to minimising variation between replicates. The use of 
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M. aquaticum as a toxicity test species is particularly valuable due to their apparent 

sensitivity to toxins and the variety of parameters available for measurement. The 

inclusion of root number and length as a measure of macrophyte toxicity is 

recommended as this a highly sensitive plant part to toxins. 



165 
 

3.5 Conclusions  
 

 This study has found that EC50 values generated for the toxicity of pesticides on the 

submerged aquatic macrophyte M. aquaticum can vary greatly depending on the 

plant parameter being measured. This highlights the need for thorough toxicity 

testing using a number of endpoints to gain a complete understanding of the toxicity 

of a given substance.  

 

 Due to the large range in sensitivity of parameters, the more parameters that can be 

measured the more accurate the results will be. Roots are particularly sensitive to 

toxins, and where possible, should always be included in toxicity tests. Root length 

proved to be another very sensitive parameters to pesticides. Biomass Dry weight 

was the least reliable parameter measured due to the small values and large SD/CV.  

 

 Increasing the measurement period from seven to fourteen days is advised as this 

allows sufficient time for doubling of control plants.  

 

 Switching from the use of L. minor in toxicity tests to using more complex 

macrophyte species, such as M. aquaticum, will allow for a greater range of 

measurements to be taken and a better understanding of the impact of the toxin on 

non-target macrophyte species.  

 

 Five of the six pesticide active ingredients examined exerted a toxic effect on M. 

aquaticum. Glyphosate, mecoprop-p, chlorothalonil, mancozeb, and chlorpyrifos 

were all found to be toxic to the plant. Metaldehyde was the only active ingredient 

which did not stunt the plant growth or show a strong trend between concentration 

and inhibition. The toxicity order of all test substances on M. aquaticum is as 

follows; 

 

Mancozeb > mecoporp-p > glyphosate > chlorpyrifos > chlorothalonil > 

metaldehyde.  
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4. Acute toxicity of agricultural pesticides on the freshwater 

crustacean Daphnia magna.  

4.1 Introduction 

The Daphnia magna immobilisation test (OECD 202) is a well establish study used to 

determine the toxicity of a given substance on non-target invertebrates.  It is important 

in the registration processes of products such as plant protection product, biocide, and 

other substances and is a required data point in the submission for registration and re-

registration of products and their active ingredients.  The EU Regulation for the 

registration of Plant Protection Products (1107/2009) is now limiting unnecessary 

testing of vertebrates for the ecotoxicology testing of new and existing products.  

Therefore the Acute Immobilisation Test of Daphnia (OECD 202) will become 

increasingly important in the registration process of active ingredients as D. magna 

become the highest order freshwater organism tested without restriction.  The impact of 

a test substance on the freshwater environment as a whole will now be heavily 

influenced by the sensitivity of D. magna to the substance.  In light of the increased 

importance of the OECD 202 test, this study aims to use the OECD 202 test to 

determine the toxicity of plant protection products on the invertebrate populations of 

freshwater ecosystems and aims to suggest modifications specific to plant protection 

products if applicable. This data will be used to help assess the overall toxicity of the 

pesticide test substances on the freshwater system as a whole. 

The cladoceran Daphnia magna straus, common name water flea, is a herbivorous 

zooplankton species found in both fresh and brackish water (Faassen, García-Altares et 

al. 2015). It is commonly used as an invertebrate test species for ecotoxicology studies 

(Lennuk, Kotta et al. 2015).  They exhibit both parthenogenetic (Krylov and Osipova 

2013) and sexual reproduction (Baer, McCoole et al. 2009).  As a survival mechanism 

daphnia shift to sexual reproduction, producing resting or winter eggs called ephippia 

eggs which are capable of surviving long period before being fertilised (Baer, McCoole 

et al. 2009), therefore helping them to survive unfavourable environmental conditions.  

D. magna occupies a key place in the freshwater ecosystem, being both a grazer and 

also a food source for fish (Dalla Bona, Lizzi et al. 2016).  D. magna have a positive 

impact on the health of the freshwater environment and it has been shown that daphnia 
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grazing has a positive effect on phytoplankton diversity, making them a keystone 

predator, especially in standing (lentic) waters (Sarnelle 2005).  

Daphnia species are widely used in ecotoxicology studies being considered ideal 

species for toxicity tests because of their size and short life cycle, as well as the fact 

they are easily cultured in the laboratory environment (Lee, Kim et al. 2009). They are 

also sensitive to a variety of substance and respond quickly to foreign substances (Jang, 

Park et al. 2016).  Unlike higher level organisms D. magna rely on the transfer of 

oxygen across body surfaces making them highly susceptible to poison from the 

surrounding environment (Sherrard, Murray-Gulde et al. 2003).  Invertebrates 

intermediate position in freshwater systems make them useful toxicity species as they 

can be a good indicator species of the response of the overall system to a particular 

substance (Neves, Castro et al. 2015). One disadvantage of using D. magna as a test 

organism is that it does not allow for the evaluation of the toxicity of a substance over a 

longer time period as substance exposure usually causes immediate death in D. magna 

(Jang, Park et al. 2016).  However, this immediate response to substance exposure can 

be an advantage in that the toxicity of a substance can be determined quickly, within 48 

hours using the Daphnia Acute Immobilisation Test OECD 202 (OECD 202).  Previous 

statistical analysis of the acute toxicity of 468 substances showed that in 82% of cases 

daphnia toxicity data was within one order of magnitude to that of all other Cladocera 

species (Sánchez-Bayo 2006).  For these reasons, Daphnia are considered an ideal 

species for the ecotoxicological assessment of potentially dangerous substances on 

invertebrate communities and the wider ecosystem. 

The OECD 202 Daphnia spp. Acute Immobilisation Test has been used to assess the 

toxicity of a wide variety of test substances on D. magna species.  These include 

nanoparticles (Lee, Kim et al. 2009, Bacchetta, Santo et al. 2017, Ribeiro, Van Gestel et 

al. 2017), antibacterials (Dalla Bona, Di Leva et al. 2014), elements including Cerium 

(Ce) and thorium (Th) (Ma, Wang et al. 2016) and flame retardant (Waaijers, Hartmann 

et al. 2013).  The same OECD Acute Immobilisation test has also been used to 

determine the toxicity of agricultural pesticides on aquatic invertebrates.  Pesticide 

active ingredients including the herbicides propanil, atrazine, butachlor, glyphosate and 

rimsulfuron (Martins, Chevre et al. 2001, Pereira, Hill et al. 2010, He, Yu et al. 2012, 

Sihtmäe, Blinova et al. 2013), the fungicides carbendazim, prochloraz, azoxystrobin, 

(Cedergreen, Kamper et al. 2006, Ferreira, Loureiro et al. 2008, Silva, Cardoso et al. 
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2015) and insecticides methomyl, chlorfenvinphos, dimethoate, pirimicarb, 

(Cedergreen, Kamper et al. 2006, Pereira, Hill et al. 2010) have all been assessed using 

this method.  Previous acute toxicity studies of pesticides have been carried out on 

single active ingredients, mixtures of active substances and pesticide formulated 

products.  The test has been extensively used in the registration process of new and 

existing pesticide products in the past.  

The importance of studying the effect of agricultural chemicals on the invertebrate 

community of water bodies is evident from the wide variety of impacts these substances 

have had on invertebrates and the wider ecosystem in the past.  A study carried out by 

Inostroza, Wicht et al. (2016) found 13 different pesticides present follow body burden 

analysis of the gammarid species Dikerogammarus when sampled from 18 different 

locations on the Danube River.  While the gammarids were not observed to be seriously 

affected by the occurrence of pesticides, the bioaccumulation seen here indicates the 

potential for a longer term impact of the presence of pesticides in the environment.  

Pesticides can also have a negative impact on macroinvertebrate community structure 

by decreasing the abundance of pesticide sensitive species as observed by Münze, 

Orlinskiy et al. (2015).  The presence of pesticides in the water phase was also shown to 

reduce the decomposition of leaf litter in the ecosystem.  This is thought to be as a 

result of the change in the taxa and abundance of shredder species caused by the 

presence of pesticides (Münze, Orlinskiy et al. 2015). This has implications for the 

whole system as leaf litter is used as a food source and micro habitat for a variety of 

animals that may not otherwise be directly impacted by the introduction of agricultural 

chemicals into the environment.  Furthermore, neuro-toxicological effects such as 

enzyme inhibition and weak or lack of adherence to vessels have been observed in the 

freshwater snail Chilina gibbosa following exposure to the insecticide active ingredient 

azinphos-methyl (Cossi, Beverly et al. 2015).  These studies highlight the fact that these 

chemicals can have a number of adverse effects, not just mortality.  Invertebrates are 

very sensitive to pesticide exposure and it is therefore essential that an invertebrate 

toxicity assessment is carried out on all chemicals likely to end up in the freshwater 

environment.    

The Daphnia Acute Immobilisation Test (OECD 202) is a well-established toxicity test.  

As a result, this study aims to assess the benefits and drawbacks of using this study and 

make specific recommendations for assessing plant protection products using the 
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OECD 202 guideline.  Secondly, this test will examine and quantify the inhibitory 

effect of six widely used plant protection products and assess their potential toxicity 

towards the invertebrate population.  Finally, by assessing the toxicity of the chosen 

pesticides using this study it will be possible to compare results in the previous BOD 

inhibition test (Chapter 2) and macrophyte inhibition test (Chapter 3) to the results 

presented here.  This will help to gain a better understanding of the overall toxicity of 

these substances to freshwater environments.  

The aims of this study are: 

1) To investigate the toxicity of six agricultural chemicals on the mobility and 

mortality of Daphnia magna. 

2) To investigate the potential for agricultural pesticides to impact on the invertebrate 

community of a freshwater environment.  

3) Evaluating the usefulness and establish potential amendments to the OECD 202 

toxicity test specific to Plant Protection Products. 

The Hypotheses of this study are; 

1) Formulations based on pesticide active ingredients glyphosate, mecoprop-p, 

chlorothalonil, mancozeb, chlorpyrifos, and metaldehyde adversely affect Daphnia 

magna. 

2) The adverse effects of pesticide formulations on Daphnia magna, based on pesticide 

active ingredients glyphosate, mecoprop-p, chlorothalonil, mancozeb, chlorpyrifos, 

and metaldehyde can be established by measuring immobility and mortality rates 

following exposure. 

3) Daphnia magna can be used as a representative species to assess the effects of 

pesticide formulations, based on glyphosate, mecoprop-p, chlorothalonil, mancozeb, 

chlorpyrifos, and metaldehyde, on the invertebrate community of a freshwater 

environment. 
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4.2 Method 

4.2.1 Experimental protocol 

The standard method OECD 202 was followed to carry out the Daphnia sp. acute  

Immobilisation Test (OECD 202).  The test can be carried out over a period of 24 hr or 

48 hrs.  In this case, the test duration was 48hrs to allow for a longer exposure period.  

Tests were carried out in 200 ml glass beakers, each covered by a glass coverslip. Each 

beaker contained 50 ml of test solution.  At each test concentration, and for the control, 

four replicated were used. Once the test solution has been prepared and added to each 

beaker, 5 animals are added to each of four beakers, using a sterile plastic pipette. This 

equals a total of 20 animals per concentration.  All beakers are then placed in a fume 

cupboard under constant light for the duration of the test.  After 48hrs all daphnia are 

examined for mobility and mortality.  Immobilisation is defined in the standard protocol 

as “those animals not able to swim within 15 seconds after gentle agitation of the test 

container”.  

The test was conducted under light and in a fume cupboard for safety reasons 

considering the toxic nature of the substances being tested.  The test substance was not 

aerated during the test period to avoid disturbing the daphnia or effecting swimming 

behaviour.  The daphnia were grown in constantly aerated medium prior to the start of 

the test.  

4.2.2 Test species 

Daphnia magna is the recommended test species for the OECD 202 test.  Test 

specimens are cultured in the laboratory under plant growth lights, at a temperature of 

20ºC. Culture populations were maintained in 500 ml beakers containing nutrient 

solution and fed dried Spirulina once a week.  The growth medium is also changed once 

a week.  For test purposes, only Daphnia magna less than 24 hours old were used in the 

test.  The culturing conditions of the daphnia are shown in Figure 4.1. 

 



172 
 

 

Figure 4.1 Culturing condition of Daphnia magna prior to test initiation. 

4.2.3 Test solution 

The dilution water chosen for this study was a combination of commercially bought 

unchlorinated drinking water.  A 500 ml to 100 ml mixture of hard and soft water was 

used as this was shown to have the lowest mortality levels among daphnia.  This 

combination of hard and soft water was shown to be the best combination for the 

survival of the daphnia under test conditions (Mortality = 5%).  As with the previous 

bacteria and macrophyte toxicity tests, six formulated pesticide products with the active 

ingredients glyphosate, mecoprop-p, chlorothalonil, mancozeb, chlorpyrifos, and 

metaldehyde were all examines for this acute toxicity test of daphnia.  The formulated 

product names and % ww active ingredients are given in Chapter 2, Table 2.2. 

4.2.4 Statistical analysis 

One way ANOVA was performed on % mortality values at each pesticide 

concentration. Tukey’ pairwise analysis was used to establish where significant 

differences existed between concentrations.  

GraphPad Prism 6 was used to generate dose response curves plotting the log of 

exposure concentration against % inhibition. EC50 values for each chemical studied 

were then generated from the graph.   
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4.3 Results 

4.3.1 Glyphosate 

The Daphnia magna acute immobilisation test was performed at glyphosate product 

concentration of between 0.2 - 2%. At concentration from 0.2% to 1% mobility was still 

high after 48 hours.  Percentage mortality levels ranged from 0% to 10% across this 

concentration range.  Mortality rose sharply at a concentration greater than 1% 

glyphosate solution.  At a glyphosate concentration of 1.4% and above, a minimum of 

80% mortality was observed (Table 4.1). Figure 4.2 illustrates that between 1% and 

1.4% glyphosate concentration the daphnia moved from a mobile state to high levels of 

mortality. This is supported by the EC50 value which was calculated from the dose 

response curve in Figure 4.3. The EC50 value was 1.209% corresponding to glyphosate 

ww concentration of 110 mg/l. A small number of D. magna were observed to be 

immobile at 1%, 1.2%, and 1.4% pesticide concentrations however this was not 

significantly different from the control. A significant difference was observed between 

mortality (ANOVA, F(10, 45) = 73.02, p = 0.000) and mobility (ANOVA, F(10, 45) = 

55.63, p = 0.000) levels at increasing glyphosate product concentrations. Mortality 

levels at concentrations of 1.4% - 2% were not significantly different from each other 

but were significantly higher than at all other concentrations.  Mortality at 1.2% was 

also different to all other mortality levels. No significant difference was recorded 

between the control and concentrations up to 1% glyphosate product. Likewise, 

mobility at concentrations of between 0% - 1% was significantly higher than mobility 

levels recorded at between 1.2% – 2% product concentrations.  Immobility levels did 

not vary significantly between exposure concentrations (ANOVA, F(10,45) = 1.43, p = 

0.198).  

Table 4.1 Immobility and mortality data following 48 hours exposure to glyphosate based herbicide. 

Concentration 

(%) 

n Mobile Immobile Mortality % Immobility % Mortality 

0 40 35 3 2 7.5% 5% 

0.2 20 20 0 0 0% 0% 

0.4 20 18 0 2 0% 10% 

0.6 20 20 0 0 0% 0% 

0.8 20 19 0 1 0% 5% 

1.0 40 34 3 3 7.5% 7.5% 

1.2 20 8 2 10 10% 50% 

1.4 20 2 2 16 10% 80% 

1.6 20 2 0 18 0% 90% 

1.8 20 0 0 20 0% 100% 

2.0 40 2 0 38 0% 95% 
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Figure 4.2 Mobility and mortality curve at increasing concentrations of glyphosate based herbicide. 
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Figure 4.3 Dose response curve based on percentage mortality following 48 hours exposure to a 

glyphosate based herbicide. 

4.3.2 Mecoprop-p 

The control specimens for mecoprop-p evaluation had higher than usual mortality 

levels. This high control mortality is discussed in Section 4.4.5. Aside from the control 

population, all other treatment levels showed an increasing mortality level with 

increasing exposure level. Zero mortality was found at a 1% exposure level rising to 

100% mortality at a concentration of 50% and above (Table 4.2). Mobility levels 

fluctuated slightly between 0% to 10% exposure levels. At 20% exposure and above 

mobility was severely limited or absence at the highest concentrations. Significant 

differences in mobility occurred between low levels of exposure (1 -10%) and all other 

concentration levels (ANOVA, F(7, 48) = 29.25, p = 0.000). A significant difference 
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also occurred between the control and higher exposure levels of 25% to 100%. No 

difference was seen between the mortality levels of the control and those found at 20% 

mecoprop-p test concentration. Significant differences were also observed between 

mobility levels at different concentrations (ANOVA, F(7,48) = 29.16, p = 0.000).  

These differences were between the lower test concentrations (1–10%) and all other 

concentrations. The control was also recorded as being significantly different from 50% 

and 100% treatment levels.  

Table 4.2 Immobility and mortality data following 48 hours exposure to a mecoprop-p based herbicide.  

Concentration 

(%) 
n Mobile Immobile Mortality % Immobility % Mortality 

0 40 13 2 25 5.00% 62.5 

1 20 20 0 0 0.00% 0 

5 40 35 0 5 0.00% 12.5 

10 39 29 1 9 2.56% 23.08% 

20 20 4 0 16 0.00% 80 

25 40 1 0 39 0.00% 97.5 

50 40 0 0 40 0.00% 100 

75 20 0 0 20 0.00% 100 

100 40 0 0 40 0.00% 100 

 

  

Figure 4.4 Mobility and mortality curve at increasing concentrations of mecoprop-p based herbicide. 
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Figure 4.5 Dose response curve based on percentage mortality following 48 hours exposure to a 

mecoprop-p based herbicide.  

4.3.3 Chlorothalonil 

Chlorothalonil proved to be highly toxic to D. magna.  At the first concentration of 

0.1%, a mortality level of 72.5% was achieved.  At concentrations of 1% and above, 

100% mortality was observed.  The EC50 value of chlorothalonil for D. magna is 

therefore very low (~9.345e-006 %). Figure 4.6 illustrates that Daphnia mortality rose 

sharply with only a small increase in chlorothalonil concentration. Significant 

differences were recorded between mobility (ANOVA, F(6,45) = 47.85, p = 0.000) and 

mortality (ANOVA, F(6, 45) = 39.03, p = 0.000) levels across the exposure range. In 

terms of mobility, significant differences were present between the control and all other 

concentrations. Mobility at 0.1% chlorothalonil was also significantly different from all 

others. The mortality level of the control was significantly less than at all other 

concentrations as was mortality at 0.1% exposure level.   

Table 4.3 Immobility and mortality data following 48 hours exposure to a chlorothalonil based fungicidal 

product.  

Concentration 

(%) 

n Mobile Immobile Mortality % Immobile % Mortality 

0 40 36 0 4 0.00% 10 

0.1 40 9 2 29 5.00% 72.5 

1 40 0 0 40 0.00% 100 

5 40 0 0 40 0.00% 100 

10 40 0 0 40 0.00% 100 

50 40 0 0 40 0.00% 100 

100 20 0 0 20 0.00% 100 
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Figure 4.6 Mobility and mortality curve at increasing concentrations of chlorothalonil based fungicide. 
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Figure 4.7 Dose response curve based on percentage mortality following 48 hours exposure to a 

chlorothalonil based fungicide. 

4.3.4 Mancozeb 

An initial range finding experiment was carried out at a concentration range of 0.1 – 

100%. A significantly higher mortality rate than the control was seen at 5% 

chlorothalonil concentration and above.   

Table 4.4 Immobility and mortality data following 48 hours exposure to a mancozeb based fungicide at 

concentrations of 0 - 100%.  

Concentration 

(%) 

n Mobile Immobile Mortality % Immobility % Mortality 

0 20 7 0 13 0% 65 

0.1 20 12 3 5 15% 25 

1 20 1 3 16 15% 80 

5 20 0 0 20 0% 100 

10 20 0 0 20 0% 100 

50 20 0 0 20 0% 100 

100 20 0 0 20 0% 100 
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A second study was carried out at concentrations between 0.01% and 10% to more 

accurately calculate an EC50 value for mancozeb. At 0.1% a percentage mortality of 

26.32% was observed. Above this concentration, a significant difference was seen 

between the % mortality of the control and all other treatment levels (Table 4.5).  A 

dose response curve for mancozeb is given in Figure 4.9.  The EC50 value generated 

from this graph was 0.1357% which corresponds to a mancozeb ww of 0.002 mg/l. In 

the case of mobility, significant differences did occur between some exposure levels 

(ANOVA, F(8,46) = 9.88, p = 0.000), specifically between low ( 0%-0.1%) and high 

(0.5% - 100%) treatment levels. The only significant difference that was observed for 

immobility was at 0.01% treatment which was significantly higher than other 

concentrations tested (ANOVA, F(8,46) = 5.37, p = 0.000). Significant differences 

between mortality levels were noted (ANOVA, F(8,46) = 17.76, p = 0.000). Tukey 

Pairwise comparison identified that these differences occurred between the lowest 

exposure levels (0% -0.1%) and all other exposure concentrations.  

Table 4.5 Immobility and mortality data following 48 hours exposure to a mancozeb based fungicidal 

product.  

Concentration 

(%) 

n Mobile Immobile Mortality % Immobility % Mortality 

0 20 16 0 4 0% 20 

0.01 20 12 8 0 40% 0 

0.1 19 10 4 5 50% 26.32% 

0.5 20 1 0 19 0% 95 

1 20 0 0 20 0% 100 

5 20 0 0 20 0% 100 

10 20 0 0 20 0% 100 
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Figure 4.8 Mobility and mortality curve at increasing concentrations of a mancozeb based fungicide. 
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Figure 4.9 Dose response curve based on percentage mortality following 48 hours exposure to a 

mancozeb based fungicidal product.  

4.3.5 Chlorpyrifos 

The results of chlorpyrifos exposure to D. magna are given in Table 4.6 and Figure 

4.10.  At low concentrations up to and including a chlorpyrifos concentration of 10%, 

mortality was not significantly different to the control. At 25% concentration a 

mortality level of 90% was achieved rising to 100% mortality at 50% and 100% 

chlorpyrifos concentration and these were significantly higher than mortality levels seen 

at 0%, 0.1% and 2% chlorpyrifos product concentration (ANOVA,  F(11,44) = 6.41, p 

= 0.000). However, there was fluctuation in mortality at all concentrations from 0% to 

5% chlorpyrifos concentrations and no clear pattern was observed until higher 

concentrations. Similarly to mortality, immobility fluctuated between exposure 

concentrations until 5%, where immobility began to decrease with increasing 
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chlorpyrifos concentration until zero immobile and 100% mortality was observed at 

50% and 100%.  While a significant difference did occur between mobility levels, a 

clear pattern was not evident (ANOVA, F=(11, 44) = 7.58, p = 0.000). In term of 

mobility, only mobility levels observed in the control were significantly different from 

any of the treated daphnia specimen (ANOVA, F(11,44) = 7.30, p = 0.000). 

Chlorpyrifos had a clear effect on mobility at even the lowest concentrations and no 

mobility was observed in any treated tests. The control, 0.5% and 10% -100% 

chlorpyrifos concentrations could not be distinguished. However, 50% and 100% 

chlorpyrifos treatment resulted in significantly less mobility than other lower 

concentrations. An EC50 value of 16.89% was generated from the dose response curve 

(Figure 4.11). This corresponds to a chlorpyrifos concentration of 2.83 µg/l wet weight.  

Table 4.6 Immobility and mortality data following 48 hours exposure to a chlorpyrifos based insecticide 

product at concentrations of 0 - 100%. 

Concentration 

(%) 
n Mobile Immobile Mortality % Immobile % Mortality 

0 40 21 6 13 15.00% 32.5 

0.01 20 0 13 7 65.00% 35 

0.1 20 0 12 8 60.00% 40 

0.5 20 0 8 12 40.00% 60 

1 40 0 18 22 45.00% 55 

1.5 20 0 10 10 50.00% 50 

2 20 0 13 7 65.00% 35 

5 20 0 9 11 45.00% 55 

10 20 0 6 14 30.00% 70 

25 20 0 2 18 10.00% 90 

50 20 0 0 20 0.00% 100 

100 20 0 0 20 0.00% 100 
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Figure 4.10 Mobility, immobility and mortality curve at increasing concentrations of a chlorpyrifos 

based fungicide.  
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Figure 4.11 Dose response curve based on percentage mortality following 48 hours exposure to a 

chlorpyrifos based product. 

4.3.6 Metaldehyde 

The results from the metaldehyde toxicity test are given in Table 4.7 with the 

percentage mobility/mortality being illustrated in Figure 4.12.  Mortality in the control 

and at low concentrations of 0.1% and 1% were higher than expected. There was no 

significant difference between percentage mortality from 0% and 90%. Percentage 

mortality was low at these concentrations (0 – 25%) with the corresponding percentage 

mobility being high.  At 100% metaldehyde concentration, mortality rose sharply to 

97.5%. The only significant difference in mobility occurred at 100% metaldehyde when 

compared to all other concentrations (ANOVA, F(10,45) = 8.48, p = 0.000). The only 

significant difference in immobility levels was at 70% exposure which showed a higher 
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immobility level than at any other concentration (ANOVA, F(10,45) = 4.95, p = 0.000).  

Finally, mortality at 100% was significantly higher than at the other metaldehyde levels 

(ANOVA, F(10,45) = 10.01, p = 0.000). It was difficult to fit a dose response curve to 

this data set due to the fluctuation in the % mortality figures. As a result, the R
2
 value 

for Figure 4.13 is just 0.08410. It was not possible to calculate an accurate EC50 value 

from the slope of this line.  The large increase in mortality between the 90% and 100% 

treatment levels may be a result of measurement inaccuracies and the dilution of the test 

substance.  This has been discussed in more detail in section 4.4.1.  

Table 4.7 Immobility and mortality data following 48 hours exposure to a metaldehyde based product at 

concentrations of 0 - 100%. 

Concentration 

(%) 
n Mobile Immobile Mortality % Immobile % Mortality 

0 40 28 2 10 5.00% 25 

0.1 20 10 0 10 0.00% 50 

1 20 12 0 8 0.00% 40 

5 20 16 2 2 10.00% 5 

10 20 20 0 0 0.00% 0 

50 40 30 4 6 10.00% 15 

60 20 16 1 3 5.00% 15 

70 20 11 7 2 35.00% 10 

80 20 15 0 5 0.00% 25 

90 20 16 1 3 5.00% 15 

100 40 0 1 39 2.50% 97.5 

 

 

Figure 4.12 Mobility and mortality curve at increasing concentrations of a metaldehyde based product. 
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Figure 4.13 Dose response curve based on percentage mortality following 48 hours exposure to a 

metaldehyde based product.  

4.3.7 Results Summary 

The toxicity levels of each product tested, represented by EC50 values calculated from 

the dose response curve, are given in Table 4.8. A summary of the mobility, immobility 

and mortality levels which occurred in all control populations are summarised in Table 

4.9. The high mortality levels observed in some control groups are discussed in Section 

4.4.5 of this chapter.  

Table 4.8 Summary table of the EC50 value of daphnia for each substance tested. 

Active ingredient % of Field application level EC50 

Glyphosate 1.209% 110 mg/l 

Mecoprop-p 22.03% 820 mg/l 

Chlorothalonil < 0.1% < 5 mg/l 

Mancozeb 0.1357 % 2 µg/l 

Chlorpyrifos 16.89% 2.83 µg/l 

Metaldehyde 0.2420%* 1.84 mg/l* 

*Poorly fit line 

Table 4.9 Summary table of mobility, immobility, and mortality in all control groups for each substance 

tested.  

 n Mobile Immobile Mortality % Mobile 
% 

Immobile 

% 

Mortality 

Glyphosate 40 35 3 2 87.50% 07.50% 05.00% 

Mecoprop-p 40 13 2 25 32.50% 05.00% 62.50% 

Chlorothalonil 40 36 0 4 90.00% 00.00% 10.00% 

Mancozeb 20 16 0 4 80.00% 00.00% 20.00% 

Chlorpyrifos 40 21 6 13 52.50% 15.00% 32.50% 

Metaldehyde 40 28 2 10 70.00% 05.00% 25.00% 

Totals 220 149 13 58 67.73% 05.91% 26.36% 

Total combined immobility and mortality of control groups 32.27% 
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4.4 Discussion 

4.4.1 EC50 values 

Glyphosate 

This study found an EC50 value of 1.209% corresponding to 110 mg/l based on 

mortality.  Roundup Pro Biactive SDS states the EC50 value for daphnia as being 676 

mg/l ww (Monsanto 2012).  This would suggest that daphnia were far less sensitive to 

the product than the results shown here indicate.  However, when compared to EC50 

values found by other authors, an EC50 value of 110 mg/l appears to be high.  Hansen 

and Roslev (2016) recorded an EC50 value based on mobility of 8.9 mg/l after 48 hours.  

These experiments were however carried out using pure glyphosate active ingredient 

and not the formulated product as used here.  Hansen and Roslev (2016) also 

discovered that EC50 values based on activity time and distance moved were lower than 

8.9 mg/l after 24 hours but higher after 48 hours.  This could suggest recovery of 

daphnia between 24 and 48 hours. Another author cited an EC50 value as low as of 

0.657 mg/l following 96 hours exposure to Liquid Roundup in laboratory tests.  The test 

was carried out on Daphnia pulex, with daphnia being the most sensitive species of all 8 

aquatic species studies (Mensah, Palmer et al. 2013).  Based on the above mentioned 

literature, the toxicity of Roundup and glyphosate ranged from 0.657 mg/l to 676 mg/l.  

The results of this study fall within this range, but it is clear that no definitive toxicity 

value has been established for glyphosate based products towards daphnia and the wider 

aquatic invertebrate community.  The variation in EC50 values suggests that toxicity 

tests are substance specific even for products with the same active ingredient.  In this 

case, the results found here indicate that Roundup Pro Biactive does not pose a high risk 

to aquatic invertebrates and is less toxic than other glyphosate formulations.  

Mecoprop-p 

Based on the mortality levels observed here, the EC50 of mecoprop-p was calculated to 

be 22.03% or 820 mg/l.  Nitschke, Wilk et al. (1999) observed no immobilisation of 

daphnia up to an exposure level of 100 mg/l mecoprop after 24 hours.  Likewise, no 

inhibition of reproduction was observed over a 21 day period.  The results found in this 

study and in that of Nitschke, Wilk et al. (1999) would suggest that mecoprop-p is not 

very toxic to daphnia or other freshwater crustaceans and is less toxic than glyphosate, 
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the other herbicide examined for this study.  Even though daphnia inhibition following 

direct exposure to herbicide products appears low, herbicides have been observed to 

inflict indirect exposure effects on daphnia also. Bessa da Silva, Abrantes et al. (2016) 

examined the effect that an herbicide contaminated food source had on daphnia.  The 

daphnia were fed on pendimethalin contaminated green algae (Raphidocelis 

subcapitata).  After 26 days of feeding on the contaminated food source, the daphnia 

had bioaccumulated 4.226 μg g
−1

 wet biomass of pendimethalin.  Reproduction was 

also found to be significantly reduced in these daphnia. The results of this and other 

studies would suggest that while mecoprop-p, and many other herbicide active 

ingredients, does not pose a serious risk to daphnia at typical environmental 

concentrations, there is evidence to suggest that the presence of herbicides can still 

impact on daphnia through bioaccumulation in biomass and reproductive output.  This 

highlights the need to extend the toxicity assessment of active substances beyond 

mortality data and address a wide range of possible endpoints.  

Chlorothalonil 

Chlorothalonil was found to be quite toxic to daphnia with an EC50 value of < 0.1% or 

< 5 mg/l active substance ww being observed.  72.5 % mortality was achieved at just 

0.1% chlorothalonil formulation.  An EC50 value of 9.345e-006% was generated from 

the dose response curve.  However, due to the fact that high levels of mortality were 

achieved at the first concentration level, it is difficult to calculate an accurate EC50 

value using this method and an estimate of toxicity (< 5 mg/l a.i. ww)  is the most 

appropriate value to use. The stated EC50 of the chlorothalonil formulated product to 

daphnia was 70 ppb according to the product MSDS (Syngenta 2011).  This would 

support the low EC50 value found in this study also.  Further analysis on a range of 

concentrations between 0% and 1% chlorothalonil concentrations would help to 

pinpoint the EC50 value for this chlorothalonil product.  Fernández-Alba, Hernando et 

al. (2002) used the same method as used above (OECD 202) to measure the toxicity of 

the active substance chlorothalonil towards daphnia.  The resulting EC50 value was 

cited as 0.07 mg/l after 24 hours and 0.028 mg/l after 48 hours.  The LOEC values for 

the same study were 0.016 mg/l after 24 hours and 0.014 mg/l after 48 hours.  In a 

literature review of the toxicity of chlorothalonil on a number of species, DeLorenzo 

and Fulton (2012) found that toxicity ranged from an LC50 value of 27 µg/l in 
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threespine stickleback to an EC50 value of 3.6 µg/l in Easter oysters. Chlorothalonil was 

the most toxic substance to early life stages of molluscs and fish species while adult 

molluscs were the least sensitive to the active substance. The freshwater 

microcrustacean Ceriodaphnia dubia was found to have a 7 day LC50 value of 156 µg/l 

and a 7 day potency value of 0.94 % mortality µg/l (Sherrard, Murray-Gulde et al. 

2003).  In another study on the soft-shell clam Mya arenaria, using the same 

chlorothalonil formulation examined in this study (Bravo 500), no mortality was 

observed after 3 days at 2 mg/l chlorothalonil. However chronic exposure to the same 

product formulation led to a 35% mortality rate in clams after 35 days exposure to l µg/l 

active ingredient (Pariseau, Saint-Louis et al. 2009). Pariseau, Saint-Louis et al. (2009) 

observations highlight that prolonged exposure to sub-lethal concentrations of 

chlorothalonil can also pose a threat to aquatic organisms. All of these studies suggest 

that chlorothalonil is severely toxic to aquatic invertebrate even at very low 

concentrations.  Therefore extreme caution should be taken to avoid chlorothalonil 

contamination of waterways and strict instructions and guidelines should be given to 

suppliers and users to avoid misuse.   

Mancozeb 

The reported toxicity of the mancozeb formulation Dithane 945, given on the product 

SDS, is 1 mg/l after 48hr exposure (Bayer 2006).  In this study, the EC50 after 48hrs 

exposure was 0.14% or 0.002 mg/l w/w active ingredient. The EC50 found here is an 

order of magnitude smaller than that give in the product information.  However, a 

previous study by Van Leeuwen, Maas-Diepeveen et al. (1985) recorded a far higher 48 

hr LC50 of 1.3 mg/l following daphnia exposure to mancozeb.  Interestingly, the LC50 of 

mancozebs main metabolite Ethylenethiourea (ETU) after 48 hr was 26.4 mg/l (Van 

Leeuwen, Maas-Diepeveen et al. 1985).  These results suggest that a definitive EC50 

value for mancozeb towards daphnia has not been established with cited results varying 

by several orders of magnitude. Mancozeb has also been observed to adversely affect 

other non-target aquatic organisms in the past. An investigation into the effect of the 

mancozeb formulated product Mancozan on the eel species Anguilla anguilla L. found 

significant DNA damage after 3 days exposure to a concentration of 2.9 μg L
− 1

 

(Marques, Rego et al. 2016). This highlights the potential risk mancozeb poses to the 

aquatic environment even at environmentally realistic concentrations. The toxicity level 
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found in Marques, Rego et al. (2016) study is comparable to the EC50 value calculated 

from this research exercise. Pariseau, Saint-Louis et al. (2009) found that following 

chronic exposure to the mancozeb product Manzate 200 DF the clam species Mya 

arenaria suffered a 30% mortality rate following 35 days exposure to 10 µg/l active 

ingredient. However, short term exposure (3 days) to an increased concentration of the 

same product (2 mg/l active ingredient) caused no mortality in the test specimens.  

While variation in reported toxicity values exists, all values indicate that mancozeb is 

toxic to daphnia and other aquatic organisms due to the mainly low EC50 and LC50 

values cited.  Differences in formulation components will impact on the toxicity of the 

substance leading to variation in the toxicity of mancozeb based products.  Overall 

fungicidal products have been observed to be toxic to daphnia and other aquatic 

invertebrates.  The use of fungicidal products should be strictly regulated to ensure 

water bodies are protected from contamination.  

Metaldehyde 

In this study, an EC50 value for daphnia was found to be 0.242% or 0.184 mg/l 

metaldehyde ww. However, it was not possible to accurately fit a dose response curve 

to the toxicity data points and therefore this EC50 value is not thought to be reliable.  

The 48 hour EC50 value for daphnia as stated on the product MSDS was > 90 mg/l, 

indicating that this product is not particularly toxic to daphnia (Scotts 2008).  However, 

the results found in this study indicate that it is much more toxic to the species.  At 

lower concentrations of the metaldehyde based product (0 - 1%) mortality was 

unexpectedly high ranging from 2 - 40% mortality. However, at higher product 

concentrations (5 - 90%), mortality was lower, ranging between 15 - 25%.  97.5% 

mortality was noted at 100% strength solution.  During periods of low mortality, 

mobility remained high suggesting that no adverse effects were felt by the daphnia at 

these concentrations (Table 4.7).  One possible reason for this is that the study was run 

in two parts with the low concentrations being run together and the higher 

concentrations carried out at a different time.  Changes in environmental conditions 

between tests could be a factor in the variation, however, every effort was made to keep 

experimental conditions constant.  The issue of solubility of the test substance, 

particularly at higher concentration levels, could also be an issue of concern in this 

circumstance.  Due to the small volume of test solution being tested, it was not possible 
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to aerate or stir the medium during the test without disturbing the daphnia.  Therefore 

the actual concentration may have been lower than the nominal concentration due to 

settling out of the test substance and may have caused the lower than expected mortality 

levels at >5%. Conversely, very low concentrations of the test substance can be hard to 

measure accurately meaning that lower concentrations may, in fact, be higher than the 

nominal value.   

Previous studies have identified the prolonged effect that metaldehyde can have on a 

population.  A study conducted by Cardoso, Santos et al. (2015) found that after 28 

days the LC50 of the collembolan Folsomia candida was 102.43 mg kg
-1

. Reproduction 

was also reduced. The experiment was repeated with the addition of test substance at 0 

and 14 days. On this occasion, the LC50 was reduced to 69.56 mg kg
-1

. Reproduction 

was again effected. The large difference in toxicity levels between the study by 

Cardoso, Santos et al. (2015) and the findings in this chapter could be due to the 

difference in the time interval between exposure and measurement. In this study, 

toxicity was measured after 48 hours compared to 14 or 28 days.  Toxicity was lower 

with increased time. Alternatively, the difference may also be a result of the application 

method. This study used a liquid metaldehyde product diluted in water and the daphnia 

were totally immersed in the solution. However in Cardoso, Santos et al. (2005) paper 

the test species were exposed to the bait form of the metaldehyde product resulting in a 

variation in exposure between individual test animals.  This is a clear example of how 

different species and environments can react differently to the same substance. 

Metaldehyde may be more toxic to freshwater environment and invertebrates than to 

terrestrial molluscs. Metaldehyde is known to degrade quickly in aqueous solution 

(Coloso, Borlongan et al. 1998) and therefore when assessing the toxicity of this active 

ingredient towards aquatic environments a shorter test period is advised. 

The response of daphnia to molluscicide varies greatly depending on the substance. 

Abass and Mostafa (2005) found 0% mortality of daphnia when exposed to sub-lethal 

and lethal levels of a novel enaminones derived from 4-hydroxyquinolinones after 48 

hours. This is compared to exposure to Cu which is another commonly used 

molluscicide.  In this case following sublethal exposure to Cu (30 ppb), daphnia were 

discovered to have significantly reduced swimming velocity after only 9 hours.  

Swimming velocity was significantly reduced following 14 hours of exposure to only 

10 ppb Cu (Untersteiner, Kahapka et al. 2003).  Molluscicides are a varied group of 
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agrichemicals, with a wide range of modes of actions.  While the results found in this 

and other studies did not find a strong toxic effect of molluscicide on daphnia it cannot 

be assumed that daphnia are tolerant of all molluscicide.  Molluscicides also come in a 

number of forms e.g. liquid, pellet and therefore the form of the substance must be 

considered when evaluating its potential for aquatic pollution.  

Chlorpyrifos 

The results of this study established a 48hr EC50 value of 16.89% corresponding to 2.83 

µg/l active substance ww.  Using the same experimental method, OECD 202, Cáceres, 

He et al. (2007) calculated an EC50 value of 0.24 µg/l for pure chlorpyrifos, an EC50 of 

0.20 µg/l for 3,5,6-trichloropyridinol (chlorpyrifos main metabolite) and an EC50 of 

0.08 µg/l for a combined solution of the two.  Cáceres, He et al. (2007) experiment was 

however carried out on the daphnia species D. carinata.  Toumi, Boumaiza et al. (2013) 

investigated the toxicity of deltamethrin, a pyrethroid insecticide, on two strains of 

Daphnia magna. The EC50 after 24hrs was 9.40 and 8.86 µg/l for Strain 1 and 2 

respectively. The 48hr acute EC50 value was calculated to be 0.32 µg/l for Strain 1 and 

0.63 µg/l for Strain 2.  Chlorpyrifos was the only pesticide product examined in this 

study which recorded similar immobility and mortality levels up to a concentration 

level of > 25% when mortality was the main response observed.  If we combine 

immobility and mortality data for chlorpyrifos then the chlorpyrifos based product 

examined here is highly toxic to daphnia even at 0.01%.  No mobile daphnia were 

observed at any of the treatment concentrations after 48 hours. The EC50 values 

generated in this and other toxicity studies show that chlorpyrifos and other insecticides 

are highly toxic to daphnia and other aquatic invertebrates even at a microgram level.   

Insecticides not only cause mortality to invertebrates but can also cause behavioural 

changes to species. Berghahn, Mohr et al. (2012) found that 12 hour pulses of 12 µg/l of 

the insecticide imidacloprid resulted in taxon-specific increases in the drift of 

Gammarus roeseli and other insect larvae. There was also a pulse by pulse decrease in 

the activity levels of adult G. roeseli. Activity levels were not examined in the present 

study and the toxicity of the test substances was based solely on mortality levels at the 

end of a 48 hour period.  The pesticide was also only introduced at the beginning of the 

experiment and not at intervals as with Berghahn, Mohr et al. (2012) study.  It is 

possible that chlorpyrifos may inflict behavioural effects on Daphnia prior to mortality 
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and/or at sub-lethal levels also. Chlorpyrifos can also affect reproduction and 

developmental characteristics of the daphnia. Palma, Palma et al. (2009) recorded a 

decrease in reproduction (total offspring produced) with increasing chlorpyrifos 

concentrations up to a concentration of 0.3 µg/l, following 21 days of exposure. 

Following both maternal and embryo exposure to chlorpyrifos developmental 

abnormalities increased with increasing concentration again up to an exposure level of 

0.3 µg/l (Palma, Palma et al. 2009).  While mortality was the only endpoint measured in 

this study it is clear that insecticides and chlorpyrifos specifically can exert a range of 

different effects on daphnia species. These effects were seen following exposure to very 

low concentrations of the active ingredient.  Chlorpyrifos has the potential to severely 

effect daphnia and the wider invertebrate community without causing mortality.  It’s 

potential to disrupt reproduction, in particular, is important.  The use of a number of 

toxicity endpoints when assessing the toxicity of chlorpyrifos is recommended to 

evaluate all its possible impacts on the environment.  

4.4.2 Comparison of Active ingredients 

The toxicity order of the pesticides based on active ingredient wet weight is as follows;  

Mancozeb > Chlorpyrifos > Metaldehyde > Chlorothalonil > Glyphosate > 

Mecoprop-p   

The mancozeb based product was the most toxic of all six products towards daphnia.  

Chlorothalonil, the other fungicide product tested, was the fourth most toxic product.  

These results suggest that daphnia are sensitive to fungicide products even though they 

are not a target species of fungicides.  Mancozeb is part of a group of fungicide known 

as Dithiocarbamates (DCs).   Dithiocarbamates (DCs) have a wide variety of uses 

including the control of bacteria, molluscs, nematodes and industrial uses as well as 

fungicidal qualities (Van Leeuwen, Maas-Diepeveen et al. 1985).  The widespread of 

uses of DCs could help to explain why the mancozeb based product had such a severe 

effect on daphnia in this case and suggests that it could pose a high risk to invertebrates 

in aquatic environments. Both mancozeb and chlorothalonil are classified as having 

'multi-site' mode of actions by the Fungicide Resistance Action Committee (FRAC 

Fungicide Resistance Action Committee 2016).  Again the varied mode of action points 

to why both fungicidal products were more toxic to daphnia than other substances 

examined.  
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The chlorpyrifos based product was the second most toxic substance examined.  As 

chlorpyrifos is an insecticide active ingredient it is expected that it would have a strong 

inhibitory effect on daphnia and other invertebrates.  Chlorpyrifos is part of the 

organophosphate group of insecticides.  In a comparative study of a number of 

organophosphates to Daphnia magna chlorpyrifos was shown to be the most toxic of all 

substances examined, with an EC50 value of 0.19 µg/l (Kikuchi, Sasaki et al. 2000).  

Organophosphates mode of action makes them a problem substance for daphnia. 

Kikuchi, Sasaki et al. (2000) study highlights that daphnia are particularly sensitive to 

chlorpyrifos as was found in this study also.  Its use should be strictly controlled to limit 

the possibility of chlorpyrifos entering aquatic systems and in particular in areas of 

importance for aquatic invertebrates.  

The metaldehyde based product was found to be the third most toxic substance to 

daphnia. As metaldehyde is a molluscicide it is not targeted at daphnia or other 

freshwater crustaceans.  The high toxicity measured could be due to the consistency of 

metaldehyde product itself. The product is a thick viscous solution which is suspended 

in water.  However if not stirred the product can deposit on the bottom of the beaker.  In 

some of the higher concentrated solutions tested, deposits of the solution were observed 

on the body of dead daphnia. A stirrer could not be added to the beaker as this would 

hinder daphnia mobility. It is not clear if these deposits occurred before or after 

mortality.  In these circumstances, physical contact with the product could have led to 

death.  Likewise, the added weight on the daphnia could have hampered mobility and 

led to mortality. Therefore it is difficult to draw a definite conclusion on the toxicity of 

metaldehyde on daphnia in this case. Further toxicity studies with frequent stirring or 

regular daphnia monitoring over the test period may help to establish if mortality was 

caused by a toxic response to the suspended solution, a physical barrier or a 

combination of both.  

The herbicide products tested were the least toxic compounds to daphnia.  This is to be 

expected as both active ingredients are targeted at plant species and use modes of action 

specific to plants.  However, herbicides still pose a threat to aquatic invertebrates.  

Invertebrates in aquatic environments are more likely to experience changes in their 

community structure, abundance and fitness as a result of loss of food source and 

habitat when exposed to herbicides rather than instant mortality following exposure 

(Prosser, Anderson et al. 2016).  The risk of mortality is only likely due to an extreme 
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exposure event such as a spillage or deliberate contamination of a waterway. The knock 

on effects of herbicide exposure should be considered when assessing the toxicity of 

herbicides to the invertebrate community.  There is likely to be an indirect delayed 

effect rather than an immediate effect.  

4.4.3 Impact of pesticides on crustacean’s in the environment 

Like many other toxicity studies, temperature is an important factor to consider when 

evaluating the toxicity of a substance on daphnia. Bae, Samanta et al. (2016) 

investigated the effect that an increase in temperature had on daphnia offspring and 

their response to Cu exposure.  The study found that daphnia are in fact less sensitive to 

Cu exposure at higher temperatures, 25ºC compared to 20ºC. This could be due to the 

elimination of Cu at higher temperatures or to the fact that the daphnia produces heat 

shock proteins (HSPs) after a stress event which may make them less susceptible to 

heavy metal poisoning.  Secondly, at the highest temperature examined, 25ºC, females 

produced less offspring then at 20ºC and offspring body length was significantly 

reduced.  This could have a number of implications for daphnia and other crustacean’s 

in real life environments.  These results would suggest that increased temperatures 

result in a stress response and make the daphnia better able to cope with additional 

stress events i.e. pesticide exposure.  By matching pesticide application to periods of 

heightened water temperature this may limit the effect a possible exposure event will 

have on the daphnia.  However, this shock response to temperature is only a short term 

response and over a number of generations, the population becomes smaller and less 

able to cope with stress events.  In this case, prolonged periods of high water 

temperature will weaken the daphnia population and make them more vulnerable to 

stress.  Temperature is an important environmental factor to consider when assessing 

the toxicity potential of agricultural chemicals and linking water temperature with 

application periods could be a useful tool in reducing toxicity if a pollution event was to 

occur.  

Another factor to take into account when applying acute laboratory results to field 

situations is the potential for sub-lethal long term pesticide exposure to daphnia, and 

other freshwater crustaceans, and the potential for bioaccumulation that may occur.  

Perfluoroalkyl acids (PFAs), which are used in surfactants, lubricants, and pesticides 

among other substances have shown bioaccumulation quality in daphnia.  The 
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bioaccumulation factor of PFA’s in daphnia is 91 - 380 L kg
−1

 wet weight after 25 days 

exposure (Dai, Xia et al. 2013). However, the highest concentrations of PFA’s were 

recorded 3 days after exposure suggesting that daphnia can rapidly absorb the 

substance.  The accumulation of PFAs in D. magna is most likely explained by their 

partition between organisms and water, therefore water chemistry has an important role 

to play in the extent of bioaccumulation of substances in daphnia.  Sub-lethal 

concentrations of PFA’s were used in the experiment.  Less than 5% mortality was 

observed for the duration of the experiment.  This highlights that substances can cause 

adverse effects on daphnia and the wider environment without causing mortality and 

can persist in the environment long after introduction.  Experiments studying the 

accumulation of nanoparticles in daphnia have led to an altered feeding behaviour with 

the potential to reduce growth and reproduction (Zhu, Chang et al. 2010).  For a 

complete toxicity assessment, longer term exposure should also be taken into account.  

4.4.4 Evaluation of Study 
 

The Daphnia sp. acute Immobilisation Test can be carried out over a 24 hr or 48 hr 

period (OECD 202).  For most toxic substances, including the ones examined here, 

toxic exposure resulting in mortality occurs in a short space of time and in these 

situations the immobilisation test is ideal.  However, depending on the mode of action, 

concentration, and purpose of the study, a longer test period may be useful. For 

example, if a record of recovery following sub-lethal exposure levels is required a 

longer test period would be necessary. Dalla Bona, Di Leva et al. (2014) examined the 

use of a 13 day toxicity study on Daphnia curvirostris and Daphnia magna using a 

combined method based on the acute immobilisation and reproduction inhibition tests 

(OECD 202, 211).  10 antibacterials were examined at sub-lethal concentrations and the 

results indicate that antibacterial products which were not observed to have adverse 

effects after 48 hours had reproductive and lethal effects after extended periods of time.  

Zhu, Chang et al. (2010) found low to no toxicity of nanosized titanium dioxide (nTiO2) 

to daphnia after 48 hrs but that a much higher level of toxicity was found after 72 hours.  

Prolonged chronic exposure over 21 days resulted in significant inhibition of growth 

and reproduction.  It is therefore important to take the test substance into consideration 

when choosing test duration. Special consideration should be placed on the persistence 

of the substance in a freshwater system and its likely exposure time to the environment. 
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Matching the test duration to the test substance half-life could be a useful method to 

achieve a more tailored toxicity assessment for the natural environment.   

Another possible area for error occurs when determining if a daphnia is immobile or 

dead.  Immobilisation is defined in the protocol as “those animals not able to swim 

within 15 seconds after gentle agitation of the test container”. However, it can be 

difficult to distinguish between immobility and mortality in daphnia.  Immobility was 

the least observed endpoint in any of the test substances.  It is possible that some 

immobilised daphnia could be wrongly identified as dead.  The OECD protocol does 

not distinguish between immobility and mortality, considering all immobile.  The 

distinction was made in this study to try to gain a more detailed evaluation of the effect 

each pesticide product had on the daphnia.  While valuable information can be gained 

from determining if the daphnia are immobilised but alive or dead, best practice would 

be to also report total immobilisation so that possible errors would be eliminated from 

the overall total figure.  Hansen and Roslev (2016) used both visual observation and 

video tracking to estimate the EC50 of glyphosate-Cu complex on daphnia mobility.  

The EC50 (48 hrs) value, based solely on observations, was higher than that based on 

video tracking.  In the case of EC10 values, those based on visual observations were 

more than 10 times higher than those based on video tracking.  This would suggest that 

more cases of immobility were recorded by the tracking method than by the human eye 

and that visual observations overestimated mobility.  The findings of the Hansen and 

Roslev (2016) study could have a significant impact on the Daphnia magna 

immobilisation test in the future.  In this case, the toxicity of the substance was being 

underestimated when relying on visual observations alone.  While this is a new 

software, which is still under development, this approach to measuring daphnia 

immobility has the potential to reduce the manual input needed for the test, while 

increasing the accuracy of the result.  This also has the potential to reduce the large 

variations in results between studies, all of which are based on visual observations. It is 

recommended that video tracking of mobility be used wherever possible to improve the 

reliability of results.  Finally, using video tracking may increase the toxicity value of a 

number of previously studied compounds if visual observations are found to 

underestimate toxicity across all compounds.  

The pH of the environment has been shown to impact on the toxicity of substances 

toward daphnia. Qin, Huang et al. (2014) discovered that the toxicity of lead towards 
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daphnia decreased with increasing pH, possibly due to the effect pH can have on the 

speciation and therefore the toxicity of lead. Qin, Huang et al. (2014) also noted that the 

toxicity of carbon nanotubes (OH-MWCHTs), which is non-lethal to daphnia, also 

increased the toxicity of lead with increased concentrations. Therefore the response of 

daphnia to toxic substances is very dependent on the chemistry and makeup of the 

surrounding environment. In real life scenarios, the chemistry and properties of the 

freshwater may help to indicate how vulnerable daphnia and other invertebrate will be 

to potential pollutants. This could be used to prioritise the most at risk environments for 

mitigation measures.  

Mortality was measured at 48 hours with no data being recorded before this point.  It is 

possible that mortality occurred over a significantly shorter timeframe for some or all of 

the test substances.  24 hrs and 48 hrs are the OECD recommended test periods.  This 

helps to reduce the labour needed to perform the study while still providing a relatively 

fast result.  However, for a more detailed toxicity assessment, additional observations 

could be taken before and after 24 hours exposure point and up to 48 hours.   

The validation criteria for the 48 hour Daphnia Immobilisation test is that not more than 

10% of the daphnia become immobile over the study period (OECD 202).  In this study, 

only one of the control groups met this validation criteria.  The control group for the 

assessment of chlorothalonil had a total immobilisation and mortality of 10%.  For all 

other control specimens, the combined immobilisation and mortality levels of the 

controls were greater than 10%.  The combined immobility and mortality of all control 

groups was 32.27% (Table 4.9).  This draws the validity of the studies into question.  

However, in the case of Glyphosate, Mecoprop-p and Metaldehyde product 

investigations, 0% immobilisation and mortality were found at 0.6%, 1%, and 10% 

product concentrations respectively. This would suggest that in many cases at lower 

concentrations the presence of these product formulations enhances the environment for 

the daphnia helping them to survive. It is possible that at small concentrations these 

substances alter the water chemistry to become more favourable for the daphnia.  The 

water chemistry of the blank test solution was examined prior to study initiation and the 

results are discussed in Section 4.2.3.  While the test medium was considered prior to 

the test it is unclear if the medium was the reason for high mortality levels in the 

control.  Water hardness has in the past been shown to cause mortality in daphnia. A 

study carried out by Bogart, Woodman et al. (2016) showed that Daphnia magna were 
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not affected by rapid changes in either water hardness, from 38 to 600 mg/L of CaCO3, 

or rapid changes in alkalinity, shifting from 30 to 420 mg/L of CaCO3.  However when 

these highest levels of hardness and alkalinity were coupled with the precipitation of 

CaCO3 (calcite) into the water phase a 98 – 100% mortality of the daphnia was 

observed after 96 hours.  Mortality was due to ingestion and/or coating of the daphnia 

in the precipitate.  Unlike Bogart, Woodman et al. (2016) study, in this study, no 

precipitation was observed in either the control medium or any of the treatment 

solutions for the duration of the test.  Secondly, CaCO3 concentrations in the medium 

are unlikely to have reached the concentrations used by the Bogart, Woodman et al. 

(2016) study and therefore mortality in the control populations is not thought to have 

been caused by shifts in water hardness or alkalinity.  The high mortality observed in 

some of the control populations is worrying.  However significant differences still 

existed between the control and high exposure concentrations.   

The presence or absence of food from the test system can impact on the final toxicity 

assessment of a substance.  Lessard and Frost (2012) examined the toxicity of 

WeatherMAX Roundup (WMR) on daphnia at various nutrient levels.  WMR reduced 

growth at all concentrations however in the presence of high C:P ratios i.e. P-poor food, 

the rate at which WMR reduced growth was lessened.  This is possibly due to the fact 

that less WMR was incorporated into the animal tissue when growth was low due to 

limited food.  Conversely, WMR also reduced reproductive output after 20 days and 

this decrease was greatest in daphnia fed with P-poor food. These results highlight how 

the environment in which the daphnia are grown in can impact on their toxic response 

to substances.  It also highlights that depending on the endpoint measured a very 

different conclusion on toxicity can be drawn. Once again the more endpoints that can 

be measured a better picture of toxicity can be concluded.  The inhibitory pathway of 

the substance should also be taken into account in this instance as Roundup is known to 

interrupt reproductive pathways.  Having an abundant food source may help daphnids 

and other crustaceans to defend themselves against pesticide exposure.  The test 

population for the OECD 202 test is not feed for the duration of the test however the 

addition of food into the test system may alter the results of the toxicity assessment.  

Adding food to the test system may be a useful option to monitor daphnia survival and 

recovery towards pesticides rather than mortality based toxicity.  
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The results of this and other studies have highlighted that the Daphnia immobilisation 

test has both advantages and limitations.  One area where the daphnia test could be 

utilised is as an initial screening test prior to more extensive assessment of the toxicity 

of a test substance.   Jang, Park et al. (2016) suggested the use of daphnia to determine 

the toxic concentrations to focus on when carrying out a more detailed evaluation of a 

substance in higher level species and for assessment of more complex phenotype affects 

(Jang, Park et al. 2016).  This could be a valuable use of this test in the future 

considering it is a quick test which can generate results in only 48 hours.  The issues 

with validation of the test may be less important in this case if only being used at a 

screening stage.  

4.4.5 Further study 

Further study into this area should focus on the effect of pesticide combinations on 

daphnia and the invertebrate community of water bodies.  Kretschmann, Gottardi et al. 

(2015) investigated the synergistic effect of the fungicides propiconazole and 

prochloraz towards Pyrethroid insecticides.  Both fungicides showed a strong time 

dependent synergy with the insecticide pecking 7.2 hours after introduction to the 

system.  A similar study conducted by Hernando, Ejerhoon et al. (2003) found that the 

toxic effect of several pesticide active ingredients (diuron, dichlofluanid, TBT, and 

Linuron) was increased when mixed with methyl-tert-butyl ether (MTBE) and in some 

instances the toxic effect occurred more rapidly than was observed when the pesticide 

was present on its own (Hernando, Ejerhoon et al. 2003).  A study by Cedergreen, 

Kamper et al. (2006) investigated the synergistic effect of the fungicide prochloraz with 

a number of other herbicide, fungicide, and insecticide active ingredients. The findings 

of the study showed that daphnia sp. were the most sensitive to the synergy of 

prochloraz when coupled with other substances.  In comparison, when the same test 

was carried out on the plant species Lemna minor and the algae species 

Pseudokirchneriella subcapitata no significant synergy was recorded.  Finally, the 

bacteria Vibrio fischeri showed synergy towards some but not all of the pesticide 

combinations but this was not to the same sensitivity as daphnia.  All of these study 

results indicate that daphnia are at heightened risk of toxic effects in the presence of 

two or more pesticide active ingredients.  This has implications for all freshwater 

invertebrate species. It indicates that invertebrates are vulnerable to harm at pesticide 

concentrations previously thought to be acceptable but in combination could have 
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adverse effects.  In the freshwater environment combinations of pesticides, at sub-lethal 

levels, are the most likely scenario to occur. Therefore further investigation into the 

toxicity of a number of pesticide combinations should be examined with a special focus 

on the most commonly used agricultural chemicals in Ireland.  

To build on the findings of this study an examination of the toxic effect of the six 

agrochemicals used here on a wider collection of invertebrates would also be useful.  

Investigation of species significant to Ireland would help to focus the risk of these 

pesticides towards Irish water bodies.  These studies could take the form of additional 

laboratory toxicity studies or more complex mesocosm or field studies.  For the most 

environmentally relevant results, the most complex study design would be best. A 

previous study comparing the results from standardised toxicity studies with a toxicity 

evaluation of locally relevant species found that there were differences in toxicity 

between the laboratory and field scenario. While a variety of aquatic invertebrate 

species were observed to be sensitive to the herbicide Fusilade Forte® in laboratory 

situations, when exposed in a field scenario there was no negative effect or abundance 

change following exposure (Kleinhenz, Nugegoda et al. 2016). This difference is 

thought to be due to a combination of plant interception, absorption into the soil and 

dilution.  This study highlights one of the weaknesses of basing a toxicity evaluation 

solely on laboratory data.  While laboratory studies can be useful for initial assessment, 

more complex and realistic studies will give the best assessment of the true reaction of 

organisms to a compound.  By carrying out these studies on species relevant to a 

particular area then a tailored toxicity assessment of a particular area of interest could 

be carried out.   
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4.5 Conclusions 

 The toxicity order of the pesticides towards daphnia based on active ingredient wet 

weight is as follows; mancozeb > chlorpyrifos > metaldehyde > chlorothalonil > 

glyphosate > mecoprop-p.  Fungicides and insecticides as a pesticide group were 

the most harmful to daphnia while herbicidal products posed less of a risk.  

 

 The OECD 202 Daphnia immobility study is a general protocol for the assessment 

of a wide variety of chemical substances.  Some modifications of the assessment for 

plant protection products have been suggested.  For the assessment of plant 

protection products, special consideration should be given to the mode of action of 

the chemical when selecting the test duration.  Secondly, stirring or aeration of the 

test solution may be required in cases where the test substance does not easily 

remain in solution.  Lastly, distinguishing between immobility and mortality of 

daphnia can be difficult but can give a useful additional piece of information about 

the effect of the substance on the daphnia.   

 

 Future studies should focus on the toxicity of chemical combinations on 

invertebrates with emphasis put on the agricultural chemicals most commonly used 

in Ireland.  Assessment on a wider array of freshwater invertebrates would help to 

give a better evaluation of the impact these pesticides have on the entire invertebrate 

community.  Again focused assessment of relevant species to Ireland would help to 

determine the specific species at highest risk from pesticide exposure.   
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5. General Discussion 

5.1 Introduction 

This research project aims to investigate the toxicity of six commonly used agricultural 

pesticides (formulations based on glyphosate, mecoprop-p, chlorothalonil, mancozeb, 

metaldehyde, and chlorpyrifos) on three key functional groups of the freshwater 

environment. This was achieved by carrying out laboratory acute toxicity studies on a 

bacterial community from a dehydrated microbial seed, the submerged aquatic 

macrophyte species Myriophyllum aquaticum and the aquatic invertebrate species 

Daphnia magna.  For the bacterial population toxicity was measured by recording the 

duration of the lag period, the slope of the exponential growth phase and BOD levels to 

indicate inhibition.  When examining the toxicity of pesticides towards M. aquaticum 

shoot length, biomass wet weight, biomass dry weight, root number and root length 

were all used as toxicity endpoints.  In the final toxicity study, using the invertebrate 

species Daphnia manga, daphnia immobility and mortality were measured.  These 

endpoints were used to plot dose response curves and calculate EC50 values for each 

pesticide formulation.  As well as assessing the impact these pesticides have on the test 

organism and the trophic level it represents, suggested modification and improvements 

to the standard protocols were also recommended to improve toxicity assessments in the 

future.  The following discussion will 1) compare the results of all three bioassays 2) 

discuss the overall risk that pesticides pose to freshwater environments, 3) discuss 

protocol recommendations of each toxicity study, 4) address issues with test substance 

degradation and 5) discuss areas of further study based on the results obtained.  This 

discussion will evaluate the results obtained for each model organism and apply these 

finding to the aquatic ecosystem as a whole.  Taking current and future levels of 

pesticide use in Ireland into account the risk to aquatic systems has been predicted. 

5.2 Comparison of Results 

Based on the findings of this research project the pattern of toxicity was different for 

each test species examined.  A comparison of rankings between organisms is given in 

Figure 5.1.  

For the seed bacterial toxicity test the toxicity scale was; Glyphosate/mecoprop-p > 

chlorothalonil/chlorpyrifos > metaldehyde > mancozeb. 
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For the macrophyte species Myriophyllum aquaticum, the toxicity scale of the six 

pesticides examined, based on average toxicity values, was as follows; Mancozeb > 

mecoprop-p > glyphosate > chlorpyrifos > metaldehyde > chlorothalonil.  

Finally for daphnia, the pesticides were arranged in order of toxicity as follows; 

Mancozeb > chlorpyrifos > metaldehyde > chlorothalonil > glyphosate > 

mecoprop-p.   

 

Figure 5.1 Comparison of the toxicity ranking of all pesticides against each test organism. Rankings are 

based on average EC50 values. A value of 6 represents the lowest EC50 value for that organism and a 

value of 1 equals the highest EC50 value for that organism and pesticide. 

Surprisingly, toxicity order was not always linked to the mode of action of the pesticide.  

For bacteria, both herbicidal products caused the greatest inhibition of bacterial 

respiration. Results from the macrophyte toxicity study showed that the mancozeb 

fungicide was the most toxic to the macrophyte test species and that herbicidal products 

were only the second and third most inhibitory formulations examined.  Results of the 

daphnia study, however, showed a more expected pattern of toxicity with chlorpyrifos 

being the second most inhibitory formulation and both herbicides being the least 

inhibitory towards daphnia.  EC50 values recorded for each pesticide also varied widely 

depending on the test species and are summarised in Table 5.1.  Macrophytes were the 

most sensitive to a mancozeb and mecoprop-p formulated product, daphnia were most 

severely affected by all other pesticide formulations.  Bacteria were not the most 

sensitive test organism to any of the formulations examined.   
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Table 5.1 Summary tables of EC50 values of glyphosate, mecoprop-p, chlorothalonil, mancozeb, 

chlorpyrifos and metaldehyde based pesticides from bacterial, macrophyte and daphnia toxicity studies.  

Active ingredient 

of test substance 

Bacteria 

(Lowest observed 

EC50 based on 

Lag period) 

Bacteria 

(Based on 

BOD5) 

Macrophytes 

(Average EC50 

values of all 

endpoints) 

Daphnia 

Glyphosate 42 mg/l 537 mg/l 14 mg/l 110 mg/l 

Mecoprop-p 55 mg/l 706 mg/l 0.60 mg/l 820 mg/l 

Chlorothalonil - 1779 mg/l 1811 mg/l < 5 mg/l 

Mancozeb - - 0.08 mg /l 2 µg/l 

Chlorpyrifos 67 mg/l - 35 mg/l 2.83 µg/l 

Metaldehyde 695 mg/l - 230 mg/l 1.84 mg/l* 

*Poorly fit line 

These results suggest that in certain circumstances, factors outside of the mode of action 

(biochemical activities of the molecule that cause toxicity (Aliferis and Jabaji 2011) are 

contributing to the toxicity of pesticide formulations on the test organism.  A study by 

Wood, Mitrovic et al. (2016) examined the effect eight pesticides, with three different 

modes of action, had on a benthic diatom community.  Just one diatom taxa 

(Gomphonema gracile) showed sensitivity to a particular mode of action and only two 

taxa (Gomphonema sp. and Ulnaria ulna) had differing sensitivity to herbicides with 

the same mode of action.  It was concluded that specific diatom taxa could be more 

strongly affected by certain modes of action or herbicides but in most cases, there is no 

pattern of toxicity within modes of action.  At a community level, there was no pattern 

of effect from different modes of action (Wood, Mitrovic et al. 2016).  The findings of 

the research presented here suggest that similarly, test organism inhibition was not 

solely based on formulation mode of action as no clear pattern can be seen from the 

results.   

Based on EC50 values, for four of the six pesticide formulations (chlorothalonil, 

mancozeb, chlorpyrifos, and metaldehyde) daphnia were the most sensitive species.  

The results indicate that daphnia are especially sensitive to pesticide exposure.  

Invertebrate communities of aquatic systems can, therefore, be considered at high risk 

when a pesticide pollution event occurs. Through respiration, daphnia are likely to 

incorporate pollutants in the environment into their body rapidly. This sensitivity to 

many of the pesticides examined means that daphnia and other aquatic invertebrate are 

good bioindicators of pollution (Huerta, Jakimska et al. 2015).  Invertebrates could be 

used to monitor pesticide pollution immediately after a contamination event due to their 
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rapid response and relatively high sensitivity.  Where limited resources are available to 

determine the potential toxicity effect of a pesticide or other chemical product, the 

daphnia acute toxicity test can be used to give a good indication of the toxicity of the 

substance to a freshwater aquatic environment as a whole.  

Across all pesticide formulations, and all test organisms, the majority of EC50 values 

were in the 10 – 1000 mg/l scale.  These comparatively high concentrations are unlikely 

to occur in freshwater environments following run-off, drift or leaching alone.  It can be 

expected that the greatest risk posed by the plant protection products examined here is 

through accidental spills or similar events.  Those substances which are very persistent 

in aquatic environments, and which have the potential to accumulate in the environment 

over extended periods of time, pose a higher risk to aquatic environment at normal use 

levels.  Only mancozeb and chlorpyrifos toxicity towards daphnia were at a scale of 1 -

10 µg/l.  At these concentration levels, the risk of toxic effect following application 

onto the land is greater.  Extra care should be taken when using these substances to 

avoid contamination of waterways and potential harm to aquatic organisms.   

5.3 Pesticide Risk to Freshwater Environments  

A common theme in much of the literature is that the environment has a strong 

influence on the impact that chemicals have on real life aquatic ecosystems.  A study by 

Ieromina, Peijnenburg et al. (2016) found that the composition of field ditches in nature 

reserves and those in agricultural areas were very different.  A higher density of 

Trichoptera, Odonata, Ephemeroptera and Diptera were found in the better water 

quality of the nature reserves when compared to ditches influenced by pesticide 

application.  However when the composition was looked at in more detail, the largest 

proportion of population difference (10.1%) was due to environmental factors (e.g. 

temperature, dissolved oxygen, dissolved organic carbon, phosphate, nitrite, nitrate, 

macrophyte coverage) and 5.4 % of population difference was due to the presence of 

pesticides (Ieromina, Peijnenburg et al. 2016).  It can be concluded that in the presence 

of pesticides macrofauna community composition will be influenced by environmental 

factors as well as pollution pressures.  Another commonly seen effect of pesticide 

contamination is a strong top-down effect.  Frequently there is a reduction in grazing 

due to mortality or reduced activity with a corresponding increase in primary producers. 

To a lesser extent consumers were seen to increase due to a reduction in predators and 
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predation (Fleeger, Carman et al. 2003).  Reduced defense mechanisms and fitness of 

green algae Scenedesmus obliquus in the presence of herbicides was also observed by 

Zhu, Sun et al. (2016).  It was noticed that in the presence of 0.20 – 2.0 mg/l of the 

active substances glyphosate and 2,4-D, photosynthesis of S. obliquus was not affected, 

however at these levels there was a decrease in multicelled colonies. This is an 

antigrazer defence used by S. obliquus to defend against predation from grazers.  

Therefore algal defence was reduced in the presence of herbicides and has the potential 

to change the population dynamics of the receiving environment, having a knock on 

effect to many trophic levels. At the same concentration level (0.20 – 2.0 mg/L) 

atrazine significantly affected both the photosynthesis and growth of the algae.  In this 

case chemicals within the same action group i.e. herbicides, can exert differing levels of 

disturbance depending on the mode of action.  Effects can be substance specific, for 

example, herbicide exposure can target primary producers, therefore, having a bottom-

up effect on consumer abundance (Fleeger, Carman et al. 2003).   It is clear that at a 

community level pesticides can strongly influence community structure and abundance 

even at sub-lethal concentrations.  Another study assessed the effect repeated pesticide 

pulses had on community structure using a hydrological fate and transport model.  The 

results of the study suggest that the macroinvertebrate community leaned towards those 

taxa with higher resilience to the presence of pesticides (Chiu, Hunt et al. 2016).  A 

similar meta-analysis study, carries out by Shuman-Goodier and Propper (2016), on the 

effect of a variety of pesticides on the mobility and swimming speed of aquatic 

vertebrates highlighted the impact of pesticides on the wider aquatic community.  The 

results of the analysis showed that pesticides reduced the swimming speed of 

amphibians and fish by 35% with overall activity being reduced by 75%, all at sub-

lethal concentrations.  The extent of the impact varied by chemical type (Shuman-

Goodier and Propper 2016).  The fact that the behaviour of key species in aquatic 

environments can be altered so significantly by the presence of pesticides is likely to 

have an impact on species fitness and survival which ultimately will modify the 

community structure.    

There is clear evidence from previous studies that pesticide pollution can have an 

impact on a whole aquatic ecosystem.  While the research conducted for this project 

was focused on the toxicity towards specific organisms, it is important to consider the 

overall impact the pollutant will have on the whole ecosystem.  For example, those 
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pesticides that have been found to be particularly harmful to aquatic plants will in turn 

impact on the grazers due to loss of food.  Secondly, the environmental conditions of 

the ecosystem exposed to a pesticide pollution event will strongly influence the impact 

the pesticide has on the system. Temperature, pH, light, water volume, acidity and the 

presence of Ca and organic compounds in the water can all alter the impact and effect 

of toxic compounds in the environment (Amundsen, Staldvik et al. 1997).  Conversely 

as observed from the study of bacterial respiration inhibition (Chapter 2), bacteria can 

aid in the degradation of the pesticide formulation. Therefore, the presence of large 

bacterial communities in the environment could limit the impact of the pesticide.  

Therefore while it is important to determine the specific toxicity of pesticides towards 

individual species and trophic levels, the outcome in a real life environment can be 

different.  Aquatic bioassays should be considered the first step in assessing the impact 

of pesticide pollution on freshwater ecosystems.  For a more detailed toxicity 

assessment, it is necessary to examine environmental parameters and community 

structure to gauge the real impact on the environment. 

To complete the toxicity assessment of the aquatic environment, a whole ecosystem 

toxicity approach should be taken. A healthy ecosystem is dependent on the interactions 

between groups and cannot be gauged by the presence or absence of species alone 

(Gray, Baird et al. 2014). The ecosystem approach is also necessary for the 

consideration of non-target species not commonly assessed in toxicity bioassays. Whole 

ecosystem assessment can be difficult to achieve, particularly if relying solely on 

primary data.  However, the incorporation of toxicity data from a number of trophic 

levels, as was collected in this research project, with existing ecosystem information on 

species interactions and environmental parameters will allow for a comprehensive 

evaluation of the response of an ecosystem to toxic exposure.  Modelling of the 

response of an ecosystem is also an option, such as the use of the AQUATOX model 

(Grechi, Franco et al. 2016).   

Based solely on the toxicity results obtained from this research project we can draw 

conclusions on the likely effect the pesticides examined will have on the aquatic 

ecosystem as a whole. Considering the daphnia and therefore the invertebrate trophic 

level is most sensitive to exposure from the substances examined, this trophic level will 

be a key driver in the overall impact to the ecosystem.  Considering invertebrates key 

position in an aquatic environment, negative affects at this level will have far reaching 
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effects in both higher and lower trophic levels. For example, Amundsen, Staldvik et al. 

(1997) examining the accumulation of heavy metals in fish muscle, liver and gills, 

sampled from lakes and watercourses in Northern Europe.  The study found that in 

general, variations in fish species accumulation of heavy metals was related to the 

trophic level of the fish. The only exception to this was in the accumulation of mercury. 

For all other heavy metals examined, the concentration was inversely related to the 

trophic position of the fish. Whitefish and vendace, which feed on invertebrates, had 

higher levels of cadmium and zinc than piscivorous species.  Therefore even though not 

assessed in this research study, we can expect that secondary consumers, such as fish, 

will also be vulnerable to exposure to the pesticides toxic to daphnia examined here.  

Both direct and indirect effects are likely to occur.  When we consider the low 

concentrations that were required to gain a 50% inhibition of daphnia (Table 5.1), in 

particular for chlorothalonil (<5 mg/l), mancozeb (2 µg/l), chlorpyrifos (2.83 µg/l) and 

metaldehyde (1.84 µg/l), it is likely that whole aquatic environments are particularly 

sensitive to these substances.  In contrast, results from the bacterial assays proves that 

they are relatively tolerant of these compounds, in particular to chlorpyrifos (EC50 = 67 

mg/l).  The bacteria population's relative resistance towards these compounds will 

influence the whole ecosystem in a positive way, helping to stabilise it. Bacteria are 

known to develop resistance to pesticides in agricultural soils when subjected to 

repeated application over a number of years (Rangasamy, Athiappan et al. 2017).  

Finally, these finding also help to predict the potential impact the pollutants may have 

on abiotic elements of the system. For example, the high toxicity of both herbicide 

formulations to macrophytes means that soil chemistry, water purity and speed and 

direction of water flow could all be impacted by the contamination of aquatic 

ecosystems by herbicides (Lewis 1995, Wang, Zhang et al. 2008).   

When we take the toxicity results from all three test organisms into consideration, we 

can see that certain pesticide formulations pose a greater risk than others to the 

freshwater aquatic ecosystems as a whole.  The mancozeb based fungicide and 

insecticide formulation based on chlorpyrifos have the highest overall toxic effect on 

aquatic environments.  With a toxicity of 0.08 mg /l to M. aquaticum and 2 µg/l to 

daphnia, mancozeb poses a high risk to freshwater aquatic environments.  The expected 

knock on effects to macrophyte grazers, themselves consumed by daphnia and 

secondary consumers are of concern.  The balance of the ecosystem is likely to be 
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affected by changes to two trophic levels.  In the case of chlorpyrifos, it was found to 

have a moderate effect on the representative species of all three trophic levels tested, 

having an EC50 value of 67 mg/l for bacteria, 35 mg/l for M. aquaticum and 2.83 µg/l 

for daphnia. The fact that it has the potential to exert an effect on three trophic levels, at 

relatively low active ingredient concentrations, means it is a threat to the whole aquatic 

ecosystem. Inhibition or alteration at three levels of the system, however minor, will 

greatly compromise the entire system. Therefore it can be concluded that of the six 

pesticide formulations examined here mancozeb and particularly chlorpyrifos based 

formulations pose the greatest risk to the overall aquatic ecosystem due to its toxicity on 

the three test species but also based on their potential for wider ecosystem effects.  

There is little research available on pesticide toxicity assessments unique to Ireland.  In 

recent years there has been an increase in the number and level of pesticides detected in 

Irish drinking water.  Figures from the EPA Drinking Water Report for Public Water 

Supplies 2015 reported pesticide levels above the threshold value in 61 water supplies 

in Ireland.  This is an increase from 28 schemes in 2014 (EPA 2016).  MCPA was 

observed to exceed the guideline levels most frequently. The parametric value for 

individual pesticides in drinking water is 0.1 µg/l.  For the active ingredients aldrin, 

dieldrin, heptachlor and heptachlor epoxide is 0.03 µg/l.  The total parametric value for 

all pesticides detected should not exceed 0.5 µg/l (EPA 2016).  These levels are 

recommended for the protection of human health.  The majority of Irish drinking water 

comes from surface water, and these levels apply to Irish freshwater also.  The 

increasing trend of pesticide presence in Irish waterways is worrying.  However when 

compared to the results of this research project, the EC50 values for each test organisms 

are above the levels recorded in Irish waterways.  It is assumed that the current 

pesticide levels found in Irish surface waters do not pose an acute risk to aquatic 

organisms.  This does not, however, consider once off pollution event where 

concentrations increase rapidly.  Based on the European Commission's figures on 

pesticide sales, in 2014, 2736 tonnes of pesticide was sold in Ireland (Eurostat 2016).  

This represents 0.7% of the total pesticide sales in the EU-28.  The highest proportion 

of these sales, 2039.2 tonnes, was in the category of 'herbicide, haulm destructors and 

moss killers'. The second largest volume of sales was for 'fungicides and bactericides', 

at 635.5 tonnes in 2014.  Irelands total sales volume represents a quantity of less than 1 

kg/ha pesticide per utilised agricultural area. Finally, the sales data indicates that in the 
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four year period from 2011 to 2014 Irelands 'herbicide and moss killers' sales decreased 

from 2,831,037 kg to 2,039,237 kg.  Whereas 'Fungicides and bactericides' sales 

increased slightly from 618,369 kg to 635,509 kg (Eurostat 2016).  Ireland’s main 

agricultural activity is beef and dairy production which represents 70% of the sector as 

a whole (Department of Agriculture 2015). Both are predominately grass-based 

systems. This is why Ireland's pesticide use is predominately herbicides.  Current and 

future pesticide use in Ireland will follow this trend and herbicides are likely to be the 

pesticide group which poses the biggest risk to aquatic environments in Ireland.  Future 

pesticide use will also be linked to agricultural production and output as well as trends 

and developments in pesticide products. National and international trends in pesticide 

use are constantly changing due to changes in food product, crop types, farming 

methods, crop resistance and pesticide legislation.  The Irish government has projected 

export growth of 85% for the agri-food industry for the period until 2015 (Department 

of Agriculture 2015).  This expected increase in production to meet this target will 

inevitability lead to greater application of plant protection products thereby increasing 

the potential for contamination of the environment.  As the finding of this project 

suggest, submerged macrophytes are most at risk from herbicide contamination of 

freshwater systems.  Therefore the projected continued increase in herbicidal use in 

Ireland represents a particular risk to aquatic macrophyte species.  To combat against 

this higher risk, the use of integrated pest management schemes should be employed 

and encouraged.  Methods such as crop rotation, adequate cultivation techniques, 

appropriate drainage and fertilisation practices and prevention of the spread of harmful 

organisms by regularly cleaning machinery should all be incorporated into crop 

management schemes (European Parliament 2009).  Patterns of pesticide use are likely 

to change in the future also.  As some active substances are no longer authorised and 

new active substances come onto the market, the patterns of use will change.  It is 

important to continue to assess all agrochemicals fully and their potential toxicity to 

aquatic environments before being granted use.  Secondly, employing agricultural 

practices which limit the use of agrichemicals and ensure their safe application where 

necessary will help to reduce the potential for pollution when agricultural activities 

increase.   
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5.4 Test Substance Degradation 

All concentrations and subsequent EC50 values cited in this study are based on the 

nominal concentration values.  In the following section, the half-life and potential 

degradation of each active ingredient are discussed in more detail.  Consideration is also 

given to the degradation products of each agrochemical product and its potential for 

toxicity.  

5.4.1 Test substance degradation 

The half-life of the glyphosate-based product Roundup ProBiactive is reported to be > 

7 days in water, based on the product SDS (Monsanto 2012).  A previous study on the 

persistence of glyphosate in soil discovered that moisture and temperature had the 

largest influence on the DT50 (degradation time of 50% of the compound) value of 

glyphosate and its primary metabolite aminomethylphosphonic acid (AMPA) in soil 

under laboratory conditions (Bento, Yang et al. 2016).  The wetter the soil and higher 

the temperature the more quickly glyphosate dissipated from the soil.  Glyphosate was 

observed to dissipate 8.4 times faster at 30°C than at 5°C.  The DT50 value for 

glyphosate was as low as 1.5 days in saturated soil at 30°C under lights peaking at 48.8 

days in drought conditions at 5°C in darkness.  There was no significant difference in 

DT50 values between light and dark conditions (Bento, Yang et al. 2016).  The three 

toxicity tests carried out in this study were conducted at temperatures of approximately 

20°C.  Therefore the experimental temperature may have led to the increased 

dissipation of glyphosate out of the test solution.  Degradation rates may be significant 

for the macrophyte study while for the bacterial and daphnia studies this should be less 

of an issue.  Rodríguez-Cruz, Bælum et al. (2010) recorded a DT50 value for the 

mecoprop-p based product Duplosan in soil of between 12.3 – 83.6 days depending on 

soil depth.  The DT50 value of the product was seen to increase with increasing depth.  

The active substance soil DT50 is cited as 6.3 – 8.2 days in the product SDS (Nufarm 

2014).  Another study on the degradation of a number of pesticides in a biobed cited a 

DT50 value for mecoprop of < 20 days (Spliid, Helweg et al. 2006). The results referred 

to by these two authors suggest that mecoprop-p has a half-life at least twice that of the 

daphnia and bacterial toxicity studies and that significant loss of the test substance from 

the study was not an issue.  As the test solution was replenished after 7 days in the 

macrophyte study, it is expected that a high concentration of the test solution was 
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present for the duration of the test.  The half-life of chlorothalonil in soil has been 

recorded as 5.7 days ± 0.33 (Yu, Shan et al. 2006).  A second study found that 

following a 7 day toxicity test of chlorothalonil on the aquatic organisms Pimephales 

promelas and Ceriodaphnia dubia the chlorothalonil concentration in solution was > 

90% of the nominal amount added at the start of the test.  The only exception was a 

17.5 µg/l were 86% recovery was observed at the end of the trial (Sherrard, Murray-

Gulde et al. 2003).  This evidence would suggest that chlorothalonil is relatively stable 

and is not rapidly degraded in solution.  Based on the above cited studies it is believed 

that the nominal concentrations cited for chlorothalonil in this study are close to the 

actual chlorothalonil concentrations at the end of the test period.  Mancozeb is 

considered to degrade quickly in water, and therefore it is thought that its two primary 

metabolites, ethylenethiourea (ETU) and ethylenebis (isothiocyanate) sulphide (EBIS), 

are the main sources of the toxicity of this fungicide (López-Fernández, Yáñez et al. 

2016).  Considering the degradation properties of mancozeb López-Fernández, Yáñez et 

al. (2016) calculated the acute risk quotient (RQ) of mancozeb and ETU to the aquatic 

environment. An acute RQ value of 312.3 was calculated at time zero.  This value 

decreased to 0.1 after 240 hrs.  Based on these RQ values, the risk of mancozeb and its 

metabolites to the aquatic environment decreases in a period of days rather than hours.  

These findings suggest that mancozeb is degraded in solution but that the nominal 

values cited for this study may still be close to actual values, especially in the bacteria 

and daphnia toxicity studies.  Ultimately mancozeb has low persistence in water 

meaning that mancozeb poses a low risk to aquatic environments.  The half-life of 

chlorpyrifos in rice field soil was quoted as being 4.02 days in a long-term field study 

by Kumar, Berliner et al. (2017).  However other authors have cited the half-life of 

chlorpyrifos as ranging from 60 to 120 days (Anwar, Liaquat et al. 2009).  

Volatilisation is thought to be the main method of removal of chlorpyrifos from the 

aquatic environment and chlorpyrifos is believed to have a half-life in water of between 

3.5 – 20 days (DHM Agrochemicals Ltd. 2009).  Based on these half-life figures in 

water, chlorpyrifos concentrations in both the bacteria and daphnia toxicity tests should 

be close to nominal values.  Actual concentrations in the macrophyte toxicity test may 

be lower than the cited nominal values if chlorpyrifos was removed at the lower limit of 

the half-life range suggested.  Considering that the nominal EC50 value of chlorpyrifos 

on macrophytes was 47.97 mg/l, it can be considered not very toxic to macrophyte 

species even if chlorpyrifos concentrations were overestimated.  The half-life of 
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metaldehyde has been established as ranging from 8.5 to 22 days in soils under 

laboratory conditions (European Food Safety 2010).  Both the bacterial and daphnia 

tests were short-term tests lasting less than the lowest expected DT50 value and 

therefore significant degradation of the test substance during the experimental period is 

not expected.  In the case of the macrophyte bioassay, the test solution was replenished 

before this time point also.  A significant difference between the nominal and actual 

concentration of the metaldehyde product is not thought to be an issue in this study, 

however, for chronic longer term toxicity studies reduction in metaldehyde 

concentration over the duration of the study should be taken into consideration.  Based 

on literature data on the agrochemicals examined here, the bacteria and daphnia 

bioassays are within the expected half-life of each.  For the macrophyte bioassay, the 

test solution was replenished after 7 days which is greater than the DT50 of some of the 

chemicals examined.  It is suggested that the test substance is renewed every 3-4 days, 

using a semi-static experimental design where possible, to combat degradation within 

the test solution.  The renewal schedule should be developed with consideration of the 

test substance degradation qualities where this information is available.  

All EC50 values and toxicity calculations were based on the concentration introduced at 

the start of the experiment. However, concentrations may not have been as high as the 

intended amount. In a study by Pariseau, Saint-Louis et al. (2009) the toxicity of both 

chlorothalonil and mancozeb on the clam Mya arenaria was investigated. After 4h the 

chlorothalonil concentration in the test vessel was less than 20% of the estimated initial 

concentration. After 24h the concentration had depreciated by 5%. Similarly, within 4h 

of mancozeb being added to the test vessels, it's concentration in the solution had 

dropped below 10% of the initial dose. In both cases, rapid uptake by the bivalve and/or 

test vessel itself occurs in the first 4h following introduction (Pariseau, Saint-Louis et 

al. 2009). The persistence of a substance in the water phase depends very much on the 

properties of the material. Not all pesticide substances have been found to vary so 

widely from the nominal value. Isoproturon and 2, 4-D were both found to be with 87% 

of the nominal concentration following their introduction into the water phase. After 7 

days their concentration in the water had decreased only by 10 -15%. Fluroxypr had 

reduced in concentration by approximately 20% 7 days after it's introduced (Mohr, 

Schott et al. 2013).  The conclusions drawn from these studies again highlight how the 

test design and renew regime should be influenced by all available information on the 
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test substance as degradation properties can vary widely between pesticide products and 

active substances.  

5.4.2 Metabolites  

Degradation products and metabolites can in some instances be more toxic than the 

parent compound to aquatic organisms.  The toxic effect of the degradation products 

should be considered when evaluating the aquatic toxicity of a compound or pesticide.  

Glyphosates main metabolite is aminomethylphosphonic acid (AMPA) (Bento, Yang et 

al. 2016).  AMPA has been detected in surface waters at concentrations comparable to 

glyphosate concentrations.  In samples taken from an agricultural basin in Argentine, 

glyphosate was found at concentrations ranging from 0.5 - 3.6 µg/l across the summer 

months. Over the same period, AMPA was found at concentrations of between 0.5 - 2.3 

µg/l.  However in September glyphosate was recorded at a concentration of 7.6 µg/l 

while AMPA was only detected at a concentration of 0.8 µg/l (Aparicio, De Gerónimo 

et al. 2013).  These results show that AMPA is present in the environment at similar 

levels to glyphosate and depending on the time of year its potential for aquatic toxicity 

should be considered.  In the case of mecoprop-p, previous studies have found that 

mecoprop-p degradation products are more toxic to marine environments than the 

parent compound.  2-MCP is a degradation product of both mecoprop and mecoprop-p.  

In a study carried out by Mottier, Kientz-Bouchart et al. (2014) it was found that while 

mecoprop and mecoprop-p were “slightly toxic” to larval stages of the Pacific 

oyster, Crassostrea gigas, 2-MCP was found to be “moderately toxic” to “toxic”.  

Another finding of the study showed that 2-MCP was more toxic to older larval stages 

(21 days) examined through metamorphosis bioassay than embryos (36hr) examined 

through embryotoxicity bioassays (Mottier, Kientz-Bouchart et al. 2014).  The above 

study highlights the potential for the degradation products of herbicidal product to 

adversely affect aquatic organisms.  A similar study on the effect of chlorothalonil and 

its metabolite 4-hydroxychlorothalonil was carried out by Zhang, Ji et al. (2016).  The 

authors investigated the toxicity of chlorothalonil and its metabolite on the zebrafish, 

Danio rerio. Zhang, Ji et al. (2016) recorded an LOEC of 50 μg/l for both compounds.  

However, 4-hydroxychlorothalonil caused a greater mortality level than chlorothalonil 

at this concentration.  It was established that these effects are due the endocrine 

disruption properties of the compound.  Mancozeb's most environmentally relevant 
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metabolite is ethylenethiourea (ETU). The results of a kinetics experiment carried out 

by López-Fernández, Yáñez et al. (2016) found that low pH (2), low temperature 

(25 °C) and low light conditions to darkness were the best conditions to limit the 

conversion of mancozeb to ETU in aqueous solutions. After 72 hours under these 

conditions, 5.4% of mancozeb had been converted to ETU.  However when modeling 

software was used to predict the conversion of mancozeb to ETU in realistic surface 

water conditions (pH 8, 25 °C and light) 17.5% of mancozeb was converted to its 

primary metabolite ETU (López-Fernández, Yáñez et al. 2016).  Based on the findings 

of López-Fernández, Yáñez et al. 2016, the conditions of the toxicity studies carried out 

in this test may have optimised the conversion of mancozeb to ETU especially the 

macrophyte bioassay which was performed under lights at an ambient temperature of 

20°C.  Therefore the mancozeb toxicity values given here are most likely due to the 

toxicity of ETU on the test organism rather than mancozeb itself.  For the molluscicide 

metaldehyde, the principal metabolite is acetaldehyde (Stuart, Lapworth et al. 2012).  

While there has not been much investigation into acetaldehyde toxicity in aquatic 

environments, acetaldehyde has been shown to inhibited ATP and ADP hydrolysis and 

reduce AMP hydrolysis in zebrafish brain membranes (Rico, Rosemberg et al. 2008).  

Acetaldehyde is, therefore, likely to inhibit higher level aquatic organisms and may also 

pose a risk to the lower level organism if present in relevant quantities.  Finally, 

chlorpyrifos metabolite chlorpyrifos-oxon was observed to alter cholinesterase activity 

in vitro studies of the freshwater snail Planorbarius corneus (Cacciatore, Kristoff et al. 

2012).  Again chlorpyrifos-oxon toxicity in the freshwater environment is not widely 

studied but is likely to contribute to the toxic effect of chlorpyrifos on the environment 

and should be considered when evaluating the potential for chlorpyrifos to harm the 

freshwater environment.  The toxic effect of pesticide metabolites has been documented 

in a number of test organisms.  The presence of degradation products was not taken into 

consideration in this research project however based on evidence from the literature it is 

likely that the toxic effects observed in all test organisms were as a result of both the 

parent and degradation compounds.  It is advised that pesticide metabolites be taken 

into consideration in freshwater monitoring activities as the presence of metabolites can 

indicate an equal or greater risk to the environment when compared to the parent 

compound.    
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In both the bacterial and daphnia bioassays the test substance was introduced once at 

the test initiation and was not replenished for the remainder of the test.  In the case of 

the macrophyte bioassay, the test substance was added at the start of the test and again 

on day seven of the test.  As discussed above some of the test substances are likely to 

have reduced in concentration over the test period.  However, this is considered a more 

environmentally realistic scenario than continuously renewing the test solution.  

Aquatic environments are most likely to be exposed to pesticides from once off 

pollution events like spillages, spray drift or runoff from the land following a rainfall 

event.  Aquatic organisms will, therefore, be exposed to a peak level of exposure 

immediately decreasing in concentration over time.  The introduction of the test 

solution at the beginning of the test period mimics this pollution event.  Secondly, by 

only introducing the test substance at the start of the experimental period it allows the 

recovery of the test organism to be monitored, in this case, the recovery ability of 

bacteria was observed and recorded.  The macrophyte bioassay was the only experiment 

where the test substance was renewed.  This decision was taken because the 

experimental duration (14 days) meant that much of the test substances would likely be 

degraded before the end of the test period.  While this approach was taken to follow test 

protocol, which recommends replenishing the test substance every seven days, it is 

recommended that the time of substance replenishment be changed based on the 

degradation of the test substance if this information exists.  

5.4.3 Photodegradation 

The potential for photodegradation of formulations during the experimental procedure 

and likewise in the natural environment is also a possibility. The effectiveness of 

photodegradation of pesticide products and active ingredients from solution is variable.  

A study by Rubí-Juárez, Cotillas et al. (2016) concluded that no significant reduction in 

the concentration of the glyphosate formulation Roundup was seen following UV 

treatment of synthetic wastewater.  However, when UV treatment was combined with 

electrolysis, Roundup removal was significantly increased.  Likewise, the influence of 

UV light on the degradation of mecoprop and metaldehyde was examined by 

Semitsoglou-Tsiapou, Templeton et al. (2016) and it was reported that mecoprop and 

metaldehyde were degraded most significantly by low pressure ultraviolet hydrogen 

peroxide.  However, this is not the case for all active ingredients. The same study found 

that the herbicide clopyralid was the least susceptible to low pressure ultraviolet 
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hydrogen peroxide exposure and showed the least degradation.   Affam, Chaudhuri et 

al. (2014) found that UV Fenton pre-treatment in combination with aerobic sequencing 

had a removal efficiency of up to 97.4% when removing chlorpyrifos, chlorothalonil, 

and cypermethrin from wastewater.  Again UV light combined with another factor 

achieved the best removal capacity.  The photodegradation of chlorpyrifos was 

examined by the authors Amalraj and Pius (2015). A photoreactor using TiO2 under a 

UV lamp was used to study the degradation kinetics of the active substance. 

Photodegradation was noted to increase with increased photoperiod. In this case, 

degradation was observed to occur rapidly with a DT50 of only 9.74 – 11.17 minutes.  It 

can be concluded that light exposure can cause a reduction in pesticide concentrations 

in aqueous solution.  It should be taking into consideration that light exposure can 

contribute to the degradation of the test item during experimental procedures and the 

degradation of pesticides in natural environments.  For this research project 

photodegradation is only considered an issue for the macrophyte toxicity study which 

was conducted under lights. Again the use of a more frequent renewal schedule may 

help to combat against degradation.  Reduction of light frequency in the experimental 

chamber will also help to reduce the risk of photodegradation.  While UV exposure may 

result in some level of degradation, it is only in combination with other factors that the 

removal is significant. Photodegradation also appears to be substance specific. This 

could be a valuable avenue for pesticide removal from water systems in the future.  

5.5 Product versus active ingredient assessment 

All the toxicity tests carried out in this study used the product formulation of the 

pesticide rather than the isolated active ingredient. The pesticide formulation is the 

product applied in the field and therefore is in the form most likely to come into contact 

with a freshwater environment. A formulated pesticide will contain an active ingredient 

and other formulation adjuvant compounds (Krogh, Halling-Sørensen et al. 2003).  

These adjuvants improve the performance of the pesticide by enhancing the solubility 

of the active ingredient as well as aiding absorption and penetration into the target 

organism (Foy 1993).  Adjuvants can be combined in the product formulation or mixed 

with the formulated product in the spray tank prior to application (Krogh, Halling-

Sørensen et al. 2003).  Some evidence exists which suggests that these adjuvants and 

surfactants contribute to the toxicity of a particular pesticide and can themselves have a 

higher toxicity than the active ingredient of that pesticide (Ma, Xu et al. 2002, Lipok, 
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Studnik et al. 2010). Lipok, Studnik et al. (2010) discovered that when Roundup was 

compared to its components, isopropylamine alone was indicated as being more toxic 

than the active ingredient glyphosate.  A literature review by Krogh, Halling-Sørensen 

et al. (2003) highlighted that an inhibitory effect of all main adjuvants has been 

observed in micro-organisms, algae, rotifers, crustaceans, insects, fish and mammals. 

As adjuvants are used for all major pesticide forms their potential for adjuvants to 

impact on freshwater environments is as significant as the product itself.  Adjuvant 

toxicity evaluations should, therefore, be as comprehensive as that of the active 

substance.  

5.6 Recommendations  

Some common conclusions and recommendations have been suggested for each of the 

tests carried out for this research project.  

The use of multiple endpoints for the evaluation of pesticides and other chemicals is 

strongly recommended for all of the bioassays examined here to increase the accuracy 

of the toxicity assessment.  A recommendation from the bacteria bioassay was that EC50 

values, duration of lag period and slope of exponential growth phase used in 

combination gave a much better toxicity evaluation compared to just looking at a single 

endpoint. In the case of bacteria evaluation, the BOD5 value was not a useful endpoint.  

Following the macrophyte bioassay again it is recommended that more than one 

endpoint be used when assessing toxicity.  Root length proved to be the most sensitive 

endpoint and should always be used in toxicity assessment using aquatic macrophytes, 

while biomass dry weight was the least reliable parameter and is not recommended for 

use in bioassays of this kind.  Finally, while fewer endpoints are available for the toxic 

assessment of daphnia, distinguishing between immobility and mortality could be 

employed to gain more detail on the toxicity and response time of the test compound.  

The toxicity order of the six pesticides examined in all three toxicity studies changed 

depending on whether only one or some endpoints were used.  Therefore the selection 

of endpoints for a toxicity assessment is highly important and by using a number of 

endpoints a more precise and comprehensive result can be gained.  

For all three studies, an alteration in the duration of the test was recommended to save 

on time and labour and/or increase the accuracy of the result. In the case of the 

macrophyte bioassay, a test duration of 14 days was used rather than 7 days which has 
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been used in some previously developed protocols for Myriophyllum species. This 

allows more substantial plant growth and the possibility to assess recovery following 

exposure.  This is in contrast to both the bacteria and Daphnia bioassays where a 

decrease in the test duration was suggested.  In the case of bacterial toxicity tests, a 

reduction in the length of the test from the standard 5 day BOD test to a duration of 2 -3 

days is recommended depending on the test substance properties. This exposure time is 

also more realistic regarding retention time of water in the system and in terms of the 

exposure period of static bacteria to pollutants.  For all of the pesticides examined total 

recovery of the bacteria population was seen in this time frame and a reduction of the 

test period would still give a comprehensive assessment of the pesticide toxicity while 

reducing the wait for results.  Finally, measurement of daphnia mortality at both 24 and 

48 hrs is recommended when evaluating pesticides.  While results were only taken after 

48 hrs for the experiments carried out for this research project, two data time points 

would increase the information gained for each bioassay.  The conclusions drawn from 

all three bioassays performed for this assessment highlight how a small modification to 

the test duration and sample points can help to improve the value and usefulness of the 

results, particularly when assessment pesticide toxicity.  

Another common recommendation from each chapter was the use of Irish species in 

similar toxicity studies.  This may be a useful additional higher level of assessment 

unique to Irish habitats. This could be particularly relevant for areas of high risk to 

pesticide exposure or environmentally protected areas.  There are numerous examples 

in the literature which highlight variation in the toxicity of the same substance on 

different species in the same functional group. Therefore to achieve the most accurate 

toxicity evaluation for a specific location the use of locally relevant bacterial, 

macrophyte and invertebrate species could be employed.  However, this may require 

modification to the standard protocols, and therefore it is recommended to use standard 

species and protocols for initial toxicity assessment before moving on to a higher level 

of assessment using locally relevant species. 

It is evident from the results of each toxicity assessment that not only do multiple 

endpoints provide a better toxicity assessment but also that depending on the mode of 

action and type of compound the effect can be very different.  For a comprehensive 

assessment of the toxicity of a substance, consideration of the chemistry of the test 
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substance, the location, and the water chemistry should be taken into account to achieve 

a focused toxicity assessment for a specific area.  

5.7 Further Study 

Following on from the findings of this study a number of other research avenues could 

be pursued to build on the research conducted here.   

The addition of another trophic level to the study, by adding a higher tier species, would 

give greater information to assess the impact pesticides have on the entire freshwater 

ecosystem.  The OECD test guideline 203, Fish Acute Toxicity Test (OECD 203) could 

be employed to assess the toxicity of the study pesticides on fish.  This would complete 

the trophic level assessment of a freshwater environment.  Likewise, the use of a larger 

more complex invertebrate, such as Gammarus, would also enhance the toxicity 

assessment. Gammarus's longer lifespan and more complex physiology compared to 

daphnia would allow for a more comprehensive evaluation of crustaceans in the system. 

The use of higher tier species in toxicity studies adds a number of useful additional 

pieces of information, that are not possible from lower level organisms.  Toxicity tests 

on larger organisms are often based on chronic low level exposure over a prolonged 

time.  This type of experimental design facilitates the observation of a more realistic 

environmental scenario, where organisms are exposed to low levels of a pollutant for 

longer periods of time, therefore complementing the existing data.  Fish higher tier 

studies also allow for data collection on the accumulation of the toxic substance in the 

tissue of the organism. Again, this is not possible with short term, lower tier studies.  

Higher tier studies can, however, add increased difficulty in culturing of test organisms 

and higher variation can be observed between replicates.  While these negative 

elements of higher tier studies are not desirable, the inclusion of additional higher 

trophic levels would greatly benefit the toxicity evaluation of the pesticides discussed in 

this research project and should be considered as a result.  

The cumulative and combined effect of more than one pesticide would also build on the 

findings discussed here.  Pesticides occur in combinations in the environment and in 

order to protect aquatic environments it is necessary to understand the complex 

relationship between pesticides and the synergistic impact they can have on aquatic 

organisms.  Further studies on formulation combinations and multi-active formulations 

are recommended. 
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Higher tier toxicity studies, using more realistic mesocosm study designs, are also a 

possible avenue of research which would add to the research already carried out.  

Assessment of the toxicity of a substance to a multi-species mesocosm would help to 

mimic a real life environment and investigate interactions between species in the 

presence of pesticide exposure.  

Finally, while the studies here were based on short time acute exposure scenarios, 

extended chronic exposure to aquatic species was not considered.  This is particularly 

relevant for agrochemicals which are expected to persist in the environment over a long 

period of time. Chronic studies should focus on reproductive and developmental 

toxicity over extended periods of time.  
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5.8 Main Conclusions 

Bacteria 

 The pesticide active ingredients examined here were not permanently toxic to the 

bacteria seed population and all populations recovered within five days.  These 

pesticides are not thought to have a long term inhibitory effect on bacteria.  

 The ISO 5815:2003 (1&2) is not a good inhibition screening test because the 

pesticides examined here do not exert a lasting inhibitory effect on the bacterial 

seed population.  Continuous data collection over a shorter period of time using the 

WTW Oxitop system would be a more useful alternative to using BOD5 as an 

inhibitory screening method. 

 All pesticides were degraded and used as a food source by the bacteria seed 

population.  This indicates that freshwater systems can remediate against pesticide 

contamination. 

Macrophytes 

 Switching from the use of L. minor in toxicity tests to using more complex 

macrophyte species such as M. aquaticum will allow for a greater range of 

measurements to be taken and a better understanding of the impact of the toxin on 

non-target macrophyte species.  

 Roots are particularly sensitive to toxins and where possible should always be 

included in toxicity tests.  Root length proved to be a very sensitive parameter to 

pesticides.  Biomass Dry weight was the least reliable parameter measured due to 

the small values and large SD/CV.  

Daphnia 

 The OECD 202 Daphnia immobility study is a general protocol for the assessment 

of a wide variety of chemical substances.  For the assessment of plant protection 

products, special consideration should be given to the mode of action of the 

chemical when selecting the test duration.  Secondly, stirring or aeration of the test 

solution may be required in cases where the test substance does not easily remain in 

solution.  Lastly, distinguishing between immobility and mortality of daphnia can 
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be difficult but can give a useful additional piece of information about the effect of 

the substance on the daphnia. 

 The results indicate that daphnia are particularly sensitive to pesticide exposure.  

The Daphnia acute toxicity test can be used to give a good indication of the toxicity 

of the substance to a freshwater aquatic environment as a whole.  
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7. Appendix  

Pesticide selection 

Table 1 List of most common pesticides used in Ireland, The UK and United States of America by active ingredient [(h) – herbicide, (f) – fungicide, (I) – Insecticide, (M) – 

mollusicide, (PGR) – plant growth regulator].  

Active 

ingredient 

Irish 

Rank 

Usage in 

total kg 

UK 

Rank 

Usage in 

tonnes 

US 

Rank 

Usage in 

millions of 

Ilbs 

Product names Toxicity Class 

(WHO) 

Glyphosate (h) 5
th

  116,731 2
nd

  1,340 1
st
  180 -185 Round-up Slightly hazardous  

(Class III) 

Mecoprop-P (h) 6
th

  112,058 9
th

  393 - - Foundation, 

Hytrol lawn weed killer, 

Duplosan KV, 

Compitox Plus, 

High Load Mircam, 

Mircam Super, 

T2 Green 

Moderately 

hazardous  

(Class II)    

Pendimethalin 

(h) 

17
th

  14,727 4
th

  1,176 10
th

  7-9 Stomp 400 SC, 

 

Moderately 

hazardous 

(Class II) 

Chlorothalonil 

(f) 

1
st
  190,776 3

rd
  1,181 12

th
  7-9 Joules, 

Supreme, 

Bravo 500 

Moderate (from 

MSDS) 

Mancozeb (f) 2
nd

  157,295 5
th

  761 19
th

  4-6 Matilda  

Chlorpyrifos (I) 47
th

  3,850 Outside 

top 50 

41.93 14
th

  7-9 Dursban 4 

Trigger 

Moderately 

hazardous  
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Active 

ingredient 

Irish 

Rank 

Usage in 

total kg 

UK 

Rank 

Usage in 

tonnes 

US 

Rank 

Usage in 

millions of 

Ilbs 

Product names Toxicity Class 

(WHO) 

(Class II) 

Methiocarb (M) 46
th

  4,235 - - - -  Highly hazardous  

(Class 1b) 

Metaldehyde 

(M) 

95
th

  267 28
th

  107 - -  Moderately 

hazardous  

(Class II) 

Chlormequat 

(PGR) 

3
rd

  155,970 1
st
  2,479 - - AgriGuard Chlormequat 750, 

CeCeCe 750 

 

Moderately 

hazardous  

(Class II) 
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Table 2 Top 20 pesticides active ingredients, ranked by usage, in Ireland, UK and US.  

 Ireland UK US 

Rank Active Ingredient Usage in total kg Active Ingredient Usage in tonnes Active Ingredient Usage in Ilbs x10
6
 

1 
Chlorothalonil 

(fungicide) 
190,776 

Chlormequat (growth 

regulator) 
2,479 Glyphosate (herbicide) 180-185 

2 Mancozeb (fungicide) 157,295 Glyphosate (herbicide) 1,340 Atrazine (herbicide) 73-78 

3 
Chlormequat (growth 

regulator) 
155,970 

Chlorothalonil 

(fungicide) 
1,181 

Metam Sodium 

(fumigant) 
50-55 

4 
Sulphuric acid 

(herbicide) 
147,059 

Pendimethalin 

(herbicide) 
1,176 Metolachlor-S (herbicide) 30-35 

5 
Glyphosate 

(herbicide) 
116,731 Mancozeb (fungicide) 761 Acetochlor (herbicide) 28-33 

6 
Mecoprop-P 

(herbicide) 
112,058 Prosulfocarb (herbicide) 695 

Dichloropropene 

(fumigant) 
27-32 

7 Isoproturon (herbicide) 107,852 
Chlorotoluron 

(herbicide) 
450 2,4-D (herbicide) 25-29 

8 
Fenpropimorph 

(fungicide) 
68,157 

Prothioconazole 

(fungicide) 
424 

Methyl Bromide 

(fumigant) 
11-15 

9 Metamitron (herbicide) 29,113 
Mecoprop-P 

(herbicide) 
393 Chloropicrin (fumigant) 9-11 

10 
Epoxiconazole 

(fungicide) 
24,888 Metazachlor (herbicide) 344 

Pendimenthalin 

(herbicide) 
7-9 

11 
Guazatine (seed 

treatment) 
22,571 Propyzamide 317 

Ethephon (plant growth 

regulator) 
7-9 

12 flusilazole 21,203 Tebuconazole 315 
Chlorothalonil 

(fungicide) 
7-9 

13 azoxystrobin 20,795 Flufenacet 308 
Metam Potassium 

(fumigant) 
7-9 

14 Tribenuron (methyl) 20,485 Epoxiconazole 224 
Chlorpyrifos 

(insecticide) 
7-9 
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 Ireland UK US 

15 prochloraz 17,729 Boscalid 208 
Copper Hydroxide 

(fungicide) 
6-8 

16 
Dimethoate 

(insecticide) 
17,592 Fenpropimorph 180 Simazine (herbicide) 5-7 

17 
Pendimethalin 

(herbicide) 
14,727 Folpet 159 Trifluralin (herbicide) 5-7 

18 Ethofumesate 13,983 
Propamocarb 

hydrochloride 
159 Propanil (herbicide) 4-6 

19 carbendazim 12,487 Spiroxamine 150 Mancozeb (fungicide) 4-6 

20 spiroxamine 12,426 Metamitron 137 Aldicarb (insecticide) 3-4 

 

Methiocarb 

(molluscicide) (ranked 

46) 

4,235 

Metaldehyde 

(mollusicide) (ranked 

28) 

107 

 
  

 

Chlorpyrifos 

(insecticide) 

(ranked 47) 

3,850 

Chlorpyrifos 

(insecticide) (ranked 

outside top 50) 

41.93   

 

Metaldehyde 

(molluscicide) 

(ranked 95) 

267     

 

 


