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Summary 

Anthropogenic application of inorganic and organic nitrogen (N) to agricultural landscapes has 

pervasive consequences, including human health implications, eutrophication, loss of habitat 

biodiversity and greenhouse gas emissions. In light of the negative impact of surplus N losses, 

intensification of agriculture must be compatible with environmental sustainability. In order to fulfil 

European Union Water Framework Directive requirements, a fundamental understanding of the 

processes governing the mobilisation, transport and transformation of reactive N is required. At the 

catchment scale, agronomic, meteorological, hydrogeological and physicochemical parameters control 

the spatiotemporal occurrence of N. In this thesis, quantitative field study, chemical analyses and 

numerical modelling offers a solution to quantify the form and fate of N under a range of climatic, 

geological and agronomic settings. The project was undertaken from 2012 to 2016 (following on earlier 

monitoring from 2010) in two ca. 10km2 Irish catchments, characterised by well drained soils. The slate 

catchment is dominated by arable land overlying Ordovician slate bedrock. The sandstone catchment is 

characterised by grassland overlying Devonian sandstone bedrock. Both catchments contain two 

instrumented hillslopes, each of which has a stream channel at its base. Multi-level monitoring wells 

were targeted to intercept both shallow and deeper groundwater pathways.  

Average annual N loading (2010-2016) to the sandstone hillslopes (430 kgN/ha/yr.) greatly exceeded 

the slate hillslopes (145 kgN/ha/yr.). FracLEACH describes the quantity of reactive N leached from soil 

to groundwater as a proportion of the total N applied. In the sandstone hillslopes, a mean FracLEACH 

of 18% was calculated. In the slate hillslopes, the mean FracLEACH of 43% highlighted a propensity 

for greater N leaching losses in arable catchments. Average annual stream NO3
- (2010-2016) in the slate 

catchment (7.0 mgN/L) closely reflected shallow groundwater NO3
- (7.2 mgN/L). In the sandstone 

catchment, average annual stream NO3
- concentrations (4.8 mgN/L), approximately 30% lower than the 

streams of the slate catchment. 

Groundwater denitrification has the capacity to mitigate stream NO3
- enrichment by returning N to the 

atmospheric pool. The reaction is sequential, with several intermediary products. The differentiation 

between which reaction product dominates is of environmental concern: dinitrogen (N2) gas is 

environmentally benign whereas nitrous oxide (N2O) is a potent greenhouse gas. Denitrification was 

assessed by measuring the concentrations of N species, aquifer hydrogeochemistry, aquifer hydraulic 

properties and stable isotope signatures from 2013 to 2015. Physical factors (agronomy, water table 

elevation and permeability) determined the hydrogeochemical signature of the aquifers, which acted as 

the dominant control on denitrification rates. High permeability, aerobic conditions and a lack of 

bacterial energy sources in the slate catchment resulted in low denitrification rates (0–32%), high NO3
- 

and comparatively low N2O emission factors (EF5g1). In the sandstone catchment, denitrification rates 

ranged from 4 to 94% and were correlated to aquifer permeability, water table elevation, dissolved 

oxygen concentrations and the presence of solid phase bacterial energy sources. Denitrification of NO3
- 
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to N2 occurred in anaerobic conditions, while at intermediate dissolved oxygen, N2O was the dominant 

reaction product. EF5g1 (mean: 0.0018) in the denitrifying sandstone catchment was 32% less than the 

IPCC default. Denitrification observations across catchments were supported by stable isotope 

signatures. The effects of agronomic, meteorological and hydrogeological drivers on the spatiotemporal 

occurrence of groundwater NO3
- were measured from 2010-2016, using a multiple linear regression 

model. Responses in groundwater NO3
- concentrations over the main recharge period of each year were 

averaged at each piezometer and regressed on driver variables that were integrated over a 6-month 

period preceding the groundwater NO3
- response. Soil moisture deficit (SMD) was the dominant 

meteorological driver influencing groundwater NO3
- concentrations. Increases in groundwater NO3

- 

were linked to mineralisation during high SMD periods, followed by flushing of NO3
- during high 

rainfall. The effects of significant hydrogeological drivers on groundwater NO3
- were linked to aquifer 

vulnerability and denitrification capacity. A significant increase in average groundwater and stream 

NO3
- concentrations was measured in the slate catchment over the seven-year period (p < 0.05). 

Groundwater travel times (tS) and the contribution of groundwater pathways to the stream were 

characterised using MODFLOW.  Numerical 2D “slice” models for groundwater flow were constructed 

for one hillslope per catchment. At the sandstone hillslope, tS to the stream ranged from less than one 

day to 5.1 years over. At the slate hillslope tS ranged from less than one day to 1.3 years. At both the 

sandstone and slate hillslopes, the minimum tS represented the fastest possible pathways where the 

source was adjacent to the stream receptor, and groundwater flow was through shallow, high velocity 

pathways. The relative contribution of shallow pathways to the stream increased during high recharge 

at both hillslopes. The design and implementation of successful N mitigation strategies requires a 

process-based understanding of the production, consumption and transport of N, across a range of 

agronomic and hydrogeological settings. It is hoped that the research presented herein has contributed 

to that understanding. 
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(GSI) Geological Survey of Ireland 

(GTV) Groundwater Threshold Value  

(IPCC) International Panel on Climate Change 

(Ksat) Saturated hydraulic conductivity 

(LU) Livestock units 

(MS) Midslope zone 

(NAP) Nitrates Action Programme 

(ne) Effective porosity 

(NINI) Total initial N 

(NO3
- - Ns) Shallow groundwater parameter used in FracLEACH calculation 

(NS) Upslope zone 

(P1, P2…P20) MODPATH particles 

(PEST) Parameter estimation by sequential testing 

(POM’s) Programme of measures 

(QEF) Total recharge: measured as effective rainfall multiplied by field area  
(QGW) Groundwater discharge 

(QGW) Total recharge 

(R) Recharge 

(RCB) Recharge Flux Boundary 

(RP) Denitrification reaction progress) 

(S1, S2, S3 & S4) Slate catchment field ID’S 

(Sandstone N) Northernmost hillslope transect in the sandstone study catchment 

(Sandstone S) Southernmost hillslope transect in the sandstone study catchment 

(SAS) Statistical Analysis Software 

(Slate N) Northernmost hillslope transect in the slate study catchment 

(Slate S) Southernmost hillslope transect in the slate study catchment 

(SlateBed1) Competent slate bedrock  

(SlateBed2) Competent slate bedrock 

(SlateHW) Highly weathered slate 

(SlateMW) Moderately weathered slate 

(SMD) Soil moisture deficit  
(SON) Soil organic N 
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(SS1, SS2, SS3, SS4 & SS5) Sandstone catchment field ID’S 

(SSBed1) MODFLOW sandstone bedrock layer between 15 and 30m BGL (layer 1) 

(SSBed2) MODFLOW sandstone bedrock layer between 15 and 30m BGL (layer 2) 

(SSFrac) MODFLOW fractured sandstone bedrock layer  

(Streambed conductance) Transmissivity of streambed sediments 

(Sy) Aquifer specific yield 

(tS)  Saturated zone time lag 

(tT) Total hydrologic time lag 

(tU) Unsaturated zone time lag 

 (UAA) Utilizable agricultural area 

(US) Near stream zone 

(USGS) United States Geological Survey 

(WFD) Water Framework Directive 



_________________________________________________________________________________ 

__________________________________________________________________________________

1 

 

1 Introduction 

Nitrate (NO3
-) is regarded as the dominant contaminant affecting water quality worldwide (Spalding & 

Exner, 1993; Townsend et al., 2003). Anthropogenic application of inorganic and organic nitrogen (N) 

to agricultural landscapes has pervasive consequences including human health implications (e.g. 

methemoglobinemia), eutrophication, aquatic acidification, loss of habitat biodiversity and greenhouse 

gas emissions (Gruber & Galloway., 2008; Weymann et al., 2008; Dennis et al., 2012; Richards et al., 

2015). Continuous export of N to waters also reduces the ability of aquatic ecosystems to absorb and 

adapt to natural or climate events (Sutton et al., 2009).  A doubling in global food demand is projected 

over the next 50 years (Tilman et al., 2011). In an Irish context, the abolition of EU milk quotas in 2015 

(European Commission, 2015) and the commitment of government to achieve national production goals 

((Food Harvest 2020 (Dept. of Agriculture, Food and the Marine, 2010) and Food Wise 2025 (Dept. of 

Agriculture, Food and the Marine, 2015)), is expected to increase N use and lead to an increase of 

reactive N loss to the environment. 

Groundwater and surface waters are an essential resource, providing a potable water supply for public 

consumption, industrial water for commercial use and irrigation water for agriculture. Approximately 

75% of EU residents and 25% of Republic of Ireland residents depend on groundwater for their water 

supply (Daly, 2009). In most rivers in Ireland, more than 30% of the annual average flow is derived 

from groundwater. During low flow periods this figure can rise to more than 90% (Daly, 1999). Surface 

water and groundwater systems are inextricably linked and cannot be treated as separate entities (Fetter, 

2000). The European Union Water Framework Directive (WFD; 2000/60/EC) stipulates member state 

water bodies must achieve at least “good status” within set reporting deadlines (2015, 2021, 2027). In 

Ireland, the Nitrates Directive (91/676/EEC) forms the basis for the agricultural Programme of 

Measures (POMs) to achieve WFD goals. From a groundwater perspective, good status will only be 

achieved when there is no over-exploitation of aquifers or adverse impacts on groundwater supported 

aquatic and terrestrial ecosystems (Hiscock et al., 2002).  

Given the projected increases in international and national food demands, the identification of 

subsurface environments with a capacity for N attenuation is essential to the design of sustainable 

management strategies. At the molecular level, reactive N is intrinsically unstable, cycling through 

chemical forms as it circulates through terrestrial, aquatic and atmospheric ecosystems. Denitrification 

is the dominant NO3
- attenuating mechanism in groundwater (Korom, 1992; Seitzinger et al., 2006), 

whereby NO3
- is reduced to dinitrogen (N2) gas. While N2 is environmentally benign, the oxides 

produced during the reaction, namely nitric oxide (NO) and nitrous oxide (N2O), are potent greenhouse 

gases. Groundwater denitrification has the capacity to mitigate stream N enrichment by returning N to 

the long residence time atmospheric pool (Heffernan et al., 2012); however, it can also contribute to 

stratospheric ozone depletion, eutrophication and formation and accumulation of surface ozone through 

N2O production (Vitousek et al., 1997). Large uncertainties remain around the contribution of indirect 
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N2O emission pathways, namely from groundwater and surface drainage, rivers and coastal marine 

areas, to the global greenhouse gas budget (Vilain et al., 2012). Fuelling this uncertainty is a lack of 

process-based understanding regarding the production, consumption and movement of groundwater and 

stream N2O across a range of hydrogeological settings (Höll et al., 2005; Clough et al., 2007; Jahangir 

et al., 2013). 

Groundwater N can fluctuate over various temporal scales ranging from daily, to seasonal, annual and 

decadal (Tomer & Burkart, 2003; Ocampo et al., 2006; Huebsch et al., 2012; Huebsch et al., 2013). 

Identifying a trend in water quality or an “underlying rate of change” as opposed to short term 

fluctuations or noise in the data is challenging (Stuart et al., 2007), as the parameters which govern 

these temporal patterns are not isolated from each other, rather they are intertwined within a hydrologic 

system. Geostatistical approaches have proven successful in identifying significant trends in, and 

drivers of water quality (Kim et al., 2005; Pinay et al., 1998; Huebsch et al., 2013). Several studies have 

documented the effect of agricultural practices and meteorology on the concentration of NO3
- leached 

to groundwater (Schmidt et al., 2004; Emmet et al., 2004; Borken & Matzner, 2009; Hart., 2006; 

Huebsch et al., 2013; Premrov et al., 2014). Temporal drivers influence the concentration of NO3
- 

leached to groundwater while catchment-specific pedological and geological parameters influence the 

timing of the groundwater and stream response (Fenton et al., 2009; Fenton et al., 2011; Baily et al., 

2011).  

Groundwater flow pathways and saturated zone travels times (tS) vary as a complex function of 

catchment hydrology and site-specific hydrogeological characteristics (Basu et al., 2010); with 

geological heterogeneity becoming increasingly important at smaller scales (Puls and Paul., 1997). 

Overburden thickness and permeability, the relative elevation of the equipotential surface (McLay et 

al., 2001), aquifer permeability and porosity (Fenton et al., 2009a) and recharge rate exert a significant 

influence on groundwater residence times, with travel times ranging from days to decades. The 

identification of dominant groundwater flowpaths, flow path residence times and streamflow 

contributions have important implications for NO3
- mobilisation, transport and transformation. From a 

policy perspective groundwater travels times (tS) represent a proportion of total time lag (tT), that is, 

the delay between the enforcement of a mitigation measure at the land surface and the timing of an 

expected response at the groundwater or stream receptor. In order to quantify the success or failure of 

mitigation strategies implemented under the WFD, consideration of tT must be made.  

The UNECE/CLRTAP Task Force on Reactive N collated existing global knowledge on N as a threat 

to European water quality. The major knowledge gaps identified were 1) N attenuation pathways 2) 

pollution swapping between environmental compartments, 3) implementation and evaluation of 

mitigation measures and 4) delays in the water quality response to mitigation measures (Sutton et al., 

2009). The evolution of groundwater and stream N, both spatially and temporally, involves a complex 

interplay between agronomic practices, catchment meteorology, hydrogeology and hydrology. Given 
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the inherent geological complexity and spatial heterogeneity of aquifer flow systems, numerical 

modelling, backed up by quantitative field studies, offers a solution to quantify the form and fate of 

surplus NO3
- under a range of climatic, geological and agronomic settings.  

The aim of this thesis was to develop a process-based understanding of the production, consumption 

and transport of NO3
-, across both spatial and temporal scales, in a range of agronomic and 

hydrogeological settings. The following objectives describe how this aim is addressed throughout the 

thesis: 

1) Investigate NO3
- transport and transformations in instrumented hillslopes in two contrasting 

catchments. 

2) Quantify the capacity of these hillslope hydrologic systems to naturally attenuate 

agriculturally derived NO3
-.  

3) Elucidate the extent of denitrification by measuring the accumulation and ratio of reaction 

products (excess N2 and N2O). 

4) Determine the physical and biogeochemical factors affecting groundwater denitrification 

rates and indirect N2O emissions from groundwater. 

5) Investigate long term trends in groundwater and stream NO3
- concentrations over a seven-year 

monitoring period in two distinct agronomic and hydrogeological settings. 

6) Elucidate the hydrogeological, agronomic and meteorological factors that contributed to the 

spatial and temporal variation of groundwater NO3
- in pairs of instrumented hillslopes in two 

contrasting catchments.  

7) Develop a groundwater flow model for each study catchment, which is capable of estimating 

dominant flow groundwater paths and groundwater travel times (tS) through distinct aquifer 

layers. 

8) Using the groundwater model: 

̵ Characterise groundwater pathways in terms of NO3
- transport and attenuation capacity.  

̵ Quantify the relative contribution of groundwater NO3
- transport pathways to the stream at 

the hillslope scale.  

̵ Identify realistic timeframes within which measurable water quality goals can be achieved. 

9) Make informed recommendations to improve groundwater and stream water quality, which 

are cognisant of catchment specific agronomy, hydrogeology and hydrogeochemistry. 

This research forms part of the Agricultural Catchments Programme (ACP) which aims to provide a 

scientific evaluation of the Good Agricultural Practice regulations implemented under the Nitrates 

Directive. 
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1.1 Thesis layout  

A flowchart illustrating the structure of this thesis, accompanied by a graphical abstract for Chapters 3, 

4 and 5, is provided in Fig. 1.1. In Chapter 2, the legislative framework underpinning Irish water quality 

objectives is outlined. A detailed review of nitrogen attenuation processes is provided with a particular 

focus on groundwater denitrification. Denitrification is characterised in terms of reactants, reaction 

products and environmental parameters which act to either promote or retard groundwater 

denitrification progress. In Chapter 3, the results of a comprehensive monitoring programme designed 

to investigate the influence of hydrogeological setting and aquifer physicochemistry on groundwater 

denitrification rates are presented. The study combines a complete analysis of N species: organic N, 

ammonium (NH4
+ - N), NO3

- - N, nitrite (NO2
- - N), N2O - N and N2 – N, with aerobicity (dissolved 

oxygen and redox potential), electron donors, dual isotopic techniques and aquifer hydraulics. While 

the main focus of Chapter 3 is spatial variability in groundwater and stream NO3
-, N2O and N2, the focus 

of Chapter 4 is temporal NO3
- dynamics. Hydrogeochemical, meteorological, agronomic and 

hydrogeological datasets spanning from 2010 until 2016 are incorporated into a multiple linear 

regression model. The model identifies the dominant variables regulating the temporal occurrence of 

groundwater NO3
- in the two contrasting study catchments. Also presented is a temporal trend analysis 

of catchment groundwater and stream NO3
- over the 7-year monitoring period. In Chapter 5, the results 

of a groundwater modelling exercise (MODFLOW) and hydro-geochemical field study results are 

interpreted in terms of likely timeframes within which measurable water quality goals can be achieved. 

Results are interpreted in terms of NO3
- transport capacity, groundwater residence time and groundwater 

attenuation capacity. Finally, the overall conclusions of each chapter are discussed in Chapter 6, with 

recommendations for water quality and suggestions for incorporating these findings into existing 

environmental policy.  
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Figure 1.1:  Flowchart illustrating the layout of the thesis and the primary content contained in 

each thesis chapter.  
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2 Literature review 

2.1 Overview 

In Chapter 2, the legislative framework underpinning Irish water quality objectives and the current 

water quality status of Irish waters are described. Each of the thesis objectives outlined in Section 1.1 

refer to either NO3
- or a transformation product of NO3

-. The literature review therefore puts a very clear 

emphasis on the nitrogen cycle, and how N species are likely to react in different physicochemical 

environments. The environmental parameters which act to govern N transformation rates are interlinked 

and complex.  Aristotle once stated: “In order to understand anything, you must not try to understand 

everything”. In the case of the nitrogen cycle, the author respectfully disagrees. In order to describe the 

cause and effect of one environmental parameter on N cycling, it is necessary to understand all possible 

contributory factors. As such, a comprehensive review of the environmental parameters with the 

potential to control groundwater N attenuation rates is provided.  

The main research chapters (3, 4 and 5) are written in the form of research papers. Each contains a self-

contained literature review which is tailored to describe the specific research questions being addressed. 

While the objectives for each research chapter are distinct from each other, they are each linked to, and 

require a fundamental understanding of the processes described herein. As such, the broad purpose of 

the introductory literature review is to provide a solid scientific footing on which to build the thesis 

2.2 Legislative framework 

2.2.1 Water Framework Directive 

The EU Water Framework Directive (WFD) was introduced in December 2000 (EPA Catchments, 

2017), establishing a holistic regime for the integrated management of all European water bodies. The 

directive aims to protect and improve Europe’s rivers, lakes and groundwater and sets out 

environmental targets which must be met within specified timescales (Table 2.1). The objectives of the 

WFD are to protect all high-status waters, prevent further deterioration of all waters and to restore 

degraded surface and ground waters to “good status” by set reporting deadlines (EPA, 2008). Member 

states are expected to achieve these objectives primarily through the creation of river basin management 

districts and programmes of measures (POMs). Examples of basic measures include the Nitrates 

Directive (91/676/EEC), the Habitats Directive (92/43/EEC), the Urban Waste Water Treatment 

Directive (91/271/EEC) and the Integrated Pollution Prevention and Control Directive (96/61/EC) 

(Kavanagh & Bree, 2009). These measures have been implemented through a variety of statutory 

instruments and are legally binding across the state. 
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Year  Action  

2000  EU-WFD enacted (18th December)  

2003  

Transposition of  EU-WFD into Irish legislation  

Identification of River Basin Management Districts (RBMDs)  

And Appointment of implementation authorities  

2004  Characterisation of RBMDs (pressures, impacts and economic analysis) 

2005  
Development of groundwater quality assessment criteria  

 

2006  
Establishment of water quality monitoring programmes  

Public consultation on water quality issues  

2007  Publication of interim report on each RBMD  

2009  Publication of River Basin Management Plan (RBMP)  

2012  Make operational programme of measures (POM’s) 

2015  
End of first management cycle/reporting period  

Deadline for achieving water quality objectives  

2021  
Second management cycle and reporting period  

Extended deadline for achieving water quality objectives  

2027  
Third management cycle and reporting period  

Final deadline for achieving good water status  

 

2.2.2 Nitrates Directive 

Currently in Ireland, the Nitrates Directive (91/676/EEC) forms the basis for the agricultural programme 

of measures (POMs) to achieve WFD goals. The Nitrates Action Programme (NAP) is implemented by 

the Good Agricultural Practice Regulations (first produced in 2006, current version 2014), while WFD 

Programmes of Measures for the second phase of the WFD River Basin Management cycle are being 

drawn up at national level (EPA, 2017) and will include the measures under the NAP. The focus of the 

Nitrates Directive is to prevent agriculturally derived NO3
- from polluting European surface water and 

groundwater. 

The NAP regulations serve two primary purposes. 1) They provide increased statutory support and 

strengthened enforcement provisions for the protection of waters by local authorities. 2) The regulations 

require the avoidance of practices in agriculture which may cause water system pollution. In Ireland, 

the Agricultural Catchments Programme (ACP), which this thesis forms part of, is responsible for the 

evaluation of the effectiveness of POM’s implemented under the Nitrates Directive. These include: 

• Restriction’s relating to the times of year, weather and soil conditions during which land 

spreading of fertilisers and animal wastes can be undertaken. Closed period for chemical N: 

15th September – 31st January. Closed period for organic N: 1st November – 31st January. 

• Enforcement of a 170 kgN/ha/yr. limit on organic N spreading rates. 

Table 2.1: Key dates and deadlines relating to the Water Framework Directive WFD; 2000/60/EC. 
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• Minimum setback distances from water sources during land spreading. 

• Minimum storage capacity for manures, dairy washings, soiled water and effluent.  

• Requirement for documentation of nutrient application, soil testing and nutrient budgets. 

The Nitrates Regulations were reviewed in 2010, and while fundamental changes were not made, a 

number of case specific changes were made, these include: 

• Site specific risk-based methodology for setback distances relating to drinking water 

abstraction points. 

• Revision of the setback distance to water courses during lands spreading from 1.5m to 2m. 

• Amendments of certain dates where green cover is required. 

• Revision of the maximum fertiliser and slurry application rates for cereal crops. 

• New controls on bailed silage. 

(Good Agricultural Practice for the Protection of Waters Regulations, 2010) 

2.2.3 Denitrification 

Denitrification is the microbially mediated process whereby nitrate (NO3
-) is reduced to the 

environmentally benign dinitrogen gas (N2) (Korom, 1992). It is a sequential process and as such there 

are several intermediary compounds produced during the reaction. These include nitrite (NO2
-), nitric 

oxide (NO) and nitrous oxide (N2O). The ratio of these reaction products varies as a function of a 

complex series of environmental parameters which can vary in both space and time. In general, the 

absence of oxygen (Jahangir et al., 2012a) and the presence of organic carbon (Hiscock et al., 1991), 

reduced sulphur or iron facilitate denitrification (Buss et al., 2005).  

The micro-organisms responsible for NO3
- reduction are chemotrophs. Rather than obtaining the energy 

they require for cellular growth from the sun, denitrifying bacteria oxidise both organic and inorganic 

compounds. It is noted repeatedly throughout the available literature that bacteria capable of 

denitrification are ubiquitous within surface, soil and groundwater environments (Beauchamp et al., 

1989; Francis et al., 1989; Smith and Brooks, 1994). The relative population numbers vary according 

to environmental parameters such as nutrient supply, pH, salinity and carbon supply (Mathess, 1982). 

Denitrifying bacteria have been sampled in shallow subsoil deposits (Smith and Duff, 1988) and at 

substantial depths in larger aquifers (Zhang and Lampe, 1999). No evidence was found within the 

available literature, where subsurface denitrification was limited by the absence of a bacterial 

population. In accordance, the presence of de-nitrifiers is assumed hereafter. 

Korom (1992) describes the denitrification reaction in terms of oxidation or valence state. As the 

electrons transferred during the redox reaction are negatively charged, the oxidation state of the 

sequentially reduced compounds becomes progressively more negative.  
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Eq. 1 describes this reaction: 

                                       

           (Korom, 1992) 

 

Various stoichiometric equations may be written for the denitrification process relating the electron 

acceptor (N Oxide) to the energy source (electron donor) for the reaction. The form that these equations 

take depends on the expression of the organic matter/inorganic species in the equation. Table 2.1 

illustrates a summary of the stoichiometric relationships from several denitrification studies utilising 

both organic and inorganic energy sources. 

 

 

Eq. Heterotrophic denitrification 

Eq.a Metcafe and Eddy (2003) 6NO3
- + 5CH3OH to 5CO2 + 3N2 + 7H2O + 6OH 

Eq.b Knowles (1986) 5CH3COOH + 8NO3
- to 4N2 + 10CO2 + 6H2O 

Eq.c Jorgensena et al. (2004) 5CH2O + 4NO3
- to 2N2 + 4HCO3 + CO2 + 3H2O 

 Autotrophic  denitrification 

Eq.d Knowles (1986) 5S2 + 8NO3
- + 8H+ to 5SO4

2- + 4N2 + 4H2O 

Eq.e Kurt et al. (1987) 2NO3
- + 5H2 to N2 + 4H2O + 2OH- 

Eq.f Kolle (1985) 5 FeS2 + 14NO3
- + 4H- to &N2 + 10SO4

2- + Fe2+ 

Equations (a) to (c) in Table 2.1 describe reactions in which labile dissolved organic carbon (DOC) 

(methanol, acetate and glucose) is used as an electron donor. In general terms, the products produced 

during these complete heterotrophic denitrification reactions are N2, CO2 and H2O. The fate of the 

produced CO2 depends on the environment in which the reaction takes place. The equations (a, b, c, e 

& f) describe stoichiometric relationships based upon controlled experiments, primarily from the water 

treatment industry. In real groundwater systems, there is a complex array of kinetic interdependences 

coupled with the potential for the denitrification products to react further within the groundwater 

environment. For example, Eq. b (Table 2.1) describes an in-situ test in a calcareous groundwater 

system. The CO2 produced from the denitrification process reacted forming bicarbonate ions, with a 

resulting increase in ambient pH. During autotrophic denitrification, the reaction products are generally 

N2, H2O and an oxidised form of the electron donor. For example, Eq. f describes autotrophic 

denitrification by reduced sulphur (in this instance in the form of ferrous disulphide or pyrite). The 

oxidised reaction product in this case was sulphate (SO4
2-). The reduced iron released by the oxidation 

of sulphide can in turn be oxidised with NO3
- as the electron acceptor.  Denitrification using pyrite as a 

bacterial energy source involves the oxidation of both S2 and Fe. Elevated Fe2+ and SO4
- concentrations 

can be evidence of autotrophic denitrification. 

Eq.1: NO3  NO2  NO  N2O  N2 

                    (Korom, 1992) 

 

(+5)            (+4)           (+3)           (+2)        (+1) 

Table 2.1: Stoichiometry of heterotrophic and autotrophic denitrification from a range of studies 
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Although N2 acts as a stable endpoint for the denitrification reaction, the process can be arrested at any 

of the intermediate stages, by a number of factors. This is an important consideration, as although N2 is 

an environmentally benign end-product, the nitrogen oxides are environmentally harmful (Weymann et 

al., 2008; Jahangir et al 2013). The other product of the denitrification reaction is the dissolved oxygen 

rejected at each sequential step. This is typically manifested as the bicarbonate (HCO3), carbon dioxide 

(CO2) or sulphate (SO4
2-) ions. 

2.2.3.1 Nitrite (NO2
-) 

NO2
- is more reactive than NO3

- and is therefore rarely found in significant concentrations in 

groundwater. If detectable, the NO2
- is usually localised within a very specific redox range. Knowles 

(1986) states that NO2
- reductase requires longer than NO3

- reductase to be derepressed and is also 

repressed more by O2 than NO3
-. This contention is supported in the work of Hochstein et al. (1984) 

and Korner and Zumft (1989) (in Knowles, 1986). In addition, in natural waters, NO2
- readily bonds 

with dissolved organics forming dissolved organic nitrogen (DON) compounds (Davidson et al., 2003). 

This is especially prevalent in low pH environments where N2O is the primary reactant (Rivett, 2008). 

Thermodynamically NO2
- releases less free energy during the reduction process than NO3

-. A build-up 

of NO2
- is a possibility therefore due to the time lag between the onset of NO3

- reduction and the 

subsequent reduction of NO2
-. It is stated in the Environment Agency Groundwater Monitoring Network 

and BGS /EA baseline studies that NO2
- typically occurs in concentrations that are two to five orders of 

magnitude lower than those of NO3
- (EA, 2005).   

2.2.3.2 Nitrogen Oxides (NO and N2O) 

Where dissolved oxygen concentrations are uniformly low, N2 is the dominant reduction product of 

denitrification. If dissolved oxygen (DO) levels are intermediate or non-uniform however, the complete 

denitrification reaction may be arrested with the formation of N2O (Brady and Weil, 2002). NO and 

N2O reductases are more sensitive to DO repression than NO3
- and NO2

- (Knowles, 1986). Therefore, 

in systems in which high DO concentrations decrease the overall rate of de-nitrification, the mole 

fraction of N2O in the products is in fact increased. N2O formation is favoured in conditions which 

exhibit high NO3
- inputs and low pH. N2O is also a by-product of nitrification as demonstrated by 

Hiscock et al. (2003). The differentiation between groundwater N2O produced via incomplete 

denitrification versus N2O leached from nitrification remains poorly understood and merits further 

investigation. 

N oxides are extremely reactive; in favourable conditions therefore, they are transformed rapidly into 

N2 (Rivett et al., 2008). An example of this transformation is described in LaMontagne et al. (2002), 

where groundwater which was supersaturated with N2O entered a marine environment with anoxic 

benthic sediments. The N2O was denitrified rapidly into N2 gas. The International Panel on Climate 

Change (IPCC) subdivides agricultural N2O into three categories: direct emissions from agricultural 
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land, emissions from animal management strategies and indirect emissions of N2O that is either 

volatilised, leached or removed in biomass (IPCC, 1997). Each subcategory is estimated to contribute 

one third of the total agricultural N2O source with indirect emission estimations contributing two thirds 

of the uncertainty (Penman, 2000). Large uncertainties remain around the contribution of indirect N2O 

emission pathways, namely from groundwater and surface drainage, rivers and coastal marine areas 

(Vilain et al., 2012). Fuelling this uncertainty is a lack of process-based understanding regarding the 

production, consumption and movement of groundwater and stream N2O across a range of 

hydrogeological settings (Höll et al., 2005; Clough et al., 2007; Jahangir et al., 2013). 

2.2.3.3 Dinitrogen (N2) 

Few studies have investigated the concentration of N2 as an indicator of denitrification, as 

concentrations are heavily obscured by atmospheric nitrogen gas (especially in shallow systems) (EA, 

2005). Some studies e.g. Vogel et al. (1981) and Fontes et al. (1991) used the parameter “excess 

dinitrogen”, that is, the concentration of N2 that is above that expected from equilibration with the 

atmosphere. More commonly however the formation of N2 is arrested at the N2O production phase. N2 

is inhibited via the application of an excess of acetylene, so that all denitrified NO3
- can be measured as 

N2O. The effects of partial nitrification and ammonification however can obscure conclusions drawn 

from such experiments (Environment Agency, 2005). 

2.2.4 Dissimilatory nitrate reduction to ammonium (DNRA) 

Denitrifying bacteria can derive energy from both the denitrification and DNRA processes. 

Denitrification acts as a sink for NO3
-, converting it to the environmentally harmless N2 gas. Conversely, 

DNRA merely conserves a system’s NO3
- by transforming it to into NH4

+, which rapidly oxidises back 

into NO3
- in aerobic environments (Korom, 1992; Smith et al, 1992; Thayalkumaran et al., 2015). NH4

+ 

is a positively charged ion, in contrast to NO3
- therefore, the processes of ion exchange and sorption 

onto negatively charged clay particles can be significant in many aquifers. DNRA may therefore 

represent a viable attenuation mechanism for NO3
- (Davidson et al. 2003; EA, 2005) Robertson et al. 

(1996) present the following autotrophic stoichiometric relationship: 

                                 2H+ + NO3
- + 2CH2O   NH4

+ + 2CO2 + H2O 

Tiedje et al. (1994) described the relationship between denitrification and DNRA, hypothesising that 

DNRA was favoured when electron acceptor supplies were limiting. Equally, it was contended that 

denitrification was favoured when electron donor supplies were the constraining factor and DNRA 

could successfully compete with denitrification. Kelso et al. (1997) investigated DNRA in anaerobic 

river sediments stating that DNRA may be in direct competition with denitrification, especially in 

anoxic water-logged sediments. In contrast to denitrifying bacteria, the microorganisms involved in 

DNRA are obligate anaerobes (Hill, 1996). As such, they are restricted in the ecological niches which 
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they can populate. DNRA is rarely observed in practice therefore, in unsaturated zones, dry soils or 

shallow groundwater environments (EA, 2005).  

Thayalkumaran et al. (2008) investigated the attenuation of NO3
- in the Lower Burkedin aquifer in 

Australia. DOC levels ranged from 17 – 59 mg/l. This is very large in comparison to the average 1-

5mg/l commonly seen in the available literature (Starr and Gillham, 1993; Wassenaar, 1995; 

Mohammed et al., 2003). An inverse relationship was apparent between NO3
- and NH4

+, this coupled 

with the unusually high DOC concentration (and therefore C:N ratio), and deep groundwater profile 

(supporting anaerobiosis), suggests that in certain conditions DNRA can dominate in the saturated zone. 

2.2.5 Abiotic denitrification 

NO3
- attenuation in soil/aquatic systems is commonly attributed to denitrification (Spalding and Parrot, 

1994; McMahon & Bolke, 1995; Martin  et al., 1999; McCallum et al., 2008; Thayalkumaran, 2008). 

However, estimates of denitrification based upon direct assays (e.g. acetylene block techniques) have 

demonstrated that denitrification commonly accounts for only 50% of NO3
- loss (Seitzinger, 1988). 

Cornwall (1999) suggests the discrepancy may be related to methodological inadequacies in 

extrapolating site-specific rates to entire eco-systems. An alternative hypothesis is that processes other 

than respiratory denitrification and assimilation exert a larger influence than has been previously cited 

in the available literature (Burgin & Hamilton, 2007). Both biological and abiological reduction 

pathways may occur simultaneously. The differentiation between which process is dominant is a 

function of the host soil conditions. 

Davidson (2003) introduces the “ferric wheel” hypothesis. While microorganisms readily assimilate 

NO3
-, no known method exists for NO3

- binding to soil organic matter. NO3
- reduction requires a 

catalyst, without which it cannot proceed. During respiratory denitrification, these catalysts take the 

form of enzymatic reductases i.e. NO3
- reductase (DNaR), which contains iron, labile sulphide and 

molybdenum (Knowles, 1986). Conversely NO2
- is capable of reacting abiotically with organic matter. 

The “ferric wheel” hypothesis for abiotic immobilisation of NO3
- is that DOC is oxidised by Fe3+ under 

reducing conditions, producing Fe2+. The reduced Fe2+ then functions as the electron donor, acting to 

reduce NO3
- to NO2

-. Finally, the NO2
- reacts with receptive components in dissolved organic matter 

(DOM), yielding dissolved organic nitrogen (DON). 
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2.3 Environmental Parameters Controlling Groundwater Nitrogen Attenuation 

One of the primary objectives of this thesis is to quantify the capacity of hillslope hydrologic systems 

to naturally attenuate agriculturally derived NO3
-. This includes the identification of the physical and 

biogeochemical factors affecting groundwater denitrification rates and indirect N2O emissions from 

groundwater. The following section details the dominant physicochemical aquifer properties likely to 

influence groundwater attenuation rates.  

There are a number of biogeochemical processes that occur within the saturated zone of an aquifer 

which have a bearing on the fate of environmental N. These include the assimilation of N into microbial 

biomass, anammox processes i.e. anaerobic NH4
+ oxidation and dissimilatory NO3

- reduction to NH4
+. 

The aforementioned parameters act merely as transitory storage, temporarily immobilising N, before 

microbial decay or environmentally favourable conditions promote the re-release of labile NO3
- back 

into the aquifer. In terms of net nitrogen removal from aquifers, denitrification of NO3
- to N2 is widely 

regarded as the dominant N attenuation pathway (Knowles, 1982; Korom, 1992; Buss et al., 2005; 

Rivett et al., 2008). NO3
- is a redox sensitive species and as such N reduction is both facilitated and 

characterised by the geochemical conditions in the aquifer and the presence of other redox sensitive 

compounds. Korom (1992) outlined four primary requirements that are required for de-nitrification to 

occur.  

These include: 

Electron acceptors: N oxides (NO3
-, NO2-, NO & N2O). 

̵ Suitable electron (e-) donors: DOC, ferrous Iron (Fe2+), Manganese (Mn2+),  

Sulphide (S2-). 

̵ Limited DO availability. 

̵ The presence of denitrifying bacteria. 

It is noted repeatedly throughout the available literature that bacteria capable of de-nitrification are 

ubiquitous within the subsurface environment (Rivett et al., 2008). In accordance, the presence of 

denitrifiers is assumed. While not a determining factor of whether or not the denitrification process can 

proceed, denitrification rates and bi-products can be affected by other environmental parameters. These 

factors include pH, temperature, pore size, hydraulic conductivity and nutrient availability. 

2.3.1 Electron Acceptors 

Bacteria in the subsurface derive their energy from the oxidation of dissolved organic compounds 

(heterotrophic denitrification) and reduced inorganic species (autotrophic denitrification). Each redox 

species has its own intrinsic reduction potential; the more positive this potential, the greater the species’ 

affinity for electrons and tendency therefore to be reduced. In conditions where the reducing agent 

concentrations are non-limiting i.e. ample DOC, electron acceptors are reduced sequentially in a 
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thermodynamic order. The steps in this sequence are mediated by the amount of Gibbs Free Energy 

released during each redox reaction, with the electron acceptor that yields the most energy reduced 

preferentially by the bacteria. Rivett et al. (2008) displayed this relationship graphically (Figure 2.1). 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Thayalkumaran (2004) investigated natural de-nitrification rates in the Lower Burkedin district in 

Australia. Parameters such as dissolved oxygen, oxidation reduction potential (ORP), NO3
- and Fe2+ 

concentrations were measured. In boreholes where there was detectable Fe2+, NO3
- was absent. This 

inverse relationship corresponds to the redox sequence outlined above. Similarly, if there had been 

detectable HS-, one would not expect to find Fe2+ and vice versa. Jahangir et al. (2012a) described 

similar results, indicating low NO3
- levels coupled with high Mn2+ and Fe2+ concentrations. 

The thermodynamic redox sequence has been noted to occur along groundwater flow lines (Edmunds 

et al., 1982; Bjerd et al., 2005; Hoffman, 2011). In reality, groundwater systems rarely exhibit strict 

redox zone boundaries as a number of different redox reactions may occur simultaneously within an 

aquifer region (Rivett et al., 2008). It is also important to note the difference between open and closed 

systems. A closed system refers to an environment closed to oxygen but containing an excess of 

reducing agents i.e. DOC, inorganic species. An open system describes where reducing waters are in 

contact with an oxygenated environment (Edmunds, 1982). Open systems also follow a 

thermodynamically dependent oxidation sequence, the steps in which differ from those in the reduction 

reaction order. Along flow lines (particularly deeper groundwater pathways), the evolution of redox 

state, redox species abundance and dissolved oxygen concentration are expected to follow a closed 

 

 

 

 

 

 

 

 

 

Figure 2.1: Thermodynamic reduction sequence of electron acceptors involved in the oxidation 

of organic carbon Source: Rivett  et al. (2008). 
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system archetype. Conversely, when groundwater interacts with the hyporheic/stream zone, both closed 

system and open system dynamics interact. Investigating this interaction between closed and open 

systems forms the basis for this research. 

2.3.2 Electron Donors 

2.3.2.1 Organic Carbon 

Knowles (1982) states that the majority of denitrifying bacteria in subsurface systems are heterotrophs, 

that is, they oxidise organic matter to gain energy. The availability of labile organic carbon is repeatedly 

cited therefore, as the major limiting factor affecting denitrification rates (Burford & Bremmner, 1979; 

Starr and Gillham, 1993; Brettar et al., 2002; Rivett et al., 2008). The term labile is integral when 

considering organic carbon availability for denitrification. DOC can be further subdivided into low 

molecular weight compounds and high molecular weight compounds, low molecular weight being more 

bio-available. Baker and Vervier (2004) describe a strong correlation between low molecular weight 

organic acids and denitrification rates in an alluvial aquifer. Similarly, Burford & Bremmner (1979) 

contend that analysis of soils for mineralizable carbon and water soluble organic carbon provided the 

best correlation with denitrification rates. In the context of denitrification, it is the concentration of DOC 

rather than total organic carbon that is of most importance. 

DOC levels in most aquifers are comparatively low, typically ranging from 1-5 mg/L (Starr & Gillham, 

1993; Wassenaar, 1995; Mohamed et al., 2003). Based upon the stoichiometry of denitrification, a 

number of attempts have been made to quantify the amount of DOC required to reduce an aquifer’s 

NO3
-. Korom (1992) suggests a ratio of 1 : 1.25 between NO3

- and DOC on a molar basis, and as such 

outlines an important rule of thumb: 

If the concentration of NO3
- -N in the groundwater exceeds the concentration of DOC in the 

groundwater, then the organic carbon concentration is not sufficient to denitrify all of the NO3
-. If 

the supply of NO3
- exceeds the supply of DOC therefore, de-nitrification will stop, unless other 

electron donors exist (Korom, 1992) 

Rivett et al. (2008) used the stoichiometry of denitrification outlined by Joregensen et al. (2004) and 

calculated that 1 mg/l of DOC is capable of converting 0.93 mg-N/l of NO3
- to N2. This would support 

the rule of thumb outlined by Korom (1992). However, given that dissolved oxygen (DO) is reduced 

preferentially before NO3
-, DOC must first act as the reducing agent for this reaction. The oxidation of 

DOC by DO requires 1 mg-C/l DOC to convert 2.7 mg/L DO. Therefore, assuming that the groundwater 

is initially saturated with dissolved oxygen (10.3 mg/L DO), up to 3.8mg/l DOC may be required before 

DO reaches a concentration where denitrification can commence. 
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2.3.2.2 Reduced Iron 

An inverse relationship appears to exist between Fe2+ and NO3
- whereby the presence of one is usually 

marked by the absence of the other (Thayalkumaran, 2008; Verdegem & Baert, 1985). This is in part 

due to the thermodynamic sequence previously outlined. In addition, however, if NO3
- is re-introduced 

into a manganese/iron or sulphate reducing zone, even in the absence of organic carbon, it is 

thermodynamically unstable. In these instances, autotrophic denitrification may occur where Mn2+, Fe2+ 

or HS- are utilized  as electron donors rather than acceptors. Davidson (2003) describes the abiotic 

reduction of NO3
- to NO2

- by reaction with Fe2+, following which the NO2
- subsequently binds with 

organic substances producing DON. Buresh and Moraghan (1976) cited in Korom (1992) established 

that Fe2+ chemically reduces NO3
- to N2O/N2 and NH4

+ in the presence of Cu2+. It is important to note 

however, that denitrification ceased to occur without the copper catalyst. Rivett et al. (2008) infer that 

Fe3+ can precipitate as an oxyhydroxide or oxide mineral. NO3
- can then be abiotically reduced to N 

compounds by the further oxidation of Iron. However, the more reduced a compound, the lower its 

oxidation number, as electrons are negatively charged. As a result, Fe2+ will be more effective in driving 

denitrification than the more oxidised Fe3+.  

A number of research projects have invoked autotrophic denitrification with pyrite (FeS2) to explain 

geochemical signature in the saturated zone (Beller, 2004). As oxygen is rejected at each step of the 

reduction sequence, bicarbonate (HCO3
-) and sulphate (SO4

-) can accumulate. While a comparative 

excess of HCO3
- is an indication of heterotrophic denitrification, Fe oxides and SO4

- ions are an indicator 

of autotrophic denitrification. In the context of calculating natural attenuation along a hillslope flow 

line, it may be possible to use conservative ions in conjunction with the aforementioned oxides as a 

natural tracer. 

2.3.2.3 Reduced Sulphur 

The electrons required for denitrification may be derived from the oxidation of reduced sulphur to the 

S (+VI) state. The reduced sulphur may be present as the S(II) state in hydrogen sulphide, S(-I) in pyrite, 

(SO) in elemental sulphur, S(+II) in thiosulphate or S(IV) in sulphite. The reaction involving the 

oxidation of pyrite, i.e. ferrous disulphide is shown below.  

 

5FeS2 + 14NO3- +4H+ = 7N2 + 10SO4
2- + 5Fe2+ + 2H2O 

 Korom (1992) 

The sulphide in pyrite is oxidised to sulphate while the NO3
- is reduced to N2. If a sulphate reducing 

zone lies above a denitrification zone, any sulphate produced by the above reaction that is transported 

to the sulphate reducing zone will be transformed back into sulphide using organic carbon as an electron 

donor (Frind et al., 1990; Christensen et al., 2000). Beller (2004) investigated the natural attenuation of 
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N at an explosives test facility. DOC concentrations ranged from 0.7 to 1.3 mg/L. Up-gradient NO3
- 

concentrations from an unconfined aquifer ranged from 9.5 to 22mg/L NO3
--N. According to the 1 : 

1.25 ratio outlined by Korom (1992), the concentrations of DOC are not sufficient for heterotrophic 

denitrification to occur. Autotrophic denitrification with disseminated pyrite as the electron donor was 

hypothesised as the method of denitrification in the C limited aquifer. This contention was supported 

by a decrease in groundwater chloride (Cl-) concentration i.e. dilution, coupled with an increase in SO4
- 

(one of the primary by-products of pyrite oxidation). 

2.3.3 Dissolved Oxygen concentration  

As outlined in Figure 2.1, the denitrification process is energetically less favourable than the reduction 

of DO. Denitrification can be considered therefore a predominantly anaerobic process (Rivett et al., 

2008). The threshold oxygen level at which denitrification begins to occur is variable throughout the 

available literature. Korom (1992) states that dissolved oxygen concentrations of <2 mg/L and Eh 

values of < 250 mV are suitable for denitrification to occur. While there is little consensus, given all 

other prerequisites are met, it is likely that denitrification will proceed at DO concentrations of < 1 mg/L 

and perhaps < 2 mg/L (Rivett et al., 2008). Knowles (1982) described the effect of dissolved oxygen on 

the reductases involved in denitrification. A reductase describes any of various enzymes that catalyse 

the reduction of a compound. It is generally assumed that nitrogen oxide reductases are repressed by 

DO. When DO is removed (even in the absence of nitrogen oxides) the reductase enzymes are de-

repressed within a period of 40 min to 3 hours. This is an important point, as even if nitrogen oxides 

are not present to be de-nitrified, in the absence of oxygen, an environment that is conducive to de-

nitrification is created, such that if N oxides are introduced into the system i.e. by diffusion or leaching, 

they are entering a denitrifying environment.  

When aerobic soils become anaerobic, there are changes in the activities of the reductases. For 

approximately 3 hours the activities reflect the aerobic archetype, and N2 is a dominant product. After 

nearly 3 hours however, the NO3
- and NO2

- reductases undergo de-repression before the N2O reductase, 

with the result that N2O becomes the dominant product. After 1 -2 days the N2O reductase increases 

and N2 again becomes the dominant reaction product (Knowles, 1982). These factors could be important 

in interpreting N concentration data. If there is aerobic groundwater with no N for example, and this 

environment became anaerobic (still with no N), then as mentioned previously, a denitrifying 

environment would be created (through de-repression). If N subsequently entered this environment, it 

would be converted to N2, as there is ample reductase at each stage of the de-nitrification process. If 

however, an aerobic environment became anaerobic and there was N present, then N2O would 

accumulate preferentially due to the slower derepression of the N2O and NO reductase. There is a time 

lag of approximately 2 days before N2O reductase increases again and N2 becomes the dominant 

product. This may be important while interpreting concentration data. 
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2.3.4 NO3
- concentration 

Two possible relationships have been described between NO3
- concentrations and the denitrification 

rate. Seitzinger (1999) suggests that in most cases the denitrification rate is positively correlated to NO3
- 

concentration. This association is described by Michaelis Menton-type kinetics whereby: 

 

                                                           v =  v’ [NO3
-]        

                                                                 Ks + [NO3
-] 

Where: v = denitrification rate (1/time) 

           v’= max denitrification rate 

           Ks = saturation coefficient 

        [NO3
-] = NO3

- concentration (mass/volume)  

                                                                          (Grady et al., 1999).                                   

Note: The saturation coefficient (Ks) is the concentration of substrate equal to half which causes 

saturation of the enzyme sites. Messer and Brezonik (1984) contend that where NO3
- concentrations are 

much less than Ks, the denitrification rate increases linearly with NO3
- concentration via first order 

kinetics. Messer and Brezonik (1984) further infer that if NO3- concentration is greater than Ks, i.e. the 

enzyme sites are fully saturated; the denitrification rate will be zero order, that is, any increase in NO3
-

will not result in an increase in the denitrification rate.  Several authors (Smith et al., 1988; Garcia-Ruiz 

et al., 1998; Korom et al., 2005) support this contention and describe a threshold NO3
- concentration of 

1 mg/l, above which the kinetics of denitrification are zero order, and therefore, increasing or decreasing 

the concentration of NO3
- will have no effect on the reaction rate. Korom (1992) suggests that this may 

not in fact be the case, further stating however that insufficient experimental data was available to 

substantiate this hypothesis.  

Trudell et al. (1986) placed a drive point piezometer into an unconfined sandy aquifer. They then 

pumped 200L of NO3
- spiked water (as KNO3

-) into the aquifer coupled with a conservative Br- tracer. 

Losses of NO3
- that could not be explained by dilution were attributed to denitrification. The resultant 

data plotted an inverse linear relationship between NO3- concentration and the denitrification rate, 

suggesting that a first order relationship in fact existed. This interpretation should be viewed with 

caution, as upon injection, dissolved concentration increased from 0 to 5.5 mg/L; it is possible therefore 

that the preferential use of the dissolved oxygen initially as an electron acceptor may have skewed the 

resultant data. Excess NO3
- concentrations play a key environmental role in the denitrification process, 

inhibiting the formation of the environmentally benign N2 gas, instead arresting the reaction at the N2O 

production phase (Blackmer and Bremner, 1978). Furthermore the relative abundances of NO3
- and 
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DOC concentrations dictate whether NO3
- attenuation proceeds via denitrification or dissimilatory NO3

- 

reduction to NH4
+. 

2.3.5 Temperature 

The threshold values suggested for the optimal temperature for denitrification are variable throughout 

the available literature. Brady and Weil (2002) state that denitrification will proceed within the 

temperature range 2-50 ºC, further inferring that optimal conditions are between 25-35 ºC. Schnabel 

and Stout (1994) suggest that temperature must rise to between 5 and 7 ºC before appreciable soil 

denitrification can occur, while George and Antoinne (1982) describe an optimal temperature range of 

28 – 37 ºC. Denitrification rates decline significantly below 15 ºC, with reaction rates generally assumed 

to increase two-fold with a 10 ºC increase in temperature (Environment Agency, 2005). Aldwell & 

Burdon (1986) collected temperature readings from 100 springs in 13 counties of Ireland. The average 

groundwater temperature was 10.87 ºC, with an average seasonal variation of 0.5 ºC less in winter, 0.2 

ºC more in summer, and 0.26 ºC more in autumn. It is unlikely therefore that temperature variation will 

exert any major influence on saturated zone groundwater denitrification rates. In contrast, Grischeck et 

al. (1998) measured river infiltration into a sand and gravel aquifer. Denitrification rates were found to 

be highly correlated with changing river temperature. In the summer months denitrification reduced the 

NO3
- concentration to zero in the river bed. In the winter months however, streambed water samples 

exhibited as much as a 4mg/L difference in NO3
- concentration. Saunders and Kalf (2001) found that a 

5 ºC increase in hyporheic lake sediments result in a tenfold increase in the denitrification rate.  

2.3.6 pH 

The optimal pH for heterotrophic denitrification (i.e. microorganisms that use organic carbon as an 

electron donor) is quoted by Rust et al. (2000) as between 5.5 and 8.0. Bremner and Shaw (1958) state 

that soil denitrification is most efficient at a pH within the range 6.0 – 8.0, further inferring however 

that denitrification can proceed in more acidic (pH 3.5) and basic (pH 11) environments (Klemedtsson 

et al., 1978). pH values outside the optimal range act to inhibit denitrification, primarily through 

retarding the growth of denitrifying organisms (Schepers & Raun, 2008). The extent to which 

denitrification rates are affected by pH are site specific, and depend on the processes of biological 

acclimation inherent within the system in question (Environment Agency, 2005). For example, if pH is 

raised in an acidic environment where bacteria have adapted, denitrification rates may in fact decrease. 

Klemedtsson (1978) demonstrated that this is not necessarily the case, and by raising the pH of an acid 

soil to pH 7, increased denitrifying bacterial numbers by 1000-fold. While the direct effect of pH on 

denitrification is to inhibit the development of denitrifying populations, pH also exerts an indirect 

control on reduction processes. The availability of micronutrients is only in part mediated by pH. 

Dissolved phosphate concentrations for example are highest at neutral values (Robertson et al., 1998). 

The rates of autotrophic denitrification increase in more alkaline surroundings, due to influence exerted 
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by protons on the denitrification reactions (Ottley et al, 1997). George and Antoinne (1982) investigated 

biological reduction in a salt marsh soil, demonstrating an interactive relationship where, as temperature 

rose, the optimal pH for denitrification decreased. The process of denitrification itself can increase the 

pH of a solution. The nitrogen reduction reaction releases CO2 and OH-, which usually combine to form 

HCO3 ions. If the production of OH- exceeds that of CO2, the pH of the system will rise. 

2.3.6.1 Effect of pH on end products. 

Numerous studies of denitrification rates in both batch cultures and in situ soil experiments have 

demonstrated a relationship between pH and the end products formed during denitrification. Bremner 

(1978) deduced that decreasing pH led to the accumulation of N2O rather than N2 in an NO3
- enhanced 

soil. Cuhel (2010) describes a similar relationship in pH amended soils where the N2O/N2 ratio was 

shown to increase with decreasing pH.  Wang & Peng (2011) quantified the products of denitrification 

at variable pH in a batch reactor. Their results suggest a strong inhibition of N2O reductase under acidic 

conditions. This contention is echoed by Knowles (1982) who described the effect of pH on 

denitrification in a stepwise fashion. N2O reductase, NO reductase and NO2
- reductase are progressively 

inhibited as pH declines from neutrality. This results in the accumulation of N2O, NO and NO2
- in the 

denitrification end products. Fundamentally therefore, decreasing pH of a system causes intermediary 

bi-products to accumulate, because the terminal reductases utilized  during the denitrification redox 

sequence are more sensitive to pH than is NO3
- reduction (Schepers & Raun, 2008). 

2.3.7 Sediment or rock pore size and hydraulic conductivity 

Sediment pore size affects denitrification rates in three ways namely: the surface area to volume ratio, 

the hydraulic residence time of solution within the denitrifying zone and the ability of microbial 

populations to grow. Intergranular or matrix flow (e.g. flow in between grains of a sandstone), provides 

a large surface area to volume ratio, large populations of microbial biomass can therefore develop with 

the sediment pores representing the sites of greatest metabolic activity (Environment Agency, 2005). 

There is a caveat to this however, as if the grain size is too small, microbial growth will be restricted. 

Most bacteria range between 0.2 and 2 µm (Tortora et al., 2004), with the Environment Agency (2005) 

citing an average diameter of 1 µm. Aquifers which are characterised by a grain size which is smaller 

than 1 µm therefore, may not support a population of denitrifying bacteria. According to the Udden 

Wentworth scale, clay particles have a diameter of <4 µm (Holden, 2005). Confining layers of clay 

sediment, or infilling of fractures with clay, may therefore restrict denitrification potential. Micritic 

carbonate formations, which also have a grain size of <4 µm (Flugel, 2010), also have the potential to 

restrict the development of denitrifying bacteria. This restriction was apparent in an unfissured Chalk 

in Oxfordshire (median pore diameter: 0.22 µm), where no evidence of microbial activity was found 

(Rees, 1981). Aquifers in which secondary porosity defines the dominant flow pathway (e.g. an 

extensive fracture/fissure network) may also limit the potential for denitrification. Within fractures there 
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is a comparatively low surface area to volume ratio. In addition, the residence time of groundwater 

within fracture systems is much lower than that of matrix flow (Rivett et al., 2007). The potential for 

denitrification where intergranular flow dominates is therefore expected to be greater than that of an 

extensively fractured system.  

2.3.8 Hyporheic zone 

Groundwater and surface water are not isolated components of the hydrologic system. Both 

environments are inextricably linked, with a change in one environment commonly manifesting itself 

in the other. The hyporheic zone is an interface between the two systems and can be defined as the water 

filled spaces of unconsolidated sediments both beneath and lateral to a stream channel where there is 

exchange of surface water and groundwater (Buss et al., 2009). Boulton et al. (1992) established 

different areas of activity within the hyporheic zone. The volume directly below the wetted channel 

surface is referred to as the wetted channel hyporheic zone; the saturated sediment under dry bars is 

defined as the parafluvial hyporheic zone, whilst the saturated area adjacent to the stream banks and 

within the river flood plain is the flood plain hyporheic zone. It is a complex environment sharing some 

of the characteristics of, but differing from the hydrologic settings that surround it. In contrast to the 

benthic stream sediments overlying it, light cannot penetrate into the hyporheic zone. Furthermore the 

replenishment of dissolved oxygen, nutrients and organic matter is also significantly reduced. The 

hyporheic zone differs from the groundwater below, in that it is directly connected to the stream and as 

such (in comparison to groundwater), dissolved oxygen, nutrients and organic carbon are renewed at a 

higher rate.  

 

The attenuation capacity of a stream hyporheic zone is controlled by its biogeochemical signature and 

hydrological characteristics. The rates of various biogeochemical processes determine the manner in 

which the hyporheic zone affects stream water quality i.e. the comparative rates of nitrification vs 

denitrification control whether it is a source or a sink of nitrogen to the stream.  In addition, the rate of 

surface water/subsurface exchange, the size of the hyporheic zone and the residence time of reactive 

solutes within the hyporheic zone all combine to mediate its influence on stream solute concentrations. 

In terms of nutrient attenuation capacity, a review of the available literature suggests a hierarchy of 

control (Gooseff et al., 2003; Poole et al., 2008) comprising physical, chemical and biological 

constituents act to regulate the hydrological and biochemical functionality of hyporheic zone sediments.  

 

The task of representing hierarchical scale in hyporheic systems is a difficult one and several approaches 

have been adopted (Ward, 1989; Fisher et al., 1998; Dent et al., 2001; Poole, 2002). The hyporheic zone 

marks the dynamic interface between several other distinct yet interconnected environments. As such, 

there is a complex intertwining of temporally variable hydrological and hydro-geological parameters 

which influence subsurface/surface water interactions. Hyporheic zone flow paths may be constrained 
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within the channel streambed, penetrate mid channel or point bars, flow between channels or extend 

kilometres along a flood plain (Dent et al., 2001; Poole et al., 2008; Dahm et al., 1998). In order to 

obtain a holistic understanding of hyporheic zone functionality, there is a need to carefully consider 

scale, both in discerning hydrological patterns and processes within the sediments, and the effect that 

these processes exert on nutrient dynamics.  

 

The interaction of aquifer and river systems and the resultant hyporheic exchange flows are of critical 

importance for both riverine functionality and biogeochemistry. Hyporheic exchange flows can govern 

the mixing, transport and spatial delineation of dissolved oxygen patterns, solute concentrations, redox 

conditions and physiochemical gradients in the riverbed. The results of a comprehensive review of the 

available literature, with particular reference to exchange flows at different hydrological scales revealed 

that the main research gaps relating to hyporheic zone hydrogeochemical cycling were at the reach to 

floodplain scale. As will be discussed in subsequent chapters, this research was carried out at the 

hillslope scale, with groundwater-stream interaction investigated at a point in the stream perpendicular 

to a series of nested groundwater piezometers. At three of the four study hillslopes investigated during 

this research, well developed hyporheic sediments did not exist, with the streambed incised into 

bedrock. While the importance of hyporheic zone processes is clear, a significant amount of time, 

infrastructure and expense would be required to make a significant contribution to hyporheic zone 

research. Following an extensive review of hyporheic zone functionality, it was decided that the 

investigation of hyporheic zone processes in the study catchments presented herein, was beyond the 

scope of this research. 
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3 Groundwater nitrate reduction versus dissolved gas production: A tale 

of two catchments. 

Chapter published in Science of the Total Environment (McAleer et al., 2017) 

Research Paper highlights 

❖ NO3
- removal capacity was highly variable between and within study catchments. 

❖ Hydrogeological and agronomic factors controlled groundwater hydrogeochemical signatures.  

❖ NO3
- consumption was coupled with excess N2 and N2O production. 

❖ Excess N2 was the dominant denitrification reaction product in near stream groundwater. 

❖ Groundwater N2O was a net source of greenhouse gas emissions in both catchments. 
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3.1 Introduction 

Anthropogenic application of inorganic and organic nitrogen (N) fertilisers to agricultural landscapes 

has pervasive consequences including human health implications (e.g. methemoglobinemia), 

eutrophication, aquatic acidification, loss of habitat biodiversity and greenhouse gas emissions (Gruber 

& Galloway., 2008; Weymann et al., 2008; Dennis et al., 2012;  Richards et al., 2015). In light of 

agricultural intensification, the identification of subsurface environments with a natural capacity to 

attenuate excess N is essential to the development of sustainable management strategies. Globally, 

denitrification is regarded as the dominant nitrate (NO3
-) attenuation mechanism in groundwater 

(Korom, 1992; Seitzinger et al., 2006; Rivett et al., 2008).  

Denitrification is a microbially mediated process whereby NO3
- is reduced to dinitrogen (N2) gas. In 

baseflow dominated catchments, groundwater denitrification has the capacity to mitigate stream water 

N enrichment by returning N to the long residence time atmospheric pool (Heffernan et al., 2012). 

Denitrification can represent an environmentally positive NO3
- removal process (Schipper & Vojvodić-

Vuković , 2001); however such a characterisation is subject to an important caveat. The reaction is 

sequential and as such there are several intermediary products including nitrite (NO2
-), nitric oxide (NO) 

and nitrous oxide (N2O). The differentiation between which reaction product is dominant is of key 

environmental concern: N2 gas is environmentally benign whereas N2O is a potent greenhouse gas, 

while NO contributes to stratospheric ozone depletion, eutrophication and formation and accumulation 

of surface ozone (Vitousek et al., 1997).   

In groundwater, a number of geochemical criteria must be met for denitrification to occur. Studies 

documenting the relationship between NO3
- concentrations and aquifer physicochemistry are prevalent 

in the available literature (Brettar et al., 2002; Rissmann., 2011; Jahangir et al., 2012a). A commonality 

throughout indicates that the presence of denitrifying bacteria, reducing conditions and the availability 

of bacterial energy sources create zones of enhanced denitrification potential.  Traditionally, it has been 

believed that groundwater denitrification is predominantly heterotrophic with rates related to the 

amount of dissolved organic carbon (DOC) coupled with the wide abundance of denitrifiers in the 

groundwater (Rivett et al., 2008; Barrett et al., 2013). Recent research, however, suggests that 

autotrophic denitrification i.e. oxidation of solid phases within an aquifer such as iron (Fe) and 

manganese (Mn) may in fact drive bacterial NO3
- reduction (Green et al., 2008; Heffernan et al., 2012).  

Great uncertainty surrounds the spatial and temporal distribution of denitrifying zones, owing to a 

confounding hierarchy of scale. In essence, an aquifer can be visualised as an environmental ecosystem, 

which is capable of removing between 0 – 100% of reactive N. The geological history of the aquifer 

(mineralogy, stratigraphy and weathering) at the catchment scale controls the distribution and 

availability of bacterial energy sources, aquifer flow paths, permeability and connectivity at the sub 

metre scale (Seitzinger et al., 2006). These physical factors in turn determine the hydrogeochemical 
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signature and N attenuating capacity of the aquifer, while agronomy, soil type, hillslope geometry and 

meteorology control the temporal N load passing through the ecosystem. In complex geological 

environments, an entire aquifer or catchment cannot be characterised as having high or low 

denitrification potential. Denitrification is enhanced in certain spatial zones or hot spots (Jahangir et al., 

2012a, 2013) and it is the location and intensity of these hot spots in relation to a receptor e.g. a stream, 

which is paramount to characterising the potential for natural attenuation of N in an aquifer.  

Several studies have measured denitrification based upon NO3
- loss (Tsushima et al., 2002; 

Thayalkumaran et al., 2008; Jahangir et al., 2012a), however NO3
- gradients can result from temporal 

patterns of source contribution (Seitzinger et al., 2006) and other NO3
- removal pathways such as plant 

and microbial assimilation, dissimilatory NO3
- reduction to ammonium (NH4

+) and anaerobic oxidation 

of NH4
+ (Jahangir et al., 2016). Studies based solely on NO3

- dynamics have a capacity to overestimate 

the contribution of denitrification on NO3
- removal rates (Green et al., 2008). Directly measured 

denitrification rates based upon the natural accumulation of denitrification products (N2O & N2) in 

groundwater are rare with calculated values spanning orders of magnitude across studies (Green et al., 

2008; Weymann et al., 2008; Heffernan et al., 2012; Jahangir et al., 2013).  

The use of 15NNO3 isotopic signatures has been used extensively to calculate N sources and processes 

(Kendell et al., 2007). A dual isotopic approach (15NNO3 and 18ONO3) can be used to infer both the source 

of NO3
- to groundwater and also transformational processes such as denitrification (Wassenaar, 1995). 

Although it is not possible to directly calculate denitrification rates from isotopic signatures, coupled 

enrichment of 15NNO3 and 18ONO3 provides a powerful tool to identify areas of enhanced denitrification 

(Baily et al., 2011).  

Contemporaneous measurements of both N2O and N2 in groundwater not only provide evidence of NO3
- 

removal pathways but also offer an insight into the concept of pollutant swapping of NO3
- for N2O. 

Globally it is estimated that agricultural practices are responsible for in excess of 60% of anthropogenic 

N2O emissions (Harty et al., 2016). The Intergovernmental Panel on Climate Change (IPCC) subdivides 

agricultural N2O into three categories: direct emissions from agricultural land, emissions from animal 

management strategies and indirect emissions of N2O that is either volatilised, leached or removed in 

biomass (IPCC, 1997). Each subcategory is estimated to contribute one third of the total agricultural 

N2O source with indirect emission estimations contributing two thirds of the uncertainty (Penman, 

2000). There exists a substantial body of research into the contribution N2O to the global greenhouse 

gas budget via direct pathways i.e. from soil to the atmosphere (Bouwman et al., 1990; de Klein et al., 

2001; Soussana et al., 2007; Li et al., 2011; Li et al., 2013).  

Large uncertainties remain around the contribution of indirect N2O emission pathways, namely from 

groundwater and surface drainage, rivers and coastal marine areas (Vilain et al., 2012). Fuelling this 

uncertainty is a lack of process-based understanding regarding the production, consumption and 
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movement of groundwater and stream N2O across a range of hydrogeological settings (Höll et al., 2005; 

Clough et al., 2007; Jahangir et al., 2013). In 1997, the IPCC published an emission factor of 0.015 for 

the fraction of agriculturally derived N2O released from groundwater sources (Mosier et al., 1999). In 

2006, the IPCC default value was amended to 0.0025 (de Klein et al., 2006) based upon the combined 

reviews of Hiscock et al. (2003), Reay et al. (2005) and Sawamoto et al. (2005). While this downward 

revision indicated that groundwater derived N2O was less significant than previously proposed, the 

published range of uncertainty (0.0005-0.025) highlighted the ambiguity surrounding the natural 

variability of N2O in groundwater while reinforcing the need for further research to constrain emission 

factors and reduce uncertainty. Studies combining a complete analysis of N species: organic N, NH4
+ - 

N, NO3
- - N, NO2

- - N, N2O - N & N2 – N, with aerobicity (dissolved oxygen and redox potential), 

electron donors, dual isotopic techniques and aquifer hydraulic properties are rare. It is only through 

the refinement of scale, from catchment to sub metre, that a process-based understanding of 

groundwater N removal can be developed.  

The objectives of this study are (1) to quantify the capacity of hillslope hydrologic systems to naturally 

attenuate agriculturally derived NO3
-, 2) to elucidate the extent of denitrification by measuring the 

accumulation and ratio of reaction products (N2 and N2O) and (3) to identify the physical and 

biogeochemical factors affecting groundwater denitrification rates and indirect N2O emissions from 

groundwater. 

3.2 Materials & methods 

3.2.1 Study sites 

This research was undertaken along four hillslopes of varying length, geometry and landuse in two 

agricultural catchments in the Republic of Ireland (Figure 3.1). The catchments, termed herein as 

sandstone and slate, were chosen to represent the dominant Irish land use categories in landscapes 

susceptible to potential phosphorous and nitrogen transfer risk (Fealy et al., 2010). The sandstone 

catchment is characterised by intensive dairy grassland agriculture, while continuous arable crop 

production dominates the slate catchment. Within both study catchments, two instrumented hillslopes 

termed Sandstone N/Sandstone S and Slate N/Slate S were targeted to represent general catchment 

morphology and land use with each exhibiting a range of hydrogeochemical conditions. Each hillslope 

intersects with a stream channel at its base, representing the receptor or end point for up gradient 

hydrogeochemical dynamics. A conceptual geological understanding was developed using a suite of 

geophysical techniques including ground penetrating radar, electromagnetic terrain conductivity, 2D 

resistivity and seismic refraction (Mellander et al., 2014).  
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3.2.2 Monitoring wells  

Multilevel monitoring wells were installed in the near stream, midslope and upslope zones of each 

hillslope (Mellander et al., 2014). In total 12 multilevel wells were installed, each generally comprising 

three piezometers, yielding a total of 36 sampling intervals. The piezometers (inner diameter: 52mm) 

had screened sections ranging in length between one and four metres (typically three metres). The depth 

to the bottom of each well screened interval ranged in depth from 3.5 to 40 metres below ground level 

(m BGL). The well screens were targeted to intercept shallow (1-10 m BGL) and deeper bedrock 

groundwater pathways (10-40 m BGL). Saturated hydraulic conductivity (Ksat) was measured within 

Figure 3.1: Location of experimental catchments, stream network, field boundaries and instrumented 

hillslopes. Also illustrated are geological cross sections of the Sandstone N and Slate S hillslopes showing the 

location of the multilevel monitoring wells. Note P1, P2 etc. refers to piezometer screened intervals. 
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each screened interval using the slug testing procedure outlined in Butler (1997). Ksat was calculated 

from the generated time-drawdown data using the Bower and Rice (1976) method for unconfined 

aquifers. Figure 3.1 illustrates the experimental design and location of multilevel monitoring wells at 

the Sandstone N and Slate S hillslopes. The length and depth of each piezometer screened intervals and 

hillslope hydraulic properties are presented in Table 3.1. 

3.2.3 Hillslope characterisation  

At the sandstone hillslopes, Quaternary deposits are dominated by free draining loam to clay loam 

underlain by layers of dense gravel and gravelly clay with weathered mudstone. Bedrock consists of a 

complex 3-dimensional pattern of mudstone and sandstone with minor siltstone and exhibits varying 

degrees of weathering (Figure 3.1, Supplementary Figure 1b). The aquifer is unconfined and 

characterised as Locally Important (GSI, 2004a) with bedrock that is Moderate Productive only in Local 

Zones (Appendix A3). The baseflow index (BFI) describes the proportion of flow in a stream which is 

supplemented by groundwater discharge and was calculated after Mellander et al. (2012). The described 

contribution of baseflow to the stream includes both a slower groundwater flow component such as 

from the deeper aquifer layers, and  also a faster component of stream baseflow such as provided by 

fractured weathered bedrock and transition zone pathways. The transition zone describes the broken up 

weathered zone at the top of bedrock (Archbold et al., 2016). In spite of the generally moderate to poorly 

productive nature of the aquifer, the catchment streams exhibited a high baseflow index (BFI) of 73% 

(mean: 2012-13). Although the sandstone aquifer (from a groundwater supply perspective) is classified 

as having low transmissivity (GSI, 2015), high localised permeability in the shallow fractured aquifer 

supplements streamflow in the catchment. In situ measurements of Ksat at both hillslopes indicated a 

layered distribution of permeability (Table 3.1), becoming less permeable with depth.  

The slate hillslopes are characterised by clay to clay loam underlain by dense gravel and firm gravelly 

clay layers.  An extensive zone of highly weathered to moderately weathered slate bedrock is apparent 

at both hillslope sites. In Slate N, the weathered zone ranges in thickness from approximately 4 to 11m 

BGL, increasing in magnitude towards the bottom of the hillslope (Supplementary Figure 3.2a). In Slate 

S, the weathered zone is more extensive, ranging in thickness from 5 -18m BGL, with greatest 

magnitudes in midslope and near stream zones (Figure 3.1). Underlying the weathered zone is 

competent slate and siltstone bedrock, showing evidence of localised fracturing. The catchment contains 

two aquifers: the Oaklands formation and the Ballylane Formation. The Oaklands formation is 

characterised as unconfined and as a Poor Aquifer, with bedrock which is Generally Unproductive 

except for Local Zones. The Ballylane Formation is characterised as unconfined and as a Locally 

Important Aquifer, with Moderate Productivity in Local Zones (GSI, 2004b) (Appendix A8). Very 

limited existing hydrogeological information is available for the groundwater body as it is considered 

to be a relatively poor groundwater resource. As with the sandstone catchment, the calculated BFI is 
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high at 77% (mean: 2013-15), indicating that up-gradient groundwater hydrogeochemistry has a 

significant effect on stream water quality. Although the aquifer has a low transmissivity (GSI, 2015), 

the distribution of Ksat revealed that Slate N and Slate S are highly permeable in the shallow aquifer 

(<30mBGL) (Table 3.1), resulting in a high contribution of shallow groundwater to the stream. The 

density and vertical extent of bedrock fracturing is likely due to extensive folding and faulting in the 

catchment (Appendix A5). 
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Sandstone catchment  Slate catchment 

aHillslope 

 Zone 

bPiezometric 

water level 

           cWell screen  dKsat    
aHillslope 

 Zone 

bPiezometric 

water level 

        cWell screen  dKsat  

Subsoil/ 

weathered 

rock 

Bedrock Subsoil/ 

weathere

d rock  

Bedrock  Subsoil/ 

weathered 

rock 

Bedrock Subsoil/ 

weathere

d rock  

Bedrock 

Sandstone N 

(NS) 

Min: 

Max:   

0.0 

0.7 

P1: 2 - 3.5 

P2: 5.5 - 

8.5 

P3:  9 - 12 

P4: 16.5 - 19.5 

P5: 22 - 25 

P1: 2.8 

P2: 0.8 

P3: 0.6 

P4: 0.7 

P5: 0.3 

 
Slate N 

(NS) 

Min: 

Max: 

0.0 

2.5 

P1: 1 – 4 

P2: 9 – 13 
P3: 32 – 52 

P1: 1.2 

P2: 0.5 
P3: 0.08 

Sandstone N 

(MS) 

Min: 

Max:   

0.1 

4.0 

P1: 

4 - 7 

P2: 12 - 15 

P3: 27 - 30 
P1: 2.5 

P2: 0.4 

P3: 0.3 

 Slate N 

(MS) 

Min: 

Max: 

0.0 

3.9 

P1: 

1 – 4 

P2: 25 – 28 

P3: 37 – 40 
P1: 2.2 

P2: 1.3 

P3: 0.15 

Sandstone N 

(US) 

Min: 

Max:   

1.1 

7.0 

 

 

P1: 7 - 10 

P2: 14.5 - 17.5 

P3: 22 – 25 

 

P1: 1.0 

P2: 1.9 

P3: 0.09 

 
Slate N 

(US) 

Min: 

Max 

3.0 

11.4 
 

P1: 12 – 15 

P2: 27 – 30 
 

P1: 1.03 

P2: 1.4 

            

Sandstone S 

(NS) 

Min: 

Max:   

0.1 

0.5 

P1: 

4 – 7 

P2: 10 - 13 

P3: 17 - 20 

P1: 0.53 

 

P2: 0.99 

P3: 0.35 

 
Slate S 

(NS) 

Min: 

Max: 

0.1 

1.0 

P1:  

3.5 – 6.5 

P2: 14-17 

P3: 30.5 - 

33.5 

P1: 4.2 
P2: 5.2 

P3: 0.4 

Sandstone S 
(MS) 

Min: 

Max:   

1.2 

12.7 
 

P1: 10.5 -13.5 

P2: 17 - 20 

P3: 27 – 30 

 

P1: 2.8 

P2: 0.98 

P3: 0.54 

 

Slate S 
(MS) 

Min: 

Max: 

3.0 

9.8 
 

P1: 10.5 - 

13.5 

P2: 17 – 20 

P3: 27 – 30 

 

P1: 4.2 

P2: 4.0 

P3: 0.9 

Sandstone S 

(US) 

Min: 

Max:   

5.6 

14.0 
 

P1: 13 - 16 

P2: 27 - 30 
 

P1: 0.40 

P2: 0.403 

 
Slate S 

(US) 

Min: 

Max: 

6.3 

10.6 

P1:  

7 – 11 

P2: 16 – 19 

P3: 37 – 40 
P1: n.d 

P2: 1.0 

P3: 5.3 

Table 3.1: Length and depth of piezometer screened intervals, hillslope permeability (Ksat) and hillslope 

piezometric levels. 

aHillslope zone: NS = near stream, MS = midslope, US = upslope. 
bPiezometric water level: m BGL 
cWell screen: metres below ground level of the top and bottom of each screened interval. 
dKsat: Hydraulic conductivity (m/day) calculated after Bower and Rice (1976). 
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3.2.4 Water sampling 

Groundwater sampling was carried out on a monthly basis from July 2013 until May 2015. Samples 

were collected from the centre of each well screen using a 500ml double valve bailer (Solinst, Canada). 

Stream and drain samples were collected simultaneously with groundwater samples. Samples for 

nitrogen components (NO3
-, NO2

-, NH4
+), Cl-, reduced metals (Fe2+ & Mn2+) and DOC were filtered in-

situ through a 0.45µm hydrophilic membrane filter into polypropylene sample tubes (50ml). 

Groundwater temperature, pH, electrical conductivity, redox potential (Eh) and dissolved oxygen (DO) 

were simultaneously measured using an in-situ multi-parameter (Aquameter) probe. Seasonal 

groundwater dissolved gas sampling (N2, N2O and DO) was undertaken to complement the monthly 

hydrogeochemical dataset. Samples for N2, argon (Ar) and DO were collected by overflowing 

groundwater into 12ml exetainers (Labco Ltd, Wycombe, UK), while groundwater N2O samples were 

overflowed into 160ml glass serum bottles. All gaseous samples were immediately sealed following 

collection and stored under water (at 4°C) prior to analysis.  

3.2.5 Hydrochemistry 

Total oxidised nitrogen (NO3
- & NO2

-), NO2
-, Cl-, NH4

+ were analysed by Aquakem 600 Discrete 

Analyser (Aquakem 600A, 01621 Vantaa, Finland) following the hydrazine reduction, sulphanilamide 

diazotisation and dichloroisocyanurate hydrolysis methods respectively. Groundwater NO3
- was 

calculated by subtracting NO2
- from total oxidised nitrogen. DOC and total N were analysed by catalytic 

combustion using a Shimadzu TOC-L analyser (TOC-V cph/cpn: Shimadzu Corporation, Kyoto, 

Japan). Reduced metals (Fe2+ & Mn2+) were analysed by inductively coupled plasma emission 

spectrometry (Agilent 5100 + Agilent Technologies, 5301 Stevens Creek Blvd, Santa Clara, CA 95051, 

United States). Total N2, DO and argon (Ar) were analysed using membrane inlet mass spectrometry 

(MIMS), according to the average recharge temperature during sampling (Kana et al., 1994). Denitrified 

N2, termed excess N2 hereafter, was calculated after Weymann et al. (2008) using the ratio of N2/Ar in 

groundwater and temperature-based solubility constants. Preparation of groundwater N2O samples was 

carried out using the headspace extraction technique according to the methodology outlined in Jahangir 

et al. (2012b). The N2O concentration of the extracted headspace gas was analysed using electron 

capture gas chromatography (CP-3800, Varian, Inc. USA). Frozen samples for natural abundance stable 

isotopes were packed in dry ice and shipped to the UC Davis Stable Isotope Facility, University of 

California, USA for analysis. Samples for δ15NNO3, δ18ONO3 and δ15NN2O were analysed using the bacterial 

denitrifier method (Sigman et al., 2001). 
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3.2.6 Total initial nitrogen (NINI), denitrification reaction progress (RP), groundwater N2O 

emission factors (EF5g1 & EF5g2) and FracLEACH. 

It is assumed that denitrification along a groundwater flow path results in the reduction of NO3
- and the 

production of dissolved N gases. As such, the initial nitrogen concentration (NINI) is calculated as the 

sum of residual N substrates and accumulated N products (Jahangir et al., 2013) where:  

 

Reaction progress (RP) is the ratio between products of a given process and starting substrates 

(Weymann et al., 2008). RP was used to estimate groundwater denitrification using the following 

relationship:  

(RP) = (excess N2 - N + N2O - N) / NINI               (2) 

 Indirect emissions of N2O from groundwater were quantified using two methods. The first, 

termed EF5g1 was adopted from Weymann et al. (2008) and considers transformations of NO3
- and N2O 

within the aquifer (Eq. 3). The second EF5g2 has been adopted by the IPCC (2006), typically in studies 

lacking gaseous N data, and assumes no further transformation of NO3
- and N2O that has been leached 

to groundwater (Eq. 4). 

EF5g1 = N2O - N / NINI – N          (3)                                            EF5g2 = N2O - N / NO3
--N          (4) 

         FracLEACH describes the quantity of dissolved N leached from soil to groundwater as a 

proportion of the total N load applied via agricultural practices. FracLEACH was quantified using the 

following relationship: 

FracLEACH (%) = QGW (m3/ha/yr.) * NO3
- - Ns (kg N/m3) / Total N input (kg N/ha/yr.)               (5)                                         

QGW represents groundwater discharge and was calculated as QEF (m3/Ha) * baseflow index (BFI). QEF 

refers to total recharge, measured as effective rainfall (m/yr.) multiplied by field area (ha). Groundwater 

storage in the fractured aquifer was assumed to be limited (Fitzsimons and Misstear, 2006). Estimated 

effective rainfall was calculated by subtracting potential evapotranspiration (calculated according to 

Penman-Monteith) from total rainfall.  Total recharge multiplied by the BFI was assumed to equal 

groundwater discharge. Groundwater discharge was multiplied by NO3
-- N in the shallow groundwater 

of each hillslope (NO3
- - Ns) providing a total load of NO3

- - N per year. Wells exhibiting aerobic 

conditions were chosen Tafor the FracLEACH calculation to negate the confounding effect of 

attenuation on leaching rates. Dividing the total load of NO3
- - Ns by the total load of N applied provided 

a measurement of FracLEACH. The total load of organic and inorganic N applied was calculated from 

detailed farmer records specific to each hillslope field (2012-2013). Hillslope landuse, applied N, values 

of FracLEACH and the total loads of NO3
- - Ns for each study hillslope are provided in Table 3.2. 

(NINI) = NO3
- - N + NH4

+ - N+ NO2
- - N + organic N + excess N2 - N + N2O - N (1) 
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Sandstone catchment 

Hillslope Landuse 
aApplied N 

(kg N/ha/yr.) 

bNO3
- - Ns 

(kg N/ha/yr.) 

FracLEACH 

(%) 

Sandstone N 

Grassland, 
dairy 
production 

Inorganic: 295.3  
Organic: 0  

 
39.1 

 
14 

Sandstone S 
Grassland, 

dairy 

production 

Inorganic: 301.5 
Organic: 78.6  

 
72.5 

 
21 

 
                                  Slate catchment 

Hillslope Landuse aApplied N 
bNO3

- - Ns 

(kg N/ha/yr.) 

FracLEACH 

(%) 

Slate N 
Arable, 
spring barley 
production. 

Inorganic: 122.0 
Organic: 21.0 

69.0 41 

Slate S 
Arable, 

spring barley 

production. 

Inorganic:154.8 
Organic: 0 

62.4 44 

aApplied N: Mean applications of inorganic and organic N (2012-2013). 
bNO3

- - Ns: Mean load of NO3
- leached to shallow groundwater (2012-2013). 

Table 3.2: Hillslope landuse, surface applied N, N leached to groundwater and FracLEACH. 
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3.2.7 Statistical analysis 

In order to identify statistically significant relationships (p < 0.05) between parameters, a correlation 

analysis between influential hydrological, hydrogeological and hydrogeochemical variables and NO3
-, 

N2O and excess N2 was undertaken. The Pearson product moment approach was utilized  when data 

were approximately normally distributed, with appropriate transformation and rescaling of the data 

where non-normality was apparent. Where it was not possible to transform data to normality, the 

Spearman rank approach was used. A repeated measures mixed ANOVA analysis (SAS, 2009), 

including covariance modelling for effects across sampling dates, was used to identify the significant 

effects of spatial parameters, including sampling depth and hillslope zone on groundwater 

hydrogeochemistry. The effect of groundwater sampling depth and groundwater residence times on 

groundwater hydrogeochemistry has been examined in several studies (Weymann et al., 2008; Fenton 

et al., 2009; Jahangir et al., 2012a). Typically aquifer permeability decreases with increasing depth 

(Jahangir et al., 2012a), while groundwater residence times increase (Fenton et al., 2011). The use of 

depth as a grouping factor provides insight into these hypotheses. Each hillslope was split into three 

zones: near stream, midslope and upslope zone. The depth of the unsaturated zone has been identified 

as a dominant controlling factor on groundwater NO3
- concentrations (Spalding and Exner, 1993). In 

the near stream zone, the water table is close to the surface. In the midslope and upslope zones, the 

depth to the water table and depth of the unsaturated zone increases, with greatest thickness in the 

upslope zone. The statistical model also accounted for between catchment variability (sandstone vs. 

slate), and within catchment variability e.g. Sandstone N vs. Sandstone S. Given the extensive range of 

sampling depths across catchments, depth was grouped into six categories namely 0 - 5, 5 - 10, 10 - 15, 

15 - 20, 20 - 30 and > 30m BGL. The interactions between categorical variables were also scrutinised 

within the model, while a validation of the model assumptions was achieved using a residual analysis. 

3.3 Results 

3.3.1 NO3
-, NH4

+ and NO2
- concentrations 

The spatial distribution of groundwater and stream NO3
- in the sandstone and slate catchments, 

organised by hillslope, hillslope zone and sample depth are illustrated in Figure 3.2. Mean groundwater 

NO3
- concentration was lower (p < 0.001) in the sandstone catchment (4.9 mgN/L) compared to the 

slate catchment (8.1 mgN/L).  This pattern was echoed in stream concentrations with NO3
- in the slate 

catchment streams (mean: 7.3 mgN/L) exceeding the Sandstone Streams (mean: 5.4 mgN/L) by 32% (p 

< 0.001).  
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Figure 3.2:  Boxplots of groundwater and stream NO3
- from 2013-15 in the sandstone and slate catchments, 

arranged by hillslope, slope position, and piezometer sampling depth. The lower and upper hinges of the 

boxes correspond to the first and third quartiles of the data. The solid black line represents the median of 

the data, while the dashed black line describes the mean. The top and bottom whiskers of the plot define the 

5th and 95th percentiles. 
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The coefficient of variation (CV) was used as a measure of spatial variability specific to each 

experimental hillslope, calculated using the overall hillslope mean, and standard deviation from the 

mean at each spatial sampling interval. A high CV value indicates spatial heterogeneity of a given 

parameter associated with different sampling depths and hillslope zones i.e. upslope vs. midslope vs 

near stream. A low CV indicates spatial uniformity.  

The spatial distribution of groundwater NO3
- in the sandstone catchment was complex (CV Sandstone 

N: 42% vs. Sandstone S: 117%). Significant relationships were identified between hillslopes (p < 

0.0001) and sample depths (p < 0.05), with significant interactions between hillslope*hillslope zone (p 

< 0.001), hillslope*depth (p < 0.05) and hillslope zone*depth (p < 0.0001). An analysis of the slope of 

the interaction terms indicated that depth had a greater effect on NO3
- concentration in Sandstone N vs. 

Sandstone S, while in both hillslopes, a combination of near stream hillslope zone and depth had the 

greatest bearing on groundwater NO3
- concentrations.  

In Sandstone N, a negative correlation was observed between depth and NO3
- concentration. In the near 

stream zone, there was a clear concentration gradient in NO3
- moving deeper down the depth profile 

(Figure 3.3a). The gradient in NO3
- concentration mirrored the distribution of groundwater DO (Figure 

3.3b). NO3
- concentrations in the near stream zone were significantly lower than the midslope (p < 

0.001) and upslope (p < 0.005) zones. Despite elevated NO3
- concentrations in the near stream shallow 

groundwater of Sandstone N (mean 9.8 mgN/L between 2 and 8.5 m BGL), stream concentrations were 

significantly lower (mean 4.6 mgN/L), most closely reflecting deeper groundwater. In Sandstone S, 

groundwater NO3
- in the near stream zone was lower than the midslope zone (p < 0.0001), showing no 

significant difference with the upslope zone. At all sample depths in the near stream and upslope zones, 

groundwater NO3
- was either below or marginally exceeded the limit of detection (0.25 mgN/L) (Figure 

3.2).  

Figure 3.4a and 3.4b illustrate the relationship between NO3
- and hydraulic conductivity (Ksat) and 

NO3
- and the water table ratio. The water level ratio refers to the ratio between the depth of the 

unsaturated zone and the total depth of sampling. The nearer the ratio is to 1, the closer the water table 

is to the ground surface. The ratio also takes the depth of the saturated water column into account. 

Therefore the greater the depth of the overlying water column, the closer the ratio is to 1. Water level 

ratios are highest where a deep well has a shallow water table. In the sandstone catchment, groundwater 

NO3
- increased significantly with increasing Ksat values (r = 0.54, p < 0.05) and decreased significantly 

with increasing water table ratios (r = 0.58, p < 0.05). Typically, Ksat decreased with increasing depth 

BGL corresponding to less weathered bedrock, while the water level ratio decreased moving upslope 

corresponding to increases in the depth of the unsaturated zone. Stream NO3
- in Sandstone S was 

significantly higher (p < 0.05) than the Sandstone N. The mean stream concentration of 6.0 mgN/L 

closely reflected midslope groundwater and water sampled from an upstream tile drain.  
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Figure 3.3: Boxplots of groundwater and stream (a) NO3
-, (b) DO, (c) excess N2 and (d) N2O from 2013-

15 in Sandstone N, arranged by slope position and piezometer sampling depth. The lower and upper hinges 

of the boxes correspond to the first and third quartiles of the data. The solid black line represents the 

median of the data, while the dashed black line describes the mean. The top and bottom whiskers of the 

plot define the 5th and 95th percentiles. 



__________________________________________________________________________________ 

__________________________________________________________________________________

38 

 

 

In the slate catchment, there was a significant interaction between hillslope*hillslope zone (p < 0.0001). 

As such, while there was a clear effect of hillslope zone on NO3
- concentration, the effect was specific 

to each hillslope. Slate N exhibited higher groundwater NO3
- than Slate S with mean concentrations of 

8.7 and 7.6 mgN/L respectively. Slate S was characterised by spatial uniformity throughout the hillslope 

(CV: 6.9%) with no significant differences identified as a function of hillslope zone or sampling depth 

(Figure 3.2). In Slate N, there was greater spatial variation than Slate S (CV: 18.9%) with a hillslope 

zone effect (p < 0.0001). Highest NO3
- concentrations occurred in the upslope zone, with lower 

concentrations in the midslope and near stream zones. In the slate catchment, no significant 

relationships were identified between NO3
- and Ksat or NO3

- and water table ratio (Figure 3.4). In both 

slate hillslopes, stream NO3
- concentrations were similar to shallow groundwater.  

Groundwater NH4
+ concentrations where marginally lower in the sandstone catchment compared to the 

slate catchment (mean sandstone: 0.03 mgN/L, mean slate: 0.04 mgN/L). In the sandstone catchment 

there were no significant differences between hillslopes means, with limited spatial variability (CV: 

13%). Similarly, in the slate catchment, no significant relationships were identified between hillslopes 

with limited spatial variation across hillslope zones and sample depths (CV: 25%). Groundwater NO2
- 

concentrations were typically either at or below the limits of detection (0.006 mgN/L) with mean 

concentrations of 0.002 and 0.007 mgN/L in the slate and sandstone catchments. 

3.3.2 Groundwater hydrochemistry  

3.3.2.1 Aquifer aerobicity 

Groundwater DO was lower (ANOVA; p < 0.001) in the sandstone catchment compared to the slate 

catchment (mean sandstone: 5.5 vs. mean slate: 8.9 mg/L). In the sandstone catchment, mean DO 

concentrations were 5.8 and 4.1 mg/L in Sandstone N and Sandstone S, respectively. Spatial variation 

was high in both  hillslopes (CV Sandstone N: 38% vs. CV Sandstone S: 54%) and there was a 

significant effect of sampling depth (p < 0.01) and hillslope zone (p < 0.0001) on groundwater DO. In 

both hillslopes, near stream zones had the lowest DO (p < 0.0001) with the exception of the upslope 

monitoring well in Sandstone S, which showed comparably low concentrations (Table 3.3). DO 

typically decreased with increasing depth, while a distinct geochemical gradient was apparent in the 

near stream zone of Sandstone N (Table 3.3).  The sandstone catchment was characterised by anaerobic 

conditions at a number of spatial sampling points. Screened intervals with DO < 3mg/L included the 

near stream zones of Sandstone N (18.5 and 23.5 m BGL) and Sandstone S (5.5, 11.5 and 18.5 m BGL) 

and the upslope zone of Sandstone S (14.5 m BGL). Figure 3.4c and 3.4d illustrate the relationship 

between DO and hydraulic conductivity (Ksat) and DO and the water table ratio. In the sandstone 

catchment, groundwater DO increased significantly with increasing Ksat values (r = 0.63, p < 0.005) 

and decreased significantly with increasing water table ratios (r = -0.71, p < 0.05). 
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 Within the slate catchment, Slate N had lower DO (p < 0.05) than Slate S with mean values of 7.3 and 

10.5 mg/L (Table 3.4). DO was uniformly high in Slate S across groundwater sampling intervals (CV: 

12%), whereas Slate N exhibited greater spatial variability (CV: 29%). In both hillslopes there existed 

weakly negative relationships between DO and sampling depth (p = 0.07). Groundwater in the slate 

catchment was consistently aerobic, with limited development of anaerobic zones. A significant positive 

correlation (r = 0.6, p < 0.05) was identified between DO and Ksat (Figure 3.4c, while no significant 

relationship was identified between DO and the water table ratio (Figure 3.4).  

Eh in the sandstone catchment (mean: 54.9 mV) was significantly lower (p < 0.001) than the slate 

catchment (mean: 171.4 mV). Spatial variation was high with CVs of 94% and 50% in Sandstone N 

and Sandstone S respectively. Hillslope zone and depth effects mirrored those of DO owing to a strongly 

positive correlation between Eh and DO (r = 0.72; p < 0.001) (Table 3.5). Low Eh (< 10mV) occurred 

in the near stream zones of Sandstone N (18.5 and 23.5 m BGL) and Sandstone S (11.5 and 18.5 m 

BGL) and in the upslope zone of Sandstone S (14.5 m BGL) (Table 3.3). The slate catchment had low 

spatial variation (CV: 6%) in both hillslopes and elevated Eh (>100 mV) across all hillslope zones and 

sampling depths.  

 

 

 

 

 

 

 

 

 

 

 

 

 

Sandstone catchment  

Slate catchment 

a
Water level ratio  

Figure 3.4a & 3.4b: Linear regression analysis of Ksat, DO and NO3
- in the sandstone and slate 

catchments. Figure 3.4c & 3.4d: Analysis of water level ratio, DO and NO3
- sandstone and slate 

catchments. The black and grey correlation lines represent the sandstone and slate catchments 

respectively.  
aWater level ratio refers to the depth of the water table, relative to the total depth of the well screen. 
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3.3.2.2 Bacterial energy sources 

Mean groundwater DOC in the sandstone catchment was significantly higher (p < 0.001) than the slate 

catchment (2.5 vs. 1.8 mg/L). In both catchments, stream DOC concentrations were greater than 

groundwater (mean sandstone: 6.5 vs. mean slate: 2.9 mg/L). In the sandstone catchment, groundwater 

Mn2+ concentrations (mean: 626.3 µg/L) were higher (p < 0.001) than the slate site. Within the 

sandstone catchment, Sandstone S had higher Mn2+ (p < 0.05) than Sandstone N with mean 

concentrations of 1391.7 and 69.8 µg/L respectively (Table 3.3). In both hillslopes, spatial variability 

was high (CV Sandstone N: 268% vs. Sandstone S: 85%). Screened intervals with highest Mn2+ (> 600 

µg/L) were coincident with lowest DO and Eh and included the near stream zones of Sandstone N (23.5 

m BGL) and Sandstone S (5.5, 11.5 and 18.5 m BGL) and the upslope zone of Sandstone S (14.5 and 

28.5 m BGL). Fe2+ was significantly greater (p < 0.001) in the sandstone catchment (mean: 639.5 µg/L) 

compared to the slate site. Analogous to the distribution of Mn2+ spatial variability was high with CV 

values of 157% and 87% in Sandstone N and Sandstone S respectively. Sampled intervals with highest 

Fe2+ concentrations (> 1000 µg/L) followed the distribution of DO, Eh and Mn2+ (Table 3.3).  

In the slate catchment, groundwater Mn2+ and Fe2+ concentrations were typically low (Table 3.4). Mn2+ 

ranged from 2.3 to 13.3 µg/L, with a mean value of 5.3 µg/L and a CV of 57%. Fe2+ ranged from 0.98 

to 16.58 µg/L, with a mean groundwater concentration of 7.2 µg/L. Spatial variation was similar 

between Slate N and Slate S with CV values of 65% and 62% respectively.  
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aHillslope 

zone / 
bDepth 

(m BGL) 

Reactive N Aerobicity Bacterial energy sources Denitrification rate & products N2O emissions 

NO3
- cNINI NO3

-/Cl- DO Eh  DOC Fe2+  Mn2+ dRP excess N2 N2O eN2O - EF5g1 

(mgN/L)  (mgN/L) (ratio) (mg/L) (mV) (mg/L) (µg/L) (µg/L)  (mgN/L) (μgN/L) Above IPCC 2006: 

, below:  

Sandstone N 

Stream 4.7 (0.3) 5.5 (0.4) 0.16 (0.01) 9.6 (0.7) 94.9 (11.8) 6.3 (1.4) 18.0 (3.3) 11.6 (2.9) 0.02 (0.02) 0.1 (0.1) 1.5 (0.4) 0.0003 (0.0001)  

NS (2.8m) 9.8 (0.5) 12.5 (1.0) 0.35 (0.01) 6.5 (0.4) 65.6 (7.3) 2.0 (0.2) 10.5 (6.8) 6.2 (1.3) 0.04 (0.01) 0.4 (0.1) 12.1 (1.8) 0.0010 (0.0001)  

NS (7m) 9.7 (0.4) 12.1 (0.9) 0.35 (0.01) 6.1 (0.5) 62.9 (11.3) 2.0 (0.3) 5.7 (2.1) 6.6 (1.7) 0.04 (0.01) 0.5 (0.2) 13.3 (1.6) 0.0011 (0.0002)   

NS (10.5m) 8.2 (0.3) 10.1 (0.8) 0.30 (0.01) 5.2 (0.7) 39.5 (12.2) 1.9 (0.4) 4.7 (2.1) 11.6 (2.6) 0.09 (0.02) 0.9 (0.2) 13.0 (1.8) 0.0013 (0.0002)  

NS (18m) 4.5 (0.2) 6.5 (0.4 0.17 (0.01) 2.4 (0.8) -21.2 (16.1) 1.9 (0.3) 3.4 (1.1) 54.6 (14.9) 0.25 (0.03) 1.6 (0.2) 7.1 (1.9) 0.0010 (0.0002   

NS (23.5m) 0.0 (0.02) 3.0 (0.3) 0.01 (0.00) 1.7 (0.6) -73.7 (30.0) 2.5 (0.9) 79.3 (28.0) 633.2 (64.2) 0.95 (0.01 2.9 (0.3) 0.7 (0.4) 0.0002 (0.0001)  

MS (5.5m) 5.6 (0.4) 7.4 (0.6 0.23 (0.01) 8.6 (0.4) 107.4 (7.8) 2.6 (0.3) 3.2 (1.3) 4.0 (0.9) 0.05 (0.03) 0.3 (0.2) 10.1 (2.2) 0.0014 (0.0003)  

MS (13.5m) 5.7 (0.4) 7.6 (0.6) 0.24 (0.01) 7.1 (0.5) 102.0 (8.9) 2.9 (0.3) 4.1 (1.9) 12.5 (9.4) 0.05 (0.01) 0.3 (0.1) 12.9 (2.3) 0.0017 (0.0003)  

MS (28.5m) 5.9 (0.4) 7.6 (0.7) 0.24 (0.01) 8.3 (0.9) 120.1 (15.4) 2.7 (0.3) 15.7 (12.2) 6.1 (1.3) 0.04 (0.01) 0.3 (0.1) 16.2 (2.5) 0.0022 (0.0003)  

US (8.5m) 6.5 (0.2) 8.3 (0.5) 0.28 (0.01) 7.5 (0.6) 120.7 (9.6) 2.7 (0.6) 6.8 (3.8) 3.1 (0.5) 0.16 (0.03) 1.3 (0.2) 15.5 (2.0) 0.0019 (0.0003)  

US (16m) 7.0 (0.3) 8.9 (0.5) 0.27 (0.01) 5.8 (0.9) 117.2 (9.6) 2.6 (0.5) 3.4 (1.5) 14.0 (6.8) 0.18 (0.02) 1.6 (0.2) 26.8 (8.6) 0.0038 (0.0016)  

US (23.5) 6.5 (0.3) 8.6 (0.4) 0.26 (0.01) 5.1 (2.2) 123.4 (12.1) 2.4 (0.5) 18.9 (14.6) 16.2 (11.4) 0.23 (0.03) 1.9 (0.2) 35.0 (9.4) 0.0047 (0.0015)  

Sandstone S 

Stream 6.0 (0.3) 7.1 (0.4) 0.19 (0.01) 8.7 (0.7) 99.5 (11.4) 6.6 (1.4) 22.5 (5.1) 15.1 (2.9) 0.03 (0.02) 0.2 (0.1) 5.4 (1.3) 0.0008 (0.0002)  

NS (5.5m) 0.3 (0.2) 2.6 (0.5) 0.02 (0.008) 2.0 (1.4) 18.4 (19.8) 2.1 (0.8) 2910.3 (484.7) 2997.3 (210.1) 0.88 (0.05) 2.4 (0.5) 1.1 (0.8) 0.0004 (0.0002)  

NS (11.5m) 0.2 (0.1) 2.4 (0.4) 0.01 (0.002) 2.7 (1.0) 20.1 (11.7) 1.9 (0.6) 2111.6 (422.6) 2407.0 (295.6) 0.89 (0.03) 2.2 (0.4) 1.0 (0.4) 0.0005 (0.0002)  

NS (18.5m) 0.4 (0.3) 2.7 (0.5) 0.02 (0.01) 2.2 (1.2) 20.9 (20.1) 1.9 (0.6) 2560.1 (394.6) 1860.9 (135.1) 0.89 (0.02) 2.4 (0.4) 1.4 (0.9) 0.0016 (0.0014)  

MS (12.5m) 7.4 (0.2) 9.7 (0.7) 0.27 (0.007) 7.0 (0.5) 58.9 (6.7) 3.5 (1.7) 6.7 (2.1) 11.2 (4.1) 0.16 (0.03) 1.7 (0.5) 21.6 (4.4) 0.0023 (0.0004)  

MS (18.5m) 7.0 (0.3) 9.4 (0.9) 0.24 (0.01) 6.4 (0.5) 52.5 (21.9) 2.6 (1.2) 8.4 (3.0) 14.7 (3.8) 0.18 (0.03) 1.8 (0.5) 20.3 (4.2) 0.0021 (0.0005)  

MS (28.5m) 7.2 (0.3) 9.2 (1.2) 0.26 (0.01) 6.6 (0.9) 56.3 (29.2) 2.6 (0.9) 61.9 (26.0) 89.5 (31.1) 0.17 (0.04) 1.6 (0.4) 22.8 (5.0) 0.0025 (0.0005)  

US (14.5m) 0.6 (0.2) 4.4 (1.1) 0.03 (0.008) 2.2 (1.2) 23.7 (11.5) 2.0 (0.5) 2910.2 (765.0) 2061.3 (180.1) 0.82 (0.07) 3.4 (0.8) 4.9 (2.4) 0.0015 (0.0005)  

US (28.5m) 0.8 (0.2) 4.8 (0.9) 0.03 (0.007 3.6 (1.9) 29.8 (22.1) 3.8 (2.5) 1425.0 (469.7) 1691.4 (177.9) 0.73 (0.07) 3.3 (0.8) 7.1 (4.6) 0.0013 (0.0005)  

aHillslope zone : NS = near stream, MS = midslope, US = upslope. bDepth: metres below ground level to the centre of each well screen. 
cNINI: NO3

- + NH4
+ + NO2

- + organic N + excess N2 + N2O. 
dReaction progress (RP):  excess N2 + N2O/ NINI. 
eEF5g1*: N2O emission factor: N2O/ NINI. 

 

Table 3.3: Mean groundwater and stream NO3
- (+ standard error SE) vs. aerobicity, bacterial energy sources, 

denitrification reaction products and N2O emissions arranged by hillslope, hillslope position and piezometric 

sampling depth in the sandstone catchment. 
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aHillslope 

zone / 
bDepth 

(m BGL)  

Reactive N Aerobicity Bacterial energy sources Denitrification rate & products N2O emissions 

NO3
- cNINI NO3

-/Cl- DO Eh  DOC Fe2+  Mn2+  RP* excess N2 N2O N2O - EF5g1* 

(mgN/L) (mgN/L) (ratio) (mg/L) (mV) (mg/L) (µg/L) (µg/L)  (mgN/L) (μgN/l) Above IPCC 2006: 

, below:  

Slate N 

Stream I 7.8 (0.2) 8.7 (0.8) 0.41 (0.01) 10.56 (0.3) 110.6 (8.0) 2.5 (0.6) 14.6 (4.9) 4.0 (1.4) 0.00 (0.11) 0.02 (0.5) 0.69 (0.5) 0.0001 (0.00008)   

Stream II 7.4 (0.2) 8.9 (1.0) 0.40 (0.02) 9.93 (0.6) 111.2 (7.2) 2.3 (0.6) 16.9 (5.6) 3.6 (1.2) 0.01 (0.01) 0.10 (0.1) 0.56 (0.1) 0.0001 (0.00001)   

NS (2.5m) 7.5 (0.2) 10.8 (0.9) 0.37 (0.02) 6.78 (1.2) 139.8 (10.5) 2.0 (0.8) 27.3 (5.9) 13.1 (2.8) 0.09 (0.02) 0.87 (0.1) 6.57 (1.8) 0.0006 (0.0002)     

NS (11m) 7.4 (0.2) 9.4 (0.9) 0.38 (0.02) 6.83 (1.1) 139.6 (9.3) 1.7 (0.6) 21.1 (7.3) 14.7 (4.5) 0.08 (0.02) 0.73 (0.1) 5.89 (1.8) 0.0006 (0.0001)     

NS (42m) 7.4 (0.2) 8.9 (0.8) 0.37 (0.02) 4.69 (1.2) 128.0 (10.7) 1.7 (0.6) 12.7 (4.4) 12.7 (9.1) 0.06 (0.02) 0.62 (0.2) 6.30 (1.8) 0.0007 (0.0001)     

MS (2.5m) 8.3 (0.2) 9.6 (0.9) 0.39 (0.01) 10.03 (0.7) 119.8 (15.2) 1.9 (0.8) 11.0 (3.1) 21.8 (8.5) 0.06 (0.03) 0.68 (0.3) 1.78 (1.5) 0.0002 (0.0002)     

MS (26.5m) 8.4 (0.2) 8.6 (0.8) 0.40 (0.02) 9.98 (0.5) 131.9 (9.5) 1.7 (0.6) 6.9 (2.2) 24.0 (11.7) 0.10 (0.03) 0.76 (0.3) 1.39 (0.3) 0.0001 (0.00003)   

MS (38m) 8.0 (0.3) 7.3 (0.5) 0.37 (0.02) 4.45 (1.1) 126.9 (9.9) 2.0 (0.6) 9.9 (2.9) 19.8 (9.3) 0.32 (0.13) 2.50 (0.7) 3.56 (0.9) 0.0004 (0.0001)     

US (13.5m) 11.6 (0.2) 13.57 (1.3) 0.46 (0.01) 7.85 (0.8) 150.5 (8.7) 2.0 (0.7) 9.7 (3.2) 6.6 (2.9) 0.05 (0.02) 0.86 (0.2) 3.26 (0.6) 0.0002 (0.00004)   

US (28.5m) 11.0 (0.3) 12.46 (0.4) 0.46 (0.02) 8.02 (0.5) 138.8 (9.5) 1.8 (0.7) 13.4 (6.5) 7.2 (3.4) 0.09 (0.02) 1.12 (0.2) 3.43 (0.6) 0.0002 (0.00004)   

Slate S 

Stream 6.9 (0.1) 7.3 (0.9) 0.37 (0.01) 10.72 (0.2) 131.5 (8.3) 3.9 (2.4) 27.1 (13.2) 6.1 (3.5) 0.00 (0.02) 0.0 (0.2) 0.7 (0.5) 0.0001 (0.00004)   

NS (5m) 7.6 (0.1) 8.5 (0.3) 0.43 (0.01) 10.38 (0.4) 157.6 (9.7) 1.3 (1.1) 26.7 (3.9) 14.7 (1.7) 0.09 (0.02) 0.8 (0.2) 2.6 (0.5) 0.0003 (0.00005)   

NS (15.5m) 7.5(0.1) 8.2 (0.2) 0.41 (0.01) 10.37 (0.4) 161.4 (9.1) 2.0 (1.1) 8.3 (3.9) 5.0 (1.7) 0.07 (0.02) 0.6 (0.2) 2.5 (0.4) 0.0003 (0.00005)   

NS (32m) 6.5 (0.1) 8.3 (0.8) 0.36 (0.01) 7.67 (0.5) 145.8 (9.1) 0.8 (0.1) 31.6 (15.2) 8.0 (2.6) 0.12 (0.02) 1.1 (0.2) 2.3 (0.4) 0.0003 (0.00005)   

MS (9m) 7.5 (0.2) 7.3 (1.0) 0.48 (0.02) 9.26 (0.4) 149.4 (11.4) 2.3 (1.2) 24.6 (10.6) 3.6 (0.9) 0.02 (0.03) 0.2 (0.3) 13.7 (5.6) 0.0019 (0.0008)     

MS (15.5m) 7.5 (0.1) 7.8 (0.2) 0.47 (0.02) 10.78 (0.2) 163.8 (8.8) 2.4 (1.0) 34.6 (20.4) 7.6 (4.3) 0.03 (0.02) 0.2 (0.1) 2.5 (3.9) 0.0003 (0.0006)     

MS (38.5m) 7.6 (0.1) 8.4 (0.4) 0.47 (0.01) 10.74 (0.6) 155.5 (9.6) 2.0 (1.1) 9.3 (2.3) 4.2 (0.9) 0.07 (0.02) 0.7 (0.2) 2.9 (0.4) 0.0003 (0.00006)   

US (9m) 8.5. (0.4) 11.2 (1.1) 0.55 (0.03) 11.82 (0.1) 161.9 (17.6) 1.3 (0.3) 13.1 (3.0) 7.9 (2.0) 0.07 (0.03) 0.8 (0.4) 3.6 (0.9) 0.0003 (0.00009)   

US (17.5m) 8.0 (0.2) 9.3 (0.8) 0.52 (0.02) 11.20 (0.4) 168.7 (11.3) 1.9 (0.6) 10.6 (3.2) 4.4 (0.8) 0.10 (0.03) 0.9 (0.2) 2.3 (0.6) 0.0002 (0.00007)   

US (38.5m) 7.8 (0.2) 8.7 (0.6) 0.53 (0.02) 11.75 (0.6) 164.7 (9.2) 1.7 (0.7) 17.1 (8.3) 5.9 (1.3) 0.11 (0.03) 1.0 (0.3) 3.4 (0.7) 0.0003 (0.00007)   

aHillslope zone : NS = near stream, MS = midslope, US = upslope. bDepth: metres below ground level to the centre of each well screen. 
cNINI: NO3

- + NH4
+ + NO2

- + organic N + excess N2 + N2O. 
dReaction progress (RP):  excess N2 + N2O/ NINI. 
eEF5g1*: N2O emission factor: N2O/ NINI. 

 

Table 3.4: Mean groundwater and stream NO3
- (+ standard error SE) vs. aerobicity, bacterial energy sources, 

denitrification reaction products and N2O emissions arranged by hillslope, hillslope position and piezometric 

sampling depth in the slate catchment. 
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3.3.3 Excess N2 concentrations 

Excess N2 in the sandstone catchment was significantly higher than the slate catchment (p < 0.05). Mean 

groundwater concentrations of 1.62 and 0.74 mgN/L were measured in the sandstone and slate 

catchments respectively. In the sandstone catchment, significant relationships were shown between 

excess N2 and hillslopes i.e. Sandstone N vs. Sandstone S (p < 0.001), hillslope zones (p < 0.05) and 

sampling depths (p < 0.05). Significant interactions were identified between hillslope*depth (p < 0.05) 

and hillslope zone* depth (p < 0.05). Sampling depth was positively correlated with excess N2.  

Analogous to the zonal relationship described with NO3
-, a combination of near stream zone and 

sampling depth had the greatest effect on groundwater excess N2  (Figure 3.3c). Highest excess N2 

corresponded to lowest NO3
- (Figure 3.3a) and DO (Figure 3.3b). In Sandstone N, near stream excess 

N2 concentrations were higher than midslope (p < 0.0001) and upslope (p < 0.05) (Figure 3.3c) with 

lowest values in the midslope zone. In Sandstone S, near stream (p < 0.05) and upslope (p < 0.05) excess 

N2 concentrations were higher than midslope values. In stream excess N2 was lower than groundwater 

with mean concentrations of 0.1 and 0.2 mgN/L in Sandstone N and Sandstone S.  

Within the slate catchment, no statistically significant differences were identified between excess N2 

and hillslopes, hillslope zones or sample depths. Spatial variation was relatively low (CV: 34%) in both 

hillslopes, with the exception of the midslope zone of  Slate N (38 m BGL) were a mean excess N2 

concentration of 3.8 mgN/L was identified. In stream excess N2 concentrations were similar to 

groundwater with mean values of 0.12 and 0.22 mgN/L in Slate N and Slate S. 

3.3.4 N2O and N2O emission factors 

Groundwater N2O was significantly higher (p < 0.0001) in the sandstone catchment compared to the 

slate catchment (mean sandstone: 13.0 vs. mean slate: 4.0 µg N/L). In the sandstone catchment, 

significant relationships were identified between N2O and hillslopes (p < 0.01) with greatest 

concentrations in Sandstone N (Table 3.3). In Sandstone N, near stream N2O was lower than midslope 

(p < 0.05) and upslope concentrations (p < 0.05) with highest values in the upslope zone. In Sandstone 

S, near stream N2O was lower than midslope (p < 0.005), which had the highest N2O concentrations. 

No significant difference was shown between the near stream and upslope zones (p = 0.61). Depth had 

contrasting effects on N2O in both hillslopes which were contingent upon hillslope position. In the near 

stream zones, depth exhibited a typically negative correlation, however in the midslope and upslope 

zones the relationship was typically positive (Figure 3.3d; Table 3.3).  

In the slate catchment, no significant relationships were identified between N2O and hillslope (p = 0.64), 

hillslope zones (p = 0.96) or sample depths (p = 0.67). Spatial variability in both hillslopes was relatively 

high (mean CV: 72%). This CV was however influenced by four comparative outliers in the dataset 

namely the near stream zone of Slate N (2.5, 11.5 and 42 m BGL) and the midslope zone of Slate S (9 
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m BGL). In both catchments, in-stream N2O concentrations were lower than groundwater. Mean stream 

N2O in the sandstone catchment exceeded the slate catchment by a factor of five.  

Figure 3.5 illustrates the spatial distribution of groundwater and stream water N2O emission factors 

(EF5g1 and EF5g2).  EF5g1 in the sandstone catchment was significantly higher than the slate catchment 

(p < 0.0001) with the sandstone mean (0.0018) exceeding the slate mean (0.00043) by a factor of three. 

Mean emission factors for both sandstone hillslopes were comparable (Sandstone N: 0.0017 vs. 

Sandstone S: 0.0019) with similar spatial variation (62% vs. 67%).  In the sandstone catchment, a 

significant relationship was found between EF5g1 and hillslope zone (p < 0.001). In both hillslopes, near 

stream zones had lower emission factors than midslope and upslope zones (p < 0.05). While a 

statistically significantly relationship with depth was not identified, an analysis of the data, revealed a 

depth wise relationship analogous to N2O. In Sandstone N, lowest N2O emission factors were observed 

at greatest sampling depths (18 and 25 m BGL) in the near stream zone (0.001 and 0.0002). Conversely, 

highest emission factors were measured at greatest sampling depth (16 and 23.5 m BGL) in the upslope 

zone (0.0035 and 0.0045) (Figure 3.4). In Sandstone S, lowest EF5g1 corresponded to near stream 

groundwater, whereas highest values were calculated in the midslope zone.  

In the slate catchment, the distribution of EF5g1 mirrored the relative abundance of N2O, with highest 

emission factors in the near stream zone of Slate N (2.5, 11.5 and 42 m BGL) and the midslope zone of 

Slate S (9m BGL). Spatial variability amongst the remaining groundwater sampling locations was low 

(CV: 24%). Calculated EF5g2 emission factors exceeded corresponding EF5g1 values by a factor of 1.3, 

1.1, 1.8 and 4.4 in Slate N, Slate S, Sandstone N and Sandstone S respectively. EF5g2 values were 

significantly higher (p < 0.0001) in the sandstone catchment vs. the slate catchment. EF5g2 emission 

factors were significantly greater than corresponding EF5g1values in the near stream zones of both 

Sandstone N and Sandstone S, with lowest values in the midslope zones. Conversely the spatial 

distribution of EF5g2 in the slate catchment was similar to the distribution of EF5g1. 
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3.3.5 Denitrification reaction progress (RP) 

Denitrification reaction progress (RP) is shown Tables 3.3 and 3.4 for the sandstone and slate 

catchments respectively. Groundwater RP in the sandstone catchment was significantly higher (p < 

0.005) than the slate catchment ranging from 0.04 – 0.95. In the sandstone catchment significant 

interactions were identified between hillslope*hillslope zone (p < 0.05) and hillslopes zone*depth (p < 

0.05). A combination of near stream zone and increasing depth had the greatest effect on RP values (p 

< 0.05). In Sandstone N, RP values in the near stream zone were significantly higher (p < 0.05) than up 

gradient values. There was a significant positive correlation between RP and sampling depth. In 

Sandstone S, the near stream and upslope zones had greater RP than the midslope zone (p < 0.001; p < 

0.05) with no significant difference between near stream and upslope (p = 0.91). RP values were 

elevated at all sample depths in the near stream zone (Table 3.3). 

 In the slate catchment, RP ranged from 0.02 to 0.34, with a mean value of 0.09 (Table 3.4). No 

significant relationships were identified between RP and hillslope, hillslope zone or sampling depth. 

 

Figure 3.5: Distribution of N2O emission factors, mean EF5g1 and EF5g2 (2013-15), in the sandstone and slate 

catchments organised by hillslope, slope position and sampling depth.   
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3.3.6 Denitrification vs. dilution 

To differentiate between denitrification and dilution, the distribution Cl- (conservative) versus NO3
- 

(non-conservative) was examined. In the sandstone catchment, the mean Cl- concentration was 31.38 

mg/L. Spatial variation across hillslope zones and sampling depths was low, with CV values of 6% and 

3% in Sandstone N and Sandstone S, respectively. Conversely, the ratio of NO3
- to Cl- showed 

considerable spatial variation (CV Sandstone N: 38%; CV Sandstone S: 110%).  

In the slate catchment, the spatial mean Cl- concentration was 19.27 mg/L, approximately 40% lower 

than the sandstone catchment (Table 3.4). Spatial variation across both hillslopes was low (mean CV: 

16.6%). In contrast to the sandstone catchment, the ratio of NO3
- to Cl- was relatively uniform in both 

hillslopes with a range of 0.35 to 0.55 and a CV of 14%. 

3.3.7 Factors affecting denitrification 

3.3.7.1 Bacterial energy sources  

In the sandstone catchment, concentrations of reduced metals (Mn2+ and Fe2+) were highly dependent 

on aquifer aerobicity (Table 3.5). Mn2+ was negatively correlated with DO (r = -0.87; p < 0.0001) and 

Eh (r = -0.56; p < 0.001). Similarly, Fe2+ was negatively correlated with DO (r = -0.72; p < 0.0001) and 

Eh (r = -0.43; p < 0.05), and positively correlated with Mn2+ (r = 0.93; p < 0.0001) (Table 3.5). 

Significant positive relationships were discovered between Mn2+ and RP (r = 0.95, p < 0.0001) and Fe2+ 

and RP (r = 0.90, p < 0.0001). Strongly negative relationships were shown between Fe2+ and NO3
- (r = 

-0.83, p < 0.005) and between Mn2+ and NO3
- (r = -0.90, p < 0.0001). N2O was negatively correlated 

with Fe2+ (r = -0.71, p < 0.005) and Mn2+ (r = -0.79, p < 0.005). Conversely, excess N2 was positively 

correlated with Fe2+ (r = -0.76, p < 0.0001) and Mn2+ (r = 0.84, p < 0.0001). No significant relationships 

were observed between DOC and excess N2 or N2O. DOC did however exhibit a weakly negative 

correlation with DO (r = -0.39, p = 0.087). In the slate catchment, no significant relationships were 

identified between bacterial energy sources (DOC, Mn2+ & Fe2+) and RP, DO, NO3
-, N2O or excess N2. 
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3.3.7.2 Dissolved oxygen 

The relationships between groundwater DO and RP, NO3
-, excess N2 and N2O for both study catchments 

are presented in Figure 3.6. A breakdown of catchment specific relationships is presented as a 

correlation matrix in Table 3.5. In the sandstone catchment, strongly negative correlations were 

identified between groundwater DO and RP (r = -0.87, p < 0.0001). DO was negatively correlated with 

excess N2 (r = -0.79, p < 0.0001) and positively correlated with NO3
- (r = 0.78, p < 0.001). (Figure 3.6). 

The relationship between N2O and DO in the sandstone catchment, while statistically positive (r = 0.77, 

p < 0.05) was complex. Highest N2O occurred at DO between 4 and 8 mg/L with significantly lower 

concentrations between 0 to 3 mg/L and 8 to 10 mg/L (Figure 3.6). In contrast to the sandstone 

catchment, groundwater in the slate catchment was consistently aerobic, with no significant correlations 

identified between DO and RP, NO3
-, excess N2 or N2O 
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Figure 3.6: Groundwater dissolved oxygen (DO) versus 

NO3
-, excess N2 and N2O for the sandstone (red symbols) 

and slate (blue symbols) catchments.   
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3.3.7.3 Denitrification reaction progress (RP)  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.7: Groundwater reaction progress (RP) plotted against dissolved oxygen (DO), NO
3

-
, excess 

N
2
 and N

2
O for the sandstone (red symbols) and slate (blue symbols) catchments.   
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           DO concentrations and the abundance of 

reduced metals (Mn2+ and Fe2+) were the 

dominant factors affecting denitrification 

RP. The spatial relationships between 

groundwater RP and NO3
-, excess N2 and 

N2O for both study catchments are 

presented in Figure 3.7 and Table 3.5. In the 

sandstone catchment, RP exhibited a 

strongly negative correlation with NO3
- (r = 

-0.94, p < 0.0001) and N2O (r = -0.87, p < 

0.0001). Conversely, there was a 

significantly positive relationship between 

RP and excess N2 (r = 0.85, p < 0.0001). 

Lowest NO3
- concentrations corresponded 

to RP > 0.60, which was consistent with the 

highest measured excess N2. N2O 

concentrations were low at RP < 0.10 and > 

0.60, with highest concentrations occurring 

between 0.10 and 0.3 (Figure 3. 7). In slate 

catchment, no significant correlations were 

identified between RP and NO3
- or N2O, 

whereas a positive relationship was shown 

between RP and excess N2. 
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3.3.7.4 Stable isotope values 

δ15NNO3 and δ18ONO3 were significantly higher in the sandstone catchment compared to the slate site 

(Figure 3.8) (p < 0.0001). In the sandstone catchment, δ15NNO3 ranged from +6.0 to +18.2 o/oo with a 

mean ratio of +9.6 o/oo. δ18ONO3 ranged from +3.0 to +11.6 o/oo, with a mean value of +6.3 o/oo. Highest 

values of both δ15NNO3 and δ18ONO3 occurred in the near stream zones of Sandstone N and Sandstone S 

and in the upslope zones of both hillslopes. δ15NNO3 was negatively correlated with NO3
- (r = -0.51, p < 

0.05) (Figure 3.9), DO (r = -0.47, p < 0.05) and N2O (r = -0.44, p < 0.1) and positively related to RP (r 

= 0.58, p < 0.01) and excess N2 (r = 0.49, p < 0.05) (Table 3.5). δ15NN2O was significantly higher in the 

sandstone catchment versus than the slate catchment (p < 0.05). In the sandstone catchment, δ15NN2O 

ranged from -13.6 to +9.7 o/oo, with a mean value of +4.9 o/oo and exhibited both positive and negative 

enrichment ratios (Figure 3.9).  δ15NN2O was negatively correlated with NO3
- (r = -0.78, p < 0.01) (Figure 

3.8), DO (r = -0.68, p < 0.01) and N2O (r = -0.71, p < 0.01) (Table 3.5). Conversely δ15NN2O was 

positively correlated with RP (r = 0.86, p < 0.05) and excess N2 (r = 0.79, p < 0.05). 

In the slate catchment, δ15NNO3 ranged from +1.9 to +6.8 o/oo with a mean value of +3.3 o/oo. δ18ONO3 

ranged from -0.5 to +3.8 o/oo with a mean enrichment ratio of +0.8 o/oo. δ15NNO3 was not correlated with 

NO3
-, RP or excess N2 but did exhibit significant relationships with DO (r = -0.77, p < 0.05) and N2O 

(r = 0.8, p < 0.05). δ15NN2O was consistently negative, ranging from -20.8 to -4.6 o/oo (mean:  -13.2 o/oo) 

(Figure 3.9). No significant correlations were identified between δ15NN2O and NO3
-, RP, excess N2 or 

N2O. A marginally significant correlation was shown between δ15NN2O and DO (r = 0.58, p < 0.1).  
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Figure 3.8: δ18O versus δ15N values of NO3
- for groundwater samples collected in September 2014 

Also shown are the δ18O and  δ15N ranges typical of NO3
- sources and a 2:1 trendline of δ18O versus 

δ15N which is typical of denitrification progress (after Kendall, 1998). 
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Sandstone catchment 

  Aerobicity Bacterial energy sources Denitrification rate & products N2O emissions Stable isotopes 

 NO3
- DO Eh DOC Fe2+ Mn2+ RP Excess N2 N2O N2O - EF5g1 δ 15NNO3 δ 18ONO3 δ 15NN2O 

NO3
-              

DO 0.78**             

Eh 0.56* 0.72**            

DOC 0.05 ns 0.39* 0.19 ns           

Fe2+ -0.83** -0.72** -0.43* -0.13 ns          

Mn2+ -0.90** -0.87** -0.56* -0.15 ns 0.93**         

RP* -0.94** -0.87** -0.64** -0.16 ns 0.90** 0.95**        

excess N2 -0.77** -0.79** -0.54* 0.09 ns 0.76** 0.84** 0.85**       

N2O 0.83** 0.77** 0.72** 0.35 ns -0.71** -0.79** -0.87** -0.52*      

N2O - EF5g1 0.54* 0.58** 0.79** 0.30 ns -0.40 ns -0.52** -0.60** -0.28 ns 0.85**     
15NNO3 -0.51* -0.47* -0.22 ns -0.15 ns 0.42 ms* 0.44 ms* 0.57* 0.49* -0.44 ms* -0.21 ns    
18ONO3 -0.47* -0.50* -0.41 ms* -0.07 ns 0.38 ns 0.45 ms* 0.58** 0.57* -0.44 ms* -0.30 ns 0.95**   
15NN2O -0.78** -0.68** -0.59** 0.14 ns 0.80** 0.86** 0.86** 0.79** -0.71** -0.55* 0.37 ns 0.46*  

Slate catchment 

  Aerobicity Bacterial energy sources Denitrification rate & products N2O emissions Stable isotopes 

 NO3
- DO Eh DOC Fe2+ Mn2+ RP Excess N2 N2O N2O - EF5g1 δ 15NNO3 δ 18ONO3 δ 15NN2O 

NO3
-              

DO -0.03 ns             

Eh -0.09 ns 0.69**            

DOC 0.19 ns 0.00 ns 0.01 ns           

Fe2+ -0.41 ns -0.05 ns 0.22 ns -0.16 ns          

Mn2+ -0.05 ns -0.43 ns -0.75** -0.23 ns -0.07 ns         

RP* -0.08 ns -0.45 ns -0.33 ns -0.15 ns -0.22 ns 0.40 ns        

Excess N2 0.14 ns -0.48 ns -0.35 ns -0.21 ns -0.27 ns 0.36 ns 0.96*       

N2O -0.12 ns -0.41 ns -0.04 ns 0.27 ns 0.39 ns -0.27 ns -0.15 ns -0.15 ns      

N2O - EF5g1 -0.42 ns -0.37 ns -0.03 ns 0.23 ns 0.50 ns -0.24 ns -0.12 ns -0.18 ns 0.93**     
15NNO3 -0.20 ns -0.77** -0.66* 0.00 ns 0.00 ns 0.52 ns 0.22 ns 0.20 0.80** 0.74**    

18ONO3 -0.09 ns -0.67* -0.52 ms* -0.10 ns 0.05 ns 0.35 ns 0.05 ns 0.08 ns 0.87** 0.72** 0.94**   

15NN2O -0.23 0.58 ms* 0.44 ns -0.45 ns 0.41 ns 0.06 ns -0.52 ns -0.54 ns -0.29 ns -0.21 ns -0.35 ns -0.19 ns  

Table 3.5: Correlation coefficient and significance matrix between NO3
-, the factors affecting denitrification 

rates and reaction products, stable isotope signatures and N2O emissions for the sandstone and slate 

catchments. 

**. Correlation is significant at the 0.01 level. 

*. Correlation is significant at the 0.05 level. 

ms*. Correlation is marginally significant at the 0.1 level. 

ns: Correlation is not significant. 
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3.4 Discussion 

The study highlighted a complex mosaic of NO3
- removal capacity between study catchments, between 

catchment hillslopes, and within catchment hillslopes. A range of spatially variable, physical and 

hydrogeochemical parameters were identified to regulate 1) NO3
- removal capacity, 2) gaseous 

accumulation and 3) indirect N2O emissions. Previous research has documented that low permeability 

aquifers coupled with the presence of denitrifying bacteria, reducing conditions and the availability of 

bacterial energy sources create zones of enhanced denitrification potential (Brettar et al., 2002; 

Thayalkumaran et al., 2008; Jahangir et al., 2012a; Rissmann., 2011).  While a number of these criteria 

may be met within a given catchment, the absence of one can arrest the denitrification process and 

resultant NO3
- attenuation. The combined analysis of physical and hydrogeochemical factors and stable 

isotope signatures versus the natural abundance of NO3
-, excess N2 and N2O revealed ‘a tale of two 

catchments’. The slate catchment was characterised by hydrogeochemical uniformity with limited 

groundwater NO3
- reduction. The sandstone catchment exhibited spatially heterogeneous zones of 

incomplete and complete NO3
- removal. Despite significantly higher applications of organic and 

inorganic N in the sandstone catchment, mean groundwater and stream NO3
- concentrations were 

significantly lower. The positive mitigation effect of NO3
- removal in the sandstone catchment was 

however concomitant with substantially greater emissions of N2O.  

3.4.1 Denitrification vs dilution 

The ratio between NO3
- and Cl- was used as an indirect indicator to differentiate between denitrification 

and dilution processes. Cl- is a non-reactive element, useful for tracing physical mixing processes in 

hydrological systems, while NO3
- can react biochemically along a flow path. In the sandstone 

catchment, low concentrations of NO3
- with conservative Cl- resulted in low NO3

-/Cl- ratios in various 

zones throughout each hillslope (Table 3.4). Similar to Fenton et al. (2009a), this suggests that 

groundwater denitrification was the dominant factor regulating groundwater NO3
- occurrence. In the 

slate catchment high hillslope NO3
-/Cl- ratios and a proportional decrease of NO3

- and Cl- progressing 

downslope, suggest dilution as the dominant NO3
- attenuating mechanism.  

Stable isotope signatures were used to identify transformational processes in the study catchments. The 

bacteria involved in denitrification preferentially metabolise the lighter NO3
- isotopes. As such, an 

enrichment of the heavier NO3
- isotopes in groundwater provides direct evidence of denitrification. In 

the sandstone catchment, contemporaneous isotopic enrichment of δ15NNO3 and δ18ONO3, along an 

approximate 2:1 regression trend line signified denitrification (Figure 3.8).  Previous authors reported a 

comparable trend in the relative proportion of δ15NNO3 vs. δ18ONO3 as representative of denitrification 

with ratios of 1.5:1 identified in Baily et al. (2011) and 2:1 in Aravena & Robertson (1998), Mengis et 

al. (1999) and Panno et al. (2006). Correlations between 15NNO3 and NO3
- and δ15NN2O and NO3

- indicated 

both reduction of NO3
- and production of N2O in groundwater (Figure 3.9). In highly denitrifying zones, 
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N2O was further reduced to excess N2, as indicated by positive δ15NN2O values e.g. Well et al. (2012). 

N2O reduction was coincident with high RP, low NO3
- and high excess N2. In the slate catchment a lack 

of correlation between δ15NNO3 , δ15NN2O and NO3
- (Table 3.5) indicated that denitrification was unlikely. 

Uniformity in groundwater NO3
- concentrations was coincident with low RP. Moreover, δ15NNO3 and 

δ18ONO3 ratios (Figure 3.5) were reflective of source rather than transformational signatures supporting 

the contention that dilution rather than denitrification dominated in the slate catchment. 

3.4.2 Catchment N dynamics & denitrification capacity 

In spite of a 79% greater surface application of available N to the sandstone hillslopes (Table 3.2), mean 

stream NO3
- concentrations were 32% lower than the slate sites (Figure 3.2). This is partly due to the 

presence of long term grassland cover in the sandstone catchment versus tillage in the slate catchment. 

Tillage catchments undergo periodic ploughing and reseeding with associated bare soils resulting in 

higher N leaching losses from soil to groundwater and lower DOC loss which limits subsurface 

denitrification (Jahangir et al., 2014). The greater propensity for N loss in arable catchments was 

reflected in a mean FracLEACH value of 42.5% in the slate catchment versus 17.5% in the grassland 

catchment (Table 3.2).  While FracLEACH was considerably higher at the slate hillslopes, the 

associated N loads reaching the water table were comparable with 55 and 60 kg N/ha/yr. reaching the 

water table in the sandstone and slate catchments respectively. These are similar to leaching losses 

reported by Huebsch et al. (2013) in intensively managed grassland and Premrov et al. (2012) in spring 

barley.  Comparing shallow groundwater  (<10 m BGL) NO3
- with stream NO3

- concentrations in both 

catchments revealed a 43% reduction in NO3
- from groundwater to stream in the sandstone catchment 

versus a 7% reduction in the slate site. It is likely therefore that a combination of agricultural practices 

and hydrogeochemical transformations acted to mitigate stream N enrichment in the denitrifying 

sandstone catchment.  

Analogous to the findings of Hinkle et al. (2007), Weymann et al. (2008) and Jahangir et al. (2012a), 

the sandstone catchment was characterised by highest NO3
- in shallow groundwater, typically 

decreasing with depth (Figure 3.2). Aligned to Fenton et al. (2009a), highest NO3
- concentrations were 

observed in high permeability Quaternary deposits. Underlying the Quaternary deposits in both 

sandstone hillslopes, a layered distribution of bedrock permeability (Ksat) was evident, becoming less 

permeable with depth (Table 3.2). In the sandstone catchment, weathered bedrock zones with high Ksat 

allowed a fast migration of NO3
- contaminated groundwater with limited scope for microbial 

attenuation. Lower Ksat with depth resulted in a longer residence time of both groundwater NO3
- and 

DO. With a longer residence time in the sandstone catchment, denitrification was promoted, resulting 

in lower NO3
- concentrations. This contention was supported by significant negative correlations 

between Ksat and NO3
-
 and Ksat and DO (Figure 3.4). High permeability weathered zones ranging in 

thickness from 4 to 11m and 5 to 18m in Slate N and Slate S, respectively (Table 3.1), aligned with a 
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lack of correlation between Ksat and NO3
- or DO suggested that rapid groundwater flow restricted 

denitrification progress. 

Groundwater DO concentration was the dominant control on RP, NO3
-, excess N2 and N2O. Analogous 

to field studies undertaken in highly denitrifying aquifers (Blicher-Mathiesen et al., 1998; Well et al., 

2012), significant correlations were identified between DO, NO3
-, N2O and excess N2. Previous studies 

have documented a DO range between <1 and 4 mg/L as supportive of denitrification (Rivett et al., 

2008). In the sandstone catchment, negligible groundwater NO3
- concentrations corresponded to DO < 

3.5 mg/L and Eh < 30 mV. In low oxygen environments, denitrification results in the sequential 

reduction of NO3
- to N2O to excess N2. Near stream zones exhibited a significant capacity for complete 

denitrification to excess N2, where low DO and high RP corresponded to negligible NO3
-, low N2O and 

high excess N2. 

The correlation between the relative depth of the water table and DO (Figure 3.4), indicated that a water 

table close to the ground surface promoted lower groundwater DO and NO3
- concentrations. In near 

stream zones where water tables are typically <1 m BGL, the development of anaerobic conditions and 

therefore denitrifying environments are promoted. With the exception of the upslope zone of Sandstone 

S which was a relative outlier, the range of DO (5.1-8.6 mg/L) in the midslope and upslope zones of the 

sandstone catchment inhibited complete denitrification to excess N2, instead arresting the denitrification 

reaction at the N2O production stage. Maximum water table depths in the midslope and upslope zones 

of the sandstone hillslopes ranged from 4 to 14m BGL. Higher DO in the midslope and upslope hillslope 

zones of the sandstone catchment support the results of Young et al. (2013), where substantially greater 

diffusive and advective transport of DO into groundwater beneath unsaturated zones in excess of 5m 

thickness was observed. Similarly, Fenton et al. (2009a) and Jahangir et al. (2012a, 2013) described 

highest NO3
- and N2O in groundwater underlain by thick unsaturated zones. Results of the statistical 

model and correlation analysis suggest therefore that near stream zones promote complete reduction of 

NO3
- to excess N2 whereas in midslope and upslope zones, N2O is the dominant denitrification reaction 

product.  

Whereas the sandstone catchment exhibited a complex interplay between groundwater DO, RP, NO3
-, 

N2O and excess N2, the slate catchment was characterised by a lack of significant correlation. In the 

slate catchment, aerobic conditions at all hillslope zones and depths restricted the development of 

denitrifying hotspots, with correspondingly low RP values throughout (Figure 3.7). This resulted in 

uniformly high NO3
-, low excess N2 and low N2O. Although permeability was typically high, low Ksat 

zones in Slate N did not promote complete denitrification. Moreover intermediate DO concentrations 

which were comparable to the sandstone catchment resulted in significantly lower N2O production. 

Under low DO concentrations, NO3
- is the most energetically favourable electron acceptor for bacterial 

metabolism. Energy sources include surface derived DOC and/or solid phase carbon, Fe2+, Mn2+ and S- 
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(Rivett et al., 2008) dissolved under anaerobic conditions. Mean DOC of 2.5 and 1.8 mg/L in the 

sandstone and slate catchments respectively was aligned with the low concentrations described in 

previous studies (< 5mg/L) (Rivett et al., 2008). A lack of bioavailable DOC is a dominant limiting 

factor on groundwater denitrification rates (Starr and Gillham, 1993; Wassenar et al., 1995). In both 

catchments there was a lack of correlation between DOC and RP, NO3
-, excess N2 or N2O (Table 3.5). 

The required stoichiometry of 1:1.25 between NO3
- and DOC (Dimkić et al., 2008; Thayalakumaran et 

al., 2008) indicated that the levels of DOC in the saturated zones of both catchments could not support 

heterotrophic denitrification.  

Typical of grassland agriculture, inputs of organic N to the sandstone hillslopes were high (Table 3.2). 

Previous research (Pabich et al., 2001) documented an exponential decrease of DOC with depth below 

the water table. Conversely, in the sandstone catchment, spatial variability in DOC was uniformly low 

in both shallow and deeper groundwater pathways. During transport through the unsaturated zone DOC 

is biodegraded via oxidation to CO2
-, which in turn reduces DO. Mean DO of 5.0 mg/L in shallow 

groundwater (<10 m BGL) of the sandstone catchment, aligned with low spatial variation of DOC, 

suggested DOC consumption and DO reduction prior to reaching the water table. A significantly 

negative correlation between DOC and DO (Table 3.5) within the saturated zone suggested that a 

proportion of the leached DOC was bioavailable (Chapelle et al., 2012). Organic N input to the 

sandstone hillslopes was on average 116% greater than the slate sites. Conversely, mean shallow 

groundwater (< 10m BGL) DOC concentrations were only 15% greater.  DOC consumption prior to 

reaching the water table in the sandstone catchment was therefore a likely factor. Lower lability soil 

organic carbon is typical of long term arable cropping systems compared to grassland dominated 

catchments (Premerov et al., 2012). Organic inputs were not sufficient to support DO reduction in the 

slate catchment, as indicated by low DOC and high DO in both hillslopes.  

When labile DOC is not sufficient in supply or has been biodegraded during DO reduction, solid phase 

electron donors must be present to support denitrification. When anaerobicity prevails, electron donors 

such as Mn2+ and Fe2+ can accumulate along a flow path (Tesoriero and Puckett, 2011). Several studies 

have hypothesised autotrophic denitrification in DOC limited aquifers (Green et al., 2008; Weymann et 

al., 2008; Heffernan et al., 2012). In the sandstone catchment, strongly positive correlations were 

identified between Fe2+/Mn2+, RP and excess N2 (Table 3.5).  While RP and excess N2 increased with 

increasing Fe2+ and Mn2+; NO3
-, N2O, DO and Eh decreased signifying autotrophic denitrification. If an 

aquifer lacks solid phase electron donors (Liao et al., 2012), DOC concentrations in recharge are too 

low to support DO reduction (Thayalakumaran et al., 2015) or residence times are too short to support 

significant solid phase dissolution (Vidon & Hill, 2005), denitrification is suppressed.  It is likely that 

this was the case in the slate catchment. 
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3.4.3 Catchment N2O concentrations & emissions 

The spatial mean groundwater N2O concentrations (sandstone: 13 μgN/L; slate: 4 μgN/L) observed in 

the present study were comparable to those observed by other authors. Villain et al. (2012) measured 

mean concentrations of 37.4, 11.1 and 9.5 μgN/L in the upslope, midslope and near stream zones of a 

limestone aquifer, while Mühlherr and Hiscock (1998) described mean N2O concentrations of 33, 12.5 

and 4.3 μgN/L in three limestone aquifers. A commonality throughout the literature indicates that N2O 

accumulation is spatially variable with CVs of 217% (Yanai et al., 2003), 258% (von der Heide et al., 

2009) compared with 72 - 99% in the slate and sandstone catchments.  

At the average sampling temperature (11°C), the expected air equilibrium concentration of N2O in 

groundwater is 0.33 μgN/L (Mühlherr and Hiscock, 1998). Mean groundwater N2O was 39 and 12 times 

greater than atmospheric equilibrium in the sandstone and slate catchments respectively. Furthermore, 

the maximum recorded N2O concentration in the sandstone catchment exceeded atmospheric 

equilibrium by a factor of 300. Any N2O in excess of atmospheric equilibrium will degas to the 

atmosphere once groundwater rises to the surface, enters the stream or diffuses through the unsaturated 

zone. The described concentrations in both catchments therefore represent potential greenhouse gas 

sources to the atmosphere.  

Directly measured N2O concentrations however do not represent the actual emissions from the aquifer 

to the atmosphere (Weymann et al., 2008). N2O may increase or decrease with greater residence time 

prior to its eventual release point. von der Heide et al. (2009) measured negligible fluxes of N2O 

vertically from groundwater to the atmosphere in spite of high N2O concentrations in shallow 

groundwater. Given that highest N2O accumulation occurred at depth, it is likely that advective rather 

than diffusive transport of groundwater N2O dominated in the present study. In stream N2O 

concentrations provide a measurement of groundwater derived N2O degassing to the atmosphere. In the 

sandstone catchment, mean near stream groundwater N2O was 95% lower than up gradient 

concentrations while mean stream N2O concentrations were 68% lower than near stream groundwater.  

Analogous to Höll et al. (2005) it is likely that groundwater N2O was consumed during passage from 

groundwater to the stream. While substantially lower than up gradient groundwater concentrations, 

stream N2O in Sandstone N and  Sandstone S were 4.5 and 16 times atmospheric equilibrium 

respectively, indicating a net contribution to atmospheric  greenhouse gas emissions. In the slate 

catchment, mean stream N2O was 164% less than the sandstone catchment.  

In the present study, two available methods were used to calculate EF5g, producing contrasting results. 

EF5g1 considers all forms of reactive N including the products of denitrification. The results of the EF5g1 

analysis support the IPCC (2006) downward revision from 0.015 to 0.0025 with mean emission factors 

of 0.0018 and 0.0004 in the sandstone and slate catchments respectively. Emissions above the IPCC 

default were consistent with highest N2O concentrations in the midslope and upslope zones of the 
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sandstone hillslopes (Figure 3.5); however as demonstrated, actual N2O transport to the streams did not 

reflect the up-gradient maxima. The calculation of EF5g2 considers NO3
- and N2O only. In the sandstone 

catchment, where there was significant denitrification, EF5g2 overestimated emissions, with the mean 

value of 0.005 exceeding EF5g1 by 113%. Highest EF5g1 values were consistent with lowest N2O 

concentrations (Figure 3.5), and reflected low NO3
- (resulting from conversion to excess N2) rather than 

high N2O. Conversely, in the slate catchment, EF5g2 exceeded EF5g1 by 15%. As such, EF5g2 can only 

be considered as an accurate measurement in aquifers with limited denitrification.  

3.5 Conclusion 

The capacity of hillslope hydrologic systems to naturally mitigate groundwater and stream NO3
- is site 

specific. There exists a hierarchy of scale whereby physical factors including agronomy, water table 

elevation and permeability determine the hydrogeochemical properties of the aquifer. The 

hydrochemical signature (DO, Eh and bacterial energy source availability) can in turn either support or 

suppress denitrification and subsequent NO3
- reduction. DO concentration was the dominant control, 

explaining 87%, 78% and 77% of the variance in groundwater RP, NO3
- and N2O respectively in the 

denitrifying sandstone catchment.  

Information on aquifer geochemistry can therefore be used as a predictor of denitrification capacity, 

NO3
- and N2O concentrations in different hydrological settings. In catchments with sufficient organic 

N inputs, DOC and water table elevation regulate the concentration of DO reaching the water table 

surface. In the saturated zone, permeability distribution controls the dissolution of solid phase electron 

donors, which in turn drives further DO reduction and the development of denitrifying conditions. In 

catchments where organic inputs are not sufficient to promote DO reduction, and residence times are 

too short to facilitate solid phase electron donor dissolution, denitrification progress is arrested, with 

correspondingly higher stream and groundwater NO3
- abundance.  

An entire aquifer or catchment cannot be characterised as having high or low denitrification potential. 

In the sandstone catchment, complete removal of NO3
- was enhanced in near stream denitrifying hot 

spots. In base flow dominated catchments, all groundwater entering the stream must first pass through 

these denitrifying zones, which has a positive effect on stream NO3
- mitigation. Near stream zones 

should therefore be prioritised and protected, with consideration given to the location of land drainage, 

which can act to bypass near stream NO3- removal zones.  

Highest N2O abundance occurred in up-gradient zones of the sandstone hillslopes, greatly exceeding 

atmospheric equilibrium concentrations, while also in excess of the IPCC EF5g threshold. The upslope 

N2O maxima were not however manifested in the sandstone streams, highlighting that groundwater 

discharge through near stream zones was not only paramount to NO3
- reduction, but also vital to N2O 

mitigation. While stream N2O was substantially lower than groundwater, mean values were 
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significantly greater than atmospheric equilibrium, particularly in the sandstone catchment. The positive 

environmental effect of NO3
- reduction was therefore concomitant with a net source of harmful 

greenhouse gas emissions.  

A review of the IPCC methodology (EF5g2) and the EF5g1 calculation method outlined in Weymann et 

al. (2008) revealed that EF5g2 can only be used effectively in non-denitrifying catchments. Mean EF5g1 

calculations supported the downward IPCC revision of N2O emissions from groundwater. 
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4 Temporal Occurrence of Groundwater Nitrate in Two Agricultural 

Catchments: Impact of Agronomy, Meteorology and Hydrogeological 

setting. 

4.1 Introduction 

Groundwater discharge of nitrate (NO3
-) into rivers, lakes and transitional waterbodies increases the 

likelihood of surface water eutrophication (Stark and Richards, 2008). In addition, the negative effects 

of elevated waterborne NO3
- on human health (Bruning-Fann & Kaneene, 1993) and greenhouse gas 

emissions (Weymann et al., 2008; Jahangir et al., 2013a) are well documented. Groundwater quality 

fluctuates over various temporal scales ranging from daily, to seasonal, annual and decadal (Tomer & 

Burkart, 2003; Ocampo et al., 2006; Huebsch et al., 2013; Huebsch et al., 2014). Identifying a trend in 

water quality or an “underlying rate of change” as opposed to short term fluctuations or noise in the 

data is challenging (Stuart et al., 2007), as the parameters which govern these temporal patterns are not 

isolated from each other, rather they are intertwined within a hydrologic system.  

The application of nitrogen (N) to agricultural landscapes is essential to replenish soil nutrient levels 

and maintain and/or increase farm productivity. The type of agronomic practices and resultant N 

applications influence the likelihood, quantity and timing of N leaching (Liu et al., 2013). N applied as 

chemical N is immediately available for plant uptake; however once in the NO3
- form it is also highly 

mobile and susceptible to leaching under appropriate soil and climatic conditions (Di et al., 1998). 

Organic N (slurries, manures, livestock faeces) is less readily leached than inorganic fertiliser N, but 

can become incorporated into soil organic matter (Whitehead, 1995), acting as a protracted N source to 

watercourses, long after initial application. In Ireland, Hoekstra et al. (2011) observed that organic N 

from a single slurry application released 5 kg N ha-1 the year after application and that with repeated 

slurry application this can add up to a large pool of NO3
- mineralised from a slurry origin.   

Leaching of substantial quantities of NO3
- to groundwater is often associated with intensive tillage 

farming. In cropping systems, cultivation is typically carried out in between crop harvests, leading to 

increased rates of soil organic N mineralization (Francis et al., 1995). Cultivation often results in land 

being left fallow for prolonged periods; when this is coincident with high recharge,  high NO3
- leaching 

losses can occur (Hooker et al., 2008; Premrov et al., 2012). Grassland agriculture is considered less 

vulnerable to NO3
- loss than tillage, owing to a greater proportion of each year spent under permanent 

grass cover, a longer growing season, a denser root system and a lack of autumn cultivation. This was 

demonstrated in Chapter 3, with calculated FracLEACH values of 41 and 44% in two arable hillslopes 

versus 21 and 14% in two grassland hillslopes. FracLEACH describes the quantity of dissolved N 

leached from soil to groundwater as a proportion of the total N load applied. Grassland systems are 

typically either cut grassland, grazed with livestock or both. In cut grassland systems, while large 

volumes of N may be applied, a substantial proportion is recovered in the harvested silage (Di et al., 
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1998). Although N losses from dairy grassland are typically lower than tillage when expressed as a 

percentage of total N inputs, since the N inputs to the grassland in absolute terms are often considerably 

higher, it can still result in substantial N losses. 

Several authors have examined the link between climate and NO3
- occurrence (Ferrier et al., 1995; 

Aubert et al., 2013a; Aubert et al., 2013b). Net soil mineralisation of N represents the balance between 

gross mineralisation and immobilisation (Bjarnason, 1988). Dry conditions and associated increases in 

soil moisture deficit (SMD) have been linked to increased N mineralisation with subsequent re-wetting  

resulting in  NO3
- leaching losses to groundwater (Emmet et al., 2004; Schulte et al., 2006; Borken & 

Matzner, 2009). According to Leiros et al. (1999), a positive linear correlation exists between soil 

organic matter content, temperature and net soil N mineralisation rates. Morecroft et al. (2000) describe 

a link between enhanced soil N mineralization and nitrification rates during summer drought periods in 

the UK and river NO3
- concentrations. Leaching occurs when there is an accumulation of NO3

- in the 

soil profile which coincides with or is followed by a period of high drainage (McNeill & Unkovich, 

2007). Bende-Michel et al. (2013) describe a correlation between stream NO3
- concentrations and 

patterns of source availability and contribution. Hydrologically inactive periods following spring 

applications of organic matter followed by mineralization, drainage and mobilization were cited as 

dominant factors. In addition to the volume of recharge, timing is also important. Recharge during 

summer months can act to stimulate crop growth and N retention. Furthermore, saturation of soils and 

subsoil layers can lead to reduced leaching via denitrification (Di & Cameron, 2002).  

While agronomic loading and meteorological drivers act to control the temporal load of NO3
- leached 

to groundwater, the hydrogeological and hydrogeochemical setting of the catchment dictates the 

response of water quality to the NO3
- load. Catchment-specific pedological and geological parameters 

influence the timing of the groundwater and stream response to leached NO3
- (Fenton et al., 2009b; 

Baily et al., 2011; Fenton et al., 2011). Denitrification is widely regarded as the dominant NO3
- removal 

mechanism in groundwater (Rivett et al., 2008). In Chapter , groundwater denitrification rates of 0 to 

94% were calculated in two contrasting catchments. NO3
- removal was highly correlated to aquifer 

permeability, water table elevation, availability of bacterial energy sources and groundwater oxygen 

concentration. Soil and subsoil denitrification can also be an important process removing substantial 

quantities of leached NO3
-. Soil and subsoil denitrification is promoted under saturated conditions (Di 

et al., 1998), locally anaerobic conditions within soil microsites in particulate organic matter (Hill and 

Cardaci, 2004), organic-rich zones of low permeability sediments (Clague et al., 2015) and / or biofilms 

(Nielsen et al., 1993). 

The evolution of groundwater and stream water quality over time involves a complex interplay between 

agronomic practices, catchment meteorology, hydrogeology and hydrology. The aim of this chapter 

was to interpret long term datasets of groundwater and stream NO3
- concentrations, catchment 
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meteorology and agronomy, along with site specific hydrogeological parameters. The objectives of the 

chapter were to: 

1) Identify a discernible long-term trend in water quality over a six-hydrological year monitoring period 

in two distinct agronomic and hydrogeological settings. 

2) Elucidate the hydrogeological, agronomic and meteorological factors that contributed to the spatial 

and temporal variation of groundwater NO3
- in pairs of instrumented hillslopes in two contrasting 

catchments.  

4.2 Materials and methods 

4.2.1 Study catchments 

This investigation was undertaken in two intensively managed agricultural catchments: a slate 

catchment in the south-east of Ireland and a sandstone catchment in the south-west. Both catchments 

were identified as susceptible to phosphorus (P) and N losses to groundwater and stream receptors 

(Fealy et al., 2010). The two catchments have been the subject of several detailed research projects, 

ranging in focus from agronomic (Wall et al., 2011, 2012) to hydrological and hydrogeological 

(Mellander et al., 2012, 2014, 2016; Thomas et al., 2016; McAleer et al., 2017). Each study catchment 

contains two instrumented hillslopes of varying length and geometry. Each hillslope intersects with a 

stream at its base, which acts as a receptor for up-gradient flow and hydro-geochemical processes. 

The sandstone catchment (area = 1116 ha) is situated in the southwest of Ireland and is characterised 

by intensive dairy grassland agriculture on typically free draining soils and subsoils. Almost the entirety 

of the catchment has well drained Acid Brown Earth soils, with small areas of peaty poorly drained 

topsoil in the northwest of the catchment (Appendix A4). The catchment is situated on the eastern 

margin of the south Munster basin (Maccarthy, 2007): an approximately 7km sequence of Devonian 

sediments. In order of oldest to youngest, the bedrock formations identified in the catchment include 

the Castlehaven Formation, the Toe Head Formation and the Old Head Formation (Appendix A1). All 

are characterised as fine to medium grained sandstone with minor siltstone and mudstone. The GSI 

(2004a) describes the majority of the catchment as a Locally Important with Bedrock that is Moderately 

Productive only in Local Zones (Appendix A3). Groundwater vulnerability in the catchment ranges 

from low to extreme, with evidence of bedrock outcropping at the surface along the margins of the 

stream and in the northwest of the catchment (Appendix A2). Groundwater vulnerability ranged from  

low to extreme (Appendix A6).  

The slate catchment (area = 758 ha) is located in the southeast of Ireland and is dominated by arable 

agriculture on typically free draining soils and subsoils. The majority of the catchment area (>80%) is 

covered by well drained Acid Brown Earth soil, with the bulk of the remainder made up of surface 

water and groundwater gleys, particularly along the margins of the stream (Appendix A8).  Two 
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dominant bedrock formations underlie the slate catchment: the Ballylane Formation and the Oakland’s 

Formation (Appendix A5). The Oakland’s Formation consists of Ordovician purple-green siltstones and 

slates. The GSI (2004b) describes the Oaklands Formation as a Poor Aquifer with bedrock which is 

Generally Unproductive except for Local Zones (Appendix A8). The Ballylane formation comprises 

green and grey slate with thin siltstone. The Ballylane Formation is characterised as unconfined and as 

a Locally Important Aquifer, with Moderate Productivity in Local Zones (GSI, 2004b) (Appendix A7). 

Groundwater vulnerability ranges from moderate to extreme. The majority of the catchment is highly 

vulnerable, with extreme vulnerability and outcropping rock along the outer margins of the catchment 

(Appendix A6). 

4.2.2 Hillslope characterisation & monitoring infrastructure 

Multilevel monitoring wells were installed at the top middle and bottom of each hillslope and were 

targeted to intercept groundwater pathways between 2 and 19 m BGL (Table 4.1). The piezometers had 

screened sections ranging in length between one and four metres, and ranged in depth from 3.5 to 19 

metres below ground level (m BGL). 

 

Sandstone catchment  

 Sandstone N  Sandstone S 

Hillslope Zone aWell screen Lithology  aWell screen Lithology 

Upslope 7 - 10 Bedrock  13 - 16 Bedrock 

Midslope 4 - 7 Weathered rock  10.5 – 13.5 Bedrock 

Near stream 2 - 3.5 Subsoil  4 - 7 Weathered rock 

 

 

Groundwater and stream sampling rounds were carried out monthly from July 2010 until December 

2016. Samples were collected from the centre of each well screen according to the methodology 

outlined in McAleer et al. (2017). Samples were analysed for total oxidised nitrogen (NO3
- and nitrite 

(NO2
-) by Aquakem 600 Discrete Analyser (Aquakem 600A, 01621 Vantaa, Finland) following the 

hydrazine reduction method. Hillslope characterisation was carried out using a suite of geophysical 

Slate catchment 

 Slate N  Slate S 

Hillslope Zone aWell screen Lithology  aWell screen Lithology 

Upslope 12 - 15 Bedrock  16 - 19 Bedrock 

Midslope 1 - 4 Bedrock  10.5 – 13.5 Weathered rock 

Near stream 1 - 4 Subsoil  3.5 – 6.5 Weathered rock 

Table 4.1: Groundwater monitoring point used in the study: location, depth and lithology. 

aWell screen: depth of top and bottom of well screen in m BGL. Water quality samples collected from 

the centre of each screen. 
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techniques, including ground penetrating radar, electromagnetic terrain conductivity (EM ground 

conductivity), 2D resistivity and seismic refraction (Mellander et al., 2014). Figures 4.1 and 4.2 

illustrate the hillslope field boundaries, monitoring wells, orthoimagery and EM ground conductivity 

survey digitally grafted onto a digital elevation model for the sandstone and slate catchments. Low EM 

ground conductivity indicates either shallow bedrock or sandy, permeable overburden. High EM ground 

conductivity represents less permeable overburden i.e. clay and/or waterlogged soil. A more 

comprehensive geological description of each hillslope was provided in Appendix B. 

 

Figure 4.1: Sandstone catchment area, hillslope field boundaries & IDs, monitoring wells and 

orthoimagery/electrical conductivity survey digitally grafted onto a catchment digital 

elevation model. 
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4.2.3 Agronomy 

According to 2014 Department of Agriculture, Food and the Marine (DAFM) records, of the utilizable 

agricultural area (UAA) declared in the sandstone catchment, 83% is permanent grassland, which is 

rotationally grazed from February to November and/or removed and ensiled as winter forage. The 

majority of the grassland areas are utilized by intensive dairy production with smaller proportions 

farmed by beef, sheep and equine enterprises. The overall average livestock density of the catchment is 

2.01 livestock units (LU) ha−1 (equivalent to 171.5 kg organic N ha-1yr-1).  At least one-third of the 

catchment area is occupied by farmers that avail of the nitrates derogation. In order to qualify for 

derogation farmers must have at least 80% of their area as grassland, have a phosphorus balance which 

does not exceed 10 kgP/ha/yr., prepare a fertilisation plan each year and submit a fertilisation account 

each year.  From January 2018 onwards, following the release of Ireland’s fourth Nitrates Action 

Programme (NAP), and amendments to the GAP regulations (S.I. No. 605 of 2017), additional 

requirements are required to qualify for derogation. These include: 50% of slurry produced on a farm 

under derogation must be applied by the 15th June annually, following which slurry may only be applied 

Figure 4.2: Slate catchment area, hillslope field boundaries & IDs, monitoring wells and 

orthoimagery/electrical conductivity survey digitally grafted onto a catchment digital elevation model. 
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using low emission equipment. In addition, farmers must have sufficient storage for all livestock manure 

and soiled water produced on the holding. 

Whole farm stock numbers range between 2.0 and 2.9 LU ha-1 (Murphy et al., 2015).  The remainder 

of the UAA is comprised of 13% arable and 4% other landuse (i.e. forestry, environmental habitats). 

The arable crops grown provide additional feed and forage for stock, predominantly dairy cows within 

this catchment and the surrounding region. In order of magnitude the area of these crops includes maize 

silage (5%), spring wheat (3.5%), spring barley (3%), winter barley (1%) and fodder beet (0.5%).  

Table 4.2 summarises the agricultural management timeframes in the sandstone and slate catchments. 

 

 

In the slate catchment, 69% of the UAA is arable, 29% is grassland and 2% is categorised as other (i.e. 

forestry, environmental habitats). The arable area breakdown is dominated by spring barley (48%), 

followed by winter barley (8.5%), winter wheat (7%), winter oilseed rape (7%) with the remaining 1.5% 

arable land area occupied by fodder beet, potatoes and maize. The grassland area is utilized for grazing 

and/or cut and ensiled for winter forage by mostly beef and sheep enterprises. The overall average 

livestock density of the catchment is 0.53 LU ha-1 (44.9 kg organic N ha-1yr-1, calculated from national 

inventories). Where high temperatures (>8oC) and dry conditions allow, ploughing and cultivation of 

the spring crops takes place between February and April. Where winter cereals are established, the soil 

is ploughed and the crop planted soon after harvesting. For spring barley, chemical N applications occur 

in split applications, which are either two or three splits. If the application is two splits (which tends to 

be the norm in the slate and sandstone catchments), the lowest fertiliser application is during sowing 

(between February and April), where the N is incorporated into the seedbed. For spring cereals, the 

Year J F M A M J J A S O N D 

Slate catchment  

Ploughing – spring crops             

Sowing  - spring crops             

Spring N fertilizer applications             

Ploughing – winter crops             

Sowing  - winter crops             

Winter N fertilizer applications             

Tillage harvest             

Cover crops 

 

            

Sandstone catchment 

Grazing grass             

Grassland N fertilizer  application             

Grass Silage             

Slurry applications        
     

        
     

Table 4.2: Agricultural management timeframes in the slate and sandstone catchments. 

 

High application rates  

Lower application rates 
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second application is at the early tiller stage, which depending on growth conditions is typically one to 

1.5 months after sowing. If there is a third split, this is applied at growth stage phases (see Totmann et 

al., 1979) GS31/GS32 of the spring barley crop. This is typically two to three weeks after the second 

split and is the lowest of the overall fertiliser N amounts applied. Table 4.2 summarises the agricultural 

management timeframes in the slate catchment.  

In some cases, catch-crops, encouraged under agri-environmental schemes (i.e. GLAS) (Department of 

Agriculture Food and the Marine, 2017) are established soon after harvesting (Hama-Aziz et al., 2017). 

Encouraged to minimise NO3
- leaching the type of catch-crop (also known as green cover crop) can 

vary from one or a combination of brassica crops (e.g. forage rape), legumes (e.g. beans and crimson 

clover) and some grasses (e.g. black oats). These crops cannot be removed until the 1st of December 

under the Good Agricultural Practice Regulations (S.I. No. 31 of 2014). 

Farmers participating in the Agricultural Catchments Programme (ACP) supply Teagasc agricultural 

advisors with nutrient management records. Using unique ACP field IDs, each farmer kept a record of 

management related events carried out during a calendar year including grazing periods, stocking rates, 

fertiliser and lime applications, grass reseeding, tillage crop sowing and harvesting, off takes and crop 

yields. Records of N application rates were maintained annually. These included information on 

fertiliser nitrogen applications (chemical N) and organic N applications (slurries, manures and nitrogen 

from livestock). The total quantity of organic nitrogen applied was divided by an availability factor, 

according to Table 6 in the SI 31 of 2014. Total applied N was calculated as the sum of stocking 

chemical and organic N.  

If a farmer is availing of the nitrates derogation on their farm, then on a per hectare basis, they can have 

a total N input figure of up to 529 kgN/ha/yr. This includes a stocking rate (under derogation) of 

250kgN/ha/yr plus an additional N input allowance of 279kgN/ha/yr from manures and slurries (see 

S.I. No. 31 of 2014 (page 40, Table 12). It is important to note that limits of N use are controlled at the 

farm level and not typically at the individual field level. If the farmer is not above the prescribed 

stocking rate and does not spread fertiliser above the whole farm limit, then total N inputs can be high 

in an individual field and less in other. Total N applications typically depend upon grass type,  

particularly if the field is ensiled. Fields with higher N applications are typically identified by the farmer 

to produce higher yields of grass for winter forage needs and/or to provide enough grass to allow grazing 

of high stock numbers to that field.  There is evidence that grass growth and N uptake in a crop will 

increase up to an input of 600 kgN/ha/yr (Velthof et al., 2011). 

Records are maintained in handwritten journals or via an electronic system (such as PastureBase) prior 

to being entered in ACP’s land management database. Sandstone N contains two fields termed SS1 and 

SS2, within which the monitoring wells are situated. The catchment stream flows parallel to the southern 

margins of SS1, which also contains the near stream (NS) monitoring well. The upslope (US) and 

midslope (MS) monitoring wells are located at the top and bottom of SS2 (Figure 4.1). At the Sandstone 
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S hillslope, the near stream, midslope and upslope monitoring wells are located in fields SS3, SS4 & 

SS5 (Figure 4.1). The catchment stream flows parallel to SS3. The Slate N hillslope has two fields 

termed S1& S2 (Figure 4.2). The stream flows along southerly margins of S1, which also contains the 

near stream monitoring well (NS). The upslope and midslope monitoring wells (MS & US) are located 

at the top and bottom of S2, respectively. Similar to the Slate N hillslope, the slate catchment stream 

flows parallel to S3 (Figure 4.2), which also contains the near stream monitoring well (NS). S4 contains 

the midslope (MS) and upslope (US) monitoring wells (Figure 4.2).  

4.2.4 Meteorology 

Local weather parameters were recorded at 10-minute intervals throughout the monitoring period 

(2010-16) by a weather station (BWS200, Campbell Scientific) located in the central lowlands of each 

study catchment. A secondary rain gauge (ARG-100) was positioned in the uplands of each catchment. 

The compiled weather parameters dataset included daily minimum, maximum and average values of 

temperature (°C), total rainfall (mm/day), 2m wind speed (m/s) and radiation (J/cm/day).  

Weather parameters were inputted into the hybrid model for Irish grasslands (Schulte et al., 2005) and 

an adaption of the hybrid model for spring barley (Premrov et al., 2010), from which daily soil moisture 

deficit (SMD) was calculated. The hybrid SMD model created by Schulte et al. (2005) is a water mass 

balance model, calculating SMD from the cumulative balance of precipitation, evapotranspiration and 

drainage. The hybrid model utilises features of previous Teagasc (Brereton et al., 1996) and Met Éireann 

models with the guidelines for computing crop water requirements published by FAO UNESCO (Allen 

et al., 1998). In the Brereton et al. (1996) model any water in excess of field capacity was assumed to 

be instantly drained, whereas in the Met Eireann  model (summarised in Keane, 2001), water surpluses 

were allowed to accumulate during high recharge. The Brereton et al. (1996) and Keane (2001) models 

therefore describe a well-drained and poorly drained scenario, respectively. The hybrid model was 

calibrated against soil water tension measurements across a range of soils in Irish grasslands, allowing 

predictions of SMD to be made in both well drained, moderately drained and poorly drained 

environments. 

The potential evapotranspiration in the model was calculated according to the FAO Penman Monteith 

Equation (as described in Allen et al., 1998), using solar radiation, wind speed, air temperature and 

water vapour pressure data. The calculated actual evapotranspiration from the model is a function of 

potential or reference crop evapotranspiration and SMD. Based upon Aslyng (1965), actual 

evapotranspiration was assumed to equal potential evapotranspiration where soil moisture does not limit 

crop growth i.e. when SMD is either 0 (at field capacity) or some value between field capacity and a 

critical moisture content that is limiting to crop growth. Once SMD reaches this critical moisture 

content, grass leave stomata close, thus reducing transpiration: at this point actual evapotranspiration 

becomes progressively less than potential evapotranspiration as SMD increases (to a maximum SMD 

value). Aslyng (1965) found the critical SMD to be 30mm and the maximum value to be 120mm. 
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Several studies have utilised broadly similar values (Brereton and Hope-Cawdery, 1988; Keane 2001). 

The Schulte et al. (2005) and Premrov et al. (2010) utilised calibrated site-specific values for Irish soil 

drainage conditions. 

4.2.5 Statistical Approach 

Overall temporal trends in catchment NO3
- concentrations were tested using the GLM procedure in SAS 

9.4. The NO3
- concentration data for the trend analysis (2010-2016) was annualised: NO3

- 

concentrations at each groundwater piezometer and hillslope stream sampling point were averaged over 

a calendar year, through which a temporal trend was fitted. Initially, the analysis was carried out for 

groundwater NO3
- concentrations only in each catchment. Adding the catchment streams to the analysis 

had no effect on the shape or the significance of the fitted trends in either the sandstone or slate 

catchments. The streams were therefore included in the final output of the trend analysis presented 

herein. In order to identify the dominant drivers affecting catchment NO3
- trends, a multiple linear 

regression approach with automatic parameter selection was undertaken. The effects of agronomic, 

meteorological and hydrogeological drivers (Table 4.4) on groundwater NO3
- concentrations were 

measured from 2010-2016. The responses in groundwater NO3
- concentrations over a fixed six-month 

period of each hydrological year (October 1st to September 30th) were integrated at each piezometer and 

then regressed on driver variables that were averaged over a period preceding the measured NO3
- 

response.  The regression allowed two-way interactions between all driver variables of interest. Per 

catchment therefore, 36 integrated NO3
- responses (six piezometers*six years) versus each integrated 

explanatory driver were simultaneously regressed with the piezometers providing the variation for the 

model. In all cases examined, the GLMSELECT procedure in SAS 9.4 (SAS, 2014) was used to select 

driver variables that were associated with the groundwater NO3
- response. The final models were fitted 

with the MIXED procedure in SAS in order to make predictions and plots using the PLM and SGPLOT 

procedures. 

The fixed six-month integration period of the groundwater NO3
- response was October to March of each 

hydrological year. The response period was chosen to capture the main hydrologically active time of 

each year when groundwater was most vulnerable to NO3
- leaching.  The agronomic data provided by 

the farmers was on an annual basis; the integration period therefore was one calendar year. In practice, 

however, the timings of application throughout a given year are given in Table 4.2. The hydrogeological 

parameters interrogated in the model were fixed variables. The length of the meteorological driver 

integration period was varied from four to nine months. These integration periods are reaching back 

further in time to see which driver period provided the best explanation of the groundwater NO3
- 

responses.  

In order to test for the effect of a delayed response of groundwater NO3
- to explanatory drivers, a lag 

time of zero to five months was incorporated into the model. For a lag of one month, for example, the 

explanatory driver integration period would end one month before the beginning of the NO3
- response 

Please note that the multiple regression and trend analyses described herein were carried out by Dr. Jim Grant of the Teagasc Ashtown 

Research Centre 
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period. The model interrogated all possible combinations of integration period and lag at each 

piezometer. There was no evidence that varying the lag time at each piezometer had any effect on the 

significance of the regression. The term “zero lag” is used with caution. Given that both the explanatory 

drivers and the NO3
- responses were integrated over six-month periods, there exists an inherent lag of 

between zero and 12 months built into the model. Combining the maximum driver integration period 

of nine months, the maximum lag period of five months and the six-month NO3
- integration period, the 

longest possible relationship between cause and effect interrogated during the multiple regression was 

20 months.  The best fit model (based upon R2 and p values) used a six-month driver integration period 

preceding the March to October NO3
- integration period, with a zero-month lag. Table 4.3 illustrates 

the range of driver integration and lag periods, the best fit model driver periods, and the NO3
- response 

period. 

 

 

 

 

 

 

 

 

 

 

 

Three multiple regression models were created: a joint model for catchments with catchment as an 

explanatory factor and a separate model for each catchment. The joint model datasets provided the 

regression with a wider range of results to identify trends and dominant drivers. If a significant 

interaction between catchment and an explanatory driver is identified, a separate regression for the 

catchment is necessary. The results of Chapter 3 indicated that the hydro-geochemical signature of both 

catchments differed substantially. Drivers that were not significant in the joint catchment model may 

be significant to a specific catchment only.  Background noise or variability controls what is found to 

Table 4.3: Range of driver and response integration periods used in the model over two hydrological years. 

aSix month driver integration (zero lag): Blue arrow describes the driver integration period which 

provided the best fit to the data.  
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be significant in a regression analysis.  While working within a single catchment reduces the range of 

some variables it also reduces the variability, thus making it easier to identify trends.  

 

 

 

 

Category 
Explanatory 

variable 
Unit Description 

Range 

(Sandstone) 

Range 

(Slate) 

Agronomic 

variables 

Chemical N (kgN/ha/

yr.) 

 

Annual inputs of inorganic fertiliser  203.5- 323.7 107.7 - 158.3 

Organic N Annual inputs of slurry 0 - 121.3 0 – 47.2 

Stocking N Annual inputs of organic N from stock  91.7 - 194.0 0 

Total  applied 

N 

Total N application (chemical N +  organic N  +   

stocking N ) 

340.6 - 515.7 103.8 – 186.2 

      

Meteorological 

variables 

Total rainfall  Total rainfall 1003.2 – 1535.2 845.0 – 1175.0 

SMD (mm) Soil moisture deficit. Calculated after Schulte et al. 

2006 for well drained grassland scenario and after 

Premrov et al. (2012) for well drained spring barley 

scenario. 

0 – 72.9 0 – 43.7 

Effective 

rainfall 

(mm) Total rainfall – actual evapotranspiration - SMD 484.0 – 903.0 397.9 – 706.3 

      

Hydraulic & 

hydrogeological 
variables 

Watertable 

elevation 

(maOD) Monthly water table elevation above Ordnance 

Datum 

25.4 – 65.2 38.8 – 85.1 

Ground 

elevation 

(maOD) Ground elevation of each piezometer above Ordnance 
Datum 

25.8 – 70.8 39.8 – 85.4 

First rock 

appearance 

( m 
BGL)  

First rock appearance (m BGL) 1.4 – 7.3 2.8 – 4.0 

Piezometer 

top 

(maOD) Top of each  piezometer well screen above Ordnance 
Datum 

21.8 – 57.8 36.3 – 78.4 

Piezometer 

bottom 

(maOD) Bottom of each piezometer well screen above 
Ordnance Datum 

18.8 – 54.8 33.3  -74.4 

Well screen 

length 

(m) Length of aquifer screened by piezometer 1.5 - 3 3 - 4 

Total GW 

depth 

(m) Total depth of each piezometer from ground surface 

to bottom of screen 

3.5 - 16 4 - 19 

EM ground 

conductivity  

(ms/m) EM 38 electrical conductivity at each piezometer 
location (Figure 4.1 

3 -12 1 - 12 

Hydraulic 

conductivity 

(m/day) Hydraulic conductivity of aquifer at each piezometer.  
See Chapter 3 (Table 3.1) 

0.4 – 2.4 0.4 – 4.2  

Table 4.4: List of agronomic, meteorological and hydrogeological variables interrogated in the regression 

analysis. 
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4.3 Results 

4.3.1 Meteorology and agronomy 

4.3.1.1 Sandstone catchment: 

The yearly totals of rainfall, effective rainfall, annual maximum accumulated SMD and the percentage 

of each year with a SMD in excess of 5mm at the sandstone catchment are presented in Table 4.5. Total 

annual rainfall varied from 1003.2 to 1535.2mm from 2010 to 2016, with a mean value of 1128.2mm 

over the seven-year monitoring period. The highest recorded total rainfall (1535.2mm) was measured 

during the 2015 calendar year. Highest daily rainfall (56.8mm) and highest monthly rainfall (370mm) 

were measured in November and December of 2015, respectively. The lowest annual rainfall was 

measured in 2011 (1011.8mm), while April 2011 and March 2012 shared the lowest monthly rainfall 

total (24mm) in the seven-year dataset. The maximum SMD calculated within each calendar year ranged 

from 34.4 to 72.9mm. The largest SMD of 72.9mm occurred during July of 2013. While 2013 had the 

highest accumulated SMD value, the greatest proportions of the year with a SMD in excess of 5mm 

were measured in 2011 (55.9%) and 2014 (49.9%). 2014 also exhibited the greatest number of 

consecutive days with a  measured SMD (177 days) occurring between April and September (Figure 

4.3). Annual effective rainfall ranged from 484.0 to 903.0 mm. The maximum value of 903.0 mm in 

2015 was coincident with the highest total rainfall and lowest percentage of the year with a SMD greater 

than 5mm (Table 4.5).  

At the Sandstone N hillslope, chemical N inputs were variable throughout the monitoring period. The 

largest quantity of fertiliser (323.7 kg N/ha/yr.-1) was applied in 2013, while the lowest amounts (203.5 

kg N/ha/yr.-1) were applied in 2014 and 2015. Organic N was spread in the form of cattle slurry in all 

years except 2012 and 2013. Slurry application rates were relatively constant throughout the monitoring 

period (44.9 kg N/ha/yr.-1 in 2011, 2014 and 2015) with 28.1 kg N/ha/yr.-1 applied in 2010. From 2010 

to 2013, the grazing period was 11 months.  In 2014 and 2015, the grazing period was reduced to 8 

months with one silage cut. Annual stocking rate ranged from 145.0 to 194.0 kg N/ha/yr.-1 throughout 

the monitoring period. Highest stocking rates occurred in 2011, 2012 and 2013. Total applied N (i.e. 

chemical N + organic N + stocking N) typically increased from 2010 to 2013 (range: 411.4 – 515.7 kg 

N/ha/yr.-1 with lower totals thereafter of 393.5 and 399.5 kg N/ha/yr.-1 in 2014 and 2015, respectively. 

Both fields at the Sandstone N hillslope were ploughed and reseeded in 2010 (Mellander et al., 2014).  

At the Sandstone S hillslope, chemical N applications were variable, with highest quantities (307.3 kg 

N/ha/yr) applied in 2013. Organic N was spread in the form of cattle slurry, with application rates (max: 

121.3 kg N/ha/yr-1 in 2013) typically exceeding the Sandstone N hillslope. Conversely, stocking N was 

lower in Sandstone S compared to Sandstone N, ranging from 91.7 to 142.7 kg N/ha/yr.-1, with highest 

application rates in 2010, 2012 and 2014. Total available N increased from 340.6 to 505.3 kg N/ha/yr.-

1 between 2010 and 2013, remaining high in 2014 and 2015, with applications of 498.8 and 463.4 kg 



__________________________________________________________________________________ 

__________________________________________________________________________________

72 

 

 

N/ha/yr.-1, respectively. Typically one to two silage cuts are taken per year with four to eight months 

grazing. 

 

 

 

 

4.3.1.2 Slate catchment: meteorology and agronomy 

The annual dataset of rainfall, effective rainfall, maximum SMD and the percentage of each year with 

a SMD in excess of 5mm is presented in Table 4.6 for the slate catchment. Total annual rainfall ranged 

from 845.0 to 1175.0mm from 2010 to 2016, with a mean value of 998.7mm over the monitoring period. 

The highest measured total rainfall (1175.0mm) was recorded during 2014. Highest daily rainfall 

(57.2mm) occurred in September 2010, while highest monthly rainfall (306mm) was measured in 

December 2015. Lowest annual rainfall was measured in 2011 (845mm), while March of 2011 and 

2012 had the lowest monthly rainfall totals with values of 18.4 and 25.2mm, respectively. The greatest 

proportions of the year with a SMD in excess of 5mm were measured in 2015 (46.6%) followed by 

2013 (43.4%). The maximum SMD measured within each year ranged from 36.2 to 43.7mm. The largest 

SMD of 43.7mm occurred during July of 2013. 2013 also exhibited the greatest number of consecutive 

days with a measured SMD (167 days) occurring between mid-April and the beginning of October 

(Figure 4.5). Annual effective rainfall ranged from 397.9 to 706.3mm. The maximum value of 706.3mm 

in 2014 was coincident with the highest total rainfall, the lowest percentage of the year with a SMD 

greater than 5mm and the lowest accumulated SMD (Table 4.6).  

 

Year  2010 2011 2012 2013 2014 2015 2016 
Sandstone Catchment Meteorology 

Rainfall (mm/yr.) 1012.7 1029.2 1129.4 1003.2 1175.6 1468.0 1011.8 

SMD (max) 58.3 49.1 34.4 72.9 66.4 37.8 49.7 

% of year with a SMD > 5mm 55.9 46.3 35.5 48.2 49.9 43.0 45.5 

Effective rainfall (mm/yr.) 554.3 494.8 716.0 484.0 632.4 903.0 484.4 

Sandstone Catchment Agronomy 
bSandstone N        

Chemical N (kg N/ha/yr.-1) 211.3 225.2 266.9 323.7 203.5 203.5 and 

Organic N (kg N/ha/yr.-1) 28.1 44.9 0.0 0.0 44.9 44.9 and 

Stocking N (kg N/ha/yr.-1) 172.0 192.0 194.0 192.0 145.0 151.0 and 

Total available N (kg N/ha/yr.-1) 411.4 462.1 460.9 515.7 393.5 399.5 and 

cSandstone S        

Chemical N(kg N/ha/yr.-1) 252.0 276.1 255.9 307.3 264.8 267.7 and 

Organic N(kg N/ha/yr.-1) 89.9 0.0 30.0 106.3 121.3 91.4 and 

Stocking N(kg N/ha/yr.-1) 142.7 91.7 116.7 91.7 112.7 104.3 and 

Total available N(kg N/ha/yr.-1) 340.6 367.8 402.6 505.3 498.8 463.4 and 

Table 4.5: Sandstone catchment annual totals (2010-2016) of rainfall and effective rainfall, maximum 

accumulated SMD and the percentage of each year with a SMD in excess of 5mm. Also included are 

chemical N, organic N, stocking N and total available N inputs to the land surface from 2010 to 2016.   

and: Land management data were unavailable for 2016 
bSandstone N: N application figures for hillslope represent an average of fields SS1 & SS2  
cSandstone S: N application figures for hillslope represent an average of fields SS3 & SS4 (see Figure 4.1) 
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At the Slate N hillslope, chemical N inputs ranged from 103.8 kg N/ha/yr.-1 in 2010 to 139.0 kg N/ha/yr.-

1 in 2016. Organic slurry was not applied between 2010 and 2012; therefore total available nitrogen 

inputs were equal to fertiliser inputs and ranged from 103.8 to 137.1 kg N/ha/yr.-1. The addition of pig 

slurry from 2013 onwards resulted in an increase in total available N inputs to 150.2 kg N/ha/yr.-1 in 

2013 and 186.2 kg N/ha/yr.-1 in 2014 and 2015. At the Slate S hillslope, no organic N was applied from 

2010 to 2015; therefore total available nitrogen was equal to chemical N input. The quantity of applied 

fertiliser varied in each year. The highest application (158.3 kg N/ha/yr.-1) occurred in 2013, while the 

lowest quantity of N (144.5 kg N/ha/yr.-1) was applied in 2010 and 2014.  

 

 

 

Year  2010 2011 2012 2013 2014 2015 2016 

Slate Catchment Meteorology 

Rainfall (mm/yr.) 942.1 845.0 1115.0 886.6 1175.0 1103.4 923.8 

SMD (max) 36.8 40.4 39.3 43.7 36.2 39.2 39.8 

% of year with a SMD > 5mm 33.9 32.3 34.8 44.4 23.2 46.6 37.3 

Effective rainfall (mm/yr.) 517.5 397.9 628.7 484.3 706.3 619.2 503.7 

Slate Catchment Agronomy 

bSlate N        

Chemical N (kg N/ha/yr.-1) 103.8 137.1 137.1 107.7 139.0 139.0 and 

Organic N  (kg N/ha/yr.-1) 0 0 0 42.5 47.2 47.2 and 

Stocking N (kg N/ha/yr.-1) 0 0 0 0 0 0 and 

Total available N (kg N/ha/yr.-1) 103.8 137.1 137.1 150.2 186.2 186.2 and 

        
cSlate S       and 

Chemical N (kg N/ha/yr.-1) 144.5 156.6 158.3 151.3 144.5 155.5 and 

Organic N (kg N/ha/yr.-1) 0 0 0 0 0 0 and 

Stocking N (kg N/ha/yr.-1) 0 0 0 0 0 0 and 

Total available N (kg N/ha/yr.-1) 144.5 156.6 158.3 151.3 144.5 155.5 and 

Table 4.6: Slate catchment annual totals (2010-2016) of rainfall and effective rainfall, maximum 

accumulated SMD and the percentage of each year with a SMD in excess of 5mm. Also included are 

chemical N, organic N, stocking N and total available N inputs to the land surface from 2010 to 2016. 

and: Land management data were unavailable for 2016 
bSlate N: N application figures for hillslope represent an average of fields S1 & S2  
cSlate S: N application figures for hillslope represent an average of fields S3 & S4 (see Figure 4.2) 
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4.3.2 Groundwater and stream NO3
- distribution 

4.3.2.1 Sandstone catchment  

The distribution of shallow groundwater and stream NO3
- in the sandstone catchment versus land 

management and meteorological parameters from 2010 to 2016 is presented in Figure 4.3. Also shown 

is the groundwater threshold value (GTV) for NO3
- (8.47 mgN/L) and the EU drinking water limit for 

NO3
- (11.29 mgN/L). Currently in Ireland, no Environmental Quality Standard (EQS) exists for NO3

- 

in rivers. The spatiotemporal (2010-2016) mean groundwater NO3
- concentration of 5.6 (± Standard 

Error (SE): 0.2) mgN/L was below the GTV. The average stream concentration from 2010 to 2016 was 

4.9 (± SE: 0.1) mgN/L. Groundwater NO3
- occurrence was highly variable in both space and time 

ranging from 0 to 23.9 mgN/L. Groundwater NO3
- was typically non-detectible at the near stream and 

upslope monitoring wells of the Sandstone S hillslope, related to denitrification (see Chapter 3). Peak 

groundwater NO3
- concentrations (23.9 & 21.8 mgN/L) were measured in the shallow groundwater (<10 

m BGL) of the midslope and near stream monitoring wells of Sandstone N in 2011, following a rising 

pattern from October 2010 onwards. 

 

Figure 4.3: Sandstone catchment temporal trends in groundwater and stream NO3
-, effective 

rainfall, SMD and nitrogen applications from 2010 to 2016. 
aGTV =Irish groundwater threshold value for NO3

- (8.47 mgN/L) 
bEU = European Union drinking water threshold for NO3

- (11.29 mgN/L) 
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Thereafter NO3
- concentrations declined below the October 2010 concentration in 2012 and 2013.  In 

March 2011, a comparable peak (21.8 mgN/L) was also detected in the near stream shallow 

groundwater. Smaller NO3
- peaks in the near stream shallow groundwater were measured in December 

2011 (15.1 mgN/L), February 2014 (11.9 mgN/L) and May 2015 (17.7 mgN/L). In the Sandstone N 

hillslope, exceedances of GTV’s in groundwater were not manifested in the stream. Peaks in 

concentration were observed in May 2015 and April 2016. The GTV was exceeded on one occasion in 

the stream (May 2015), which was consistent with peak groundwater NO3
- concentrations at the 

hillslope. Trends in groundwater quality were not synchronised between hillslopes and hillslope zones; 

to identify an overarching seasonality therefore was difficult. In general terms, groundwater and stream 

NO3
- concentrations appeared to be lower during summer months, with peaks typically occurring during 

winter and spring.  Figure 4.4 illustrates the results of the linear trend analysis which summarises the 

spatial and temporal trends identified in Figure 4.3. There was no significant change in mean annual 

groundwater or stream NO3
-over the period 2010 to 2016. 

 

  

 

Figure 4.4: Sandstone catchment groundwater NO3
- trends over the sampling 

period 2010 to 2016. Open circles signify the mean annual groundwater NO3
- 

concentration for each piezometer. Closed black circles represent mean 

annual stream NO3
- at the base of each hillslope. The trend line signifies the 

mean catchment NO3
- concentration over time with the grey area representing 

the 95% confidence limits and the dotted lines signifying the 95% prediction 

limits.  
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4.3.2.2 Slate catchment  

In the slate catchment groundwater (Figure 4.5), the spatiotemporal (2010-2016) mean groundwater 

concentration of 7.4 (± SE: 0.08) mgN/L was below the groundwater threshold value (GTV) of 8.47 

mgN/L. The average stream concentration from 2010 to 2016 was 7.0 (± SE: 0.1) mgN/L. Groundwater 

NO3
- occurrence was more uniform spatially as compared to the sandstone catchment but exhibited 

temporal variation. The highest average groundwater NO3
- concentrations (11.2 mgN/L) were measured 

in the upslope shallow groundwater of the Slate N hillslope. A temporal pattern was evident in the upslope 

zone with peak NO3
- concentrations occurring in March 2011, April 2013, October 2013, November 2014, 

October 2015 and October 2016. The highest catchment NO3
- concentration (18.6 mgN/L) occurred in 

the upslope zone in October 2015.The midslope and near stream zones had lower average groundwater 

NO3
- concentrations than the upslope zone, with values of 7.2 and 7.7 mgN/L respectively. In the midslope 

zone, peaks in NO3
- roughly mirrored the upslope zone, whereas in the near stream groundwater, highest 

concentrations typically occurred after the upslope groundwater peaks from December to February. 

 

 

Figure 4.5: Slate catchment temporal trends in groundwater and stream NO3
-, effective rainfall, soil 

moisture deficit and nitrogen application from 2010 to 2016. 
 aGTV =Irish groundwater threshold value for NO3

- (8.47 mgN/L) 
bEU = European Union drinking water threshold for NO3

- (11.29 mgN/L) 
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In contrast to the sandstone catchment, high groundwater NO3
- resulted in high stream NO3

-. The GTV 

was exceeded on twelve occasions in the Slate N stream; twice in October, twice in November, twice 

in March with the remainder occurring in late winter and early spring. In the Slate S hillslope, the spatial 

and temporal distribution of groundwater NO3
- was more uniform. In both groundwater and the streams, 

highest NO3
- concentrations were typically observed in September, October, November and December. 

The GTV was exceeded on five occasions in the stream; once in July, August and September and twice 

in October. A significantly positive linear trend (p < 0.05) in average groundwater and stream NO3
- was 

identified in the slate catchment from 2010 to 2016. Although the analysis indicated an overall positive 

linear increase in mean groundwater and stream NO3
- concentrations from 2010-2016, it also appears 

(particularly in the stream), that the trend in NO3
- concentrations may have declined from 2014 onwards. 

In addition, the positive linear temporal fit explains 15% of the variation in groundwater and stream 

NO3
- and should not be overstated.  

 

 

 

 

The EPA (Fanning et al., 2017) used a trend analysis on individual groundwater monitoring points on 

a countrywide basis and  flagged an environmentally and statistically significant trend where the fit had 

statistical significance and the average projected concentration in 2027 exceeded the groundwater 

threshold value (GTV) of 8.47 mgN/L. If the same rationale is applied to the slate catchment trend 

Figure 4.6: Slate catchment NO3
- trends over the sampling period 2010 to 2016. Open circles 

signify the mean annual groundwater NO3
- concentration for each piezometer. Closed black 

circles represent mean annual stream NO3
- at the base of each hillslope. The trend line signifies 

the mean catchment NO3
- concentration over time with the grey area signifying the 95% 

confidence limits and the dotted lines signifying the 95% prediction limits.  
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analysis presented herein, using the equation of the trend line from Figure 4.6, and extrapolating until 

2027 indicates that if the current trend in NO3
- continues at the slate catchment, the GTV will be 

breached by 2017, with an exceedance of the EU drinking water and groundwater standard (11.3 

mgN/L) by 2024. Again however, the R2 of the positive trend analysis (0.15) was relatively low. 

4.3.3 Multiple Regression analysis 

4.3.3.1 Joint model for catchments 

Merging the datasets from the sandstone and slate catchments provided the regression model with a 

wider range of results to identify trends and dominant drivers of NO3
- occurrence. In addition, a larger 

dataset provides a better estimation of background variation or noise, which in smaller datasets could 

be misinterpreted as a spurious trend.  There was a significant effect of SMD , Total GW depth, First 

rock, and EM ground conductivity on NO3
- occurrence across the two catchments (R2=0.6, P < 0.0001). 

An analysis of the F statistics of the regression indicated that no one explanatory variable dominated 

the prediction of groundwater NO3
-. EM ground conductivity (p < 0.005) and the total depth of each 

piezometer (p < 0.01) exhibited negative correlations with groundwater NO3
-. The depth of first rock 

appearance at each well (p < 0.05) and soil moisture deficit (SMD) were positively correlated to 

groundwater NO3
- (p < 0.05). As described in Section 4.2.5, SMD was integrated over six months 

preceding the fixed October to March NO3
- integration period. A significant interaction (p < 0.005) was 

identified between catchment and the total GW depth. Results indicated that groundwater NO3
- 

decreases with increasing depth below ground level in both catchments. The rate of change in NO3
- with 

depth however was double in the sandstone catchment as compared to the slate catchment. Given that 

a catchment versus explanatory interaction existed, it was impractical to present a predictive regression 

equation for the joint model for catchments. Owing to the larger dataset, the joint model for catchments 

did highlight additional explanatory variables that influence groundwater NO3
-, and as such, the author 

felt that there was value in presenting the model.  

4.3.3.2 Sandstone catchment regression analysis  

It was demonstrated in Chapter 3 that hydrogeochemically, each catchment differed significantly. A 

catchment specific regression, while reducing the number of NO3
- responses to identify trends and 

drivers from, allowed catchment specific processes to be identified. While the predictive power of the 

separate catchment model was increased, the transferability of the regression equation to other 

catchments was reduced. There was a significant effect of hydraulic conductivity, stocking N and 

chemical N on groundwater NO3
- occurrence in the sandstone catchment (R2=0.7, P < 0.0001). Equation 

1 describes the results of the sandstone catchment regression fit.  

EQ 1) Sandstone catchment groundwater NO3
- = 1.72 + 2.54 (Hydraulic conductivity) + 0.03 

(Stocking N) – 0.019 (Chemical  N) R2 = 0.7, p < 0.0001 
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The F statistic indicated that the dominant factors affecting groundwater NO3- concentrations were 

hydraulic conductivity (p < 0.0001), stocking N (p<0.005) and chemical N (p = 0.03). Hydraulic 

conductivity and stocking N were positively correlated with groundwater NO3
-, while chemical N was 

negatively correlated. As described in Section 4.2.5, the effect of stocking N and chemical N on the 

October to March NO3
- integration period were annualised to each calendar year. 

4.3.3.1 Slate catchment regression analysis  

There was a significant effect of total GW depth, Total applied N and SMD on groundwater NO3
- 

occurrence in the slate catchment (R2=0.8, p < 0.0001). Equation 2 describes the results of the slate 

catchment regression fit. 

EQ 2) Slate catchment groundwater  NO3
- = 12.06 + 0.69 (SMD) + 0.025 (Total applied N) - 1.25 

(Total GW depth) + 0.02 (SMD2) + (Total GW depth2) R2=0.8 P<0.0001) 

Total applied N and SMD were positively correlated with groundwater NO3
-, indicating that increased 

N application and SMD resulted in higher average groundwater NO3
- concentrations. Conversely total 

GW depth was negatively correlated with groundwater NO3
-, indicating that an increase in depth below 

the ground surface resulted in lower groundwater NO3
- concentrations. SMD was integrated over six 

months preceding the fixed October to March NO3
-. As with the sandstone regression model the effects 

of total applied N on slate catchment groundwater NO3
- (averaged over the October to March NO3

- 

integration period) were annualised over the previous calendar year. 

Appendix E presented the statistical model output for the sandstone, slate and joint model for 

catchments approach.  
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4.4 Discussion 

Prior to discussing the implications of the trend and multiple regression analyses, it is important to re-

iterate what the models measured. The fixed six-month integration period of the groundwater NO3
- 

response was October to March of each hydrological year, chosen to capture the main recharge period 

when groundwater was most vulnerable to NO3
- leaching.  The agronomic drivers were annualized 

based on a calendar year. The hydrogeological parameters interrogated in the model were fixed, while 

the length of meteorological driver integration period was 6 months (April to September). A delayed 

response of groundwater NO3
- to explanatory drivers was modelled by incorporating a lag time of zero 

to five months into the model. There was no evidence that varying the lag time at each piezometer made 

any improvement to the strength of the regression. The term “zero lag” is used with caution. Given that 

both the explanatory drivers and the NO3
- responses were integrated over six-month periods, there exists 

an inherent lag of between zero and 12 months built into the model. The model highlighted that a 

combination of the regressed drivers, integrated over the described periods, contributed to the linear 

trends (or lack thereof) presented in Figures 4.6 and 4.6. The linear trends presented in Figures 4.4 and 

4.6 are an  integration of the effect of all of the drivers identified during the multiple regressions in one 

line.  Per catchment the multiple regression tested 36 integrated NO3
- responses (six piezometers*six 

years) versus each integrated explanatory driver. The piezometers provided the variation for the model; 

therefore, the significance of each driver represents an average catchment response over the six-year 

period. To enter into detailed description of NO3
- at each piezometer during each year would be 

impractical. The focus rather is on why the significant drivers increased or decreased groundwater NO3
-

. Some examples of piezometer specific responses from Figures 4.3 and 4.5 are described for context.  

4.4.1 Agronomic factors influencing NO3
- occurrence  

In the slate catchment, total applied N was identified as a significant driver of groundwater NO3
- 

concentrations, with an increase in applied N resulting in an increase in NO3
-. A significantly positive 

linear trend (p < 0.05) in average groundwater and stream NO3
- over time was identified (Figure 4.6). 

In Slate N, total N applications increased from 103.8 to 186.2 kgN/ha/yr from 2010 to 2016. In Slate S, 

total applied N increased from 145.5 to 158.5 kgN/ha/yr from 2010 to 2012, remaining relatively stable 

thereafter. While essential to replenish soil nutrient levels and increase farm productivity, a direct 

causality has been documented between chemical and organic N use and decreased water quality 

(Addiscott, 2005). The highest average groundwater NO3
- concentrations were measured in one of the 

most vulnerable parts of the slate catchment: the upslope shallow groundwater of the Slate N hillslope. 

Groundwater vulnerability is a term used to describe the effect of intrinsic geological and 

hydrogeological properties, which combined determine the ease at which groundwater may be 

contaminated by anthropogenic activities (Daly &Warren, 1998). In Ireland, groundwater vulnerability 

is determined mainly according to the thickness and permeability of the Quaternary sediments, which 

can act as a protective filtering layer over groundwater.  
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The timing of the peaks in groundwater NO3
- in the vulnerable zone of Slate N was revealing. Elevated 

NO3
- concentrations were consistently measured in March/ April and in October/November. In spring 

barley cropping systems, ploughing typically occurs between January and February with N applications 

during and soon after sowing between February and April. The timing of the springtime NO3
- peaks in 

the slate catchment was therefore coincident with the main period of N application. These peaks in 

groundwater NO3
- were most likely related to chemical N, which is immediately available for both plant 

uptake and leaching to groundwater (Huebsch et al., 2013). The addition of organic N to the nutrient 

management plan at Slate N in 2013, 2014 and 2015 (Table 4.6) provided a less immediately available, 

more long-term source of NO3
-. Applied organic N is incorporated into soil organic matter, which is 

readily mineralized to NO3
- under appropriate conditions (Hoekstra et al., 2011).  

From 2013 to 2015, the highest concentrations of NO3
- were measured after crop harvest (typically July 

to September) in October, November and December. It is likely that bare soil conditions during the 

winter period increased NO3
- leaching to groundwater. In temperate climates, the period most prone to 

NO3
- leaching is directly after the harvest (Di & Cameron., 2002). In addition to a lack of N retention 

via crop cover (Gabriel et al., 2012), the autumn re-wetting period also represents a period of increased 

bacterial metabolism. Increased metabolism leads to increased mineralization rates of soil organic 

matter, which accumulates during spring N applications, particularly if the N is in the form of slurries 

or manures. In the slate catchment, from 2010 to 2016 study period the land was left fallow for 

prolonged periods following crop harvest. The use of specially planted cover crops, which provide over 

winter green cover, and which are increasingly being used in parts of the slate catchment following 

grant aid under the GLAS scheme may act to mitigate the groundwater and stream enrichment in NO3
- 

witnessed in the catchment. Winter cover crops are recommended for the Slate S and Slate N hillslopes. 

This concept is explored in more detail in Section 6.1.5 at the end of this thesis.  

Taking the agronomic data at face value, there appears to be a relatively rapid response of groundwater 

NO3
- to agronomic practices in the upslope zone of Slate N. It is important however to recognize the 

importance of unsaturated zone time lag (tU), that is, the vertical travel time from the land surface 

through the unsaturated zone to the water table (Huebsch et al., 2013; Vero et al., 2017b).  Vero et al. 

(2017) developed a 1D numerical transport model to describe tU at the Sandstone N and Slate S 

hillslopes.  The model utilized catchment-specific meteorological, soil physical data and water table 

boundary conditions, to produce breakthrough curves of specific contaminants. According to Vero et 

al. (2017b) initial breakthrough of solute at Slate S is likely between 1 and 4 months in the near stream 

zone and between 9 and 13 months in the midslope and upslope zones. Although the Slate N hillslope 

was not directly modelled by Vero et al. (2017b), based upon slope position alone, the model would 

suggest that the upslope zone of Slate N could have a tU of up to 13 months. Were this is the case, the 

implication would be that the measured springtime NO3
- peaks presented herein in fact resulted from N 

applied the previous springtime. Equally the autumn peaks in groundwater NO3
- would relate to N loss 
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not directly after crop harvest, but rather, have occurred in response to the previous year’s crop harvest. 

As mentioned, the upslope zone of the Slate N hillslope, in which the highest slate catchment 

groundwater NO3
- concentrations were measured, is highly vulnerable. The groundwater piezometer is 

located within a permeable gravel deposit, underlying thin soil cover (Appendix A2). It is the author’s 

opinion, that the NO3
- response in this zone represents rapid rather than delayed leaching. While beyond 

the scope of this thesis to pursue the question, the topic merits further investigation.  

In the sandstone catchment, although no positive temporal trend was detected in groundwater or stream 

NO3
- during the six-year period, there existed substantial intra-year variation. The largest peak in 

groundwater NO3
- (23.7 mgN/L) occurred in February of 2011 (Figure 4.3). According to Mellander et 

al. (2014), this coincided with a ploughing and re-seeding event in August 2010. Ploughing of 

permanent grassland has been cited as a major source of NO3
- loss via soil organic matter mineralization 

(Cameron & Wild, 1984; Shepherd et al., 2001; Velthof et al., 2010). 

The results of the regression analysis highlighted a positive correlation between stocking rate and NO3
- 

concentrations and a negative correlation with chemical N. Ryden et al. (1984) calculated that the 

amount of NO3
- leached below a grass sward grazed by cattle was almost six times greater than that 

leached below a comparable cut sward. In contrast to cut grass systems, where a significant quantity of 

applied N is removed as silage (Di et al., 1998), 85 to 90% of the N ingested by livestock is excreted as 

urine and faeces (Cameron et al., 2013). Urine in particular is highly concentrated in urea, (>1000 

kgN/ha/y-1) (Di et al., 1998). Depending on the stocking rate, a large proportion of a field may be 

covered by urine patches; chemical and organic N applications are spread indiscriminately over an 

entire paddock, including urine patches. Within an Irish dairy system, Dennis et al. (2011) estimated 

that 14.1 and 20.7% of the soil surface was affected by urine at stocking rates of 2.0 and 2.94 LU ha-1. 

This can lead to soil NO3
- concentrations far in excess of the grass cover’s need and result in NO3

- 

leaching to groundwater. Sustainable intensification i.e. reducing NO3
- levels in groundwater, while 

increasing stocking rates and milk production is possible (see Huebsch et al., 2013). More precise 

management of stock, chemical N, manures and slurries is recommended to improve water quality in 

the grassland dominated sandstone catchment. A more detailed description of potential methods to 

achieve sustainable intensification in grassland are presented in Section 6.1.5 at the end of this thesis. 

The negative relationship between groundwater NO3
- and chemical N identified in the sandstone 

catchment by multiple regression analysis is difficult to explain. Were it the tillage catchment, it could 

be argued that a reduction in chemical N applied resulted in reduced yield,  lower N uptake and 

increased NO3
- losses. In the grassland of the sandstone catchment however, this is not the case.  The 

temporal groundwater NO3
- profile in the sandstone catchment and particularly Sandstone N was highly 

skewed by the effects of ploughing in 2010/11. Whereas the chemical N figures for Sandstone N 

presented in Table 4.5 and Figure 4.3 represent a hillslope average of fields SS1 & SS2 (see Figure 4.1), 

the multiple regression model utilized field specific data for each groundwater piezometer. An 
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inspection of the data revealed that in SS2, chemical N inputs reduced between 2010 and 2011 whereas 

groundwater NO3
- increased substantially. This may have led to the apparent negative correlation 

between groundwater NO3
- and chemical N in the sandstone catchment.  

4.4.2 Meteorological factors influencing NO3
- occurrence  

In the sandstone and slate catchments, the regression model highlighted soil moisture deficit (SMD) as 

a significant driver of groundwater NO3
- concentrations. Dry conditions and associated SMD’s have 

been extensively linked to NO3
- mineralization processes and NO3

- leaching to groundwater (Emmet et 

al., 2004; Schulte et al., 2006; Borken & Matzner, 2009). Hart (2006) and Schmidt et al. (2004) reported 

increases in net mineralization, nitrification rates and loss of mineral N below the rooting zone, related 

to summer drought and increased soil temperatures. Furthermore, during drought, plant roots die off, 

reducing the crop’s ability to uptake both water and nutrients; this can lead to an accumulation of applied  

NO3
- in the surface soil (Goulding, 2000), which when followed by high recharge, can lead to large 

NO3
- leaching losses (Hooker et al., 2008; Premrov et al., 2012).  

While previous research reinforces the link between high SMD and enhanced N mineralization, the 

presence of a SMD alone precludes significant NO3
- leaching. If a soil has a moisture deficit, field 

capacity has not yet been reached, and rainfall is unlikely to recharge the underlying aquifer. High 

intensity rainfall following a period of prolonged SMD causes field capacity to be exceeded, thus 

mobilizing accumulated NO3
-. Tyson et al. (1997) described significant increases in winter NO3

- loss 

on a fertilized grassland site, citing the preceding summer's SMD as the dominant environmental driver. 

A similar grassland pattern was identified by Richards et al. (1999) where high SMD, low uptake of N 

by summer grass cover followed by re-wetting of soil resulted in NO3
- leaching. High cumulative SMD 

during dry periods enhances the lability of N. 

In the sandstone catchment, while no significant trend was identified in the annualized dataset (Figure 

4.5), substantial NO3
- peaks occurred at specific groundwater monitoring points. Large peaks in 

midslope and near stream shallow groundwater were measured in February and March of 2011, 

following the ploughing event in August of 2010 (as discussed in Section 4.4.1). During the 6-month 

SMD integration period (April to September) preceding the March peak, two extended periods of 

SMD’s occurred: 91 days between April and July, and 48 days from July to September. During August 

(when ploughing occurred), SMD rose to 31.3 mm/day. In March and April 2015, a second large peak 

in shallow groundwater NO3
- was measured. The greatest number of consecutive days with a measured 

SMD (177 days) was measured between April and September of 2014. This was followed by the wettest 

winter recorded during this study, in 2015. The results suggest that a combination of agronomy, SMD 

and recharge can result in substantial NO3
- leaching losses to groundwater. The 2010-2016 rising trend 

in groundwater and stream NO3
- exhibited at the slate catchment was influenced by high NO3

- 

concentrations in the 2013 and 2014 calendar years (Figure 4.6). In 2013 and 2014, peak groundwater 
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NO3
- concentrations were measured during the winter recharge period (October and November) at Slate 

N. SMD was integrated from April to September of each year. During that 6-month period in 2013, 182 

consecutive days had a SMD, which accumulated to 43.7mm (the highest recorded SMD in the 2010-

2016 dataset). The large peaks in groundwater and stream NO3
- in winter 2013 (Figure 4.5), occurred 

directly after a prolonged period of elevated SMD, followed immediately by a substantial rainfall event. 

Again, this interpretation suggests that the tU in the slate catchment is lower than the values presented 

by Vero et al. (2017). 2014 had the highest recorded total rainfall and effective rainfall. Although not 

significant in the regression model, this is also likely to have affected NO3
- leaching rates.  

4.4.3 Hydrogeological factors influencing NO3
- occurrence  

While agronomic loading and meteorological drivers act to control the temporal load of NO3
- leached 

to groundwater, the hydrogeological and hydro-geochemical setting of the catchment dictates the 

mobilization, transport and transformation of NO3
- thereafter. Hydrogeological factors exerted a 

significant effect on groundwater and stream NO3
- occurrence. In both study catchments, depth of first 

rock appearance was positively correlated to NO3
- concentrations. When rock is at or near the surface 

i.e. depth of first rock appearance is low, little buffering capacity is provided by the Quaternary deposits.  

In the case of NO3
- contamination, Quaternary buffering capacity refers to soil and subsoil 

denitrification (as described by Jahangir et al. (2012c)). Groundwater vulnerability is a term used to 

describe the effect of intrinsic geological and hydrogeological properties which combined determine 

the ease at with which groundwater may be contaminated by anthropogenic activities (Daly &Warren, 

1998). In Ireland, groundwater vulnerability is determined mainly according to the thickness and 

permeability of the soils and subsoils (Quaternary sediments), which can act as a protective filtering 

layer over groundwater. The greater the thickness, and lower the permeability of the soil and subsoil, 

the greater the attenuation capacity and protection offered to the underlying aquifer. In both the 

sandstone and slate catchments, the highest recorded concentrations of NO3
- were measured in the most 

vulnerable parts of the hillslopes. At the Sandstone N hillslope, peak NO3
- (23.9 mgN/L) was measured 

in the shallow groundwater of the midslope monitoring well. This monitoring well is situated at the 

base of an extensive lens of permeable gravel (Chapter 3, Figure 3.1). Similarly, as mentioned, peak 

slate catchment NO3
- (17.7 mgN/L) was measured in the shallow groundwater of the vulnerable upslope 

zone of Slate N (Appendix A6). 

In both catchments, EM ground conductivity as averaged over the top 2m of soil and subsoil was 

negatively correlated with NO3
-. Low EM ground conductivity indicates either shallow bedrock or 

sandy, permeable overburden. High EM ground conductivity represents less permeable overburden i.e. 

clay and/or waterlogged soil. The soil clay content is directly related to groundwater vulnerability with 

greater clay content reducing both permeability and vulnerability (Daly &Warren, 1998). Weier et al. 

(1993) described increased soil denitrification rates as soil texture became finer, soil water content 
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increased, and soil organic carbon concentrations increased.  Parkin et al. (1987) describes a patchy 

distribution of “hot spots” and “hot moments” of subsoil denitrification. The patchiness was associated 

with localized zones with high particulate organic matter, most likely related to irregular distributions 

of animal excreta and organic manures applied in the land, and preferential pathways from the soil zone 

to the subsoil. Jahangir et al. (2012c) described higher rates of denitrification in top soil (25%) versus 

subsoil (4%). Subsoil denitrification was carbon limited and increased to 20% when there were 

sufficient electron donors. Craswell (1978) demonstrated decreases in dissolved oxygen concentrations 

and increases in denitrification rates in a clay soil following saturation of the soil with water. The 

distribution of higher EM ground conductivity values in both catchments suggests that there exist lower 

permeability pockets of clayey soils and subsoils, particularly in the near stream zones of the sandstone 

and slate catchments (Figures 4.1 & 4.2).  

Clague et al. (2015) described seasonal denitrification at a gley soil site where the soil profile was 

periodically saturated to near the ground surface. The presence of localized zones of decreased 

permeability in both the sandstone and slate catchments in near stream zones; coupled with a water 

table that rises close to the ground surface during high recharge, suggests that saturated clay rich soils 

may create conditions conducive to denitrification. In Chapter 3, high denitrification rates were 

measured in the shallow groundwater of the sandstone catchment, with low rates in the slate catchment 

where the aquifer was predominantly aerobic. In this study, no piezometers were screened in the top 

soil zone while only two piezometers were screened through Quaternary sediments, both of which were 

dominated by gravel. Soil and subsoil denitrification could not therefore be readily quantified. Although 

the soil and subsoils in both catchments are characterized as well drained, denitrification is possible 

under locally anaerobic conditions within soil microsites in particulate organic matter (Hill et al., 2004), 

organic-rich zones of low permeability sediments (Clague et al., 2015) and or biofilms (Nielsen et al., 

1993).  

Premrov et al. (2012) and Jahangir et al. (2012a) investigated the spatial and temporal occurrence of 

groundwater NO3
- in groundwater underlying a spring barley catchment. Analogous to the slate 

catchment presented herein, the aquifer was aerobic suggesting a limited capacity for groundwater 

denitrification. Annual N application was less than that of the slate catchment with an average annual 

N application of 115 kgN/ha/yr. Premrov et al. (2012) cited mean shallow (0-4m BGL) groundwater 

concentrations of 23.9 mgN/L over a three-year period. At the same site, Jahangir et al. (2012a) 

described mean groundwater NO3
- concentrations of 11 mgN/L in Quaternary deposits and bedrock (4-

30m BGL). Both the slate catchment and the spring barley catchment described by Premrov et al. (2012) 

and Jahangir et al. (2012c) have a broadly similar characterization. Both catchments are dominated by 

spring barely with high leaching rates: 42.5% average in the slate catchment (Chapter 3, Table 3.2) 

versus 38% in the spring barely catchment (Jahangir et al., 2012c). Equally groundwater in both 

catchments is aerobic with limited saturated zone denitrification capacity (see Chapter 3 & Premrov et 
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al., (2012)). Given the similarity between sites, it could be expected that shallow groundwater NO3
- 

would be comparable. To the contrary, the mean shallow groundwater NO3
- from 2010 to 2016 in the 

slate catchment of 7.2 mgN/L was 40% less than the results presented by Jahangir et al. (2012c) at a 

comparable depth. This suggests that in spite of low measured denitrification rates in the bedrock of the 

slate catchment, clayey soils and subsoils in the Quaternary deposits may have resulted in some NO3
- 

attenuation.  

A significant negative relationship between groundwater depth and NO3
- was identified in both 

sandstone and slate catchments. The rate of change in NO3
- with depth however was double in the 

sandstone catchment compared to the slate catchment, highlighting a greater capacity for NO3
- removal. 

This was reflected in the relationship between groundwater quality and stream water quality in both 

catchments. Whereas peaks in groundwater NO3
- in the slate catchment resulted in breaches of the GTV 

in the stream, the large concentrations of NO3
- observed in parts of the sandstone catchment, were not 

manifested in high stream concentrations. In the sandstone catchment, a negative correlation was also 

identified between NO3
- and hydraulic conductivity (Ksat). In Chapter 3, it was demonstrated that Ksat 

decreased with depth in sandstone catchment, resulting in higher groundwater denitrification and lower 

groundwater NO3
- . Fenton et al. (2009b; 2011) and Jahangir et al. (2012) identified a similar correlation. 

Groundwater denitrification was cited as the dominant NO3
- removal mechanism. A similar trend of 

decreasing NO3
- and increasing denitrification with depth has been described by Weymann et al. (2008) 

and Jahangir et al. (2013). In the sandstone catchment, directly measured denitrification rates (Chapter 

3) support the relationship with Ksat identified by the multiple regression analysis. Near stream zones 

in particular were identified to significantly reduce groundwater NO3
-.  

While not directly measured, the results presented herein suggest that soil/subsoil denitrification may 

be possible, especially in saturated clay rich deposits in both catchments. From a mitigation perspective, 

it is essential that these zones of NO3
- removal are both preserved and enhanced where possible, 

particularly in catchments such as the sandstone site, where large denitrification rates have been 

demonstrated under appropriate environmental conditions (Chapter 3). The importance of a well-

designed agricultural drainage system is clear, and it provides some of the following benefits: 

• Greater crop/grass yield and lower production costs 

• Extended grazing season 

• Reduced surface damage of machinery and livestock. 

• Better availability of N in the soil  

• Reduced disease risk to livestock (Teagasc, 2013). 

Excessive land drainage, and in particular direct tile drainage to streams however is discouraged as it 

causes near-stream NO3
- removal zones to be bypassed. In addition, in-situ remediation measures such 
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as constructed wetlands (Jahangir et al. 2017) and bioreactors, which use an organic carbon (C) rich 

media to enhance microbial reduction of NO3
- to N  gases (Healy et al., 2012) are encouraged. 

4.5 Conclusions 

The multiple linear regression and trend analysis approaches were effective in identifying significant 

groundwater NO3
- trends throughout the monitoring period. No significant trend in groundwater and 

stream NO3
- concentrations was identified in the sandstone catchment, whereas a significant increase 

in average groundwater and stream NO3
- concentrations was detected in the slate catchment. Significant 

relationships were found explaining the spatial and temporal variation of groundwater NO3
-. 

Combinations of hydrogeological, agronomic and meteorological characteristics were identified to 

regulate catchment NO3
- occurrence.   

❖ Hydrogeological drivers of groundwater NO3
- occurrence 

Hydrogeological drivers were found to influence the spatial occurrence of groundwater NO3
-. 

The significant hydrogeological drivers identified were total groundwater depth, EM ground 

conductivity, depth of first rock and hydraulic conductivity. The effects of hydrogeological 

variables on groundwater NO3
- were linked to groundwater vulnerability and denitrification 

capacity. The outcomes of the regression model support the inference of a greater groundwater 

denitrification capacity in the sandstone catchment, as demonstrated in Chapter 3.   

❖ Meteorological and agronomic drivers of groundwater NO3
- occurrence 

Meteorological and agronomic drivers regulated the temporal occurrence of groundwater NO3
-

. Soil moisture deficit (SMD) was recognized as the dominant meteorological driver influencing 

groundwater NO3
- concentrations. Increases in groundwater NO3

- were linked to increased 

mineralization during high SMD periods, followed by flushing of NO3
- through the system 

during high rainfall periods. The outcomes of the regression model support the results of 

Chapter 5, which demonstrated that saturation of shallow, high velocity groundwater pathways 

during winter recharge resulted in a loss of NO3
- from the soil layer. Total applied N was 

significantly correlated to groundwater NO3
- in the slate catchment, while stocking N and 

chemical N were correlated in the sandstone catchment.   

The results presented in Chapter 4 help to guide the decision-making process of farm managers 

and policy makers with respect to the choice of mitigation measures implemented to achieve 

water quality objectives. The concept of catchment-specific mitigation measures to improve 

water quality is discussed in extensive detail in Section 6.1.5 of this thesis.  
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5 Groundwater modelling of two contrasting agricultural hillslopes: 

Implications for nitrate time lag and saturated zone pathway 

contribution to streams 

5.1 Introduction 

The application of reactive nitrogen (N) to agricultural environments is essential to replenish soil 

nutrient levels and increase farm productivity. When anthropogenic N inputs to a catchment exceed the 

useable output, the potential for N surpluses occurs (Van Meter et al., 2016).  The cascade of this surplus 

through a catchment can lead to eutrophication, aquatic acidification, greenhouse gas emissions and 

loss of habitat diversity (Gruber & Galloway., 2008; Weymann et al., 2008; Dennis et al., 2012; 

Richards et al., 2015). In an Irish context, the abolition of EU milk quotas in 2015 (European 

Commission, 2015) and the commitment of government to achieve national production goals ((Food 

Harvest 2020 (Dept. of Agriculture, Food and the Marine, 2010) and Food Wise 2025 (Dept. of 

Agriculture, Food and the Marine, 2015)), is expected to increase N use and lead to an increase of 

reactive N loss to the environment. In light of the clear environmental impact of surplus N loss, 

intensification of agriculture must be compatible with environmental sustainability. The European 

Water Framework Directive (WFD; 2000/60/EC) stipulates all that member state water bodies must 

achieve at least “good status” within set reporting deadlines (2015, 2021, 2027). Currently in Ireland 

the Nitrates Directive (91/676/EEC) forms the basis for the agricultural programme of measures 

(POMs) to achieve WFD goals. The Nitrates Action Programme (NAP) is implemented by the Good 

Agricultural Practice Regulations (first produced in 2006, current version 2014), while WFD 

Programmes of Measures for the second phase of the WFD River Basin Management cycle are being 

drawn up at national level (EPA, 2017) and will include the measures under the NAP.  

The WFD necessitates evidence-based quantification of the efficacy of mitigation measures. 

Quantifying the success or failure of POM implementation is a difficult task owing to an inherent time 

lag, that is, the delay between the enforcement of a POM at the land surface and the timing of expected 

measurable results at the groundwater or stream receptor. Total catchment time lag (tT) includes both 

hydrological and biochemical constituents. While a proportion of surplus catchment N is exported via 

river discharge, the remainder is stored within the subsurface.  In long term agricultural systems 

connected to watercourses, nutrient legacies can accumulate over years to decades (Basu et al., 2010). 

The stored N, termed legacy N hereafter, can act as a protracted N source to watercourses long after 

initial application. Legacy N may be present in the form of mineral N in the vadose zone and saturated 

aquifer or as soil organic N (SON) in the vadose zone, which is readily converted to mineral N under 

appropriate meteorological and hydrogeochemical conditions. Legacy N represents a biogeochemical 

catchment time lag, as described in Fenton et al. (2017), Van Meter et al. (2015), Van Meter et al. (2016) 

and Vero et al. (2017b). The concentration of nitrate (NO3
-) along a groundwater flow path does not 
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remain constant in space and time. Under specific hydro-geochemical conditions (McAleer et al., 2017), 

NO3
- is converted to nitrous oxide (N2O) and dinitrogen (N2) via denitrification. Subsurface storage and 

transport can therefore act either as source or sink of N, depending upon catchment.  

Total hydrologic time lag (tT) consists of two components: vertical time lag (tU) through the unsaturated 

zone (Huebsch et al., 2013; Vero et al., 2017b) and groundwater time lag (tS) through the saturated 

aquifer (Fenton et al., 2009b; Baily et al., 2011; Fenton et al., 2011). tU delivers an early indication of 

POM efficiency and groundwater quality (Vero et al., 2017b). The endpoint of tU i.e. the shallow 

groundwater NO3
- concentration provides the starting point for the interpretation of tS. Vero et al. 

(2017a) carried out tU modelling in the same catchments as the research presented herein, and while not 

explicitly described, the estimates of tU are added to the discussion to inform overall estimates of tT. 

The importance of tU is clear; however the focus of this paper is the groundwater travel time (tS).  

Groundwater travel times vary as a complex function of catchment hydrology and site-specific 

hydrogeological characteristics (Basu et al., 2010), with geological heterogeneity becoming 

increasingly important at smaller scales (Puls and Paul., 1997). Overburden thickness and permeability, 

the relative elevation of the equipotential surface (McLay et al., 2001), aquifer permeability and porosity 

(Fenton et al., 2009b) and recharge rate exert a significant influence on groundwater residence time, 

with travel times ranging from months to decades. Dominant groundwater flow paths vary in both space 

and time, as a complex function of recharge rate, hillslope position and the elevation of the equipotential 

surface. The rate of change between hydraulic conductivity and hydraulic head determines flow 

direction and velocity (Ritzema et al., 1994).  Piezometric surface elevation can have contrasting effects 

on groundwater NO3
- concentrations and fluxes, depending upon the hydro-geochemical properties of 

the aquifer. Shallow water tables can cause soils and subsoils to become saturated, increasing the 

potential for heterotrophic denitrification and NO3
- removal (Nolan, 2001; Jahangir et al., 2012a; 

McAleer et al., 2017). Conversely, retention of legacy N (particularly organic N) in soil and subsoil 

layers (Van Meter et al., 2016) represents a long-term source for mineralisation and NO3
- leaching 

(Fenton et al., 2017).  

The growing body of research pertaining to catchment time lag has been acknowledged in recent years 

with the extension of the WFD “good status” deadline from 2015 to 2021 (Fenton et al., 2017). Given 

that regional and local time lags were not factored into the original WFD legislation, it is clear that the 

understanding of how a system responds to temporal N pressures is in its infancy in Ireland and 

internationally. The mandate of the Agricultural Catchments Programme (ACP) is to test the efficiency 

of Irish measures under the Nitrates Directive. The response of catchment stream water quality to agri-

environmental mitigation strategies involves a complex interplay between the POM’s selected, the 

timing and location of method implementation, catchment meteorology, catchment hydrology and 

catchment hydrogeology. One of the main objectives of this research was therefore  to identify a realistic 

timeframe within which measurable water quality goals can be achieved.  
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Given the inherent geological complexity and spatial heterogeneity of aquifer flow systems, numerical 

modelling, backed up by quantitative field studies, offers a solution to quantify the flow and fate of 

surplus NO3
- under a range of climatic, geological and agronomic settings. This modelling approach 

has been applied to two agricultural hillslopes, which exhibit contrasting hydrological characteristics. 

In addition to quantifying groundwater travel time (tS) and its likely effect on the achievement of WFD 

goals, it is clear that the dominant groundwater flow paths and NO3
- concentrations along those flow 

paths do not remain constant in space and time. The secondary objective of the current paper is to 

quantify the relative contribution of groundwater NO3
- transport pathways to the stream at the hillslope 

scale.  Groundwater modelling and hydro-geochemical field study results are interpreted in terms of 

NO3
- transport capacity and residence time.  

5.2 Site description 

This study was undertaken in two headwater agricultural catchments in the Republic of Ireland. The 

catchments, described herein as sandstone and slate, have well drained soils and subsoils, but exhibit 

contrasting agronomic, hydrological and hydrogeological characteristics. Several intensive 

investigations have been carried out in both catchments as part of the Agricultural Catchments 

Programme. In these studies the sandstone catchment is described as Grassland A, while the slate 

catchment is referred to as Arable A.  Comprehensive descriptions of both study catchments are 

provided in McAleer et al. (2017), Mellander et al. (2012), Thomas et al. (2016) and Wall et al. (2011). 

A brief summary of both catchments is provided in Table 5.1. For each catchment, maps of bedrock 

geology, soil type, aquifer classification, groundwater vulnerability and a DEM (Digital Elevation 

Model) are provided in Appendix A. Each study catchment has two instrumented hillslopes, termed 

Sandstone N/Sandstone S and Slate N/Slate S. The hillslopes each intersect with the main catchment 

channel at their base, with the stream acting as the end receptor for up-gradient hillslope hydrological 

and hydrogeochemical processes. In Chapters 3 and 4 it was demonstrated that of the four study 

hillslopes, Sandstone N exhibited the greatest spatial and temporal variability in groundwater NO3
- 

concentrations. Conversely the Slate S showed the greatest spatial and temporal uniformity. 

Groundwater flow simulations were therefore created for the Sandstone N and Slate S hillslopes. 
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 Sandstone catchment  Slate catchment 

Area (ha) 758  1116 

Landuse Grassland (83%) Arable 

(13%) 

 Arable (69%) Grassland (29%) 

Dominant soil class Acid Brown Earth (88%)  Acid Brown Earth (84%) 

Soil drainage class Well drained  Well drained 

Groundwater vulnerability  High to Extreme  High to Extreme 

Bedrock geology Devonian Old Red Sandstone 

and mudstone  

 Ordovician slate and siltstone  

 
a Effective rainfall (mm/yr) 610  551 
b Baseflow  index (%) 73  77 
c Recharge (m/day) 0.002  0.002 
d Hillslope length Sandstone N (255m)  Slate S (750m) 

 

 

 

Multilevel monitoring boreholes were installed in the upslope, midslope and near stream zones of each 

hillslope. In total, 12 boreholes were installed, six of which are described herein. Each borehole 

typically contains three screened sections. The screened intervals range in length from one to four 

metres and are targeted to intercept both shallow and deeper groundwater pathways. A detailed 

description of monitoring well geometry and screened section geology is provided in Chapter 3: Table 

3.1. Both catchments are freely-draining and represent high risk areas to declining groundwater and 

surface water quality, as a result of NO3
- leaching and subsequent hydrodynamic transport. The 

baseflow index (BFI) describes the proportion of streamflow which is derived from groundwater. The 

high leaching capacity of the vadose zone was reflected in BFI values of 73% and 77% (Table 5.1) for 

the sandstone and slate catchments respectively. Subsurface hydrological pathways dominate and exert 

a significant influence on stream water quality.  

The sandstone catchment is located on the eastern margin of the South Munster basin, an approximately 

7km sequence of non-marine late Middle to Upper Devonian sediments (Maccarthy, 2007). Within the 

catchment area, three dominant bedrock formations are evident (Appendix A1). In order of oldest to 

youngest, these include: the Castlehaven Formation, the Toe Head Formation and the Old Head 

Formation. The formations differ in age but are all characterised as Old Red Sandstone, with a lithology 

of fine to medium sandstone with subordinate siltstone and mudstone. Bedrock in the south of Ireland 

was subject to intense folding, faulting, cleavage development and jointing during the Varsican 

orogeny. Within the sandstone catchment, this is evident. A west-east anticline in the north of the 

catchment dissects the Castlehaven Formation while a parallel alignment of alternating bedrock 

formations indicates intense bedrock folding, followed by surface weathering and bedrock truncation 

(Appendix A1). The sandstone catchment topography is influenced by localised bedrock folding, and 

Table 5.1: Agronomic, hydrological and hydrogeological characteristics of the sandstone and slate 

catchments. 

a Effective rainfall: Average annual effective rainfall from 2010-2016 (see Chapter 4, Tables 4.5 and 4.6). 
b Baseflow index: Average annual baseflow  index from 2010-2016. Calculated using the local minimum 

method (Sloto & Crouse, 1996) 
c Recharge: Daily recharge, calculated as average annual effective rainfall multiplied by average annual  

BFI/365. The numerical modelling approach requires a daily value of recharge. 
d Hillslope length: Distance from upslope boundary to stream. 
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is characterised by undulating slopes, with groundwater flow direction likely to mirror topography. The 

Sandstone N hillslope is located in the northwest of the catchment (Figure 5.1a & 5.1b). The hillslope 

is bounded by the main channel at its base with an inferred groundwater divide at the top of the hillslope. 

The groundwater divide emulates the anticlinal axis of the Castlehaven Formation (Appendix A1) and 

undulating catchment topography. Groundwater vulnerability ranges from moderate to extreme 

(Appendix A2).  Permeability is typically highest in the upper few metres of the aquifer, decreasing 

rapidly with depth (GSI, 2004a). The aquifer is unconfined with the majority of the catchment a 

characterised as a Locally Important Aquifer (GSI, 2004a) with bedrock that is Moderately Productive 

only in Local Zones (Appendix A3). 

Figure 5.1a shows the location of monitoring wells along Sandstone N with respect to topography with 

section line A-A’ marking the planar axis of the geological section (Figure 5.1b). A conceptual 

geological understanding of each hillslope was developed using a combination of borehole logs, ground 

penetrating radar, electromagnetic terrain conductivity (EM ground conductivity), 2D resistivity and 

seismic refraction (Mellander et al., 2014). Bedrock consists of a 3-dimensional pattern of mudstone 

and sandstone with minor siltstone and exhibits varying degrees of weathering (Figure 5.1c). Evidence 

of mudstone layers occurs primarily in the bottom half of the hillslope with strong sandstone in the 

upper hillslope.  

 

 

A relatively uniform layer (mean thickness: 1m) of free draining loam to clay loam (acid brown earth) 

covers the entire hillslope. This layer is underlain by a 2 to 4m thick layer of clayey gravel, with a 50m 

Figure 5.1: Sandstone catchment area, digital elevation model of MODFLOW hillslope area and 

geological section.  
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long lense of sand and gravel directly upslope of the midslope monitoring well. A combination of EM38 

and EM31 EM ground conductivity provides inference on soil and subsoil drainage to a depth of 

approximately 6 m BGL. The data indicates that Quaternary deposits are well drained throughout the 

length of the Sandstone N hillslope, becoming more waterlogged in the near stream zone .  

The slate catchment topography is characterised by undulating slopes (Figure 5.2a), with groundwater 

flow direction likely to mirror topography. Topography is strongly influenced by bedrock structure, 

with the western margins of the catchment defined by an anticlinal axis.  The Slate S hillslope is located 

in the southwest of the catchment. The hillslope is bounded at its base by the main catchment channel, 

while the upslope margin of the hillslope marks the edge of the slate catchment boundary. Figure 5.2b 

shows the location of monitoring wells along Slate S in relation to topography, with section line B-B’ 

marking the axis of the geological section. Within the slate catchment area, two dominant bedrock 

formations are apparent, both of Ordovician age: the Ballylane Formation and the Oaklands Formation 

(Appendix A5). The Oaklands Formation is comprised of purple-green siltstones and slates. The 

Ballylane Formation consists of green and grey slate with thin siltstone.  

The Oaklands Formation is characterised as unconfined and as a Poor Aquifer, with bedrock which is 

Generally Unproductive except for Local Zones. The Ballylane Formation is characterised as 

unconfined and as a Locally Important Aquifer, with Moderate Productivity in Local Zones (GSI, 

2004b) (Appendix A8). Very limited existing hydrogeological information is available for the 

groundwater body as it is considered to be a relatively poor groundwater resource. Both formations 

contain little or no intergranular permeability. Groundwater flow is entirely restricted to fractures, joints 

and fissures, with enhanced permeability in fault zones. Given the generally poor productivity, regional 

groundwater flowpaths are not expected to exist (GSI, 2004b). Effective aquifer thickness is expected 

to not exceed 30m BGL, with the majority of flow occurring within the upper weathered bedrock zone 

(GSI, 2004b). Groundwater vulnerability ranges from high to extreme, with greatest vulnerability in the 

upslope zone (Appendix A6).  

A relatively uniform Quaternary layer (mean thickness: 1.2m) of well drained acid brown earth covers 

the entire hillslope (Appendix A7). This is underlain by dense gravel in the top half of the hillslope 

(mean thickness: 2m) with less permeable clayey gravel present downslope (mean thickness: 2.5m). 

Geophysical (Mellander et al., 2014) and hydro-geochemical investigations (McAleer et al., 2017) 

reveal that the slate catchment area behaves in a manner contrary to the wider classification. In the 

vicinity of the catchment, bedrock folding has occurred during the Caledonian and Varsican oregenies, 

as indicated by anticlinal and synclinal axes throughout the area (Appendix A5). There is also evidence 

of extensive faulting (Appendix A5) within the catchment suggesting that localised secondary 

permeability may be enhanced. Seismic refraction and electrical resistivity surveys commissioned by 

Mellander et al. (2014) revealed vertically extensive layers of highly to moderately weathered slate 
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underlying the Quaternary deposits. These layers range in thickness from 5 to 18m BGL, with greatest 

magnitudes in the midslope and near stream zones (Figure 5.2c).  

 

 

 

5.3 Hydrogeological characterisation methods 

Hydrodynamic characterisation of the hillslope geology was achieved using a combination of slug tests 

and analysis of natural water level fluctuations. Groundwater levels were monitored on a sub-hourly 

basis using in-situ pressure transducers. The slug testing procedure provides an estimate of hydraulic 

conductivity (Ksat) in the immediate vicinity of the screened section. A solid PVC slug was rapidly 

lowered into each piezometer, causing a displacement in hydraulic head. The time taken for hydraulic 

heads to return to pre-slug introduction levels was measured using an in-situ pressure transducer. Slug 

tests were carried out in the field according to the methodology outlined in Butler (1998), utilizing the 

Bower and Rice (1988) numerical method for quantitative analysis.  For each screened interval, multiple 

stress level (initial head displacement) tests and a duplicate test at the largest stress level were carried 

out. In total, eight recovery test drawdown curves generated for each piezometer (four rising tests and 

four falling tests), from which hydraulic conductivity values were derived. The purpose of carrying out 

slug tests at the different stress levels was to investigate any differences in the diagnostic drawdown 

Figure 5.2: Slate catchment area, digital elevation model of MODFLOW hillslope area and geological 

section.   
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curves at each stress level. Drawdown responses displayed a concave upward curvature, most likely 

representing the influence of storage, and a concave downward curvature, cited as non-linear effects i.e. 

inertial forces in the well casing, fractures or a change in lithology within the slug tests radius of 

influence (Butler, 1998). Repeat analysis of the high stress level at the end of the procedure was to test 

for the presence of an evolving skin. i.e. the pushing of fine sediment into and out of the well screen 

during each slug test. If an evolving skin occurs, then the duplicate of the largest stress period detects a 

decrease in permeability compared to the first test.  

Effective porosity (ne) refers to the percentage of interconnected pore space within an aquifer. ne in 

fractured bedrock is generally taken to be approximately the same as specific yield (GSI, 2015). Aquifer 

specific yield (Sy) was calculated for each catchment using the Water Table Fluctuation method 

described in Healy & Cook (2002).  The method is derived under the premise that changes in water 

level in unconfined aquifers are as a result of recharge water arriving at the water table. Scanlon et al. 

(2002) indicate that the water table method is best applied to individual rainfall events in regions with 

shallow water tables which display sharp rises and falls in water levels. Six relatively well-defined 

rainfall events were targeted during 2012 and 2013 at the sandstone hillslope, and from 2010 to 2011 

at the slate hillslope. Different dates were used in the analysis for both catchments owing to high 

resolution water level data availability. This is not likely to have any significant effect on comparability 

of results, as the Sy of the aquifer is relatively fixed in time. In the near stream zones of both hillslopes, 

water level fluctuations were significantly dampened by proximity to the stream. The upslope zones 

piezometers are at the catchment boundary; therefore in order to achieve a representative measure of 

hillslope Sy and ne, the method was applied to the midslope piezometers. Assuming that groundwater 

inflows are equal to outflows, the water balance equation can be simplified to: 

𝑅 =  𝑆𝑦
∆ℎ

∆𝑡
  

Where: R = Recharge (m); Sy = Specific Yield (%); 
∆ℎ

∆𝑡
  = change in hydraulic head over time (m) 

Average recharge to the aquifer was calculated by multiplying the average annual effective rainfall by 

the average annual baseflow index. Baseflow discharge however is not necessarily directly equated to 

recharge due to evapotranspiration and potential underflow to deeper pathways (Scanlon et al., 2002). 

Misstear et al. (2009) provide an alternative methodology for making initial estimates of groundwater 

recharge using groundwater vulnerability maps and a recharge co-efficient. Based upon estimates of 

hydraulic conductivity and field observations, no evidence of rejected recharge was observed at the 

sandstone and slate catchments.  The typically High to Extreme vulnerabilities shown in the slate and 

sandstone hillslopes, suggests a recharge co-efficient of 70-90% (Misstear et al., 2009). This is in line 

with the average annual baseflow indices outlined in Table 5.1 for both catchments. Effective rainfall 

was calculated according to the methodology outlined in Schulte et al. (2006), while the base flow index 
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was derived from the ratio of river base flow and total river discharge. The baseflow component of flow 

was estimated from discharge using the local minimum method (Sloto and Crouse, 1996). 

5.4 Groundwater Modelling Framework and Methodology 

Numerical 2D “slice” models for groundwater flow were constructed for each hillslope based upon the 

conceptual geological and meteorological understanding described in Section 5.2. The Upstream 

Weighting package was employed to specify properties controlling flow between adjacent model cells 

while the USGS MODFLOW NWT finite difference solver (Nitswonger et al., 2011) was used to 

calculate the distribution of hydraulic head at each hillslope. The MODFLOW NWT package is a 

Newton-Raphson formulation for MODFLOW-2005, designed with improved capability for drying and 

re-wetting of model cells.  The models were run in steady state under two stress periods: an average 

flow scenario and a high recharge scenario. Model input parameters for the high recharge scenario were 

derived from the average winter effective rainfall and the average winter baseflow index.  

Model calibration was undertaken based upon a survey of groundwater hydraulic head at each of the 

groundwater monitoring wells (see Figures 5.1 & 5.2 for calibration well locations). A two-step 

calibration procedure was implemented using automated parameter estimation (PEST) (Doherty, 2004) 

followed by a secondary pilot point (Doherty, 2011) approach. Using the MODPATH post processing 

programme (Pollock, 2016), two-dimensional groundwater flow paths were generated to the stream 

receptor. The proportional contribution of each aquifer zone to the stream was calculated using the 

USGS ZONEBUDGET post processing package (Harbaugh, 1990). 

The x axis of Sandstone N groundwater flow model corresponds to section line A-A’ in Figure 5.1c. 

Figure 5.3a illustrates the groundwater flow model grid, the arrangement of model layers, model 

boundary conditions and the distribution of observation points. The conceptual hydrogeological model 

for Sandstone N identified three dominant lithostratigraphic units: topsoil, clayey gravel and sandstone. 

Based upon the hydrodynamic characterisation, the sandstone aquifer was further subdivided into three 

layers. The SSFrac model layer represents the top 10 to 15 metres of fractured/weathered sandstone 

bedrock.  Two additional model layers (SSBed1 & SSBed2) were created to represent the more competent 

sandstone bedrock between 15 and 30m BGL (Figure 5.3a) The effective thickness of the aquifer is not 

likely to exceed 30m (GSI, 2004a); as such, the model bottom, which is essentially a low permeability 

no flow boundary, was set at 30m BGL. This gives some uncertainty to the model; however in the 

absence of available data to the contrary, an assumption had to be made.  

At Sandstone N, the two-dimensional model grid was 300 by 1 by 40 cells in the x, y and z directions 

respectively. Model discretization in the x and y dimension was designed so that each model cell was 

approximately 1m x 1m. Additional discretization was created where observation boreholes were 

located and at the stream boundaries. The main negative effect of model over-discretization is that 

model run time, the potential for non-convergence increase as cell size increases. Given that the model 
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had only one cell in the y dimension, the total number of model cells with in the modelled domain was 

low. Non-convergence of the model was not an issue and as such, an approach of over rather than under-

discretization was taken. Given the available geophysical and hydraulic data, the 1x1m grid size was 

adequate to describe the likely variation in hydraulic properties and stresses within the modelled region 

and also the likely complexity of head distribution within the model domain. A deformed model grid 

was superimposed in the y dimension allowing for horizontal continuity of stratigraphic layers. This 

has an advantage over a non-deformed or linear grid, which would result in model cells containing more 

than one stratigraphic unit. 

The model has three dominant boundary conditions. The topmost boundary of the hillslope (at the 

upslope zone of the hillslope (Figure 5.1) was treated as a constant head boundary (CHB). Water was 

allowed to move downgradient from top to bottom, and could not flow up-gradient out of the model 

domain. Recharge into the model was simulated using the MODFLOW Recharge Package. A recharge 

flux boundary (RCB) (Harbaugh et al., 2000) was applied as a constant array along the length of the 

hillslope, simulating the arrival of recharge at the highest active model cell (Figure 5.3a). Unsaturated 

zone transport was therefore not considered in the modelling process. Given the relatively short length 

of the hillslope (Table 5.1), RCB flux was assumed to be constant along the entire hillslope. A General 

Head Boundary (GHB) was used to simulate flow through the side and bottom of the stream and out of 

the model (Figure 5.3a). The boundary condition involves entering a stream stage and streambed 

conductance. Stream conductance is the term specified by the GMS modelling programme but in 

practice it is identical to transmissivity of the streambed sediments. Streambed conductance was 

obtained from the literature and assumed to reflect that of sand and gravel.  

The x axis of the Slate S groundwater flow model corresponds to section line B-B’ in Figure 5.2c. The 

model consists of six layers in total (Figure 5.3b). Topsoil and clayey gravel make up the top two model 

layers with the remainder of the model comprised of slate bedrock.  The results of the geophysical 

investigation and geological conceptual model identified relatively well-defined layers of highly 

weathered, moderately weathered and more competent slate bedrock. The competent slate layer was 

split into two layers, allowing for permeability variance with depth. At Slate S, the two-dimensional 

model grid is 700 by 1 by 40 cells in the x, y and z directions respectively. The model has three dominant 

boundary conditions which are similar to the boundary conditions at Sandstone N. Water entered the 

model via a constant RCB flux boundary along the length of the hillslope and a constant head boundary 

(CHB)  at the topmost boundary (upslope zone, see Figure 5.2). Water exited the model through the 

side and bottom of the stream which was simulated using a general head (GHB).  
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Figure 5.3a: Sandstone N lithostratigraphic model layers, 2D grid spacing, model boundary 

conditions and pilot point array. Figure 5.3b: Slate S geological model layers, 2D grid spacing, 

model boundary conditions and pilot point array.  
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5.5 Groundwater Modelling Results 

5.5.1 Sandstone N hydrogeological characterisation 

Slug test measurements of hydraulic conductivity at each of the 11 Sandstone N groundwater 

monitoring boreholes are displayed in Table 5.2. Results indicated a layered distribution of 

permeability, becoming less permeable with increasing depth. The highest Ksat value (4.8m/day) was 

measured in the overlying clayey gravel deposits. Ksat in the weathered sandstone layer (SSFrac) ranged 

from 0.6 to 2.5m/day indicating that fracturing and weathering increased permeability and secondary 

porosity in the shallow aquifer. Underlying the weathered bedrock, the more competent bedrock 

permeability decreased with increasing depth (Table 5.2), with lowest measured values in the SSBed2 

layer (range 0.09 – 0.3m/day).  

 

Sandstone N 

Near stream zone  Midslope zone  Upslope zone 

Depth 

(m BGL) 

Model 

layer 

Ksat 

(m/day) 

 Depth 

(m BGL) 

Model 

layer 

Ksat 

(m/day) 

 Depth 

(m BGL) 

Model 

layer 

Ksat 

(m/day) 

P1: 2 - 3.5 aCG 4.8  P1: 4 - 7 SSFrac 2.5  P1: 7 - 10 SSFrac 1.0 

P2: 5.5 - 8.5 bSSFrac 0.8  P2: 12 - 15 SSBed1 0.4  P2: 14.5 - 17.5 SSBed1 1.9 

P3:  9 - 12 SSFrac 0.6  P3:  27 - 30 SSBed2 0.3  P3:  22 - 25 SSBed2 0.09 

P4: 16.5 - 19.5 cSSBed1 0.7         

P5: 22 - 25 dSSBed2 0.3         

 

 

The sensitivity analysis of the model input parameters revealed that heterogeneity in the distribution of 

hydraulic conductivity within and between each lithostratigraphic layer exerted the greatest influence 

on the simulation of hydraulic head. A calibration of the Ksat distribution was undertaken. Figure 5.4 

illustrates the results of the calibration. A best fit starting value of Ksat was calibrated for each 

lithostratigraphic unit by allowing the automated PEST to vary layer Ksat against observed hydraulic 

head. Ksat was allowed to fluctuate within the measured range observed in the field (Table 5.2). Field 

measurements indicated that Ksat was variable not just between lithostratigraphic layers, but also within 

each layer. In order to allow for this dynamic, a secondary pilot point (Doherty, 2011) approach was 

taken. An array of scatter pilot points (Figure 5.2a) within each model layer was created, using the Ksat 

layer value from the automated PEST approach as the starting value at each pilot point. The calibration 

model was run with observed hydraulic head as the calibration target, and allowing the Ksat value at 

each pilot point to fluctuate within a range of values which were found to be reasonable in the available 

literature. A nearest neighbour interpolation was used to create a Ksat field for each modelled hillslope.  

Table 5.2: Sandstone N hillslope: hydraulic conductivity results from slug test analyses. 

aCG: Clayey gravel 
bSSFrac: Weathered sandstone  
cSSBed1: Competent sandstone bedrock  
dSSBed2:  Competent sandstone bedrock 
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The calibrated Ksat solution indicated that Ksat was relatively consistent along the length of the 

hillslope in the deeper aquifer (SSBed1 & SSBed2). The calibrated Ksat field reproduced the distribution 

of high permeability gravels lenses within the clayey gravel layer successfully (see Figure 5.1c), also 

highlighting an area of increased subsoil permeability in the near stream zone. The permeability 

distribution in the weathered bedrock SSFrac and SSBed1 was highest in the upslope zone, with an area of 

comparatively lower Ksat between the midslope and near stream zone. This may correspond to the 

strong mudstone layer identified during the geophysical investigation and conceptual model 

development (Figure 5.1c). 

 

 

 

 

The results of the water table fluctuation method of specific yield estimation applied to the midslope 

zone of the Sandstone N hillslope are presented in Figure 5.5 and Table 5.3. The relative water level 

response to recharge at each of the screened intervals was comparatively homogeneous with depth (data 

not shown). No significant difference was observed in the water level response between the clayey 

gravel layer and the underlying bedrock, suggesting potential  infilling of void space in the gravel.  

Figure 5.4: Calibrated distribution of hydraulic conductivity at Sandstone N & boxplots of 

hydraulic conductivity within each geological layer. The lower and upper hinges of the boxes 

correspond to the first and third quartiles of the data. The solid black line represents the 

median of the data, while the red line describes the mean. The top and bottom whiskers of the 

plot define the 5th and 95th percentiles.  
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A single value of effective porosity (ne) was utilized in the model to describe the aquifer. Figure 5.5 

illustrates the fluctuation method applied between 12 and 15m BGL in the bedrock of Sandstone N over 

six relatively well defined rainfall events in 2012 and 2013. A pronounced response of water levels to 

recharge was identified, which is characteristic of high Ksat/transmissivity allied to low Sy (Misstear 

and Fitzsimmons, 2003).  

Calculated values of Sy over the six rainfall events ranged from 0.022 to 0.034 in the sandstone bedrock 

over a range of recharge magnitudes. The average Sy over the six rainfall events of 0.025 was utilized 

throughout the Sandstone N model. In contrast to the slug testing methodology, where a well established 

methodology exists to calculate Ksat, representative values of ne in fractured or competent bedrock are 

inherently difficult to quantify. As described in Irish Aquifer Properties – A reference Manual and 

Guide (GSI, 2015) “available specific yield and effective porosity data are limited in number and 

regional distribution”. The overall geometric mean from 35 records in the Irish database of specific 

yield spanning all aquifer categories was 1% (GSI, 2015). The calculated Sy are comparable to those 

presnted by Tedd et al. (2012). 

The calculated average ne of 0.025 for the Sandstone N hillslope was within expected margins.  

 

 

 

 

 

 

Figure 5.5: Water table fluctuation method of Sy determination applied to bedrock in the upslope zone 

of Sandstone N.  
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Effective 

Rainfall (mm) 

Baseflow index  

(monthly mean) 

Recharge 

(mm) 

Change in 

head (m) 

Specific yield 

(Sy) 

Rainfall event 1 110.0 0.63 70.1 3.1 0.023 

Rainfall event 2 107.3 0.63 67.4 3.0 0.022 

Rainfall event 3 95.1 0.60 56.9 2.6 0.022 

Rainfall event 4 80.3 0.72 57.8 1.2 0.032 

Rainfall event 5 30.4 0.88 26.9 0.8 0.034 

Rainfall event 6 45.5 0.78 35.4 1.6 0.022 

     Average: 0.025 

5.5.2 Sandstone N numerical simulations 

The simulation results of the Sandstone N Model were compared with observed hydraulic heads in each 

of the eleven groundwater observation wells (Figure 5.6). A detailed description of each monitoring 

well is provided in Chapter 3 (Section 3.2.2). In general, the model reproduced field measurements of 

hydraulic head accurately. The mean residual between observed and simulated head throughout the 

hillslope was 26cm, with a range of 13 to 64cm. The correlation between simulated and observed was 

strongest in the midslope and upslope hillslope zones, whereas the model marginally overestimated 

heads in the near stream zone.  The mean absolute error (MAE) and root mean squared error (RMSE) 

for the model were 21 and 34 cm, respectively.  

 

 

Figure 5.6: Comparative analysis of observed hydraulic head versus simulated hydraulic head at 

Sandstone N. 

 

Table 5.3: Calculated specific yield in the sandstone hillslope bedrock over 6 rainfall events in 2012/13. 
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The distribution of hydraulic head and calculated vertical hydraulic gradients for the Sandstone N 

hillslope are presented in Table 5.4. The calculated head gradients were measured in Spring 2012 (April 

4th) and are representative of average recharge conditions in the catchment. Appendix D illustrates the 

temporal distribution of hydraulic head along the entirety of the hillslope in 2012. In the near stream 

zone, vertical gradients indicated upwelling from the more competent sandstone into fractured 

sandstone, and from the fractured sandstone in to the clayey gravel layer. In the midslope zone, 

downwelling of groundwater from the fractured sandstone into deeper sandstone was evident with some 

upwelling within the fractured sandstone layer. In the upslope, somewhat contrary to expectation, an 

upward gradient was measured between deeper more consolidated bedrock and the fractured bedrock. 

Figure 5.1. illustrates that the top of the Sandstone N hillslope does not represent the top of the 

catchment. It is possible that a shallow groundwater from further upslope may upwell at the upslope 

zone fractured zone. SSBed1 (which comprises more competent sandstone bedrock downwells) into the 

deeper sandstone layers.   

 

 

 

 
Piezo. Strata Depth 

(mBGL) 
Hydraulic 

head (maOD) 

a∂L 

 (m) 

b∂H 

(m) 

cVHG 

 P1 2SSFrac 5.5 52.261    

P2 3SSBed1 13.5 52.495    

P3 4SSBed2 28.5 52.336    

 

 P1 2SSFrac 5.5 46.094    

P2 2SSFrac 13.5 46.096    

P3 SSBed 2 28.5 46.086    

 

 P1 1CG 2.8 33.862    

P2 2SSFrac 7.0 33.924    

P3 2SSFrac 10.5 33.965    

P4 3SSBed1 18.5 33.971    
4SSBed2 4SSBed2 

23.5 34.021    

 

 

 

 

Table 5.4: Vertical hydraulic gradients at the Sandstone N hillslope as calculated from observed 

hydraulic head measurements. The red arrow signifies a vertical hydraulic gradient which resulted 

in downwelling from one layer to another. A blue arrow signifies a vertical hydraulic gradient 

which resulted in upwelling.  

 

 0.00025 (P2-P1) 

 0.00067 (P2-P3) 

8.0 

15.0 

0.002

2 0.01 

Mid- 

slope 

zone 

 0.031 (P2-P1) 

 0.013 (P2-P3) 

7.5 

12.5 

0.234 

0.159 

Up- 

slope 

zone 

0.015 (P2-P1) 

0.012 (P3-P2) 

0.001 (P4-P3) 

0.01 (P5-P4) 

4.2 

3.5 

8.0 

5.0 

0.062

2 0.041

2 0.006

2 0.052 

Near- 

stream  

zone 

a∂L: Vertical distance from the centre of one well screen to the centre of the next.  

b∂H: Change in groundwater hydraulic heads between geological layers 
a∂H: Vertical hydraulic gradient between well screens (geological layers). 

1CG: Clayey gravel 
2SSFrac: Weathered sandstone  
3SSBed1: Competent sandstone bedrock  
4SSBed2:  Competent sandstone bedrock 
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Figure 5.7 illustrates the results of Sandstone N MODFLOW model under two stress periods: an average 

flow scenario (Figure 5.7a) and a high flow scenario (Figure 5.7b). A 2014 dataset of recharge and 

constant head input boundary conditions was used to drive the model. Spring averages were used in the 

average simulation while winter averages were used for the high recharge scenario. Recharge was 

assumed to be equal to effective rainfall multiplied by the base flow index. The baseflow index includes 

both deeper slower groundwater flow and shallower faster groundwater flow. A fixed recharge value of 

2mm per day was used in the average flow condition, while in the high flow condition, this was doubled 

to 4mm per day. Figure 5.7a plots simulated hydraulic head, lithostratigraphic layer boundaries and 

groundwater flow paths through each layer to the stream.  

In order to characterise both horizontal and vertical variation in groundwater time lag, particles were 

released along vertical sections, from shallow to deeper groundwater, at points adjacent to the midslope 

and upslope observation boreholes. Additional particles were introduced at the water table surface at 

midpoints between the observation boreholes. In total 35 particles were introduced into the model at 

various hillslope starting points, all of which eventually discharge to the stream. Direction arrows with 

a 10-day interval are used to describe the velocity distribution throughout the hillslope. Figure 5.6c 

plots computed residence times for each of the 35 particles. Groundwater travel time (tS) varied 

substantially throughout the 250m length of the hillslope as a function of particle starting positions, 

ranging from  32 days (shallow groundwater pathway, 80m from stream) to 1834 days (deeper 

groundwater pathway, approximatly750m from stream) (Figure 5.7c).  

Shallow groundwater pathways 

Taniguchi et al. (2008) state that groundwater greater than 100m from the land surface is considered 

deep, with anything above characterised as shallow. By definition therefore, all of the groundwater 

within this study is considered to be shallow. For descriptive purposes however, groundwater which is 

within 10m of the ground surface is referred to as “shallow groundwater”. Below 10m BGL, pathways 

are referred to as “deeper groundwater”. During average flow conditions the clayey gravel and topsoil 

layers remained largely unsaturated, with shallow groundwater discharge occurring primarily within 

the weathered sandstone layer (SSFrac). The base of the SSFrac layer is approximately 12 m BGL. Two 

dominant SSFrac shallow groundwater flow regimes were identified, depending upon particle starting 

locations. Particles released at the groundwater surface in the upslope hillslope zone (Figure 5.5a: P13 

& P14) were incorporated into a downwelling flow pathway. The flow path moved along the bottom of 

the weathered sandstone layer (SSFrac), progressing into more competent bedrock (SSBed1) before 

upwelling back into SSFrac, and finally through the clayey gravel layer to the stream. The mean residence 

time of groundwater along this flowpath was 180 days (6 months) (Figure 5.7c). Particles P1, P2 & P12 

(Figure 5.7a) were released further downslope and closer to the stream at 80, 140 and 190m intervals. 

Corresponding travel times ranged from 32 to 133 days, increasing with distance from the stream. While 

these pathways still occupied the SSFrac layer, significantly less downwelling occurred, with the majority 
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of flow remaining within the upper portion of SSFrac. With increasing distance from the stream, 

pathways originating at the groundwater surface were more likely to progress deeper into less permeable 

strata.  

 

 

 

 

Figure 5.7a & b: Average & high recharge model simulations at the Sandstone N hillslope. 

Figure 5.7c: Computed residence time for each of the generated particles in the model. 
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Deeper groundwater pathways 

Groundwater travel times increased markedly with depth below ground level corresponding to 

decreasing permeability (Figure 5.4). To characterise deeper flow paths, particles were released at 

points within the deeper aquifer layers (SSBed1 & SSBed2). The depths to the base of the SSBed1 and SSBed2 

model layers are approximately 20 and 30m BGL respectively. In the SSBed1 layer, particles P15 to P18 

(Figure 5.7a) characterise groundwater flow paths from the upslope zone to the stream. Residence times 

within the layer ranged from 206 to 594 days, increasing with depth below ground level. Particles P5 

to P8 described flow paths within the SSBed1 layer from the midslope zone to the stream. In closer 

proximity to the stream receptor, residence times were shorter ranging from 101 to 167 days. Flow paths 

within SSBed1 began to upwell into the SSFrac layer approximately 50m from the stream, then through 

the clayey gravel layer in the near stream zone and into the stream. In the deepest model layer (SSBed2), 

particles P19-P22 (Figure 5.7a) described groundwater flow from the upslope borehole to the stream. 

Groundwater travel time within the layer ranged from 1586 to 1834 days (4.4 to 5.1 years). Closer to 

the stream, particles released in SSBed2 at the midslope zone (P9-P11) had travel times ranging from 

544 to 720 days (1.5 to 2 years).  

High recharge mobilised pathways 

Shallow groundwater flowpaths are not constant in both space and time. In order to account for this 

dynamic, the model was run under a high recharge, high water level simulation (Figure 5.7b). The 

results plot additional shallow groundwater pathways that did not exist during average flow conditions. 

It is important to note that Figure 5.7b only displays additional groundwater pathways activated during 

high recharge. The pathways identified in the deeper aquifer (SSBed1 & SSBed2) in Figure 5.7a occur 

simultaneously with the mobilised shallow pathways during high recharge conditions.  

During high recharge, the clayey gravel subsoil layer, which was largely unsaturated during average 

flow, becomes almost completely saturated. The results of the hydrodynamic characterisation revealed 

that the clayey gravel layer had the highest permeability of all the aquifer layers (Figure 5.4). An 

additional 13 particles were released into the model to describe high recharge shallow groundwater 

pathways (Figure 5.7b) and the travel times associated with each particle are shown in Figure 5.7c. 

Particles P23 to P26 characterised flow through the clayey gravel layer from the midslope zone to the 

stream. Travel times were fast within the layer, ranging from 9 to 25 days. Particles P27-P35 were 

introduced into shallow groundwater in the upslope zone. In contrast to the shallow groundwater flow 

during the average simulation, pathlines were much more horizontal. P27 & P28 were released at the 

water table surface in the upslope zone during high flow, and remained within the clayey gravel layer 

from source to the stream. Groundwater transport through these pathways is rapid, with residence times 

of only 23 and 36 days respectively.  Additional shallow groundwater particles were released in the 

fractured sandstone (SSFrac) at the upslope zone during high flow (P29 to P35). The pathways exhibit a 

range in travel time of 27 to 88 days. These particles were released in approximately the same location 
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as P13 and P14 (Figure 5.7a) which as described during the average flow simulation, represented a 

downwelling flowpath with a mean residence time of 6 months. Conversely, during high recharge, the 

flow paths switched to a more horizontal progression and moved into the clayey gravel layer, rather 

than deeper into the aquifer. This resulted in a >50% decrease in shallow pathway travel time to the 

stream.  

Streamflow contribution 

While travel times were highly variable within each lithostratigraphic layer, the proportion of 

groundwater from each layer did not contribute equally to streamflow. Travel times associated with the 

dominant groundwater pathways will influence the overall water quality timelag greater than weaker 

pathways. In order to account for this, a zone budget approach was used to characterise the relative 

contribution of each aquifer layer to streamflow. The results of the MODFLOW Zone Budget analysis 

are presented in Figure 5.8. During average flow, the weathered sandstone layer (SSFrac) dominated the 

flow regime, comprising 55% of the total volume of groundwater water transported to the stream. 

Deeper groundwater made up a combined 31% of streamflow, with 21% flowing through SSBed1and the 

remaining 10% coming from the deepest groundwater layer SSBed2. 14% of streamwater came from the 

clayey gravel layer, with the pathway only becoming fully saturated in the near stream zone. During 

high recharge, the flow budget changed substantially. The previously unsaturated clayey gravel layer 

filled with water, and made up 55% of the volume entering the stream. The SSFrac, SSBed1 and SSBed2 

make up 28%, 11% and 5% respectively.  

 

 

 

 

 

Figure 5.8: Results of the MODFLOW zone budget analysis at Sandstone N, detailing the contribution 

of each model layer to the stream under average and high recharge scenarios. 
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5.5.3 Slate S hydrogeological characterisation 

Slug test measurements of hydraulic conductivity from Slate S groundwater monitoring boreholes are 

displayed in Table 5.5.  The results of the geophysical investigation revealed relatively well-defined 

layers of weathered and competent bedrock (Section 5.2). Results indicate high permeability strata 

throughout the hillslope, which is extensive to the maximum depth measured (33.5mBGL). High Ksat 

measurements as deep as 25 m BGL (Table 5.5: Upslope zone), indicate that the depth of fracturing 

within the hillslope is extensive. Ksat in the weathered slate layers ranges from 0.4 to 5.2 m/day. In the 

more competent bedrock, Ksat values of 0.4, 0.9, 1.0 and 5.3m/day were measured. While the 

geophysical investigation suggests that the slate is more competent at these depths, it is likely that zones 

of enhanced fracture permeability exist at depth.  

 

Slate S 

Near stream zone  Midslope zone  Upslope zone 

Depth 

(m BGL) 

Model 

layer 

Ksat 

(m/day) 

 Depth 

(m BGL) 

Model 

layer 

Ksat 

(m/day) 

 Depth 

(m BGL) 

Model 

layer 

Ksat 

(m/day) 

P1: 3.5 - 6.5 aSlateHW 4.2  P1: 4 - 7 SlateHW 2.5  P2: 14.5 – 17.5 cSlateBed1 1.0 

P2: 14 – 17 bSSMW 5.2  P2: 12 - 15 SlateMW 0.4  P3: 22.5 - 25 SlateBed2 5.3 

P3:  30.5 - 33.5 dSlateBed2 0.4  P3:  27 - 30 SlateBed2 0.9  

 

 

The sensitivity analysis of the model input parameters revealed that heterogeneity in the distribution of 

hydraulic conductivity in the moderately and highly weathered (SlateHW and SlateMW) model layers had 

the greatest bearing on simulated hydraulic head. A detailed calibration of the Ksat distribution was 

undertaken using the two-step automated parameter estimation (PEST) and pilot point approach 

previously outlined in Section 5.5.1. The calibration model was run with observed hydraulic heads at 

each of the eight monitoring wells as the calibration target. Figure 5.9 illustrates the results of the PEST 

approach, and range of calibrated Ksat values. The calibrated permeability field solution indicates that 

Ksat was relatively consistent along the length of the hillslope in the deepest  aquifer layer (SlateBed2). 

In SlateBed1, the mean calibrated permeability of 0.68m/day compared well with the measured values. 

The range in calibrated Ksat of 0.2 - 4.9m/day however illustrates the potential for high permeability 

horizons in the deeper aquifer. The average calibrated permeability (4.2m/day) in the moderately 

weathered slate layer (SlateMW) compares well with observed values (Table 5.5). The range in calibrated 

values of 0.5 to 9.9m/day highlights the importance of allowing for variability within the Ksat field 

particularly in fractured aquifer systems.  

aSlateHW: Highly weathered slate 
bSlateMW:  Moderately weathered slate 

 

 

cSlateBed1: Competent slate bedrock  
dSlateBed2: Competent slate bedrock 

 

 

 

Table 5.5: Slate S hillslope: hydraulic conductivity results from slug test analyses. 
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Permeability in the highly weathered slate layer (SlateHW) had the greatest effect on the calibration with 

observed hydraulic head. Inputting the mean slug test permeability of 3.4 m/day as a constant layer 

value for SlateHW resulted in significant model error, with simulated hydraulic heads greatly exceeding 

observed values. Slug test measurements of Ksat represent only a small portion of aquifer in close 

proximity to the well screen. Given the large range of permeability (0.009 to 90m/day) which is possible 

in fractured metamorphic rock (Earle, 2017), Ksat within the SlateHW model layer was given the freedom 

to vary substantially during calibration, with the upper calibration limit for Ksat exceeding that which 

was observed during field measurements. The average calibrated Ksat for the weathered slate layer was 

12.1m/day, with a range of 5.2 to 19.7m/day. Areas of enhanced permeability were identified in the 

near stream zone in particular.  

 

 

 

 

 

Figure 5.9: Calibrated distribution of hydraulic conductivity at Slate S and boxplots of 

hydraulic conductivity within each geological layer. The lower and upper hinges of the 

boxes correspond to the first and third quartiles of the data. The solid black line represents 

the median of the data, while the red line describes the mean. The top and bottom whiskers 

of the plot define the 5th and 95th percentiles. 
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The results of the water table fluctuation method of Sy determination applied to bedrock the Slate S 

hillslope are presented in Figure 5.10 and Table 5.6. Water level fluctuations were more pronounced as 

compared to the sandstone catchment, indicative of a lower ne. The method was applied over six 

relatively well defined rainfall events during 2010 and 2011 at the midslope zone piezometers. 

Calculated values of Sy over the six rainfall events ranged from 0.005 to 0.011 in the slate hillslope 

bedrock over a range of recharge magnitudes. Similar to the Sandstone N hillslsope, the response of 

water levels to recharge was relatively homogenous with depth, suggesting that a single value of Sy 

could be used for the entire aquifer.  The average Sy over the six rainfall events of 0.009 was utilized 

throughout the Slate S model as an approximation for ne. The calculated Sy are comparable to those 

presented by Tedd et al. (2012). 

 

 

 

 
Effective 

Rainfall (mm) 

Baseflow index  

(monthly mean) 

Recharge 

(mm) 

Change in 

head (m) 

Specific yield 

(Sy) 

Rainfall event 1 68.5 0.63 43.1 6.6 0.007 

Rainfall event 2 43.4 0.58 25.2 5.3 0.006 

Rainfall event 3 43.8 0.79 34.6 4.3 0.008 

Rainfall event 4 12.7 0.73 9.3 1.6 0.005 

Rainfall event 5 25.7 0.73 18.8 1.8 0.01 

Rainfall event 6 29.6 0..65 19.2 1.7 0.011 

     Average: 0.009 

 

Table 5.6: Calculated specific yield in the slate hillslope bedrock over 6 rainfall events in 2010/11. 

Figure 5.10: Water table fluctuation method applied to bedrock in the midslope zone of Slate S.  
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5.5.4 Slate S numerical simulations 

Table 5.7 illustrates the distribution of hydraulic head during average recharge conditions at the 

Sandstone N hillslope. The simulation results of the Slate S model were compared with observed 

hydraulic heads in each of the eleven groundwater observation boreholes (Figure 5.11). A detailed 

description of each monitoring well is described in Chapter 3 (Section 3.2.2). In general, the model 

reproduced field measurements of hydraulic head successfully. The mean residual between observed 

and simulated head throughout the hillslope was 17cm, with a range of 0.1 to 42cm. The correlation 

between simulated and observed head was strongest in the midslope and upslope hillslope zones, 

whereas the model marginally overestimated heads in the near stream zone.  The root mean squared 

error (RMSE) for the model was 8cm. 

 

 

 

 

 

 

 

 

 

Figure 5.11: Comparative analysis of observed hydraulic head versus simulated hydraulic head at Slate S. 
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The distribution of hydraulic head and calculated vertical hydraulic gradients for the Slate S hillslope 

are presented in Table 5.7. The calculated head gradients were measured in Autumn 2011 (November  

3rd) and are representative of average recharge conditions in the catchment. Appendix D illustrates the 

temporal distribution of hydraulic head along the entirety of the hillslope in 2011. In the near stream 

zone, vertical gradients indicated upwelling from the more competent slate into moderately  fractured 

slate, and from the moderately fractured slate in to the highly fractured slate. In both the midslope and 

upslope zones, the vertical gradients suggest downwelling from fractured bedrock into deeper bedrock. 

The temporal distribution of head at the hillslope (Appendix D) revealed that at different times of year, 

upwelling from lower permeability horizons in highly fractured layers was also a possibility in midslope 

and upslope zones.  

 

 

 

 

 
Piezo Strata Depth 

(mBGL) 
Hydraulic 

head (maOD) 

a∂L 

(m) 

b∂H cVHG 

 P1 1SlateHW 9.0 75.157    

P2 2SlateMW 17.5 74.882    

P3 4SlateBed2 38.5 74.853    

 

 P1 1SlateHW 9 56.658    

P2 2SlateMW 15.5 56.619    

P3 4SlateBed2 38.5 55.198    

 

 P1 1SlateHW 5 39.58    

P2 2SlateMW 15.5 39.824    

P3 4SlateBed2 32 38.834    

 

 

 

 

 

Figure 5.12 illustrates the results of the Slate S MODFLOW model which like the Sandstone N 

simulation was run under two stress periods: an average flow scenario (Figure 5.12a) and a high 

Up- 

slope 

zone 

Near- 

stream  

zone 

0.02 (P2-P1) 

0.0006 (P3-P2) 

10.5 

16.5 

0.244

2 0.012 

 0.01 (P1-P2) 

 0.06 (P2-P3) 

6.5 

23.0 

0.039

2 1.421 

Mid- 

slope 

zone 

21.0 0.05 

 0.032 (P2-P1) 

 0.002(P2-P3) 

8.5 0.275 

Table 5.7: Vertical hydraulic gradients at the Slate S hillslope as calculated from observed 

hydraulic head measurements. The red arrow signifies a vertical hydraulic gradient which resulted 

in downwelling from one layer to another. A blue arrow signifies a vertical hydraulic gradient 

which resulted in upwelling.  

 

a∂L: Vertical distance from the centre of one well screen to the centre of the next.  

b∂H: Change in groundwater hydraulic heads between geological layers 
a∂H: Vertical hydraulic gradient between well screens (geological layers). 

 

 
  

1SlateHW: Highly weathered slate 
2SlateMW:  Moderately weathered slate 

 

 

3SlateBed1: Competent slate bedrock  
4SlateBed2: Competent slate bedrock 
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recharge scenario (Figure 5.12b). Figure 5.12a plots simulated hydraulic head, lithostratigraphic layer 

boundaries and groundwater flow paths through each layer to the stream. Direction arrows with a 10-

day interval are used to describe the velocity distribution throughout the hillslope. In total, 27 particles 

were introduced, all of which eventually discharge to the stream.  The Slate S hillslope is approximately 

three times greater in length than the Sandstone N modelled hillslope. In order to account for this, 

particles were introduced along vertical sections adjacent to the midslope (MS) and upslope (US) 

monitoring wells, and also at midpoints between the near stream  and midslope zone ((MS(a)) and 

between the  midslope and upslope zone (US(a)). Figure 5.12c plots computed residence times for each 

of the particles. Groundwater travel times varied throughout the 760m length of the hillslope as a 

function of particle starting positions, ranging from 14 days (shallow groundwater pathway, 250m from 

stream) to 485 days (1.3 years)  at the deepest particle starting position, 250m from stream (Figure 

5.12a).  

Shallow groundwater pathways 

During average flow conditions the topsoil and clayey gravel layer were largely unsaturated with the 

exception of the near stream zone, where the water table is almost at the surface. The highly weathered 

slate layer (SlateHW) was unsaturated in the upslope and midslope zones. The layer became saturated 

approximately 220m from the stream (Figure 4.12a). Upon saturation, pathways within the SlateHW 

were mobilised and contribute to streamflow. At the top of the model, the water table occurs within the 

more competent slate layer (SlateBed1). In contrast to the Sandstone N model, groundwater flow paths in 

the shallow upslope groundwater did not down well significantly. Pathways were more horizontal with 

a tendency to concentrate within each lithostratigraphic layer. Particles released close to the water table 

in the upslope zone (Figure 4.12a: P15 and P16) moved horizontally through the SlateBed1 layer and 

upwelled into the moderately weathered slate (SlateMW) layer, upon which flowpath velocity increased 

(approx. 530m from stream). The shallow flow paths progressed through the SlateMW layer and are 

incorporated into the highly weathered slate layer (approx. 220m from stream) whereby velocity again 

increased. The mean residence time of groundwater along this flowpath from the upslope zone to the 

stream was 132 days (4.4 months) (Figure 5.12c). Additional particles (P1, P6 and P11) (Figure 5.12a) 

were also  released at the water table surface, but further downslope and closer to the stream at 240, 440 

and 620m intervals. Pathway travel times of 14, 26 and 56 days were calculated for P1, P6 and P11 

respectively, increasing with distance from the stream. Clearly, travel times to the stream become 

shorter a function of decreased distance to the stream. However moving closer to the stream, shallow 

pathway flow path velocity also increased, as the water table intercepted the high permeability 

weathered slate layers (Table 5.8). 
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Figure 5.12a & b: Average and high recharge model simulations at the Sandstone N hillslope. Figure 

5.12c: Computed residence time for each of the generated particles in the model. 
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Deeper groundwater pathways 

Groundwater travel times increased with depth below ground level, corresponding to decreasing layer 

permeability. To characterise deeper flow paths, particles were released at points within the deeper 

aquifer (layers: SlateBed1 and SlateBed2). Particles P17 to P22 characterise deeper groundwater flowpaths 

from the top of the model upslope zone to the stream. Groundwater travel times range from 132 to 485 

days (4 months to 1.3 years) increasing with depth below ground level, with the maximum travel time 

of 1.3 years corresponding to a depth of approximately 40m BGL (Figure  4.12a). Deeper groundwater 

particles introduced at the MS (a) zone (P3, P4 and P5) have travel times ranging from 51 to 180 days, 

increasing with depth. In the Sandstone N model, flow paths followed a relatively conventional Darcian 

pattern of stream upwelling which was confined to the near stream zone. Conversely, the slate model 

was characterised by upwelling of deeper groundwater into highly permeable weathered bedrock 

throughout the hillslope. This is particularly evident in the midslope zone (480m from the stream), 

where deeper groundwater (SlateBed2) upwells into SlateBed1 and SlateMW. Similarly, at 140m from the 

stream, a significant volume of deeper groundwater upwelled into SlateMW.  

High recharge mobilised pathways 

The Slate S model was run under a high recharge, high water level simulation (Figure 5.12b). The results 

showed additional shallow groundwater pathways that did not exist during average flow conditions. 

During high recharge, the clayey gravel subsoil layer, which was unsaturated during average flow, 

became completely saturated in the near stream zone (from 110m to the stream). Upslope of that, the 

layer remained largely unsaturated, even during high flow conditions.  The results of the hydrodynamic 

characterisation revealed that the highly weathered slate layer (SlateHW) had the highest permeability of 

all the aquifer layers (Figure 5.9). SlateHW was only saturated during average flow in the bottom half of 

the hillslope (from 200m to the stream) (Figure 5.12a). Conversely, during high recharge, the SlateHW 

was completely saturated to a distance of approximately 520m from the stream, with partial saturation 

from 520m to the top of the model. Five additional particles were added to the high recharge model, in 

order to characterise the travel times of the previously unsaturated shallow groundwater pathways. In 

the midslope, where the surface of the water table occurs within the SlateHW layer, particles P23 and 

P24 were released. The resultant flow paths move rapidly through the highly weathered layer to the 

stream, with travel times of only 11 and 12 days for P23 and P24, respectively. Particles P25, P26 and 

P27 were released at the top of the moderately weathered slate layer (SlateMW) in the upslope zone of 

the hillslope. The flow paths quickly upwell into the now saturated weathered slate layer, with the flow 

paths remaining within the layer until discharging to the stream. The resultant shallow groundwater 

travel times were extremely fast with a range of 23 to 28 days. 
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Streamflow contribution 

The results of the MODFLOW Zone Budget analysis for the Slate S model are presented in Figure 5.13. 

During average flow, the highly weathered slate (SlateHW) and moderately weathered slate (SlateMW) 

layers dominated the flow regime, comprising 29% and 33% of the total volume of water transported 

to the stream. Deeper groundwater made up a combined 26% of streamflow, with 21% flowing through 

SlateBed1 and the remaining 5% coming from the deepest groundwater layer SlateBed2. 12% of 

streamwater came from the clayey gravel layer, with the pathway only becoming fully saturated in the 

near stream zone. During high recharge, the flow budget changed substantially. The highly weathered 

slate layer (SlateHW) which was previously unsaturated upslope of 200m from the stream became 

saturated beyond 500m from the stream. During high recharge, 41% of flow to the stream came from 

the SlateHW layer with the moderately weathered slate layer (SlateMW) making up 29%. The clayey 

gravel, SlateBed1 and SlateBed2 layers contributed 15%, 9% and 5% to streamflow respectively.  

 

 

Table 5.8 provides a reference summary table of the results presented in Section 5.5. Included are 

groundwater travel times through each geological layer to the stream at varying start positions along 

the hillslopes in both catchments. Also summarized are average layer depth, average linear velocity 

through each layer and the proportional contribution of each layer to the stream 

 

 

 

 

 

 

 

Figure 5.13: Results of the MODFLOW zone budget analysis at Slate S, detailing the contribution 

of each model layer to the stream under average and high recharge scenarios. 
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Sandstone N 

Model 

Layer 

aLayer 

depth 

range (m 

BGL) 

Average Linear velocity 

(m/day) 

Proportion of streamflow 

(%) 

dTravel time to stream (tS) 

(months) 
bHillslope Bot 

(MS-NS) 

 

cHillslope Top 

(US-MS) 

Average 

flow 

 
High flow 

NS-S 

(2m) 

MS-S 

(146m) 

US-S 

(250m) 

   
 

       
Clayey 

gravel 
~ 1-4 12.1 (10.9-13.6)  7.31 (6.1-8.4) 1  55 <1 <1 1.1 

SSFrac ~ 4-12 1.29 (1.2-1.5)  1.50 (1.3-1.6) 55  28 <1 2.8 6.1 

SSBed1 ~ 12-20  0.94 (0.1-1.4)  0.71 (0.6-0.9) 21  11 1.9 5.6 19.7 

SSBed2 ~ 20-30 0.24 (0.1 -0.4)  0.14 (0.1-0.2) 1  5 8.2 24 61.1 

 

Slate S 

Model 

Layer 

aLayer 

depth 

range (m 

BGL) 

Average Linear velocity 

(m/day) 

Proportion of streamflow 

(%) 

dTravel time to stream (tS) 

(months) 
bHillslope Bot 

(MS-NS) 

 

cHillslope Top 

(US-MS) 

Average 

flow 

 
High flow 

NS-S 

(2m) 

MS-S 

(440m) 

US-S 

(750m) 

   
 

       
Clayey 

gravel 
~1-3 5.8 (3.9-8.5)  *N/A 12  15 <1 *N/A *N/A 

SlateHW ~3-10 26.4 (19.4-39.9)  *N/A 29  41 <1 <1 *N/A 

SlateMW ~10-20 6.52 (5.2-9.5)  10.8 (9.7-12.2) 33  29 <1 2.2 2.5 

SlateBed1 ~20-30 2.35 (1.9-2.9)  5.14 (3.4-5.74) 21  9 <1 3.5 4 

SlateBed2 ~30-40 1.47 (0.7-2.3)  2.39 (1.7-2.9) 5  5 1.6 11 15 

 

 

 

 

 

 

 

 

 

aLayer depth range: Approximate elevation below ground level of top and bottom of each geological layer. 
bHillslope Bot: Average and (range) of linear velocity within each geological layer in the bottom half of the hillslope. 
cHillslope Top: Average and (range) of linear velocity within each geological layer in the top half of the hillslope. 
dTravel time to stream: Average travel time of flow paths within each geological layer from near stream (NS), midslope 

(MS) and upslope (US) starting points to the stream. 

Table 5.8: Comparative summary of flow dynamics at the Sandstone N and Slate S hillslopes. 
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5.5.5 Meteorology versus NO3
- occurrence at the Sandstone N hillslope 

In Chapter 4, the results of a multiple linear regression analysis suggested that SMD with a 6-month 

integration preceding the winter recharge period was positively related to groundwater NO3
-. In Chapter 

4 (Figure 4.3), pronounced peaks in groundwater NO3
- were measured at the near stream zone of 

Sandstone N in 2011, 2012 and 2015. The 2015 peak was attributed to high SMD followed by high 

effective rainfall. A closer look is taken at that assertion, in the context of both additional 

hydrogeochemical data (soil zone NO3
- accumulation during the high SMD period) and the groundwater 

modelling results presented herein. The distributions of soil porewater, shallow groundwater and stream 

NO3
- at the Sandstone N hillslope over two hydrological years are illustrated in Figure 5.14. 

Hydrological year is defined as October 1st to September 30th. NO3
- results are plotted against soil 

moisture deficit (SMD), effective rainfall and shallow groundwater levels at the midslope zone of the 

Sandstone N hillslope.  

 

 

Figure 5.14:  Effective rainfall, SMD and midslope shallow groundwater level versus 

unsaturated zone, groundwater and stream NO3
- concentrations at the Sandstone N hillslope.  

aGTV =Irish groundwater threshold value for NO3
- (8.47 mgN/L) 

bEU = European Union drinking water threshold for NO3
- (11.29 mgN/L) 
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Soil porewater NO3
- concentrations were monitored from June 2014 to January 2015. Samples were 

collected as part of a conservative tracer experiment, using in situ pore water samplers and pressurised 

syringes (see Vero et al., 2017a). Samples were collected at 0.5m BGL at the midslope hillslope zone 

of the Sandstone N hillslope. Pore water NO3
- concentrations increased incrementally from 10.2 mgN/L 

in June 2014 to 114 mgN/L in early October 2014. The dramatic increase in soil NO3
- was coincident 

with a prolonged period of SMD (177 days) which reached a maximum value of 66.4mm (Figure 5.14). 

Following the prolonged SMD period, 66% of the total effective rainfall occurred from late October 

2014 to February 2015. During this period, groundwater levels at the midslope zone rose to above 0.5m 

BGL, saturating the previously dry soil. The rise in water levels was coincident with a rapid loss of pore 

water NO3
- (11.3 mgN/L in less than one month).  

Near stream shallow groundwater NO3
- concentrations during the monitoring period were consistently 

elevated, equalling or exceeding the GTV during all sampling rounds (Figure 5.14). In 2014/15, an 

increase in near stream groundwater NO3
- concentrations was measured, most likely in  response to the 

substantial NO3
- loss from the midslope soil porewater. The measured peak in near stream groundwater 

NO3
- (17.7 mgN/L) was more than double the GTV, also exceeding the EU drinking water limit (Figure 

5.14). Taking the disappearance of NO3
- from the soil porewater in midslope zone on the 13th November 

2014 as a reference datum, a response in near stream groundwater NO3
- was measured 10 days 

afterwards where shallow groundwater concentrations increased by 2 mgN/L from 9.0 to 11.1 mgN/L.  

From the initial response on 23rd November 2014, near stream groundwater NO3
- continued to rise, 

reaching the peak of 17.7 mgN/L on 25 May 2015.  NO3
- in the near stream zone returned to previous 

levels approximately 11 months after the initial loss of soil NO3
- in the midslope zone.  

Near-stream shallow groundwater NO3
- and stream NO3

- concentrations were relatively synchronous in 

terms of trend both exhibiting peak NO3
- in winter of 2014 and 2015, with a secondary peak in 

spring/summer of 2015. Stream NO3
- concentrations however were substantially lower than near stream 

values. Stream NO3
- ranged from 2.5 to 7.8mg/L throughout the sample period, and did not exceed the 

8.5 mgN/L WFD threshold. The stream appeared to respond to the loss of NO3
- from the soil zone at 

approximately the same time as the near stream groundwater (i.e. 6 months after the loss of NO3
- from 

the soil zone). Stream NO3
- increased by 1.8 mgN/L from 4.3 to 6.1 mgN/L in Spring of 2015, during 

a period of low rainfall. Conversely, in 2014 stream NO3
- decreased substantially during this time period 

(Figure 5.14). Upslope and midslope shallow groundwater NO3
-concentrations were similar in 

concentration (mean upslope: 6.7 mgN/L versus mean midslope: 6.6 mgN/L). The temporal trend in 

upslope NO3
- appeared to mirror the seasonal trend in the stream and near stream, whereas the midslope 

shallow groundwater appeared to move in and out of step during periods throughout the two monitored 

years.  
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5.5.6 Rainfall and SMD chronology versus soil, shallow groundwater and stream NO3
- at the 

Slate S hillslope 

Soil NO3
- concentrations were monitored from May 2014 to January 2015 at 0.1 m BGL. Samples were 

collected approximately 350m downgradient of the midslope borehole. Soil pore water NO3
- 

concentrations increased from 17.6 mgN/L in June 2014 to 80.6 mgN/L in early October 2014. The 

large increase in 2014 soil porewater NO3
- concentrations was coincident with a prolonged period of 

high SMD, low effective rainfall, and a deep groundwater table (Figure 5.15). Following a large rainfall 

event in September 2014 and prolonged heavy rainfall from October 2014 to December 2014, soil NO3
- 

decreased from 80.6 to 8.5 mgN/L. Figure 5.15 plots midslope water table elevation only whereas 

porewater NO3
- samples were collected approximately 350m downgradient of the midslope borehole. 

Although not directly measured, water levels in this part of the hillslope are likely to be close to the 

surface, particularly during high recharge, as demonstrated during the modelling exercise (Figure 5.12a 

& b). It is likely therefore that like the Sandstone N hillslope, the rapid loss of NO3
- from the soil zone 

was coincident with soil saturation.   

In contrast to the Sandstone N hillslope, shallow groundwater in all zones and stream water NO3
- 

concentrations were relatively uniform in terms of concentrations and temporal trends. Average 

concentrations across the hillslope were 7.1, 7.8, 7.6 and 7.9 mgN/L for the stream, near stream, 

midslope and shallow groundwater respectively. Near stream groundwater ranged from 6.9 to 11.6 

mgN/L, while stream concentrations ranged from 5.7 to 10.6mg/L. Winter (December, January, 

February) peaks in groundwater and stream NO3
- exceeded the GTV threshold. Taking the 

disappearance of NO3
- from the soil porewater (100m up-gradient of the stream) on the 30th October 

2014 as a reference datum, stream NO3
- began to rise immediately, with a 1.6 mgN/L increase 2 weeks 

later. Groundwater and stream NO3
- concentrations continued to rise thereafter, both peaking in January 

2015. Near stream NO3
- peaked at 11.8 mgN/L (4.5 mgN/L above pre-soil NO3

- loss), while stream 

NO3- peaked at 10.6 mgN/L, an increase of 4.7 mgN/L from pre-soil NO3
- loss levels. 
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Figure 5.15: Effective rainfall, soil moisture deficit and midslope shallow groundwater level 

versus unsaturated zone, groundwater and stream NO3
- concentrations at the Slate S hillslope.  

aGTV =Irish groundwater threshold value for NO3
- (8.47mgN/L) 

bEU = European Union drinking water threshold for NO3
- (11.29mgN/L) 
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5.6 Discussion 

Numerical modelling, backed up by quantitative field study, offers an opportunity to investigate the 

flow and fate of surplus NO3
- under a range of climatic, geological and agronomic settings. This 

approach has been applied to two agricultural hillslopes, which exhibited contrasting hydrogeological 

characteristics. A range of hydrological and hydrogeological variables where identified to regulate 1) 

groundwater travel time (tS) through the saturated aquifer and 2) groundwater pathway contributions to 

the stream receptor during periods of average and high flow. A comparison of numerical modelling 

results with quantitative field data provided evidence of biochemical time lag and offered insight into 

NO3
- mobilization processes during the most hydrologically vulnerable times of the year.  

5.6.1 Groundwater travel time (tS) 

Groundwater is considered both a nutrient transport pathway to a receptor and a receptor itself (Vero et 

al., 2017b).  In the results presented herein, groundwater is treated as a nutrient transport pathway, with 

the hillslope streams acting as the receptor. At Sandstone N and Slate S, the calculated groundwater 

travel times (tS) to the stream were variable both between and within the modelled hillslopes. To present 

single hillslope tS is therefore impractical. A tS range provides a more representative measurement of 

the likely travel times within an aquifer. At the Sandstone N hillslope tS ranged from less than one day 

to 5.1 years over a horizontal distance of 255m from the top of the hillslope to the stream. At the Slate 

S hillslope tS ranged from less than one day to 1.3 years over a distance of 750m to the stream. At both 

hillslopes, the minimum tS represented the fastest possible pathways where the source was adjacent to 

the stream receptor, and the saturated zone flow (tS) was through shallow, high velocity pathways. 

Conversely, the maximum tS values refer to a situation where the source was at the top of the hillslope 

and groundwater flow was through the deeper, lower velocity, longer travel time aquifer layers.  

The use of a streamflow budget allows the large range in tS to be constrained. At the Sandstone N 

hillslope 66% of average streamflow was estimated to be derived from shallow (<10m BGL) 

groundwater pathways (Figure 5.8). It follows therefore that a large proportion of the receptor (stream) 

response to a mitigation measure would be observable within the maximum tS calculated within this 

depth range i.e. 6.1 months (Figure 5.7c). At the Slate S hillslope, 95% of the streamflow was attributed 

to pathways with maximum tS of less than four months (Figures 5.12c & 5.13). Again, a large proportion 

of the receptor (stream) response to mitigation measures should be observable with in a relatively short 

period (from a tS only perspective).  

The contrasting tS ranges at Sandstone N and Slate S were strongly affected by site specific geology and 

hydrogeology. While the finite difference mathematical solution implemented in the modelling process 

presented herein is complex, the three-dimensional solution for steady state groundwater flow is at its 

core an extension of the Darcy Flux calculation. The dominant factors that regulated groundwater flow 

velocity were the hydraulic gradient, hydraulic conductivity (Ksat) and the effective porosity (ne). The 
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horizontal hydraulic gradient, calculated during average flow conditions at the Sandstone N hillslope 

(0.065) exceeded that of the Slate S hillslope (0.045). A greater hydraulic gradient increases the average 

linear velocity; given that flow path length is three times greater at Slate S, it follows that the higher 

linear velocities exhibited at the Slate S hillslope (Table 5.8) were a function of Ksat and ne. A low 

effective porosity through a unit volume forces water through a smaller area, thus increasing velocity. 

Conversely, water molecule velocity increased with increased Ksat. At Slate S, a high Ksat range 

associated with extensive aquifer weathering, coupled with lower ne as compared to Sandstone N, 

resulted in a substantially lower tS range. Fenton et al. (2009b) calculated shallow groundwater tS in a 

range of Irish hydrological settings.  

The model utilized  a one-dimensional (horizontal) Darcy Flux approach and a hypothetical receptor 

500m way from the contaminant source. Calculated tS ranged from 2 to 3 months in a karst aquifer to 

152 years in a poorly productive sandstone and mudstone aquifer overlain by poorly drained till. Similar 

to the results presented herein, their results highlighted the substantial effect of geological heterogeneity 

on groundwater tS. The timeframe associated with NO3
- transport in the saturated zone of the modelled 

hillslopes, represents a proportion of the overall hillslope time lag (tT) which also includes a vertical 

hydrological (tU) and a biogeochemical component. Furthermore, the modelling process described 

herein calculates average linear velocity according to Darcy’s Law and not the true velocity of the 

tortuous flow paths.  The movement of a hypothetical particle of water does not take into account the 

specific properties of the contaminant being modelled, in this case NO3.
 The model therefore describes 

the conservative transport of NO3
- and not lateral dispersion at the leading edge of the contaminant 

plume. The predicted travel times are values are expected to be an underestimation therefore of the 

actual saturated zone NO3- time lag. 

5.6.2 Total travel time (tT): Implications for monitoring and mitigation strategies 

The WFD necessitates evidence-based quantification of the efficiency of mitigation measures. 

Quantifying the success or failure of a mitigation measure or programme of measures (POM) is a 

difficult task, owing to the inherent time lag (tT) between the enforcement of a POM at the land surface 

and the timing of expected measurable results at the receptor. The WFD operates on set deadlines for 

achieving water quality objectives i.e. 2015, 2021, 2027 (Chapter 1, Table 1.1). To provide a date when 

the effectiveness of a programme of measures may be observed within a catchment is an onerous task: 

it is necessary to not only estimate tT, but to also know the precise date that each mitigation measure 

was implemented. Several authors have used 2012 as a reference datum to measure the effectiveness of 

POMS from, as it marks the calendar date in the WFD to “make operation programmes of measures” 

(Chapter 1, Table 1.1). In the sandstone and slate catchments, this approach is impractical.  

Ireland’s National Action Programme (NAP) under the Nitrates Directive was drawn up in 2005. The 

NAP was brought into law through the Good Agricultural Practice for Protection of Waters Regulations 

(2006). A description of the programme of measures detailed in the NAP is provided in Chapter 2, 
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Section 2.2.2. The measures outlined set back distances from water courses, requirements for nutrient 

planning, closed period dates and restrictions on livestock manure applications. Even the use of a 2006 

POM implementation date would be subject to conjecture, as the voluntary REP’s scheme (Chapter 2, 

Section 2.2.2) introduced in 1994 had already implemented the restrictions on livestock manure and 

stocking densities when the NAP was enacted.  Rather than making predictions on the calendar dates 

on which POM effectiveness may be observed from 1994 onwards in the study catchments or other 

similar catchments, the discussion instead focuses on providing a representative range of tT. The 

expected response time in the water quality of a receptor  (tT) to a POM can be used as a guide as to 

where to implement mitigation measures, and also as an interpretative tool to accompany the execution 

of a particular POM. The inclusion of tT along with the date in which a mitigation strategy was 

implemented provides a powerful strategy in the dissemination of representative NO3
- mitigation results 

to relevant stakeholders. 

Vero et al (2017a) developed a Hydrus 1D numerical transport model to describe the unsaturated (tU) 

component of total time lag (tT) at the Sandstone N and Slate S hillslopes.  The model utilized  

catchment-specific meteorological, soil physical data and water table boundary conditions, to produce 

breakthrough curves of specific contaminants.  A comprehensive description of model development, 

model input parameters and results are presented in Vero et al. (2017a). The tU estimations made by 

Vero et al. (2017a) are combined with tS calculations presented herein, providing minimum and 

maximum estimates of tT under average flow conditions. An average flow assumption for both the tU 

and tS models is useful in comparing long term predictive trends with WFD deadlines. It is important to 

note however, that intra-year variability, and in particular high recharge is likely to have an effect on 

tT. Greater recharge results in a higher water table which reduces unsaturated zone thickness and 

resultant tU. As demonstrated (Figures 5.7 & 5.10), an increase in recharge to groundwater at the 

sandstone and slate hillslopes also increased the proportional contribution of high velocity shallow 

groundwater pathways to the stream, thus reducing tS and tT. The results of the combined tT approach 

for the Slate S and Sandstone N catchment under average flow conditions are presented in Table 5.9. 

The unsaturated zone travel times (tU) presented in Table 5.9 include initial breakthrough of solute to 

the saturated zone (IBT), and solute exit. IBT refers to the likely first occurrence of a solute at the top 

of the saturated zone, whereas long term tU describes the total solute exit from the unsaturated zone to 

the saturated zone. Total timelag (tT) in the Sandstone N hillslope ranged from one month to greater 

than 124 months (10.3 years). At Slate S, tT ranged from four months to 61 months (5.1 years). The 

minimum tT describes the fastest possible pathways where the NO3
- source is in the near stream hillslope 

zone, the water table is high i.e. closer to the stream, the unsaturated zone is thin,  and the saturated 

zone flow is through shallow, high velocity, lower tS pathways. The maximum time lag refers to a 

situation where the source is at the top of the hillslope, the unsaturated zone is thick, and groundwater 

flow is through deeper groundwater, lower velocity, higher tS pathways.  
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The tT ranges calculated at Sandstone N and Slate S have important implications for the restoration of 

stream water quality. In both catchments, the implementation of mitigation measures closer to the 

receptor (stream), will reduce the time required to observe a measurable response in water quality. In 

the slate catchment the effectiveness of POMs can be gauged within a relatively short timeframe. The 

success or failure of a mitigation strategy at Slate S should to be reportable within a 1.3-year period 

from a tS only perspective and 5.1 years from a tT standpoint. The agronomic and hydrogeochemical 

monitoring period associated with this study was initiated in the slate catchment in 2010. Given the 

maximum tT of 5.1 years, it can be confirmed that the six-year temporal analysis (2010-2016) used in 

Chapter 4 was a suitable period within which to identify representative water quality trends. Conversely, 

in the sandstone catchment, the maximum tT of 10.3 years indicates that monitoring should continue in 

the catchment until at least 2020, to provide a defensible summation of hillslope water quality.  

Table 5.9: Combined analysis of unsaturated zone and saturated zone time lag. Saturated zone time lags refer 

to the average recharge model scenarios as presented in Table 5.8. Unsaturated zone time lags were 

transcribed from Vero et al. (2017a) which represent average water levels at the hillslopes. 

 

 

*N/A = layer is unsaturated at given slope position  
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The results of the present study lend credence to the re-appraisal of time lag as a failure to achieve 

“good status” fallback position (Scheure and Naus, 2010). The presented tS and tT values for the 

Sandstone N and Slate S hillslopes support the contention of several modelling studies (Jackson et al., 

2008; Fenton et al., 2009b; Fenton et al., 2011; Huebsch et al., 2013; Bouraoui & Grizetti, 2014; Vero 

et al., 2017a,b) that consideration of site specific time lags is essential to assigning realistic time frames 

within which WFD goals can be achieved. This growing body of research pertaining to system time lag 

has been acknowledged with the extension of the WFD “good status” deadline from 2015 to 2021. 

Depending upon catchment specific properties; meteorology, soil physical parameters, water table 

boundary conditions and aquifer hydraulic properties; a decrease or increase in the quantity of NO3
- 

leached over the entire length of a hillslope to groundwater is likely to have both an immediate and 

prolonged effect. 

5.6.3 Groundwater pathway contribution to stream receptor 

Stream water quality within an agricultural catchment represents the sum of all agronomic, 

hydrological, hydrogeological and hydro-geochemical processes within that catchment. When stream 

water and groundwater quality are considered over long-time periods, agronomic practices and 

meteorological drivers exert a dominant influence; as described in Chapter 3 and elsewhere by Huebsch 

et al. (2013), Schilling & Spooner et al. (2006) and Townsend & Young (2000). At the intra-annual 

scale, temporal variability in stream and groundwater N concentration and flux is less well understood. 

Previous researchers have suggested that the apportionment and connectivity of dominant hydrological 

pathways at the catchment scale (Wriedt & Rode, 2006) and at hillslope plot scale (Ocampo et al., 2006) 

are not constant in space and time.  In order to investigate these dynamics, groundwater simulations 

were run under two steady state conditions: an average flow and high recharge scenario.  

The average flow simulation is useful in predicting the likely time lag over a number of years at each 

hillslope. The high recharge simulation was created to represent flow conditions during the most 

vulnerable time of the year, when nutrient export to the stream is most likely. The results indicated that 

in both catchments, the relative contribution of shallower groundwater pathways to streams increased 

with greater recharge and increased groundwater table elevation. The mobilization of shallow, high 

velocity pathways is significant in terms of N transport. Several authors have described a catchment 

soil/subsoil nutrient legacy (Van meter & Basu, 2015).  Commonly referred to as the biochemical time 

lag, subsurface storage of soil organic N represents a long-term source of mineralized NO3
-. Sebilo et 

al. (2013) calculated that 15% of measured N in the soil profile of an agricultural plot was a relic of N 

which had been applied 30 years prior. Understanding the dynamics by which legacy N is either 

mobilized or sequestered is critical to the identification of likely nutrient trajectories within a landscape.  

The comparative analysis of rainfall and SMD chronology (2013-15) versus hillslope NO3
- dynamics at 

Sandstone N (Figure 5.14) was compared with the groundwater model results under average and high 

recharge conditions (Figures 5.7a & b). Aligned to Cassman & Munns (1980), Tyson et al. (1997) and 
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Premrov et al. (2012), the soil porewater NO3
- concentration at Sandstone N was strongly influenced by 

soil moisture deficit (SMD). This is in agreement with the results of the multiple regression model 

produced in Chapter 4. During low recharge conditions, the soil layers within the Sandstone N hillslope 

were largely unsaturated, effective rainfall was low and SMD was high. Unfortunately, data on soil 

organic nitrogen was unavailable; however, the strong correlation between SMD and soil NO3
- provides 

indirect evidence of legacy N mineralization.  

The dramatic rise in unsaturated zone NO3
- during low recharge was matched by an equally dramatic 

loss of NO3
- during high recharge. Within one month of the 124.1 mgN/L October 2014 concentration 

peak, soil NO3
-
 had reduced to 43.4 mgN/L, with a return to below pre-mineralization concentrations 

(9.6 mgN/L) by December 2014 (Figure 5.14). The period of NO3
- loss coincided with high effective 

rainfall, low SMD and high-water levels. Given that the pore water samples were collected at 0.5m 

BGL at the midslope zone, the midslope water table elevation (0.1 to 0.3m BGL) observed during the 

NO3
- loss period suggests that saturation of the subsoil and topsoil layers occurred during high recharge. 

The results of the high recharge model scenario, under comparable effective rainfall and water level 

conditions, suggests that horizontal groundwater flow occurred through the previously unsaturated  soil 

and subsoil layer.  

The export of a large quantity of NO3
- from the shallow groundwater of the midslope zone provides an 

indirect validation of the modelled saturated zone time lags. The time taken to reach peak NO3
- in the 

near stream zone, following a loss from the midslope zone is approximately 6 months (Figure 5.14). 

Analysis of the effective rainfall and water level distribution throughout this time period suggests that 

the average flow simulation most accurately represents the likely time lag. According to the average 

flow groundwater model, the estimated shallow groundwater travel time from midslope to the near 

stream zone is likely to range from 1 to 5 months (Figure 5.7). The above analysis represents a relatively 

crude comparison of modelled versus observed results as the loss of N from the midslope zone is not 

an isolated NO3
- source, assuming that it is arises from mineralization of soil N which may have 

occurred throughout the fields occupying the hillslope transect. The hydrogeochemical analysis does 

however confirm that the modelled groundwater time lags are within a reasonable margin of error.  

It is important to re-emphasize that the modelled groundwater time lags represent a molecule of water, 

whereas actual groundwater NO3
- timelag also includes an additional lag associated with dispersion and 

diffusion. In total, following the loss of NO3
- from the soil zone in November 2014, it took 

approximately 11 months for near stream NO3
- to return to pre-mineralization NO3

- loss levels. In 

contrast to the unsaturated zone, groundwater is considered both a nutrient transport pathway to a 

receptor and a receptor itself (Vero et al., 2017b). The mineralization and subsequent flushing of NO3- 

through the Sandstone N hillslope resulted in an increase in near stream groundwater NO3
- of 8.7Nmg/L. 

Taken in context, an increase in groundwater NO3
- , in excess of the GTV (8.47 mgN/L) was flushed 

through the hillslope, not necessarily in response to land management at the time of its loss from the 



__________________________________________________________________________________ 

__________________________________________________________________________________

128 

 

 

soil zone, but in response to legacy N and site specific meteorology and hydrology. While stream NO3
- 

also increased in concentration during the flushing period, the response was substantially dampened 

(8.7 mgN/L groundwater increase versus 1.6 mgN/L stream increase). Chapters 3 and 4 highlighted that 

this dampening effect is most likely related to groundwater denitrification. This contention and its 

relationship with the estimates of tS and tT, and dominant flow pathways presented herein are described 

in more detail in Chapter 6 (Section 6.1.4).  

As with the Sandstone N hillslope, the analysis of rainfall and SMD chronology (2013-15) at Slate S 

versus hillslope NO3
- dynamics was compared with groundwater model results under average and high 

recharge conditions.  Similar to the sandstone catchment, soil NO3
- concentrations were influenced by 

SMD. The rise in unsaturated zone NO3
- during high SMD was followed by a rapid loss of NO3

- from 

the soil zone following an increase in recharge. The time taken to reach peak NO3
- in the near stream 

zone (following the loss of NO3
- from the soil zone approximately 200m up-gradient of the stream) was 

approximately 2.3 months (Figure 5.18). According to the high recharge groundwater model, the 

estimated shallow groundwater travel time from the MS(a) zone (Figure 5.12) to the near stream zone 

is likely to range from 0.5 to 1.7 months. Although this represents a crude validation, modelled 

groundwater travel times appear to be within a reasonable margin of error. Groundwater and stream 

NO3- concentrations in the slate catchment were consistently high. In contrast to the sandstone 

catchment where a loss of NO3
- from the soil zone resulted in a prolonged effect on groundwater quality 

with a relatively small effect on streamwater quality, groundwater and stream NO3
- in the slate 

catchment peaked and declined rapidly, with concentrations remaining consistently high. Near stream 

shallow groundwater NO3
- increased by 4.5 mgN/L in response to the loss of NO3

- from the soil zone. 

Stream NO3
- concentrations increased by 4.7 mgN/L. In contrast to the Sandstone N hillslope, no 

dampening effect was apparent between near stream groundwater and stream NO3
- concentrations.  

The gradual build up and rapid loss of NO3
- from the unsaturated zone, coupled with substantial and 

prolonged down-gradient increases in groundwater NO3 provides strong evidence of both biochemical 

time lag and NO3
- flushing at the Sandstone N hillslope. A similar pattern was also identified in the Slate 

S hillslope, however the effects on water quality were more short-lived. A positive effect of biochemical 

time lag in the form of NO3
- reduction (via denitrification), was shown in Sandstone N, whereas in Slate 

S, denitrification was arrested by high Ksat and low groundwater residence times (see Chapter 3).  

The concept of multiple NO3
- storage compartments and seasonal mobilization dynamics has been 

demonstrated in previous studies. Molenat et al. (2002) examined the distribution of groundwater and 

stream NO3 in an agricultural headwater catchment in France using a combination of water level 

observations and hydro-geochemical sampling. Their results indicated that at the year to sub-year scale, 

connection and disconnection of low NO3
- and NO3

- rich areas controlled stream NO3
- concentrations. 

The data indicated that a shift between summer and winter hydrological conditions, namely 

groundwater levels, resulted in a comparable shift in stream water quality. In winter it was hypothesized 
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that high NO3
- upland pathways became saturated with increased lateral movement of groundwater. In 

summer, low NO3
-, lowland groundwater pathways dominated. Martin et al. (2004) describe a 

comparable hillslope dynamic where groundwater is partitioned into two domains: a downslope zone 

where riparian denitrification resulted in lower NO3
- concentrations and an upslope zone with limited 

denitrification and higher groundwater NO3
-. High stream NO3

- concentrations in winter were attributed 

to a greater proportion of midslope and upslope groundwater entering the stream. Similarly, Ocampo et 

al. (2006) highlighted the role of connection and disconnection between upland and riparian zones, with 

upland zones representing sources of NO3
- and lowland zones representing sinks. The results of the 

present study support the hypothesis of multiple N storage, attenuation and mobilization compartments 

within a hillslope, with shallower groundwater acting as a NO3
- mobilization pathway and deeper 

groundwater acting as a NO3
- sink. While appropriate to describe the sandstone catchment, where NO3

- 

reduction is promoted under appropriate environmental conditions in deeper groundwater (Chapter 3), 

the same characterization does not apply to the slate catchment, where limited groundwater 

denitrification resulted in uniformly high groundwater and stream  NO3
-. 
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5.7 Conclusion 

Depending upon catchment specific properties such as soil physical parameters, meteorology, water 

table boundary conditions and aquifer hydraulic properties; changes in the quantity of NO3
- leached to 

groundwater are likely to have both an immediate and prolonged effect. The results of the modelling 

approach, backed up by quantitative field study, provide strong evidence for the importance of time lag 

consideration with respect to the achievement of WFD goals.  

❖ The numerical groundwater modelling approaches were effective in estimating the dominant 

groundwater paths and associated travel times (tS) in each catchment. Saturated zone time lag 

(tS) varied substantially both between and within hillslopes as a function of groundwater 

recharge, water table elevation, aquifer permeability and aquifer effective porosity. Higher Ksat 

and lower effective porosity promoted shorter tS, while increased recharge and water table 

elevation resulted in saturation of high velocity shallow groundwater pathways.   

❖ At both hillslopes, the minimum tS represented the fastest pathways where the source was 

adjacent to the stream receptor, and the saturated zone flow (tS) was through shallow, high 

velocity pathways. Conversely, the maximum tS values refer to a situation where the source 

was at the top of the hillslope and groundwater flow was through the deeper, lower velocity, 

longer travel time aquifer layers. 

❖ The range of tT calculated at Sandstone N and Slate S has important implications for the 

restoration of stream water quality. In the slate catchment, the full effectiveness of a mitigation 

strategy should be reportable within a relatively short timeframe: a 1.3-year period from a tS 

only perspective and 5.1 years from a tT standpoint. In the Sandstone catchment, the maximum 

tS and tT values of 5.1 and 10.3 years respectively support the contention that site specific time 

lags should be used to assign realistic time frames within which the effects of mitigation 

strategies can be observed and WFD goals can be achieved. 

❖ Both study catchments showed evidence of biochemical time lag or “legacy N” enrichment of 

groundwater and stream NO3
-. High SMD in both catchments was coupled with dramatic 

increases in the concentrations of soil NO3
-, suggesting mineralization of soil organic matter. 

Following high rainfall and saturation of shallow groundwater pathways, NO3
- was flushed 

though the aquifer system and into the stream via baseflow.  

❖ The dominant groundwater flow paths which contributed to the streams in both hillslopes were 

not constant in time. Increased recharge resulted in a pronounced increase in the proportion of 

shallow, high NO3
- groundwater pathways entering the streams. In well drained catchments, 

where hydro-geochemical conditions do not favor shallow denitrification, rising water tables 

can act to mobilize shallow, N rich, high velocity flow paths. These pathways can rapidly 

transport NO3
- from source to stream, with limited attenuation. 
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6 Discussion  

6.1 A question… 

The results of a comprehensive numerical modelling and monitoring regime are interpreted in terms of 

N occurrence and groundwater travel time (tS). Prior to discussing the main findings of, and linkages 

between each research chapter, Figure 6.1 re-iterates the hydrogeochemical and agronomic setting of 

each catchment. Average agricultural N loading to the sandstone catchment was substantially greater 

than the slate catchment. , mean stream NO3
- concentrations at the sandstone hillslopes were 

considerably lower than the slate streams. The ending of this thesis therefore begins with a question: 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Why does the catchment with almost triple the N loading have ~30% less stream NO3
-

? 

 

Figure 6.1: Combined average NO3
- concentrations in the streams and groundwater of the sandstone 

and slate catchment versus average total applied N over the monitoring period. 
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It is important to note that the total N load applied to the sandstone catchment represents an average per 

hectare value over all of the hillslope fields investigated during this study. These fields include highly 

stocked grassland and silage crop. As discussed in Chapter 4 (Section 4.2.3), the farmer is required to 

meet whole farm N application limits, rather than limits to specific fields. The large N application rates 

to the productive hillslope fields was offset by substantially lower applications to other fields within the 

farmers holding, thus meeting the derogation requirements under S.I. No. 31 of 2014. 

To aid in the overall discussion, Table 6.1 provides a comparative summary of important parameters 

highlighted in Chapters 3, 4 and 5 of the thesis, on a catchment versus catchment basis. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 
Units 

Sandstone 

Catchment 

Slate 

Catchment 
aTotal applied N (kgN/ha/yr.) 434 151 
bFracLEACH (%) 17.5 41.5 
cKsat  (m/day) 0.95 2.1 
cTravel time range  (tS) (days) 1 - 1834 1 - 485 
aEffective Rainfall mm/yr. 609.8 551.1 
aBaseflow Index (%) 73 77 
aShallow groundwater NO3

- 

(<10m BGL) 
(mg N/L) 6.7 7.2 

aDeeper groundwater NO3
- 

(>10m BGL) 
(mg N/L) 4.7 7.4 

aStream NO3
- (mg N/L) 4.9 7.0 

bGroundwater denitrification 

reaction progress (RP) 
(%) 36 9 

bGroundwater N2O  (µg N/L) 13.0 4.0 
bGroundwater EF

5g
1 x/y 0.0018 0.00043 

bStream N2O (µg N/L) 3.5 0.7 
bStream EF

5g
1 x/y 0.0006 0.0001 

Table 6.1:  Comparative catchment vs. catchment table for important parameters 

highlighted throughout the thesis.  

 

a = Average catchment value across both catchment hillslopes from 2010-2016 (Data source: Chapter 4). 
b = Average catchment value across both catchment hillslopes from 2013-2015 (Data source: Chapter 3). 
c = Average Ksat across both catchment hillslopes and travel time range (Data source: Chapter 5). 



__________________________________________________________________________________ 

__________________________________________________________________________________

133 

 

 

6.2 Comparison with catchment scale and national water quality trends. 

The agronomic and stream N data from Figure 6.1 were used to pose a broad research question which 

will act a focal point for the overall discussion. The figure is also designed to inform the discussion on 

spatiotemporal groundwater NO3
- variability, NO3

- threshold criteria and hillslope versus catchment 

scale dynamics. As a starting point the discussion will focus on the latter, and attempt to place the 

hillslope scale data presented in Chapters 3, 4 and 5 in a wider catchment and national context. In the 

most recent EPA report on Irish water quality, the following statement was made:  

“Elevated nutrient concentrations – phosphorus and nitrogen - continue to create the most widespread 

water quality problem in Ireland” 

(EPA, 2017) 

Average shallow groundwater, deeper groundwater and stream NO3
- concentrations were broadly 

similar to each other (Table 6.1) and were each below the groundwater threshold value (GTV) of 8.47 

mg N/L (Groundwater Regulations, SI9 of 2010) in the slate catchment. While average NO3
- was below 

the GTV, both the GTV and EU drinking water limits were exceeded during winter months throughout 

the 2010-2016 monitoring period (Chapter 4, Figure 4.5).  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

According to the EPA (2017) the average Irish 

NO3
- concentration in groundwater was below 

the GTV at 97% of the country wide monitoring 

locations between 2010 and 2015. Figure 6.2 

illustrates mean groundwater NO3
- 

concentrations in EPA monitoring sites in 2014. 

The south and south east of Ireland had the 

greatest proportion of higher groundwater NO3
-. 

This is attributed to agricultural nutrient losses 

(EPA, 2017). The elevated groundwater and 

stream NO3
- concentrations measured in the slate 

catchment places the site in the top 30% of 

country wide groundwater NO3
-. Nationally, 

there was an increasing trend in the percentage of 

groundwater sites with average NO3
- 

concentrations in excess of 25 mg/L NO3
- (5.64 

mg N/L) in 2014 and 2015 (EPA, 2017). The 

significantly positive temporal NO3
- trend found 

in slate catchment groundwater (Chapter 4, 

Figure 4.6), supports these conclusions. 

 

< 1.13 5.63 – 8.46 

2014 average groundwater NO
3

- 
- N 

 1.13 – 2.24 

2.25 – 5.62 

8.47 – 11.28 

> 11.29 

Figure 6.2:  Average 2014 groundwater 

NO3
- concentrations at EPA monitoring 

locations around Ireland. Source:  

https://gis.epa.ie/EPAMaps/ 
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In the sandstone catchment, average shallow groundwater concentrations were substantially higher 

(+35%) than deeper groundwater and stream NO3
- concentrations (Table 6.1). Average shallow 

groundwater, deeper groundwater and stream NO3
- concentrations were each below the GTV of 8.47 

mg N/L. The classification of a waterbody’s nutrient status in relation to the 8.47 and 11.3mgN/L limits 

is somewhat misleading. Van Grinsven et al. (2016) suggests that the EU drinking water and GTV 

values are above the “no-effect” concentration for various possible health effects and the guide of 

5.64mgN/L set out in the EU Council Directive 98/83/EC is a more representative measure of 

groundwater NO3
- status. The European Communities Environmental Objectives (Surface Waters) 

Regulations (2009) S.I. No. 272 of 2009 set no riverine NO3
- threshold value. The EPA (2012) state that 

deterioration of riverine water quality has been documented from a biological perspective above 0.8 

mgN/L NO3
- for high quality waters and above 1.8 mgN/L NO3

- for good quality waters. The dissolved 

inorganic N threshold for eutrophication in Irish estuaries and coastal waters is 2.6 mgN/L (as defined 

in the Surface Water Regulations, S.I. No. 272/2009). The sandstone catchment streams discharge 

directly to the Argideen Estuary. The WFD status (2010-2015) of the estuary is Poor (Figure 6.3). 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

The Poor status is attributed to Moderate Nutrient Status, Poor Bio Status, Moderate Macroalgae status 

and Poor Other Aquatic Fauna status (EPA, 2017). While NO3
- in the sandstone catchment groundwater 

and streams are below the GTV (Figure 6.1), and significantly lower than the slate catchment, stream 

Figure 6.3:  Sandstone catchment boundary and groundwater monitoring and stream geo-

referenced onto adjacent coastline and the Argideen Estuary.  

 

Poor WFD status (2010-2015) Sandstone catchment boundary 

Sandstone catchment stream Sandstone catchment monitoring wells  
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NO3
- must be reduced further to reach the 2.6mgN/L coastal water threshold and improve the status of 

the adjacent estuary.  

Catchment scale interpretations represent the sum of all combinations of hydrological, hydrogeological, 

hydrogeochemical and biological processes. In contrast, hillslope scale processes characterise a subset 

of the overall catchment response. Nonetheless, the comparison of hillslope processes with catchment 

scale processes offers insight into how well the hillslope represents the catchment as a whole. In the 

slate catchment, stream NO3
- concentrations, averaged over the two hillslopes (Slate N and Slate S), 

directly mirrored NO3
- measured at the catchment outlet (Figure 6.1). The average annual stream NO3

- 

concentration averaged over the Sandstone N and Sandstone S hillslopes was broadly similar to NO3- 

at the catchment outlet (2010-2016). In both study catchments, groundwater and surface water quality 

was tightly linked (average annual baseflow index >70%, Table 6.1). The proportional stream 

contribution of high or low groundwater NO3
- pathways therefore acts as a dominant control on water 

quality at the hillslope and catchment scale. The results of the stream contribution analysis at the 

Sandstone N and Slate S hillslopes (Chapter 5) are compared with hydrograph and loadograph pathway 

separation work carried out at the stream outlets of each catchment. Mellander et al. (2016) calculated 

the relative contribution of quick-flow, inter-flow and slow-flow to overall event-based stream flow at 

the catchment outlets averaged over five winter periods (2009-2014). Quick-flow refers to runoff from 

fields, ditches, hard surfaces, drains and subsurface drains. Inter-flow describes lateral flow in the soil 

and subsoil. Slow-flow represents groundwater flow; this was further subdivided into base-flow and 

elevated base-flow. For comparative purposes, Figure 6.4 summarises the findings. 

 

 

 

 

 

 

 

 

The catchment scale work presented by Mellander et al. (2016) reiterated the importance of groundwater 

as a nutrient transport pathway, with a  combination of baseflow and elevated baseflow 83% and 64% 

of overall winter event-based flow at the outlets of the sandstone and slate catchments, respectively.  Of 

the 83% groundwater component calculated at the outlet of the sandstone catchment, 26% was 

attributed to elevated baseflow with the remainder from deeper groundwater pathways. Only 4% of total 

event flow was attributed to interflow. It is likely that the elevated baseflow component described by 

Figure 6.4: Pathway contributions to the outlet streams according to Mellander et al. (2016).  
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Mellander et al. (2016) represents higher permeability aquifer layers such as the transition zone and 

weathered bedrock.  

The importance of quickflow pathways and in particular land drains in poorly drained catchments or 

areas of poorly drained soil in well drained catchments has been described in detail by the EPA 

Pathways project (Deakin et al., 2015). Artificial drainage networks have the capacity to rapidly deliver 

contaminants to a stream with limited attenuation (soil absorption in the case of orthophosphate and 

soil/shallow groundwater denitrification in the case of NO3-). The artificial drainage network can 

deliver water from a range of sources including soil water, subsoil water and transition zone water. Land 

drainage in the sandstone and slate catchments (typically) mirrored the type described in pathways 

“Nuenna catchment”, whereby drainage was in place to alleviate high water tables in near streams 

(Archbold et al., 2016). Similar to the Nuenna catchment, interflow was not considered to be a 

significant pathway at the sandstone and slate hillslopes. While classified as well drained, there was a 

capacity for quick flow (overland flow and drain flow) in areas of both the sandstone and slate 

catchments. Mellander et al. (2016) calculated quick flow contributions to the stream during rainfall 

event conditions of 13% and 32%.  

Diffuse sources of nitrate, such as organic and inorganic fertilisers and excreta from grazing animals, 

are typically delivered via the subsurface pathways, especially in the transition zone and land drains in 

catchments underlain by poorly productive aquifers. In the pathways project, the poorly drained 

Mattock catchment exhibited a drainage contribution of 55-60% of the stream flow at baseflow 

(Archbold et al. 2016), and up to more than 50% of the flow at peak flow. The high drainage contribution 

in the Mattock catchment resulted in both elevated N (in more moderately to well drained upland areas) 

and P concentrations, with P transported to drainage ditches via overland flow during rainfall events. 

In poorly drained catchments, where a well-established drainage network does not exit (i.e. the 

Pathways “Gortinlieve” catchment), soils and subsoils rapidly fill to capacity discharging as overland 

flow in the mid-field areas (Archbold et al., 2016), before eventually reaching a drainage ditch and 

being transferred into the stream. In terms of contaminant transport, poorly drained conditions like those 

in the Gortinlieve catchment can promote significant phosphorus losses to the stream. In poorly drained 

soils and subsoils, N losses are typically low where high water tables and saturated soils  promote 

denitrification (Packham et al., 2016). 

The results of Chapter 5 suggest that at the Sandstone N hillslope, a larger proportion of streamflow 

was generated from the subsoil and weathered bedrock layers, particularly during the high recharge 

simulation. It is possible that the thickness of the subsoil layer and the depth of weathering at the 

Sandstone N hillslope is greater than the catchment average, leading to a greater proportional stream 

contribution. The relative depth of the water table also plays a significant role in terms of aquifer layer 

saturation and the apportionment of dominant stream contribution pathways. The Sandstone N hillslope 

is steeply sloped, with a comparatively short distance from the top of the hillslope to the stream. 
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Combined with a shallow water table, this leads to saturation of near surface aquifer layers i.e. subsoil 

and weathered bedrock, and a larger proportional input to the stream. A conceptual situation with greater 

hillslope length, and a deeper water table, would favour a greater contribution of deeper, slower 

groundwater flow paths to the stream. A numerical groundwater flow model was not created for the 

Sandstone S hillslope, which was demonstrated to be substantially longer than Sandstone N (550m, 

Appendix B1), and have a deeper water table (max: 14 m BGL, Table 3.1). The results presented by 

Mellander et al. (2016) suggest that the latter scenario may better represent overall catchment scale 

dynamics.  

It is also worth mentioning that the contrasting methods used to estimate flow contributions at the 

hillslope versus the catchment scale may also be a factor. In the slate catchment, Mellander et al. (2016) 

suggest that 64% of the stream contribution to the stream at the outlet comes from slow-flow, with 4% 

from interflow. Of the slow-flow contribution, it was estimated by these authors that 22% was derived 

from shallow elevated baseflow pathways.  

The results of the stream contribution analysis at the Slate S hillslope show relatively good agreement 

with the catchment scale assessment, with 12% of the streamflow at the base of the hillslope derived 

from subsoil, with 29% from the highly weathered slate layer (Chapter 5, Figure 5.13). It is likely that 

this represents the elevated faster baseflow component identified at the catchment outlet by Mellander 

et al. (2016). The bulk of streamflow is supplied via slower baseflow components with moderately 

weathered bedrock and competent bedrock layers making up a combined 69% of total streamflow.  

The high recharge groundwater simulations in both hillslopes (Chapter 5, Figures 5.8 and 5.13), suggest 

that at a catchment level, a rising groundwater table is likely to mobilise quick-flow pathways including 

runoff from fields, ditches and subsurface drains.  Mellander et al. (2016) attributed 13% and 32% of 

stream discharge during rainfall events to quick-flow in the sandstone and slate catchments, 

respectively.  
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6.3 Why does the catchment with almost triple the N loading have ~30% less 

stream NO3
-? 

Table 6.1 provides a catchment versus catchment table of the important parameters identified to affect 

groundwater and stream NO3
- in Chapters 3, 4 and 5. The catchment with the highest value of each 

parameter is highlighted in bold.  A simple higher versus lower description of Table 6.1 is revealing. 

The slate catchment had the highest average FracLEACH, Ksat, shallow groundwater NO3
-, deeper 

groundwater NO3
- and stream NO3

-. The sandstone catchment had the highest average total applied N, 

travel time range, denitrification reaction progress, groundwater N2O, stream N2O, groundwater N2O 

EF5g1 and stream N2O EF5g1.  If the implications of each parameter in Table 6.1 in terms of NO3
- 

abundance are combined, it is unsurprising that groundwater and stream NO3
- in the slate catchment 

significantly exceeded that of the sandstone catchment. The higher FracLEACH in the slate catchment 

(compared to the sandstone catchment) indicates that a greater proportion of the total N applied was 

leached to groundwater (Chapter 3). A higher Ksat in the slate catchment resulted in shorter 

groundwater residence times (Chapter 5), aerobic conditions, limited dissolution of solid phase electron 

donors and lower denitrification rates (Chapter 3). In contrast, lower Ksat in the sandstone catchment 

resulted in longer residence times, dissolution of Mn2+ and Fe2+, anaerobic groundwater, significant 

denitrification and lower groundwater NO3
-. While groundwater and stream NO3

- were lower in the 

sandstone catchment; as a consequence of denitrification, groundwater N2O, stream N2O, groundwater 

N2O EF5g1 and stream N2O EF5g1 were all higher than measured in the slate catchment. 

Based upon agronomy and aquifer hydrogeochemistry alone, the sandstone catchment had a greater 

capacity for groundwater denitrification. In order to assess the combined influence of groundwater 

residence times and denitrification reaction progress, the discussion refers back to Section 5.6.3 of this 

thesis, where shallow, high velocity pathways were found to the mobilize soil NO3
- (Figures 5.15 & 

5.15). The flushing of NO3
- through the Sandstone N hillslope resulted in an increase in near stream 

groundwater NO3
- of 8.7 mgN/L (Chapter 5). Taken in context, an increase in groundwater NO3

-, which 

on its own was in excess of the GTV was flushed through the system. While stream NO3
- also increased 

in concentration during the flushing period, the response was substantially dampened: i.e. an 8.7 mgN/L 

increase in groundwater NO3
- versus a 1.6 mgN/L increase in stream NO3

-. In order to explain this, 

mean NO3
- concentrations during the N flushing period (2013-15) and denitrification reaction rates as 

described in Chapter 3 are superimposed to scale onto the dominant hillslope flow paths identified by 

the numerical groundwater model under average flow (Chapter 5) (Figure 6.5). Chapter 3 showed that 

significant NO3
- removal via denitrification was possible under appropriate hydrogeological and 

hydrogeochemical conditions at the hillslope. 
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Denitrification rates were highly correlated with Ksat and depth. Several researchers have highlighted 

a similar dynamic (Fenton et al. 2011; Jahangir 2012). Jahangir et al. (2013) proposed the concept of 

“hotspots” or “hot moments” of NO3
- reduction. Alternatively, McMahon and Chapelle (2008) describe 

reduction processes in the context of aquifer residence times, with groundwater thermodynamic 

sequences (see Rivett et al., 2007, 2008) evolving over time along a flow path. Whether denitrifying 

conditions evolve along a flow path, or hotspots exist throughout a landscape into which groundwater 

pathways flow, longer groundwater travel times support greater NO3
- reduction.  

Highest groundwater NO3
- concentrations, coupled with low denitrification rates, occurred in the 

shallow groundwater of the near stream zone. In this zone, total hillslope time lag (tT) was at its lowest: 

unsaturated timelag (tU) was short owing to a shallow water table and groundwater pathways were both 

shallow and horizontal with a short tS. With increasing distance from the receptor, tU, tS and NO3
- 

residence time increase. In the upslope zone, denitrification rates of 16 to 23% were measured. In this 

zone, the numerical model shows that groundwater is more likely to downwell into lower permeability 

aquifer layers, prior to upwelling in the near stream zone. It is proposed that the dampening of stream 

NO3
- concentrations is facilitated by upwelling of older denitrified groundwater originating further up 

the hillslope, which acts to dilute the effect of high NO3
- shallow groundwater pathways discharging to 

the stream. This effect can be seen in the deeper groundwater of the near stream zone, where a 95% 

denitrification rate results in zero groundwater NO3
-. During high recharge, the contribution of shallow 

pathways increases dramatically with respect to deeper groundwater pathways, resulting in seasonal 

peaks in groundwater and stream NO3
- (as demonstrated in the temporal analysis in Chapter 4).  

Figure 6.5:  Conceptual model of measured groundwater NO3
- and groundwater denitrification rate 

versus tS at the Sandstone N hillslope. 

 

 

 

aRP: Groundwater denitrification rates (as measured in Chapter 3) 
bNO3

- : Mean groundwater and stream NO3
- (mgN/L) concentrations over two hydrological years 

(September 2013 to October 2015). Data taken from temporal dataset (Chapter 4).  
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As with Sandstone N, denitrification rates for the Slate S hillslope from Chapter 3 are superimposed 

onto the dominant groundwater flow pathways along the hillslope from Chapter 5 in Figure 6.6. 

 

 

 

 

In contrast to the sandstone catchment where a loss of NO3
- from the soil zone resulted in a prolonged 

effect on groundwater quality with a comparatively small effect on stream NO3
-, loss of soil NO3

- in the 

slate catchment resulted in large peaks in both groundwater and stream NO3
-. While the relative peaks 

in NO3
- (in response to soil NO3

- loss) declined rapidly, average stream and groundwater NO3
- slate 

remained consistently high. The range in tS and tT values throughout the hillslope was substantially 

lower than the sandstone catchment; this coupled with predominantly high Ksat, precludes the 

development of denitrifying conditions. As with the sandstone hillslope, tT is lower closest to the stream 

receptor. In contrast to Sandstone N however, no evidence of deep pathway groundwater denitrification 

is apparent. As a result, during high recharge, the proportion of high velocity shallow groundwater 

pathways entering the stream increased, resulting in lower tT, soil zone saturation and higher NO3
-. In 

contrast to Sandstone N, no buffering effect of stream NO3
- via deeper denitrified groundwater occurs. 

Increases in soil and groundwater NO3- concentrations were therefore manifested directly in the stream. 

 

 

 

 

Figure 6.6:  Conceptual model of measured groundwater NO3
- and groundwater denitrification rate 

sversus tS at the Slate S hillslope. 

 

 

 

aRP: Denitrification rate as measured in Chapter 3. 
bNO3

- : Mean groundwater NO3
- (as N) concentrations over two hydrological years (September 

2013 to October 2015). 
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6.3.1 Recommendations for water quality improvements 

6.3.1.1 Slate catchment 

The European Communities (Good Agricultural Practice for Protection of Waters) Regulations (“GAP 

regulations”) have been in place since 2006 (S.I. No. 378 of 2006), placing restrictions on livestock 

manure and slurry spreading rates (170 kgN/ha/yr.), minimum setback distances from watercourses 

during land spreading and minimum storage capacity for manures etc. (Chapter 2, Section 2.2.2). While 

the regulations have undergone several modifications up to the current version (S.I. No. 31 of 2014), it 

is reasonable to assume that they have had a positive effect on water quality in the catchment. 

Groundwater and stream NO3
- concentrations in the slate catchment however were consistently high 

throughout the monitoring period (2010-2016) and exhibited a significantly positive temporal trend 

(Chapter 4, Figure 4.6). Average N leaching losses in the slate catchment as a proportion of total N 

applied, were more than double those of the sandstone catchment (slate: 41.5% vs sandstone: 17.5%) 

(Table 6.1). It is clear that further mitigation is required to reduce NO3
- leaching losses. The positive 

temporal trend in groundwater and stream NO3
- concentrations in the slate catchment was related to 

total N applications and SMD. The temporal distribution of groundwater and stream NO3
- (Figure 4.5) 

at the hillslopes revealed that the winter recharge period was the most vulnerable time of the year for 

NO3
- losses.  

While the limits placed on livestock manure and slurry spreading rates are adhered to at the Slate S and 

Slate N hillslopes, planted winter green cover has never been implemented at the sites, with natural 

regeneration of vegetation meeting the requirements of the GAP Regulations. The slow uptake of green 

cover crops by farmers is in part related to monetary concerns; however stakeholders, including farmers, 

need to see a measurable improvement in water quality as a result of their efforts. The quick response 

time at the Slate S hillslope (see tT modelling presented in Chapter 5) indicates that the catchment is an 

ideal location to test the efficiency of a cover crop measure. Premrov et al. (2012) detected a significant 

reduction in groundwater NO3
- concentrations underlying a cover crop within a 2-year period. The 

inclusion of tT along with a mitigation strategy is a powerful tool in the dissemination of representative 

NO3
- mitigation results to relevant stakeholders. The use of specially planted cover crops, which provide 

over winter green cover, may act to mitigate the groundwater and stream enrichment in NO3
- witnessed 

in the catchment. Successful implementation of such measures has been demonstrated by Premrov et 

al. (2012), Hansen & Djurhuus (1997) and Tonitto et al. (2006). The establishment of a winter cover 

crop can not only reduce NO3
- leaching losses to groundwater, but also enhance groundwater 

denitrification via increases in the availability of labile organic carbon underlying the crop (Jahangir et 

al., 2014). Lower lability soil organic carbon is typical of long term arable cropping systems compared 

to grassland dominated catchments (Premrov et al., 2012).  



__________________________________________________________________________________ 

__________________________________________________________________________________

142 

 

 

In Chapter 3, a significant correlation was identified between Ksat and NO3
- in the sandstone catchment 

(Figure 3.4b). In contrast, in the slate catchment, no such relationship was evident. Organic inputs were 

not sufficient to support DO reduction in the slate catchment. As a result, dissolution of solid phase 

electron donors which can drive denitrification did not occur. While enhanced denitrification has been 

demonstrated to be beneficial in terms of NO3
- loss (Chapter 3), the effect on greenhouse gas emissions 

is considerably more complex and cannot be ignored.  Hama‐Aziz et al. (2017) measured the 

concentrations of dissolved groundwater N2O in field drains underlying a cover crop. While the primary 

goal of the cover crop was achieved i.e. NO3
- was reduced, the concentration of groundwater N2O 

increased. While increasing availability under a cover crop may stimulate denitrification, if incomplete 

denitrification or nitrification occurs, N2O may be the dominant reaction product (Chapter 3). In the 

sandstone catchment, where areas of complete denitrification to N2 were identified in near stream zones, 

the N2O is further reduced prior to degassing in the stream.  

Conversely, in the slate catchment, where there existed a distinct uniformity between groundwater and 

stream hydrochemistry and a lack of strongly reducing zones, an increase in shallow groundwater N2O 

underlying a cover crop is likely to degas to the atmosphere via the stream with limited attenuation. 

While the farmer cannot control meteorology, there are mitigation options to reduce excessive NO3
- 

leaching. Early sowing of crops could be targeted to reduce extensive periods of bare fallow. It is also 

recommended that the application of fertilisers and animal slurries during high risk periods i.e. high 

SMD periods and wetting up periods, should be discouraged. Several farmers within the slate catchment 

have converted from arable electron donor to grassland. Hiscock et al. (2007) suggests that a decrease 

in groundwater NO3
- concentrations can be achieved with the implementation of a groundwater 

protection zone in which there is a significant element of land conversion from arable to woodland and 

grass. Conversion of near stream arable land to grassland, particularly in proximity to water courses is 

encouraged.  

6.3.1.2 Sandstone catchment 

Groundwater denitrification was important in the sandstone catchment, reducing average groundwater 

and stream NO3
- to be below EU drinking water and national GTV values. In spite of substantial 

temporal peaks in shallow groundwater NO3
-, stream concentrations did not exceed the GTV at any 

time from 2010-2016 (Figure 6.1). The drainage of the catchment into the Poor status Argideen Estuary 

however indicates that catchment stream NO3
- concentrations need to be reduced further. No significant 

upward or downward trend was identified in groundwater or stream NO3
- concentrations from 2010-

2016 (Chapter 4, Figure 4.4). The lack of an upward trend of itself is telling. In the sandstone catchment, 

34% of the farms operate above the 170kgN/ha/yr limit on organic N, enforced under the GAP 

regulations (S.I. No. 31 of 2014). In the catchment as a whole, expansion occurred between 2010 and 

2012, with more land and an increased number of dairy cows in milk production (Murphy et al., 2015). 

This intensification in milk production has not been met by a significant deterioration in catchment 
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water quality to date. It is important to emphasise that the maximum tT measured at the hillslope scale 

was 10.3 years (Chapter 5, Table 5.9). The full effects of the intensification identified by Murphy et al. 

(2015) in 2012 are unlikely to be manifested in the streams prior to 2022. That being said, the maximum 

tT refers to a situation where the source is at the top of the hillslope, the unsaturated zone is thick, and 

groundwater flow is through deeper groundwater, lower velocity, and higher tS pathways. In the 

sandstone catchment, higher tS pathways are typically denitrifying, suggesting a potential for natural 

attenuation of NO3
-.  

Sustainable intensification i.e. reducing NO3
- levels in groundwater, while increasing stocking rates and 

milk production is possible (see Huebsch et al., 2013), however it requires farmer co-operation in terms 

of their management of stock, chemical N, manures and slurries. In the sandstone catchment (grassland), 

frequent renewal of pasture swards maximises the uptake of N, and minimises N losses via 

mineralisation (Cameron et al., 2013). McDonald et al. (2014) advocate precision farming in grassland 

catchments, highlighting that NO3
- supplied from soil N reserves through N mineralization processes 

need to be accounted for when prescribing additional chemical N applications. A routine test for 

predicting mineralizable soil N is proposed allowing more precise N fertilizer recommendations to be 

developed.  

Although no significant temporal trend was identified in sandstone catchment, stocking N (livestock 

density expressed in kgN/ha/yr.) was positively correlated to groundwater NO3
-. Depending on the 

stocking rate, a large proportion of a field may be covered by urine patches. Within an Irish dairy system 

Dennis et al. (2011) estimated that 14.1 and 20.7% of the soil surface was affected by urine at stocking 

rates of 2.0 and 2.94 LU ha-1. Chemical and organic N applications are spread indiscriminately over an 

entire paddock, including urine patches. This can lead to soil NO3
- concentrations far in excess of the 

grass cover’s need, resulting in leaching to groundwater. To mitigate this, farmers could potentially 

reduce rates at sensitive times (Vogeler et al., 2013) and avoid the doubling down of chemical N on top 

of stocking N. The impact of grazing on N leaching could also be reduced through dietary manipulation 

(Selbie et al. 2014), increasing the amount of water cows drink through salt addition (Ledgard et al., 

2015) and  of nitrification inhibitors (Dennis et al. 2012). Buckley et al. (2016) showed that at national 

level from 2006 (GAP regulations introduced) to 2012, increased N management efficiency has 

increased returns to agricultural production while reducing the risk of N transfer to the aquatic 

environment. 

Groundwater denitrification has had a positive effect in the sandstone catchment; however stream NO3
- 

concentrations need to be reduced further. Complete conversion of NO3
- to N2 occurred in near stream 

denitrifying hot spots (Chapter 3). From a mitigation perspective, it is essential that the zones of NO3
- 

removal are both preserved and enhanced where possible. Near stream zones should therefore be 

prioritised and protected, with consideration given to the location of land drainage, which can act to 

bypass the near stream NO3- removal zones. The negative affect of tile drainage was clear when 
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comparing the stream NO3
- concentrations of the Sandstone N and Sandstone S hillslopes. In the 

Sandstone S hillslope, near stream groundwater at all depths had no NO3
-. Measured denitrification 

reaction progress in the near stream zone was 88%, 89% and 89% at 5.5, 11.5 and 18.5 m BGL (Chapter 

3, Table 3.3), respectively. Given that the baseflow index in the sandstone catchment was > 70% (Table 

6.1), and that all groundwater must pass through the near stream zone prior to entering the stream, it 

would be expected that NO3
- concentrations in the stream would be low.  In contrast, stream NO3

- 

concentrations were almost identical to tile drainage NO3
-, which flowed from the midslope zone 

directly to the stream (Figure 3.3).  

6.3.2 Transferability to other catchments 

This PhD research was carried out as part of the Agricultural Catchments Programme (ACP). At the 

outset of the programme, transferability of the conclusions made at the catchment scale to other Irish 

landscapes was at the forefront of the decision-making process. The selection of catchments was 

undertaken using national spatial datasets in a Geographical Information System, adopting  a multi-

criteria decision process. Grassland and arable were selected as the dominant agricultural landuse 

categories, and as such, catchments in which these practices dominated were selected. The list of 

 

 

 

 

 

 

 

 

 

 

The average catchment area of the river waterbodies included within the plan is 20km2 (Figure 6.7). 

The scale at which this PhD research has been carried therefore complements the direction mitigation 

strategies will take to achieve WFD 2021 and 2027 water quality goals. 

Based upon 2016 agricultural census data, 4.9 million ha of Agricultural Area Used (AAU) was farmed. 

Almost 4.1 million ha (83% of UAA) was grassland. The remainder was made up of Cereals (280,400), 

potential catchments (approximately 1500) were 

ranked according to potential phosphorous and/or 

nitrogen transfer risk using metrics of 

surface/subsurface flow path susceptibility. Only 

catchments between 4 and 12km2 were included in the 

decision making process. This decision was important 

in the context of the new River Basin Management 

Plan (RBMP) (2018-2021). As part the plan, an Irish 

River Basin District (RBD), with 46 catchment 

management units, 583 sub-catchments and 4,829 

waterbodies has been established. The focus of the 

(RBMP) is to target supplementary mitigation 

measures on specific priority waterbodies, which have 

been identified as hydrologically and agronomically 

susceptible to pollution.  

 

Figure 6.7: River waterbodies catchment 

area under RBMP 2018. Source: 

https://gis.epa.ie/EPAMaps/ 
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Other Crops, Fruit and Horticulture (71,100 ha) and Rough Grazing (16,300 ha). In the sandstone 

catchment, pasture is the dominant landuse.  

In order to compare the site specific agronomic and hydrogeological characteristics of the study 

catchments described herein with national datasets, an intersect analysis was carried out using 

Geographical Information Systems (GIS) software. The sandstone catchment is characterised by 

intensive pasture on well drained soils. According to the CORINE landuse map (2012), 55% of the total 

land area in Ireland is made up of pasture (Figure 6.8a). Figure 6.8b illustrates the proportion of Ireland 

(28%) which is characterised by well drained soils. Figure 6.8c shows the area of Ireland which has 

characteristics comparable to the sandstone catchment i.e. pasture on well soils (21%) 

 

 

It is important to note however that the CORINE landuse map does not take into account the intensity 

of agricultural activity. As such a map of livestock units per hectare (LSU/ha) is also displayed (Figure 

6.8d) (map adapted from Schulte et al. (2015)). A livestock unit value of 2.0 LSU/ha equates to 

170kgN/ha/yr (Schulte et al., 2015), therefore the area in dark grey describes the most intensively 

managed grassland in Ireland. The livestock units per hectare map, reflects the proportion of well 

drained land. From a drainage and potential agricultural N loading to groundwater perspective, the 

results of this PhD are most transferable to the eastern and south eastern part of Ireland, particularly 

Cork, Waterford, South Kilkenny and Wexford. The south eastern area of Ireland contains (77.2%) of 

all specialist dairying farms (CSO, 2018).  

A similar GIS based analysis was undertaken for the slate catchment, which is characterised by arable 

landuse on well drained soils. Figure 6.9 illustrates the proportion of Ireland which has arable landuse 

(5%), which has well drained soil (28%) and which has a combination of arable on well-drained soil 

(2.5%). The SE region contained just over 80% of the total land devoted to cereals in Ireland (CSO< 

2018). In the context of soil drainage, N loading and leaching capacity, the results presented from the 

slate catchment are most transferable to the south east of Ireland.  

Figure 6.8: GIS Intercept comparison of drainage/agronomy at the sandstone catchment and national 

characteristics. Source of map layers: Geological Survey of Ireland. Available at https://www.gsi.ie/en-ie/data-

and-maps/Pages/Groundwater.aspx 
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The majority of both the sandstone and slate catchments are characterised as having pasture or arable 

on well drained soils and subsoils overlying Ll aquifers i.e. a Locally Important Aquifer with Bedrock 

which is Moderately Productive only in Local zones. Figure 6.10 illustrates the areas around Ireland 

which share these attributes. The result of the PhD research presented herein are directly comparable to 

approximately 10% of the country. From a drainage, N loading and groundwater flow pathway 

perspective, it is clear that interpretations made about the slate and sandstone catchment are most 

transferable to the south and southeastern regions of Ireland.  

 

 

 

 

Figure 6.9: GIS intercept comparison of drainage/agronomy at the slate catchment and national 

characteristics. Source of map layers: Geological Survey of Ireland. Available at https://www.gsi.ie/en-

ie/data-and-maps/Pages/Groundwater.aspx 

 

 

 

Figure 6.10: GIS intercept comparison of drainage, agronomy and aquifer classification at the slate and 

sandstone catchments with national characteristics. Source of map layers: Geological Survey of Ireland. 

Available at https://www.gsi.ie/en-ie/data-and-maps/Pages/Groundwater.aspx 
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From a denitrification perspective, the results of this thesis suggested a strong correlation between solid 

phase bacterial energy source availability (Fe2+, Mn2+) and groundwater denitrification rates (Chapter 

3). Geological environments with a natural capacity for the dissolution of iron sulphides are more 

conducive to denitrification, as demonstrated in the sandstone catchment. Table 6.10 is taken from Daly 

et al. (2012) and includes bedrock type around Ireland, which are rich in pyrite, other metal sulphides 

and organic carbon. Figure 6.11 illustrates the areas nationally that may support significant 

denitrification rates. It is possible that these bedrock types could support denitrification rates 

comparable with those demonstrated in the sandstone catchment. It is important to re-iterate however, 

that aquifer permeability and dissolved oxygen concentrations regulate the dissolution of metal 

sulphides. In the case of the slate catchment for example, although bedrock mineralogy supported 

potential denitrification, owing to high permeability and aerobic conditions, significant NO3
- removal 

rates did not occur. The denitrification work presented in this thesis is most transferable to the areas 

presented in Table 6.11 and Figure 6.11, which should be considered as potential areas of denitrification.  

 

 

Table 6.11: Bedrock types around Ireland which are rich in pyrite and/or other metal sulphides 
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Figure 6.11: Bedrock types around Ireland which are rich in pyrite and/or other metal sulphides and which are 

likely to support denitrification.  
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7 Conclusions  

7.1 Concluding remarks 

❖ Like every other species on the earth, humans are dependent upon the environment for survival. 

Intact ecosystems provide food, clean water and breathable air. To date, our relationship with 

the environment has been one of exploitation rather than preservation. Global population is 

rising and is projected to rise into the future. The key to managing that future in terms of global 

food demand and ecosystem protection lies in the sustainable intensification of agriculture. The 

design and implementation of successful N mitigation strategies requires a process-based 

understanding of the production, consumption and transport of N, across a range of agronomic 

and hydrogeological settings. It is hoped that the research presented herein has contributed to 

that understanding.  

❖ At the beginning of the thesis discussion, a question was posed: Why does the catchment with 

almost triple the N loading have ~30% less stream NO3
-? The answer to this question is twofold. 

Firstly, agronomy played a major influence. The sandstone catchment was less vulnerable to 

NO3
- loss than the slate catchment, owing to a greater proportion of each year spent under 

permanent grass cover, a longer growing season, and a lack of autumn cultivation. Although N 

losses from the sandstone catchment were substantially lower than the slate catchment when 

expressed as a percentage of total N inputs (FracLEACH), since the N inputs to the sandstone 

catchment in absolute terms were three times higher, N losses to groundwater in both 

catchments was comparable. 

Secondly, denitrification was a significant mechanism for NO3
- transformation and removal in 

the sandstone catchment, with rates of 4 – 94%. In essence, an aquifer can be conceptualised as 

an environmental ecosystem, which is capable of removing between 0 – 100% of reactive N. 

The geological history of the aquifer e.g. mineralogy, stratigraphy and weathering at the 

catchment scale controls the distribution of permeability and effective porosity at the hillslope 

scale. Hydrogeological variables were instrumental in determining the contribution of aquifer 

flow paths to the stream, the hydrogeochemical signature of the aquifer (dissolved oxygen and 

redox potential) and the availability of bacterial energy sources. The combination of these 

factors acted to promote significant groundwater NO3
- removal in the sandstone catchment, 

whereas in the slate catchment denitrification was constrained. While NO3
- reduction in the 

sandstone catchment was positive from a water quality perspective, groundwater N2O 

represented net source of harmful greenhouse gas emissions to atmosphere.  
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❖ In the both the sandstone and slate catchments, consideration of additional mitigation measures 

to reduce groundwater and stream NO3
- concentrations are advised. The response times of water 

quality to these mitigation measures is likely to vary both between and within catchments. Total 

timelag (tT) in the Sandstone N hillslope ranged from one month to greater than 124 months 

(10.3 years). At Slate S, tT ranged from four months 61 months (5.1 years). The minimum tT 

describes the fastest possible pathways where the NO3
- source is in the near stream hillslope 

zone, the water table is high i.e. closer to the stream, the unsaturated zone is thin and the 

saturated zone flow is through shallow, high velocity, lower tS pathways. The maximum tT 

refers to a situation where the source is at the top of the hillslope, the unsaturated zone is thick, 

and groundwater flow is through deeper groundwater, lower velocity, and higher tS pathways.  

❖ Groundwater and stream NO3
- concentrations in the slate catchment need to be reduced to avoid 

breaching the GTV, and to reverse the significantly positive trend in average groundwater and 

stream NO3
- concentrations from 2010 to 2016. Full implementation of programmes of 

measures under the Nitrates Directive is recommended, with a particularly emphasis on green 

cover. The faster tT response time in the slate catchment indicates that it is an ideal location to 

test the efficiency of a cover crop measure. The inclusion of tT along with a mitigation strategy 

is a powerful tool in the dissemination of representative NO3
- mitigation results to relevant 

stakeholders. In the sandstone catchment, the positive affect of denitrification has reduced 

stream NO3
- concentrations to well below WFD guideline, in spite of substantial N inputs to 

the land surface and intensification of milk production during the monitoring period. While 

groundwater and stream NO3
- concentrations in the sandstone catchment were significantly 

lower than the slate catchment, additional NO3
- removal is required, owing to the proximity of 

the catchment to an estuary.  It is recommended that denitrifying zones, and in particular near 

stream riparian zones are a minimum protected, and potentially enhanced to facilitate natural N 

removal from the catchment. 
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7.2 Summary of main research conclusions 

The cascade of surplus NO3
- through a catchment can lead to eutrophication, aquatic acidification, 

greenhouse gas emissions and loss of habitat diversity. The broad aim of this thesis was to develop a 

process-based understanding of the production, consumption and transport of NO3
-, across both spatial 

and temporal scales, in a range of agronomic and hydrogeological settings. The main research findings 

in the context of the specific objectives outlined in Chapter 1 are presented below. 

❖ In Chapter 3, the capacity of hillslope hydrologic systems to naturally attenuate agriculturally 

derived NO3
- was measured. Groundwater denitrification capacity was assessed by measuring the 

spatiotemporal patterns of N species, aquifer hydrogeochemistry, aquifer hydraulic properties and 

stable isotope signatures from 2013 to 2015. 

❖ Denitrification was found to be a significant pathway of groundwater NO3
- removal. 

❖ There existed a hierarchy of scale whereby physical factors (agronomy, water table 

elevation and permeability) determined the hydrogeochemical properties of the catchment 

aquifers. The hydrogeochemical signature (DO, Eh and bacterial energy source 

availability) in turn acted to either support or constrain significant NO3
- losses via 

denitrification. 

❖  In the sandstone catchment, resulting in 4 – 95% losses of total initial N leached to 

groundwater. Conversely, the slate catchment was characterised by hydrogeochemical 

uniformity with limited groundwater NO3
- reduction (2 – 34%).  

❖ Results indicated that where there was a capacity for denitrification, near stream hillslope 

zones promoted complete reduction of NO3
- to excess N2, whereas in midslope and upslope 

zones, N2O was the dominant denitrification reaction product.  

❖ DO concentration was the dominant control on denitrification reaction progress, NO3
- and 

N2O concentrations. Denitrification of NO3
- to N2 occurred in anaerobic conditions, while 

at intermediate dissolved oxygen; N2O was the dominant reaction product. 

❖ While stream N2O values were significantly greater than atmospheric equilibrium, 

particularly  in the denitrifying sandstone catchment. The positive environmental effect of 

NO3
- reduction was therefore concomitant with a net source of greenhouse gas emissions.  

❖ The results of the indirect emission factor (EF5g1 and EF5g2) analysis supported the IPCC 

(2006) downward revision from 0.015 to 0.0025, with mean emission factors of 0.0018 

and 0.0004 in the sandstone and slate catchments respectively.  
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❖ In Chapter 4 the effects of agronomic, meteorological and hydrogeological drivers on the 

spatiotemporal occurrence of groundwater NO3
- during the main recharge period were measured. 

A multiple linear regression approach was taken whereby the responses in groundwater NO3
- 

concentrations (2010-2016) over the main recharge period of each year were integrated at each 

monitoring well. The integrated groundwater NO3
- data were regressed on driver variables that 

were averaged over a 6-month period preceding the groundwater NO3
- response. 

❖ Meteorological and agronomic drivers regulated the temporal occurrence of groundwater 

NO3
-.  

❖ Increases in groundwater NO3
- were linked to mineralisation during high SMD periods, 

followed by flushing of NO3
- during high rainfall.  

❖ In the slate catchment, average groundwater NO3
- concentrations were positively 

correlated to the total quantity of N applied on the land surface. NO3
- peaks in March/April 

coincided with the main chemical N application periods in the catchment, while elevated 

NO3
- in October, November and December suggested a link between bare soil conditions 

and NO3
- leaching to groundwater.  

❖ In the sandstone catchment, animal stocking density (expressed as kgN/ha/yr.), was 

positively correlated to groundwater NO3
-, while ploughing of permanent grassland was a 

major source of NO3
- loss via soil organic matter mineralisation. 

❖ Groundwater NO3
- decreased with increasing depth below ground level in both 

catchments, whereas groundwater NO3
- increased with closer proximity of bedrock to the 

ground surface.  

❖ The effects of depth below ground level and depth to bedrock on groundwater NO3
- 

concentrations were linked to groundwater vulnerability, soil/subsoil conductivity (clay 

content) and bedrock hydraulic conductivity. 

❖ In Chapter 5, numerical groundwater flow models, designed to estimate dominant groundwater 

paths and associated saturated zone travel times (tS) were created for each catchment. The 

models were run in steady state under two stress periods: average and high recharge.  

❖ The calculated groundwater travel times (tS) to the stream were variable both between and 

within the sandstone and slate hillslopes. 

❖  tS to the stream receptor ranged from less than one day to 5.1 years at the Sandstone N  

hillslope. At the Slate S hillslope tS ranges from less than one day to 1.3 years. 

❖ In both hillslopes, the minimum tS represented the fastest possible pathways where the 

source was adjacent to the stream receptor, and the saturated zone flow (tS) was through 

shallow, high velocity pathways. The maximum tS refer to a scenario where the source is 

at the top of the hillslope and groundwater flow was through the deeper, lower velocity, 

longer travel time aquifer pathways. 
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❖ At the Sandstone N hillslope, 66% of average streamflow was estimated to be derived from 

shallow groundwater pathways. A large proportion of the receptor response to a mitigation 

measure should be observable within the maximum tS calculated within this depth range 

i.e. 6.1 months. At the Slate S hillslope, 95% of the streamflow was attributed to pathways 

with maximum tS of less than four months. 

❖ The addition of unsaturated zone travel time (tU) estimations from Vero et al. (2017) 

allowed estimation of total time lag (tT) to be made, with important implications for 

restoration of water quality in each catchment. The full evaluation of the success or failure 

of a mitigation strategy at Slate S should to be identifiable within a 5.1-year period. In the 

sandstone catchment, the maximum tT of 10.3 years indicated a substantial cause and effect 

delay between the implementation of a mitigation measure and the likely full response of 

water quality at the stream receptor.  

❖ In well drained catchments, where hydrogeochemical conditions do not favour shallow 

denitrification (Chapter 3), rising water tables can act to mobilise shallow, NO3
- rich, high 

velocity flow paths. These pathways rapidly transport NO3
- from source to stream, with 

limited attenuation.  

❖ In both catchments, the relative contribution of shallower groundwater pathways to the 

streams increased with greater recharge and water table elevation. The mobilisation of 

shallow, high velocity pathways is significant in terms of nitrogen transport. 

7.3 Recommendations for Future work 

It is hoped that research presented in this PhD has added to scientific understanding of nitrogen 

dynamics at the catchment scale. Previous work, such as the EPA pathways project, along with the 

Agricultural Catchments Programme, has led to a detailed conceptual understanding contaminant 

transport in agricultural landscapes. The next step in the process is national implementation of measures 

to alleviate agricultural pressures on water quality. 

❖ The River Basin Management Plan for Ireland (2018-2021) was realised in 2018, highlighting 

a revised approach to water quality in Ireland. Rather than the one size fits all GAP regulations, 

site specific mitigation strategies, based on catchment conceptual models, are planned to 

achieve 2021 and 2027 Water Framework Directive objectives. At the core of this approach are 

small scale supplementary measures, designed to mitigate the source or the pathway for nutrient 

losses at the farm and waterbody scale. There exists a significant gap in the knowledge 

regarding supplementary measures of this type.  

• Research should focus on developing a better scientific and economic understanding 

on the efficiency and practicality of supplementary measures at the farm scale. 
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• In the case of phosphorous and sediment losses, measures should focus on pathway 

redirection/attenuation in the case of overland/near surface flow and phosphorus 

sediment loss. 

• In the case of nitrogen, supplementary measures are required to mitigate the negative 

effect of direct land drainage to streams. In addition, a cost-benefit analysis of riparian 

buffer strips and near stream constructed wetlands as a farm scale mitigation strategy 

is recommended. 

❖ It is important to develop a standardised list of effective small-scale mitigation strategies; this 

will enable measure specific grant schemes to be developed, thus incentivising farmers to make 

positive environmental decisions on their land. 
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9 Appendixes 

9.1 Appendix A1: Catchment Maps 

Appendix A1: Sandstone Catchment Bedrock Geology 
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Appendix A2: Sandstone Catchment Groundwater Vulnerability 
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Appendix A3: Sandstone Catchment Aquifer Productivity 
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Appendix A4: Sandstone Catchment Soil Classification 
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Appendix A5: Slate Catchment Bedrock Geology 
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Appendix A6: Slate Catchment Groundwater Vulnerability 
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Appendix A7: Slate Catchment Aquifer Productivity 
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Appendix A8: Slate Catchment Soil Classification 
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Appendix B: Extended hillslope descriptions  

Sandstone catchment  

In both sandstone hillslopes, quaternary deposits are dominated by free draining loam to clay loam (acid 

brown earth) soil (mean thickness: Sandstone S: 2m, Sandstone N: 1m), underlain by layers of dense 

gravel, weathered sandstone and gravelly clay with weathered mudstone. In Sandstone N, directly 

upslope of the midslope monitoring well, a 6m thick, 50m long horizon of permeable sand and gravel 

was identified (Appendix B1a). In Sandstone S, a considerably thicker layer of firm gravelly clay is 

present below the topsoil layer (Appendix B1b). This layer ranges in thickness from 4 to 7m and was 

extensive over the entire the hillslope. Bedrock in the sandstone catchment is classified as Devonian 

Old Red Sandstone (Toe Head formation) & mudstone (Castlehaven formation) (Sleeman and Pracht, 

1995) consisting of a complex 3 dimensional bedrock patterns. In Sandstone N, there is evidence of 

mudstone layers primarily in the bottom half of the hillslope with strong sandstone in the upper 

hillslope. In Sandstone S, the bedrock is predominantly sandstone, with a vertically extensive lens of 

strong mudstone directly up-gradient the upslope monitoring well (Appendix B1b). 

Hillslope characterisation: Slate catchment  

Hillslope geology was characterised by Quaternary deposits of clay to clay loam (acid brown earth) 

topsoil underlain by dense gravel and firm gravelly clay layers. Bedrock in the slate catchment is 

characterised as Ordovician slate and siltstone of the Oaklands formation (Tietzsch-Tyler et al., 1994). 

Bedrock in both hillslopes is dominated by fractured slate with varying degrees of weathering. In the 

upper portion of Slate N, soil thickness is thinner (0.3 – 1.2m), with an underlying layer of dense gravel 

(mean thickness: 2m). In the lower half of the hillslope, soil thickness is typically greater (0.9 – 1.8m), 

with clay content increasing downslope (Appendix B2b). This is underlain by a layer of gravelly clay 

(mean thickness: 3m). In Slate S, a relatively uniform layer of topsoil covers the entire hillslope (mean 

thickness: 1.2m). Analogous to Slate N, the topsoil layer is underlain by dense gravel (mean thickness: 

2m) in the top half of the hillslope, with less permeable gravely clay (mean thickness: 2.5m) prevailing 

downslope. An extensive zone of highly weathered to moderately weathered slate underlies the 

Quaternary deposits in both hillslopes. In Slate N, the weathered zone ranges in thickness from 

approximately 4 to 11m, increasing in magnitude towards the bottom of the hillslope (Appendix B2b). 

In Slate S, the weathered zone is more extensive, ranging in thickness from 5 -18m, with greatest 

magnitudes in midslope and near stream zones (Appendix B2a). Underlying the weathered zone are 

competent slate and siltstone bedrock, also showing evidence of localised fracturing.  
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Appendix B1: Sandstone catchment hillslopes  
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Appendix B2: Slate catchment hillslopes  
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Appendix C: Site Photos  

Appendix C1: Monitoring well infrastructure and weather station in the sandstone catchment 
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Appendix C2: Sandstone catchment stream, dairy grassland pasture and silage fields.  
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Appendix C3: Midslope monitoring well at Slate S, showing sampling equipment and spring barley 

field post harvest. 
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Appendix D: Groundwater levels at the two hillslopes in which numerical models were created: 

Sandstone N & Slate S. 
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Appendix E: Results of the multiple regression analysis 

Slate catchment regression analysis  

 

Number of Observations Read 66 

Number of Observations Used 36 

 

Source DF 

Sum of 

Squares Mean Square F Value Pr > F 

Model 5 117.7992884 23.5598577 24.26 <.0001 

Error 30 29.1376570 0.9712552   

Corrected Total 35 146.9369454    

 

R-Square Coeff Var Root MSE NO3 Mean 

0.801700 12.41939 0.985523 7.935359 

 

Source DF Type I SS Mean Square F Value Pr > F 

SMD 1 10.55585075 10.55585075 10.87 0.0025 

TotalN 1 11.01280019 11.01280019 11.34 0.0021 

Totallength 1 43.94940729 43.94940729 45.25 <.0001 

SMD*SMD 1 8.11606803 8.11606803 8.36 0.0071 

Totalleng*Totallengt 1 44.16516214 44.16516214 45.47 <.0001 

 

Source DF Type III SS Mean Square F Value Pr > F 

SMD 1 5.74200727 5.74200727 5.91 0.0212 

TotalN 1 10.71370140 10.71370140 11.03 0.0024 

Totallength 1 28.55369154 28.55369154 29.40 <.0001 

SMD*SMD 1 8.09896342 8.09896342 8.34 0.0071 

Totalleng*Totallengt 1 44.16516214 44.16516214 45.47 <.0001 
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Parameter Estimate 

Standard 

Error t Value Pr > |t| 

Intercept 12.06990574 2.62320074 4.60 <.0001 

SMD 0.69473401 0.28572838 2.43 0.0212 

TotalN 0.02538265 0.00764247 3.32 0.0024 

Totallength -1.25630564 0.23170258 -5.42 <.0001 

SMD*SMD 0.02393215 0.00828769 2.89 0.0071 

Totalleng*Totallengt 0.08384855 0.01243433 6.74 <.0001 
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Sandstone catchment regression analysis  

 

Number of Observations Read 66 

Number of Observations Used 35 

 

Source DF 

Sum of 

Squares Mean Square F Value Pr > F 

Model 3 436.0880745 145.3626915 24.73 <.0001 

Error 31 182.2363207 5.8785910   

Corrected Total 34 618.3243952    

 

R-Square Coeff Var Root MSE NO3 Mean 

0.705274 41.45970 2.424581 5.848042 

 

Source DF Type I SS Mean Square F Value Pr > F 

ChemicalN 1 85.1122439 85.1122439 14.48 0.0006 

HydCond 1 275.4098479 275.4098479 46.85 <.0001 

StockingN 1 75.5659827 75.5659827 12.85 0.0011 

 

Source DF Type III SS Mean Square F Value Pr > F 

ChemicalN 1 29.7451525 29.7451525 5.06 0.0317 

HydCond 1 232.5827731 232.5827731 39.56 <.0001 

StockingN 1 75.5659827 75.5659827 12.85 0.0011 
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Parameter Estimate 

Standard 

Error t Value Pr > |t| 

Intercept 1.725430478 2.79907101 0.62 0.5421 

ChemicalN -0.019377529 0.00861444 -2.25 0.0317 

HydCond 2.547483238 0.40500388 6.29 <.0001 

StockingN 0.033737859 0.00941003 3.59 0.0011 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



__________________________________________________________________________________ 

__________________________________________________________________________________

199 

 

 

Joint model for catchments 

Class Level Information 

Class Levels Values 

Catchment 2 Castledock Timoleague 

 

 

Number of Observations Read 132 

Number of Observations Used 76 

 

Source DF 

Sum of 

Squares Mean Square F Value Pr > F 

Model 8 603.035848 75.379481 11.53 <.0001 

Error 67 437.973307 6.536915   

Corrected Total 75 1041.009154    

 

 

R-Square Coeff Var Root MSE NO3 Mean 

0.599280 38.14795 2.556739 6.702167 

 

Source DF Type I SS Mean Square F Value Pr > F 

SMD 1 0.1602631 0.1602631 0.02 0.8760 

Bottomscreen 1 54.8462122 54.8462122 8.39 0.0051 

Totallength 1 101.0713949 101.0713949 15.46 0.0002 

Firstrock 1 29.1584435 29.1584435 4.46 0.0384 

GrndCond 1 12.8888047 12.8888047 1.97 0.1649 

GrndCond*GrndCond 1 0.2641520 0.2641520 0.04 0.8413 

Totallengt*Catchment 1 401.9060172 401.9060172 61.48 <.0001 

Catchment 1 2.7405604 2.7405604 0.42 0.5195 
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Source DF Type III SS Mean Square F Value Pr > F 

SMD 1 32.86183336 32.86183336 5.03 0.0283 

Bottomscreen 1 28.54947321 28.54947321 4.37 0.0404 

Totallength 1 50.06217896 50.06217896 7.66 0.0073 

Firstrock 1 29.30564191 29.30564191 4.48 0.0379 

GrndCond 1 68.78758620 68.78758620 10.52 0.0018 

GrndCond*GrndCond 1 64.80886436 64.80886436 9.91 0.0024 

Totallengt*Catchment 1 68.29036748 68.29036748 10.45 0.0019 

Catchment 1 2.74056043 2.74056043 0.42 0.5195 

 

Parameter Estimate  

Standard 

Error t Value Pr > |t| 

Intercept 20.67498109 B 4.39773639 4.70 <.0001 

SMD 0.09024308  0.04024894 2.24 0.0283 

Bottomscreen -0.81479138  0.38988255 -2.09 0.0404 

Totallength -1.68209950 B 0.52268286 -3.22 0.0020 

Firstrock 0.83558607  0.39464081 2.12 0.0379 

GrndCond -2.67402142  0.82432082 -3.24 0.0018 

GrndCond*GrndCond 0.15290299  0.04856073 3.15 0.0024 

Totallengt*Catchment Castledock 0.84784879 B 0.26231619 3.23 0.0019 

Totallengt*Catchment Timoleague 0.00000000 B . . . 

Catchment            Castledock -2.21662682 B 3.42341313 -0.65 0.5195 

Catchment            Timoleague 0.00000000 B . . . 

 


