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Abstract 

The absence of a public water supply network in many rural areas of Ireland means that 

approximately 162,000 households rely on private wells for their water provision. In many cases 

such rural areas are also not connected to a centralised sewerage network and therefore depend 

on onsite domestic wastewater treatment systems (DWWTS). The necessity for the disposal of 

domestic wastewater and the attainment of safe drinking water within a spatially confined 

household site requires an in-depth understanding of the contaminant transport and attenuation 

processes for the DWWTS effluent - in parallel with suitable water well design and construction - 

in order to ensure groundwater resources (and hence human health) are adequately protected.  

Previous sampling studies of private wells in Ireland have, however, shown a proportion to be 

contaminated, with sources of microbial contamination known to include DWWTS, as well as 

practices associated with intensive agricultural production. As exposure to faecal contaminated 

water is associated with acute gastrointestinal illness, which in some cases can prove fatal, it is 

important that sources and pathways of well contamination are identified and remedied.  

However, while the microbial quality of private well water is commonly assessed using faecal 

indicator bacteria (FIB), such as E. coli, FIB are not source-specific, and provide no information as 

to the origin of the contamination, making remedial actions and the refinement of best practices 

in onsite wastewater treatment and private well protection challenging. The overall aim of this 

research was to assess the impact of DWWTS on the well water quality of private wells in Ireland, 

through the application of a range of chemical and microbiological contamination fingerprinting 

techniques, including an evaluation of their ability to apportion contamination to a specific 

source.  

A total of 212 households dependent on private wells and DWWTS were evaluated by individual 

site assessments that recorded variables relating to the hydrogeological setting, the individual 

construction features of each well and its siting relative to potential sources of contamination. 

The findings demonstrated that a significant proportion of wells were often inadequately sealed 

and protected against contamination via direct ingress.  Subsequent sampling and analysis of each 

well for a range of chemical and microbial water quality indicators found that 15% were indeed 

contaminated with E. coli.  

Through the development of a multiple logistic regression statistical model, the site assessment 

and water quality data were analysed to identify the specific factors associated with private well 

contamination. While geological setting and siting with respect to a DWWTS were not found to be 

significantly associated with the occurrence of contamination, poor wellhead condition and 
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proximity to a potential point source of agricultural contamination were statistically significantly 

associated with the presence of E. coli. 

A representative subset of 24 wells was monitored over a 14-month period to assess temporal 

variation in well water quality. This monitoring period identified significant temporal variation in 

quality, with 58 % of the wells testing positive for E. coli on at least one occasion.  

These wells were then used to evaluate a range of chemical and microbiological fingerprinting 

techniques. Fingerprinting methods evaluated include ionic ratios (K/Na and Cl/Br), fluorescent 

whitening compounds, faecal sterol profiles, artificial sweeteners, caffeine, pharmaceuticals 

(carbamazepine and sulfamethoxazole) and human specific Bacteroidales 16S rRNA genetic 

markers.  

The performance of each fingerprinting technique as well as the resources (and hence costs) 

required for their application varied considerably. Three methods/compounds (K/Na, Cl/Br and 

acesulfame) showed promise in identifying sources of well contamination. Elevated K/Na and 

Cl/Br ratios were found to be an indicator of potential impacts from decaying organic matter 

(such as farmyard waste) and DWWTS, respectively. The artificial sweetener acesulfame was 

detected on several occasions in a number of faecally-contaminated wells. Its conservative nature 

and anthropogenic origin suggest its potential use as a fingerprinting technique for human 

wastewater. In contrast, carbamazepine, sulfamethoxazole, caffeine, FWC and faecal sterol profile 

analysis appear to show reduced potential due to limited or non-detection. Whilst human and 

bovine specific Bacteroidales genetic markers were detected, further work is required to identify 

how the culture-independent nature of the method relates to faecal contamination. 

The findings from this research were used to develop a stepped approach that could be applied to 

any private well in Ireland (and potentially internationally) in order to identify well water quality 

and the source(s) of any contamination that is identified. This tiered approach has the potential to 

identify the well water quality, its susceptibility to contamination, the source of contamination if 

any present and, hence, any remedial works that are required.  As this research has indicated that 

a significant number of private wells are at least intermittently contaminated, the application of 

the tiered approach across Ireland is recommended to ensure groundwater and human health are 

protected. 
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Chapter 1 Introduction 

1.1 Background 

As the largest store of unfrozen freshwater on the Earth, groundwater is internationally relied 

upon as an important source of fresh potable water. Providing almost half of all drinking water 

worldwide, current abstraction rates are estimated at approximately 982 km3 / year, making it the 

world’s most extracted raw material (NGWA, 2016). Hence, it is imperative that it is protected. 

However, groundwater resources are under increasing pressure internationally from 

anthropogenic activities, with impacts evident in terms of both groundwater quality and quantity.  

Public water supplies are regulated and routinely monitored to ensure there is an adequate 

supply of clean safe drinking water for consumers. However, many rural areas are not served by a 

public water supply scheme, and therefore rely on private wells for their water provision. With 

approximately 15 million households in the United states alone supplied by a private well (United 

States Census Bureau, 2008), it is of obvious importance that this water is also of appropriate 

quality. However, sampling studies of private wells have shown a proportion to be contaminated, 

at least intermittently, with sources of microbial contamination known to include domestic 

wastewater treatment systems (DWWTS) and practices associated with intensive agricultural 

production (Macler and Merkle, 2000; Fetter, 2001). 

Rural areas not served by a main water supply are often not connected to a centralised sewerage 

network, and therefore rely upon onsite DWWTS. The necessity for the disposal of domestic 

wastewater and the attainment of safe drinking water within a spatially confined household site 

requires an in-depth understanding of the contaminant transport and attenuation processes for 

the DWWTS effluent in parallel with suitable well design and construction in order to ensure 

groundwater resources (and hence human health) are adequately protected. Internationally, 

however, private wells are largely unregulated, untested and untreated and often are 

inadequately protected against contamination. Furthermore, while DWWTS have the potential to 

achieve high treatment efficiencies, their performance is greatly dependent on the localised 

environmental conditions, as well as adequate design, construction, operation and maintenance 

(Siegrist et al. 2000). Compromised DWWTS performance can lead to the release of wastewater-

associated contaminants and pathogens into the environment, which in turn can pose a risk to 

nearby vulnerable private wells.  

Although the number of potential contaminants that can impact groundwater quality is 

enormous, arguably the largest threat is posed by the presence of pathogenic microorganisms 

such as disease-causing bacteria, viruses and parasites (Craun et al., 2010). The primary illness 
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associated with exposure to these microbial contaminants is acute gastrointestinal illness causing 

fever, nausea and diarrhoea (Macler and Merkle, 2000; Charrois, 2008; Craun et al., 2010). An 

estimated 750,000 to 5.9 million illnesses per year in the U.S have been a result of contaminated 

groundwater, with a resulting mortality of between 1400 - 9400 deaths per year (Macler and 

Merkle, 2000; Reynolds et al 2008).  

In routine water quality tests, the microbial quality of private well water is analysed using faecal 

indicator bacteria (FIB), such as E. coli, with their presence indicating compromised quality due to 

contamination by faecal matter from a warm-blooded animal. However, these FIB are not source 

specific and provide no information as to the origin of the contamination, making remedial 

actions and the refinement of best practices in private well protection challenging. In efforts to 

determine sources of aquatic contamination on a larger scale, previous studies have examined a 

range of compounds that are specific to sources of contamination, such as a wastewater 

treatment plant or agriculture. The presence of these compounds in an aquatic system indicates a 

potential impact from the source with which it is associated, therefore allowing specific remedial 

actions to be taken. However, to date, internationally there has been little work into the 

applicability of many of these tracers specifically to private wells and DWWTS. 

With respect to Ireland, while three quarters of all houses are connected to a public mains water 

supply, approximately 162,000 houses, primarily in rural areas, are dependent on a private 

source, such as a well, for their water supply (CSO, 2012). However, private wells in Ireland are 

unregulated, and are often poorly sited and constructed, and therefore can be vulnerable to 

contamination (Robins and Misstear, 2000; Institute of Geologists of Ireland, 2007). Previous 

sampling studies of private wells in Ireland found that approximately 30% tested positive for 

microbial contaminants (Hynds, 2012), with the main sources believed to be (DWWTS), farmyard 

run-off, grazing animals and the land-spreading of manure or slurry (EPA, 2010; Hynds, 2012).  

While best practices in onsite DWWTS are outlined in the Irish Code of Practice (EPA, 2009), 

during a national inspection programme approximately 48% of the DWWTS inspected did not 

meet the required standards due to poor maintenance, design or siting (EPA, 2015). Extensive 

research has been carried out in Ireland examining the treatment efficiencies of different types of 

DWWTS in various hydrogeological conditions (Gill et al. 2008; Gill et al. 2009a; O’Luanaigh et al. 

2012; Dubber and Gill, 2014). Results have shown variation in performance between the different 

DWWTS and unsaturated zone conditions, with episodic breakthroughs of faecal indicator 

organisms that pose a risk to underlying groundwater and private well water quality.  

The links between contaminated well water and adverse human health impacts are clear in 

Ireland. In 2008 and 2009 Ireland displayed the highest incident rate of verocytotoxin producing E. 
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coli (VTEC) of any European Union Member State (Garvey et al., 2011). A report on the incidence 

of VTEC infection in Ireland found that affected patients are up to four times more likely to have 

consumed untreated water from private wells (Morris et al., 2015). Outbreaks of Cryptosporidium 

and Giardia have also been associated with contaminated drinking water in Ireland, with 

outbreaks identified annually (Zintl et al. 2009; HSPC, 2012). Despite the potentially serious health 

effects related to contaminated private wells in Ireland, to date, there has been no 

comprehensive investigation into the applicability of contamination tracers specifically to private 

wells and DWWTS, hence the need for this research.   

1.2 Research Aims & Objectives 

This research was funded by the Environmental Protection Agency to provide further insight into 

private wells and contamination in Ireland. The overall aim of this research is to assess the impact 

of DWWTS on the well water quality of private wells in Ireland, through the application of a range 

of chemical and microbiological contamination fingerprinting techniques and an evaluation of 

their ability to apportion contamination to a specific source. In order to achieve this aim, four 

primary objectives were established: 

1. Attain new data regarding the groundwater quality of private wells across four specially 

selected and hydrogeologically distinct areas of Ireland; thereby informing policy makers, 

private well owners and the scientific community of the risks to health posed by the 

contamination of private drinking water. 

2. Through the development of a statistical logistic regression model based on 

hydrogeological, well and DWWTS variables, this research aims to identify the factors 

associated (and not associated) with well contamination. By overcoming the limitations of 

previous private well logistic regression models developed in Ireland, this research aims 

to comprehensively identify the factors associated with incidences of well contamination 

which can in turn be used to guide best practices for reducing contamination risks and 

protecting human health in the future. 

3. Apply a range of contamination tracers and evaluate their ability to apportion private well 

contamination to a DWWTS source as distinct to contamination from other sources such 

as agricultural activities. 

4. Establish an approach that can be applied to contaminated wells in in order to identify the 

contaminant source and provide guidance for remedial action.  
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1.3 Thesis Outline 

Chapters 2,3 and 4 provide a comprehensive review of literature pertaining to groundwater, 

private wells and DWWTS in both an international and Irish context. These chapters review our 

current understanding of well contamination and hence illustrate the requirement for this current 

research and the development of reliable contamination fingerprinting techniques.  

The methodologies used throughout this research are described in Chapter 5. This includes 

descriptions of the procedures used during the site selection, site assessments, well sampling and 

laboratory analysis.  

Chapter 6 presents the results from 212 site assessment surveys conducted across four 

hydrogeologically distinct study areas. The findings from these surveys are used to identify 

potential sources and pathways of contamination surrounding each well. These results are used 

to make inferences regarding the standard of private wells in Ireland. The results from the 

subsequent one-off sampling and analysis of these 212 wells for a range of microbial and chemical 

parameters are then presented in Chapter 7. These results are interpreted with respect to the 

specific geological settings and its influence on hydrochemical signatures. The chapter concludes 

with an investigation into the source and pathway components associated with observed nitrate 

contamination.  

Using a series of bivariate statistical tests and multiple logistic regression, Chapter 8 analyses the 

results of the site assessments and one-off sampling in order to identify the factors associated 

with the occurrence of faecal contamination in wells. These findings highlight significant sources 

and pathways of microbial contamination, and hence where remedial works could be focused in 

order reduce well susceptibility.  

Chapter 9 presents the results from the 14-month monitoring of 24 specially selected wells. These 

results are analysed to identify temporal trends in water quality and to further characterise the 

mechanisms of well contamination.  

The application of a range of contamination fingerprinting techniques to these wells is detailed in 

Chapter 10. The chapter proceeds on a fingerprinting method by method basis. Each technique is 

presented and evaluated by means of a comprehensive literature review, the methodology used 

for its analysis during this current research and the results obtained during its application to the 

24 monitoring well. Chapter 11 provides a summary of contamination fingerprinting techniques 

and how suitable methods could be applied in a logical tiered approach in order to identify the 

likely sources/pathways of well contamination. A summary of the key findings of this research is 

detailed in Chapter 12 along with recommendations for future research.  



 

5 
 

Chapter 2 Groundwater and Wells in Ireland 

2.1 Introduction 

This chapter outlines some general groundwater principles and then focuses on groundwater 

issues and well design in Ireland. A brief introduction to Irish hydrogeology is presented first, with 

insight into Irish aquifers and the overlying unsaturated zones, and how the varying properties of 

each can influence groundwater recharge and vulnerability to contamination. The chapter then 

outlines wells in Ireland in terms of their siting, design and construction, while drawing 

comparisons with international literature. The chapter concludes with an overview of legislation 

concerning groundwater and drinking water in Ireland.  

2.2 Groundwater 

The term groundwater can be defined as the subsurface water that occurs beneath the water 

table in saturated soils and geological formations, commonly referred to as aquifers (Freeze and 

Cherry, 1979). While estimates vary, the total volume of water stored as groundwater equates to 

approximately 24,000,000 km3 (Shiklomanov, 1993). In context, groundwater accounts for 

approximately 30% of the world’s freshwater (Shiklomanov, 1993). However, given that much of 

the freshwater water on earth is frozen, groundwater is by far the largest store of unfrozen 

freshwater on the Earth (Aeschbach-Hertig and Gleeson, 2012).  

The nature and distribution of aquifers and groundwater in a geological system is controlled by 

the lithology, stratigraphy and the structure of the geologic deposits and formations (Freeze and 

Cherry, 1979). As the ability of geological material to store and transmit water is greatly 

dependent on geological setting it can be highly variable (Freeze and Cherry, 1979; Todd and 

Mays, 2005). The flow of water through an aquifer can be characterised by well-established 

hydraulic principles, the origin of which date back to 1856 and the work of French hydraulic 

engineer Henry Darcy. The publication of his report, which is considered the birth of quantitative 

hydrogeology, detailed his experimentally derived expression of water flow in porous media, now 

commonly referred to as Darcy’s law (Freeze and Cherry, 1979). Darcy’s law states that flow rate 

through a porous media is proportional to head loss and inversely proportional to the length of 

the flow path (Freeze and Cherry, 1979; Todd and Mays, 2005). The influence of the porous media 

is represented in the law by a constant K, which denotes hydraulic conductivity. Hydraulic 

conductivity represents the permeability of the porous media as well as the nature of the liquid, 

which in this context is water (Freeze and Cherry, 1979; Todd and Mays, 2005).  

The hydraulic conductivity of a soil or rock depends on its physical properties including porosity, 

particle size and distribution, shape of particles, arrangement of particles and other factors (Todd 
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and Mays, 2005). In general, for unconsolidated material the hydraulic conductivity is dependent 

on particle size, with the lowest values associated with clayey materials. Todd and Mays (2005) 

state that approximately 90% of the developed aquifers consist of unconsolidated rocks mainly 

gravel and sand. These aquifers are capable of yielding high quantities of water due to high 

proportions of intergranular primary porosity and high hydraulic conductivity. Hydraulic 

conductivity of consolidated rock material varies greatly both between rock types and within rock 

units depending on factors such as degree of weathering, fracturing, solution channels and depth 

of burial (Todd and Mays, 2005). High quantities of water are associated with carbonate aquifers, 

however, this can vary greatly depending on the degree of consolidation and the degree of 

development of secondary porosity through processes such as karstification. Although also 

sedimentary in nature, sandstone has a lower primary porosity due to cementation processes in 

its formation. Sandstone aquifers can still, however, yield vast quantities of potable water. In 

contrast, many igneous and metamorphic rocks have a low primary porosity. A solid sample of 

metamorphic and plutonic rock will rarely have porosities greater than 2% (Freeze and Cherry, 

1979). Interstices that do exist in these rocks are small and also poorly connected which result in 

low hydraulic conductivities. These formations can however have appreciable secondary porosity 

due to fractures depending on their proximity to the ground surface and geologic history (Freeze 

and Cherry, 1979).  

2.3 Irish Bedrock Geology & Aquifers 

Topographically Ireland consists of a central lowland that lies approximately between 50 to 130 m 

above sea level, which is surrounded by elevated regions ranging from 500 to 1000 m above sea 

level. Just 5% of the country lies above 300 m, with the majority of this within 50 km of the sea 

(Commission of the European Communities, 1982). The bedrock geology of Ireland consists of 

units of igneous, metamorphic and sedimentary origin. These bedrock formations are largely of 

Palaeozoic and to a lesser extent Precambrian origin (Holland and Sanders, 2009). Precambrian 

rocks such as the schists and quartzites of Donegal, Sligo, Mayo, Galway and Wexford make up 

about 10% of the surface area of Ireland (Commission of the European Communities, 1982; 

Holland and Sanders, 2009). Palaeozoic rocks are widely distributed across Ireland. Many of these 

formations show evidence of complex interactions between volcanic activity, tectonics and 

sedimentation that were associated with the closing of the Iapetus Ocean associated with the 

Caledonian orogenic cycle (Holland and Sanders, 2009). Evidence of this process, which began in 

Cambrian times, is seen through the early Palaeozoic era up to the Devonian period. A 

comprehensive review of Irish geology from the Precambrian era up to the present day is 

presented in Holland and Saunders (2000). 
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Carboniferous geology is arguably the most important in an Irish context, with Carboniferous 

limestones being the most common rock type, underlying almost half of the country (Commission 

of the European Communities, 1982; Kelly et al., 2015). They underlie the entire midlands with a 

few exceptions. Associated rock types include various types of limestone, dolomite, shales, 

sandstones and a few coal seams (Commission of the European Communities, 1982). These rocks 

are of great economic importance as they are quarried extensively for aggregates, minerals, base 

metals and coals as well as being an important water supply.  

As aquifers, Irish bedrock is dominated by secondary porosity and permeability (Daly, 1995; 

Robins and Misstear, 2000; Kelly et al., 2015). Nonetheless, nearly all bedrock types provide 

enough water for a domestic supply and therefore almost the entire country can be classified as 

an aquifer (Kelly et al., 2015). The original aquifer classification scheme for Ireland was developed 

by the Geological Survey of Ireland (GSI) and is outlined in (DoELG et al.,1999). This was 

subsequently revised and updated under the National Aquifer Classification Programme in 2004 

as a requirement of the Water Framework Directive (WFD) (Kelly et al., 2015; GSI, 2016a). The 

initial aquifer classification by DoELG et al. (1999) determined three primary classes which were 

further subdivided into a total of eight aquifer categories as follows: 

Regionally Important (R) Aquifers  

• Karstified bedrock (Rk) 

• Fissured bedrock (Rf) 

• Extensive sand & gravel (Rg) 

 

Locally Important (L) Aquifers 

• Sand & gravel (Lg) 

• Bedrock which is Generally Moderately Productive (Lm) 

• Bedrock which is Moderately Productive only in Local Zones (Ll) 

 

Poor (P) Aquifers 

• Bedrock which is Generally Unproductive except for Local Zones (Pl) 

• Bedrock which is Generally Unproductive (Pu) 

Further delineation during revision for the Water Framework Directive established another 

category: Lk - locally important karstified bedrock. Regionally important karstified bedrock 

aquifers (Rk) can be further characterised as either Rkc (dominated by conduit flow) or Rkd 

(dominated by diffuse flow) depending on the degree and nature of the karstification. The 

properties associated with each of the aquifer categories are presented in Appendix A1. 

This aquifer classification is based on hydrogeological characteristics and the value of the 

groundwater resource (GSI, 2016a). To facilitate delineation over 1,000 bedrock formations were 
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simplified and categorised based on their properties into 27 distinct Rock Unit Groups (RUG). 

These RUG units in combination with structural zones and indicators of hydrogeological 

characteristics provided the basic boundaries for aquifer delineation. Overall criteria included 

aquifer productivity, transmissivity (and borehole yields), presence of large springs, presence of 

many small springs, lithology, structure and stream density (Kelly et al., 2015). It should be noted 

that data on specific aquifer transmissivity and specific yield can be scarce and so aquifer 

performance is often expressed in terms of well yield (Robins and Misstear, 2000). 

As outlined by Kelly et al. (2015) the Regionally Important Aquifer classes are generally dominated 

by relatively pure fractured limestones or clean sorted sands and gravels. These tend to comprise 

regional groundwater flow systems with flow paths up to several kilometres in length (Robins and 

Misstear, 2000). Regionally Important aquifers tend to be dominated by productive boreholes 

with yields greater than 400 m3/d; have a relatively low drainage density together with a high 

base flow to rivers; and often have large dependable springs present (Kelly et al., 2015).  

In contrast, Locally Important and Poor Aquifers are dominated by impure limestones, shales and 

sandstones, granites and other rock types (Kelly et al., 2015). These are typically associated more 

with poor yielding boreholes (less than 40 m3/d) than productive boreholes, and with many small 

springs and seepages present that dry out for long periods. A national aquifer classification map is 

shown in Figure 2.1. Aquifer maps are of primary importance and are used in a range of risk 

assessments and groundwater studies, including on-site wastewater site suitability assessments 

and groundwater source protection zones (see Section 2.6) (Kelly et al., 2015). The following 

research is carried out over a range of different aquifer classes to examine the potential influence 

of their specific properties on private well contamination in Ireland.  

2.4 Superficial Geology 

Bedrock aquifers in Ireland are overlain to various extents by unconsolidated materials. The term 

subsoil used in the context of Irish groundwater describes “the sediments present between 

topsoil and bedrock” (Swartz et al., 2003). Irish subsoils were deposited during the Quaternary 

period of glacial history, which encompasses the last 1.6 million years. There are five main subsoil 

types identified across Ireland including till, sands and gravels, lake deposits, alluvium and peat 

(Meehan and Lee, 2012). These subsoils overly the bedrock in varying degrees of thickness and 

textural properties (Daly, 1995; Fitzsimons and Misstear, 2006; Kelly et al., 2015). Till is the 

dominant subsoil deposit in Ireland covering over 43% of the country area at surface, and 

probably another 25% beneath peat or floodplain sediments (Meehan and Lee, 2012; Kelly et al., 

2015). Till can vary in thickness up to 100 m, but is generally less than 20 m thick and with 

relatively low permeability (Robins and Misstear et al., 2000).  
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Figure 2.1 National aquifer classification map of Ireland (GSI, 2007). 

The permeability of these subsoils are a function of several factors including the grain size 

distribution, the amount (and sometimes type) of clay size particles, and how the grains are 

packed together (Meehan and Lee, 2012). Subsoil permeability has been shown to vary greatly 

over short distances depending on these subsoil textural properties as well as 

density/compactness and preferential flow paths (Swartz et al., 2003; Kelly et al., 2015). Despite 
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this variation, a general pattern exists (Meehan and Lee, 2012). Kelly et al. (2015) report that the 

Geological Survey of Ireland define and map regional subsoil permeability using an integrated 

holistic approach that utilises textural descriptions, particle size data, hydraulic measurements, 

drainage and vegetative indicators, topsoil maps, bedrock maps, digital elevation models, and ice 

flow models. This yields three broad classes of permeability termed high, moderate and low. Most 

tills in Ireland are considered to have a ‘moderate’ or ‘low’ permeability (Swartz et al., 2003; Kelly 

et al., 2015). Moderate permeability subsoils generally have less than 14% clay and generally 

comprise of silts and/or sands. In contrast, low permeability subsoils have greater than 12% clay 

and therefore are defined by the textural class clay or silt/clay. In contrast, high permeability 

sands and gravels tend to be sorted and have less than 7% fines (Kelly et al., 2015).  

Using various properties of the superficial geology, a national map of likelihood of inadequate 

percolation has been produced for Ireland (EPA, 2013a). The categories and the percentage land 

areas of each are shown in Table 2.1. An area’s likelihood of inadequate percolation is determined 

by the characteristics of the particular soil, subsoil and bedrock aquifer type present. For instance, 

due to the fine-grained texture and associated drainage properties of clays, an area dominated by 

soil and subsoils containing a high proportion of clay material will by its nature have a high 

likelihood of inadequate percolation. In addition, bedrock with few significant fractures can 

impede drainage giving rise to a high likelihood of inadequate percolation (EPA, 2013a). These 

superficial geological properties are highly influential in governing DWWTS performance and the 

transport and attenuation of potential groundwater contaminants, as reviewed in Chapter 4.  

Table 2.1 Likelihood of inadequate percolation and the percentage land cover (EPA, 2013a). 

Categories of likelihood of inadequate percolation % Land Area 

Low 25.8 

Moderate 25.7 

High 22 

Very High 25.2 

Made Ground 1.3 

2.5 Groundwater Recharge and Vulnerability 

The nature and extent of both bedrock and subsoils can influence both the quantity of 

groundwater by limiting or allowing recharge, and also the quality by providing protection to the 

aquifer from contamination either from human or animal activities (Todd and Mays, 2005). 

Groundwater is recharged by water percolating downwards under gravity through the subsurface 

to the water table. The factors that influence the amount and type of groundwater recharge 

include precipitation (volume, intensity, duration), topography, vegetation (cropping pattern, 

rooting depth), evapotranspiration, characteristics of the superficial deposits (permeability, 

thickness), flow mechanisms in the unsaturated zone, bedrock geology, and available 
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groundwater storage (Misstear et al., 2006). For instance, groundwater recharge is lowest in areas 

overlain by thick, low permeability material. However, in areas where overlying material is free 

draining, thin or absent, direct recharge occurs through rainfall infiltrating through the 

subsurface. However, in these free-draining conditions, recharge can also be restricted by an 

underling poorly productive aquifer and a corresponding upper limit to which it can accept water. 

When the natural capacity of the aquifer is achieved further potential recharge can be “rejected” 

and migrate to surface water features (Hunter Williams et al., 2013). An aquifer’s recharge 

acceptance capacity is represented by a recharge cap.  The Working Group on Groundwater 

(2005) suggested that recharge caps of 100 and 200 mm yr. should be applied to poor (Pu and PI) 

and locally important (LI) aquifers respectively, due to their low transmissivity and storage. Sand 

and gravel aquifers, in contrast, are able to accept nearly all effective rainfall (Hunter Williams et 

al., 2013).  

By influencing recharge, geological setting can also influence the susceptibility of groundwater to 

contamination. The term groundwater vulnerability is used to refer to the ease with which 

groundwater can be contaminated. Several factors govern the vulnerability of an aquifer, 

including the leaching characteristics of the topsoil, the permeability and thickness of the subsoil, 

the thickness and properties of the unsaturated zone, the type of aquifer and the amount and 

nature of groundwater recharge (Misstear et al., 2009). These properties can govern the time of 

travel of infiltrating water (and contaminants), the relative quantity of contaminants that can 

reach the groundwater and the contaminant attenuation capacity of the geological materials 

through which the water and contaminants infiltrate (DoELG et al., 1999). Groundwater is most at 

risk where the subsoils are absent or thin and, in areas of karstic limestone, where surface 

streams sink underground at swallow holes. The groundwater that receives recharge (and 

potentially contaminants) from the land surface via these pathways is considered to be more 

vulnerable than groundwater that receives water more slowly and in lower quantities (DoELG et 

al., 1999). 

A recent national groundwater recharge map was developed for Ireland, as outlined in Hunter 

Williams et al. (2013). The map is based on hydrogeological variables and existing meteorological 

data. The main hydrogeological controls (groundwater vulnerability, subsoil permeability, soil 

drainage and aquifer type) were combined to produce recharge coefficients for different 

hydrogeological scenarios. Estimates of direct recharge were then derived from the application of 

recharge coefficients to the hydrologically effective rainfall. Rainfall in Ireland varies spatially 

across the country with most of the eastern half of the country getting between 750 and 1000 

mm of rainfall in the year while rainfall in the west generally averages between 1000 and 1400 

mm (Met Eireann 2016). The recharge map was then modified to take into account the 
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aforementioned recharge caps associated with the LI, PI and Pu aquifers which underlie 

approximately 65% of the country (Hunter Williams et al., 2013).  

To investigate the influence of the hydrogeological variables on private well contamination, the 

following research is carried out over four study areas, each distinct in terms of their bedrock 

aquifer properties, unsaturated zone properties, and by association distinct in terms groundwater 

vulnerability and recharge characteristics. The effect of recharge properties on groundwater 

quality is also investigated by recording antecedent rainfall prior to well sampling.  

2.6 Groundwater Protection in Ireland 

As proposed by the EU Water Framework Directive, Member States must prevent the 

deterioration of groundwater quality (Misstear and Daly, 2000). This requirement to protect 

groundwater in Ireland brought about a Groundwater Protection Scheme developed by the 

Department of Environment and Local Government (DoELG), the Environmental Protection 

Agency (EPA) and the Geological Survey of Ireland (GSI) (DoELG et al., 1999). The scheme 

integrates concepts of groundwater vulnerability, land surface zoning and groundwater 

protection responses and applies a risk assessment approach to protect groundwater bodies from 

contamination.  

Land surface zoning is based on the hydrogeological elements of risk and delineates areas based 

on the degree of protection they require, with the end product being an integrated map showing 

groundwater protection zones. There are three main hydrogeological elements taken into 

consideration for land surface zoning. These include the division of Ireland based on groundwater 

vulnerability, the delineation of areas surrounding groundwater abstraction sources, and the 

delineation of areas based on aquifer value and properties. 

Groundwater vulnerability, as reviewed previously, is greatly influenced by geological setting. In 

Ireland, this concept was used for assessing and delineating the vulnerability of groundwater to 

contamination. The system, which is summarised in Table 2.2, determines groundwater 

vulnerability classes based primarily on the thickness and permeability of the aquifer’s overlying 

subsoil and the depth to bedrock. Underlying groundwater can be classified into one of five risk 

categories. In order of highest to lowest vulnerability they are; near rock or surface karst (not 

listed in Table 2.2 but represents an area with a rock outcrop and subsoil less than 1 m thick), 

extreme, high, moderate and low (Swartz et al., 2003; Misstear et al., 2009). Groundwater 

underlying an extreme vulnerability zone is therefore regarded as being much more vulnerable to 

contamination than groundwater in a low vulnerability zone.  

 



 

13 
 

 

Table 2.2. Groundwater vulnerability mapping guidelines (DoELG et al. 1999). 

Hydrogeological Settings 

Vulnerability 
Rating 

Subsoil Permeability and Thickness Unsaturated Zone Karst Features 

High 
Permeability 
(sand/gravel) 

Moderate 
Permeability 

(sandy 
subsoil) 

Low 
Permeability 

(clayey 
subsoil, clay, 

peat) 

Sand/Gravel 
Aquifers Only 

(<30m radius) 

Extreme (E) 0 - 3m 0 - 3m 0 - 3m 0 - 3m - 

High (H) > 3m 3 - 10m 3 - 5m > 3m N/A 

Moderate (M) N/A >10m 5 - 10m N/A N/A 

Low (L) N/A N/A >10m N/A N/A 

The second aspect of Land Surface Zoning involves the creation of Source Protection Areas (SPAs) 

which aim to provide protection to groundwater sources by controlling activities in their 

proximity. Two broad approaches exist in delineating SPAs. One involves using arbitrary fixed radii 

irrespective of the surrounding hydrogeological setting. This can both under- and over-protect a 

groundwater source, especially in cases where the zone of contribution is skewed, by factors such 

as the gradient. Despite this limitation, it can be a useful first step and requires little expertise 

(DoELG, et al., 1999). Several other methods for SPA delineation incorporate hydrogeological 

information, each varying in cost and level of hydrogeological data required.  

Two types of SPAs are determined in Ireland, namely inner protection areas and outer protection 

areas. Inner source protection zones are designed to protect against human activities, and in 

particular microbial pollution that might have an immediate effect on the source. This area is 

designed to represent a 100-day travel time from the source to any point below the water table. 

This limit, although conservative, reflects the persistence of bacteria and viruses in the 

subsurface. However, these travel times have been shown to vary depending on the geological 

conditions and the microorganism itself, which highlight limits in using fixed distances and 

bacteria characteristics. Viruses for instance are capable of surviving and being transported over 

longer distances in aquifers (Moore et al. 2010). Outer source protection areas cover the 

remainder of the zone of contribution (ZOC) of the groundwater source. This depends on the 

abstraction rate of the source as well as the groundwater recharge rate. Source protection zones 

are then constructed by combining the SPAs with the vulnerability categories (Table 2.3) (DoELG 

et al., 1999).  

The third and final aspect of land surface zoning applies to areas that fall outside Source 

Protection Zones. This involves the delineation of Resource Protection Areas based on the 

groundwater aquifer classification scheme and the specific groundwater vulnerability setting 

(DoELG et al., 1999) (Table 2.4). 
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Table 2.3. Source Protection Zone delineation (DoELG et al. 1999). 

Vulnerability     
rating 

Source Protection Zone 

Inner (SI) Outer (SO) 

Extreme (E) SI/E SO/E 

High (H) SI/H SO/H 

Moderate (M) SI/M SO/M 

Low (L) SI/L SO/L 

 

Table 2.4. Resource Protection Zone delineation guidelines (DoELG et al. 1999). 

Vulnerability     
rating 

Resource Protection Zone 

Regionally Important 
Aquifers 

Locally Important 
Aquifers 

Poor Aquifers 

Rk Rf/Rg Lm/Lg LI Pl Pu 

Extreme (E) Rk/E Rf/E Lm/E LI/E Pl/E Pu/E 

High (H) Rk/H Rf/H Lm/H LI/H Pl/H Pu/H 

Moderate (M) Rk/M Rf/M Lm/M LI/M Pl/M Pu/M 

Low (L) Rk/L Rf/L Lm/L LI/L Pl/L Pl/L 

 

The other major element of the Groundwater Protection Scheme involves Groundwater 

Protection Responses (Table 2.5) for potentially contaminating activities located in either Source 

Protection Zones or Resource Protection Zones. Each particular scenario receives a response value 

from R1 to R4. A value of R1 means the proposed action is acceptable subject to normal good 

practice, R2 means it is acceptable in principle subject to conditions, R3 means it is not acceptable 

in principle with some exceptions and R4 means it is simply not acceptable (DoELG et al., 1999). 

The overall outcome of the Scheme therefore aims to ensure that good environmental practices 

are followed and that groundwater is protected from potentially polluting activities. The 

responses seen in Table 2.5 are for a hypothetical potentially polluting activity. Specific responses 

for the siting of DWWTS are outlined in Section 3.8.  

Table 2.5. Groundwater protection responses (DoELG et al. 1999). 

Vulnerability Rating 
Source Protection 

Resource Protection 

Regionally Imp. Locally Imp. Poor Aquifers 

Inner Outer Rk Rf/Rg Lm/Lg LI Pl Pu 

Extreme (E) R4 R4 R4 R4 R3 R2 R2 R2 

High (H) R4 R4 R4 R3 R3 R2 R2 R2 

Moderate (M) R4 R3 R3 R2 R2 R2 R2 R1 

Low (L) R3 R3 R2 R2 R2 R2 R1 R1 
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2.7 Water Provision in Ireland 

In Ireland, the provision and distribution of drinking water is achieved by means of five distinct 

categories of water supplies as listed by the EPA (2011). These include: 

• Public Water Supplies (PWS): These are Water Services Authority operated schemes. They 

supply water to the majority of households in Ireland.  

• “Public” Group Water Schemes (PuGWS): These are schemes where the water is provided 

by the Water Services Authority but responsibility for distribution of the water rests with 

the group scheme.  

• “Private” Group Water Schemes (PrGWS): These are schemes where the owners of the 

scheme (usually representatives of the local community) source and distribute their own 

water.  

• Small Private Supplies (SPS): This is a group of different types of supplies comprising 

industrial water supplies (such as those used in the brewing industry) to boreholes serving 

commercial premises (e.g. pubs, hotels etc.) and public buildings (e.g. schools, nursing 

homes).  

• Exempted Supplies: These are supplies serving less than 50 persons and not supplying 

water as part of a public or commercial activity. The majority of these supplies are private 

wells serving individual houses.  

 

According to recent census data published by the CSO (2012) approximately three-quarters of the 

occupied 1,650,000 permanent private households in Ireland are connected to a public mains 

water supply. Of the remaining households, 9% are connected to a local authority group water 

scheme and 12.9% connected to a private source such a well (CSO, 2012). The distribution of 

these systems varies spatially over the country, with notable differences observed between rural 

and urban areas. Approximately 92% of urban houses are connected to public mains, with 4.5% 

connected to a group scheme and just 0.4% connected to some other private source. In contrast, 

just 47% of rural houses are connected to public mains. Of the remaining rural houses, two thirds 

(201,000 households) are supplied by a private source such as a well or lake while a further 

99,634 households are served by a local authority group water scheme.  

The majority of drinking water consumed nationally (approximately 80%) originates from surface 

water, with the remainder originating from wells and springs (EPA, 2011). Although estimates 

vary, in Ireland the average volume of groundwater abstracted per capita is estimated at 62 

m3/year, accounting for approximately 20-25% of Ireland’s total water abstraction (Younger, 
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2007; Daly, 2009). In certain counties, however, groundwater abstractions can rise to greater than 

50% of the total (Daly, 2000).  

2.8 Wells  

Evidence shows the importance of groundwater in Celtic regions has been known for thousands 

of years (Robins and Misstear, 2000). With regards to Ireland, wells have developed historically 

with a close link to religious and pagan beliefs, and have long been an important feature in local 

culture (Misstear et al., 2006). These wells were commonly believed to have intrinsic values, with 

the water believed to possess various healing and spiritual properties. Over time most of these 

wells were renamed after Christian Saints, with an intrinsic value still associated with them today 

(Verner, 2009). Approximately 3,000 of these so-called holy wells exist across the country (Logan, 

1980; Robins and Misstear, 2000; Foley, 2010).  

The following sections outline modern wells in Ireland, together with the common practices 

employed during their siting, construction and use. It should be noted that the following 

descriptions are based on literature concerning the ideal practices that should be employed 

during well construction and design. However, these practices are not always followed as private 

wells in Ireland are largely unregulated, and as a result are often poorly located and constructed. 

Daly (2000) explains that in Ireland, a well is almost the only important feature of a house which is 

not governed by any regulations or standards. 

2.8.1 Wells in Ireland 

Several types of wells exist; each varying in terms of their design and construction, with hand dug 

wells and bored wells being the two types most commonly found in Ireland. Often referred to as 

hand dug wells, dug wells or open wells (Misstear et al., 2006), they are relatively simple in terms 

of their design and construction. Most commonly they are found in areas with alluvial deposits 

and the weathered sections of carbonate, crystalline, and basaltic bedrock (Mace, 1999), and are 

particularly common in areas of low permeability or very thin aquifers (Stoner and Bakiewicz, 

1987). Regardless of their simple design, hand dug wells are still a common means of 

groundwater abstraction to this day, particularly in developing countries where they are still 

greatly relied on as a drinking water source (Misstear et al., 2006). However, the development of 

more modern drilling methods has made them much less common in the developed world 

(Waller, 1988). In Ireland, previous private well research (Hynds, 2012) found that of the wells 

encountered, approximately 20% were hand dug constructions. Fewer dug wells were 

encountered in this current research however, as discussed in Section 6.2, and therefore the 

following review focuses on the more common bored well constructions.   
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Drilled wells, also known as tube wells or production wells are much more common place 

nowadays (Misstear et al., 2006). Simply defined, a borehole well is a narrow hole in the ground 

constructed by a drilling machine in order to gain access to the groundwater system (IGI, 2007).  

However, as mentioned previously, in Ireland well drilling is often undertaken without any 

technical specifications of standards, it is often not supervised by hydrogeologists or engineers 

and is completely unregulated by the state (IGI, 2007). 

2.8.2 Well Siting 

Prior to constructing a well, a suitable location must first be identified. In general, correct siting is 

required to ensure that the well yields the required volume of water of a suitable quality with 

least impact to either fellow groundwater users or the environment (Misstear et al., 2006; IGI, 

2007). This must all be achieved with financial constraints in mind. As detailed by Misstear et al. 

(2006) the process for choosing a suitable well location comprises a series of field and desk based 

investigations. The process should begin with desk based studies in order to first identify the 

requirements of the well and the various geological and hydrogeological characteristics of the 

area, followed by onsite field investigations and consultation with local authorities and well 

drilling companies (Misstear et al., 2006; RWSN, 2010).  

One of the primary reasons for correct well siting is to minimise the risk of pollution. When siting 

a new well, potential contamination sources in the vicinity should identified. Often poor well 

water quality is attributed to the poor siting of wells in relation to contaminant sources. IGI (2007) 

considers the siting of wells in relation to risks from common contamination sources, which 

include septic tanks, silage pits, oil tanks, manure and other farmyard runoff. The document 

outlines as a general rule, that wells should be located upslope and as far away as possible from 

potential sources of pollution. The document also provides the recommended setback distances 

between private wells and these potential contaminant sources (Table 2.6). As shown, the 

minimum setback distance between a DWWTS and well ranges from 15-60 m depending on the 

subsoil conditions and gradient. While these are recommended setback distances, in practice an 

appropriate setback distance will be dependent on the subsoil type, the depth to the water table, 

local topography and contaminant type and loading (IGI, 2007) as examined in Section 2.5. These 

distances would likely be larger if based on the virus travel times. Setback distances developed in 

New Zealand, based on the behaviour of a range of viruses over various hydrogeological 

conditions varied from 50 m to 300 m, with certain scenarios where >300m is required (e.g. 

where a gravel of karstic aquifer is overlain by a thin vadose layer) (Moore et al. 2010).   
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Table 2.6. Recommended distance of a private well from likely pollution sources (IGI, 2007). 

 
 

2.8.3 Well Construction 

Well construction methods vary depending on whether constructing a hand dug or bored well, as 

well as the localised geological conditions. Prior to construction, careful consideration must also 

be given to the various aspects of well design outlined in the following section. Again, given the 

predominance of bored wells in Ireland and the fact that few dug wells were encountered during 

this research, the following section(s) focuses mainly on borehole construction.  

As the name suggests, hand dug wells were traditionally excavated by hand, and as a result are 

often shallow due to the localised conditions and the limitations involved with pumping water out 

of the well as it is deepened (IGI, 2007). In terms of diameter, the well needs to be wide enough 

to accommodate the well diggers, however, not too wide as to increase the pollution risk and the 

cost and labour input required to excavate and remove spoil (Misstear et al., 2006). Once 

excavated, the well is commonly lined to prevent collapse. Common materials used for lining 

include stones, brick, tile, or concrete and then they are covered with a cap of wood, stone, or 

concrete (Waller, 1988; Misstear et al., 2006).  

In relation to boreholes, various drilling methods exist. Misstear et al. (2006) provides a list of 

aspects to consider when choosing a well drilling technique.  
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• The intended use of the well e.g. exploration or abstraction 

• The aquifer geology e.g. consolidated, unconsolidated or crystalline 

• The required well depth 

• How is the borehole to be lined? 

• What drilling techniques are available and feasible? 

• What techniques have been used in the area in the past? 

Traditionally, well drilling techniques fall into two primary categories which are differentiated on 

the basis of the predominant drill action used. They can either be classed as percussion 

techniques, or as rotary techniques. Rotary drilling techniques can be subcategorised into either 

direct circulation rotary drilling or reverse circulation rotary drilling, with further developments 

coming in the form of top hole and down the hole (DTH) hammer techniques (Misstear et al., 

2006). Most water wells in Ireland are drilled using an air-hammer (‘down-the-hole’ or DTH) 

rotary rig, while some wells are drilled using a cable-tool (percussion) rig (IGI, 2007).  

2.8.4 Well Design 

Whether constructing a drilled or hand dug well, careful consideration must be given to various 

aspects of well design prior to construction. According to Sterrett (2007) the objectives of proper 

well design is to ensure: 

• Aquifer protection 

• Minimum drawdown 

• Good water quality 

• Sediment free yield 

• Reasonable longevity 

• Desired yield 

• Minimum maintenance cost 

• Practical capital cost 

The hydrogeological setting is the one of the main factors that will govern the well design and as a 

result, an array of hydrogeological information is required. Data are required regarding the 

aquifer type and lithology, regional groundwater levels, aquifer characteristics such as hydraulic 

conductivity storativity and boundaries, recharge and groundwater quality. The comprehensive 

lists outlining the information needed can be viewed in Misstear et al. (2006) and Sterrett (2007). 

Well design must also take into consideration the required yield of the well. Misstear et al. (2006) 

explain that the maximum discharge rate must be decided before a well can be designed as it will 

dictate the size of pump required which, in turn, will govern the minimum internal diameter of 

the pump chamber casing. However, as a large number of wells in Ireland are private supplies for 

single households and are privately funded, financial constraints are often a factor in well design. 

The finished design should not incur excessive cost or be over designed where a simpler and less 
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expensive design would suffice (Misstear et al., 2006). The specific aspects of well design will now 

be discussed.  

 

 

 

 

Well Casing 

The well casing (Figure 2.2) is installed to perform the following primary functions (IGI, 2007): 

• Supporting the walls of the well and preventing them caving into the well. 

• Preventing surface water, or shallow groundwater (which is liable to pollution) from 

entering the well. 

• Protecting the pump and the rising main from damage. 
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Figure 2.2 Cross section of a bedrock water supply borehole in Ireland (EPA, 2013b) 

 

Commonly used well casing materials are steel, plastic and fibreglass (Misstear et al., 2006; 

Sterrett, 2007). Selection of the material should be based on several factors; however, it is often 

influenced by local availability and the common practice within an area. Internationally steel is the 

most commonly used casing material, primarily due to its strength (Misstear et al., 2006; Sterrett, 

2007). In an Irish context, the IGI (2007) states that the driller should certify that the casing is 

suitable for the specific borehole. Many groundwaters throughout Ireland are slightly or seriously 

acidic and will corrode steel casing and may give rise to unacceptable levels of dissolved iron in 

the water. Where the groundwater is known to be non-corrosive, steel casing can be used (IGI, 
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2007). Steel was the most commonly used casing material encountered during this research and 

in the study by Hynds (2012). 

The IGI (2007) state that a casing should be installed to a depth that ensures it fulfils the three 

functions listed above. However, this is dictated by the specific local conditions. For instance, in 

an unstable sand or gravel aquifer, the casing should be installed the full length of the bore in 

order to prevent collapse. In contrast, in a rock aquifer, the casing should be installed to a 

minimum depth of 20 m below ground, or to 10 m into the bedrock, whichever is the greater. 

However, in either case, the casing should be installed to at least 2 m below the depth that the 

pump will placed at in order to protect the pump itself (IGI, 2007). It is recommended that the 

annulus or void around the casing is completely backfilled by injecting pure cement grout from 

the bottom. This will prevent surface contaminants or poor quality shallow groundwater entering 

the borehole via the annulus (IGI, 2007). 

The appropriate casing diameter is typically dictated by the pump size (Sterrett, 2007). The well 

casing diameter has to be large enough to accommodate the pump while also allowing it to 

function properly and safely (IGI, 2007). As with the other design considerations, costs must be 

considered.  

Well Depth 

Appropriate well depth is a function of numerous variables, including well type and its purpose, 

the hydrogeological setting and the economic considerations. For small domestic supplies in 

Ireland it is usually not necessary to drill boreholes deeper than 120 m. A suitable depth will 

depend upon the number, openness and water yield of fractures or cracks encountered in the 

deep bedrock (IGI, 2007). Typically, in Irish bedrock aquifers, well depths range between 30 - 100 

m below the surface (EPA, 2016).  

Internationally, well depth has also been shown to influence contamination risk. A recent study by 

Gonzales (2008) found deeper wells to be less at risk of bacterial contamination, with past studies 

having found relationships between well age and depth and contamination. Glanville et al. (1997) 

found that older wells tend to be shallower, with both of these conditions found to be 

consistently associated with lower water quality. Goss et al. (1998) also observed a statistically 

significant increase in both the concentration of nitrate and number of bacterial colonies with 

well age. Interestingly, however, the effect of age decreased with depth, highlighting the potential 

relationship between the two. This relationship is examined in the following research; however, 

as was noted by Hynds (2012) accurate information regarding private well depth in Ireland can be 

difficult to attain. Figures 2.3 and 2.4 below show how both borehole depth and the 

presence/absence of an adequately constructed grout seal can influence the likelihood of 
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contamination. In Figure 2.3, the absence of a grout seal provides a pathway for shallow 

groundwater to enter and contaminate the well, while the presence of a grout seal in Figure 2.4 

protects the well from the contamination, while allowing clean safe drinking water to be drawn 

from deeper in the aquifer. Note, both Figures 2.3 and 2.4 are simplified 2-D representations of 

complex groundwater and contaminant movement.  

 
  Figure 2.3 Borehole constructed in bedrock aquifer. The absence of an adequate grout seal 

allows contaminated shallow groundwater to enter the well (EPA, 2013b). 

 
Figure 2.4 Borehole constructed in bedrock aquifer. The adequately constructed grout seal 

prevents contaminated shallow groundwater from entering the well (EPA, 2013b). 
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Well Intake 

This section of well design is concerned with how water enters the well. As with the other design 

features the well intake must be suited to the local conditions. A screen and gravel pack may be 

selected based on analysis of lithological samples from the aquifer (Misstear, et al., 2006). The 

purpose of the well screen is to allow water to enter the well through a series of openings, while 

preventing collapse, without incurring significant head losses while also helping to prevent the 

inflow of sediment which can potentially damage the pump (Blair, 1970; Misstear et al., 2006). 

While screens are a necessity in unconsolidated aquifers, such as the sand and gravel aquifers 

that underlie approximately 2% Ireland (EPA, 2016), they are also sometimes, albeit rarely used in 

consolidated bedrock aquifers and crystalline material if they are unstable (Misstear et al., 2006; 

IGI, 2007).  

A hydrogeologist may advise that a filter pack be placed in the annulus between the borehole wall 

and the well screen to prevent formation material from entering the screens (IGI, 2007; Sterrett, 

2007). As with screens in Ireland, filter packs are generally only used in wells drawing water from 

an aquifer comprising sand to fine gravel grain sizes (IGI, 2007). The filter pack can be developed 

from the natural formation, or inserted as an artificial pack (IGI, 2007; Sterrett, 2007). Artificial 

gravel packs are used where the aquifer material is fine, well-sorted or layered and 

heterogeneous (Misstear et al., 2006). 

 

Wellhead Completion 

Wellhead completion refers to the finishing of the section of the well exposed at/above the 

ground surface. Correct wellhead completion is deemed to be of great importance to mitigate the 

risk of well contamination and future well maintenance problems (Daly, 2000; Misstear et al., 

2006). Despite the associated risk, private wellheads in Ireland are often left unfinished (Daly, 

2000; Hynds, 2012).  

It is recommended that the chamber should be finished above the ground level in a sealed 

chamber (Misstear et al., 2006; IGI, 2007) as shown in Figure 2.5. Firstly, a concrete pad should be 

constructed at depth of 500 mm to a distance of 500 mm from the well, after which it can be 

reduced to a depth of 150 mm until a distance of 2 m from the well (IGI, 2007). This pad should 

have a 1:10 slope to direct and flow of water away from the wellhead or a drainage pipe can be 

installed to divert the water away (Misstear et al., 2006; IGI, 2007). The chamber, commonly a 

manhole, with either a concrete or steel cap is then constructed over the wellhead and concrete 

pad (IGI, 2007). Despite these best practices many wells are finished in underground chambers for 
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security, traffic and aesthetic reasons, despite the fact that it can leave the well more vulnerable 

to contamination (Misstear et al., 2006). 

The IGI (2007) recommend that the well liner head should be at least 150 mm above the floor of 

the chamber and fitted with a protective cap. The cap should have holes to accommodate the 

pipes and cables entering the well, as well as a hole to allow for access to dip the well (IGI, 2007). 

This reduces the risk of contamination arising from the ingress of water and other debris from the 

ground surface. Despite this Daly (2000) explains that in some cases, the well liner is cut flush with 

the ground surface and loosely plugged with a plastic bag. It is recommended that a pump house 

should not be constructed directly on top of the well, as this can lead to access problems for any 

future maintenance works (Misstear et al., 2006; IGI, 2007). A distance of 2 m between the well 

and pump house is deemed to be sufficient. Pipes between the well and pump house should be 

contained with a larger protective plastic pipe, and laid to a depth of at least 150 mm below the 

ground surface for protection. The pump house and wellhead should ideally be surrounded by a 

fence and lockable gate for security (IGI, 2007).  Each of these well-head variables were assessed 

for the wells encountered during this research to examine any potential relationships between 

well head finish and subsequent well water quality (Chapter 8).  

 
Figure 2.5. Adequately sealed wellhead and chamber. 

2.8.5 Well Disinfection & Water Treatment 

All water supply wells should be disinfected before being brought into regular use to ensure the 

water is of an acceptable and suitable quality for drinking (Misstear et al., 2006; IGI, 2007). 

Commonly, chlorine-based compounds are used such as chlorine gas, sodium hypochlorite and 
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calcium hypochlorite, which act as strong oxidants (Misstear et al., 2006). Once in use, if tests 

indicate water quality issues in a particular well, water treatment systems should be considered. 

Various water treatment options are available to ensure an adequate and continuous supply of 

water that is chemically, bacteriologically and aesthetically pleasing.  

The type of treatment system required depends on the specific quality of the raw water (Gray, 

2010). It is important to note that any treatment system must be properly maintained and 

operated to do its job effectively; otherwise it could itself pose a health risk (EPA, 2014). Research 

by Hynds (2012) found 32% of wells included in his study to be fitted with some form of water 

treatment device (i.e. 68% were not); however, this varied depending on well design type, with 

11.6% of dug and 41.3% of bored wells fitted with treatment devices.  

Water softening is used to remove or reduce the hardness in water which is caused primarily by 

the presence of calcium and magnesium ions (Gray, 2010), both of which are non-toxic and 

naturally found in groundwater (Symons et al., 2009). Excessive hardness can however have 

economic and aesthetic impacts by causing the scaling of heating appliances, pipes and taps 

(Cheremisinoff, 2001). Water softeners are therefore employed to reduce water hardness (EPA, 

2014). Water softeners consist of a tank or cylinder of ion exchange material that is saturated 

with sodium. As water passes through the cylinder and over the exchange material, the calcium 

and magnesium ions in the water, which cause the hardness, are replaced with sodium ions from 

the exchange material (Cheremisinoff, 2001). The exchange material must be regenerated using a 

sodium solution which removes the calcium and magnesium, preventing it from becoming 

saturated. Many modern softeners are equipped to automatically regenerate from a reservoir of 

sodium solution on a set regular basis. It should be noted that as the resulting water is high in 

sodium, it should not be used for drinking, cooking or preparing babies bottles. It should only be 

used for other purposes such as showering or washing (EPA, 2014). Aforementioned research in 

Hynds (2012) found these softeners to be the most common treatment devices fitted to Irish 

wells.  

Chlorination is the most commonly used disinfectant in Ireland and worldwide (Gray, 2010; EPA, 

2014). Gray (2010) explains how chlorine reacts with water to form hypochlorous acid (HOCl) and 

hydrochloric acid (HCl). The hypochlorous acid is a weak acid which readily dissociates to yield 

hypochlorite ions (OCl-) and a chemical equilibrium develops between the associated and 

unassociated forms, both of which are disinfectants. However, it is more suited to disinfecting a 

well on an intermittent rather than an on-going basis. Additionally, while it protects against 

pathogens, it is not as effective against Cryptosporidium (EPA, 2014). It is, however, a cost-

effective method (Gray, 2010). 
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UV technology, first utilized in water treatment in the USA in the early 1970’s, operates by 

exposing water to ultraviolet light (Betancourt and Rose, 2004). UV disinfection is considered an 

effective treatment method and has been shown to effectively inactivate pathogens, including 

Cryptosporidium if exposed to an appropriate UV dose (Zimmer and Slawson, 2002; Betancourt 

and Rose, 2004; EPA, 2014). The effectiveness of UV light in biological inactivation results from 

the fact that DNA molecules absorb UV photons between 200 and 300nm. Such absorption results 

in damage to the DNA by affecting nucleotide base pairings. This damage inhibits DNA replication 

resulting in cell death (Wolfe, 1990; Zimmer and Slawson, 2002).  

Small UV sterilizers can simply be fitted on the rising main pipe under the sink (Gray, 2010). In 

terms of advantages, firstly, it is a physical process that does not rely on the addition of any 

chemicals. Secondly, it has been shown to be highly effective in the inactivation of protozoa after 

only short contact times and, thirdly, no resulting by-products have been identified (Betancourt 

and Rose, 2004). However, the effectiveness of UV light can be impeded if the water is turbid, or 

by high levels of iron and manganese in the water which can cause fouling of the lamp (EPA, 

2014). Furthermore, it provides no lasting residual disinfection effect, meaning water is only 

disinfected at the point of treatment (Betancourt and Rose, 2004). Just 18% of private wells in 

Ireland were found to be fitted with microbial treatment devices in the study by Hynds (2012).  

Pressure-driven membrane processes use pressure and a selective membrane to separate water 

in two fractions termed the retentate and the permeate. The system works by subjecting the 

water to a pressure, which acts as driving force to move water across a permeable membrane. 

The nature of the membrane means it acts as a filter, preventing the transport of particles and 

dissolved components with the water. These materials are retained by the membrane, in what is 

called the retentate. The resulting water that has passed through the membrane, termed 

permeate is usually pure water, whereas the retentate is a concentrated solution that must be 

disposed of or treated by other methods (Van Der Bruggen et al., 2003). Pressure-driven 

membrane processes can be classed into four distinct groups based on several criteria, including 

the characteristics of the membrane, the size and charge of the retained particle and the pressure 

exerted in the process. This classification differentiates four different groups, namely 

microfiltration, ultrafiltration, nanofiltration, and reverse osmosis (Van Der Bruggen et al., 2003).  

2.9 Legislation: Groundwater and Drinking Water 

Increasing awareness of the need to protect groundwater resources has led to numerous 

legislative acts in Europe and its member states. Recent decades have seen implementation of a 

series of directives within the European Union with which member states, including Ireland must 

comply. These legislative acts cover both the protection of surface and groundwater bodies as 



 

28 
 

well setting the standards for which drinking water must comply. The following section briefly 

discusses the history and current nature of the relevant European legislation, with a special focus 

on groundwater and Irish implementation. European legislation concerning both groundwater 

and surface water resources has been restructured by the implementation of the Water 

Framework Directive (WFD) (2000/60/EC; Gray, 2010). Many of the earlier directives have been 

incorporated into the WFD to yield a single coherent policy document covering water resources 

on a catchment basis (Gray, 2010). 

Groundwater 

One of the earliest pieces of European legislation concerning groundwater was the Groundwater 

Directive (80/68/EEC). The legislation listed substances that should be prevented or limited from 

entering groundwater. However, European legislation concerning both groundwater and surface 

water resources has been restructured since the implementation of the WFD (2000/60/EC; Gray, 

2010). The WFD (2000/60/EC) requires that all groundwater be of a good quality and that 

measures are taken to prevent and control pollution of groundwater. This brought about the 

introduction of a new Groundwater Directive (2006/118/EC). This directive obliges member states 

to introduce and enforce quality standards criteria and threshold values for assessing 

groundwater quality and subsequently identify and reverse any declines in groundwater quality. 

This must all be done with reliable and comparable methods of analysis and careful research. In 

Ireland, to meet these objectives, the Groundwater Directive (2006/118/EC) was legally 

implemented on the 27th of January 2010 under the European Communities Environmental 

Objectives (Groundwater) Regulations 2010 (Statutory Instruments No. 9 of 2010). This legislation 

details the duties of Public Authorities with regards to preventing and controlling groundwater 

pollution. 

In addition to the groundwater specific directive, numerous other legislative acts have been 

enacted to protect environmental systems inclusive of groundwater. The Nitrates Directive 

(91/676/EC) is a specific Council Directive concerning the protection of both surface and 

groundwater against nitrate pollution from agricultural sources. The directive required member 

states to identify vulnerable zones and in turn apply action programmes and mandatory rules to 

them. In Ireland, this was implemented via a national territory approach using an action plan for 

the whole country recently reviewed and implemented under the European Communities Good 

Agricultural Practice for the Protection of Waters Regulations (Department of the Environment, 

Community and Local Government, 2014) (SI 31/2014).  

Drinking Water 
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Within Ireland and other European member states, the water supplied for human consumption 

and/or used in food preparation must conform to the Drinking Water Directive (98/83/EC). This 

legislation, approved in November 1998 replaced the earlier Drinking Water Directive 

(80/778/EEC) which was originally proposed in 1975 (Gray, 2010). Once implemented, each 

member state was required to incorporate the directive into their national legislation within 2 

years.  

In Ireland, the Drinking Water Directive (98/83/EC) was legally implemented under the European 

Communities (Drinking Water) Regulations 2014 (Statutory Instruments No. 122). The Drinking 

Water Regulations (SI 122/2014) applies to water supplied from a distribution network or a 

private source, at the point within a premises at which it emerges from the tap or taps that are 

normally used for the provision of water for human consumption; water supplied by tanker or 

similar means, at the point at which it emerges from it, and water used in a food-production at 

the point where the water is used in the undertaking. With regards to quality, water is considered 

clean if it is free from any micro-organisms and parasites and from any substances which in 

certain numbers or concentrations can pose a potential danger to human health. It must meet the 

quality standards specified in the legislation. These quality standards are listed under three 

sections: Part A being microbiological standards; Part B being chemical standards; and Part C 

being indicator parameters. The monitoring of drinking water quality is done on two levels (Gray, 

2010). Firstly, regular check monitoring is done to examine the organoleptic and microbiological 

quality of the water. Regular check monitoring analyses the water for the indicator parameters 

listed in Part C of the chemical standards. Secondly, audit monitoring is done to check if water 

quality complies with all of the parametric values listed under Parts A, B and C. The legislation also 

lists the required frequency of sampling and analyses for different drinking water supplies. 

2.10 Summary 

In summary, groundwater and private wells are key components of the water supply network in 

Ireland. While various measures and legislative steps have been taken to ensure groundwater is 

not adversely impacted by anthropogenic activities, private wells in Ireland are largely 

unregulated even though specific aspects of well design, construction and siting are known to 

influence well susceptibility to contamination. Research into the standard of private wells in 

Ireland, the quality of the water they yield and the mechanisms of their contamination is 

imperative to ensure consumer health is protected.  
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Chapter 3 Domestic Wastewater Treatment Systems 

3.1 Introduction 

The following chapter describes the types of DWWTS used in Ireland, with each system 

summarised in terms of treatment performance and efficiency. An outline of the main treatment 

processes is provided, with an insight into how these processes are closely related to the specific 

onsite conditions and the correct operation and maintenance of the DWWTS. The chapter 

concludes with an account of the legislation regarding DWWTS and their siting with respect to the 

groundwater protection response matrix introduced in Section 2.6.  

3.2 Wastewater 

Wastewater by its very nature is a mixture of natural inorganic, organic and synthetic substances 

that is discharged from domestic sanitary appliances such as toilets, showers and dishwashers 

(Mara, 2003; EPA, 2009; Gray, 2010). By volume, it is comprised primarily of water (99%), with the 

remaining material comprising of faeces, food particles, grease, oils, soap, salts, metals and 

detergents (Gray, 2010). The typical properties of wastewaters are presented in Table 3.1 

Table 3.1 Typical range of properties of raw domestic wastewater (I.S. EN 12566-3:2005; EPA, 

2009).  

Parameter Typical concentration 

Chemical oxygen demand (COD) (as O2) 300-1000 mg/l 

Biochemical oxygen demand (BOD5) (as O2) 150-500 mg/l 

Suspended solids 200-700 mg/l 

Ammonia (as NH4-N) 22-80 mg/l 

Total phosphorus (as P) 5-20 mg/l 
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Total coliforms1 106-109  MPN/100ml 
1 Not from I.S. EN 12566-3:2005 (MPN = most probable number.) 

It should be noted, however, that the properties of wastewater vary depending on several 

household-specific variables such as the water usage, which can dilute the wastewater. For 

instance, Mara (2003) explains that in the USA where water consumption is high (350–400 

l/person day) the wastewater is weaker (BOD5 = 200-250 mg/l). In contrast, in tropical countries 

the wastewater is often stronger (BOD5 = 300-700 mg/l) as the water consumption is typically 

much lower (40–100 l/person day).  

In an Irish study comparing different wastewater treatment systems, the effluent concentrations 

were found to be high in comparison with the values listed in Table 3.1 (Gill, 2011; Gill and 

Mockler, 2016). In the past, Ireland used an estimate of 180 lcd (litres per capita per day) to 

estimate the volume of wastewater generated per person (EPA, 2000). This was, however, revised 

after the study by Gill (2011) found that 180 lcd was an overestimation, and it was subsequently 

reduced to 150 Lcd. More recent research in Dubber and Gill (2014) suggests that even this 

revised value of 150 Lcd may be an over-estimation. The study monitored wastewater production 

from 18 Irish households, with the average volume found to be 101.3 Lcd, ranging from 60.3 to 

123 Lcd.  

Microbes commonly found in septic tank effluent include bacteria, viruses and protozoa. Total 

bacterial concentrations are typically high. This total bacterial community can include, to variable 

extents, concentrations of pathogenic bacteria such as certain strains of E. coli, Pseudomonas 

aeruginosa, Staphylococcus aureus and Salmonella. Other virus and protozoan pathogens are not 

usually continuously present in such high numbers, and instead are associated with disease 

events and can therefore vary from home to home (Siegrist et al., 2000). 

3.3 Wastewater Treatment 

As a result of its very nature, wastewater must be subject to treatment processes prior to being 

discharged to the environment to prevent contamination. Gray (2010) lists the aims of all 

wastewater treatment as the following: 

• To convert the waste materials, present in wastewaters into stable oxidised end products 

that can be safely disposed to inland waters without any adverse ecological effect. 

• To protect public health 

• To ensure wastewater is effectively disposed of on a regular and reliable basis without 

nuisance or offence. 

• To recycle and recover the valuable components of wastewater. 
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• To provide an economic method of disposal. 

• To comply with legal standards and consent conditions placed on discharges. 

While wastewater from urban areas is commonly treated by centralised treatment plants, the EPA 

(2009) states that up to one third of the Irish population live in areas that are not connected to a 

public sewage treatment system. As a result, these houses employ an onsite domestic wastewater 

treatment system (DWWTS). In addition to meeting the aims of wastewater treatment, these 

small-scale wastewater treatments systems should also be: 

• Relatively inexpensive 

• Robust 

• Compact 

 

• Hygienic 

• Odourless 

• Require little maintenance 
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These treatment systems are required to reduce the levels of potential contaminants to at least 

the minimum acceptable levels outlined by the EPA (2009) shown in Table 3.2. Currently, a range 

of different domestic wastewater treatment systems are in use in Ireland to achieve these 

minimum performance standards. The following section provides a review of these systems in 

terms of their design, operation and effectiveness. It should be noted that a Code of Practice 

(CoP) has been published by the Environmental Protection Agency (EPA, 2009). This document 

provides comprehensive guidance on DWWTS. 

Table 3.2 Treatment systems minimum performance standards (EPA, 2009).  

Parameter Standard1 (mg/l) Comments 

Biochemical oxygen demand (mg/l) 20   

Suspended solids (mg/l) 30   

Ammonia (as NH4-N) (mg/l) 20 Unless specified by local authority 

Total nitrogen as N (mg/l) 5 2 Only for nutrient-sensitive locations 

Total phosphorus (mg/l) 2 2 Only for nutrient-sensitive locations 
1 95 percentile compliance is required for site monitoring carried out after installation. 

2 24-h composite samples. 

3.4 Treatment Systems: Conventional Septic Tank and Percolation Area 

Septic tanks and percolation areas are the most commonly used onsite wastewater treatment 

system in Ireland, accounting for 87% (approximately 438,000) of the DWWTS in Ireland. A septic 

tank system comprises of a septic tank which provides primary treatment, followed by a 

percolation system in the soil which provides secondary and tertiary treatment (EPA, 2009). The 

domestic wastewater of approximately 438,000 dwellings in Ireland is treated by individual septic 

tanks (CSO, 2012). While in the USA, approximately forty million people rely on these systems for 

domestic wastewater treatment (Bounds, 1997).  

A schematic example of an adequately designed septic tank and percolation area is shown in 

Figure 3.1. As wastewater enters a septic tank it gradually disassociates into three primary zones; 

a surface scum layer, a liquid layer and a base sludge layer. As wastewater moves through the 

tank settleable lighter oils, fats and grease rise to the surface, forming the surface scum. The scum 

layer helps to maintain anaerobic conditions in the tank by preventing oxygen transfer between 

the liquid phase and the air, while also helping to insulate the tank by preventing heat loss. In 

contrast, solids sink to form the sludge layer which is in turn separated from the scum layer by the 

resulting clarified wastewater. The net result is an anaerobic zone at the base of the tank that 

facilitates anaerobic decomposition (Gray, 2010).  

A septic tank removes a large proportion of the suspended solids (SS) in wastewater by primary 

sedimentation and anaerobic digestion (Beal et al., 2005). Such primary treatment has been 

shown to be capable of reducing BOD and SS by between 40% and 80% respectively (Gray, 2010). 
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Treatment occurs as facultative and anaerobic bacteria perform complex biochemical processes 

(Patterson et al. 1971; Bounds, 1997; EPA, 2000). However, the overall quality of effluent leaving 

the tank is poor. Although the tank environment promotes the conversion of organic nitrogen to 

ammonium, it is ineffective with respect to total nitrogen removal. In addition, studies have 

shown that the removal of microbes within the tank is negligible (Gill et al., 2000).  

 

Figure 3.1 Layout of a conventional septic tank and percolation area (EPA, 2009). 

The treatment efficiency is largely dependent on the appropriate design of the tank. It is of 

obvious importance that the tank is structurally sound and watertight; however, consideration 

must be given to its design and capacity. It must have a retention time long enough to allow for 

suspended solids to settle out, while still having capacity large enough to hold the expected 

volume of sludge. It is recommended that the capacity of the tank should allow a minimum 

hydraulic retention time of 24 hours (EPA, 2009). The correct sizing is also important in ensuring 

there is an adequate volume of wastewater in the tank to support the required microbial 
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community (Bounds, 1997). The capacity of the tank is determined by the maximum potential 

occupancy of the house using the following formula:  

C = 150 x P + 2000 

where C is the required capacity of the tank (in litres) and P is the design population of the house 

(minimum of 4). For instance, the nominal septic tank volumes for a house with between 2 to 5 

residents would be 3 m3 (or 3000 L). 

In terms of their construction, septic tanks can be one single undivided chamber, or they can be 

divided into sub compartments. While classically they have been constructed from precast 

concrete, more modern prefabricated plastic or fibreglass tanks are now available (Gray, 2010).  

Effluent enters the tank via a “T” shaped inlet at one end of the tank. The “T” design of the inlet 

means that inflowing effluent enters the tank at an intermediate depth. This prevents the 

disturbance and break-up of the surface scum layer. The “T” piece also dissipates the velocity of 

the incoming wastewater which aids effective settling. The absence of an appropriate inlet can 

reduce the treatment efficiency of the tank (Bounds, 1997). Equally, the outlet from the tank is 

important. Inadequate or broken outlets can allow solids to pass out of the tank and into the 

percolation area. Commonly septic tank outlets are fitted with screens to reduce the carry-over of 

solids (Siegrist et al., 2000).  

While septic tanks provide primary treatment to domestic wastewater, there is a misconception 

in Ireland that the resulting effluent can be discharged into the soil without further processing 

(Gray, 2010; Gill, 2011). Further treatment is required before it can be discharged to the receiving 

environment. Commonly in Ireland, this secondary treatment is provided by a percolation area, 

also called a soil treatment unit, soil infiltration system, drain field, seepage field or bed, 

distribution field, subsurface disposal area, or treatment and disposal field (EPA, 2009).  

Used in conjunction with a septic tank, a percolation area in Ireland comprises of a subsurface 

network of trenches containing perforated pipes and gravel aggregates, seen in Figure 3.1 (EPA, 

2009; Gray, 2010). These pipes receive the primary treated effluent directly from the septic tank 

or other treatment system, and distribute it over a gravel medium (20-30 mm diameter gravel) 

(Gray, 2010). Each pipe is buried to a minimum of 450 mm to ensure it’s protected from damage 

from the surface, however, a minimum of 1200 mm of unsaturated subsoil is required between 

the base of the pipe and the bedrock, or groundwater table (EPA, 2009). The size and design of 

the percolation trenches largely depend on the specific site in question and the size of the 

household. For example, a percolation area receiving effluent from a household of four people 

must have a combined length of at least 72 m. This would commonly comprise of a percolation 
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area with four 18 m long trenches (EPA, 2009). The effluent subsequently passes through the 

perforated pipes and gravel and percolates downwards through the subsoil. In some cases, it may 

be required to install a raised percolation area. In such a situation, the percolation trenches and 

pipes are located close to the ground surface, or even within a mounded construction 

aboveground. These raised percolation areas must adhere to the same regulations for 

conventional percolation areas, as well as several additional criteria. For example, the initial high 

groundwater level must be below 1500mm of the original ground surface.  

The treatment mechanisms of a percolation area have been shown to be varied and complex (Van 

Cuyk et al., 2001; Gill et al., 2008; Gill et al., 2009a; O’Luanaigh et al., 2012; Withers et al., 2014; 

Keegan et al., 2014 etc.). Comprehensive reviews of such studies by Siegrist et al. (2000) and Beal 

et al. (2005) provide a synthesis of the treatment processes involved. The main treatment 

processes that occur in an adequately functioning percolation area and underlying unsaturated 

zone include sorption, chemical reactions, biotransformation, pathogen die-off and predation, 

and plant uptake (Van Cuyk et al. 2001). For these processes to provide adequate treatment 

before the effluent reaches the groundwater, suitable conditions must be present. These include 

adequate hydraulic retention time, adequate biomass, aerobic conditions, favourable pH and 

temperature (Siegrist et al., 2000; Beal et al., 2005). These conditions for adequate treatment are 

greatly influenced by a variety of soil properties, including grain size, pore size distribution, bulk 

density, porosity, water content, surface area, mineralogy, organic matter content, pH, microbial 

biomass as well as depth dimensions (Siegrist et al., 2000). In parallel, adequate conditions for 

attenuation are greatly promoted by correct loading rates of effluent and the formation of a 

biological zone (biomat).  

In a properly functioning system, a biomat zone develops at the surface of the soil/bottom of the 

percolation trench, usually within the early months of operation. The hydraulic conductivity of the 

biomat is generally low, and reduces further over time as it develops. This regulates the rate at 

which the effluent passes through the percolation trench and into and through the unsaturated 

zone. This reduction in effluent flow and increased retention time by the biomat promotes 

unsaturated aerobic conditions favourable for contaminant attenuation. High removal rates of 

potential contaminants have been shown to be correlated with the presence of a well-developed 

biomat zone. It should be noted that treatment mechanisms differ depending on the 

contaminant, and so each are outlined separately below. 

In domestic wastewater, typically between 70-90% of the nitrogen is in the form of ammonium, 

with between 10-30% in the organic form (Siegrist et al., 2000). Nitrification of this ammonium 

has been shown to be limited in the anaerobic conditions of the biomat; however, extensive 

nitrification occurs as the effluent leaches into the unsaturated aerobic zone underlying the 
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biomat, producing nitrate (Beal et al., 2005). Nitrogen removal varies greatly between DWWTS. In 

properly installed systems near complete nitrification is achieved, often in the first 30 cm of soil 

below the percolation trench (Siegrist et al., 2000). A proportion of the nitrogen can also be 

physically removed from the effluent during percolation through the biomat. However, the 

removal of nitrate and total nitrogen via denitrification has been shown to be limited in the 

aerobic unsaturated zone of percolation area. In general, between 10-20% of total nitrogen 

applied to the percolation area is removed (Siegrist et al., 2000), although studies in Ireland (Gill 

et al., 2009a) have shown much higher total nitrogen removals of 59 to 81% through the 

percolation areas receiving septic tank effluent (but only 9 to 25% through percolation areas 

receiving secondary treated effluent – see later).  

Pathogen removal by percolation areas and the unsaturated zone is a well-studied topic by both 

field and lab scale means (Schijven and Hassanizadeh, 2000; Van Cuyk et al., 2001; O’Luanaigh et 

al., 2012; Keegan et al., 2014 etc.). The primary mechanisms for inactivation/die-off of microbes 

in the percolation area and unsaturated zone are a combination of straining and adsorption 

processes. Straining refers to the removal of microbes by physical filtration within the subsurface 

media due to the relationship between microbial cell size and the soil properties. When the 

average microbe cell size is greater than the grain size of the soil, significant straining/filtration 

effects are observed, physically removing the microbes as effluent migrates through the 

subsurface. It should be noted that bacterial transport through a percolation area is also governed 

by the degree of saturation (Gill et al. 2000). Bacteria may be transported more rapidly and over 

much greater distances under saturated conditions than under unsaturated conditions due to 

macro pore flow and higher macro pore water velocities (Hagedorn et al., 1981). Therefore, as the 

water content decreases, so too does the likelihood of microbial transport. 

When the microbe cell size is smaller than the soil pore size, adsorption becomes the dominant 

attenuation mechanism. This is particularly important for virus attenuation due to their smaller 

size. Adsorption is dependent on organic matter content, degree of biofilm development and 

electrostatic attractions between the effluent and unsaturated zone. Adsorption can be either 

reversible of irreversible depending on the bonds. Subsequent die-off of microbes can occur in 

this adsorbed phase depending on numerous biotic and abiotic factors (Siegrist et al., 2000). Even 

if adsorption is temporary, it significantly retards the migration of the contaminants through the 

system (Gill et al., 2000). While the anaerobic conditions in the biomat are not favourable for 

inactivation, pathogen removal is facilitated by physical straining due its reduced hydraulic 

conductivity and adsorption processes (Siegrist et al., 2000). Research has suggested that the 

presence of an air-water interface under unsaturated conditions is responsible for the observed 

increase in the removal and inactivation of viruses (Jin et al., 2000). In general, the biomat zone 
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itself plays a greater role in the removal of pathogens from the wastewater than it does in the 

removal of nutrients. In summation, the purification efficiencies of these systems can be very high 

yielding near complete (99.9%) removal of faecal coliform bacteria (Emerick et al. 1997). 

The treatment mechanisms discussed so far have shown how a septic tank and percolation area 

functions, provided adequate hydraulic retention time, adequate biomass, aerobic conditions, 

favourable pH and temperature are present. However, these conditions are not guaranteed, 

especially where DWWTS are sited in unsuitable conditions. In highly permeable or highly 

impermeable settings a DWWTS treatment efficiency can be compromised for different reasons 

(Daly, 2000; Beal et al., 2005; Carroll et al., 2006; Withers et al., 2012; Withers et al., 2014; 

Richards et al., 2016). In highly permeably areas (e.g. areas with a T value less than 3 - equivalent 

to kfs >1.48 m/d (Mulqueen and Rodgers, 2001) as outlined in Section 3.6 below) contaminants 

can leach through the percolation area and underlying unsaturated zone without receiving 

adequate attenuation. This may lead to episodic leaching of contaminants to groundwater. This 

highlights the importance of an effective biomat layer (Beal et al., 2005; O’Luanaigh et al., 2012). 

In contrast, in areas of inadequate permeability (e.g. areas with T values, as outlined in Section 

3.6, of 50 or kfs <0.06 m/d), saturated conditions can impede the percolation of effluent. While 

soil clogging and biomat formation is essential in free draining soils to increase hydraulic 

retention, if these rates are excessively impeded it can cause hydraulic dysfunction resulting in 

unfavourable saturated attenuation conditions. In such areas surface ponding can occur resulting 

in a potential contamination risk to surface water bodies (Siegrist et al., 2000; Beal et al., 2005).  

In addition to unsaturated zone permeability, its thickness and depth to groundwater is another 

important factor in determining treatment efficiency as this dictates pathway length and the 

amount of unsaturated zone capable of facilitating attenuating effects. This is complex given the 

fact that the depth of the unsaturated zone is not uniform or constant. Seasonal differences in 

precipitation and corresponding fluctuations in the groundwater table alter the depth of 

unsaturated zone available to provide attenuation effects and pathway lengths (Siegrist et al., 

2000).  

While relatively simple in their design and operation, these septic tank systems have been shown 

to be effective in treating domestic wastewater provided the onsite conditions are suitable 

(Siegrist et al., 2000; Beal et al., 2005). They offer numerous advantages over other treatment 

systems. They are relatively simple, they are passive requiring no energy inputs and they are cost 

effective while still providing adequate treatment (Bounds, 1997; Beal et al., 2005).  
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Cesspools 

Cesspools provide a simple alternative to the conventional septic tanks and percolation area. 

These are underground chambers constructed solely for the reception and storage of wastewater 

with no actual treatment taking place on-site (Gray, 2010). They can be constructed from a range 

of materials provided they are watertight and designed to have adequate storage so as to avoid 

any overflow. For instance, a minimum capacity of 18 m3 is required to provide 45 days storage 

for two people (Gray, 2010). Cesspools are only used where other treatment options are 

unsuitable, such as where the site is unsuitable for a conventional percolation area or where 

there is no access to electricity. The system does offer several advantages, as it requires no power 

inputs or maintenance and it discharges no effluent to the environment. However, the need for 

regular emptying by an appropriate contractor is a major disadvantage due to the costs 

associated and in Ireland are only considered economically suitable for holiday homes that are 

occupied only for part of the year (Dubber and Gill, 2014).    

3.5 Secondary Wastewater Treatment 

While septic tanks and percolation areas account for 87% of the DWWTS in Ireland, a further 

50,000 households use alternative treatment systems (CSO, 2012). Where on-site subsoil 

conditions are deemed to be unsuitable for the discharge of septic tank effluent directly into the 

soil, the quality of the effluent can be improved by means of secondary treatment. Secondary 

treatment can be achieved through packaged treatment plants, or filter systems that are 

constructed on site. This further level of treatment leads to what is generally considered a better-

quality effluent (Table 3.3) for disposal in most cases to the subsoil as before.  

Table 3.3 Contaminant loadings per household from different DWWTS (Dubber and Gill, 2014) 

Pollutant Conventional Septic Tank Secondary Treatment Tank 

Total Coliforms (MPN/100ml) 1.78 x 107 ± 2.7 x 106 3.44 x 105 ± 1.9 x 105 

E. coli (MPN/100ml) 2.22 x 106 ± 2.4 x 105 8.43 x 104 ± 4.7 x 104 

Total Nitrogen (mg/l) 128.3 ± 66.2 69.1 ± 42.8 

BOD (mg/l) 365 ± 198 40 ± 22 

 

Although specific numbers on the types of secondary treatment installed in Ireland are 

unavailable, a move from septic tanks towards these alternative systems is apparent. Septic tanks 

accounted for 92% of all individual DWWTS built from 1991-2000, whereas conventional septic 

tank systems account for 62 % of the systems built since 2006 (CSO, 2012). The number of 

dwellings with septic tanks built between 2006 and 2011 fell from 50,000 in 2006 to 31,000 in 

2011, while the number with other individual systems rose from 17,000 to 19,000 over the same 

period. 



 

40 
 

While these systems provide further treatment, several Irish studies have compared the 

performance of various DWWTS and the potential contaminant loadings from each across 

different subsoil conditions (Gill et al., 2008; Gill et al., 2009a). These investigations found 

loadings varied across sites depending on the treatment system employed. Of note, was an 

elevated N loading from percolation areas receiving effluent from secondary treatment systems 

compared to those receiving effluent from conventional septic tanks. This difference was 

attributed to a restricted biomat formation in percolation trenches receiving secondary treated 

effluent due to much lower organic loading in the secondary treated effluent which led to a much 

higher localised hydraulic loading in the underlying subsoil. Nonetheless the average nitrogen 

loading per capita at 1 m depth of unsaturated subsoil equated to 3.9 g total-N/d for the sites 

receiving secondary treated effluent, compared to 2.1 g total-N/d for the sites receiving septic 

tank effluent (Gill et al., 2009a). In addition, further variation in nitrate loadings was seen 

between sites which could be attributed to differences in subsoil permeability (Gill et al., 2009a).  

A study outlined in O'Luanaigh et al. (2012) examined microorganism attenuation from septic 

tanks and secondary treatment systems. Results showed that the majority of attenuation of 

enteric bacteria was achieved within the first 0.35 m of the unsaturated zone. Microbial loadings 

to the percolation area were lower in sites receiving secondary treatment effluent than those 

receiving effluent from the conventional septic tank; however, episodic breakthrough of faecal 

indicator organisms were detected more frequently below percolation areas receiving secondary 

treated effluent. This was again attributed to a restriction of the biomat in these systems (with 

corresponding increases in hydraulic loading), indicating that biological processes in the biomat 

were most significant in the attenuation of microbial contaminants. The periodic breakthrough of 

faecal bacteria coincided with periods of high rainfall, which could pose a contamination risk to 

underlying groundwater. The main types of secondary treatment systems for small domestic 

applications are now briefly discussed. 

3.5.1 Secondary Treatment Systems: Packaged Treatment Systems 

Packaged treatment systems provide an alternative to conventional septic tanks. Packaged 

wastewater systems use media and mechanical parts to enhance the treatment of domestic 

wastewater (EPA, 2009). A range of different products and brands are available; however, the 

general principles of their treatment function are based on just a few generic treatment systems. 

These include activated sludge systems, biological/submerged aerated filter systems (BAF/SAF), 

rotating biological contractor systems (RBC), sequencing batch reactor systems (SBR), filter media 

systems and membrane bioreactor systems (MBR) (EPA, 2009). These packaged units can be 

suitable in areas where the conventional septic tank system is not. However, their increased 

complexity, mechanical nature and in turn their need for electricity means they require more 
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maintenance and inputs than the conventional septic tank systems. These systems must comply 

with the European standards detailed in Section 3.8. As with other systems, a polishing filter is still 

required before the effluent enters the environment. A typical site layout is shown in Figure 3.2.  

 

Figure 3.2 Schematic diagram of a household site with a packaged secondary treatment system 

and polishing filter. 

3.5.2 Secondary Treatment: Systems Constructed Onsite   

These systems comprise of a filter media, which receives the primary treated effluent via a 

pumped distribution system. The effluent is treated as it percolates through the filter. The filter 

system is sealed using an impermeable membrane, allowing the final effluent to be collected, and 

eventually released via a polishing filter which provides additional treatment, or in some cases via 

surface water (EPA, 2009). They can be constructed from a range of different filter medium 

including soil, sand and reed beds.  

3.6 Treatment Systems: Tertiary Treatment 

After primary and secondary treatment systems, polishing filters can be used to further treat 

wastewater prior to its release into the environment. They can be constructed above, at or below 

the ground surface as long as there is a minimum of 900 mm of free draining subsoil of sand 

between the point of infiltration and the groundwater table. As the effluent has already received 

primary and secondary treatment, the required size of the polishing filter is relatively small. The 

polishing filter can be constructed using soil (native or imported) or sand. Alternatively, a range of 

packaged tertiary treatment options exist, or the constructed wetlands outlined in the previous 

section can be used as polishing filters.  
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3.7 Site Characterisation 

As DWWTS treatment performance is dictated by the localised conditions, appropriate site 

assessment is vital to determine the treatment system most suited to the site in question (EPA, 

2009; Gill, 2011). Although practices for assessing site suitability vary internationally, in Ireland it 

is assessed in accordance with the CoP (EPA, 2009), which states that all sites for proposed single 

houses in unsewered rural areas should have a site suitability assessment carried out by a 

competent person (EPA, 2009). This site assessment involves a series of stages. Firstly a desk 

study must be carried out to obtain information regarding the site. This should include an 

examination of a range of hydrological and hydrogeological, including the proximity to water 

bodies, soil type, subsoil type, aquifer type, vulnerability and groundwater protection responses. 

Each of these can have an influence on the suitability of the various treatment systems. Much of 

this information can be obtained using maps and other desk based resources.  

Following this, an on-site assessment is required to further characterise the site. Firstly, a visual 

assessment is carried out to determine general and specific site conditions. These include site 

slope, landscape position, the water level in ditches and wells, land use and vegetation indicators 

of the prevailing onsite percolation conditions. The presence of various features and the setback 

distances between these and the proposed DWWTS should be assessed. These include surface 

water bodies, drainage ditches, private wells, springs and other features that a DWWTS could 

pose a threat to. The CoP lists the minimum setback distances for these features which must be 

adhered to.  

A minimum of 1.2 m of unsaturated subsoil is required under a percolation trench for it to be 

deemed suitable to receive primary treated (i.e. septic tank) effluent, or 0.9 m under trenches 

receiving secondary treated effluent (Gill, 2011). Therefore, after a visual site inspection, a test 

hole is dug adjacent to the proposed percolation area to determine the soil characteristics, the 

depth to bedrock and the level of the water table. The trial hole is dug to a depth of 1.2 m below 

the invert of the lowest percolation trench, the depth at which the effluent would be entering the 

subsurface (see Figure 3.3). Soil properties are examined using the British Standard BS 5930:1999 

Code of Practice for site investigations. The soil characteristics that should be assessed are 

texture, structure, presence of preferential flow paths, density, compactness, colour and layering.  

A percolation test is then carried out to indicate the permeability or hydraulic assimilative 

capacity of the soil. There are two variations of this falling head test used in Ireland, the T-test and 

the P-test. The T-test is carried out at the depth of the invert of the proposed percolation pipe, 

while the P-test is carried out at the ground surface. Both tests are similar in principle, and both 
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measure the length of time it takes for the water level fall a set distance within three separate 

test holes of specified dimensions.  

 
Figure 3.3. Cross section of percolation trench and T-test hole (EPA, 2009). 

The results of a T-test are quoted in terms of a T-value, which is derived from the length of time it 

takes for the water level to fall the set distance. The resulting values indicate the soil’s ability to 

receive effluent and transmit it through the subsoil and into the underlying groundwater. The 

value is the average time in minutes for a fall of 25 mm in the elevation of water in a 0.3 m square 

hole within the limits of 300 and 200 mm heights of water in the percolation hole (Mulqueen and 

Rogers, 2001). A T-value less than 3 or greater than 50 is deemed to have failed the test for 

suitability as a percolation area for a septic tank system. In turn, if the T-value is greater than 3 

and less than or equal to 50, the soil may be used as a percolation area for a septic tank system. A 

T-value of between 50 and 75 indicate that there is impeded drainage, which may cause ponding 

of a conventional percolation area. The site may still be suitable for a secondary treatment system 

which discharges to the soil at the depth of the T-test hole. T-values of between 75 and 90 

indicate even poorer permeability soil, and therefore a secondary treatment system which 

discharges to the soil at the depth of the T-test hole would not be suitable.  

In such cases where there are limiting factors, such as a high water table or shallow bedrock or 

where the T-test yields a result that is outside the acceptable range (>50 for septic tank effluent; 

>75 for secondary-treated effluent), a P-test should be considered. The P-test determines the 

percolation value of the soil at the ground surface, which indicates whether or not soils are 

suitable for constructing a secondary treatment system with a mounded percolation area or a 

polishing filter which discharges at the ground surface. T-values greater than 90 indicate that the 

site is unsuitable for discharge to ground, regardless of the P-test result.  
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Interpretation of the results from the desk and onsite work packages must then be used to 

determine the overall suitability of the site for a DWWTS. If suitable, then the most appropriate 

system, its design, specifications and discharge route must be decided upon. 

3.8 Operation & Maintenance 

All DWWTS must be properly operated and maintained to ensure they are functioning as 

intended. The operation and maintenance should be done in accordance with the manufacturers’ 

recommendations while also complying with the CoP (EPA, 2009). As stated by the EPA (2010b) 

each homeowner is ultimately responsible for the installation, operation, maintenance and record 

keeping of their own DWWTS. However, inspections and maintenance should be done by a 

competent individual. As the system design varies, so too do the levels of maintenance required. 

For instance, a septic tank is a passive treatment system, and as it has no mechanical moving 

parts it requires less specific maintenance operations than the alternative secondary treatment 

systems. 

Even with correct siting, variable and poor treatment efficiency can also occur due to infrequent 

or total lack of maintenance and/or poor design and construction (Beal et al., 2005; Carroll et al., 

2006; Withers et al., 2014; EPA, 2015; Richards et al., 2016). The lack of regular desludging can 

result in tank overflow and higher levels of organic matter in the tank effluent, which in turn can 

clog the percolation area and lead to poor infiltration, poor treatment and surface runoff (Butler 

and Payne, 1995; Withers et al., 2014). Septic tanks should be inspected at least every 6 months 

or at minimum once a year, and should be desludged at minimum every year (EPA, 2009). As the 

sludge layer increases in size, the liquid layer consequently decreases, which in turn lowers the 

retention time of septic tank which can decreases its treatment capacity (Gray, 2010). Regular 

inspections should monitor the general tank condition (including water tightness, inlet and outlet) 

and the level of sludge and surface scum layer. Tanks should be emptied when the sludge and 

scum layers account for approximately 30% of the tank volume, or when there is risk of them 

discharging to the percolation areas which can causes clogging (EPA, 2009). Emptying of septic 

tanks must be done by an authorised and approved contractor. Percolation areas generally 

require little maintenance, provided they are correctly sited and installed; however, they should 

still be inspected to check for signs of failure, such as surface ponding. 

While best practices in onsite DWWTS are outlined in the Code of Practice (EPA, 2009), 

approximately 48% of DWWTS inspected as part of the National Inspection Plan failed the 

assessment (EPA, 2015). This percentage was even higher (52%) for houses that were served by a 

private well. The most common grounds for failure in the National Inspection Plan (EPA, 2015) 
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was the lack of routine desludging of the DWWTS, followed by direct discharge to surface water 

or the lack of an adequate depth of subsoil resulting in discharge to surface or groundwater. 

3.9 DWWTS and Legislation 

The Code of Practice for wastewater treatment systems for single houses (EPA, 2009) was 

published under Section 76 of the Environmental Protection Agency Act 1992. It provides a 

methodology that should be followed to ensure that the correct DWWTS are selected, installed 

and maintained. This Code of Practice should, however, be supplemented as required by technical 

skilled advice from competent parties (EPA, 2009).  

The siting and construction of a DWWTS must also consider the groundwater protection 

responses developed by DoELG (1999) and outlined in Chapter 2. The groundwater protection 

responses specifically for on-site wastewater treatment systems for a dwelling house of up to 10 

people are shown in Table 3.5.  

Table 3.5 Groundwater protection response matrix for domestic wastewater systems (DoELG, 

2001). 

Vulnerability Rating 
Source Protection 

Resource Protection (Aquifer Cat.) 

Regionally 
Imp. 

Locally Imp. Poor Aquifers 

Inner Outer Rk Rf/Rg Lm/Lg LI Pl Pu 

Extreme (E) R32 R31 R22 R22 R21 R21 R21 R21 

High (H) R24 R23 R21 R1 R1 R1 R1 R1 

Moderate (M) R24 R23 R1 R1 R1 R1 R1 R1 

Low (L) R24 R1 R1 R1 R1 R1 R1 R1 

 

These protection responses should be consulted during the desk based aspect of the site 

characterisation to give an indication of the site suitability for a DWWTS. The appropriate 

response to the risk of groundwater contamination from an on-site wastewater treatment system 

is given by the assigned response category (R) appropriate to each protection zone. For example, 

response R1 indicates that the construction of a DWWTS is acceptable subject to normal good 

practice. In contrast response R3 means the site is generally unsuitable. In some situations, 

despite an R3 response, site improvement works and specific conditions may allow a DWWTS to 

be developed (DoELG et al., 2001). In the R3 response category, the site may be suitable if a 

treatment system other than a conventional septic tank system is installed with a minimum 

thickness of 1.2 m unsaturated soil/subsoil with P/T values from 1 to 50 (in addition to the 

polishing filter which should be a minimum depth of 0.6 m) beneath the invert of the polishing 

filter (i.e. 1.8 m in total for a soil polishing filter), and subject to the following conditions (DoELG, 

2001):  
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1. The local authority must be satisfied that, on the evidence of the groundwater quality of 

the source and the number of existing houses, the accumulation of significant nitrate 

and/or microbiological contamination is unlikely. 

2. No on-site treatment system should be located within 60 m of the public, group scheme 

or industrial water supply source. 

3. A management and maintenance agreement is completed with the systems supplier 

The installation of DWWTS must also adhere to construction product standards developed under 

the Construction Products Regulations (305/2011/EU) and the previous legislation it replaced. 

Under the legislation, standards were developed and published by the European Committee for 

Standardisation (CEN) and adopted the National Standards Authority of Ireland (NSAI). The 

published standards, EN 12566 - Small wastewater treatment systems for up to 50 PT state the 

general requirements for packaged and/or site assembled wastewater treatment plants used for 

DWWTS serving up to 50 people (CEN, 2016). These standards are further divided into 7 

subsections, each controlling an aspect of DWWTS design. For instance, EN 12566-1:2016 

specifies the design requirements for prefabricated septic tanks and ancillary equipment, such as 

pipe sizes, loads, water tightness, marking and quality control, while EN 12566-3:2016 outlines 

the specifications required in packaged domestic wastewater treatment plants (CEN, 2016).  

3.10 Summary 

It is imperative that DWWTS provide adequate treatment to ensure that pathogens and other 

potential contaminants associated with domestic wastewater do not enter the environment. 

DWWTS performance can, however, vary significantly depending on aspects of design, 

installation, maintenance and suitability to the specific site and hydrogeological conditions. In 

view of this variable treatment efficiency and the adverse impacts associated with faecal 

contamination, research is required to identify the potential risks being posed to private wells and 

consumers in Ireland. 
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Chapter 4 Groundwater and Private Well Contamination 

4.1 Introduction    

Water quality is determined by the natural physical and chemical state of the water as well as any 

alterations that may have occurred as a consequence of human activity (Fetter, 2001). A vast 

number of potential groundwater contaminant sources exist globally, many of which have the 

potential to threaten the quality status of natural groundwater. A broad range of contaminants 

associated with some of these sources are listed in Table 4.1 below.  

Table 4.1 Table of groundwater contaminants (Fetter, 2001). 

Chemicals & Organisms known to have caused groundwater contamination 

Metals 
Non-
metals 

Organics 
Extractable Organic 
Compounds 

Volatile Organic 
Compounds 

Organisms 

aluminium acids aldrin tri-n-propylamine Benzene Giardia lamblia 

arsenic ammonia chlordane 3-and/or 4-methyl phenol 1,2-dichloroethane Salmonella sp. 

barium boron DDT 4-methyl benzoic acid 1,1,1-trichloroethane Shigella sp. 

cadmium chloride detergents 1,4-dioxane 1,1-dichloroethane typhoid 

chromium cyanide ethyl acrylate 4-methyl-2-pentanol 1,1,2-trichloroethane 
Yersinin 
enterocolitica 

copper flouride gasoline n,n-dimethyl-formamide chloroethane viral hepatitis 

iron nitrate hydroquinone 2-hexanone 1,1-dichloroethene E. coli 

lead phosphate lindane 4-methyl-2-pentanone cis-1.2-dichloroethene Cryptosporidium 

lithium radium 
paramethyl 
amino 

1-methyl-2-pyrrolidinone 
trans-1,2-
dichloroethene   

manganese selenium phenol 2-hexanol ethyl benzene   

mercury sulfate PBB 3,5-dimethyl methylene chloride   

molybdenum 
various 
radioactive 
isotopes 

PCB 
phenol and/or 4-ethyl 
phenol 

tetrachloroethene   

nickel   DCPD benzoic acid tetrachloroethane   

silver   DIMP hexanoic acid trichloroethene   

uranium   DBCP cyclohexanol toluene   

zinc     2-ethyl hexanoic acid trichloroethene   

      octanoic acid vinyl chloride   

      pentanoic acid tetrahydrofuran   

      bis(2-ethylhexyl) phthalate Acetone   

      di-n-butyl phthalate 2-methyl-2-propanol   

      2,4 dimethyl phenol 2-butanone   

      isophorone 2-butanol   

      
phenol and/or 4-ethyl 
phenol 

2-propanol   

     1,2-dichlorobenzene     
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However, in the context of this study, and for private wells in Ireland, the contaminants of most 

concern from a human health perspective are microbial pathogens and nitrate (Daly, 2000). 

Parameters such as pesticides and other trace organics, trace metals and ammonia may also pose 

a threat to health, but they are far less common in groundwater in Ireland than microbial 

pathogens and nitrate (Daly, 2000).  

This chapter considers the multifaceted nature of private well contamination by these 

contaminants with the aid of the conceptual source-pathway-receptor (SPR) model illustrated in 

Figure 4.1. The SPR model divides the numerous factors related to contamination into separate 

contaminant source components, pathway components and the receptor components. When 

examining the SPR model with regards to private well contamination, the main questions to be 

considered in relation to each of the components are: 

• Source components: What are the potential sources of contamination? How significant is 

the potential input from the contamination source(s) involved? What are the pollutants of 

concern, and in what volumes? What is the density or distribution of the potential 

sources? How do source components vary between wells? 

• Pathways components: How and where would the pollutants flow, and to what extent 

would the pollutants be expected to attenuate? Is there a hydrogeological or physical link 

that can deliver a pollutant source to a nearby receptor? How do pathways vary between 

wells? 

• Receptor components: What or who would potentially be affected?  

(Adapted from EPA, 2013a) 

 

 

Figure 4.1. Source-Pathway-Receptor conceptual model of private well contamination. 

 

Source 
Components

•DWWTS

•Agriculture

•Local activities

Pathway 
Components

•Routes & factors controlling 
contaminant migration and 
potential attenuation 
effects

Receptor 
Components

•Groundwater

•Private wells
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In answering these questions, this chapter describes known sources of private well contaminants 

and the pathways by which these can migrate to the receptors, which in the case of this research 

are private wells and the associated water consumers. The source-pathway-receptor components 

are shown in Figure 4.2 for a typical household in rural Ireland underlain by thin permeable 

subsoils. In contrast, the same components are shown in Figure 4.3, but this time with deep 

poorly permeable subsoils and a shallow water table. Each of these components and the effect of 

localised geology are discussed. Known chemical and biological contaminants and their 

implications for human health are reviewed. A similar SPR conceptual model was used as a 

framework by EPA (2013a) to investigate the potential risk to the environment and human health 

posed by DWWTS, as well as in numerous other environmental contexts (Daly, 2000; Gill et al., 

2000; Tedd et al., 2014). 

 

Figure 4.2 Source-pathway-receptor model of private well contamination in a rural Irish setting 

underlain by thin permeable subsoils (EPA, 2013a).  
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Figure 4.3 Source-pathway-receptor model of private well contamination in a rural Irish setting 

underlain by deep impermeable subsoils (EPA, 2013a).  

4.2 Source Components 

In an Irish context, DWWTS and agricultural activities are considered the two most significant 

sources of well contamination (Daly, 2000). Both potential sources of contamination are discussed 

here. Literature surrounding these two sources is particularly relevant to this research, given the 

contamination fingerprinting techniques applied (Chapter 10) aim to distinguish between the 

contributions of each to private well contamination.  

DWWTS 

The potential for a DWWTS to act as source component was considered in Chapter 3, as human 

wastewater has characteristic high concentrations of nitrogen, faecal bacteria and other potential 

pollutants. Loadings from these sources can be estimated, however, treatment efficiency of these 

systems (which includes the attenuation in the percolation area) vary greatly. 

Agriculture 

In contrast to DWWTS, agricultural contamination can be either a localised point source or diffuse 

in nature. Common agricultural point sources of contamination include farmyards, slurry/manure 

storage, silage effluent and sheep dips. Common diffuse sources include the land application of 

organic and inorganic fertilizers. Typical groundwater contaminants associated with organic 
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agricultural waste include nutrients (nitrogen, phosphorus and potassium) and microbes 

(bacteria, viruses and protozoa), while inorganic fertilizers are associated primarily with nutrient 

contamination. These are of relevance to Ireland given the predominance of intensive agricultural 

production. Of the 6.9 million hectare total land area of Ireland, approximately 4.2 million 

hectares are used for agricultural production (Teagasc, 2016). Approximately 80% of this area is 

grass based (silage, hay and pasture), 11% is in rough grazing with the remaining 9% allocated to 

crop production (Teagasc, 2016). Production is centred on dairy, beef, sheep, pig and cereal 

industries with the agri-food industry being one of Ireland’s most important industrial sectors, 

contributing approximately 24 billion Euros to the national economy and accounting for 

approximately 10% of national employment (Teagasc, 2016). In 2010 the contribution of primary 

agriculture to the Irish economy was 2.5% of GDP, around twice that of the EU average, with 

Ireland being the largest exporter of beef in the EU (Teagasc, 2010). However, with intensive 

agricultural production comes increased pressure on the environment.  

The land spreading of inorganic fertilizer is identified as the most common source of nitrate 

contamination of groundwater both internationally (Di and Cameron, 2002), and in Ireland (Tedd 

et al. 2014).  Accurate estimates for nitrogen loadings from diffuse inorganic agricultural source 

components can be difficult to calculate as application rates have been shown to exhibit high 

levels of variation depending on location, crop type and other management variables (Teagasc, 

2010). Loadings estimates in an Irish context were developed by Tedd et al. (2014) based on the 

proportion of arable and grass land and the average inorganic loading rate for these land use 

types taken from a survey of fertilizer use in Ireland from 2004 to 2008 (Teagasc, 2010). 

In general, differences in inorganic nitrogen fertilizer loading rates have been shown between 

grass and arable land use (Teagasc, 2010). The average nitrogen applied to grassland in Ireland in 

2008 was estimated at 86 kg/ha, but it was much higher (137 kg/ha) for cereal crops. However, 

for grassland, for example, application rates vary depending on whether the land is grazed, used 

for hay/silage or both. With regards to grassland in general the highest nitrogen application rates 

(106 kg/ha) are seen in the south east, whilst a lower average application rate (76 kg/ha) is seen 

in the northern border areas of the country. Within grassland, variation is also observed between 

the farm systems (dairy, cattle or sheep). The N application rates were higher for grazing on dairy 

farms (134 kg/ha) than on cattle and sheep farms (43 and 40 kg/ha respectively). Further variation 

occurs within these systems depending on stocking rate. Variation also exists in arable agriculture 

depending on the crops grown, times of the year and numerous other factors. Although higher 

nitrogen applications to tillage crops were noted in the border areas than in the south-eastern 

area, national variation in tillage crop nitrogen application is difficult to assess due to their 

predominant growth in south, east, south-east and midlands areas.  
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Organic fertilizer is another potential diffuse source of nitrate, as well as microbial contamination. 

Livestock in Ireland are housed for at least part of the winter, with animal wastes collected and 

stored as liquid slurry or as a solid in combination with a bedding material. Agricultural 

intensification has brought about a shift to the use of liquid slurry based systems; however, both 

are still used (Mawdsley et al., 1995). These wastes contain valuable quantities of nitrogen, 

phosphorus, potassium and other micronutrients and are therefore spread to land as an organic 

fertilizer (Hooda et al., 2000). Again however, accurate estimates of nutrient loading from these 

sources are difficult due to a lack of data and wide range of farming practices. Organic nitrogen 

loading was estimated by Tedd et al. (2014) based on the livestock unit density (CSO, 2002) 

multiplied by the annual nitrogen excretion rate for livestock and distributed on the appropriate 

agricultural CORINE land cover map. However, the resolution of this estimation was questioned 

by the authors. While livestock stocking units are available on a national scale (CSO, 2010) they 

are not made available on a county by county or agricultural land use basis. Establishing livestock 

density at a field by field scale would be impractical. 

For each farm, the maximum organic N loading applied to land each year was set at 170 kg-N/ha 

by the EU Nitrates Directive (91/676/EEC), which equates to a stocking rate of two cows per 

hectare. This application limit is based on the assumption that the majority of the nitrogen is 

taken up by surface vegetation (crops), with little N leaching down to the groundwater. However, 

research in Ireland found that approximately 10% of total-N applied at the surface from dairy 

cows entered the groundwater system (Bartley, 2003). In general, two primary factors govern the 

amount of nitrate leached from the plant root zone: the amount of nitrate accumulated in the soil 

in excess of the amount required by plant uptake, and the drainage volume (Di and Cameron, 

2002; Buckley and Carney, 2013). Usually, higher leaching occurs when there is a large amount of 

nitrate in conjunction with, or followed by, a drainage volume. Both of these factors are greatly 

influenced by the timing of applications and the loadings. An application of nitrogen in excess of 

what is required by the plants’ leaves the surplus vulnerable to leaching. This can be problematic 

as manure produced on livestock farms often contains nutrients in excess of what is required by 

the crops they are being applied to (Hooda et al., 2000). A study of 177 dairy farms in Holland 

found an average N surplus of 486 kg N/ha (Korevaar and Den Boer, 1990). This has been found 

for other European countries with pig and poultry farms (Hooda et al., 2000). In an Irish context, a 

study suggested that the average over-application of inorganic fertilisers was between 22.8 and 

32.8 kg N/ha (Buckley and Carney, 2013). This over-application can lead to further/increased 

nutrients losses to the environment. Variation in volumes of nitrate lost to leaching is also seen 

between different crops types and management practices. Nitrate leaching tends to occur in the 

following order from least to highest likelihood of leaching: forest, cut grassland, grazed pastures, 
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arable cropping, ploughing of pastures and vegetables. Further details on the variation in leaching 

within and between these land use types are provided in Di and Cameron (2002).  

Organic livestock waste from agriculture can also pose a significant contamination risk due to the 

presence of bacteria, viruses and protozoa (Mawdsley et al., 1995; Hooda et al., 2000; Hutchison 

et al., 2005). Many pathogens are excreted in the faeces of infected, and in some cases, healthy 

carrier animals (Mawdsley et al., 1995). Zoonotic pathogens of concern include Escherichia coli, 

Salmonella, Cryptosporidium, Giardia and Rotavirus. As with nutrient contamination, the rate and 

extent of loadings to the environment can vary greatly. Shedding of these pathogens can vary 

with animal age, dietary changes and with fasting or other forms of stress (Hutchison et al., 2005; 

Nicholson et al. 2005). Differences in management practices also give rise to variable rates of 

treatment, removal and decline in pathogen numbers prior to their application to land. The rate 

of pathogen decline in stored manures depends on management and storage conditions with 

storage type, temperature, aeration, pH, and slurry dry matter content have all been shown to 

influence pathogen decline rates during storage. In solid manure heaps, pathogens have been 

shown to survive for less than one month, however, in liquid slurry survival of up to three months 

has been shown (Nicholson et al., 2005). In some scenarios, the manure is spread directly from 

the housing, which can lead to higher pathogen loadings (Nicholson et al., 2005).  

Agricultural production in Ireland can also give rise to potential point sources of agricultural 

contaminants. Potential point sources from farmyards include manure and slurry storage 

facilities, soiled water, silage effluent (Daly, 2000), and livestock collecting areas and trackways 

(Edwards et al., 2008). As noted earlier, wintering of livestock within farmyards generates large 

volumes of manures. In addition to manures, a large quantity of farmyard soiled water can be 

produced from farmyard runoff and silage/farmyard manure effluents (Dunne et al., 2005). On 

dairy farms the volume of soiled water is even greater due to milking parlour washings and other 

dairy wastewaters. This wastewater has little value as a fertilizer, yet it still has the potential to 

cause contamination due to elevated BOD concentrations (Aldwell et al., 1988). BOD 

concentrations associated with silage effluents can be as high as in the range 30,000 to 80,000 

mg/l, while even dilute dairy parlour and yard washings can range between 1,000 to 5,000 mg/l 

BOD (Hooda et al., 2000). Typically, soiled water is collected and spread onto land separate from 

the collection and storage of slurry (Brewer et al. 1998).  

While these organic manures and wastewaters are disposed of by land spreading, they must be 

adequately stored and contained within the farmyard prior to spreading to prevent direct 

discharge to the environment. Although slurry stores and wastewater tanks are designed to 

prevent leakage into the environment, structural or operational failures of the farmyard 
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infrastructure can lead to the release of these contaminants (Gooddy et al., 2000). The 

contaminants from these point sources of importance to groundwater are similar to those 

discussed in relation to the land spreading of organic fertilizers, namely nutrients and microbial 

contaminants (Daly, 2000). Failing or leaking storage tanks can also introduce contaminants below 

the ground surface, bypassing attenuation effects of the unsaturated zone (Gooddy et al. 2000).  

Contamination can also occur from runoff from farmyards that does not enter the wastewater 

storage systems. As with land spreading practices, these potential point sources can vary from 

farm to farm depending on a range of factors including length of housed period, structural design, 

maintenance, location and environmental/climatic conditions (Edwards et al., 2008). As a result, 

actual contamination from point sources is difficult to quantify. A study by Edwards et al. (2008) 

found runoff from hardstands in dairy and beef farms to be contaminated with faecal coliforms, 

faecal streptococci, and major nutrients. However, a study by Brewer et al. (1998) found that the 

volumes of soiled water produced varied greatly between farms, with no simple correlation to the 

number of livestock, suggesting that factors such as rainfall and outdoor yard areas had a major 

influence. 

4.3 Pathway Component 

The pathway component of the SPR model refers to the link between the source and receptor 

components. Everything being equal, an area’s vulnerability to groundwater contamination would 

simply mirror the quantities of contaminants it receives from the aforementioned sources. 

However, it has been shown that these source components and associated contaminants can 

pose variable risks to groundwater quality depending on the contaminants themselves and 

various localised geological conditions. As detailed in Section 2.4, several hydrogeological factors 

(pathway components) can govern an aquifer’s vulnerability to contamination. As nitrogen and 

microbial populations behave differently in the subsurface they are discussed separately here, 

with a focus on their migration through the environment and the degree to which they can be/are 

attenuated.  

It should be noted that while DWWTS and agriculture can be thought of as a source component in 

the SPR model, in reality the migration of contaminants through the source and pathway 

components should be thought of as a continuum. For instance, although percolation areas are 

man-made and specifically constructed as part of the DWWTS, they work in a symbiotic like 

relationship with the unsaturated zone and in reality, the attenuation processes associated with 

both are very similar.  
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Nitrate 

Whether nitrate originates from a DWWTS, agriculture or another source, the likelihood of nitrate 

percolation to groundwater is variable and determined by a range of pathway variables including 

the subsoil permeability, soil type and the groundwater vulnerability setting and whether or not 

the bedrock enables denitrification (EPA, 2013a). As outlined earlier, under the aerobic conditions 

of the unsaturated zone under the percolation trench, ammonium will undergo nitrification to 

nitrate. Since nitrate is a negatively charged ion it is not attracted to the negatively charged soil 

colloids and as such is readily leached to the groundwater (Gill et al., 2000). Areas with a high risk 

of nitrate contamination are generally associated with well drained soils due to their highly 

permeable nature that can lead to rapid leaching of nitrate into the groundwater (Hill, 1996; 

Spruill et al., 1997; Nolan et al., 1998; Tedd et al., 2014). In contrast, poorly drained soils can 

restrict the migration of water and therefore nitrate in to the groundwater. Additionally, the use 

of surface and artificial field drains in poorly drained soils can lead to the removal of nitrate to 

surface water bodies (Hill, 1996; Nolan et al., 1998). Poor drainage also increases residence times 

that can lead to greater uptake by plants (Hill, 1996). 

While unsaturated zone properties can influence the physical leaching rate of contaminants, they 

can also influence other attenuation effects. Soil drainage characteristics influence denitrification 

rates which can alter nitrate concentrations. Denitrification is the term used for the microbial 

reduction of oxidised nitrogen (such as nitrate) to gaseous forms under poorly oxygenated 

conditions by facultative anaerobic heterotrophic bacteria (Appelo and Postma, 2005; Coyle et al., 

2016). Although the process is controlled by several factors, soil moisture status is recognised as 

the primary factor within soils (Coyle et al., 2016). The first stage of denitrification whereby NO3
− 

is reduced to form nitrite (NO2
−), nitric oxide (NO) and nitrous oxide (N2O) is inhibited in part by 

oxygen. For complete denitrification, saturated soil conditions are required to reduce these 

intermediate products to form dinitrogen gas (N2). As these conditions are more commonly found 

in poorly drained soils, they are associated with higher denitrification rates (Hofstra and Bouwma, 

2005; Coyle et al., 2016), which reduce the amount of nitrate available to leach into the 

groundwater. Denitrification rates have also been shown to be lower under more acidic 

conditions (Hofstra and Bouwma, 2005).  

Numerous studies have examined the sources of nitrate contamination and the effect that 

hydrogeological variables (pathway components) can have on groundwater nitrate 

concentrations. With respect to agricultural sources of nitrogen, field scale studies were carried 

out in the southeast of Ireland by Fenton et al. (2009). Among other variables, groundwater 

nitrate occurrence was strongly statistically related to vadose zone permeability. The study 



 

56 
 

concluded that the nitrate transport is clearly influenced by the permeability of the vadose zone 

and that the longer residence time in lower permeability subsoils favoured reduction through 

denitrification. However, the study also found a significant association between nitrate and the 

proximity to an agricultural point source within the study site. Another field scale study was 

conducted in the southeast of Ireland to investigate diffuse nitrogen leaching from organic and 

inorganic agricultural fertilizers applied to five study areas with distinct soil properties 

encompassing a range of drainage regimes and parent materials (Ryan and Fanning, 1996). The 

losses after applications of inorganic fertilizers, cattle slurry and pig slurry were investigated at 

different times of the year using lysimeters.  Soil type, inorganic nitrogen fertilizer application and 

a combination of fertiliser plus organic slurry affected concentrations of nitrate in the drainage 

water. However, complex trends were seen, with variation both within and between soils on a 

spatial and temporal scale depending on the timings of fertilizer applications among other 

unmeasured factors. The conclusions from both studies suggest that while localised conditions 

(pathway components) greatly influence the fate of nitrogen, source components also play an 

important role in these relationships. 

Several studies have found nitrate to be associated with both agricultural and residential source 

components (Persky, 1990; Eckhardt and Stackelberg, 1995; Garnder and Vogel 2005), pathway 

components and in many cases a combination of both (McLay et al., 2001; Nolan, 2001; Kaown et 

al., 2007; Masetti et al., 2008; Fenton et al., 2009 and many more). Of particular relevance to this 

research, a recent publication by Tedd et al. (2014) investigated a number of the pressure 

(agricultural and DWWTS) and pathway parameters and their associated effect on nitrate 

groundwater concentrations in the south-eastern region Ireland. Poorly drained soils, arable land, 

karstic flow regimes, regionally important bedrock aquifers and high vulnerability groundwater 

within the zones of contribution of the monitoring points were statistically significantly related to 

groundwater nitrate concentrations. Soil type was found to be the most important parameter, 

although subsoil permeability was not statistically significantly related to groundwater nitrate 

concentrations. By association, the elevated nitrate concentrations are likely to be found in areas 

which have a high proportion of arable agriculture and which are dominated by well drained soils, 

karstic flow regime, regionally important bedrock aquifers and high groundwater vulnerability 

pathways (Tedd et al., 2014). The study concluded that pathway components are more important 

than pressure components in understanding groundwater nitrate concentrations. 

Microorganisms 

As discussed in Chapter 3, the attenuation processes found within the unsaturated zone of 

DWWTS percolation areas can be extremely effective. The factors influencing these straining and 
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adsorption processes include soil textural properties, hydraulic loading, degree of saturation and 

in turn aerobic or anaerobic nature, electrostatic attractions between the effluent and 

unsaturated zone and the extent of biomat development (Siegrist et al., 2000). By association 

these conditions greatly control the risk that microbial contaminants pose to groundwater. Risk 

can be increased when these optimal attenuation conditions are not present due to unsuitable 

subsoil conditions.  

A review of the potential for microbial contamination to migrate through the subsurface after 

land spreading of livestock waste is discussed in Mawdsley et al. (2005). To a large extent the 

factors that control microbial fate after land spreading overlap with those that govern microbial 

behaviour after discharge from a DWWT (straining/filtration and adsorption). These factors 

include soil textural properties, soil water content and flow, microbial cell size and behaviour and 

numerous other biotic and abiotic variables.  

One difference, as already mentioned, is the different point of entry between human and 

livestock wastes (Sections 3.3 and 4.3 respectively). Agricultural effluents are typically released 

onto the ground surface from either land spreading or farmyard runoff; whereas DWWTS effluent 

is released into the subsoil typically at depths of 0.6-1.0 m below the ground surface. This 

introduction of DWWTS effluent below the subsurface bypasses a proportion of the unsaturated 

zone and the potential treatment processes it provides while also making it unavailable for uptake 

by the vegetation (Gill and Mockler, 2016). Livestock effluent in contrast can be attenuated by this 

initial subsurface zone.  

Once present in the unsaturated zone, the survival of pathogens is governed by their transport 

and persistence. A review of studies by Gill et al. (2000) listed the factors that control the growth 

and survival of bacteria in the subsoil. Longer survival rates are seen in moist soils with reasonable 

water holding capacity and sufficient organic matter content. Longer survival is seen at lower 

temperatures while shorter survival times are seen in more acidic (pH 3-5) than alkaline soils. 

Competition from indigenous microflora can also have a detrimental effect on bacterial survival. 

In general, it has been shown that bacteria and viruses are transported only a few decimetres to 

metres in the unsaturated zone. However, once in groundwater they can travel ten to hundreds 

of metres, and have variable die off rates (Siegrist et al., 2000). Work by Gerba and Bitton (1984) 

examined the survival rates of microorganisms in groundwater. The study found die of rates (day) 

varied from 0.18 for Salmonella, to 0.28 for E. coli, and 0.36 for Rotavirus SA-11.  

In summary, a review of literature suggests that while sources of contamination are well known, 

their impact on groundwater is greatly influenced by hydrogeological variables. Free draining 

areas of extreme groundwater vulnerability may be most vulnerable to contamination due to high 
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leaching rates and unfavourable conditions for denitrification. Conversely areas of inadequate 

percolation may offer more protection to groundwater. In such areas however, performance of 

the DWWTS can be greatly reduced resulting in surface ponding of effluent that can pose a 

contamination risk to surface water bodies.  

It should also be appreciated that while hydrogeological setting greatly influences contaminant 

pathways, the well itself can provide a pathway for contaminants to migrate from the source to 

the receptor, particularly when the well has not been adequately designed or constructed (Daly, 

2000; Misstear et al., 2006). This is discussed further in the following section, where the well is 

also considered as a receptor.  

4.4 Receptor Component 

In a general sense the receptor component can be thought of as the overall groundwater system. 

However, more specifically, each private well and the householders who consume the water can 

also be regarded as receptors. This section therefore considers groundwater quality in general, 

the contamination of private wells, and the health effects that this contamination can have on the 

water consumers.  

Groundwater Receptor 

A review of relatively recent overall groundwater quality in Ireland is presented in EPA (2010). A 

total of 2,681 samples from 211 boreholes and springs, selected for the WFD Groundwater 

Monitoring Programme, were analysed for nitrate from 2007-2009 (EPA, 2010). Concentrations 

greater than 37.5 mg/l NO3
- were recorded in 186 individual samples, of which 50 samples 

exceeded 50 mg/l NO3
-. Prior to 2006 a slight increase in nitrate concentrations had been 

observed; however, EPA (2010) results show an overall decrease in mean nitrate concentrations. 

In general, the largest proportion of monitoring locations with elevated nitrate concentrations 

was observed in the south and southeast of the country, which was attributed to intensive 

agricultural practices. Of 2,718 samples analysed over the same time period for faecal coliforms, 

945 (34.8%) tested positive. Positive counts were detected at 157 (74.4%) of the monitoring 

locations on one or more occasions during the reporting period. This indicates an increase in the 

percentage of wells testing positive for faecal coliforms on preceding years, while there has also 

been an increase in the percentage of samples with > 100 cfu/100ml. 

Private Well Receptor 

Private wells in Ireland are largely unregulated and unmonitored, and are often poorly sited and 

constructed, and therefore can be vulnerable to contamination (Robins and Misstear, 2000; IGI, 

2007; Charrois, 2008). Previous research into private wells has reported that approximately 30% 
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tested positive for thermotolerant coliforms (TTC) (Bacci and Chapman, 2011; Hynds, 2012), but 

even higher proportions have been observed (O’Dwyer et al., 2014).  

While private wells can be thought of as a receptor of contamination, many well design variables 

can greatly influence pathway components of the SPR model - see recommended construction 

and design specifications for wells in Section 2.7. Of primary importance is the correct siting of the 

well with respect to potential hazards to minimise the risk of pollution (Misstear et al., 2009). 

While recommended setback distances were discussed in Section 2.7.2, in practice an appropriate 

distance will be dependent on various source and pathway components specific to that site, 

including the subsoil type, the depth to the water table, local topography and contaminant type 

and loading (IGI, 2007).  

In certain cases poor well design and construction may provide a preferential pathway for 

contamination (Daly, 2000; Misstear et al., 2006). Wells that are poorly finished are more 

vulnerable to the ingress of water and debris which can compromise the well water quality. Hynds 

et al. (2012) found wellhead liner clearance, the presence or absence of a well cover and the 

potential for direct ingress down the wellhead to be statistically significant (among other 

variables) in predicting faecal contamination of private boreholes in Ireland. Zimmerman et al. 

(2001) reported that E. coli was more likely to be found in samples from uncapped, uncovered 

and poorly grouted wells than those that were adequately sealed. Consistent with this, faulty 

masonry was found to be significantly associated with the presence of both faecal coliforms and 

faecal streptococci in shallow groundwater sources in Kampala, Uganda (Howard et al., 2003). 

Figure 4.4 shows how an adequately constructed grout seal surrounding a borehole provides 

protection against contamination from the nearby DWWTS. The absence of this grout seal may 

allow the effluent to migrate down the annulus surrounding the well casing and into the well. 

However, despite the associated risks, wellheads are often left unfinished (Daly, 2000). Direct 

ingress could pose an increased risk if sources of contamination are near the wellhead. In areas of 

inadequate percolation surface ponding of wastewater can occur resulting in reduced treatment 

efficiency and potential ingress directly into a poorly sited and constructed well or a surface water 

body (EPA, 2013a; Keegan, 2014). The faecal contamination predictive model developed by Hynds 

et al. (2012) also included septic tank setback distance, gradient and 120-hour antecedent rainfall 

as significant predictors in the model. This may be consistent with the migration of microbial 

contaminants overland during rainfall events. 
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Figure 4.4 Grout seal surrounding a borehole preventing contamination of the well by the 

percolating DWWTS effluent.  

Consumer Receptor 

The concept of a receptor can also be extended to the water consumer, and the detrimental 

human health effects associated with drinking contaminated water. A large number of viral, 

bacterial and protozoan pathogens, mostly of faecal origin, are known to contaminate 

groundwater (Macler and Merkle, 2000). The most common illness associated with the 

consumption of microbially contaminated water is generalized acute gastrointestinal illness (AGI), 

resulting in symptoms of fever, nausea, diarrhoea, and/or vomiting. Although associated illnesses 

are often short in duration, some can be fatal. An estimated 750,000 to 5.9 million illnesses per 

year have been attributed to contaminated groundwater consumption in the USA alone (Macler 

and Merkle, 2000; Reynolds et al 2008), with the resulting mortality rates estimated as being 

between 1400-9400 deaths per year (Macler and Merkle, 2000). Although a detailed review of all 

microbial contaminants is beyond the scope of this chapter, the following sections addresses 

some of the most common microbial contaminants and their associated pathogenicity.  

4.5 Human Health and Well Contamination 

Escherichia coli (E. coli) 

Verocytotoxin producing E. coli (VTEC) was first described in the late 1970’s (Bolton and Aird, 

1998; Jones, 1999; Chalmers et al., 2000). Several different strains (serogroups) of E. coli produce 

verocytotoxin, however, not all are detrimental to human health. Pathogenic serogroups include 
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O26, O55, O91, O103, O111, O146, and O157 (Bolton and Aird, 1998). E. coli O157, was first 

recognised as the major human pathogenic serotype after an infectious outbreak was associated 

with a North American fast food restaurant in 1982, with another outbreak coming several years 

later in 1985 in the United Kingdom (Bolton and Aird, 1998). Further large scale infectious 

outbreaks were seen in both Japan and the UK in 1996. In Japan, a reported 9,000 people we 

affected by the pathogenic O157 VTEC strain. The same year saw 490 people affected in Scotland, 

with the infection proving to be fatal in 18 cases (Bolton and Aird, 1998; Maule, 2000).  

A spectrum of symptoms can occur with infection. The toxins (of which there are many different 

types) produced by VTEC bacteria are composed of two main protein subunits, one of which is the 

main virulent factor that irreversibly inhibits the protein synthesis of eukaryotic cells (Mead and 

Griffin, 1998). Symptoms can range from mild diarrhoeal illness, which in simple cases can 

alleviate after two weeks, to haemorrhagic colitis and haemolytic uraemic syndrome (HUS) which 

in some cases can lead to fatal renal failure (Tarr, 1995; Bolton and Aird, 1998; Mead and Griffin, 

1998; Jones, 1999; Chalmers et al., 2000; Maule, 2000; Morris et al., 2015). The occurrence of 

HUS associated with VTEC has been reported to be as low 2-7%, however, in certain outbreaks it 

can be as high as 30%.  

E. coli O157 originates in the gastrointestinal tract of animals, including humans, with cattle and 

sheep believed to be the largest source (Jones, 1999; Chalmers et al., 2000; Maule, 2000; Morris 

et al., 2015). While cattle can be carriers of the bacteria, they rarely display any symptoms of 

infection (Jones, 1999; Duffy et al., 2006). Maule (2000) reports the various routes of entry for 

such E. coli into the environment. Firstly, the most obvious route is the direct entry from animal 

faeces onto pasture or into water bodies, with another considerable source being through the 

discharge of various waste products such as those from septic tanks or abattoirs (Jones, 1999).  

VTEC has been shown to survive in the environment for relatively long periods of time (Jones, 

1999; Morris et al., 2015). This persistence leads to various viable pathways for E. coli to migrate 

throughout the environment (Chalmers et al., 2000; Maule, 2000). Under laboratory simulations, 

VTEC survival times of up to 130 days were demonstrated in soil cores, with dispersal and survival 

shown to be dependent on environmental factors such as soil pH, soil texture, water levels and 

competition (Maule, 1999; Gagliardi and Karns, 2000). The robustness of the bacteria means that 

once present in the environment, there are numerous routes for transmission for human infection 

via food or water. The infectious dose of E. coli can be as little as between 10 and 100 organisms, 

meaning even small contamination events of drinking water supplies can lead to infectious 

outbreaks (Jones, 1999; Chalmers et al., 2000; Morris et al 2015).   



 

62 
 

Infectious outbreaks of E. coli O157 have been commonly associated with foodborne transmission 

(Jones, 1999). Numerous infectious outbreaks have been attributed to contaminated food 

products, in particular with undercooked contaminated beef and dairy produce. (Bolton and Aird, 

1998; Jones, 1999; Chalmers et al., 2000; Duffy et al., 2007). VTEC is capable of surviving food 

freezing temperatures (-20oc), and can survive the various processes from animal slaughter to 

human consumption. Studies on beef products in a range of countries at the retail stage have 

shown E. coli O157 to be present in between 0.43% to 5.22% products (Duffy et al., 2006).  

Viable E. coli O157 also have the ability to migrate through soil and contaminate groundwater and 

private drinking water supplies (Artz and Killham, 2002). Infectious outbreaks of E. coli have been 

implicated with both recreational waters as well as both municipal and private water supplies. 

Once present in water bodies, it is capable of surviving even at relatively low temperatures. The 

majority of water-borne outbreaks of VTEC infection are associated with small Group Water 

Schemes or private wells in Ireland (HPSC, 2012).  Municipal water supplies are normally subject 

to treatment processes such as disinfection by chlorination. As with persistence in soil, VTEC 

persistence in water is influenced by a range of factors. Artz and Killham (2002) investigated VTEC 

robustness in various private wells in Scotland, each with differing water properties. It was found 

that nutrient and heavy metal concentrations had significant effect on VTEC survival, as well as 

the level of protozoan predation. 

Currently there is no legal obligation in Ireland to monitor water supplies for VTEC bacteria 

(Morris et al., 2015). Typically, waters are only tested in the event of an infectious outbreak. As a 

result, little is known about the actual prevalence of the bacteria in the water supplies. With 

regards to VTEC infection, the incidence rate in Ireland is high relative to other European 

countries, and is increasing every year (Morris et al., 2015). In 2008 and 2009 Ireland displayed 

the highest VTEC incident rate of any European Union Member States (Garvey et al., 2011). In 

2010, there were 199 confirmed and probable cases of VTEC notified. This translates to a crude 

incidence rate (CIR) of 4.7 cases per 100,000 people (Garvey et al., 2011). The number of reported 

cases subsequently rose to 558, with the crude incidence rate in turn rising to 8.9 cases per 

100,000 people, which is significantly higher than the European average of 1.15 per 100,000 

(Morris et al., 2015).  

The dominant transmission routes reported for these incidences in Ireland have been person-to-

person transmission, especially in crèches/childminding facilities and among families with young 

children, and waterborne transmission associated with exposure to water from untreated or 

poorly treated private water sources. Garvey et al. (2011) present risk factor data collected from 

VTEC notifications in Ireland. Of the VTEC reported cases in Ireland in 2010, exposure to farm 
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animals or their faeces and exposure to private well water were common occurrences; 52.4% and 

42.9% reported these exposures respectively. These exposure trends tend to be consistent with a 

regional variation seen in Ireland. VTEC infection among the urban Eastern proportion of the 

population is notably lower than that in more rural parts of the country where a higher incidence 

rate is recorded. A report on human infection with VTEC in Ireland finds that patients are up to 

four times more likely to have consumed untreated water from private wells (Morris et al., 2015). 

Cryptosporidium sp. 

Cryptosporidia are coccidian protozoan parasites that belong to the phylum Apicomplexa 

(Casemore et al., 1985; Barer and Wright, 1990; Chen et al., 2002; Fayer, 2004). The species that 

make up this genus are morphologically indistinguishable; however, they are genetically distinct 

and therefore can differ in host range and human toxicity (Cummins et al., 2010). Common 

examples include Cryptosporidium hominis, a human pathogen which is a contrast to 

Cryptosporidium parvum which has a wider range of host including humans and a number of 

domestic and wild animals (Cummins et al., 2010). Although recognised in mice as early as 1912, 

the first case of human infection (Cryptosporidiosis) wasn’t identified until 1976 (Casemore et al., 

1985; Current and Garcia, 1991; Gray, 2010). Since this first identified case, Cryptosporidium has 

become the one of the most commonly reported enteric pathogens in people worldwide (Chen et 

al., 2002). The organism is now known to not be host specific and is capable of infecting species of 

mammals, reptiles and birds (Boak and Packman, 2001; Gray, 2010) 

Infection is a result of ingesting viable ovoid oocysts, which generally occur in low numbers in 

water. Once ingested, the organism multiplies in the gastrointestinal tract of the host, with 

further oocysts then excreted. The proportion of the general population excreting oocysts ranges 

from 1-3% in developed countries and 10% in developing countries (Chen et al., 2002). The faeces 

of an infected individual can contain up to 1 x 107 oocysts per gram (Chappell et al., 1999). The 

infectious dose required for infection is not exactly known, and could be quite low, however, 

outbreaks are usually associated with large contamination events (Boak and Packman, 2001; Gray, 

2010). Symptoms of infection include flu like illness with diarrhoea, abdominal pain, anorexia, 

nausea, flatulence, malabsorption, vomiting, mild fever and weight loss. Generally, infection is not 

fatal, however, it can prove fatal in more vulnerable individuals such as malnourished children 

and those that are immunosuppressed (Barer and Wright, 1990; Current and Garcia, 1991; Gray, 

2010). 

The main transmission route for the disease is thought to be faecal-oral, as a result of either 

direct person to person contact, animal to human contact or contact/use of faecal contaminated 

water (Boak and Packman, 2001). While surface waters are most at risk from direct entry of faecal 
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matter, oocysts can migrate into groundwater. Unlike many conventional bacteria, oocysts are 

relatively unaffected by some of the common disinfection methods used in Ireland such as 

chlorination and UV treatment (Boak and Packman, 2001; Chen et al., 2002; Cummins et al., 2010; 

Gray, 2010).  In the oocyst phase, cryptosporidium spores are surrounded by a tough protective 

wall. As a result, they can remain infective under cool, moist conditions for many months, 

especially in northern climates where water temperatures remain low but above freezing (Fayer, 

2004). Problematically, the detection of Cryptosporidium in water is also quite difficult, with up to 

1000l of water often needed to be filtered to extract the oocysts, which then need to be visually 

identified using a microscope (Boak and Packman, 2001).  

Importantly in the context of this research the first documented waterborne outbreak of 

cryptosporidiosis, which occurred in San Antonio, Texas, was linked to sewage leakage into well 

water. Water from this well was chlorinated but not filtered. Several early waterborne outbreaks 

were also seen in the UK, with outbreaks recorded in Sheffield, Ayrshire Scotland, and 

Oxfordshire-Swindon in 1986, 1988 and 1989, respectively (Current and Garcia, 1991). One of the 

largest outbreaks was associated with drinking water in Milwaukee. Investigators estimated that 

403,000 illnesses, 4,400 hospitalizations, and 50 deaths were associated with this single outbreak 

(Craun et al., 2010).  

The first outbreak of cryptosporidiosis in Ireland was reported in April 2002 in the Midland Health 

Board Region. The source of outbreak was attributed to Lough Owel, a lake used as a public water 

source by approximately 25,000 people. Similar to the earlier case in Texas, the only treatment for 

the water at that time was chlorination, with no filtration processes employed. Samples from the 

lake revealed Cryptosporidium levels from 1.4 oocysts/10 L to 2.4 oocyst/10 L (Cummins et al., 

2010). However, Cryptosporidium levels have been seen to vary greatly between different 

outbreaks with as few as 0.04 oocysts per 10 L sampled in treated water associated with an 

outbreak in County Carlow (Cummins et al., 2010).  

Zintl et al. (2009) report that most, if not all larger community-scale outbreaks that have occurred 

on the island of Ireland over the last number of years have been waterborne. As a result of 

outbreaks in Ireland, cryptosporidiosis became a notifiable disease in 2004 under the Infectious 

Diseases (Amendment) (No. 3) Regulations 2003 (S.I. 707 of 2003) (Garvey and McKeown, 2004). 

Since it became a notifiable disease, the Health Protection Surveillance Centre (HPSC) reported a 

total of 431 cases in 2004, 568 in 2005 and 367 in 2006 (Garvey and McKeown, 2007). Despite its 

prevalence and serious nature its epidemiology in Ireland is poorly understood (Zintl et al., 2009) 

A study by Zintl et al. (2009) examined 199 faecal samples from cryptosporidium incidences in 

Ireland between 2000 and 2007. C. parvum and C. hominis were the only two species identified, 
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with C. parvum being considerably the most prevalent in all years except one. This predominance 

was also observed in other studies in the UK, France, Switzerland and Portugal. Despite this 

predominance, the number of community scale outbreaks caused by the two species was similar, 

and in fact the number of people affected by outbreaks due to C. hominis was almost four times 

higher than the number of cases resulting from C. parvum outbreaks. However, in contrast to this 

community scale, Zintl et al. (2009) found that in sporadic cases, the incidences of the two species 

was reversed with C. parvum being up to four times more common than C. hominis. In a similar 

trend seen with VTEC outbreaks, the overall incidents of cryptosporidium show an uneven 

distribution, with fewer infections seen in the in the east and north-east and an increase in 

numbers towards the south-east, the midlands and the west coast, with C. Parvum much more 

common in the west. This distribution is reflected in a decline in population density from east to 

west and an increase in the importance of agriculture (Zintl et al., 2009). It is generally agreed that 

an observed spring peak in human cryptosporidiosis is due to a sharp increase in environmental 

pollution with C. parvum oocysts during lambing and calving (Mclauchlin et al., 2000; Lowery et 

al., 2001; Zintl et al., 2009). This has important relevance to this study, as an efficient tracer could 

potentially distinguish between faecal contamination tracers, and further elucidate the causes of 

outbreaks.  

Giardia sp. 

Giardia is a protozoan parasite capable of infecting a range of vertebrate hosts including humans 

(Monis and Thompson, 2003, Caccio et al., 2005; Gallas-Lindemann et al., 2013). It can be 

transmitted by either direct faecal contact of by the consumption of contaminated food or water 

(Monis and Thompson, 2003; Gray, 2010). Infection by Giardia, termed giardiasis is considered to 

be one of the most common causes of waterborne disease in the developed world (Gray, 2010; 

HSPC, 2012). 

Compared to Cryptosporidium the life cycle of Giardia is relatively simple. When exposed to 

stomach acid and bile salts the infectious cyst is stimulated to release of trophozoites that attach 

to and colonise the surface of the gut. As trophozoites pass through the small intestine they 

encyst and are passed in faeces (Monis and Thompson, 2003). Once released into the 

environment they are immediately infectious, with the infective dose as little as 1-10 cysts (Caccio 

et al., 2005). The cysts are relatively resistant in the environment and once excreted are capable 

of surviving for long periods, especially in the winter (Caccio et al., 2005; Gray, 2010; HSPC, 2012; 

Gallas-Lindemann et al., 2013). As a result, the circulation of cysts from wastewater to surface and 

groundwater is possible (Gallas-Lindemann et al., 2013). Although both Giardia and 

Cryptosporidium are protozoan parasites with the same transmission routes, the ineffectiveness 

of common treatment methods against Cryptosporidium coupled with its resistance to standard 
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methods of water treatment has made it more of a public health concern than Giardia (Monis and 

Thompson, 2003). However, Giardia has also shown a degree of resistance to common 

chlorination, with filtration needed to provide adequate treatment (Gray, 2010, HSPC, 2012). 

Giardiasis can be either acute or chronic, with chronic infection often requiring drug treatment 

(Monis and Thompson, 2003). A considerable number of waterborne outbreaks of giardiasis have 

been reported worldwide, (Gallas-Lindemann et al., 2013). In Ireland, between 50 and 70 cases 

are notified every year, with peak seasonal incidence between July and October (HSPC, 2012). 

Although approximately three quarters of cases are asymptomatic, symptoms of infection include 

abdominal pain, flatulence, foul‐smelling greasy stools, bloating nausea and anorexia (HSPC, 

2012).  

Nitrate  

Although nitrate (NO3
-) is a naturally occurring ion, excess nitrogen in soil, aquatic and 

atmospheric environments is a growing global problem. Major sources of nitrogen include animal 

and human waste, nitrogen oxides from utilities and automobiles, and leguminous crops that fix 

atmospheric nitrogen (Ward et al., 2005). However, elevated nitrate concentrations are 

commonly linked with the intensification of agriculture and the increased land application of 

nitrogen fertilizers since the 1950s (Foster, 2000; Ward et al., 2005).  

Nitrate contamination of drinking water has received considerable attention due to its potential 

links with numerous human health conditions, with a compressive review of current knowledge 

outlined by Ward et al. (2005). Such conditions linked (with varying levels of certainty) to elevated 

nitrate include methemoglobinemia, cancer, hypertension, increased infant mortality, central 

nervous system birth defects, diabetes, spontaneous abortions, respiratory tract infections, and 

changes to the immune system (Fewtell, 2004). In response to these adverse health effects, 

European legislation defined a maximum allowable concentration (MAC) of 11.3 mg/l NO3-N 

(98/83/EC) in drinking water. 

One and perhaps the most notable detrimental health condition linked with elevated nitrate 

conditions is methemoglobinemia, commonly referred to as blue baby syndrome. 

Methaemoglobin is formed when nitrite (which in the case of drinking water can be formed from 

the bacterial conversion of nitrate) oxidizes the ferrous iron in blood haemoglobin to the ferric 

form (Fan et al., 1987; Knobeloch et al., 2000; Ward et al., 2005). Unlike haemoglobin, 

methaemoglobin cannot bind oxygen, therefore limiting its transport in the body. Under normal 

conditions, <2% of a bodies haemoglobin circulates as methaemoglobin (Fan et al., 1987), 

however, signs of methemoglobinemia appear at < 10% methaemoglobin (Fewtrell, 2004). Infant 

methemoglobinemia was first linked to nitrates in drinking water by Hunter Comly in the United 
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States in 1945 (Knobeloch et al., 2000; Fewtrell, 2004). He noticed an association between the 

illnesses of two infants fed infant formulas that were prepared with water from shallow wells. 

Subsequent analysis found nitrate-N concentrations in these wells to be 90 and 150 mg/L 

respectively (Knobeloch et al., 2000). Upon publishing his findings many similar cases were 

reported. Of the privately owned domestic wells sampled for nitrates during the period 1993-

2000 in the USA, 9% exceeded the maximum contaminant level of 10 mg/L nitrate (Richards et al., 

2014). 

At moderate levels of methaemoglobin symptoms include an unusual bluish grey or brownish 

grey skin colour, irritability, and excessive crying in children, with higher levels of 

methemoglobinemia giving rise to drowsiness and lethargy (Knobeloch et al., 2000; Fewtrell, 

2004). Infants younger than 6 months are particularly susceptible to blue baby syndrome (Bryan 

and Van Grinsven, 2013).  

It should be noted that nitrate itself is generally considered harmless at low concentrations. Even 

at elevated concentrations the risk posed by elevated nitrate may well differ depending on many 

non-nitrate related factors, such as an individual’s metabolism and the presence of other 

components in contaminated water (Bryan and Van Grinsven, 2013). Several studies have looked 

at the direct link between nitrate and methemoglobinemia, some with mixed results. A literature 

based review of such studies by Fewtrell et al. (2004) concluded that no exposure-response 

relationship could be identified between drinking water nitrate concentrations to 

methemoglobinemia. While it had once been accepted that drinking water nitrate concentrations 

were the cause of methemoglobinemia, research based alternative explanations for 

methemoglobinemia in infants (Fewtrell, 2004; Bryan and Van Grinsven, 2013), include links with 

gastroenteritis and bacterial contaminated water (Avery, 1999; Bryan and Van Grinsven, 2013). 

This is of concern in an Irish context, where microbial contamination of private wells is 

documented (Bacci and Chapman, 2011; Hynds, 2012; O’Dwyer et al., 2014). 

4.6 Fingerprinting: Identifying the Source 

Traditionally, private well water microbial quality has been tested using faecal indicator bacteria, 

such as E. coli, which live in the intestines of warm-blooded animals and are present in their 

faeces. Typically, however, they are not harmful to human health (De Simone et al., 2009), but 

signal the possible presence of contamination and other pathogenic bacteria (Collins, 2000; De 

Simone et al., 2009). However, while the presence of faecal bacteria indicates potential 

contamination from a source such as a DWWTS (Collins, 2000; De Simone et al., 2009), they are 

not source specific (Sinton et al. 2008). As result it can be difficult to accurately identify the 

contamination source and its pathway into the well. 
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While domestic wastewater treatment systems can alter the properties of wastewater, some 

constituents are often untreated and unaltered. These constituents have the potential to be used 

as tracers of wastewater contamination (Vengosh and Pankratov, 1998). Previous studies have 

focussed on a range of chemical tracers, varying from simple elemental ratios, to more complex 

chemicals specific to human wastewater. The following research examines a range of chemical 

and biological parameters, including simple ionic ratios and a range of emerging organic 

contaminants including pharmaceutical, personal care products, caffeine and artificial 

sweeteners.  Comprehensive literature reviews pertaining to each of the tracers evaluated during 

this research are presented in Chapter 10. The review of each tracer is followed by a description 

of how it was analysed during the research and the analytical results obtained. This is followed by 

a summary of its suitability as a tracer of DWWTS contamination in private wells. Each tracer is 

treated in this individual manner to provide concise and coherent chapter on the current 

knowledge of tracers both internationally and in Ireland.  

4.7 Summary 

Groundwater contamination is a multifaceted problem which can encompass various 

contamination sources, pathways and receptors. In rural Ireland, DWWTS and agriculture are 

considered significant sources of contaminants, many of which can have significant adverse 

human health effects which can in cases prove to be fatal. To understand private well 

contamination (and hence the means for its prevention), the accurate identification of 

contamination sources is required. Research into specific tracers that are applicable to private 

wells in Ireland and are capable of distinguishing agricultural and DWWTS impacts would be 

invaluable. 
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Chapter 5 Research Methodology  

5.1 Introduction 

The methodology used in the desk, field and laboratory aspects of this research are presented in 

this chapter. The overall structure and order in which this work was completed is illustrated in 

Figure 5.1 below. Following site selection, wells in each of the study areas were identified and 

permission to sample was sought from the householder. Each well was then assessed by means of 

a site survey, and sampled and analysed for routine water quality parameters. Upon completion, 

24 wells were selected for monthly monitoring and the evaluation of contamination fingerprinting 

methods.  

 

Figure 5.1 Flow chart of main tasks in order of their undertaking throughout the research. 

5.2 Study Site Selection Criteria 

Due to the variable performance of DWWTS and the influence of pathway components on the 

transport of contaminants (see Chapter 4), it was decided that several geologically distinct 

settings should be represented in the study. A total of four study areas were sought. Two were 

required to be characteristic of extreme groundwater vulnerability areas as delineated by DELG et 

al. (1999), as groundwater underlying these areas is regarded as being much more vulnerable to 

contamination than groundwater in low vulnerability zones. The remaining two in contrast were 

required to be areas of inadequate percolation, selected in parallel with a study investigating the 

impact of DWWTS on surface water. While areas of inadequate percolation may offer more 
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protection to groundwater, DWWTS performance can be greatly reduced, resulting in surface 

ponding of effluent that can pose a contamination risk to surface water bodies and poorly sealed 

wells. 

A list of criteria deemed to be important in the selection of the study areas was compiled with the 

aim that each study would ideally satisfy all the criteria. The list of criteria for selection of the 

ideal extreme groundwater vulnerability study site are shown in Figure 5.2. The criteria for the 

selection of the sites of inadequate percolation were naturally different to the criteria for 

selecting sites of extreme groundwater vulnerability. Additionally, the criteria for the selection of 

the sites of inadequate percolation reflect the requirements of the surface water study, and 

therefore not all variables are relevant to the private well research.  

 
Figure 5.2 Characteristics to be sought in the extreme groundwater vulnerability study sites. 

Site selection becomes notably more complex when one considers the multifaceted nature of the 

Irish landscape and its geology. Its heterogeneous nature makes finding a site that satisfies all the 

desirable characteristics seen in Figure 5.2 problematic. Therefore, a survey was conducted 

among the wider project steering committee to further refine and prioritise the selection criteria. 

There were seven respondents in total. Respondents were requested to score the importance of 

potential catchment selection criteria according to whether they were deemed: 

Selection 
Criteria

Proximity to

Dublin
Householder 
permission

Contrasting 
bedrock type

High density 
of private 

wells

Avoidance of 
gley & peat 

soil
Extreme 

groundwater 
vulnerability

High subsoil 
permeability

Subsoil type 
parent 

material

Contrasting 
aquifer 

category

Availability of 
existing data

Land use 
should not be 

forestry
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• Unimportant   = 0 

• Quite important = 1 

• Essential   = 2 

If a respondent did not feel qualified to offer an opinion on a criterion, then the average score 

was based on those of the other respondents. The questionnaire results were used to prioritise 

the catchment criteria that were most relevant to the aims of the project into a ranked order. The 

rankings were based on the average scores i.e. no weightings were applied to individual scores.  

Criteria which received equal scores from the questionnaires were given equal ranking. Separate 

questionnaires were conducted for the extreme groundwater vulnerability and inadequate 

percolation criteria. It should be noted that for selecting sites of inadequate percolation, criteria 

were ranked primarily on their importance to the surface water aspect of the research. Therefore, 

while the chosen study area still needed to be reliant on private wells and DWWTS, not all 

variables are of relevance to the private well research. The survey results for the groundwater and 

surface aspects of the research are shown in Tables 5.1 and 5.2, respectively. Criteria are ranked 

in order from high priority to those deemed to be of lesser importance. 

With regards to the selection of extreme groundwater vulnerability sites, extreme vulnerability 

and permission from site owners were rated as essential and ranked equal first. Contrasting 

bedrock types for the two sites and a high density of private wells were ranked joint third, 

followed by a high density of DWWTs and an avoidance of gley soils. With regards to selecting the 

areas of inadequate percolation, low subsoil permeability, proximity of DWWTSs to surface water 

and gaining permission of landowners for site access were ranked equally as being most 

important. It was important that all the study sites be within two hours of the Trinity College 

Dublin laboratories. Relative proximity reduces transport costs as well as ensures same day 

sampling and analysis which rules out the need for longer storage times which could potentially 

affect sample integrity. 

Table 5.1 Questionnaire results ranking criteria in order of their deemed importance in the 

selection of the sites of extreme groundwater vulnerability 

Rank Criteria 

1 Extreme groundwater vulnerability setting 

1 Permission from householders 

3 Contrasting bedrock type: Karst limestone vs. Lower Palaeozoic metasediments 

3 High density of private wells 

5 High density of DWWTS 

6 Avoidance of gley soil and peat 

7 Less than 3 hours’ drive from Dublin 

8 High subsoil permeability 

9 Subsoil parent material (in relation to P sorption) 
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10 Contrasting aquifer: Regionally Important versus Poorly Productive 

10 Land use – arable or pasture (not forestry) 

10 Availability of existing data/previous studies within the area 

13 Avoid clayey subsoil 

Table 5.2 Questionnaire results ranking criteria in order of their deemed importance in the 

selection of the sites of inadequate percolation.  

Rank Criteria 

1 Low subsoil permeability 

1 Presence of DWWTSs close to rivers 

1 Permission from landowners 

4 High density of DWWTS 

5 Subsoil type (high clay content) 

6 Less than three hours’ drive from Dublin  

7 Subsoil parent material – in relation to P attenuation 

8 Soil type (e.g. gleys) 

9 Catchment size to be 10km2. 

9 Land use (arable or pasture). Not forestry. 

11 Availability of existing data/previously studied catchment 

12 Aquifer category (Poorly productive/Regionally, etc.) 

13 Q-value of the river 

13 Bedrock type 

15 High density of Private wells 

15 Low groundwater vulnerability class 

17 P – value in the river relative to EQS of 0.035mg/l 

18 Catchment WFD status 

 

5.3 Study Site Shortlisting 

While the survey results ranked the relative importance of each criterion, for practical reasons it 

was infeasible to factor all these criteria into the desk-based aspect of the catchment selection 

process. For instance, seeking the permission of householders and landowners is of vital 

importance, a fact that is reflected in the survey results. However, it was not practical to assess all 

the potential study areas for this criterion as it would necessitate contacting large numbers of 

people over many potential areas. Therefore, the results of the catchment selection surveys were 

used to produce a list of criteria that were feasible to assess during the desk based stage of 

catchment selection. Furthermore, to aid the assessment of site suitability and produce a 

shortlist, a scoring system was applied to each of these criteria (Table 5.3 and 5.4 respectively). 

For instance, in Table 5.3 the criterion ‘Extreme Groundwater Vulnerability’ was subcategorised 

into presence of extreme vulnerability (Score = + 1) and the absence of extreme vulnerability 

(Score = -1). Likewise, a study site with a high density of private wells will score + 1, whereas if it 

has a low density of private wells it receives a score of -1. However, if the site has an adequate 

number of wells to make it a viable option, it receives a score of 0. In a simple additive manner, 
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the sites with the highest score are all viable options for selection. Similar ranking systems have 

been used in previous studies for site selection (Fealy et al., 2010).  

Table 5.3 Site Selection Hierarchy: Top 6 criteria and associated scoring system for selecting 

extreme groundwater vulnerability sites.  

Rank 
Catchment 
criteria 

Criteria categories Score 

1 
Extreme 
vulnerability 

Yes 1 

No -1 

2 
High density of 
private wells 

High 1 

Adequate 0 

Low -1 

3 
High density of 
DWWTS 

High 1 

Adequate 0 

Low -1 

4 
Subsoil type                     
(e.g. clayey till) 

Avoid of clay 1 

Some clay 0 

Clay -1 

5 
< 3-hour drive 
from Dublin 

Yes 1 

No -1 

6 
Land use not 
predominantly 
forestry 

Absence of forestry 1 

Forestry present (low area) 0.5 

Forestry present (high area) -0.5 

Predominantly forestry -1 

Table 5.4 Catchment Selection Hierarchy: Top 6 criteria and scoring system for selecting sites of 

inadequate percolation. 

Rank Catchment criteria Criteria categories Score 

1 
Low subsoil 
permeability 

Low permeability 1 

Moderate permeability -0.5 

High permeability -1 

2 
Presence of DWWTs 
close to river 

Yes 1 

No -1 

3 
High density of 
DWWTS 

< 5 DWWTS/km2 -1 

5 > Density DWWTS/km2 < 10 -0.5 

10 > Density DWWTS/km2 < 15 0.5 

>15 DWWTS/km2 1 

4 
Subsoil type                     
(e.g. clayey till) 

Sand and gravel -1 

Clay 1 

5 
< 3-hour drive from 
Dublin 

Yes 1 

No -1 

6 Soil type 
Wet 1 

Dry -1 

Where possible, the criteria were assessed using ArcGIS ArcMap 10.1 GIS software. The relevant 

shape files were obtained from the Environmental Protection Agency and the Geological Survey of 

Ireland and were used in conjunction with existing ArcMap base maps. Once compiled, it was 
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possible to analyse all of Ireland in terms of groundwater vulnerability, bedrock type, aquifer 

class, topsoil and subsoil type, land use, DWWTS location and density. However, there is no 

complete dataset of the location of private wells (Hunter Williams and Lee, 2009). It can be 

inferred, however, that houses not connected to a mains water supply scheme obtain their water 

from private sources such as wells. Therefore, maps outlining the networks of public and private 

water schemes were acquired on a county by county basis from the relevant local authorities. A 

shortlist of potential extreme groundwater vulnerability study sites selected via this process, 

along with their associated score is shown in Table 5.5. The shortlist of inadequate percolation 

study sites and their scores based on the respective criteria (selected in parallel with the surface 

water aspect of the research) is presented in Appendix B1. 

Table 5.5 Breakdown and results of the site scoring system for a selection of the extreme 

groundwater vulnerability shortlisted sites. (EV= Extreme vulnerability; PW= High density of 

private wells; DWWTS= High density of DWWTS; AG/P= Avoidance of gley soils/peat; LP= 

Laboratory proximity; NF= Land use not predominantly forestry; Sub= Subsoil; PD= Previous study 

area; N/D= Not defined). 

Potentially Unsuitable 

Potentially Suitable 

County Approx. Location EV PW DWWTS AG/P LP NF Sub 
Total 
Score 

Wexford 

New Ross 1 1 1 1 1 1 1 7 

Clogh 1 1 1 1 1 1 1 7 

Coolgreany 1 1 1 1 1 1 1 7 

Oulart 1 0 0 1 1 1 1 5 

Ferns 1 0 0 1 1 1 1 5 

Ballycanew 1 1 1 1 1 -1 1 5 

Tara Hill 1 -1 1 0 1 -1 1 2 

Wexford Town 1 -1 1 0 1 -1 1 2 

Wicklow 

Conary 1 N/D 1 1 1 1 1 6 

Kilballyowen 1 N/D 1 1 1 1 1 6 

Woodenbridge 1 N/D 1 1 1 1 1 6 

Barranisky 1 N/D 0 1 1 1 1 5 

Rathdrum (north) 1 N/D 1 1 1 -1 1 4 

Kilkenny 

Ballyragget 1 1 1 1 1 1 1 7 

Kells/Stoneyford 1 1 1 1 1 1 1 7 

Coolaghmore 1 1 1 1 1 1 1 7 

Bennettsbridge 1 1 1 1 1 1 1 7 

Graiguenamanagh 1 1 1 0 1 1 1 6 

Gowran 1 1 1 0 1 1 1 6 

Leapstown 1 1 1 -1 1 1 1 5 

Dunnamaggan 1 1 1 -1 1 1 1 5 

Coolroebeg 1 1 1 -1 1 0.5 1 4.5 
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Clogharinka 1 0 0 -1 1 1 1 3 

Carlow 

Borris 1 1 1 1 1 1 1 7 

Tiknock 1 1 1 1 1 1 1 7 

Hacketstown 1 1 1 -1 1 1 1 5 

Meath North Naul 1 N/D 1 1 1 1 1 6 

Roscommon 

Ballyforan 1 0 0 1 1 1 1 5 

Athlone (North) 1 0 0 1 1 1 1 5 

Carranure 1 N/D 1 -1 1 1 1 4 

Laois 
Rathdowney 1 1 1 1 1 1 1 7 

Portlaoise 1 0 0 1 1 1 1 5 

 

Sites that performed the best during the selection process were all visited to obtain further local 

insight and to ensure that the area was indeed suitable. These visits were used to confirm the 

presence or absence of a mains or group water supply scheme and in turn the assumption of high 

private well density. The relevant local authorities for each of the study sites were contacted to 

assess further the sites suitability. As outlined in Table 5.1, contrasting bedrock geologies were 

also desirable. Due to the unique nature of karst limestone bedrock, the inclusion of one such 

study site was preferable. In turn, it was decided that the remaining extreme vulnerability site 

should be an area underlain by lower palaeozoic metasediments. The four study sites that 

performed the best throughout the site selection process and site visits were selected.  

5.4 Selected Study Sites 

The four selected study sites (and the identification codes applied to each) were: 

• SA1: Clogh, County Wexford                

• SA2: Prospect, County Wexford 

• SA3: Gowran, County Kilkenny 

• SA4: Kilnacrott, County Cavan 

 

The locations of each are shown on Figure 5.3. A brief overview of each study area is then 

provided, highlighting the reasons for their selection.  
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Figure 5.3 The locations of the selected sites. 

Study site location 

Location of Selected Study Sites 

Km 
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SA1: Clogh, County Wexford (Extreme Groundwater Vulnerability) 

The SA1 study area is situated south west of Gorey town in County Wexford, approximately 80km 

south of Dublin City. The study site is approximately 11.5 km2, and is entirely dependent on 

private wells for water provision, with no mains water scheme available in the area. As was 

sought by the catchment selection process, the area is dominated by extreme groundwater 

vulnerability conditions, including both the X and E categories, due to the thin depth of subsoil 

(Figure 5.4 and Figure 5.5). The underlying Oakland bedrock formation is comprised of Ordovician 

metasediments namely green, red-purple, and buff slate siltstone. The resulting aquifer is classed 

as locally important, with the bedrock classed as moderately productive only in local zones. The 

study site directly borders a band of regionally important felsic volcanic bedrock. In terms of soil, 

the area is dominated by acid deep and shallow well drained mineral soil derived from mainly 

non-calcareous parent materials. The underlying subsoil is either classed as rock, due to its 

shallow nature which is reflected in the groundwater vulnerability mapping, or as Lower 

Palaeozoic shale till. The area is not serviced by a main sewerage network, and therefore is reliant 

on DWWTS. Land use in the area is dominated by intensive agricultural production, including 

pasture land for beef, dairy and sheep production, and arable land for tillage crop production. No 

forestry is present.  

 
Figure 5.4 Groundwater vulnerability map of SA1, including the location of wells sampled as part 

of this study. 
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Figure 5.5 Ordovician metasedimentary bedrock in SA1. Apparent is the shallow depth of 
overlying subsoil indicating/confirming the extreme groundwater vulnerability setting. 

SA2: Prospect, County Wexford (Inadequate Percolation) 

SA2 is located approximately 10 km west of SA1 in County Wexford. This study area was selected 

for the surface water aspect of this research (see selection criteria presented in Tables 5.2 and 

5.4), which focused on the Prospect stream catchment around which SA2 is located. Finding an 

area with the characteristics desirable for the surface water research that also had a high density 

of private wells was problematic. In the case of SA2, part of the area is serviced by a public water 

supply. Despite this, large parts of the catchment were still dependent on private water wells 

making it suitable for selection.  It did, however, necessitate choosing a slightly larger study area 

of approximately 14.5 km2. 

As outlined previously, the criteria for surface water study catchments are notably different to 

those for the extreme vulnerability catchments required for the groundwater study. In terms of 

groundwater vulnerability, SA2 is an area of low vulnerability due to a considerable depth of 

subsoil. The area is situated on Carboniferous limestone till subsoil with a matrix of Irish Sea Basin 

origin, overlain by deep poorly drained mineral topsoil derived from mainly calcareous parent 

material. Gardiner and Ryan (1966) explain how these “macamore” soils extend in 6-8 km strip 

along the eastern coastal edge of County Wexford and give rise to the area’s status as having very 

inadequate percolation (Figure 5.6). Gardiner and Ryan (1966) states that the weak structure 

throughout the soil and subsoil profile, and the ‘heavy’ texture of the subsoil, are mainly 

responsible for the poor drainage found in these areas which make up approximately 9% of 

County Wexford. 
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Figure 5.6 Likelihood of inadequate percolation map of SA2, including the location of wells 

sampled as part of this study. 

The study area comprises primarily two different bedrock formations. Most of the study area is 

underlain by the Campile formation, a band of rhyolitic or felsic volcanics and grey and brown 

slates. This Campile formation is classed as a regionally important aquifer of fissured bedrock. To 

a lesser extent, the area is underlain by the Oakland formation of Ordovician metasediments 

composed of green, red-purple, and buff slate siltstone, which give rise to a locally important 

aquifer. The land use associated with SA2 is much more heterogeneous than that found in SA1. 

Agriculture is still a dominant land use, but tillage production is less common, and only occurs in 

isolated pockets. The majority of agricultural land is pasture based.  The area also contains 

SA2 Likelihood of Inadequate Percolation 
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coniferous and mixed woodland, as well as transitional woodland scrub. In contrast to SA1, this 

area includes several golf courses, holiday parks and other recreational areas due to its proximity 

to popular tourist destinations along the east coast.  

SA3: Gowran, County Kilkenny (Extreme Groundwater Vulnerability) 

SA3 is approximately 25 km2 in area and located approximately 6 km west of Kilkenny City centre 

and 100 km south west of Dublin City. It is an area of extreme and high groundwater vulnerability 

(Figure 5.7). As was desired by the selection process due to the unique properties of karst 

bedrock, SA3 overlies a regionally important karstified (diffuse) aquifer (Figure 5.8). This aquifer 

comprises numerous similar bedrock formations, all of which are limestone variants. The two 

most extensive formations are the Dinantian Ballyadams and Clogrenan Formations which are 

composed of crinoidal wackestone/packstone limestone and cherty, muddy, calcarenitic 

limestone respectively. The overlying subsoil varies across SA3, and includes rock outcrops (which 

is reflected by the X and E groundwater vulnerability classification), Namurian sandstone and 

shale till and areas of Carboniferous limestone till. Soil types within the area include deep well 

drained mineral soils, grey brown podzolics/brown earth basic soils, rezinas an lithosols, and deep 

poorly drained mineral soils. The area is classed as having a low/moderate likelihood of 

inadequate percolation. Land use in the area is dominated by agricultural production of pasture, 

arable and mixed practices. Isolated areas of woodland and scrub are also present. 

SA4: Kilnacrott, County Cavan (Inadequate Percolation) 

As with SA2, SA4 was chosen in conjunction with the surface water research project (see selection 

criteria presented in Tables 5.2 and 5.4). This yielded similar challenges discussed under SA2 

regarding finding a suitable study area for both the surface and groundwater aspects. While SA4 is 

partly served by a Castlerahan, Mountnugent and Munterconnacht and Crosserlough Group 

Water Schemes, the site was still found to contain an adequate number of private water wells to 

satisfy the criteria for the research. It is approximately 19 km2 in area and is located 17 km south 

of Cavan Town and 90 km north-west of Dublin City. 

In terms of geology, the study area is underlain by several bedrock formations. These include the 

Oghill formation (massive sandstone & micro conglomerate), the Castlerahan formation (dark 

quartz greywacke, conglomerate), Ballysteen formation (dark muddy limestone, shale), Lough 

Avaghon formation (massive sandstone & microconglomerate) and the Stackallen (micrite and 

mudstone). Correspondingly, the area is characterised as having both poorly productive aquifers 

(corresponding to the Oghill, Lough Avaghon and Castlerahan formations) and locally important 

aquifers (corresponding to the Ballysteen formation). SA4 is dominated by land with a very high 

likelihood of inadequate percolation (Figure 5.9), as was required for the surface water study. The 
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overburden is dominated by Lower Palaeozoic sandstone and shale till subsoil; however, topsoils 

vary across the study area, including acid deep poorly drained mineral soil and acid deep well 

drained mineral soil. Land use is dominated by pasture based agriculture. Notable is the absence 

of any arable based production.  

 
Figure 5.7. SA3 groundwater vulnerability map with the locations of sampled wells. 
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Figure 5.8 Cross section of bedrock within SA3 displaying small Karst conduits. 

 
Figure 5.9 Likelihood of inadequate percolation map of SA4, including the location of wells 
sampled as part of this study. 

SA4 Well Location & Likelihood of Inadequate Percolation 
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5.5 Site Susceptibility Assessment 

Following the selection of the study areas, the private water wells in each site had to be located 

and permission to include them in the study sought from the owner/householder. Prior to 

commencing fieldwork, a target of approximately 200 wells to be sampled over the four study 

sites was set. Each householder was provided with information outlining the project (Appendix 

B2) as well as a guarantee that water quality results would be kept strictly anonymous. If 

permission was granted, a site assessment survey (Appendix B3) was carried out with the 

householder.  

As discussed in chapter 4, the susceptibility of a private groundwater well to contamination is a 

function of more than its hydrogeological setting. The risk of contamination is also likely to be a 

function of several localized site-specific factors such as the well’s location, or specific well 

construction details. For instance, a poorly constructed well located near a potential source of 

contamination such as a DWWTS or farmyard would naturally be deemed to be more susceptible 

to contamination. In order that the effect of such localized factors on private well water quality 

could be assessed, a site susceptibility survey was conducted at each site. The site susceptibility 

survey used in this study was adapted from previous doctoral research conducted by Hynds 

(2012). The site survey assessed each individual sampling site in terms of: 

• General Site Details: This included the ground surface slope of the site, as well as the site 

boundaries and the onsite ground conditions.  

• Well Details: This section sought general information regarding the well, in terms of its 

age, the number of people supplied, its depth and the construction materials used in its 

design. Additionally, this section enquired whether there have been any past water 

quality problems associated with the well, and whether there is a treatment system 

installed which may affect the analysis. 

• Well Head Details: These criteria assessed the well head in terms of how adequately the 

head works have been completed and protected. Criteria assessed included whether the 

well head is above or below ground, whether it is covered/capped, and whether or not 

there is a concrete apron surrounding the well head. 

• Surrounding Land use: The land uses within a 100m radius of the well head were 

recorded. Land use was subdivided into residential property/grounds, roads, and the 

various types of agricultural land, as well as agricultural infrastructure such as farm 

buildings. 

• DWWTS Details: Details regarding DWWTS within 100m of the well were recorded. 

Specific details included the DWWTS age, design, setback distance from the well and 
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whether it was up gradient, on gradient or downgradient of the well (based on the ground 

surface slope and not the groundwater flow gradients due to limited groundwater flow 

direction data). Additionally, the DWWTS was inspected for any indications of malfunction 

such as ponding of the percolation area. 

5.6 Sampling Protocol 

Once wells had been identified and permission to sample was granted, a one-off sampling regime 

was developed. The sampling procedures and protocols used throughout the fieldwork have been 

centred upon those outlined by the USGS (2005). These procedures and protocols were utilised in 

Hynds (2012), and were deemed to be appropriately comprehensive and up to date. Updates 

have regularly been added to the USGS (2005), with the most recent version outlined in the USGS 

(2015). Other literature consulted when developing the sampling protocol is referenced 

accordingly throughout the following section.  

Samples were taken from a cold-water tap fed directly from the borehole. Each tap was run for a 

standard period of five minutes prior to sample collection so as to purge the well and avoid the 

collection of stagnant water from within the well or plumbing system. Several guidelines exist for 

purging wells. Common approaches include hydraulic analysis, a well volume approach and 

parameter stabilisation (Misstear et al., 2006). The USGS (2015) purge procedure recommends 

removing three or more well volumes of standing water while monitoring the water level and the 

stabilization of routine field measurements as a function of time, pumping rate, and the volume 

of water being removed. However, no single approach can be recommended as a universally 

suitable technique (Misstear et al., 2006), because selecting a suitable technique will depend on 

the individual well characteristics and its hydrogeological setting. However, in this study special 

consideration had to be given to the concerns of the owners of each well as purging can waste 

large volumes of water at a cost to the households. A fixed five-minute purging period was 

deemed reasonable and suitable for this study. During the purge period, routine field 

measurements were monitored and compared with the USGS (2015) stabilisation criteria as a 

quality control procedure.  

The primary sample was taken using 500 ml polypropylene containers with care taken to ensure 

as little air as possible was present in the bottle headspace. All containers were detergent washed 

and autoclaved at 121oC for 15 minutes prior to sample collection (USGS, 2005). A second 30 ml 

sample was collected for trace element analysis in disposable sterile polystyrene (PS) containers. 

All sample vessels and lids were rinsed three times immediately before sample collection using 

the well water. All samples were then labelled and stored in an ice box below 4oC for transport 

back to the laboratory (USGS, 2005). 
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As stated by the USGS (2015), researchers are responsible for quality control (QC) procedures 

during sampling. The goal of QC sampling is to identify, quantify, and document bias and 

variability in data that result from the collection, processing, shipping, and handling of samples 

(Korteba et al., 1995; USGS, 2005). The USGS (2015) states that all field workers must be familiar 

with the various types of quality-control and “blank” samples, and know how and when to collect 

them to comply with USGS quality-assurance requirements.  

A variety of QC sampling techniques were utilized throughout the research. Specifically, this 

research used two types of “blank” samples for quality control purposes. Firstly, trip or transport 

blanks were used to determine whether the handling, storage or transport of the well samples 

had any effect on their integrity, and if they had attributed to any contamination or cross-

contamination of samples. This was achieved by filling a sample bottle (of the same specification 

as those used for the actual well sampling) with pure water from the laboratory prior to the 

sampling trip. This sample was then taken into the field on the day of sampling, and subject to the 

same transport, handling and storage procedures as the actual well samples taken on that day. 

The trip blank is not opened, and is tested along with the rest of the samples once returned to the 

laboratory (Koterba et al., 1995). Secondly, field blanks were used verify that field and laboratory 

procedures do not contaminate the samples (Koterba et al., 1995). Field samples are taken by 

filling a sample bottle (again of the same specification as those used for the actual well sampling) 

with pure water on site. The resulting sample is then stored and transported with the actual 

investigative samples and analysed accordingly. The results can be used to assess contamination 

resulting from onsite practices. Rich (2002), explains how this differs from a trip blank, as it does 

not remain sealed and is exposed and prepared at the sample site. 

Additionally, duplicate samples were taken as an extra quality control measure. This involved 

taking two samples sequentially from the same well source during the same sampling event 

(Koterba et al., 1995; USGS, 2005; Misstear et al., 2006). The two samples are then stored, 

transported and tested by the same procedures outlined above. The use of replicates allows the 

researcher to assess the combined effects of field and laboratory procedures on measurement 

variability (Koterba et al., 1995). Replicate groundwater samples were taken at the same sites 

used to collect field blanks, as per recommended by (Koterba et al., 1995). In accordance with 

APGO (2011) recommendations, replicates were taken at a minimum of one per sampling event, 

or minimum of one per 10% of all samples. 

5.7 Sample Analysis: Onsite 

As outlined by Misstear et al. (2006) careful consideration must be given to the selection of 

parameters for analysis. Often only the parameters of obvious interest are selected for 
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measurement. However, Misstear et al. (2006) states that this can be a limiting approach. In 

accordance, a series of “master variables” and physicochemical parameters have been recorded 

to further characterise each groundwater samples. The water quality parameters tested as part of 

the research are listed in Table 5.6. Depending on the parameter, samples were analysed either 

onsite or in the Department of Civil, Structural and Environmental Engineering laboratories of 

Trinity College, Dublin.  

Table 5.6 Water quality parameters tested on all samples. 

Measured Water Quality Parameters 

Field Parameters Anions Cations Microbiological 

Temperature Nitrate Sodium Total Coliforms 

Electrical conductivity Chloride Potassium E. coli. 

Total dissolved solids Sulphate Calcium 
 

pH Alkalinity Magnesium 
 

  
Iron 

 

  
Manganese 

 

  
Ammonium 

 
 

Where possible, well water level was measured using a Van Walt 60m V025 Dip Meter. In cases 

where a well head was inaccessible or capped it was not possible to measure the water level. 

Once the well had been purged, water samples were tested onsite for pH, electrical conductivity 

(EC), total dissolved solids (TDS) and temperature using a Hanna Instruments HI-98129 pH & 

Water Analysis Meter and 500 ml polypropylene container, both thoroughly rinsed between 

samples. All pH and EC/TDS readings were automatically temperature compensated by the 

handheld meter. Prior to all sampling trips the meter was calibrated using the appropriate Hanna 

Instruments standard solutions. 

pH 

The pH is mathematical notation defined as the negative base-ten logarithm of the hydrogen-ion 

activity, measured in moles per litre of a solution and is an important primary factor governing 

the chemistry of natural water systems (Hem, 1985, USGS, 2005).  

Electrical conductivity 

Electrical conductivity (EC) is a useful indicator of how many dissolved ions there are in solution of 

the sample. As explained by Hem (1985) pure liquid has a very low electrical conductivity. 

However, natural waters, due to the presence of ionic species in varying levels, are conductive. As 

ion concentrations increase, conductance of the solution increases; therefore, the conductance 

measurement provides an indication of ion concentration (Hem, 1985).  
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Temperature 

Temperature can be a useful parameter for analysing the subsurface conditions (Todd and Mays, 

2005). Ordinarily temperatures increase with depth in accordance with the geothermal gradient, 

relating to approximately 3oC for every 100m in depth (Todd and Mays, 2005). Departures from 

this can provide information the geological conditions of the well. For instance, temperature can 

be a useful parameter to distinguish true groundwater from surface water seepage as true 

groundwater temperature will approximate to annual average air temperature, whereas surface 

waters will more closely follow seasonal variations (Misstear et al., 2006).  

5.8 Sample Analysis: Laboratory 

All laboratory testing was done in the Environmental Engineering Laboratory at Trinity College 

Dublin on the same day as sample collection, with the exception of 30ml samples for trace 

element analysis which were acidified and stored for analysis in batches.  

Alkalinity 

Alkalinity refers to the acid neutralizing capacity of the water, and is the sum of all the titratable 

bases. Alkalinity is measured as an aggregate property of water, and can be interpreted in terms 

of a specific substance when the chemical composition of the sample is known. As the alkalinity of 

many surface waters is primarily a function of carbonate, bicarbonate and hydroxide content, it is 

taken as an indication of the concentration of these constituents. The measured value may also 

include contributions from borates, phosphates silicates and other present bases (Pohland and 

Bloodgood, 1963).  

Alkalinity was determined by titration of the water samples to an end point pH in accordance with 

method 2320b of APHA/AWWA/WEF (2005). As all samples had an initial pH of less than 8.3, 

phenolphthalein alkalinity could not be determined. The total alkalinity of each sample was 

therefore determined by titration of 50ml of sample using sulphuric acid standardised (0.020N) 

solution to end point pH 4.5 indicated by bromocresol green-methyl red indicator solution. The 

volume of titrant used to reach the end point pH was converted to total alkalinity (as mg CaCO3/L) 

using the following formula: 

Total alkalinity (as mg CaCO3/L)  =
A x N x 50 000

ml of Sample
 

Where: A= volume of standard acid use (ml) 

N= normality of standards acid used 



 

88 
 

Alkalinity as mg CaCO3/L can be converted to alkalinity as mg HCO3/L by multiplying by a factor of 

1.22. Again, it should be noted that while alkalinity is quoted in these concentration terms, 

several different solute species contribute to a water alkalinity (Hem, 1985).  

Total Coliforms & E. coli 

Total Coliforms and E. coli were analysed for using the IDEXX Colilert-18 test kit as approved by 

USEPA and worldwide ISO standard (9308-2:2012). The IDEXX Colilert-18 test kit uses defined 

substrate technology and nutrient indicators ONPG and MUG to simultaneously detect total 

coliforms and E. coli. Coliforms use β-galactosidase enzyme to metabolize ONPG and change it 

from colourless to yellow, while E. coli use β-glucuronidase to metabolize MUG and create 

fluorescence. Subsequently either their presence or absence in a sample can be determined 

based on the observed occurrence of a colour change and fluorescence under UV light.  

Simple presence or absence per 100ml can be determined by adding the provided powder sachet 

to 100ml and incubating at 35oC for 18 hours. However, as quantification was desired, this 

product was used in conjunction with the IDEXX Quanti-Tray 2000. Prior to incubation the 100ml 

sample and powder mix is transferred to an individual quanti-tray comprised of a number of large 

and small wells and sealed using and IDEXX Quanti-Tray Sealer. Each quanti-tray is then incubated 

as above. After incubation, the number of large and small wells that are positive or negative for 

Total Coliforms and E. coli (as indicated by the presence or absence of a colour change and/or UV 

fluorescence) are counted. These counts are then converted to most probable number (MPN) of 

colony forming units (CFU) per 100ml of sample using a provided chart. An example of Total 

Coliform positive and negative QuantiTrays is shown in Figure 5.20 below. During all 

microbiological analyses, aseptic techniques were employed.  

 
Figure 5.10 Three IDEXX Quanti-Tray 2000 with three separate well sample results. Presence of a 
yellow colour indicates Total Coliform presence. When quantified, the results from left to right are 
0, 4.1 and 1732.9 MPN CFU/100ml. 
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Nitrate  

In sulphuric and phosphoric solution nitrate ions react with 2,6-dimethylphenol to form 4-nitro-

2,6-dimethylphenol inducing a colour change that can be photometrically determined and 

converted to NO3
- concentration. The method is analogous to DIN 38405-9 and was carried out 

using a Merck Spectroquant Nova 60 spectrophotometer and associated reagent test kit.  

Chloride 

Chloride ions react with mercury (ll) thiocyanate to form slightly dissociated mercury (ll) chloride. 

The thiocyanate released in the process in turn reacts with iron (lll) ions to form red iron (lll) 

thiocyanate that can be determined photometrically in terms of chloride concentration. The 

method is analogous to EPA 325.1 and APHA 4500-Cl- E and was carried out using a Merck 

Spectroquant Nova 60 spectrophotometer and associated reagent test kit.  

Sulphate 

Sulphate ions react with barium ions to form slightly soluble barium sulphate. The resulting 

turbidity can be measured using a spectrophotometer capable of turbidimetric measurement and 

converted to sulphate concentration. The method is analogous to EPA 375.4, APHA 4500-SO4
2- E 

and ASTM D516-11 and was carried out using a Merck Spectroquant Nova 60 spectrophotometer 

and associated reagent test kit.  

Ammonium 

Ammonium nitrogen occurs partly in the form of ammonium ions and partly as ammonia. A pH 

dependent equilibrium exists between the two forms. In a strongly alkaline solution ammonium 

nitrogen is present almost entirely as ammonia which reacts with a chlorinating agent to form 

monochloramine. This in turn reacts with thymol to form a blue indophenol derivative that can be 

determined photometrically. This method is analogous to EPA 350.1, APHA 4500-NH3 D and ISO 

7150/1 and was carried out using a Merck Spectroquant Nova 60 spectrophotometer and 

associated reagent test kit.  

Cation Analysis 

As mentioned under the sampling protocol, samples for cation analysis were collected in 30 ml 

sample vessels onsite. However, sample integrity can be altered by degassing of CO2 during 

sample transport. This degassing can cause small changes in the sample pH that can cause some 

metals and cations to precipitate as hydroxides or carbonates. These elements may be susceptible 

to sorption on the walls of sample vessel thereby altering the properties of the sample. To 

maintain sample integrity and prevent sorption samples can be acidified which maintains the 

sample’s total dissolved element load in solution (Misstear et al., 2006). Upon return to the 
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laboratory all 30 ml vessels were filtered with 0.45µm glass microfiber filters and acidified with 

nitric acid (HNO3
-) to a pH < 2.  

Cation analysis was carried out by Inductively Coupled Plasma Atomic Emission Spectrometry 

(ICP-AES) using a Varian-Liberty AX Sequential AES. The cations analysed for were calcium (Ca), 

potassium (K), magnesium (Mg), sodium (Na), iron (Fe) and manganese (Mn). Analysis was done in 

batches with blanks and QC samples of known concentration included at set intervals within all 

analytical runs.  

Laboratory Quality Control 

Blanks and QC samples of known concentration were included in all analytical runs. Post analysis, 

ion balance errors were calculated for all samples as a quality control procedure. In water, the 

positive and negative charges from cations and anions should be equal. If the calculated error 

greatly exceeds 5% it can indicate that that either an error has occurred during the analysis or 

that there are other parameters, perhaps due to pollution, which are affecting the ion balance 

(Fetter, 2001; Misstear et al., 2006). To calculate the sums of the positive and negative charges, 

the concentrations of each anion and cation are converted from mg/l to meq/l by dividing by their 

respective equivalent masses (as shown in equations A and B below). 

  

Equation A. Calculation of the sums of positive and negative charges (Misstear et al., 2006). 

 

Equation B. Calculation of iron balance errors (%) (Misstear et al., 2006).  

5.9 Rainfall Data 

Over the course of this research meteorological data were obtained from both the Irish 

Meteorological Service (Met Eireann) as well as from weather stations installed in conjunction 

with the surface water aspect of this research in the two sites with inadequate percolation (SA2 

and SA4) (see Figure 5.11). As these weather stations were not operating at the time of the one-

off sampling events, meteorological data for the one-off sampling period could only be taken from 
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Met Eireann synoptic stations. While a certain amount of variation in precipitation will exist 

between these Met Eireann sites and the study sites, Met Eireann synoptic stations provide 

accurate automated data on an hourly basis. For the monitoring periods, a combination of Met 

Eireann data and data from the specially installed weather stations were used. This reduces the 

spatial variation yielding an accurate measure of precipitation within the study areas on a half 

hourly basis.  

In terms of each individual study area, meteorological data were obtained from the following 

sources.  

• SA1: Meteorological data for the one-off sampling period were taken from Johnstown 

Castle synoptic weather station located in the grounds of Teagasc research centre in 

Johnstown Castle, County Wexford. The station is situated approximately 40km south of 

SA1. For the monitoring period, meteorological data are available from the specially 

installed weather station located in SA2, approximately 8km north east of SA1. 

• SA2: Meteorological data for SA2 were also taken from Johnstown castle for the one-off 

sampling period. The station is 46km south of the study area. For the monitoring period, 

meteorological data were available from the weather station installed in SA2. 

• SA3: Data were obtained from the Oakpark synoptic weather station located in the 

grounds of Teagasc in Oakpark, County Carlow. Data were available on an hourly basis. 

The station has been automated since 2003, and in 2008 it replaced a previous synoptic 

weather station in Kilkenny. Oakpark is located approximately 25km north-east of the 

centre of SA3 (Met Eireann, 2016). Data from this station were also used for the 

monitoring periods. Data from this station were also used by Hynds (2012) for a study site 

in similar proximity to the synoptic station at Oakpark.  

• SA4: For the one-off sampling period, meteorological data were obtained from the 

Ballyhaise synoptic weather station situated within the grounds of Teagasc, Ballyhaise 

Co Cavan. The station is approximately 18km north of the study area, and provides data 

on an hourly resolution. For the monitoring period, data were available from a weather 

station located within the study area.  
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Figure 5.11 Weather station installed in SA4. 

5.10 Monitoring Well Selection 

Upon completion of the one-off sampling, 6 wells from each study area were selected for monthly 

monitoring. It was deemed a requirement for these 24 wells to represent a range of well, DWWTS 

and site characteristics, as well as different water quality properties. Wells were therefore 

selected for monitoring based on the results of the site assessment surveys and one-off sampling, 

as depicted in Figure 5.12 below.  

To aid well selection, a conceptual framework of four distinct categories was developed (Figure 

5.13). Each category is colour coded and represents a possible scenario that could arise from the 

well selection criteria outlined in Figure 5.12. Each category should be approximately equally 

represented in each study area. The red category includes wells that performed poorly in all 

selection criteria. For these wells, site assessment surveys indicated that they are vulnerable to 

contamination, with the subsequent sampling indicating the presence of contamination. In 

contrast, the green category represents wells that performed adequately in all criteria. Site 

assessment surveys would have indicated that the wells were properly sited, constructed and 

sealed as well as adequately maintained. Subsequent tests would also have shown good water 



 

93 
 

 

Figure 5.12 Criteria for selecting a subset of wells for participation in the monitoring programme. 

quality. The two intermediate categories (yellow and blue) represent the one-off microbial and/or 

chemical water quality results that appear to contradict findings of site assessment survey. The 

number of wells in each conceptual category (colour coded) and their location is shown in Figure 

5.14.  

 

Figure 5.13 Conceptual framework of colour coded categories for the selection of monitoring 

wells 

24 
monitoring 

wells

One-off 
microbiological 

results

One-off 
chemical 
results

Site 
assessment 
survey data

Apparent impact based on chemical, microbiological and 
site assessment results.

No apparent impact based on chemical, microbiological and 
site assessments.

Possible impact based on chemical and/or microbiological 
data, however site assessment indicates low susceptibility.

No apparent impact despite indications of high 
susceptibility.
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Figure 5.14 Representation of the number of wells in each conceptual colour code and their 

location. 

5.11 Monitoring Protocol 

Each well was monitored monthly over a 14-month period (M1-M14) using the same field, 

laboratory and QC procedures that were outlined previously. Note, higher resolution data would 

be preferable (e.g. daily or hourly), however, this was not feasible within the resource constraints 

of the research. While the selection of fewer monitoring wells would have facilitated more regular 

monitoring (i.e. twice every month) it was deemed necessary to have at least 24 wells in order to 

accurately represent the variability in well quality and susceptibility. A monthly monitoring regime 

of 24 wells was therefore deemed suitable for the assessment of temporal variation. A similar 

approach was taken during previous private well research in Ireland by Hynds (2012).  

In addition, contamination fingerprinting techniques were applied and evaluated over the 14-

month period. The techniques evaluated during this time are listed in Table 5.7, along with where 

they were analysed. The associated methodologies are outlined in relation to each tracer when 

they are presented in Chapter 10. 



 

95 
 

To examine the suitability of the fingerprinting techniques and to aid comparisons between them, 

each was applied during two monthly monitoring events (M11 and M13). This enabled evaluation 

of their individual suitability, as well as the level of agreement between the various methods. Any 

evidence of contamination as indicated by the techniques could then be compared to the site 

assessment survey, one-off sampling event and 14-month monitoring record for interpretation. 

Table 5.7 List of fingerprinting techniques investigated and the location of the analysis.  

Fingerprinting technique Location of analysis 

Potassium/sodium ratios  
Department of Civil, Structural & Environmental Engineering of 
Trinity College, Dublin  

Chloride/bromide 
Chloride: Department of Civil, Structural & Environmental 
Engineering of Trinity College, Dublin. Bromide: City Analysts, Dublin 

Fluorescent whitening 
compounds 

Department of Civil, Structural & Environmental Engineering of 
Trinity College, Dublin  

Faecal sterols 
Department of Civil, Structural & Environmental Engineering of 
Trinity College, Dublin  

Microbial source tracking 
Microbiology Department, School of Natural Sciences, National 
University of Ireland, Galway 

Emerging organic 
contaminants 

Teagasc Food Research Centre, Ashtown, Dublin 

5.12 Statistical Analysis 

All data have been analysed using IBM SPSS Statistics v22.0 software. All data were tested for 

normality by graphical means and Shapiro-Wilk tests, with parametric and non-parametric 

statistical tests used accordingly. Where data are not normally distributed, transformations were 

utilised in an attempt to induce normality. This ensures the most suitable test is being utilised, 

therefore yielding the most power. As outlined by Helsel and Hirsch (2002) when dealing with 

non-normal data nonparametric tests can be many times more powerful than parametric tests. 

Thus, their power to reject null hypothesis when it is truly false is generally much higher in this 

case. Even when data are normally distributed nonparametric tests are, in general, never much 

inferior than the parametric alternative. A significance level of 0.05 is used throughout unless 

stated otherwise. 
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Chapter 6 Site Assessment Results 

6.1 Introduction 

A total of 212 wells from the four selected study areas was assessed by means of the site survey 

presented in Section 5.5. This chapter outlines the survey results. First, the data are presented 

and analysed, with comparisons drawn between the four study areas. These comparisons are 

important in identifying the contaminant source and pathway components that give rise to 

differences in well susceptibility/water quality both between individual wells and between the 

four hydrogeologically distinct areas. The results are then assessed in terms of an amalgamated 

dataset. The results in this latter format should be more representative of the standard of wells 

and DWWTS in Ireland, and should therefore indicate where, or if, improvements can be made. 

The following Chapters (7, 8, 9, 10 and 11) subsequently assess the influence of these site-specific 

survey results on well water quality through several novel approaches.  

The number of wells surveyed in each study area is shown in Table 6.1. It should be noted that, 

during the site assessment surveying, several households refused to participate in the study and 

did not permit the assessment of their well and DWWTS. The number of refusals in each study 

site is also shown in Table 6.1. Notably, it is not equal across the four study sites, potentially 

indicating different public attitudes towards the subject in the separate locations. 

Table 6.1 Summary of the number of wells surveyed in each study area, the surveying dates and 

the number of households that refused to participate in the study.  

 
No. of wells surveyed Surveying start date Surveying finish date No. of refusals 

SA1 61 28/03/2014 14/04/2014 0 

SA2 53 03/06/2014 10/06/2014 1 

SA3 48 23/06/2014 03/07/2014 11 

SA4 50 18/08/2014 29/09/2014 3 

 

6.2 Survey Results and Site Comparisons 

6.2.1 Source Types and Characteristics 

An overview of general well characteristics for each study area is shown in Table 6.2. Note, care 

must be taken with certain data pertaining to the history of a well, both in terms of its 

construction and past water quality, as it is dependent on the best available account from the 

householder and its accuracy cannot be guaranteed. 
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Table 6.2 Comparison of general well characteristics from the four study areas.  

  SA1 SA2 SA3 SA4 

No. of wells sampled 61 53 48 50 

No. of bored wells 61 53 45 37 

No. of dug Wells 0 0 3 13 

No. where depth unknown 13 (21%) 19 (36%) 9 (18%) 15 (30%) 

No. where drilling contractor unknown 15 (24%) 8 (15%) 14 (29%) 36 (72%) 

Mean depth (bored wells) 41.6 m 42.8 m 57.3 m 58.5 m 

Depth range (bored wells) 9-122 m 6-122 m 9-152 m 21-152 m 

Mean depth (dug wells) n/a n/a 11.7m 4.6m 

Depth range (dug wells) n/a n/a 1.5-24m 1-12m 

Mean age (bored wells) (years) 20 20.9 19.3 20.3 

Age range (bored wells) (years) 1 - 60 2 - 65 1 - 80 2 - 60 

Mean age (dug wells) (years) n/a n/a 86.6 75 

Age range (dug wells) (years) n/a n/a 60-100 34-100 

No. of wells that supply a single house 55 (90%) 48 (91%) 42 (88%) 45 (90%) 

Mean no. of consumers 3.5 3.5 3.7 3.4 

% of wells used by farms 21% 10% 36% 32% 

% of wells with past quality problems 13% 10% 19% 16% 

% of wells with water treatment device <1% 38% 55% 20% 

 

All wells surveyed in SA1 and SA2 were bored constructions, with no dug wells encountered. In 

contrast, with respect to SA3 and SA4, while most wells were also bored constructions, three and 

13 dug wells were surveyed in each, respectively (Table 6.2). This larger proportion of dug wells, 

particularly in SA4, must be factored into the interpretation of water quality results, as previous 

research by Hynds et al. (2012) found that relatively shallow hand-dug wells in Ireland were 

approximately 2.7 times more likely to be contaminated with thermotolerant coliforms. The dug 

wells in SA4 were lined with a range of different materials, including precast concrete (n=7) and 

cement block/natural stone and mortar (n=6) (see Figure 6.1). 

For a considerable number of wells in each study area, the depth was not known by the 

respective householders (Table 6.2). This was usually a result of the house/well being constructed 

by a previous owner, with the information not passed on between sales. With respect to bored 

wells, where depth was known, the average depths for each study area are shown in Table 6.2. 

There was no statistically significant difference in borehole depth between SA1 and SA2 or 

between SA3 and SA4. However, SA1 borehole depth is statistically significantly shallower than 

SA3 (U=549.5, p≤0.05) and SA4 (Mann-Whitney U=362.5, p≤0.05). Likewise, SA2 depth is 

statistically significantly shallower than SA3 (Mann-Whitney U=405.5, p≤0.05) and SA4 (U=258, 

p≤0.05) respectively. EPA (2016) states that typically in Irish bedrock aquifers, well depths range 

between 30 - 100 m below the surface. The mean depth for all four study areas falls within this 

range. Note the influence of well depth and geology on hydrochemistry is considered throughout 

Chapter 7.  
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Figure 6.1 Natural stone lined dug well in SA4. 

In terms of mean borehole age, there were no statistically significant differences between the 

four sites (Table 6.2). Significant correlations were found between well depth and age in SA1 and 

SA3 (r=-0.45, P<0.01; r=-0.53, p<0.01). This correlation is potentially due to changes in well drilling 

practices and equipment over time. Previous studies have found both well depth and well age to 

be significantly associated with contamination, with older and shallower wells found to be more 

susceptible (Glanville et al., 1997; Goss et al., 1998; Gonzales, 2008) (Section 2.8.4). Consequently, 

the differences in mean depths between the study areas outlined above could give rise to 

differences in susceptibility. Furthermore, given the correlation between well age and depth in 

SA1 and SA3, the older and shallow wells may be particularly susceptible to contamination. 

As would be anticipated, in SA4 there is a significant difference in the median ages and depths of 

the bored versus the dug wells (Mann-Whitney U=38.5, p<0.01 and U=0, p<0.01 respectively), 

with dug wells generally older and shallower. This is consistent with a move towards bored wells 

over time.  

In terms of water usage there is no significant difference between the mean numbers of 

consumers supplied by each well, with similar values observed across the four areas (Table 6.2). 
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However, the number of farms depending on wells in SA2 (n=5) is lower than SA1, SA3 and SA4. 

This is discussed further in relation to potential point sources of agricultural contamination. 

Notably, wells associated with farms in SA1 are statistically significantly older compared to those 

that are not (Mann-Whitney U; U=45, p<0.01). This is potentially because many of the houses in 

SA1 are relatively new developments, whereas the farmhouses and farms have been present in 

the area for much longer. This is important to keep in mind when interpreting water quality 

results of wells associated with farms. Not only are these wells in proximity to agricultural point 

sources of contamination, they are significantly older which, as stated above, has been shown in 

previous studies to increase susceptibility to contamination. This association is not present in the 

other three areas. However, in SA4, a larger proportion of dug wells (46%, n=6) supplied farms, 

with only 27% (n=10) of bored wells used by farms. This possible association between dug wells 

and farms could have detrimental consequences on the groundwater quality, as Hynds (2012) 

found dug wells more likely to be contaminated than bored wells. This susceptibility coupled with 

the added proximity to a farmyard, a known contaminant source, could make them even more at 

risk to contamination.  

Overall, there are no significant differences between the sites in terms of number of wells that 

have had past water quality problems (Table 6.2). However, the proportion of wells that are fitted 

with a water treatment device significantly differs between the four sites (Table 6.2). A greater 

proportion of wells in SA3 are fitted with a water treatment device, followed by SA2 then SA4. 

The proportions of wells in SA2, SA3 and SA4 that are fitted with a treatment device are shown in 

Tables 6.3, 6.4 and 6.5, respectively. Also shown is whether a sampling source of untreated water 

was available. Note, treatment was not common in SA1 and hence it is not represented below.  

Table 6.3. Summary of the types and numbers of treatment systems used in SA2. 

  Sample available without treatment  

Treatment type Yes No Total 

No treatment 33 - 33 

UV 3 - 3 

Salt 4 9 13 

Iron - 2 2 

Salt + iron 1 1 2 

Total 41 12 53 

 

Table 6.4 Summary of the types and numbers of treatment systems used in SA3. 

  Sample available without treatment 

Treatment type Yes No Total 

No treatment 22 - 22 

Salt 13 10 23 

Salt + UV 3 - 3 

Total 38 10 48 
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Table 6.5 Summary of the types and numbers of treatment systems used in SA4 

  Sample available without treatment  

Treatment Type Yes No Total 

No treatment 40 - 40 

Salt - 7 7 

Salt + Iron 3 - 3 

Total 43 7 50 

 

6.2.2 Wellhead characteristics 

An overview of wellhead characteristics for each study area is shown in Table 6.6. Wellhead 

variables assessed by the survey include the presence or absence of a secure boundary, well cap, 

concrete surface apron and cover (as well as the type of cover and its position with respect to 

ground level). Additionally, the position of the wellhead liner with respect to the ground level was 

assessed. It should be noted that this is with respect to the ground level around the well casing. A 

well may be finished in a chamber below the general ground level; however, the liner can still be 

extended above the immediate floor of its chamber, and thus the liner would be classed as above 

the ground level. Examples of distinct types of wellhead finishes are shown in Figure 6.2, which 

provides a useful reference for terminology used throughout this chapter. 

Table 6.6 Comparison of wellhead characteristics from the four study areas.  

  SA1 SA2 SA3 SA4 

% of wells with secure boundary present 77% 74% 67% 70% 

No. of wellheads inaccessible 4 5 6 3 

Wellhead liner finished above ground (%) 91% 90% 71% 59% 

Wellhead liner finished level with ground (%) 4% 4% 19% 38% 

Wellheads liner finished below ground (%) 5% 8% 4% 2% 

Wellhead cover present (%) 84% 79% 86% 87% 

Wellhead cap present (%) 79% 62% 62% 30% 

Concrete surface apron present (%) 56% 62% 62% 40% 

 

Visual assessment was not possible on several wells in each study area due to inaccessibility 

(Table 6.6). The number of inaccessible wells does not statistically significantly differ between the 

four areas. These wells have been omitted from the following overview of wellhead properties – 

however, it could be concluded that these wells are inadequately completed given their 

inaccessible below-ground finish.  

Overall, there is no significant difference between the four sites in terms of the proportion of 

wells that lack a secure surrounding boundary, a well cover or a concrete surface surround (Table 

6.6). There are, however, some differences in the how the wellheads are finished between the 
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Figure 6.2 Wellhead finishes. (1) Capped and 

covered wellhead liner extending above the 

ground level and concrete surface apron (as 

recommended). (2) Well liner cut off at ground 

level, capped, uncovered a missing concrete 

apron. (3) Above ground concrete pump house 

construction. (4) Wellhead liner finished in a 

below ground level manhole. The liner is above 

the manhole chamber floor however it is 

uncapped. (5) Poorly covered wellhead, finished 

below ground level, uncapped with potential for 

ingress of surface water/debris.11111      11

1 

4 3 

2 

5 
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four study sites. There is a statistically significant difference in the number of wells with liners 

finished above and level/below the ground level (Chi2; X2=22.1, p=<0.01). A significantly larger 

proportion of wellheads are finished above ground level in SA1 and SA2 than in SA3 and SA4 

(where a larger proportion of well are finished level/below the ground surface). Consequently, a 

larger proportion of wells in SA3 and SA4 are at greater risk of contamination via direct ingress of 

material (Section 2.8.4).  

Additionally, the proportion of wells that are sealed with a cap is not equal between the sites 

(X2=25.8; p<0.01). The proportion of wells capped in SA4 is significantly lower than all other sites 

(Table 6.6). The proportion of wells capped does not significantly differ between SA1 and SA2. 

While the proportion of wells capped in SA3 does not differ significantly from SA2, the difference 

is significant between SA1 and SA3, with a larger proportion of wells in SA3 left uncapped (X2=7.5; 

p<0.01). These uncapped wells are again at greater risk of contamination via direct ingress of 

material (Section 2.8.4). 

In summary, in terms of wellhead completion, SA4 performs poorly, having the greatest 

proportion of uncapped wellheads that are finished below ground level. The differences are 

possibly due to different levels of householder awareness between the sites, or more likely, they 

are due to the different practices employed by the well drillers. The lack of statistically significant 

differences between SA1 and SA2 would be consistent with this, as due to their proximity, most 

wells were constructed by a single contractor. The potential influence of wellhead completion 

works on well water quality is assessed in Chapter 8. 

In SA2 and SA4, wellhead finish variables (the presence/absence of well cap, cover or concrete 

surface apron) were not significantly associated with well age. However, in SA1 well cover and 

well cap presence/absence was significantly associated with well age. Covered wells were 

significantly older than uncovered wells (U=107, p≤0.05), however, capped wells were 

significantly younger than those that were uncapped (U=68.5, p≤0.05). This association with well 

cap was also apparent in SA3, with the average age of capped wells significantly younger than 

uncapped wells (t-test; t=3.533, p<0.01). Similarly in SA3, wells surrounded by a concrete surface 

apron were on average significantly younger than those that were not (t=2.487, p<0.05). This 

potentially indicates that older wells in SA1 and SA3 are more susceptable to contamination via 

direct ingress into the borehole due to the lack of well cap. 

Significant associations are seen between numerous wellhead variables. This is almost certainly 

due the construction of one with another. For instance, in SA1 there is a significant association 

between the presence/absence of a well cover and concrete surface apron (X2= 7.6; p<0.01). This 

is likely due to that fact that when either a manhole or pump house cover is constructed it is done 
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so on a concrete base that also acts as a surface apron surrounding the wellhead. This means 

uncovered wells are less likely to have a concrete surface apron. These associations between 

proper wellhead design characteristics suggests that adequately finished wells in respect to one 

design feature (such as well cover) are more likely to be adequately finished with regards to other 

factors (such as concrete surface apron P/A), with the opposite being true for poorly finished 

wells. In turn their susceptibility to contamination may significantly increase as a result. These 

associations are examined further for the amalgamated dataset with increased sample sizes 

which provides greater statistical power (Section 6.3). 

6.2.3 Geology and topography 

The general site gradients are shown in Table 6.7. As would be expected, the proportions of wells 

in each of the general site gradient classes (flat, shallow and steep) differs between the four sites 

(X2=14.65; <0.05). Of note is the large proportion of wells on a steep site in SA1. This would be 

expected given the elevated nature of extreme groundwater vulnerability sites which are often in 

hilly areas. The proportions do not differ significantly between SA2, SA3 and SA4.  

Table 6.7 General site gradients associated with each of the four study areas (values quoted are 

the number of wells and the percentage of the total number of wells surveyed in that area).  

  SA1 SA2 SA3 SA4 

Flat (<1:20) 12 (20%) 11 (21%) 10 (21%) 10 (20%) 

Shallow (1:5 – 1:20) 24 (39%) 33 (62%) 31 (65%) 30 (60%) 

Steep (>1:5) 25 (41% 9 (17%) 7 (14%) 10 (20%) 

Geological maps for each study area and the locations of the sampling wells can be seen in 

Appendix C1. The following sections provide a brief summary of the geological settings of the 

surveyed wells in each study. It should be noted that when interpreting geological maps (and 

hence the summaries in the following sections) their accuracy and resolution must be considered.  

SA1 (Clogh, County Wexford) 

Most wells (93%; n=57) in SA1 are constructed in areas mapped as the Oakland’s bedrock 

formation comprised of lower to middle Ordovician metasediments, namely green, red-purple, 

and buff slate siltstone. The resulting aquifer is classed as locally important and moderately 

productive only in local zones. This homogeneity means that no comparisons can be made 

between well characteristics and bedrock or aquifer type. A single well is located on the boundary 

between this formation and the rhyolitic volcanic and grey and brown slates of the Campile 

formation. A further three wells are constructed in felsic volcanics of the Campile formation. In 

contrast to the Ordovician metasediments, these volcanics give rise to a regionally important 

aquifer of fissured bedrock. All 61 wells are located in areas of Extreme groundwater vulnerability. 

The wells are located predominantly between two topsoil types. 39% (n=24) of wells are in deep 
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well-drained mineral soil derived from mainly non-calcareous parent materials (AminDW). A 

larger proportion of wells (61%; n=37) are situated in shallow well-drained mineral soil derived 

from mainly non-calcareous parent materials (AminSW). Similarly, the wells are in two main 

subsoil classes; 41% of wells are in Lower Palaeozoic shale till (TLPS), whilst the remaining 59% 

(n=36) are in the Rck classification category, due to bedrock being close to the ground surface. 

Both topsoil and subsoil were found to have no significant bearing on well depth (U=165.5, p>0.05 

and U=169, p>0.05). In terms of likelihood of inadequate percolation, 93% (n=57) of wells are in 

sites of moderate likelihood of inadequate percolation, with the remaining four wells in the low 

likelihood classification. It must be noted that  

SA2 (Prospect, County Wexford) 

Wells in this study area are located across five bedrock formations; however, a large proportion 

(66%; n=35) are in rhyolitic volcanic and grey and brown slates of the Campile formation. A 

further 25% (n=13) of wells are constructed in the green, red-purple, buff slate and siltstones of 

the Oakland’s formation, as described in relation to SA1. Of the remaining wells, two each are 

located in dark grey to black mudstones and felsic volcanics, respectively, with a single well 

located in intermediate volcanics. In reflection of this, 72% (n=38) of wells are constructed in a 

regionally important aquifer, with the remaining wells located in locally important (25%; n=13) 

and poorly productive (3%; n=2) aquifers, respectively. 

The area is predominantly classed as having Low groundwater vulnerability, with 85% (n=45) of 

wells located in this hydrogeological setting, with a further 15% (n=8) wells constructed in areas of 

Moderate groundwater vulnerability. 98% (n=52) are in areas of deep poorly drained mineral soil 

derived from mainly calcareous parent materials (BminPD). A single well is located in the “made” 

topsoil category which indicates miscellaneous soil types due to the land being altered by human 

activities due to its proximity to a golf course. The well itself is, however, outside the boundary of 

the golf club, and as a result it would be reasonable to infer it also situated in the BminPD topsoil 

category. 98% (n=52) of wells are situated in subsoil of Carboniferous limestone till with a matrix 

of Irish Sea Basin origin (IrSTLs). In accordance with the catchment selection criteria for the 

surface water aspect of the study, all wells are situated in areas of very high likelihood of 

inadequate percolation.   

SA3 (Gowran, County Kilkenny) 

The wells are located across four different Lower Carboniferous limestone bedrock formations. 

The largest proportion (52%; n=25) are mapped as being located in crinoidal 

wackestone/packstone limestone of the Ballyadams formation. Described by the GSI (2002) as the 

“classic Burren limestone”, this formation is composed of pale-grey thick-bedded clean 
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fossiliferous limestone intermittently separated by clay. A further 38% (n=18) of wells are 

constructed in the cherty, muddy, calcarenitic limestones of the Clogrenan formation.  Of the 

remaining wells, three are in dolomitised dark-grey muddy limestone with two wells located in 

dolomitised crinoidal limestone. All wells (n=48) are located in a diffuse karstified regionally 

important aquifer (Rkd). The area is predominantly classed as having Extreme groundwater 

vulnerability, in which category 60% (n=29) of wells are located. A further 31% (n=15) and 8% 

(n=4) of wells are in areas of High and Moderate groundwater vulnerability, respectively.  

The wells are situated in one of four subsoil types, with the most wells (48%; n=23) located in 

Namurian shale and sandstone till (TNSSs). Due to the Extreme groundwater vulnerability setting 

of the area, 29% (n=14) of wells are mapped as having bedrock near/at the surface, with a further 

13% (n=6) located in areas where karstified limestone bedrock is at surface. The remaining wells 

(8%; n=4) are set in Carboniferous limestone till subsoil. Similarly, wells are situated in one of four 

topsoil types. Most wells (44%; n=21) are in shallow well drained mineral soil derived from mainly 

basic parent materials (BminSW). A further 29% (n=14) are in deep poorly drained mineral soil 

derived from mainly acidic parent materials (AminPD). Of the remaining wells 17% (n=8) and 10% 

(n=5) are in deep well-drained mineral soil derived from mainly acidic parent materials and 

shallow well drained mineral soil derived from mainly basic parent materials. 

SA4 (Kilnacrott, County Cavan) 

Wells in this study area are located across six bedrock formations. The largest proportion of wells 

(32%; n=16) are in the massive sandstone and microconglomerate bedrock of the Silurian Oghill 

formation. A further 30% (n=15) of wells are constructed the dark muddy limestone and shale of 

the Ballysteen formation, while 18% (n=9) and 14% (n=7) are situated in the dark quartz 

greywacke and conglomerate of the Castlerahan formation and the limestone, calcareous 

sandstone and shale of the Moathill formation. Two wells are situated in the micrite and 

mudstone Stackallen formation. 50% (n=25) of wells are constructed in a poorly productive 

aquifer, with a further 48% (n=23) of wells located in a locally important aquifer (LI).  

The area is predominantly classed as having Low groundwater vulnerability, with 68% (n=34) of 

wells found in this hydrogeological setting, with a further 30% (n=15) wells constructed in areas of 

moderate groundwater vulnerability. One well is situated in a high groundwater vulnerability 

setting. In line with the catchment selection criteria for the surface water aspect of the study, the 

wells are situated in areas of very high likelihood of inadequate percolation, with the exception of 

one well that is located in an area with moderate likelihood of inadequate percolation. The wells 

are situated in one of two topsoil classes, with 64% (n=32) in areas of deep poorly drained mineral 

soil derived from mainly acidic parent materials (AminPD). The remaining 36% (n=18) of wells are 
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situated in deep well drained mineral soil derived from mainly acidic parent materials (AminDW). 

All 50 wells are situated in Lower Palaeozoic sandstone and shale till subsoil (TLPSsS). 

Geology and well characteristics 

Geological setting is likely to influence certain aspects of the well design, as was found by Hynds 

(2012) with respect to the location of dug wells. The large number of dug wells in SA4 is likely the 

result of the hydrogeological setting. Dug wells are particularly common in areas of low 

permeability or very thin and shallow aquifers (Stoner and Bakiewicz, 1987). Construction of dug 

wells in such areas would be less labour intensive as digging into rock would require more 

specialist equipment such as jackhammers and chisels (Waller, 1988).  

While localised geology may influence other well design features, it is likely that certain 

differences are due to differences in practices carried out by the well drilling contractor or 

homeowner. For instance, the proportions of capped wells differed significantly across the three 

classes of likelihood of inadequate percolation (X2=9.94; p<0.01), although, inadequate 

percolation is unlikely to be the cause of this association. Hydrogeological variables (groundwater 

vulnerability, topsoil, subsoil, aquifer classification, bedrock formation and likelihood of 

inadequate percolation) were found to not be significantly associated with the majority of well 

design features.  

6.2.4 Land use 

Land use maps for each study area and the locations of the sampling wells can be seen in 

Appendix C2. Using ArcGIS, the land use within an arbitrary 100 m radius of each well was 

recorded and converted to simple percentages (see Figure 6.3).  

All four study areas are dominated by pasture-based agriculture (Figure 6.4). However, notable 

differences in land use exist between the four study areas, particularly in relation to the 

proportion of pasture to arable based agricultural land. SA1 and SA3 have the largest proportion 

of arable land, much of which is near or entirely surrounds some of the sampled wells. In SA1, 26 

wells were entirely surrounded by pasture based agricultural land, nine were surrounded entirely 

by agricultural crop land, while the remaining 26 wells have both pasture and arable land within 

the fixed 100 m radius, to variable extents. In SA3, the majority of wells (n=34) are surrounded 

entirely by pasture land, with just three wells are surrounded entirely by arable agriculture, while 

the remaining 11 wells have proportions of both land uses within the fixed 100 m radius. SA3 does 

have isolated patches of woodland and natural vegetation; however, these are not near any of 

the sampled wells. Small areas of arable land are present in SA2; however, no wells are located 

entirely within these. SA2 also contains large areas of discontinuous urban fabric, woodland and 
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recreational areas, which are mostly absent from SA1 and SA2. Arable land is absent from SA4, 

with all wells surrounded by pasture based agriculture.  

 
Figure 6.3 SA1 CORINE land use map and 100m radius buffer surrounding three sampled wells. 

 
Figure 6.4 Average percentage of each land cover type within a 100m radius of each well. 

6.2.5 Hazards: DWWTS 

An overview of DWWTS properties for the four study areas is shown in Table 6.8. In each study 

area, several wells are not within 100m of a DWWTS. The remaining summary statistics in Table 

6.8. (e.g. mean DWWTS age, setback distance etc.) are based on datasets excluding these wells. It 
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should be noted, that in many cases there are no obvious signs above ground to indicate the exact 

location of the percolation area. In these instances, best estimates were based upon visual site 

assessments and information from the householder.   

Table 6.8 Comparison of DWWTS characteristics from the four study areas.  

  SA1 SA2 SA3 SA4 

No. of wells not within 100m of a DWWTS 2 5 5 5 

Mean no. of DWWTS in 100m of well 2.4 3.3 1.3 1.8 

Mean DWWTS p.e 3.15 3.6 3.5 3.1 

Mean DWWTS age 19.4yr 18.3yr 22yr 26yr 

No. of wells older than recommended EPA 30-year 
lifespan 

16 8 12 20 

% conventional DWWTS 75% 46% 81% 73% 

% packaged treatment systems 25% 54% 19% 27% 

Mean DWWTS setback distance 36.4m 43m 44m 40m 

Mean percolation area setback distance 40m 49m 46m 42m 

% of DWWTS sited downgradient of well  
(mean associated DWWTS setback distance) 
(mean associated percolation area setback distance) 

68% 
37m 
42m 

69% 
46m 
51m 

53% 
45m 
48m 

62% 
35m 
39m 

% of DWWTS sited up gradient of well  
(mean associated setback distance)  
(mean associated percolation area setback distance) 

9% 
30m 
31m 

10% 
35m 
41m 

9% 
49m 
45m 

22% 
53m 
50m 

% of DWWTS sited level with well    
(mean associated setback distance) 
(mean associated percolation area setback distance) 

24% 
36m 
39m 

21% 
36m 
43m 

37% 
42m 
44m 

16% 
42m 
44m 

 

The mean PE associated with each DWWTS does not vary significantly between the four sites. The 

mean ages of the DWWTS assessed in SA1, SA2 and SA3 were statistically indistinguishable. The 

mean DWWTS ages for SA2, SA3 and SA4 were also indistinguishable. However, a statistically 

significant difference existed between the mean DWWTS age for SA1 and SA4 (t=-2.67; <0.01), 

with a significant older mean age associated with SA4. This is notable given that the age of the 

treatment system was found to be a significant factor in the compliance rate in the National 

Inspection Plan (EPA, 2015), where 79% of the pre-1964 septic tanks inspected failed the 

inspection. The EPA (2015) state that DWWTS have a recommended lifespan of approximately 30 

years, after which, they may need to be replaced. Following this, the proportion of DWWTS older 

than the 30-year lifespan recommended by the EPA (2015) is also not uniform across the four 

study areas, with SA4 having a significantly greater proportion of DWWTS older than 30 years 

compared to SA2. With an association found between DWWTS age and failure rate in the National 

Inspection Plan of DWWTS (EPA, 2015), it is possible that a larger proportion of DWWTS in SA4 

would not comply with the inspection.  

In all four study areas, a strong statistically significant positive correlation existed between well 

age and DWWTS age. This is likely since often they would both be installed at the time of the 
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house construction. However, this does mean that sites with older wells also have older DWWTS. 

This is notable given a larger proportion of older DWWTS failed the National Inspection Plan (EPA, 

2015), and also because well age has previously been associated with contamination.  

Note, the proportion of conventional DWWTS to secondary treatment systems is not equal across 

the four study areas (X2=16.3; p<0.01). There are a greater proportion of packaged treatment 

systems in SA2 than in SA1 (X2=9.25; p<0.01), SA3 (X2=14.46; p<0.01) or SA4(X2=7.27; p<0.01). 

These proportions are not significantly different between SA1, SA3 and SA4. The number of 

packaged treatment systems in SA2 is not surprising given the inadequate percolation and related 

guidelines for assessing site suitability for a DWWTS. However, a larger proportion of secondary 

treatment systems would also be expected in SA4 due to the similar lack of adequate percolation, 

but this was not found to be the case. This could be due to the slightly older mean age associated 

with the DWWTS in SA4, which may mean that more of them were installed prior to the current 

code of practice (discussed in Chapter 4).  

As anticipated, on average, in SA1, SA2, SA3 and SA4, conventional septic tanks systems are 

statistically significantly older than secondary treatment systems (t=5.8, p<0.01; t=4.5, p<0.01; 

U=39; p<0.01; t=-5.55, p<0.01). This likely reflects the change in practices over time. The setback 

distances associated with both types of systems were, however, indistinguishable. 

There was no statistically significant difference in the setback distances associated with the 

DWWTS between the four sites. Furthermore, there were no statistically significant correlations 

between DWWTS age and the setback distance from the well, suggesting no apparent changes in 

setback distances over time. As reviewed in Section 2.8.2, the setback distances recommended by 

the IGI (2007) depend on geological setting as well as the gradient between the DWWTS and the 

well. For instance, given that SA1 would fall within either the moderate and highly free draining 

classes, with a shallow depth of subsoil (approximately <3 m as per the groundwater vulnerability 

mapping), then the recommended setback distance for wells up gradient of a DWWTS would be 

15 m (see Table 2.6). However, the recommended setback distance would be between 45 and 60 

m when the well is located down gradient of the DWWTS. In SA1, all wells had a setback distance 

greater than 15 m. However, the average setback distances for the wells that were downgradient 

of or level with the DWWTS were both less than the recommended values of either 45 or 60 m.  

As both SA2 and SA4 are poorly permeable areas with thick unsaturated zones, the recommended 

minimum setback distance between wells and the DWWTS would be approximately 15 m where 

the well is up gradient of the DWWTS, and 30 m where the well is downgradient of a DWWTS (IGI, 

2007). In both SA2 and SA4, the average observed setback distances are larger than the 

recommended distances, indicating on average suitable protection from contamination given the 
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hydrogeological conditions. However, with respect to SA4, three wells do not meet the 

recommended distances. 

As SA3 possesses a range of subsoil conditions of varying thicknesses, the recommended 

minimum setback distance would vary. In general, the recommended distances between wells 

and the DWWTS would be approximately 15 m where the well is up gradient of the DWWTS, and 

30-60 m where the well is downgradient of a DWWTS (IGI, 2007). While the averages fall within 

this range, seven wells are <30 m from a DWWTS that is up gradient. 

The proportion of wells downgradient or up gradient/level of a DWWTS does not significantly 

differ between the four study sites either (Table 6.8). However, in both SA2 and SA4 there is a 

statistically significant difference (t=2.4, p<0.05 and t=-2.14; p<0.05, respectively) in the mean 

DWWTS setback distances between wells that are downgradient versus those that are up gradient 

or level with the associated DWWTS. In both SA2 and SA4, the mean setback distance was 

statistically significantly smaller for wells that are located downgradient/level of a DWWTS. This is 

of concern as the risk of polluting groundwater wells is minimised when the infiltration system is 

hydraulically down gradient of any groundwater sources (EPA, 2009). These associations were not 

apparent in SA1 or SA3. 

In summary, as was found with wellhead completions, SA4 DWWTS assessments appear to have 

performed poorest out of the four sites. 

6.2.6 Hazards: Other 

An overview of other hazards potentially associated with well contamination is shown in Table 

6.9. The proportion of wells within 100 m of a public road and the setback distance between them 

does not differ significantly between the areas (Table 6.9). However, the proportion of wells 

within 100 m of a potential point agricultural contamination source differs significantly across the 

sites (X2=9.04; p<0.05). A larger proportion of wells in SA1 and SA4 are within 100 m of a potential 

source than was found in SA2 (X2=5.64; p<0.05 and X2=8.79; p=<0.01 respectively). The difference 

was not significant between SA2 and SA3.  The proportions were indistinguishable between SA1, 

SA3 and SA4. Note that a point source of agricultural contamination was defined as any localised 

source of contamination associated with agricultural production. This includes farmyards, animal 

holding facilities and slurry/manure/soiled water storage infrastructures, as listed in in Section 4.2 

and consistent with Daly (2000). 

In SA1 and SA4, the wells that have a point agricultural contaminant source within 100 m of the 

wellhead are statistically significantly older than wells that do not (U=185.5; p<0.01 and t=-2.6; 

p<0.05, respectively). This was not found in either SA2 or SA3. This may be an important 

confounding variable in the contamination of wells in proximity to such point sources. 
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Table 6.9 Comparison of “other” potential hazards encountered in the four study areas. 

  SA1 SA2 SA3 SA4 

% of wells within 100m of road 80% 91% 81% 78% 

Mean setback distance from road 30.1m 40.8m 23.8m 31.5m 

% of wells up gradient of road 41% 15% 13% 29% 

% of wells on gradient of road 28% 67% 54% 38% 

% of wells down gradient of road 31% 19% 33% 33% 

Point ag. cont. source within 100m of well  30% 11% 23% 33% 

Mean setback distance from point ag. cont. source 25m 40m 21m 32m 

 

6.3 Private Wells in Ireland 

The following section summarises the overall standard of wells and DWWTS encountered in this 

study, therefore highlighting where problems are and where improvements can be made. The 

following statistics refer to an amalgamated dataset of wells from the four sites.  

The large majority (92%, n= 196) of the wells in this study were bored constructions, with the 

remaining 8% (n=16) being dug structures. Notably, fewer dug wells were encountered in this 

study than in the research by Hynds (2012), where 20% of wells were hand-dug constructions. As 

outlined previously, however, the occurrence of dug wells was influenced by hydrogeological 

setting, accounting for the differences in numbers between the two studies. As would be 

expected there is a significant difference in the median ages of the bored versus the dug wells 

(U=230.5, p<0.01), with dug wells generally older. Again, as expected, there is a significant 

difference in depth also (U=26, p<0.01), with bored wells typically deeper. The depth of 26% 

(n=56) of the wells were unknown by the current householder. Most wells (89%, n=189) supply a 

single household with an average of 3.6 occupants.  

A total of 52 wells (25%) also supply farms, which would greatly increase the abstraction rate. The 

wells that are associated with farms were significantly older than those that supply houses solely 

(U=2653, p <0.01). This difference was also found to be significant for both the dug and bored 

wells when analysed separately (U=2379, p<0.01 and U=15, p<0.05 respectively). This is likely due 

to farms and the associated houses being older than many of the more recent once-off domestic 

dwellings in each of the study areas. This is an important trend to note when relating water 

quality to proximity to farmyards and associated infrastructures. While contamination may be 

automatically attributed to proximity to farmyard pollutant point sources, well age may be an 

influencing variable as older wells have been shown to be more susceptible to contamination if 

they have not been properly maintained (Goss et al., 1998). For the same reasons, interpreting 

the relationship between groundwater contamination and well age must consider this association 

between farms and increased well age.  
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According to the respective householders, only 14% (n=29) of wells have had past water quality 

issues; however, results were not available, or at least not made available. The remainder (86%, 

n=183) were listed as never having past quality issues (at least to the knowledge of the current 

householder). Bacterial contamination was the most prevalent reported past problem, with 59% 

(n=17) of the 29 wells testing positive at some stage in the past. The second most common 

problem was with water discolouration, which was found in 34% of the 29 wells. This was 

believed by many of the householders to only be a problem during/after periods of heavy rainfall.  

Most houses in the study use no form of water treatment (72%; n=152). The remaining houses 

have at least one form of water treatment, or in some cases a combination of methods (Table 

6.10). This is similar to the findings of Hynds (2012), where 68% of the wells surveyed had no 

treatment devices fitted. As was found by Hynds (2012) water softeners are the most common 

form of treatment.  

Table 6.10 Summary of the types and numbers of treatment systems used. 

Treatment type Water treatment devices used 

No Treatment 72% (n=152) 

Softener 21% (n=45) 

Softener + Fe 2% (n=5) 

UV 2% (n=4) 

Softener + UV 2% (n=4) 

Fe <1% (n=2) 

Total n = 212 

 

None of the dug wells were fitted with water treatment devices, despite four of them having 

problems with bacterial contamination in the past. Of the 13 bored wells that have had past 

problems with bacterial contamination, only three are fitted with UV filters. The remaining UV 

filters are fitted on wells that were stated by the householders to have had no past issues with 

water quality. This indicates that either the filters were fitted despite no indication of 

microbiological contamination, or that a past problem was unknown to the current householder. 

The latter would highlight the cautiousness with which this data should be treated.  

As discussed in Section 2.8.4, correct wellhead completion is deemed to be of great importance to 

mitigate the risk of contamination and future well maintenance problems (Daly, 2000; Misstear et 

al., 2006). With regards to well headworks, a visual assessment was not possible on 8% (n=18) of 

wells due to their inaccessibility. These were all bored wells. This poses questions regarding the 

quality of the finish of these wells, as they cannot be easily checked or maintained.  

A summary of the remaining bored wellhead properties is presented in Figure 6.5 and Table 6.11. 

46% of wells were missing a simple cap, 44% were missing a concrete surface apron, 17% were 
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uncovered and 17% of borehole liners were cut level with or below the ground surface. These 

wells are all at a greater risk of contamination, simply due to inadequate well finishing that could 

be relatively easily rectified. Furthermore, 46% of wells were finished in below ground level 

manholes/pump houses. While they may appear to be adequately sealed and protected, it is 

recommended that the well should be finished above the ground level where possible (Misstear 

et al., 2006; IGI, 2007). Misstear et al. (2006) state that many wells are finished in underground 

chambers for security, traffic and aesthetic reasons even though it can leave the well more 

vulnerable to contamination. 

 

Figure 6.5 Summary of bored wellhead finishes. 

Table 6.11 Bored wellhead cover types and their position with regards to ground level. 

Cover type Above ground Below ground Total 

Manhole 24 60 84 

Pump house 62 1 63 

Total 86 61 147 

 

It should also be noted that these statistics refer to all wells evaluated for a single wellhead 

property. Assuming an adequately finished well is one where the liner extends above the ground 

surface, is capped, surrounded by a concrete surface apron and covered by a manhole/pump 

83%

17%

Well liner finished 
above/below ground level

Above

Below

56%
44%

Concrete surface apron

Present

Absent

54%

46%

Well cap

Present

Absent
83%

17%

Well cover

Present

Absent
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house construction, then just 35% of wells analysed by the research were adequately finished and 

protected against contamination. 

Of the 16 dug wells, all but one was covered. The majority (n=14) of the covered dug wells are 

covered by a simple manhole (that also serves as a cap), with only one covered by a pump house. 

A concrete surface apron was only present around 5 out of the 16 dug wells. Dug wells were lined 

with a range of different materials. The most common materials used were precast concrete (n=7) 

and cement block/natural stone and mortar (n=9). The mean diameter of these wells was 1.20 m, 

with little variation seen within the observed range of 0.90 to 1.50 m. A significant correlation 

(r=.526, p<0.05), albeit a weak one confounded by the small sample number, was detected 

between dug well depth and diameter. This is to be expected as during construction, in terms of 

diameter the well needs to be wide enough to accommodate the well diggers (Misstear et al., 

2006).  

As discussed, several significant associations exist between many of the wellhead design 

variables. A significant association was found between the well liner finish with respect to ground 

level and the presence/absence of a cap (X2=9.56; p<0.01). Wells that were above ground level 

were 3.1 times more likely to be fitted with a cap than those that were finished level with or 

below ground level (OR 3.1; 95% CI 1.5-6.5). A similar significant association was seen between 

wellhead liner finish with respect to ground level and well cover presence/absence (X2=4.87; 

p<0.05). Additionally, a significant association was observed between well cap and concrete 

surface apron presence/absence (X2=9.79; p<0.01), with capped wells more likely to be 

surrounded by a concrete surface apron (OR 2.5; 95% CI 1.4-4.5). Of particular statistical 

significance is the association between well cover and the presence/absence of a concrete surface 

apron (X2=38.1; p<0.01). This means wells that are uncovered also tend to lack a concrete surface 

apron. This significant association is likely since concrete surface aprons often form the base of 

well cover constructions such as a pump house or manhole. Therefore, if a well is not covered by 

either, it is more likely to also lack a concrete surface apron (OR 52.4; 95% CI 7-394). These 

associations between poor wellhead design characteristics suggest that poorly finished wells in 

relation to one design feature are more likely to be poorly finished with regards to other factors, 

with the opposite true for adequately finished wells. This in turn means that many poorly finished 

wells may be particularly susceptible to contamination. 

A total of 25.5% (54) of wells were situated within 100 m of a potential point agricultural 

contamination source. In a similar trend to that discussed earlier with regards to the number of 

wells that supply farms, wells within 100 m of an agricultural point source are statistically 

significantly older than those that are not (U=2902.5, p<0.01). As discussed, age has been linked 



 

115 
 

with contamination in previous studies. However, the presence of a potential agricultural 

contamination point source was not associated with any other design features.  

6.4 DWWTS in Ireland 

Of the 212 wells assessed as part of this study, 8% (n=17) had no DWWTS associated with that 

site. On average, however, each well has 2.24 DWWTS within 100 m of the wellhead. The DWWTS 

associated with the remaining 195 sites had a mean PE of 3.3 and mean age of 21 years. A total of 

46 DWWTS were older than the 30-year lifespan recommended by the EPA (2015). Of the DWWTS 

encountered, 69% (n=134) were of a conventional septic tank design, with 31% (n=61) being 

secondary treatment systems. As would be expected, the conventional systems were on average 

significantly older than secondary treatment systems (mean ages of 26 and 10 years respectively) 

(U=1163.5; p<0.01).  

The mean setback distance between the wells and the associated domestic wastewater treatment 

tank and percolation area was 40.4 m and 44 m, respectively. In 64% of the sites the DWWTS was 

favourably situated downgradient of the well. However, in 12% and 24% of sites the DWWTS was 

situated up gradient or level with the well, respectively. Worryingly, there was no statistically 

significant difference in the mean DWWTS setback distances between wells that are 

downgradient versus those that are up gradient/level of the associated DWWTS. However, most 

DWWTS encountered were the recommended minimum setback distance from the well. The 

setback distances associated with both the conventional and secondary treatment systems were 

indistinguishable. There were no statistically significant correlations between DWWTS age and the 

setback distance from the well, suggesting no apparent change in setback distances over time.  

6.5 Conclusions 

In summary, the site assessment surveying encountered a wide range of wells across distinct 

hydrogeological settings. Significant differences were seen between the four study areas in terms 

of the well design and construction practices. Of note is the large number of wells that are 

inadequately finished with respect to some aspect of the well headworks, despite the fact it could 

greatly increase the risk of contamination. Differences were also seen in terms of the potential 

sources of contamination, with variation between the DWWTS variables and agricultural 

activities.  

The large number of site specific variables assessed gives rise to an even larger number of 

potential permutations, meaning that no two wells are the same. In turn, the susceptibility of a 

well to contamination is highly variable and difficult to quantify. For instance, a wellhead may be 

poorly finished, but it may not be in proximity to sources of contamination. Alternatively, a 
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wellhead may be adequately finished based on a visual inspection; however, the underlying 

karstic bedrock may make it vulnerable to distant sources of contamination.   

The information that has been presented here is used in the following chapters, along with the 

water quality data from the same wells, to identify the factors that govern a well’s susceptibility 

to contamination. While previous research has surveyed and assessed the standard of private 

wells in Ireland, the following chapters use the information gathered in several novel applications. 

Notably, the research assesses the ability of a site survey to predict well water quality (Section 

9.5) and, furthermore, how site survey data can be used in conjunction with the application of 

contamination fingerprinting techniques (Chapter 11).  
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Chapter 7 Well Water Quality 

7.1 Introduction 

The following chapter describes the water quality results from the one-off sampling and analysis 

of the 212 surveyed wells. Results are presented on a parameter by parameter basis with 

concurrent comparisons between the four study sites. The influence of hydrogeological setting on 

the natural groundwater geochemistry is then characterised, using Piper trilinear plots and 

natural background levels established by Tedd et al. (2017). The chapter concludes with an 

investigation of the effect the various source and pathway components on the measured nitrate 

concentrations.  

7.2 One-off Sampling: Water Quality Results 

All water quality results from the one-off sampling of the 212 wells are presented. The number of 

wells and the dates of their sampling are shown in Table 7.1 below. For each measured 

parameter, a multiple comparisons tabular technique displays the mean value for each study 

area, as well as the presence or absence of any statistical differences between the study areas in 

terms of that parameter. In these tables (Tables 7.2 – 7.13) any two mean values that are 

connected by a line are not statistically significantly different from each other. Subsequently, 

mean values that are not connected by a line are statistically significantly different. The results are 

interpreted with respect to European legislative values where appropriate. For each parameter, 

further summary statistics (standard deviation, median, maximum, minimum, 5th and 95th 

percentiles) are presented in Appendix D1. 

Table 7.1 Number of wells by study area and their sampling dates 

Study area Number of wells Sampling start date Sampling end date 

SA1 61 25/09/2014 14/10/2014 

SA2 53 03/11/2014 19/01/2015 

SA3 48 16/02/2015 25/02/2015 

SA4 50 25/11/2015 09/02/2015 

As discussed (Section 6.3), a number of wells are fitted with water treatment devices, such as 

water softeners, often with no sampling point available without treatment. Due to their influence 

on water chemistry these wells have been removed from this summary of chemical and ionic 

data.  
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Temperature 

All four sites were statistically significantly different from each other in terms of temperature, as 

indicated by one way ANOVA analysis and Tukey HSD post hoc test (F(3,180) = 107, p<0.01) (Table 

7.2). These differences could be due to several factors. Misstear et al. (2006) state that 

groundwater will approximate to annual average air temperature, unlike surface water 

temperature that reflects seasonal variation. However, variation in groundwater temperature can 

be related to depth. Nelson (2002) state that for groundwater deeper than 50-75 feet (15-23 m), 

the seasonal effects are generally less than 1oC, while shallower groundwater can exhibit larger 

seasonal effects in the order of 5-10oC, or potentially even greater (Nelson, 2002). As discussed in 

Section 6.2, bored wells in SA1 and SA2 were significantly shallower than those in SA3 and SA4. 

This could account for the higher mean temperatures recorded for SA1 and SA2 compared to SA3 

and SA4.  

In view of the fact that groundwater temperatures can vary seasonally, climatic differences 

between the four sites could potentially account for the observed disparity in mean groundwater 

temperatures. For instance, higher mean air temperatures would be anticipated in the South East 

of Ireland compared to more Northern areas. This could account for the on average higher 

temperatures in SA1 and SA2 and the significantly lower temperature in SA4. Additionally, given 

that seasonal variation in groundwater temperature is expected, the differences in temperature 

between the four study areas could also be influenced by the timing of the sampling. As 

illustrated in Table 7.1, sampling in SA1 took place in early autumn while the sampling in SA2, SA3 

and SA4 took place over the late autumn and winter months. While differences in temperatures 

between SA2, SA3 and SA4 may not be easily attributable to sampling time (due to the 

overlapping sampling periods), the sampling of SA1 during a period when higher air temperatures 

would be expected could account for the higher observed mean groundwater temperature.   

Table 7.2 Mean measured temperatures for each of the study areas. 

Temperature (°C) 

SA1 SA2 SA3 SA4 

12.93 11.39 9.43 8.53 

Electrical conductivity 

There were significant differences in electrical conductivity values between the sites (F(3,180) = 

30.2, p<0.01)). Tukey HSD post-hoc tests found that the mean conductivities for SA1 and SA3 

were significantly different from each other, and that both were significantly different from SA2 

and SA4. However, the recorded values for SA2 and SA4 could not be separated statistically (Table 
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7.3). The differences and similarities are discussed below in relation to specific geological setting, 

over which they would be expected to vary (Section 7.3). 

Table 7.3 Mean measured electrical conductivities for each of the study areas. 

Electrical Conductivity (µS/cm) 

SA1 SA3 SA2 SA4 

303 706 502 520 

  

pH 

Summary statistics for pH are presented in Table 7.4. The median pH of European reference 

aquifers ranges from 6.5 to 7.5 for most aquifer types, regardless of whether they are carbonate 

or siliclastic (although crystalline aquifers would generally be expected to have lower pH values 

compared carbonate aquifers) (Tedd et al., 2017). As would be expected, the Irish national natural 

background median pH of 7.2 (Tedd, et al., 2017) falls within this range. The measured pH values 

recorded for SA2, SA3 and SA4 fall are consistent with these quoted values. SA1 is an exception, 

with the median measured value of 6.17 lower than these reference values. Following this there 

was no statistically significant difference between the mean pH values for SA2, SA3 and SA4, 

however, all three were distinctly higher than the mean pH measured in SA1, as indicated by 

Tukey HSD post hoc tests (p<0.01) (Table 7.4). Note, pH is discussed with respect the specific 

geological setting and other potentially influencing factors (e.g. groundwater age and confined or 

unconfined conditions) in Section 7.3. 

Table 7.4 Mean measured pH for each of the study areas. 

pH 

SA1 SA2 SA3 SA4 

6.29 7.27 7.13 7.16 

  

Alkalinity 

In a similar trend to that seen in relation to conductivity, there was no statistically significant 

difference between the mean alkalinities measured in SA2 and SA4. However, SA1 and SA3 

differed significantly from each other and SA2 and SA4 (Table 7.5). Note, the lower mean 

alkalinity in SA1 is consistent with the observed lower pH. As with conductivity and pH, these 

results are discussed in Section 7.3 with regards to geological setting.  

Table 7.5 Mean measured alkalinities for each of the study areas. 

Alkalinity (mg/ l CaCO3) 

SA1 SA3 SA2 SA4 

32 316 202 206 
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Calcium 

Calcium (Ca) concentrations statistically significantly differ between all four study areas, as 

indicated by one-way ANOVA (F(3,180) = 111.1, p<0.01)) and Tukey HSD post hoc tests. The 

highest Ca concentrations were found in SA3, followed by SA4, SA2 and SA1 (Table 7.6). The 

significantly lower Ca concentration in SA1 is consistent with the lower mean electrical 

conductivity. 

Table 7.6 Mean measured calcium concentrations for each of the study areas. 

Calcium (mg/l) 

SA1 SA2 SA3 SA4 

13 45 98 67 

Magnesium 

The mean measured magnesium (Mg) concentration from SA1 was significantly lower than the 

means for the other three sites (which themselves were statistically indistinguishable from each 

other) (F(3,180) = 11.9, p<0.01) (Table 7.7).  

Table 7.7 Mean measured magnesium concentrations for each of the study areas. 

Magnesium (mg/l) 

SA1 SA2 SA3 SA4 

8.16 15.25 16.04 15.05 

 

Potassium 

A one way ANOVA analysis shows the mean potassium (K) concentrations are not equal across the 

four study areas (F(3,180) = 5, p<0.01)). Tukey post-hoc tests showed that there was no 

statistically significant difference in the means for SA2, SA3 and SA4. However, the mean K 

concentration of samples from SA1 was statistically significantly lower than the means for SA3 

and SA4 (Table 7.8). No legislative parametric value exists for K; however, these results are 

considered again in Section 10.4 with regards to their potential use as a contamination tracer.  

Table 7.8 Mean measured potassium concentrations for each of the study areas. 

Potassium (mg/l) 

SA1 SA2 SA3 SA4 

1.04 2.61 3.87 4.26 
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Sodium 

As shown in Table 7.9, sodium (Na) levels are statistically significantly higher in SA2 compared to 

SA1, SA3 and SA4. All samples were below the EU parametric value of 200 mg/l (98/83/EC). 

Table 7.9 Mean measured sodium concentrations for each of the study areas. 

Sodium (mg/l) 

SA2 SA1 SA3 SA4 

36.76 14.43 12.34 18.25 

 

Chloride 

In a similar trend to what was observed with Na, the mean chloride (Cl) concentration is 

statistically significantly higher in SA2 compared to SA1, SA2 and SA3 (Table 7.10). All samples 

were below the EU parametric value of 250mg/l (98/83/EC). Cl is assessed as a potential 

contamination tracer in Section 10.5.   

Table 7.10 Mean measured chloride concentrations for each of the study areas. 

Chloride (mg/l) 

SA2 SA1 SA3 SA4 

30.26 19.8 20.38 14.83 

 

Sulphate 

All samples were below the EU parametric value for sulphate (SO4) of 250 mg/l (98/83/EC). A 

statistically significantly higher mean SO4 concentration was found in SA4 (Table 7.11). This is 

discussed further in Section 7.4. 

Table 7.11 Mean measured sulphate concentrations for each of the study areas. 

Sulphate (mg/l) 

SA1 SA2 SA3 SA4 

11.38 15.62 15.99 29.04 

 

Iron 

Iron (Fe) concentrations varied across the four sites (Table 7.12). For SA1 the mean measured 

value was relatively low, at 0.03 mg/l (n=61). It should be noted that 47 of the 61 samples had Fe 

values below the analytical detection limit. For the 14 wells that had a measurable level of Fe, the 

mean value was 0.14 mg/l of Fe. Both of these averages are below the 0.2 mg/l parametric value 

set by the Drinking Water Directive (98/83/EC). Two of the wells exceeded this value, with levels 

of 0.35 and 0.32 mg/l. The mean measured value for Fe in SA2 was 0.95 mg/l (n=51), which 
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includes 19 well samples that had Fe values below the analytical detection limit. For the wells that 

had a measurable level of Fe, the mean value was 1.7 mg/l. Both of these averages are higher 

than the 0.2 mg/l parametric value set by the Drinking Water Directive (98/83/EC). A total of 22 

individual wells exceeded this value.  

All samples in SA3 exceeded the 0.2 mg/l parametric value, with an overall mean concentration of 

1.26 mg/l. However, the highest mean value was observed in SA4 (1.75 mg/l). In SA4, four 

samples had concentrations below the analytical detection limit. The rest of the samples 

exceeded the 0.2 mg/l parametric value set by the Drinking Water Directive (98/83/EC). These 

means from the four study areas were largely statistically significantly different from each other, 

with exception of SA2 and SA3. While these elevated Fe results are not of a health concern, it can 

be nuisance by forming red oxyhydroxide precipitates that stain laundry, plumbing and bathroom 

fixtures (Hem, 1985). 

The chemical behaviour of Fe and its solubility in water depends strongly on the specific redox 

and pH conditions. A detailed review of these controls is provided by Hem (1985). Given the 

influence of geological setting on both pH and redox conditions (e.g. confined and unconfined 

conditions), the influence of these conditions on hydrochemistry is assessed in Section 7.4. 

Table 7.12 Mean measured iron concentrations for each of the study areas. 

Iron (mg/l) 

SA1 SA2 SA3 SA4 

0.03 0.95 1.26 1.75 

 

Manganese 

A 0.05 mg/l parametric value is set by the Drinking Water Directive (98/83/EC). Excessive 

manganese (Mn) intake can cause adverse physiological effects, however, not at concentrations 

usually associated with water in Europe (Gray, 2010). Gray (2010) states that Mn toxicity is usually 

not a problem as water is often rejected based on its appearance or taste at high concentrations.  

For SA1, the mean measured Mn was 0.01 mg/l (n=61) (Table 7.13). However, 56 of the samples 

had levels of Mn below the analytical detection limit. For the five samples that had measurable 

levels, the mean was 0.17 mg/l. All five of these samples exceeded the 0.05 mg/l parametric value 

set by the Drinking Water Directive (98/83/EC). In SA2 the mean measured Mn was 0.12 mg/l 

(n=43). However, 27 of the samples had levels of Mn below the analytical detection limit. For the 

samples that had measurable levels, the mean was 0.33 mg/l. Sixteen samples exceeded the 0.05 

mg/l parametric value. Only five samples in SA3 had levels of Mn above the analytical detection. 

All five of these samples exceeded the 0.05 mg/l parametric value. In SA4 the mean measured Mn 
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was 0.19 mg/l. However, 25 of the samples had levels of Mn below the analytical detection limit. 

All remaining samples exceeded the 0.05 mg/l parametric value. Due to the small number 

samples with concentrations above the detection limit, statistical differences could not be 

meaningfully tested. The chemistry and behaviour of Mn is similar to that of iron in that the 

speciation of both metals is greatly controlled by redox and pH conditions (Hem, 1985). This 

potentially explains the similarities between the Fe and Mn results (i.e. SA1 had the lowest mean 

concentrations of both Fe and Mn while SA4 had the highest mean values for both parameters).  

Table 7.13 Mean measured manganese concentrations for each of the study areas. 

Manganese (mg/l) 

SA1 SA2 SA3 SA4 

0.01 0.12 0.08 0.19 

 

Nitrate 

Nitrate (NO3) concentrations varied significantly between the four study sites. In SA1, a total of 8 

samples exceeded the EU maximum allowable concentration (MAC) of 11.3 mg/l NO3-N 

(98/83/EC), a limit which reflects the health concerns regarding elevated NO3 concentrations (see 

Section 4.5). The SA1 NO3 results are illustrated in Figure 7.1 below. In contrast, in SA2, 72% 

(n=38) of wells had NO3 concentrations below the detection limit of the analytical method. NO3 

was only detected in measurable quantities in 28% (n=15) of wells. The mean NO3 concentration 

for these 15 wells was 3.05 mg/l-N, however, the mean for all 53 wells is just 0.86 mg/l-N (when 

non-detects are considered as zero). None of the samples exceeded the EU MAC. The NO3 results 

from SA3 are illustrated in Figure 7.2 below. The mean measured concentration was 3.69 mg/l-N, 

with a relatively large range of 1 to 15.30 mg/l-N. Only one sample exceeded the EU MAC value of 

11.3 mg/l (98/83/EC). In a similar trend to what was seen in SA2, samples taken from 69% (n=33) 

of wells in SA4 had NO3 concentrations below the analytical detection limit. NO3 was detected in 

measurable quantities in 35% (n=17) wells. The mean NO3 concentration for these 17 wells was 

5.86 mg/l-N, while the mean for all 48 wells was 1.99 mg/l-N. Samples from three wells exceeded 

the EU parametric MAC of 11.3 mg/l-N (98/83/EC).  

Ammonium 

For SA1, SA3 and SA4 only five, two and five wells had detectable levels (>0.05 mg/l) of 

ammonium-N (NH4). The means for these quantifiable concentrations are 0.07 mg/l, 0.13 mg/l 

and 0.08 mg/l respectively. In SA2, 11 samples had concentrations over the lower detection limit, 

with a slightly higher mean concentration of 0.46 mg/l. Sample sizes do not permit significance 

testing.  
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Figure 7.1 Frequency histogram of measured nitrate-N concentrations in SA1 wells (n=61). The 

dotted red line indicates the EU MAC of 11.3 mg/l (98/83/EC). 

 

 

Figure 7.2 Frequency histogram of measured nitrate-N concentrations in SA3 wells (n=48). The 

dotted red line indicates the EU MAC of 11.3 mg/l (98/83/EC). 

Total coliforms 

Figure 7.3 below illustrates the percentages of wells that tested positive for Total coliforms. 

Although the percentages appear to differ between the study areas, the proportion of wells that 

tested positive/negative for total coliforms does not statistically significantly differ between the 

four study areas (X2= 3.32, p= 0.35). Furthermore, of the wells that tested positive for total 

coliforms, there is no significant difference in the mean quantitative numbers (MPN/CFU/100ml) 

between the four study areas. 
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Figure 7.3 The percentages of wells that tested positive/negative for Total coliforms. 

E. coli 

Figure 7.4 illustrates the percentages of wells that tested positive for E. coli. The EU maximum 

value for E. coli is 0 CFU/100ml, as set by the 98/83/EC legislation. Although a smaller percentage 

of wells test positive in SA3, the proportion of wells that tests positive/negative for E. coli does 

not statistically significantly differ between the four study areas (X2= 1.08, p= 0.78). Additionally, 

of the wells that tested positive for E. coli, there is no significant difference in the mean 

quantitative numbers of E. coli (MPN/CFU/100ml) between the four study areas. 
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Figure 7.4 The percentages of wells that tested positive/negative for E. coli.  

7.3 Hydrochemistry and geological setting  

The following section discusses the hydrochemical results with respect to the specific geological 

settings. The chemical composition of natural water is influenced by many different sources, 

including gases and aerosols from the atmosphere, weathering and erosion of rocks and soil, 

solution or precipitation reactions occurring below the land surface and effects resulting from 

human activities (Hem, 1985). Despite these numerous influences on water chemistry, the 

ultimate source of most dissolved ions is the mineral assemblages in rocks near the land surface 

(Hem, 1985; Fetter, 2001; OCM, 2007). Consequently, a general relationship between the mineral 

composition (or the hydrochemical signature) of natural water and that of the solid minerals with 

which the water has been in contact is to be expected (Hem, 1985). The term “hydrochemical 

facies” is used to describe the different types of groundwater hydrochemical signatures brought 

about by these interactions. The hydrochemical facies associated with each of the four study 

areas are illustrated and identified using trilinear Piper diagrams in the following sections. Piper 

diagrams are a combination of individual anion and cation ternary plots, which are then both 

represented by a matrix transformation onto a diamond shaped plot (see Piper, 1944). 

While hydrochemistry can be related to lithological setting, several complexities must be 

considered (Hem, 1985). Firstly, while bedrock formations are primarily classified by their 
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principal components, in reality they are a complex mixture of minerals. Therefore, relating 

hydrochemical signatures to a simple bedrock description can be challenging. Secondly, as stated 

by Buss et al. (2004), the definition of a groundwater body is made on the basis of hydrogeological 

continuity and flow patterns, rather than on the basis of lithological continuity. Hydrochemical 

signatures can therefore be influenced by the mixing of waters from interconnected aquifers of 

different compositions (hence well depth can be an important influential factor). Furthermore, 

while the mineral assemblages of the aquifer are considered the primary source of dissolved ions 

in groundwater (Hem, 1985; Fetter, 2001; OCM, 2007), the degree to which groundwater 

becomes mineralised depends on several factors (Tedd et al., 2017). These include the specific 

aquifer mineralogy, the permeability and nature of groundwater flow paths, residence times, the 

presence and nature of overlying deposits and the geochemical environment including redox 

conditions (Tedd et al., 2017). For instance, with respect to residence times, where contact time 

with the aquifer matrix is relatively short, readily soluble minerals will be removed, but 

insufficient contact time exists for less soluble minerals to be taken up (Chapman, 1996). 

Therefore, groundwater in outcrop/recharge areas of aquifers is likely to be low in overall 

mineralisation compared to older groundwater. While the following section is primarily 

concerned with identifying hydrochemical facies and its relationship to lithology, the influence of 

flow paths and well depth are assessed. Note, further consideration into the influence of confined 

conditions and anthropogenic activities is outlined in Section 7.4. 

7.3.1 SA1 

The chemical data from SA1, and the associated bedrock descriptions, are illustrated in Figure 7.5. 

It is evident from the cation plot that there is no major dominant cation type, with most points 

somewhat intermediate between the Ca, Mg and Na+K endpoints. While more variation is 

apparent in the anionic composition, again, many wells do not belong to a dominant type. There 

is, however, a relatively lower contribution from SO4, with the majority of signatures more 

dominated by Cl and HCO3. Lloyd and Heathcote (1985) state that no dominant anion or cation 

group can indicate that waters are exhibiting simple dissolution or mixing. With respect to the 

diamond transformation, it is apparent that the cationic profile is slightly more dominated by 

Ca/Mg than Na/K (so it can be said that the alkaline earth metals exceed the alkalies), while the 

anionic composition varies between the Cl/SO4 and HCO3 signatures. In general, groundwater 

samples from SA1 tend towards mixed Ca-Mg-Cl and Ca-Mg-HCO3 hydrochemical facies.  

While three different bedrock formations are present in SA1, there is not an adequate number of 

wells located in two of them to statistically test the influence on water chemistry. Based on Figure 

7.5, however, there is an apparent, albeit slight, difference in water chemistry between the wells 
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Figure 7.5 Piper diagram of SA1 hydrochemistry. 

located in the Ordovician felsic volcanics of the Campile formation and the wells in the Ordovician 

metasediments. Samples from the felsic volcanic formation are of mixed cation composition; 

however, they are Cl dominant in anionic terms, with less dominance from HCO3 and SO4. The 

lesser dominance from HCO3 is expected in volcanic aquifers (Tedd et al., 2017). 

While little is known regarding groundwater flow paths in each of the study areas, general 

assumptions can be made based on local topography, with recharge likely to occur in higher 

outcrop areas and flow directions approximating to ground surface gradients. A similar approach 

was used in an Irish context by Daly et al. (1980), with hydrochemistry assessed along these 

assumed flow paths for the Carboniferous sandstone aquifer of the Castlecomer Plateau. Applying 

this to the study areas in this current research is problematic. Due to small area of SA1 and its 

extreme groundwater vulnerability classification (which means most wells are on areas of 

elevated topography perpendicular to flow paths) finding a large transect of wells along an 

SA1 GW Chemistry & Bedrock Characterisation 
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assumed flow path was not possible. However, where a subset of wells was located parallel with 

the assumed groundwater flow direction, variation in hydrochemical parameters was assessed 

based on distance from the assumed recharge area. Variation in hydrochemistry along the 

transect was found to be random, with no apparent increase in mineralisation.  

Given that groundwater age generally increases with depth (although this depends on aquifer 

conditions (Misstear et al., 2006), and that groundwater age can be related to degree of 

mineralisation, potential variation in hydrochemical signatures was also assessed with respect to 

variation in well depth. Spearman correlation analysis was performed between each parameter 

and the associated well depths for each study area. In SA1, no statistically significant associations 

were apparent between well depth and any of the measured groundwater parameters. It must be 

noted that in many cases, well depth was unknown by the householder (see Section 6.2.1), and 

where depth was known, its accuracy could not be guaranteed. Furthermore, the value provided 

by the householder is the total depth of the well, and not necessarily the depth the sample is 

representative of. Well samples may be representative of water quality from several different 

aquifer horizons or fractures (Misstear et al., 2006). These factors could account for the lack of 

significant associations between well depth and hydrochemistry.  

7.3.2 SA2  

The chemical data for the associated bedrock descriptions in SA2 are illustrated in Figure 7.6.  

Wells fitted with a water softener are not included. Unlike SA1, wells are located across five 

different bedrock types. Small samples sizes for three of the formations mean statistical tests for 

differences between the parameters are not possible. Most wells (n=35) are situated in the 

rhyolitic volcanics and grey and brown slates of the Campile formation. A further 25% (n=13) of 

wells are constructed in the green, red-purple, buff slate and siltstones of the Oakland’s 

formation, which was the predominant formation in SA1. 

The prevailing groundwater chemistry in anionic terms is quite distinct, with clear dominance 

from HCO3, and low contributions from both Cl (despite proximity to the sea) and SO4. This HCO3 

dominant water is expected from the rhyolitic volcanics, according to Hounslow (1995). A slightly 

higher contribution from Cl is seen in the wells located within the green, red-purple buff slate and 

siltstone of the Oakland formation. As described previously, this was also observed in the Oakland 

formation in SA1. The cation profiles are less defined by a single hydrochemical facies. Overall, the   

samples are, in general, slightly more dominated by Ca and Mg than Na and K. This would be 

expected given the high number of water softening devices used in the area. A small number of 

wells (approx. n=6) do have elevated K and Na concentrations. In general, the water chemistry 

tends towards a Ca-Mg-HCO3 type. This was also concluded by the GSI (2016b) in a study of the 
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groundwater body in this area. As found in SA1, well depth was again found not be significantly 

associated with hydrochemistry.  

 
Figure 7.6 Piper diagram of SA2 hydrochemistry. 

7.3.3 SA3 

The hydrochemical data for SA3 is illustrated in the Piper diagram in Figure 7.7. Almost without 

exception, all samples belong to a distinct hydrochemical facies. Anionic composition is strongly 

dominated by a HCO3. Cationic composition is dominated by Ca, with slight variability seen with 

regards to Mg composition. This hydrochemical signature of Ca-Mg HCO3 was also identified in 

this area by the Working Group on Groundwater, (2004) and Dillon and Kelly, (2010).  

The wells located in the cherty, muddy calcarenitic limestone and crinoidal wackestone/packstone 

limestones are more concentrated in the Ca extreme of the cation plot, with a low Mg 

composition. No statistically significant differences were found in the water chemistries between 

these two bedrock types. In contrast, the wells in dolomitised bedrock have a slightly higher 

contribution from Mg. This contrast in geochemical composition of water from calcarenitic and 
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dolomitised limestone is expected (Lloyd and Heathcote, 1985; Hounslow, 1995). This overall 

result is a well-defined Ca-Mg-HCO3 type hydrochemical signature for SA3. Again, well depth was 

found not to be significantly associated with hydrochemistry. 

 
Figure 7.7 Piper diagram of SA3 groundwater chemistry. 

7.3.4 SA4 

The hydrochemical data for SA4 are illustrated in Figure 7.8. In general, anionic composition is 

dominated by HCO3, with cationic composition dominated by Ca, resulting in a general Ca-Mg-

HCO3
 type hydrochemical signature. An overview study of groundwater in Cavan (GSI, 2009) 

examined several wells within the study area of SA4, and found the same Ca-HCO3 type or Mg-

HCO3 type signature in the pure bedded limestones (GSI, 2009). However, variations do exist 

between the lithologies.  
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The dark muddy limestone shale of the Ballysteen formation is classed in the pure limestone 

group, while the limestone, calcareous sandstone, shale of the Moathill formation are in the 

impure limestone group as delineated by Tedd et al. (2017). Tedd et al. (2017) state that the 

impure limestones have a similar chemistry to the pure limestones, except they show slightly 

wider and higher SO4 and Mg ranges. Although somewhat limited by sample sizes, this trend can 

be seen in Figure 7.8. The remaining bedrock formations (dark quartz greywacke, conglomerate 

and massive sandstone microconglomerate) are classed as metamorphic. Although still tending 

towards the same facies, they exhibit more anionic and cation variation. Again, well depth was 

found not be significantly associated with hydrochemistry. 

 
Figure 7.8 Piper diagram of SA4 groundwater chemistry. 

7.3.5 Site Comparisons 

All wells from the one-off sampling (except those fitted with a water softener) are represented in 

Figure 7.9. The four study areas occupy relatively distinct hydrochemical facies. A Piper diagram 
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illustrating the hydro chemical signatures associated with six broad lithologic groups delineated 

by Tedd et al. (2017) to represent Irish bedrock and sand and gravel aquifers (and also used for 

the development of natural background levels (see Section 7.4)) is shown in Figure 7.10. The 

influence of the limestone bedrocks found in SA3 and SA4 is evident in Figure 7.9, with these wells 

clearly associated with a Ca-Mg-HCO3
 type geochemistry. As would be expected, the 

hydrochemical signature associated with SA3 and SA4 is consistent with the signatures associated 

with the limestone lithologies delineated by Tedd et al. (2017) (Figure 7.10). In contrast, SA1 

belongs to a hydrochemical facies less dominated by Ca and HCO3 and with higher contributions 

from Mg, Na, K, Cl and SO4. This is mostly consistent with Tedd et al. (2017), where several of the 

samples from the metamorphic and igneous lithologies are of mixed Ca-Mg-Cl-SO4 type to Ca-Mg-

HCO3 compositions. The metamorphic lithology in Figure 7.10 (Tedd et al., 2017) does have a 

slightly greater contribution from Ca compared to SA1. This is likely due to the influence of 

overlying carbonates around the metamorphic monitoring points, as was acknowledged in Tedd 

et al. (2017). No major influence from overlying carbonates was found in SA1. SA2 shares 

chemical characteristics of both SA1 and SA3/SA4. As reflected in the trilinear plots, SA1 and SA2 

are partly underlain by same bedrock formation, giving rise to similarities in hydrochemical 

signatures. However, SA2 has a similar anionic profile to SA3 and SA4, with high dominance of 

HCO3. This HCO3 dominance is to be expected in the volcanic rhyolitic bedrock (Hounslow, 1995). 

This rhyolitic bedrock is also consistent with some wells of SA2 varying from Ca and Mg dominant 

to Na and K dominant (Hounslow, 1995).  
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Figure 7.9 Piper diagram of all four study sites highlighting the associated hydrochemical facies.  

 
Figure 7.10 Piper diagram of results from samples used to develop NBLs by Tedd et al. (2017). 
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7.4 Water hydrochemistry: Geological and anthropogenic impacts 

While the geological setting significantly influences groundwater hydrochemistry, humans have 

had an observable impact on groundwater properties through land use changes, the alteration of 

rainfall chemistry due to emissions from burning fossil fuels, diffuse pollution from agricultural 

activities and urban point source pollution (Tedd et al., 2017). Due to these influences, identifying 

true “natural” groundwater hydrochemistry is challenging. However, knowledge of the natural 

background levels (NBLs) of parameters in groundwater is an essential prerequisite for 

understanding pollution and for imposing regulatory limits (Edmunds et al., 2003; Tedd et al., 

2017). Consequently, the EPA published a list of 42 parameters for which NBLs should be 

established (Tedd et al., 2017). Following this, several studies have worked towards establishing 

NBLs for Irish aquifers (OCM, 2007; Tedd et al., 2017).  

O’Callaghan Moran and Associates (OCM, 2007), derived Irish NBLs for 24 of these parameters 

using national data and a methodology developed by Buss et al. (2004). To identify “true” NBLs, 

OCM (2007) selected 30 national monitoring points that were deemed to be representative of 

natural groundwater by using well assessments and impact potential maps (which combine 

aquifer type, vulnerability and pressure magnitude) to exclude monitoring points likely to be 

affected by anthropogenic activities. The OCM (2007) stated that certain parameters (termed 

“global parameters”) are not significantly influenced by lithology. These include nitrate, chloride, 

sulphate, ammonia, TOC, DO, orthophosphate, iron, manganese, nitrite, zinc, copper, nickel, 

chromium, cadmium and lead. NBLs for these parameters were reported at a national scale. For 

the remaining eight parameters (calcium, sodium, magnesium, potassium, electrical conductivity, 

alkalinity and pH), national geology was categorised into four lithological groups (Lower 

Palaeozoic and Precambrian, Devonian, Karst and Mixed), with NBLs established for each group. 

NBLs for 19 of the 42 parameters were not established due to a lack of data. 

More recently, research by Tedd et al. (2017) further developed NBLs for Irish groundwater. To 

select monitoring points on which to base the NBLs, the 42 parameters were divided into two 

groups based upon whether the concentration of the parameter in groundwater has the potential 

to be affected by anthropogenic activities (see Appendix D2). For the parameters that are not 

potentially impacted by anthropogenic activities (Al, Sb, As, Ba, Be, Cr, Co, Pb, Hg, Si, Sr), the NBLs 

could be established using data from a large number of monitoring points (approximately 97% of 

the EPA’s monitoring network). However, the potential number of monitoring points that could 

be used for the development of NBLs for the parameters that are potentially influenced by 

anthropogenic activities is limited due to the widespread nature of intensive agricultural 

production in Ireland. For these parameters (alkalinity, B, Cd, Ca, Cl, EC, Cu, DO, F, Fe, Mg, Mn, 

Mo, Ni, pH, K, Na, SO4, Zn, total hardness and turbidity), monitoring points were selected based 
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on the pathway and pressure data for their respective zones of contribution, similar to the 

premise behind the method used by OCM (2007). For instance, each monitoring point was 

required to have a maximum nitrate (as NO3) concentration of less than 10 mg/l, as well as a low-

pressure rating (defined as less than 1 livestock unit per hectare or less than 3% of tillage within 

the zone of contribution (Tedd et al., 2017).  

In contrast to the OCM (2007), Tedd et al. (2017) expanded the lithological classification into six 

groups: sand and gravel, impure limestones, pure limestones, non-calcareous sedimentary, 

igneous and metamorphic. NBLs were developed and reported for each. However, as introduced 

in Section 7.3, and as stated by Tedd et al. (2017), groundwater hydrochemistry depends on 

several factors in addition to simple lithological class. For instance, Tedd et al. (2017) state that 

the natural geochemistry of deep or confined groundwater, is inherently different to unconfined 

aerobic groundwater in the same aquifer due to differences in residence times and/or redox 

conditions. Consequently, in addition to lithological groupings, Tedd et al. (2017) also considered 

key hydrogeological controlling processes for defining NBLs. One such factor was the degree of 

aquifer confinement. Tedd et al. (2017) determined monitoring point confinement based on 

available literature, including source reports and groundwater body descriptions available from 

the Geological survey of Ireland website (GSI, 2017). Unless evidence was found to the contrary, 

aquifers were assumed to be unconfined. For the parameters potentially influenced by confined 

conditions (as well as for those that are not), NBLs were developed only using unconfined 

monitoring points. Consideration was then given to the likely impact of confined conditions on 

these parameters, by comparing hydrochemical results from confined monitoring points. All of 

the final NBLs developed by Tedd et al. (2017) are listed with summary statistics (minimum, 

5th%tile, 25th%tile, median, 75thtile, 95th%tile) in Appendix D3. To aid comparisons throughout the 

following section, median NBL values for the parameters tested during this research are 

presented in Table 7.14. 

In the following section, hydrochemical results from the four study areas are compared to the 

NBLs developed by Tedd et al. (2017) in an attempt to further characterise geological influences, 

as well as to identify deviations from natural levels that may be a result of anthropogenic 

influences. It should be noted that not all hydrochemical parameters are indicative of 

anthropogenic contamination; nonetheless, they are assessed here to help identify geological 

influences (e.g. degree of confinement etc.). Overall median values for the study area (or the 

specific lithologic group) are compared to the median NBLs established by Tedd et al. (2017). This 

gives an overall comparison. However, individual wells are then compared to the lower 5th%ile 

and upper 95th%ile values listed by Tedd et al. (2017) to identify any specific localised impacts.  
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Table 7.14 Median NBLs for the parameters tested during this research (after Tedd et al., 2017). 

Parameter Units 
Sand 
and 

Gravel 

Impure 
Limestone 

Pure 
Limestone 

Non-Calc. 
Sedimentary 

Igneous Metamorphic 

Alkalinity mg/l CaCO3 266.00 246.00 196.00 60.00 14.50 251.00 

Calcium mg/l 99.10 88.10 66.30 15.60 3.33 83.95 

Chloride mg/l 15.00 14.65 14.25 17.00 8.00 13.20 

Conductivity µS/cm 515.00 472.00 390.00 184.00 49.50 479.00 

Iron µg/l 5.00 9.50 21.00 5.00 24.36 5.00 

Magnesium mg/l 7.00 5.17 4.18 6.14 0.89 5.70 

Manganese µg/l 1.30 0.50 1.60 3.00 5.00 0.50 

pH pH 7.18 7.30 7.36 6.03 6.07 7.10 

Potassium mg/l 0.89 0.95 1.33 1.09 0.20 1.50 

Sodium mg/l 9.00 8.50 8.90 10.00 5.60 9.60 

Sulphate mg/l 8.20 7.40 7.00 4.40 3.00 5.15 

 

To facilitate effective comparisons between the hydrochemical results from this current research 

and the NBLs developed by Tedd et al. (2017), confinement of the four areas was assessed using 

the same approach. No evidence of confinement was apparent in the literature pertaining to SA1, 

SA2, SA3 or SA4, and so it is assumed that groundwater was unconfined. However, as Tedd et al. 

(2017) notes, information regarding confinement is scarce and often uncertain. Therefore, where 

disparity is apparent between the results from this study and the NBLs, confinement is considered 

as a potential explanatory factor.  

It must be considered that given that the NBL values established by the OCM (2007) and Tedd et 

al. (2017) were based on monitoring points deemed to not be impacted by anthropogenic 

activities, disparity between the NBLs and the wells tested as part of this research would not be 

surprising given the agricultural nature of the study areas and the frequent proximity of DWWTS. 

However, deviations from NBLs do not definitively mean the groundwater is contaminated. As 

noted by Tedd et al. (2017), a limited number of “non-impacted” monitoring points were 

available. Consequently, some of the monitoring points used to create NBLs for a lithologic group 

may not truly represent the study areas in this current research. Where this is this case, 

disparities between the NBLs and the measured values may still be due to geological setting and 

not anthropogenic influences (or it could be due to both). Either way, the potential influences are 

investigated.  

It should be noted that this is a preliminary overview investigation of geological and 

anthropogenic influences. The traditional water quality indicators are assessed in more detail, 

with respect to geological setting and site-specific variables, in subsequent sections and chapters 

(NO3 in Section 7.5; K and Na in Section 10.4; and E. coli in Chapter 8).  
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7.4.1 SA1 

Most wells in SA1 are situated in the Ordovician metasediments of the Oakland’s formation. This 

bedrock belongs to the metamorphic lithologic group, as delineated by Tedd et al. (2017). The 

median NBL pH for the metamorphic lithologic group is 7.1 (Tedd et al., 2017). However, a lower 

median pH (6.17) and was found in SA1. Just 10 wells have a pH above the 6.68 lower 5th%ile NBL. 

Tedd et al. (2017) states that pH is an indicator of many types of pollution in non-buffered 

aquifers. However, it is acknowledged by Tedd et al. (2017) that NBLs for this lithological group 

are likely to be inflated due to overlying carbonates surrounding the monitoring points used. 

While Tedd et al. (2017) states the influence of overlying carbonates will influence NBLs, 

monitoring point selection was limited due to widespread impact of agriculture and the difficulty 

in finding wells representative of true natural background levels. Such carbonates are not found in 

SA1, and hence the median pH value observed is not unexpected. In the absence of carbonate 

minerals, silicate weathering is the most important pH buffering mechanism. However, as the 

weathering rate is so slow, aquifers can be vulnerable towards acidification (Appelo and Postma, 

2005). Acidification can occur naturally through plant root respiration, but also by the excessive 

use of ammonia and manure as fertiliser, whereby the nitrification of ammonia is a major 

acidifying process (Appelo and Postma, 2005). As NO3 has been detected in elevated levels in SA1, 

a combination of these acidifying processes coupled with lack of a geological buffer likely account 

for the disparity between the median measured pH and the NBL. 

The median NBL for alkalinity for the metamorphic lithology is 251 mg/l CaCO3 (Tedd et al., 2017), 

however the median measured value in SA1 was just 24 mg/l CaCO3. None of the 61 wells had 

alkalinity values within the 5th%ile and 95th%ile ranges established by Tedd et al. (2017). Again, 

this disparity could be due to absence of overlying carbonates in SA1, coupled with the 

acidification. In contrast to Tedd et al. (2017), the Working Group on Groundwater (2004) state 

that alkalinities in the Ordovician metasediment aquifers range from 10-435 mg/l. Although this is 

a relatively large range, the lower end of the range is more consistent with what is observed in 

SA1. Alkalinity was found to be statistically significantly influenced by the topsoil classes found in 

the area (AminDW and AminSw). On average, statistically significantly higher alkalinities were 

associated with wells situated in deep well drained mineral top soil (AminDW) compared to wells 

situated in shallow well drained mineral top soil (AminSW) (t=-2.25, p<0.05). The increase in 

alkalinity with deeper subsoil may indicate a slightly greater buffering effect by the topsoil. 

The overall median measured Ca concentration was found to be significantly lower than the NBL 

quoted by Tedd et al. (2017). This again could be due to the absence of overlying carbonates in 

SA1 compared to the monitoring point, and is consistent with the lower pH and alkalinity values 

recorded. Some Ca is to be expected in water that has been in contact with igneous and 
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metamorphic rock, however, the concentration is generally expected to be low (Hem, 1985). 

Although Ca is a macronutrient in fertilisers, Tedd et al. (2017) state that the spatial distribution of 

Ca reflects lithological differences. 

The median measured Cl was 19 mg/l, while the median NBL and upper 95th%ile were just 13.2 

and 16 mg/l respectively. 41 wells have Cl concentrations greater than this upper 95th%ile value, 

with values ranging from 17-57 mg/l. Given the reliability of the NBLs coupled with standard 

deviation in the analytical techniques, for many of the wells that only slightly exceed this 95th%ile 

value, few conclusions can be drawn. However, for certain wells, particularly elevated Cl 

concentrations indicate an impact. Tedd et al. (2017) state that the source of natural Cl in 

groundwater is generally rainfall or mixing with formation waters, however, it can be added from 

sewage, farm wastes and through road salt application. Notably, the concentration of Cl in rainfall 

has been shown to vary with distance from the coast. For example, the national rainfall-weighted 

mean annual concentration of Cl in bulk precipitation samples collected in Irish monitoring 

stations between 1992 and 1994 vary from 3.8 to 44.5 mg/l Cl (Jordan, 1995). Given the relative 

proximity of SA1 to the coast, this could be a contributing factor to the higher median Cl 

concentrations. However, impacts from septic tanks and agriculture cannot be ruled out. In 

particular, the significantly elevated values likely indicate localised contamination. Three wells 

have Cl concentrations of 37, 44 and 57 mg/l. 

The median measured Na (13.4 mg/l) only slightly exceeded the median NBL (9.6 mg/l). As with 

Cl, the concentration of Na in rainfall varies with proximity to the coast, which could contribute to 

the elevated Na values. Both K and Mg are within the quoted NBL ranges. Just five wells exceed 

the NBL for upper 95th%ile value for K (1.8 mg/l). K concentrations, along with the use of a K/Na 

ratio as contamination fingerprinting technique are discussed in Section 10.4. 

The median Fe concentration measured for SA1 is within the NBL range calculated by Tedd et al. 

(2017). When relating Fe concentrations to lithology, it is important to note that in certain wells 

corrosion of the iron casing can add Fe to the water pumped out (Hem, 1985). A steel casing was 

used in all 61 sampling wells in SA1.  

7.4.2 SA2 

The wells in the Campile formation fall into the igneous lithologic group, as defined by Tedd et al. 

(2017). It should be noted, however, that the NBL values for this group were based on a single 

monitoring point. As discussed, the selection of monitoring points was limited due to widespread 

anthropogenic impacts. As a single monitoring point does not allow for any variation with the 

igneous lithologic group, disparity between the NBLs and the parameters measured in SA2 would 

not be surprising,  
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The median pH recorded for the wells in this lithologic group from this study (7.36) is considerably 

higher than the median NBL pH listed by Tedd et al. (2017) (6.07). However, most wells are within 

the upper 95th%ile value of 7.53. 

The median measured conductivity for SA2 (594 µS/cm) is much higher than median NBL (50 

µS/cm). Furthermore, no wells from SA2 are within (or even close) to the upper 95th%ile NBL 

value (60.5 µS/cm). As conductivity is a proxy for the presence of charged ionic species, it 

understandably follows that the median measured values for many of the ionic species are also 

considerably higher than the median NBLs for the igneous lithologic group (Tedd et al., 2017). 

Median values for Ca, Fe, K, Mg, Na, SO4
-2 and Cl all greatly exceed the NBLs. The only exception to 

this is seen in Mn, which is below the stated NBL level.  

All wells greatly exceeded to upper 95th%ile value of 6.95 for Na with values ranging from 20.9 – 

86.1 mg/l (which is almost 15 times the median NBL). All wells exceed the upper 95th%ile value of 

10.9 for Cl, with values ranging from 17 mg/l to as high as 62 mg/l. As SA2 is situated on the coast, 

elevated Cl and Na levels in the rainfall may account for some of the elevated Cl and Na 

concentrations in groundwater. A study of regional rainfall chemical data by Burdon and Cullen 

(1980) indicated that groundwater chemistry in this area is influenced by rainfall chemistry, and 

therefore, it should not be ruled out as an influential factor. However, as stated with respect to 

SA1, particularly high concentrations may indicate localised contamination.  

The disparities with the NBLs could also potentially be a result of influences from the superficial 

geology. The area is dominated by a Macamore marl and Carboniferous limestone till (GSI, 

2016b). This clay based, lime rich till containing small pebbles and shells is a potential source of 

the elevated alkalinity, Ca, Mg and electrical conductivity values observed. Furthermore, the 

impermeable nature of these subsoils would cause slow recharge and increased residence time, 

which in turn could contribute to increased ionic dissolution and groundwater mineralisation. This 

would be somewhat consistent with the effect of confined aquifer conditions reported by Tedd et 

al. (2017). Tedd et al. (2017) state that a high conductivity observed at a confined monitoring 

point likely reflects the longer residence time.  

With respect to the wells located in the Ordovician metasediments of the Oakland’s formation, 

disparity is seen between the measured parameters and the NBLs, however not in the same 

consistent trend that was seen with respect to the igneous lithology. Median values for alkalinity, 

conductivity and Ca are significantly below the quoted NBLs, while the median values for K, Na, Cl 

and SO4 are above the NBLs. pH and Mg were the only two parameters that were in line with the 

NBLs.  
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Considerable differences in water chemistry are apparent between the wells in the Oaklands 

formation and the wells in the Campile formation. Differences are apparent in alkalinity, 

conductivity, Cl, Ca, Na and Mg, with all values being higher in the Campile formation igneous 

bedrock. This relationship is illustrated in Figure 7.11 in terms of conductivity. This is the opposite 

of what is observed in Tedd et al. (2017), with typically larger values for these parameters 

observed in the metamorphic lithology. 

 
Figure 7.11 Conductivity values for the bedrock formations in SA2. 

7.4.3 SA3 

While wells are located across four different bedrock formations, each formation is limestone 

based. Accordingly, all wells can be compared to the NBLs of the pure limestones lithology. 
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Comparisons can also be made with groundwater quality results from a public supply borehole 

located within the study site detailed in Dillon and Kelly (2010).  

Considerable agreement exists between the measured values and the NBLs listed by Tedd et al. 

(2017). Alkalinity, Ca and Mg values are largely within the NBL ranges, however for each 

parameter several wells exceed the upper 95th%ile. The pure and impure limestones lithologies 

had the highest NBL alkalinities in the Tedd et al. (2017) report. Consistent with this, high 

alkalinity was also found in SA3. As alkalinity is the strongest natural control on groundwater pH 

(Buss et al 2004), this also accounts for the slightly basic pH. The high Ca and Mg concentrations 

are also to be expected due to their presence in limestones, where they occur most commonly in 

the minerals calcite and dolomite (Tedd et al., 2017). The upper limiting factor in most freshwater 

systems is saturation with respect to calcite, which will limit the maximum concentration at 

around 70-120 mg/l (Shand and Edmunds, 2008), with most wells in SA3 falling within this range.  

Further agreement with the NBLs is seen with respect to Cl, Na and K concentrations. Median 

values for these parameters are similar to median values listed by Tedd et al. (2017). However, for 

each parameter, there are a small number of wells that exceed the upper 95th%ile, often by a 

considerable amount. For instance, two wells have Cl concentrations of 82 and 135 mg/l, 

respectively, which would be consistent with an anthropogenic impact. Again, the potential 

reasons for these exceedance is discussed in relation to K and K/Na ratios in Section 10.4. 

The median measured conductivity for SA3 (699 µS/cm) is considerably higher than the median 

NBL (390 µS/cm). However, Tedd et al. (2017) state the median value quoted is particularly low 

for this group, and that it may reflect short residence times as groundwater moves through 

karstified aquifers. The higher measured conductivity in SA3 may therefore indicate longer 

residence times. The electrical conductivity stated by Dillon and Kelly (2010) for the public supply 

borehole ranged from 520-715 μS/cm, which is more consistent the values measured in SA3. 

The median measured Fe concentration is much higher than the NBL listed by Tedd et al. (2017). 

Buss et al (2004) state that during the dissolution of the carbonate minerals, impurities in the 

minerals, such as Fe can also be released. Fe could, therefore, be present along with the 

carbonates in the soil, subsoil or bedrock. Furthermore, while no evidence of aquifer confinement 

was found for SA3, confined conditions cannot be ruled, particularly given the lack of reliable data 

pertaining to aquifer confinement in Ireland (see Section 7.4). The elevated Fe concentrations 

could be indicative of confinement and reducing conditions.  

7.4.4 SA4 

As presented in Section 6.5, wells in SA4 are located across six bedrock formations. This      
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heterogeneity means the wells in SA4 fall between four lithologic groups as defined by Tedd et al. 

(2017). The Ballysteen and Stackallen formations belong to the pure limestone group, while the 

Moathill formation belongs to the impure limestone group. In contrast, the wells of the Oghill and 

Castlerahan formation are in the metamorphic class. The hydrochemical results for each of these 

lithologies are presented in Table 7.15 (and are also evident in Figure 7.8 above). Tedd et al. 

(2017) state that the impure limestones have a similar chemistry to the pure limestones, except 

they show slightly wider and higher SO4 and Mg ranges. Although somewhat limited by sample 

sizes, this trend can be seen in this study, where mean SO4 concentrations are higher in the 

impure limestone lithology (Table 7.15).  

For the wells in the pure limestone lithology, the median measured values for alkalinity, Ca, Cl and 

pH are consistent with the NBLs. Although some wells exceed the NBL upper 95th%ile, for Cl, the 

concentrations are not significantly larger. K values are largely in line with NBL, although some 

extreme values (32.9 and 9.16 mg/l) were detected and are likely to indicate contamination. 

Measured Na values consistently exceed the median NBL and the upper 95th%ile. Similarly, for the 

wells in the impure limestone lithology, the median measured values for alkalinity, Ca, Cl and pH 

are consistent with the NBLs. Again, measured Na concentrations exceed the NBLs, and isolated 

elevated concentrations of K are present.  

Table 7.15 Mean water quality results for the three lithologies found in SA4 

 Pure limestone 

(n=14) 

Impure limestone 

(n=7) 

Metamorphic 

(n=22) 

Temperature (°C) 9.7 7.7 8 

Conductivity (µS/cm) 589 593 421 

pH 7.3 7.34 7.02 

Alkalinity (mg/l CaCO3) 272.9 227.4 158.4 

Chloride (mg/l) 15.3 19.1 13.2 

Nitrate-N (mg/l) 1.8 2.8 1.9 

Sulphate (mg/l) 29.3 62.4 19.1 

Ammonium-N (mg/l) 0.01 0.01 0.01 

Sodium (mg/l) 18 23.7 16.8 

Potassium (mg/l) 4.5 5.3 3.8 

Calcium (mg/l) 90.3 82.6 47.9 

Magnesium (mg/l) 18.7 17.3 12 

Iron (mg/l) 0.9 1.8 2.3 

Manganese (mg/l) 0.14 0.14 0.23 

Total coliforms 

(MPN/CFU/100ml) 
406 267 109 

E. Coli (MPN/CFU/100ml) 9 1 1 
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For the metamorphic lithology, measured values for conductivity, pH, Cl are all in line with NBLs. 

In contrast, the NBL for alkalinity and Ca are higher than what was found in SA4. This is likely due 

to the influence of overlying carbonates surrounding the sampling points used to develop the 

NBLs, as was discussed in relation to SA1. Observed exceedances of the NBL for K could be due to 

anthropogenic influences. 

7.4.5 Conclusion 

In summary, while many of the results are generally in line with the NBLs established by Tedd et 

al. (2017), discrepancies between them are also apparent. While these could be due to 

anthropogenic influences, these are not entirely identifiable using the NBL values established by 

Tedd et al. (2017) due to differences between the geological settings of the study areas and the 

monitoring points used for the NBL development (e.g. the presence/absence of overlying 

carbonates). Comparisons are further hindered due to a general lack of data pertaining to aquifer 

confinement in Ireland. Nonetheless, elevated levels of some parameters (e.g. Cl and K) may 

indicate localised contamination, and the use/further development of NBLs appears warranted. 

7.5 Nitrate: source-pathway influences 

While the previous sections looked at the influence of geological setting, and to an extent the 

anthropogenic influences on hydrochemistry, of specific interest to this research is the influence 

of DWWTS, among other variables, on groundwater properties. While the influences of these 

variables are assessed with respect to microbial contamination in Chapter 8, given the adverse 

health effects associated with NO3 contamination (Section 4.5), the relative contribution by 

DWWTS, as opposed to agriculture, to groundwater NO3 concentrations is investigated here.  

As reviewed in Chapter 4.2, nitrogen loadings (source components) can have variable effects on 

groundwater NO3 concentrations due to the influence of several pathway factors. As presented in 

Figure 7.12, NO3 concentrations varied considerably between the four sites, with higher 

concentrations found in SA1 and SA3, and with a larger proportion of samples from SA2 and SA4 

found to have concentrations below the methods detection limit. The following section examines 

the relationships between these measured NO3 concentrations and the localised source and 

pathway components.  

Of particular relevance to this investigation is a study by Tedd et al. (2014), that investigated the 

influence of source and pathway components on groundwater NO3 concentrations in the South-

Eastern River Basin District, in which SA1, SA2 and SA3 are located. Tedd et al. (2014) found that 

pathway components are more important than pressure (source) components in understanding 

NO3 contamination. Specifically, elevated NO3 concentrations were more likely to be found in 

areas which have a high proportion of arable agriculture and are dominated by well drained soils, 
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karstic flow regimes, regionally important bedrock aquifers and high groundwater vulnerability 

pathways. 

 
Figure 7.12 Nitrate concentrations by study area. The legislative limit of 11.3 mg/l NO3-N is shown 

by the red line (91/676/EC and (98/83/EC). 

7.5.1 Source Components 

NO3 loadings from the DWWTS assessed by this research are difficult to estimate accurately. 

Although the number of people served by each DWWTS is known, water consumption and the 

volume and strength of the wastewater produced is unknown. Furthermore, it is unlikely that 

each DWWTS is performing equally, given the different design, maintenance and hydrogeological 

controls. However, the DWWTS variables recorded by the site assessment surveys are assessed 

here to in relation to the corresponding NO3 concentrations.  

In SA1, DWWTS setback distance, gradient and number of systems within 100 m of the well were 

not significantly associated with NO3 concentration. However, significant relationships (Table 

7.16) were seen between NO3 and the associated sites DWWTS’ PE, DWWTS age (as provided by 

the respective householder) and the type of system (i.e. conventional septic tank or secondary 

treatment system). Specifically, NO3 is positively associated with DWWTS PE, potentially due to 

elevated loadings from these systems. However, NO3 is negatively associated with age, meaning 

higher concentrations are seen in sites with younger DWWTS. Finally, wells on sites served by a 

secondary treatment system had significantly higher NO3 concentrations than those in sites 

served by a conventional DWWTS (t=3.34; p<0.01). Although this may seem counter intuitive, it is 

Nitrate & study area 
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however, consistent with the findings of Gill et al. (2009a) and O’Luanaigh et al. (2012) where 

increased nutrient loadings were seen from percolation areas serving secondary treatment 

systems as opposed to conventional septic tanks. This was attributed to the fact that secondary 

treatment systems produce a higher quality effluent (compared to septic tanks) which inhibits the 

development of the biomat and in turn limits the treatment efficiency of the percolation area (see 

Section 3.5). In contrast to SA1, no significant relationships were seen between any DWWTS and 

NO3 concentrations in SA3.  

Table 7.16 SA1: regression results for variables significantly associated with nitrate 

concentrations. 

Parameter Coefficient p value R2 

DWWTS PE 1.07 <0.01 0.22 

DWWTS age -0.068 <0.05 0.08 

DWWTS type 3.3 <0.01 0.15 

Testing for association between the DWWTS variables and the measured NO3 concentrations in 

SA2 and SA4 is not possible due to the number of non-detects (i.e. few wells had measurable 

concentrations of NO3). However, in these areas, no obvious associations with NO3 concentrations 

were apparent. As discussed in Section 6.6, there are some significant differences between the 

DWWTS associated with SA2 and SA4. Despite their similar hydrogeological conditions 

(inadequate percolation) a larger proportion of DWWTS older than 30 years are found in SA4 than 

in SA2, with SA2 also found to have a significantly larger proportion of secondary treatment 

systems. Nevertheless, despite the differences in DWWTS age and design, no obvious impacts on 

NO3 concentrations were apparent between the two study areas.  

In terms of agriculture, and specifically diffuse inorganic fertilizer usage, higher loading rates are 

associated with arable production compared to grassland pasture (see Section 4.2).  As outlined in 

Section 6.6, arable land use is present in SA1 and SA3, and largely absent in SA2 and SA4. At a 

county level, of the approximately 274,000 ha of the land used for cereal crop production in 

Ireland, approximately 42,000, 15,000 and 54 ha are in Wexford, Kilkenny and Cavan, respectively 

(CSO, 2002). Therefore, higher loadings would be expected in SA1, SA2 and SA3 due to the larger 

areas of arable land, while loadings would be expected to be lower in SA4. 

In SA1, a moderate strength correlation exists between the percentage of arable land use within a 

100 m radius of the well and the well’s measured NO3 concentration (r=0.58, p<0.01). 

Furthermore, the wells within 100 m of arable land had significantly higher mean NO3 

concentration (t=-3.64, p<0.01). This is supported by Figure 7.13, where a cluster of wells in an 

area of arable land in SA1 exceed the legislative limit of 11.3 mg/l NO3-N (98/83/EC). This is 

consistent with the association between arable land and groundwater NO3 reported in Tedd et al. 
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(2014). However, this association is not apparent in the other High/Extreme groundwater 

vulnerability site (SA3). This association cannot be tested in SA2 and SA4 due to the absence of 

arable land use.  

 
Figure 7.13 Nitrate-N concentrations of the 61 wells in SA1 and their surrounding Corine land 

cover.  

Although land use can be divided into pasture and arable based production, information 

regarding the specific crop or animal production type (dairy, beef, sheep etc.) is unavailable, and 

so accurate estimates of loadings are difficult. Tedd et al. (2014) estimated organic nitrogen 

loadings from livestock unit density (CSO, 2002), multiplied by the annual nitrogen excretion rate 

for livestock distributed on the appropriate agricultural CORINE land use map. However, the 

resolution of this estimation was questioned by the authors. Nonetheless, Tedd et al. (2014) state 

that establishing livestock density at a field scale would be impractical.  

Using the method applied by Tedd et al. (2014), differences in organic loadings would be expected 

between the four study areas. For instance, a larger number of dairy animals are present in 

Wexford (52,000) and Kilkenny (59,000) than in Cavan (31,000). Given higher N application rates 

are associated with dairy production; higher inputs would be expected in SA1, SA2 and SA3. 

Furthermore, the total numbers of sheep and cattle in Cavan (67,000 and 219,000) are lower than 

in Wexford (185,000 and 256,000) and Kilkenny (108,000 and 321,000). However, the total 

number of pigs in Cavan (333,000) is much greater than in both Wexford and Kilkenny (41,500 and 
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53,000 respectively). Pig farming in Ireland is concentrated in a small number of counties, with 

52% of the national sow herd located in counties Cavan, Cork and Tipperary, with the highest 

density of pig farming in the country found in Cavan (Teagasc, 2008). These differences in 

production will likely alter the loadings in each study area, although again, the necessary field 

scale loadings are difficult and impractical to estimate. 

With respect to agricultural point sources, the proportion of wells within 100 m of a potential 

agricultural point source does not differ significantly between SA1, SA3 or SA4. However, the 

proportion in SA2 is significantly smaller than in SA1 and SA4, while the difference between SA2 

and SA3 is not significant (see Section 6.6). For each individual study area, and for the 

amalgamated dataset, there is no significant difference in NO3 concentrations between wells that 

were within 100 m of a potential point agricultural contamination source and those that were not. 

Further examination with regression analysis found that neither the presence of a potential 

agricultural point source or the associated setback distance was significantly related to NO3 

concentrations.  

Following the bivariate tests and simple linear regression, multiple linear regression analysis was 

carried out to examine the effect of combinations of independent source variables (both DWWTS 

and land use). Again, this is not possible for SA2 or SA4 due to the number of non-detects. 

Collinearity was assessed using Spearman rank-order correlations and variance inflation factors 

(VIF).  

With respect to SA1, although VIFs did not indicate excessive collinearity, a certain amount of 

association is evident between % arable land and DWWTS age and type. Secondary treatment 

systems were significantly younger than conventional systems (t=4.0, p<0.01), and had a 

significantly higher percentage of agricultural land within 100 m of the associated well (t=-3.8, 

p<0.01). Furthermore, a moderate strength negative correlation was evident between DWWTS 

age and the percentage of arable land (r=-0.447, p<0.01). The final multiple regression model 

(Equation 7.1) therefore contained only DWWTS PE and the % of arable land within 100 m of the 

well, both of which are significant at the p<0.05 level, yielding an R2 of 0.41. Age and DWWTS type 

were no longer significant within the model, and did not increase the model’s overall 

performance, potentially due to collinearity. This is significant in terms of the aforementioned 

consistency with the findings of Gill et al. (2009a). Although a significant bivariate association 

between NO3 and DWWTS is evident in SA1, this could be due to collinearity with arable land. 

Larger sample sizes would be required to further examine these trends with increased statistical 

power.  

𝑌 = 4.06 + 0.77𝑥1 + 0.038𝑥2                                      Equation 7.1 
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where: 

Y= nitrate concentration (mg/l – N) 

X1= DWWTS p.e. 

X2= % arable land 

Although multiple linear regressions are not possible in SA2 and SA4, as seen in Figure 7.12, 

several “outliers” are evident in these areas. These values are unusually large in comparison to 

the overall mean and median values associated with these sites. The outliers are mostly absent in 

SA1 and SA3, where values are more normally distributed. Although no overall relationship was 

found between these NO3 concentrations and the agricultural and DWWTS variables, the outliers 

are now examined to see if they are associated with other site-specific factors.  

With regards to SA4, 69% (n=33) of wells had NO3 concentrations below the detection limit. NO3 

was detected in measurable quantities in 35% (n=17) of wells at a mean NO3 concentration of 

5.86 mg/l-N. Of these 17 wells, 65% (n=11) were dug wells, with the remainder being boreholes. 

This is significant given that there were only 13 dug wells in SA4. Therefore, 85% (n=11) of the dug 

wells in SA4 had quantifiable levels of NO3, while just 16% of boreholes had quantifiable 

concentrations. This suggests well construction type is associated with the outliers seen Figure 

7.12, and that dug wells are more susceptible to NO3 contamination than boreholes. This is 

consistent with previous research by Hynds (2012). This difference in susceptibility to 

contamination is likely due to the different design aspects. As presented in Section 6.5, in SA4, the 

dug wells were significantly shallower and older than the boreholes in this area. The dug wells 

were also lined with a range of different materials, each of which could be vulnerable to 

contaminant ingress. It should be noted that in the majority of cases (n=14), the quantified NO3 

values did not exceed the EU MAC of 11.3 mg/l-N (98/83/EC) and therefore, would not be 

considered a human health risk. Three wells exceeded the 11.3 mg/l-N threshold (98/83/EC), two 

of which were boreholes. Of the boreholes that had quantifiable levels of NO3, no potentially 

causative factor was evident. Although these six wells were uncapped or inaccessible, this was 

typical of the area, where caps were present on just 9% (n=3) of bored wells.  

In SA2 the outliers are not apparently related to variables evaluated by the site assessments. It 

should be noted that where NO3 was quantifiable in SA2 (28% of wells, n=15), it was at low levels, 

with no samples exceeding the EU MAC value (98/83/EC). A single outlier (or unusually high value) 

is seen in both SA1 and SA3. The outlier in SA1 is a value of 20.5 mg/l-N detected in CX45. This 

well was selected for monitoring and is throughout Chapters 9 and 10. The outlier in SA3 is 

associated with a value of 15.3 mg/l-N. This was the only well in SA3 to exceed the EU MAC value. 
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This well is located in the middle of a working mixed farmyard, a potential source of the 

contamination.  

7.5.2 Pathway Components 

Firstly, with respect to topsoil type, the mean highest NO3 concentrations are associated with the 

shallow well drained class (Amin SW), followed by the deep well drained soils (Amin DW) (Figure 

7.14). The difference between the two classes is statistically significant, with higher NO3 

concentrations associated with SW (shallower soils) (U=605.5, P<0.05). Despite this difference, 

both soil classes have median NO3 values significantly higher than the contrasting BminPD (U=51, 

P<0.01 and U=370; P<0.01 respectively). No significant difference was apparent between the two 

poorly drained soil types (AminPD and BminPD). If all soils from the four study areas are grouped 

into either well or poorly drained, a statistically significant difference in the NO3 concentrations 

associated with each exists (U=1580.5, P<0.01), with higher NO3 associated with the well-drained 

soils. 

 

 
Figure 7.14 Nitrate concentrations by topsoil class. The legislative limit of 11.3 mg/l NO3-N is 

shown by the red line (91/676/EC and (98/83/EC). 

Variation in NO3 concentrations with respect to subsoil setting is shown in Figure 7.15. The 

highest NO3 concentrations are associated with the Rck and TLPS subsoils. Both of these subsoils 

were found only in the Extreme groundwater vulnerability areas, with TLPS subsoil found only 

within SA1. In contrast, the lowest NO3 concentrations are associated with IrSTLs and TLPSsS 
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subsoils, which are both only found in the areas of Low vulnerability and inadequate percolation 

(SA2 and SA4 respectively). As reviewed in Section 2.6, the Irish system derives groundwater 

vulnerability classes based primarily on the thickness and permeability of the aquifer’s overlying 

subsoil and the depth to bedrock. It follows therefore that the influence of subsoil properties can 

also be examined using groundwater vulnerability categories. A general trend is apparent of 

higher NO3 concentrations occurring in the higher and extreme groundwater vulnerability settings 

(Figure 7.16). The mean concentration of NO3 is statistically significantly higher in the X/E 

combined category than in the Low, Moderate and High vulnerability categories (U=993, P<0.01; 

U=366, P<0.01 and U=344, P<0.01). A total of 13 (6%) of wells exceeded the legislative limit of 

11.3 mg/l NO3-N set by the Nitrates (91/676/EC) and Drinking Water Directives (98/83/EC), of 

which, 10 are located in a X/E groundwater vulnerability setting. No statistically significant 

differences existed between the High, Moderate and Low vulnerability categories. While less 

variation is evident between these categories, the small sample sizes for both Moderate and High 

vulnerability should be noted. Such small sample sizes can be disproportionately influenced by 

unique localised conditions and individual cases of high NO3 contamination. An example of this 

can be seen in the Low vulnerability category in Figure 7.16 which has a large number of “outliers” 

of high NO3 concentration.  

 

 
Figure 7.15 Nitrate concentrations by subsoil class. The legislative limit of 11.3 mg/l NO3-N is 
shown by the red line (91/676/EC and (98/83/EC). 
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The NO3 concentrations associated with the likelihood of inadequate percolation classes are 

illustrated in Figure 7.17. As expected, the lowest NO3 concentrations are associated with the very 

high likelihood of inadequate percolation category, which is dominant in SA2 and SA4. The 

medians for the moderate and low categories are statistically significantly higher (U=796.5, 

p<0.05; U=873, p<0.05 respectively). Of note however, is the statistically significant higher mean 

associated with the moderate likelihood area compared to the low likelihood areas (U=689; 

p<0.05). Conceptually, areas with a moderate likelihood of inadequate percolation should offer 

more protection to groundwater from NO3 contamination. The presence of inadequate 

subsurface percolation at any point in the landscape is determined by the soil, subsoil and 

bedrock permeability (as indicated by aquifer category) (EPA, 2013a). However, in areas of 

extreme groundwater vulnerability, the subsoil permeability can be very variable and therefore it 

is not classified by the Geological Survey of Ireland. In these areas, the likelihood of inadequate 

percolation is determined based on the aquifer type. This is evident in SA1 where many of the 

wells are classed as being in areas of moderate likelihood of inadequate percolation, despite well 

drained soils and subsoils. This would also explain the higher mean NO3 value associated with the 

moderate likelihood of inadequate percolation category 

.  

 
Figure 7.16 Nitrate concentrations by groundwater vulnerability setting. The legislative limit of 
11.3 mg/l NO3-N is shown by the red line (91/676/EC and (98/83/EC). 
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Figure 7.17 Nitrate concentrations by likelihood of inadequate percolation categories. The 

legislative limit of 11.3 mg/l NO3-N is shown by the red line (91/676/EC and (98/83/EC). 

The NO3 concentrations associated with the aquifer classes are shown in Figure 7.18. As outlined, 

bedrock/aquifer properties are an important pathway component in determining the likelihood of 

NO3 percolation to the groundwater. NO3 attenuation is also known to be influenced by bedrock 

type (EPA, 2013a). Some rock types with high levels of pyrite and other minerals can lead to 

denitrifying conditions. However, in most areas of Ireland, the bedrock does not have a natural 

capacity to reduce NO3 concentration in groundwater (EPA, 2013a). The highest means are 

associated with LI and Rkd classes (5.8 and 3.7 mg/l-N respectively) with the difference between 

these two groups statistically significant (t=2.91; p<0.01). The means associated with these two 

classes are significantly larger than the remaining three categories, which themselves were 

statistically indistinguishable. The high average associated with Rkd is consistent with Tedd et al. 

(2014). As shown in Table 7.17, variation is evident within the aquifer classes. For instance, while 

the LI aquifer class is represented in SA1, SA2 and SA4, NO3 concentrations were much higher in 

SA1 than in SA2 and SA4. This is despite the fact that the LI aquifer in SA1 and SA2 is the same 

bedrock formation. This suggests that NO3 leaching is dictated more by the unsaturated zone than 

the bedrock aquifer properties. 
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Figure 7.18 Nitrate concentrations by aquifer class. The legislative limit of 11.3 mg/l NO3-N is 

shown by the red line (91/676/EC and (98/83/EC) 

 

Table 7.17 Mean nitrate concentrations for wells in the LI aquifer class (mg/l-N). 

SA1 (n=57) SA2 (n=13) SA4 (n=23) 

7.9 2.6 2.5 

 

7.5.3 Conclusions 

In summary, notable differences exist in NO3 levels between the four study areas. Except for SA1, 

there is a general lack of significant overall associations between the NO3 and the source 

component variables (both in relation agriculture and DWWTS). This suggests that in an overall 

sense, while agricultural activities and DWWTS are known source components, they are not the 

sole factors influencing groundwater NO3 concentrations.  

Associations are, however, clear between NO3 and several variables relating to the superficial 

geology, namely topsoil class, subsoil type, groundwater vulnerability class, likelihood of 

inadequate percolation and aquifer class. This suggests that pathway components are more 

important than source components in controlling groundwater NO3 concentrations. Although 

associations between source component variables and NO3 were observed in SA1, this is 

potentially due to the hydrogeological conditions. The thin and free draining unsaturated zones in 

SA1 would give rise to the rapid leaching of NO3 with poor potential for denitrification. Therefore, 

the associations with the source components are possibly only evident due lack of influence from 

the pathway factors. This would support the conclusion that pathway components are more 
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important than source components in controlling groundwater NO3 concentrations, given the 

effect of the source components are only apparent in certain hydrogeological conditions.  

This closely follows the conclusion drawn by Tedd et al. (2014), and specifically that elevated NO3 

concentrations are likely to be found in areas which have a high proportion of arable agriculture 

and which are dominated by well drained soils, karstic flow regimes, and high groundwater 

vulnerability setting. These conclusions are consistent with the highest NO3 values being found in 

SA1 and SA3, where these conditions were met to varying extents.  

Additionally, this current research indicates that there are specific scenarios where geological 

setting is not the primary factor influencing well NO3 concentrations. The association between 

NO3 and dug wells in SA4 indicates how the protection against contamination offered by the 

depth of impermeable geological material can be undermined by well type and design. This 

highlights how wells can at times be considered as pathway components in the SPR model when 

poorly sited or constructed. This was not observed by Tedd et al. (2014), potentially as the study 

was conducted only in the south east of Ireland, and this observation was only observed in Cavan 

(SA4), where there were a larger number of dug wells. 
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Chapter 8: Microbial contamination and source susceptibility 

8.1 Introduction 

The following chapter investigates the factors associated with the microbial contamination of the 

212 private wells assessed during the one-off sampling and analysis. Potential relationships 

between site specific variables (presented in Chapter 6) and the occurrence of microbial faecal 

contamination (presented in Chapter 7) are assessed using a range of statistical techniques.  

Firstly, bivariate statistical tests are carried out to identify any statistically significant associations 

between each of the independent variables (site specific factors) and the dependent or outcome 

variable (E. coli presence/absence). The results from this simple bivariate analysis are then used 

as a precursor to multiple logistic regression analysis, which further assesses the relationships 

between these independent variables, and how, in combination, they influence private well 

contamination. The associations identified by this analysis are subsequently interpreted with 

respect to previous research and the current literature pertaining to well susceptibility.  

8.2 Bivariate analysis: risk factor assessment 

All variables assessed as part of the site survey are analysed for potential associations with the 

occurrence of E. coli. For this analysis, and to reflect the threat to human health posed by its 

presence, even in small numbers, E. coli has been transformed from quantitative MPN (or 

CFU)/100 ml to a simple dichotomous variable based on its presence of absence (P/A). This 

approach was previously employed by Hynds et al. (2012).  

Bivariate statistical tests are first carried out on a site by site basis (SA1 - SA4). This allows for 

comparisons between the four study areas and, in turn, an assessment of if/how the factors 

associated with well contamination vary between them. Due to the varied structure of the data 

(categorical/nominal and continuous), a combination of Chi-square tests, Fishers exact test, t-

tests, ANOVA and Mann-Whitney U tests are used. It should be noted, however, that due to the 

relatively small number of wells that tested positive for E. coli in each study area, sample sizes for 

some categories are particularly small for certain nominal variables. These small sample sizes 

mean the relationships between E. coli and certain variables are not suitable for statistical testing. 

Consequently, bivariate analysis is then performed on an amalgamated dataset of wells from all 

four study areas. This provides an increased sample size, which in turn offers improved statistical 

power. Furthermore, as the hydrogeological setting of each study is relatively homogenous, this 

allows for potential associations between E. coli and hydrogeological setting variables (e.g. 

groundwater vulnerability setting, likelihood of inadequate percolation, aquifer classification etc.) 

to be assessed. While these preceding sections outline the results and the significant associations 
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(or lack of) identified, a concluding section then compares, summarises and interprets the 

findings.  

As a substantial number of variables were assessed during the analysis, only those that were 

statistically significantly related to E. coli occurrence are included below. It must be noted that 

bivariate analysis only assesses associations between two variables. This does not account for 

confounding effects and how variables in combination can be associated with microbial 

contamination. However, this bivariate analysis serves as a precursor for the following multiple 

logistic regression, which assesses such relationships.   

8.2.1 Bivariate analysis: SA1 

The variables that were statistically significantly associated with E. coli P/A are listed in Tables 8.1, 

8.2 and 8.3, respectively, depending on the statistical test used for the analysis. Of note is the 

statistically significant association between E. coli P/A and the presence of an agricultural point 

source within 100 m of the wellhead. From the SA1 data, wells in proximity to an agricultural 

point source of contamination are 16 times more likely to have E. coli present than those that are 

not (OR 16.4; 95% CI 3 – 89.5). It follows, therefore, that there is also a significant association 

between E. coli P/A and whether or not the well is the primary water source for a farm. However, 

it is likely that this is due to a degree of collinearity, as most wells supplying farms are in proximity 

to point sources of agricultural contamination. The association between the E. coli P/A and these 

agriculture related variables is somewhat anticipated. Firstly, agricultural point sources are known 

sources of faecal contamination, which can pose a threat to nearby wells. Furthermore, as 

discussed in Section 6.2, wells supplying farms are significantly older than those that solely supply 

residential houses (U=45, p<0.01). While well age was not found to be significantly associated 

with E. coli occurrence, as well age has been shown to be related to contamination in previous 

studies (Section 2.8.2), this could be a factor in the significant association between E. coli 

occurrence and the proximity to an agricultural point source.  

The only DWWTS variable that was associated with E. coli P/A was the DWWTS age. This could be 

due to the malfunction or poor performance of older DWWTS. The age of the DWWTS was found 

to be a significant factor in the compliance rate in the National Inspection Plan (EPA, 2015), where 

79% of the pre-1964 septic tanks inspected failed the inspection. Consequently, the EPA (2015) 

state that DWWTS have a recommended lifespan of approximately 30 years, after this they may 

need to be replaced. However, confounding factors must be considered. Firstly, the DWWTS 

serving farm houses are statistically significantly older than DWWTS that are serving houses not 

associated with farms (U=91; p<0.001). In turn, the DWWTS located on sites with agricultural 

point sources are also statistically significantly older than those that are not (U=178; p<0.05). 
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Therefore, while DWWTS age is associated with E. coli P/A, a confounding effect from the 

proximity to an agricultural point source must be considered. Secondly, there is a strong positive 

correlation between well age and DWWTS age (r=0.742, p <0.01), meaning older wells are 

associated with older DWWTS. As well age has been associated with well contamination in 

previous studies, this could be contributing to the association between DWWTS age and E. coli 

P/A. Note, these confounding effects are considered in the following multivariable statistics 

section. 

The presence of a well cap was found to be associated with the P/A of E. coli (see Figure 6.2 for 

definitions and examples of wellhead variables). The odds of E. coli presence are approximately 5 

times higher in uncapped wells (OR 5.4) with 95% CI (1.3 – 22.8). As discussed in Section 2.8, an 

adequately finished well can be considered as being one where the liner extends above the 

ground surface, is capped, surrounded by a concrete surface apron and covered by a 

manhole/pump house construction. As stated in Section 6.3, just 35% of wells analysed by the 

research were adequately finished and protected against contamination. Consequently, a derived 

variable was created, classifying wells into either adequately finished/completed, or inadequately 

completed. However, this was not found to be significantly associated with E. coli in SA1.  

It should be noted that the effect of most hydrogeological variables (aquifer classification, 

groundwater vulnerability classification or likelihood of inadequate percolation) could not be 

investigated due to the homogenous nature of the study area. Of the two geological variables that 

did vary across SA1 (topsoil and subsoil type), the only one found to be statistically significantly 

associated with E. coli was topsoil type (p<0.05) (Table 8.1). The two predominant topsoils in the 

area are deep well drained mineral topsoil (AminDW) and shallow well drained mineral soils 

(AminSW). However, the association between topsoil and E. coli is somewhat counter intuitive as 

the AminDW topsoil is associated with more incidences of E. coli presence (OR 4.66). The greater 

depth of topsoil should, in practice offer greater protection to underlying groundwater. Hence, 

this association with topsoil would not be anticipated. Again, it is likely that this significant 

association is due to confounding effects of other variables. The resolution and accuracy of the 

soils maps must also be considered. Note the Irish groundwater vulnerability classification system 

outlined in Section 2.6 does not include topsoil in delineating classes as, for example, DWWTS 

percolation pipes bypass the immediate topsoil and the protection it offers (see Section 3.4). This 

further suggests that an association with microbial contamination would not be anticipated. 
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Table 8.1 Fisher’s Exact test results for variables significantly associated with E. coli P/A. 

Fisher’s Exact Test 

Variable Significance 

Topsoil type 0.04 

Point agricultural contamination source within 100m 0.00 

 

Table 8.2 Mann-Whitney U test results for variables significantly associated with E. coli P/A. 

Mann-Whitney U 

Variable U Significance 

DWWTS age 142.5 0.038 

 

Table 8.3 Chi2 test results for variables significantly associated with E. coli P/A. 

Chi-square 

Variable X2 Significance 

Well also the primary water source for farm 5.87 0.015 

Well cap P/A 6.143 0.013 

 

8.2.2 Bivariate analysis: SA2 

The variables that were statistically significantly associated with E. coli P/A are listed in Tables 8.4 

and 8.5, respectively. A number of well design features, including well cover, cap and concrete 

surface apron P/A are statistically significantly associated with E. coli P/A. The odds of E. coli 

presence are significantly higher in wells that are uncapped, uncovered, and do not have a 

concrete surface apron compared to those that are capped, covered and have a concrete surface 

apron (OR 15.5; 95% CI 2 – 136), (OR 4.86; 95% CI 1.1 – 22) and (OR 15.5; 95% CI 2 – 136). 

Consequently, the derived variable (classing each wellhead as being adequately finished or not) 

was significantly associated with E. coli (OR 1.83, CI 1.4 – 2.4). Well age was also statistically 

significantly associated with E. coli occurrence. 

Notably there are no statistically significant associations between E. coli P/A and any of the 

variables regarding agricultural point sources or DWWTS. It must be noted that there were only 

six wells in SA2 within 100 m of an agricultural point source, while there were eighteen such wells 

in SA1. This highlights the caution that must be exercised when drawing conclusions based on 

these data alone. The difference in levels of association with point agricultural contamination 

sources between SA1 and SA2 could be due to a genuine lack of association, or simply that the 

sample size in SA2 is inadequate for detecting one.  

Table 8.4 Fisher’s Exact test results for variables significantly associated with E. coli P/A. 

Fisher’s Exact Test 

Variable Significance 

Well cover P/A 0.044 

Well cap P/A <0.01 

Concrete surface apron P/A <0.01 

Wellhead adequately finished P/A (derived) <0.01 
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Table 8.5 Mann-Whitney U test results for variables significantly associated with E. coli P/A. 

Mann-Whitney U 

Variable U Significance 

Well age 111.5 0.046 

8.2.3 Bivariate analysis: SA3 

Just five wells tested positive for E. coli in SA3. Consequently, bivariate statistical analysis could 

not be meaningfully applied for many of the site-specific variables. Associations and trends in the 

data were still examined, although, of the five wells that tested positive for E. coli, three were 

within proximity to agricultural point sources of contamination. While this link is somewhat 

tenuous, it is notable in view of the association being significant in SA1. Otherwise, no site-specific 

variables appeared to be related to the occurrence of E. coli and hence, few conclusions could be 

drawn. 

8.2.4 Bivariate analysis: SA4 

A considerable proportion (26%) of the wells in SA4 were hand dug constructions. Well type (dug 

vs bored) was found to be statistically significantly associated with E. coli P/A. The proportions of 

dug and bored wells that tested positive/negative for E. coli are shown in Table 8.6. Despite dug 

wells accounting for only 26% of the total number of wells in the study area, they accounted for 

63% of the wells that tested positive for E. coli. Consequently, the odds of E. coli contamination 

are approximately 7 times higher in dug wells (OR 7, 95% CI 1.3 – 36). This is consistent with the 

findings of Section 7.5 with respect to nitrate contamination. As discussed, nitrate was detected in 

measurable quantities in 35% (n=17) of wells in SA4 at a mean nitrate concentration of 5.86 mg/l-

N. Of these 17 wells, 65% (n=11) were dug wells, with the remainder being boreholes. Therefore, 

85% (n=11 out of a total of 13) of the dug wells in SA4 had quantifiable levels of nitrate, compared 

to just 16% of boreholes that had quantifiable concentrations. This is also consistent with the 

findings of Hynds et al. (2012), which found that that dug wells were 2.7 times more likely to have 

thermotolerant coliforms present. 

Table 8.6 Crosstabulation of well type and E. coli P/A 

 Well type  

 Bored Dug Total 

E. coli present 3 5 8 

E. coli absent 34 8 42 

Total 37 13 50 

While dug wells appear to be more susceptible to contamination, due to the significant 

differences in character between bored and dug wells they must be considered separately when 

analysing for associations between well specific variables and the E. coli P/A. As outlined by Hynds 
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et al. (2012) (and also evident in the wells in SA4), significant collinearity exists between well type 

and numerous construction variables. As discussed in Section 4.4, dug wells are significantly 

shallower, older and more likely to be contaminated than bored wells. Assessing both dug and 

bored wells together could therefore yield erroneous conclusions. For instance, given that 63% of 

the wells that tested positive for E. coli in SA4 were dug wells, if dug wells are analysed together 

with bored wells, this gives a misleading correlation between well depth and microbial 

contamination in bored wells, when in fact the source type is the primary causal factor.  

While they must be considered separately, this reduces sample sizes and somewhat hinders the 

statistical tests for association. With respect to bored wells, only three (out of a total of 37) were 

positive for E. coli. However, as shown in Table 8.7, a possible association is apparent between the 

presence of E. coli and the presence of a point source of agricultural contamination. Additionally, 

these three wells had poorly finished headworks. With respect to dug wells, as the sample size is 

just 13, tests for association are again hindered. However, no apparent associations are evident 

between E. coli P/A and any of the surveyed site variables.  

Table 8.7 Presence/absence of E. coli and point source of agricultural contamination. 

 Point source of agricultural contamination  

 Present absent Total 

E. coli present 3 0 3 

E. coli absent 8 26 34 

Total 11 26 37 

 

8.2.5 Bivariate analysis: amalgamated dataset 

The following section outlines the variables that were statistically significantly associated with E. 

coli in the amalgamated dataset of wells from the four study areas. This increased sample size 

provides improved statistical power, and should be more representative of Ireland overall. In 

contrast to the preceding sections, the effect of geological variables can also now be investigated. 

As discussed above, bored wells must be considered separately to dug wells.   

With respect to bored wells, six variables were statistically significantly associated with E. coli at 

the 0.05 significance level (Table 8.8). Many of these variables are related to the wellhead finish. 

Specific to the wellhead finish, the presence or absence of a well cap, cover and concrete surface 

apron were all significantly associated with E. coli P/A. Wells not fitted with a cap were 4 times 

more likely to be contaminated with E. coli than those adequately sealed with a cap (OR 3.99 95% 

CI 1.53 - 10.38). The absence of a concrete surface pad meant that wells were 3.4 times more 

likely to be contaminated (OR 3.4 95% CI 1.37 – 8.5). The derived variable (adequately finished or 

not) was also significantly associated with E. coli P/A. This is illustrated in Table 8.9. 
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E. coli P/A was again associated with the presence of a point agricultural contaminant source. 

Wells situated within 100 m of a point agricultural contaminant source were 6.7 times more likely 

to be contaminated with E. coli than those that were not (OR 6.7 95% CI 2.84 – 15.9). This 

association was highly statistically significant (X2=22.3, p<0.01).  

Table 8.8 Chi2 test results for variables significantly associated with E. coli P/A. 

Chi-square 

Variable X2 df Significance 

Well cap P/A 8.97 1 0.003 

Concrete surface pad P/A 7.57 1 0.006 

Well cover P/A 4.47 1 0.034 

Point agriculture contamination source within 100m 22.33 1 <0.001 

Wellhead adequately finished P/A (derived) 3.0 1 0.043 

 

Table 8.9 Cross tabulation of the derived variable (whether or not a wellhead is adequately 

finished) and the associated E. coli P/A test results. 

E. coli P/A & Wellhead adequately finished P/A (derived) 

 
Inadequately 

finished 
Adequately 

finished 
Total 

E. coli P/A 
Present 23 4 27 

Absent 111 58 169 

Total 134 62 196 

 

Notably, no significant associations were apparent between E. coli P/A and any of the geological 

or DWWTS variables. The lack of a significant association with geological setting is illustrated in 

Tables 8.10 and 8.11. These tables outline the number of wells that tested positive and negative 

for E. coli in each groundwater vulnerability class and the likelihood of inadequate percolation 

class, respectively. The proportions of wells that tested positive for E. coli does not significantly 

differ between the various hydrogeological settings (extreme vs. low groundwater vulnerability, 

low vs high likelihood of inadequate percolation etc.). While the H and M classes are relatively 

underrepresented in Table 8.10, there are no apparent significant differences in E. coli P/A 

between the categories. This is also apparent in Table 8.11, as although slight differences are 

seen, they are not statistically significant. 

Table 8.10 Cross tabulation of the groundwater vulnerability settings of bored wells in the study 

(n=196) and the associated E. coli P/A test results. 

E. coli P/A & Groundwater Vulnerability Crosstabulation 

 
Groundwater vulnerability 

Total 
 

X/E H M L 

E. coli P/A 
Absent 74 15 22 58 169 

Present 13 1 2 11 27 

Total 87 16 24 69 196 
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Table 8.11 Cross tabulation of the likelihood of inadequate percolation settings of bored wells in 

the study (n=196) and the associated E. coli P/A test results. 

E. coli P/A & L.I.P Crosstabulation 

 
Likelihood of inadequate percolation 

Total 
 

Low Moderate Very High 

E. coli P/A 
Absent 31 60 31 169 

Present 3 12 3 27 

Total 34 72 34 196 

With respect to dug wells, the small sample size (as discussed in Section 8.2.4) as well as the 

uneven distribution (i.e. 13/16 were located in SA4) meant statistical analyses were hindered 

considerably. As found with respect to SA4, no site specific factors were found to be associated 

with the occurrence of E. coli in dug wells.  

8.2.6 Bivariate analysis: Site comparisons and preliminary conclusions 

Comparisons between study areas are somewhat difficult as statistical tests were not always 

possible in SA3 and SA4 due to small sample sizes. Even where statistical tests were viable, the 

caveat of relatively small sample sizes must be considered. However, of note is the association 

between E. coli P/A and agricultural source variables in SA1 (and potentially in some wells in SA3 

and SA4). This is consistent with agricultural point sources being a significant source of faecal 

contamination. This association is further highlighted by its significance in the amalgamated 

dataset of boreholes. While this association was not found in SA2, as discussed in Section 8.2.2, 

fewer wells in SA2 were close to agricultural point sources compared to the other study areas.  

A considerable number of well-specific variables were associated with E. coli P/A within the 

individual study areas (including the presence/absence of a well cap in SA1, the presence/absence 

of a well cover, cap and concrete apron in SA2, and the well type in SA4). The significance of these 

variables in the amalgamated dataset further strengthens these associations. This suggests that 

wellhead properties and the adequacy of the completion can greatly influence a well’s 

susceptibility to contamination. As discussed in Section 2.8, well construction practices and the 

resulting wellhead finish are considered to greatly influence a well’s susceptibility to 

contamination, and hence these associations would be anticipated.  

Important in the context of this current research, however, is the general lack of significant 

associations between E. coli P/A and the variables related to DWWTS and geological conditions. 

One exception is seen in SA1, where DWWTS age was significantly associated with E. coli. 

However, as stated, this is potentially a result of a confounding effect due to farmhouses having 

significantly older DWWTS. Given that DWWTS are known sources of faecal contamination 

(Section 3.2), and geological conditions are known to influence DWWTS performance and 
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groundwater susceptibility to contamination (Section 2.5), significant associations would be 

expected. However, these were not apparent in the current data. 

8.3 Multivariable Statistical Analysis: Logistic Regression 

The results from the bivariate analysis illustrate how faecal contamination is a multifaceted and 

complex issue involving numerous site-specific variables. However, bivariate analysis only 

assesses the associations between individual variables and microbial contamination. All factors 

must be considered collectively to examine how these variables, in combination, influence private 

well susceptibility to faecal contamination. Consequently, multivariable statistical analysis is now 

employed on the dataset.  

As outlined, E. coli has been transformed to a categorical dichotomous presence or absence 

variable. The dichotomous nature of the dependent variable means that it violates the 

assumptions underlying ordinary linear regression. Consequently, logistic regression (LR) and 

multiple logistic regression (MLR) were deemed the most suitable methods for the analysis of this 

data based on Hosmer and Lemeshow (2000), Helsel and Hirsch (2002) Tabachnick and Fidell 

(2007), and also because of their applications in previous private well contamination research by 

Hynds et al. (2012) and O’Dwyer et al. (2014).  

Firstly, Section 8.4 reviews LR, and the principles behind its application. Section 8.5 then reviews 

the use of LR in previous studies relating to private wells in Ireland, notably by Hynds et al. (2012) 

and O’Dwyer et al. (2014). Subsequently, Sections 8.6 and 8.7 describe the application of LR to the 

data from this present study. The methodology used is informed and developed based on the 

reviews in Sections 8.4 and 8.5. This allows for comparisons to be made between the findings of 

this current research and the research by Hynds et al. (2012) and Dwyer et al. (2014). 

8.4 Logistic Regression 

As outlined by Helsel and Hirsch (2002), in ordinary least square regression (commonly referred to 

as linear regression), the actual magnitude of a response variable is modelled as a function of the 

magnitude of one or more continuous explanatory variables. However, applying simple linear 

regression when the dependent variable is binary/dichotomous is not viable for several reasons. 

Consequently, when the dependent variable is binary, LR/MLR is used, as it can effectively model 

the probability of the response variable given the independent variable(s) (Helsel and Hirsch, 

2002). The use of LR and MLR has grown in popularity in recent decades in a range of fields 

including engineering, biology, ecology, biology, criminology and finance (Hosmer and Lemeshow, 

2013; Agresti, 2002). While a brief review of LR is provided in the following sections, a 

comprehensive review of LR is provided by Hosmer and Lemeshow (2013).  
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Logistic regression: principles 

Logistic regression transforms the estimated probabilities (constrained between 0 and 1) of the 

outcome (e.g. presence or absence) into a continuous response variable that is a linear function of 

the explanatory variables using a logit transformation. This logit transformation can be defined as: 

     ln (𝑜𝑑𝑑𝑠) = 𝑙𝑛 [
𝑝

1−𝑝
]   Equation 8.1 

where: 

p= the probability of an event occurring 

The logit can then be modelled as a linear function of one or more explanatory variables to 

produce a logistic regression equation: 

𝑙𝑛 [
𝑝

1−𝑝
] = 𝛼 + 𝑏𝑋   Equation 8.2 

where: 

𝛼 = is the intercept  

X = is a vector of k explanatory variable(s) and bX includes the slope coefficients for each 

explanatory variable so that bX = b1X1, b2X2, ... bkXk (Helsel and Hirsch, 2002).  

Consequently, logistic regression predicts the logit, the natural log of the odds of a given 

occurrence of a particular event. For instance, in relation to this research, an LR model is used to 

predict the log odds of a private well-being contaminated with E. coli given the series of 

independent variables. These log odds can then be retransformed back into simple probability 

units constrained between 0 and 1 using the following: 

𝑃 =  
𝑒(𝑎+𝑏𝑥)

(1+𝑒(𝑎+𝑏𝑥))
     Equation 8.3 

where 

P = probability that E. coli is present 

X = vector if n explanatory variables 

α = constant 

b = vector of slope coefficient values  

Equation 8.3 can subsequently be adjusted to include multiple independent variables for the 

application of MLR (see Equation 8.4). The resulting probability is interpreted as the probability of 

the event happening. Using a threshold of 0.5, a probability of <0.5 indicates that the event is less 

likely to occur, while a value of >0.05 indicates a greater probability of occurrence.  
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𝑃 =  
𝑒(𝑎+𝑏1𝑥1+𝑏2𝑥2+ ....+𝑏𝑛𝑥𝑛)

(1+𝑒(𝑎+𝑏1𝑥1+𝑏2𝑥2+....+𝑏𝑛𝑥𝑛))
    Equation 8.4 

In conventional linear regression, unknown parameters (𝛼 and 𝑏) of the model are estimated 

using the least squares method. Values are chosen for the slope and intercept elements of the 

regression equation that minimise the sum-of-squared deviations of the observed values of Y 

from the predicted values based on the model. For logistic regression, the method used to 

determine the unknown model values is based on the principle of maximum likelihood. The 

maximum likelihood yields values for the unknown parameters that maximise the probability of 

obtaining the observed set of data. This method is applied using a likelihood function that 

expresses the probability of the observed data as a function of the unknown parameters. The 

maximum likelihood estimates of the parameters are the values that maximise this function. 

Examples of these processes are outlined by Hosmer and Lemeshow (2013); however, in practice 

the maximum likelihood estimates of 𝛼 and 𝑏 are calculated by the statistical software package.  

Once the coefficients have been estimated, the significance of the variables in the model can be 

examined. This involves the formulation and testing of a statistical hypothesis to determine 

whether the independent variables are significantly related to the outcome variable. In essence, 

this poses the question “Does the model that includes the variable in question tell us more about 

the outcome or response variable than a model that does not include that variable?” This 

question is answered by comparing the observed values of the response variable to those 

predicted by each of the two models. If the predicted values with the variable in the model are 

better, then it can be said the independent variable is indeed significant within the model. It 

should be noted that this is not considering whether the predicted values are an accurate 

representation of the observed values in an absolute sense. In logistic regression, comparisons of 

observed to predicted values are based on the log-likelihood function. The change in the model 

due to the inclusion of an independent variable is calculated by likelihood ratio test statistic (G in 

Equation 8.5). This is reported by the statistical software.  

𝐺 = −2 (𝐿0 − 𝐿1)    Equation 8.5 

where  

G= Likelihood ratio test statistic 

L0= Log likelihood of the intercept only model 

L1= Log likelihood of the fitted model 
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Other indicators of model performance should be considered, notably the Nagelkerke R-square 

measure and the Wald test. The Wald test is the ratio of the maximum likelihood estimate of the 

slope parameter (β1) to an estimate of its standard error (Hosmer and Lemeshow, 2013). 

Although useful, Hosmer and Lemeshow, (2013) state that the likelihood ratio is still preferred.  

Once a model has been developed, it desirable to know whether or not the probabilities produced 

accurately reflect the actual outcome variable. This is referred to as the model’s goodness of fit 

(Hosmer and Lemeshow, 2013). If the observed values of the outcome variable are denoted 𝑦′ =

(𝑦1, 𝑦2, 𝑦3 … . , 𝑦𝑛) and the fitted values produced by the model are denoted as denoted �̂�′ =

(�̂�1, �̂�2, �̂�3 … . , �̂�𝑛), a model can be described a good fit if the summary measures of the distance 

between 𝑦 and �̂� are small, and if the contribution of each pair of (𝑦𝑖 , �̂�𝑖) to the summary 

measures are unsystematic and small relative to the error structure of the model (Hosmer and 

Lemeshow, 2013). Numerous approaches exist for determining the goodness of fit. The Hosmer-

Lemeshow goodness of fit (HL) statistic, outlined in Hosmer and Lemeshow, (2013), and used by 

Hynds (2012), is applied here. In this approach, observed and predicted probabilities are 

partitioned, commonly into 10 groups based on the respective probabilities of success (high to 

low) (Agresti 2002). The observed and fitted counts are compared using a calculated HL statistic 

and chi square distribution, with null hypothesis that the model fits that data (Agresti, 2002; 

Hynds, 2012).  

Logistic regression: covariate selection and model development 

An important aspect of LR is the selection and inclusion of appropriate covariates to include 

within the final model. Hosmer and Lemeshow (2013) outline several strategies for selecting 

variables and developing a reasonable LR model. One such strategy outlines several steps for the 

“purposeful selection” of variables. This purposeful selection begins with careful univariable 

analysis with each of the independent variables (as was done in Section 8.2, and hence why it was 

deemed a necessary precursor). As outlined previously, the most suitable method for the 

univariable analysis depends on the data structure. For categorical variables, analysis can be done 

with contingency tables of independent versus dependent variables and associated and Chi 

square tests. For continuous variables, univariable analysis can be done using univariable logistic 

regression or two sample t-tests. Statistical significance as indicated by the tests can then be used 

to identify candidate variables that should be included in the initial LR model.  

Hosmer and Lemeshow (2013) do however state that the selection of a threshold significance 

level (below which a variable is included in the LR) is important. For instance, the conventional 

significance level of 0.05 may be too harsh. Furthermore, this may exclude variables that are only 

weakly associated with the dependent variable in the bivariate tests; however, these variables 

may, in combination with other variables become significant in the multiple logistic regression. As 
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a result, Hosmer and Lemeshow (2013) suggest that a significance value of 0.25 be used, and that 

this may be increased where considered necessary. Consequently, inclusion must also consider 

the perceived importance of each variable to the system being modelled.  

Once a model has been fitted using these variables their individual significance can be assessed. 

Variables that do not contribute should be removed and a new model fitted. The performance of 

the new model can then be compared to the previous model using the likelihood ratio test. In 

addition to comparing the performance of the overall model, individual coefficients from the 

initial model should be compared to the revised reduced model. A notable change in a variable’s 

coefficient (∆�̂� > 20%) indicates that one or more of the variables removed from the initial 

model have an important effect on the variables that remained in the model. In this situation, 

these variables should be re-entered into the model. This manual process of removal, assessment 

and reintroduction should be repeated until only statistically important variables are left in the 

model. Following this, all variables not selected for entry into the initial model due to the results 

of the univariable analysis should be now be entered one at a time with individual variable 

significance and model performance assessed accordingly. The resulting model, termed the main 

effects model should now contain all the essential independent variables.  

Once the main effects model has been developed, potential interactions between variables 

should be investigated. An interaction between two variables implies that the effect of each 

variable is not constant over levels of the other variables. These interactions can take many forms 

(Hosmer and Lemeshow, 2013). For instance, consider a model containing two independent 

variables, one being dichotomous and the other continuous. If the association between the 

continuous independent variable and the dependent variable is the same for the two levels of the 

dichotomous independent variable, then it can be said that the is no interaction effect. However, 

when interaction is present, the association between the continuous independent variable and 

the dependent variable would differ depending on the level of dichotomous independent 

variable. In LR model development these interactions can be assessed by the inclusion of an 

appropriate higher order term, such as a variable that is equal to the product of the two variables 

(Hosmer and Lemeshow, 2013).  

Several other approaches exist for entering variables into a LR model (Hosmer and Lemeshow, 

2013). In contrast to the purposeful selection process, some argue that all variables should be 

included in the model regardless of the results of the univariable analysis. Another approach is 

the stepwise method, whereby a variable’s inclusion or exclusion is based on statistical criteria 

and a specific algorithm. The two main stepwise entry methods are forward selection with a test 

for backward elimination, and backward elimination followed by a test for forward selection. 
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Hosmer and Lemeshow (2013) outline the stepwise forward selection followed by backward 

elimination method which was also used by Hynds (2012). The initial step (step 0) begins by the 

fitting of an intercept only model. Following this, univariable logistic regression models are fitted 

for the dependent variable and each of the independent variables. Each of these models are then 

compared to the intercept only model by way the likelihood ratio test and associate p value. The 

individual variable that yields the lowest p value is termed the most important variable. This p 

value is subsequently compared to a defined alpha value. If the p value associated with the most 

important variable is less than the chosen alpha level, then the statistical programme proceeds to 

step 1 whereby a LR model is fitted containing the most important variable. To determine 

whether other independent variables can contribute to the model, they are fitted to the model 

that already contains the most important variable. Again, these models can be assessed against 

the model containing the most important variable only using the log likelihood ratio statistic and 

associated p-value. If the lowest p value from all the independent variables is not lower than the 

chosen alpha level, then the procedure ends. However, if it is lower, then that variable is included 

in the model. The model would therefore now include two independent variables. It is possible 

that by adding a new variable a previously included variable can become insignificant. Therefore, 

a backwards elimination check is carried out. This is done by fitting a model that deletes one of 

the independent variables (added in a previous step), and assess its importance again via the log 

likelihood ratio and p value. To decide whether or not this variable should be removed, the p 

value is compared to a second predefined alpha value, which indicates the minimal level of 

continued contribution to the model. This procedure of forward inclusion and backward 

elimination continues for the as of yet not included variables.  

When defining a stepwise procedure, particular consideration should be given to the impact that 

choosing different alpha levels can have on the LR model. The alpha value of 0.05 commonly is 

used in other statistical procedures, and was used in the LR model developed by Hynds, (2012) to 

predict private well microbial contamination. As discussed with respect to bivariate analysis for 

purposeful selection, an alpha of 0.05 is considered by Hosmer and Lemeshow (2013) to be too 

stringent. This may result in the non-inclusion of variables that could potentially contribute to the 

model. A value of between 0.15 and 0.2 is recommended. Following this the second alpha value 

used for variable elimination can also detrimentally affect the overall model if it is too low. The 

lower this alpha level the more stringent the model is which may result in the exclusion of more 

variables. It should also be noted that the variables that are left in the model at this stage are 

statistically significant to the alpha levels set for the stepwise procedure; however, they are not 

necessarily the variables that must remain in the final model.  
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Hosmer and Lemeshow (2013) state that purposeful selection can prove superior to stepwise 

entry as it can retain important confounders that may otherwise be excluded by the stepwise 

method. Nonetheless, stepwise parameter entry is useful and can examine potential models that 

include variables that are otherwise not considered under the purposeful selection method. In 

particular, stepwise methods can be most valuable where there are a large number of 

independent variables with an unknown relationship between them and the dependent variable. 

In such a case the stepwise selection can be an effective screening tool (Hosmer and Lemeshow, 

2013). However, the stepwise methods should not replace practical judgement of the system 

being modelled. A modified method of entry can combine aspects of the purposeful and stepwise 

selection methods. In this method, the stepwise procedure is performed, but with one or more of 

the known important covariates already entered into the model. The stepwise procedure 

therefore selects the remaining covariates as appropriate. Interaction terms can then be assessed.  

Logistic regression: sample size 

Another important aspect to consider when developing a logistic regression model is the 

appropriateness of the sample size. Hosmer and Lemeshow (2013) state that relatively little work 

has been done on sample sizes in logistic regression. One important consideration with regards to 

sample size is the number of events per covariate (Hosmer and Lemeshow, 2013). This was 

examined by Peduzzi et al. (1996) and further reviewed by Hosmer and Lemeshow (2013). Peduzzi 

et al. (1996) showed that a minimum of 10 events per covariate are required to avoid problems 

within the model. In the case of this research, one event is the presence of E. coli in a well. Out of 

the total 212 wells included in this study E. coli was detected 32 times. Following this and the 

work by Peduzzi et al. (1996) the final model should only contain three covariates. Further work 

by Vittinghof and McCulloch (2006) examined this “rule of 10” extensively, and found it to be 

excessively conservative. Vittinghof and McCulloch (2006) found the 5-9 events per parameter 

was acceptable. Hosmer and Lemeshow (2013) state, however, that these rules should be treated 

as guidelines and care must always be taken when interpreting any model coefficients. 

Logistic regression: multi-collinearity 

Considerations must also be made for the potential influence of multi-collinearity. Multi-

collinearity refers to when at least one independent variable is closely related to one or more 

other independent variables (Helsel and Hirsch, 2002; Kleinbaum and Klein, 2010). Helsel and 

Hirsch (2002) state that multicollinearity can give rise to several undesirable consequences for the 

final regression equation. For instance, resulting slope coefficients can be unstable, as a small 

change in one or a few data values can cause a large change in coefficients. Additionally, 

coefficients may be unrealistic in sign (i.e. positive/negative). Agresti (2002) states that for a 

model with several independent variables, correlations among them may make it seem that no 
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one variable is important when all the others are in the model. The variable may seem to have 

little effect because it overlaps considerably with other predictors in the model. Helsel and Hirsch 

(2002) state that multi-collinearity is of greatest concern when making inferences from 

coefficients. However, it is of less concern when only predictions are of interest.  

When serious multi-collinearity is identified, Helsel and Hirsch, (2002) and Kleinbaum and Klein, 

(2010) suggest several possible actions. Kleinbaum and Klein (2002) state that the most popular 

option for correcting the problem is to exclude one of the variables. However, when a variable is 

dropped, this does not mean that this term is non-significant. Rather, it means that having such a 

term with other variables in the model makes the model unreliable. A second option for 

correcting collinearity is to define a new variable from the variables causing the problem. This is 

sufficient provided the new variable is interpretable with respect to the system being modelled.  

In summary, the goal of LR is the same as any model building technique, in that it aims to develop 

the best-fitting yet reasonable model to describe the relationship between a set of independent 

variables and a dependent variable. The resulting model can be used as a predictive tool, 

estimating the likelihood of an outcome given the values for the independent variables.  

8.5 Review of logistic regression applications to private wells 

Previous research has applied MLR to the assessment of private well contamination in Ireland 

(Hynds et al., 2012; O’Dwyer et al., 2014). In these studies, the binary response variable was the 

presence or absence of faecal contamination. Variables found to be significant in the models were 

considered to be associated with well contamination. The findings from these studies, the MLR 

models developed and the predictive capabilities are now reviewed. Note, while MLR has been 

used in several environmental applications elsewhere worldwide, few studies have applied MLR 

to modelling private well contamination. Hence, this review focuses on the previous Irish 

applications as these were deemed most relevant.  

A study by O’Dwyer et al. (2014) assessed the occurrence of E. coli in 125 private wells in the Mid-

West region of Ireland. The presence/absence of E. coli was subsequently used, in combination 

with logistic regression analysis, to assess the potential influence of bedrock and aquifer type and 

antecedent rainfall on the susceptibility of a well to contamination. Two LR models were 

developed. The first LR model contained the variables bedrock type and antecedent rainfall. Both 

variables were significant in the model, which correctly classified 75.2% of contamination cases. 

The second LR model contained the variables aquifer type and antecedent rainfall. Again, both 

independent variables were significant within the model, this time correctly classifying 77.9% of 

contamination cases. The study concluded that both hydrogeological setting and antecedent 
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rainfall were significantly related to microbial contamination, and that karstic aquifers are 

particularly vulnerable.  

While the work by O’Dwyer et al. (2014) illustrates an important association between well 

susceptibility to contamination and hydrogeological setting, it does not assess the influence of 

other site-specific variables relating to sources of contamination and wellhead completion. This 

was, however, assessed by Hynds et al. (2012).  

The research by Hynds et al. (2012) used MLR to develop a microbial contamination susceptibility 

model for private wells using a comprehensive list of site specific variables. The variables assessed 

included hydrogeological setting, well design properties, as well as potential sources of 

contamination, including agricultural sources and a DWWTS. A total of 262 private groundwater 

wells from six distinct study areas were identified, surveyed, sampled and analysed for the 

presence of thermotolerant coliforms (TTC) as part of the research. Multiple logistic regression 

models were developed for each individual study area, with a final model then developed based 

on data from five of the study areas, with the remaining area used for model validation.   

Parameter entry into the model was based on a process similar to the hybrid method discussed 

above, with features of both the purposeful and stepwise selection methods. All potential risk 

factors of significance were entered into the LR model, based upon perceived importance from 

bivariate evaluation (similar to the analysis in Section 8.2). A stepwise method of entry (forward: 

conditional) was used for the majority of predictor variables, with variable entry taking place at p 

= 0.05 and removal at p = 0.1. If bivariate analysis resulted in a high level of association (p < 0.01) 

between a predictor variable and the outcome variable, the variable was ‘‘forced’’ into the model. 

If a potential predictor variable was insignificant within the model after forced entry, stepwise 

entry was automatically assigned, and the model subsequently rerun. 

The resulting model developed by Hynds et al. (2012) exhibited an overall mean predictive 

accuracy of 84% for TTC presence or absence. Specifically, the model exhibited a high predictive 

accuracy (94%) in predicting absence, however the accuracy was much lower when predicting the 

presence of TTC (59.7%). The significant variables included in the final model are presented below 

in Table 8.12.  

Table 8.12 Variables included in the final overall HLR model developed by Hynds et al. (2012) 

Septic tank setback distance (m) Liner clearance 

Septic tank up gradient Wellhead cover 

Septic tank on gradient Ground condition within 10 m wellhead radius 

Septic tank down gradient Wellhead ingress 

Dinantian limestone bedrock Road on gradient 

Subsoil thickness (>3 m) 120h precipitation 
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However, a potential limitation of the research by Hynds et al. (2012) was the use of TTC as the 

indicator of faecal contamination. The term “thermotolerant coliform” has been used in aquatic 

microbiology to denote a subset of coliform organisms which grow at 44 or 44.5oC and ferment 

lactose (Bartram and Balance, 1996; Ashbolt et al., 2001). However, limitations have been shown 

in the use of TTC as indicator bacteria. Although they are often termed faecal coliforms, research 

has shown that they may originate from non-faecal sources (hence why the subgroup is now 

commonly referred to as thermotolerant instead of faecal) (Bartram and Balance, 1996; Scott et 

al., 2002; Tallon et al., 2005). In contrast, E. coli are almost exclusively of faecal origin and are, 

therefore, considered a better and more reliable faecal indicator microorganism than TTC (Edberg 

et al. 2000; Leclerc et al. 2001; Hachich et al. 2012). Comparison tests were carried out by Hynds 

et al. (2012) between this membrane filtration method and the IDEXX Colilert-18 method used in 

this research. This comparison found that >90% of the thermotolerant colonies isolated using the 

membrane filtration method were in fact E. coli; however, this varied both seasonally and 

spatially. In an earlier study Hachich et al. (2001) investigated and quantified the mean 

percentage of TTC that were actually E. coli. The study found that of the TTC quantified, 

approximately 80% were E. coli. Using TTC as an indicator would therefore, in theory, yield more 

positive results.  However, as E. coli is considered a more accurate indicator of faecal 

contamination, a model based on E. coli would be preferable and potentially more indicative of 

faecal contamination in private wells.  

In summary, MLR models have been used successfully in the study of private well contamination. 

However, the research by Hynds et al. (2012) and O’Dwyer et al. (2014) have limitations. The 

research by Hynds et al. (2012) based the MLR model on the presence/absence of TTC. While the 

study by O’Dwyer et al. (2014) favourably used E. coli instead of TTC, it included fewer 

independent variables, with none relating to contamination sources or well design. Consequently, 

this current research aims develop a MLR model using the substantial number of potential 

explanatory variables, while also using E. coli as the response variable. Nonetheless, the research 

by Hynds et al. (2012) and O’Dwyer et al. (2014) provide useful comparisons for the current work, 

and are referenced throughout the following sections.  

8.6 Logistic Regression: Methodology 

The methods used in the application of LR and MLR in this research are now discussed. The results 

from this analysis are then presented in Section 8.7, with interpretation and a discussion provided 

in Section 8.8.   
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Univariable Logistic Regression 

Firstly, to illustrate the application of LR to the data, each site-specific variable was assessed 

individually for association with E. coli P/A using LR. While this is essentially another form of 

bivariate analysis (as conducted in Section 8.2), it is another way of analysing the influence of 

each variable on private well contamination, and is a useful precursor to MLR and the purposeful 

selection method outlined by Hosmer and Lemeshow (2013). This approach was also used by 

Tesoriero and Voss (1997). Furthermore, by assessing each variable individually using LR, it 

determines whether any one variable can predict private well contamination. Due to the 

aforementioned influence of well type (dug/bored) on several well design features, this analysis 

was performed on the amalgamated dataset of bored wells only. 

Multivariable Logistic Regression 

Multiple logistic regression (MLR) analysis was then performed. As outlined in Section 8.4, 

collinearity between independent variables can have detrimental effects on LR models. 

Consequently, collinearity was assessed between the independent variables in the current 

dataset. Helsel and Hirsch (2002) state that variance inflation factors (VIFs) are excellent 

diagnostics for measuring multi-collinearity, with increasing VIFs indicating increasing collinearity. 

VIFs of around one are ideal; however, VIFs greater than ten indicate serious collinearity. 

Tolerance statistics are the reciprocal of the VIF, and are interpreted as the proportion of variance 

in coefficients for individual covariates not accounted for by other independent variables in the 

model. Variables with a low tolerance statistic (<0.7) contribute little additional information to the 

model. Both VIFs and tolerance statistics were also employed in by Hynds et al. (2012). Although 

these indicators of collinearity are not available for LR models in common statistical packages, 

Menard (2002) states that they can be calculated using a linear regression model with the same 

independent and dependent variables (as the concern of collinearity is related to the independent 

variables, and so the functional form of dependent variables is irrelevant). Consequently, these 

statistics were calculated for independent variables in this model.  

Firstly, as anticipated, and as discussed previously, significant collinearity is apparent between 

well types (dug versus bored) and well design properties. Consequently, the MLR model is 

developed using only the bored well data. This approach was also taken by Hynds et al. (2012). 

This is deemed as the best possible way to get a true representation of the contamination 

processes in boreholes, which are by far the more common well type in Ireland. However, it must 

be noted that the findings from the bivariate analysis of well type and E. coli P/A are still 

important. Dug wells are considerably more likely to be contaminated than bored wells. Secondly, 

and as discussed in Section 8.2, significant collinearity is apparent between the presence/absence 

of a well cover and a concrete surface apron (tolerance statistic <0.7). This is likely due to the 
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construction of one with another (e.g. a pumphouse is often constructed with a concrete base). 

Due to this collinearity, the presence/absence of a concrete apron variable was removed from the 

dataset. Again, this does not mean that the concrete surface apron does not influence 

contamination.  

As discussed in Section 8.4, sample size is a key factor to be considered when developing a MLR 

model. In the work by Hynds et al. (2012), a MLR model was developed for each individual study 

area, as well as the overall model. However, it should be noted that the number of wells that 

tested positive for E. coli in this study is much lower than the number of wells that tested positive 

for TTC in the study by Hynds et al. (2012). While an individual model would be desirable for each 

of the study areas in this research, the small number of events (E. coli occurrence) makes it 

statistically nonviable. Following the “rule of 10” or the range of 5-9 events per parameter, each 

model could contain a maximum (or in some cases not even) one independent variable. The 

fitting of more variables could lead to erroneous model coefficients and significance tests and in 

turn unreasonable inferences. Therefore, for this research, it is only viable to produce an overall 

LR model for the amalgamated dataset. A greater number of events (wells that test positive for 

contamination) aids the development of a logistic regression model. This is somewhat of a 

limitation for this current work. However, as discussed, E. coli is considered a better indicator of 

faecal contamination than TTC. Consequently, if the model is limited using E. coli as the response 

variable, this is still informative, and so the model development based on E. coli is warranted.  

Two different parameter entry methods were applied and evaluated to the dataset in an effort to 

attain the best fitting model. Firstly, the purposeful selection method outlined by Hosmer and 

Lemeshow (2013) and presented in Section 8.4 was applied.  As discussed, Hosmer and Lemeshow 

(2013) state that purposeful selection can prove superior to stepwise entry as it can retain 

important confounders that may otherwise be excluded by the stepwise method. Secondly, a 

hybrid method of parameter selection and model development (a combination of the purposeful 

selection and stepwise procedures) was used. A hybrid method was also employed by Hynds et al. 

(2012) and was deemed suitable. Using a similar method to that used by Hynds et al. (2012) also 

allows for comparisons to be made between the respective findings. In this hybrid method, 

variables found to be significantly associated with E. coli P/A were entered into the model. A 

stepwise entry (Forward: Conditional) procedure was used for the remaining predictor variables. 

The predefined alpha values were selected based on those used by Hynds et al. (2012) and 

Tesoriero and Voss (1997), with variable entry taking place at p= 0.05 with subsequent removal at 

p= 0.1. If one of the variables that were manually entered into the model were found to be 

insignificant, they were assigned to the stepwise procedure and the model was rerun.  
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The potential presence of any interactions was then assessed. These interactions assess whether 

the effect of one variable varies over the levels of another variable (discussed in Section 8.4). 

Interaction effects were assessed through the inclusion of a variable that is equal to the product 

of the two variables, as outlined by Hosmer and Lemeshow, (2013). Interaction effects were 

assessed for variables that were found to be significantly associated with E. coli P/A in the model, 

as well for variables that would be expected to be associated with E. coli given previous research 

and current understanding of well contamination. For instance, antecedent rainfall and several 

wellhead variables were found by Hynds et al. (2012) to be associated with microbial 

contamination. Intuitively, one might expect the influence of precipitation to depend on the 

adequacy of the wellhead completion (i.e. the presence/absence of a cover or cap).  

The predictive capability of the final MLR is assessed. A cut off classification of p=0.5 is used (i.e. 

p>0.5 predicts E. coli presence while p<0.5 predicts E. coli absence) to compare observed E. coli 

P/A from predicted E. coli P/A.  

Note, as discussed in Section 8.5, Hynds et al. (2012) used data from an additional study area to 

perform a model validation step. For this current research, resources were not available to 

include an additional study area for such a purpose. While one of the four study areas could have 

been omitted from the model development and subsequently used for validation, given the 

already limited sample size, it was deemed most suitable to develop the model with all four study 

areas included.  

8.7 Logistic Regression: Results 

Univariable Logistic Regression 

Results from this simple univariable LR analysis are shown in Tables 8.13 – 8.16 (note, only the 

variables found to be significant are shown). The corresponding likelihood ratio test statistics and 

corresponding significances are shown in Table 8.17. 

Table 8.13 LR model for point source of agricultural contamination within 100 m P/A. 

  B Sig. Exp(B) 

Point ag. cont. source within 100 m P/A 1.908*1 .000 6.739 

Constant 2.537*2 .000 .079 

Where: *1 and *2 are β and α in Equation 8.3, respectively. 

Table 8.14 LR model for well cover P/A. 

  B Sig. Exp(B) 

Well cover P/A -.897 .039 .408 

Constant -1.213 .000 .297 
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Table 8.15 LR model for well cap P/A. 

  B Sig. Exp(B) 

Well cap P/A -1.383 .005 .251 

Constant -1.325 .000 .266 

 

Table 8.16 LR model for concrete surface apron P/A. 

  B Sig. Exp(B) 

Concrete surface pad P/A -1.228 .008 .293 

Constant -1.348 .000 .260 

 

Table 8.17 Likelihood ratios test results for univariable LR analysis. 

Variable Likelihood ratio test statistic Likelihood ratio Sig.  

Ag. point source P/A 19 <0.01 

Well cover P/a 4.1 0.04 

Well cap P/A 9.46 <0.01 

Concrete pad P/A 7.83 <0.01 

 

As anticipated, the results are similar to those found in Section 8.2. The LR models for each of 

these four variables were significant based on the likelihood ratio test. This shows that the 

individual models that include each variable tell us more about the presence/absence of E. coli 

than a model that does not include that variable. The presence of a point source of agricultural 

contamination was significantly associated with E. coli P/A. The resulting odds ratio shows that 

wells within 100 m of point source of agricultural contamination are 6.8 times more likely to be 

test positive for E. coli. Note, this is similar to the bivariate analysis, which yielded an odds ratio of 

6.7 (95% CI 2.84 – 15.9). Three wellhead variables were significantly associated with E. coli. In 

terms of odds ratios, wells not fitted with a cover, cap and concrete surface apron were 2.5, 4.0 

and 3.4 times more likely to test positive for E. coli, respectively (see Figure 6.2 for definitions and 

examples of these wellhead variables).  

While the results from the individual LR models indicate that these variables are significantly 

associated with E. coli P/A, when a cut off classification of p=0.5 is used, none of the models 

correctly classify/predict contamination occurrence. This can be illustrated using the classification 

tables provided by the SPSS software. Classification tables illustrate the number of wells observed 

to have tested positive/negative for E. coli versus the number of wells predicted by the model to 

test positive/negative for E. coli. The classification table for the model that includes the 

presence/absence of a point source of agricultural contamination in shown in Table 8.18. This 

model has an overall predictive accuracy of 86.2%. While this appears be a high overall accuracy, 

the model has failed to predict any incidences of contamination. 
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Table 8.18 Classification table for the LR model including agricultural point source variable. 

Observed 

Predicted 

E. coli P/A Percentage 
Correct .0 1.0 

E. coli P/A 
.0 169 0 100.0 

1.0 27 0 0.0 

Overall Percentage 
  

86.2 

 

The reason for this apparent high level of accuracy (86%) can be illustrated by examining a null 

model, which includes only the intercept term and no independent variables. The null model 

predicts that all wells are negative for E. coli. This model will correctly predict E. coli absence in 

wells that tested negative for E. coli, and incorrectly predict E. coli absence for the wells that 

tested positive. However, as most wells were indeed negative for E. coli, the null model will make 

correct predictions more often than not. The classification table for this null model is shown in 

Table 8.19. While the model has an overall predictive accuracy of 86.2%, it has failed to predict 

any E. coli presence.   

Consequently, while models containing the individual independent variables are significant, their 

predictive capacity is no better than the null model. These results highlight that while individual 

variables are related to E. coli, on their own, they are not capable of predicting likelihood of 

contamination. Furthermore, these results highlight how the predictive capacity of an MLR must 

be considered carefully. This is addressed further with respect to the MLR model developed 

below. 

Table 8.19 Classification table for the null LR model. 

Observed 

Predicted 

E. coli P/A Percentage 
Correct .0 1.0 

E. coli P/A 
.0 169 0 100.0 

1.0 27 0 0.0 

Overall Percentage 
  

86.2 

Multiple Logistic Regression: Results 

The purposeful and hybrid parameter entry methods both yielded the same models containing 

just two independent variables significant to the p <0.05 level. Firstly, with respect to the 

purposeful selection procedure, to begin, the three variables significantly associated with E. coli in 

the bivariate analysis (P/A of a point source of agricultural contamination, well cap and well 

cover) were entered into an MLR model. While all three variables were significant in individual 

bivariate LR models, only two variables (P/A of a point source of agricultural contamination and 

well cap) were significant within the MLR model (p<0.05). Well cover P/A was no longer significant 

(p=.25). It is likely that the well cover variable is no longer significant due to a certain degree of 
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collinearity with the remaining two variables (despite acceptable VIFs and tolerance statistics). 

The well cover variable was removed and the model was rerun with the two remaining variables. 

In the resulting MLR model, as anticipated, both the P/A of a point source of agricultural 

contamination and well cap were again significant. Notably, the coefficients for both variables had 

not changed considerably (∆�̂� < 20%) compared to the initial MLR model. Furthermore, the 

overall model performance had not been reduced by removing the well cover P/A variable, and 

hence it was deemed appropriate to exclude it. Following this, all variables were manually 

entered one by one with model performance indicators assessed; however, no variables were 

significant within or improved the overall performance of the resulting model. Secondly, with 

respect to the hybrid parameter entry method, the stepwise (Forward: Conditional) procedure to 

did not enter any other explanatory variables into the MLR. 

The final MLR model (containing well cap P/A and point agricultural contaminant source P/A) is 

shown in Table 8.20. The resulting regression equation and coefficients show that wells not fitted 

with a well cap are 3.5 times more likely to be contaminated with E. coli. Wells in proximity to a 

point source of agricultural contamination are 6.1 times more likely to be contaminated with E. 

coli.  

The likelihood ratio test for the model is significant (X2=25.9, p<0.01), indicating that the model 

explains considerably more variance in the dependent variable than the null model (which 

includes no independent variables). The resulting Hosmer-Lemeshow goodness of fit test is 

insignificant (X2=0.26, p=.987), indicating that the model fits the data well. No interaction effects 

were found to be significant within the model.  

Table 8.20 Final multiple logistic regression model. 

 
ß S.E. ß Sig. Exp. (ß) 

Well cap P/A -1.247 .508 .014 .287 

Point agricultural 
contaminant source P/A 

1.812 .451 .000 6.120 

Constant -2.041 .346 .000 .130 

 

 

While the model is significant, when a cut off classification of p=0.5 is used, it does not have the 

ability to effectively predict private well contamination. The classification table for the resulting 

model is shown in Table 8.21. The model has an overall predictive accuracy of 86.2%. This is 

exactly the same as the null model classification table shown in Table 8.19. the accuracy in 

predicting E. coli presence is still 0%.  
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Table 8.21 Classification table for the LR model (threshold 0.5) 

Observed 

Predicted 

E. coli P/A Percentage 
Correct .0 1.0 

E. coli P/A 
.0 169 0 100.0 

1.0 27 0 0.0 

Overall Percentage 
  

86.2 

 

To assess the actual probabilities produced by the logistic regression associated with final MLR, 

the cut-off value was adjusted, with predictive performance monitored. Notably, when a cut off 

classification of 0.4 is used (i.e. p>0.4 predicts E. coli presence while p<0.4 predicts E. coli 

absence), the model becomes much more accurate at predicting E. coli presence (Table 8.22). 

Notably, the capacity to predict E. coli presence has risen to 48%. Further interpretation of this 

MLR model, its predictive capacity, and comparisons to the model developed by Hynds et al. 

(2012) are discussed in the following section. 

Table 8.22 Classification table for the LR model (threshold 0.4) 

Observed 

Predicted 

E. coli P/A Percentage 
Correct .0 1.0 

E. coli P/A 
.0 153 16 90.5 

1.0 14 13 48.1 

Overall Percentage 
  

84.7 

8.8 Discussion 

In summary, the MLR analysis suggests that proximity to a point agricultural contamination source 

and the presence/absence of a well cap are significant factors in controlling borehole 

susceptibility to E. coli contamination. The significance of the two parameters in the final MLR 

model is expected given the results from the bivariate analysis (Section 8.2), where both 

parameters were also significantly associated with E. coli P/A. Furthermore, the significant 

association between these variables is consistent with literature pertaining to well protection. As 

stated in Section 2.8, the absence of a cap can leave a borehole susceptible to direct ingress of 

contamination, and as discussed in Section 4.2, point sources of agricultural contamination are 

known sources of faecal bacteria (Daly, 2000; Gooddy et al., 2000; Edwards et al., 2008).  

An important finding with respect to the bivariate analysis was that neither geological or DWWTS 

variables were statistically significantly associated with E. coli P/A. The results from the multiple 

logistic regression support this finding, even after all other measured variables are controlled for. 

This has important implications for the understanding of private well contamination in Ireland. 

Initially, with respect to DWWTS, variables such as setback distance, gradient, DWWTS age and 

type should be linked with private well contamination if DWWTS were a significant source of the 

contamination. However, none of these variables were significantly associated with faecal 
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contamination, which means that the statistical tests suggest that DWWTS are not significantly 

associated with the occurrence of E. coli in private wells, at least in these four study areas. 

Secondly, with respect to geological setting, if hydrogeological setting significantly controlled well 

susceptibility to faecal contamination significant associations would be expected with E. coli P/A. 

As discussed in Section 2.5, the nature and extent of bedrock and superficial deposits can greatly 

influence groundwater susceptibility to contamination. However, these influences are not 

apparent in the wells examined in this study. Consequently, these statistical tests indicate that 

hydrogeological setting is not the primary control of E. coli P/A in private wells. Furthermore, no 

interaction effects between DWWTS and geological variables were significantly associated with 

contamination. 

However, it must be noted these are general conclusions based on a particular dataset. They do 

not mean that geological conditions do not influence well susceptibility or that DWWTS are not 

the source of microbial contamination in certain cases (particularly given the findings of Chapter 

10 where fingerprinting techniques identify impacts from DWWTS). Overall associations were just 

not statistically identifiable from the data. For instance, one potential reason for the absence of 

an apparent association between E. coli and the geological variables is the significant association 

between E. coli and well cap P/A. As outlined in Section 4.4, wells can be considered as both 

pathway and receptor components in the source-pathway-receptor model. Hynds (2012) 

concluded from similar research that contamination by way of direct ingress at the wellhead (via 

surface runoff) was a primary contamination mechanism, particularly in low vulnerability areas 

and in hand-dug wells or poorly designed boreholes. Contamination via this pathway would 

bypass any protection afforded by the superficial geology, and mask any associations that would 

otherwise be apparent.  

Notably fewer variables are significant in the MLR model developed by this current research 

compared to the model developed by Hynds et al. (2012). However, for this current research, only 

a small number of independent variables would have been anticipated to be significant within the 

MLR model, given the results from the bivariate analysis and univariable LR (where few significant 

associations were observed). Both models are nonetheless representative of the datasets for the 

respective studies. The site surveying, sampling and analysis protocols and MLR model 

development methods used by the two studies are similar. It is likely therefore that the difference 

between the number of variables significant in the model is due to natural variation in private well 

contamination. This in itself highlights the multifaceted nature of private well susceptibility to 

contamination.  

In contrast to the model developed by Hynds et al. (2012), the final MLR does not have a 

significant ability to predict E. coli presence using a threshold probability of 0.5. However, the 
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concept of the predictive capacity of an LR model can be misleading, and must therefore be 

considered carefully. For instance, the MLR developed from these data has an overall predictive 

accuracy of 86.2%. As outlined in relation to univariable LR, while this sounds reasonably 

accurate, this is the same as the predictive accuracy of the null model containing no independent 

variables. Consequently, it does not accurately predict any E. coli presence. However, this overall 

predictive accuracy value of 86.2% is higher than the predictive accuracy of the MLR model 

developed by Hynds et al. (2012), which had an overall accuracy of approximately 84%. In 

contrast, the model developed by Hynds et al. (2012) had an accuracy of 59.7% when predicting 

TTC presence, which is obviously better than the 0% accurately predicted by model developed in 

this current research.  

When the probability threshold is reduced to 0.4, the predictive accuracy of the current model 

rises to 48%. While this value is still lower than the 59.7% predictive accuracy of the Hynds et al. 

(2012) model, the performances of the two models are approximately comparable. In fact, the 

overall predictive accuracy of this model is now is 84.7%, which is similar to the overall accuracy 

of the Hynds et al. (2012) model (which was 84%). Again, however, while 84% sounds like a 

reasonably high predictive accuracy, in reality, the predictive capability of both models is limited. 

As shown in Table 8.22, the model predicts that 16 wells will have E. coli present when they were 

in fact observed to be of good quality. Furthermore, out of the 27 wells that tested positive for E. 

coli, the model only predicts that approximately 50% will actually have E. coli. In summary 

therefore, the model would still lead to several erroneous predictions. 

While this model does not have an accurate predictive capacity, this does not mean that the 

findings of this MLR model, or the one developed by Hynds et al. (2012) are invalid. The final MLR 

models developed are a valid representation of the data. Based on this data, E. coli P/A is indeed 

significantly associated with well cap and point agricultural contaminant source P/A. However, 

these variables alone are not capable of predicting contamination in an overall sense. These 

results suggest that private well susceptibility to contamination is controlled by several other site-

specific variables. This is not surprising given the number of variables and the known complexities 

involved. However, based on this current data, these factors are not statistically identifiable.  

Considerable disparity is apparent between the findings from the study and those from Hynds et 

al. (2012) and O’Dwyer et al. (2014). The disparity is potentially related to the number of events 

(i.e. number of wells that tested positive for microbial contamination) in each study. Hynds et al. 

(2012) and O’Dwyer et al. (2014) encountered faecal contamination in 29% and 58% of wells, 

respectively. In contrast, just 15% of wells tested positive for E. coli in this current study. Once dug 

wells are removed (as was done to develop the model), this reduces to just 13.8% of wells. The 

greater number of events in the research by Hynds et al. (2012) and O’Dwyer et al. (2014) likely 
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aids the development of the LR model (as discussed with respect to suitable sample sizes and the 

“rule of 10”).  

While O’Dwyer et al. (2014) found faecal contamination to be significantly related to bedrock type 

(karst versus fissured non-karstified), aquifer class and antecedent rainfall, no such associations 

were found in this current study. This disparity is potentially due to the differences in the 

respective study design. First, approximately half of the wells in the study by O’Dwyer et al. (2014) 

were located in karstified bedrock aquifers. This is much larger than the proportion in this current 

research. As O’Dwyer et al. (2014) compared well susceptibility between karst and non-karst 

bedrock (a simple dichotomous variable), a trend would be more easily detected than in this 

current research where a more diverse range of bedrock categories were investigated. 

Furthermore, the research by O’Dwyer et al. (2014) only assessed the influence of certain 

geological conditions, and did not account for site specific factors relating to contaminant sources 

or well design features. Consequently, the research does not account for potential confounding 

effects that could give rise to the observed associations between aquifer and bedrock type. For 

instance, wells located within a certain aquifer type could be in proximity to point contamination 

sources and/or be poorly protected against surface ingress. This could lead to erroneous 

conclusions stating that geological conditions are the primary control on well contamination.  

With respect to Hynds et al. (2012) considerable disparity is also apparent. In this current 

research, fewer site specific variables were found to be significantly associated with E. coli P/A, in 

the bivariate, LR and MLR analysis. Consequently, the resulting MLR model did not have the same 

predictive ability at the 0.5 probability threshold. However, it must be noted that there are 

several limitations of the research by Hynds et al. (2012) that could account for this apparent 

disparity. Firstly, the use of TTC, as discussed in Section 8.5, could contribute to the disparity. 

Secondly, of the six study areas selected by Hynds et al. (2012), four were areas of high or 

extreme groundwater vulnerability. The remaining study area used to develop the model was 

characterised as an area of low groundwater vulnerability, and was chosen to investigate the 

contrast between the two distinct hydrogeological settings. The final catchment used to validate 

the model was of moderate to high groundwater vulnerability. This suggests an over 

representation of extreme or high groundwater vulnerability areas in the final model, which 

would potentially affect the significance of certain parameters. While the resulting model may 

more accurately represent extreme or high groundwater vulnerability areas, its applicability to 

areas of low vulnerability and inadequate percolation would be questionable. As both low and 

extreme/high vulnerability were equally represented in this current study, some disparity 

between the two models is to be anticipated. 



 

184 
 

8.9 Conclusion 

In conclusion, the faecal contamination of private wells is a complex issue. Nonetheless, this 

statistical analysis has yielded interesting results, particularly the absence of association between 

E. coli P/A and geological setting and DWWTS variables. The consistent significant associations 

between agricultural point sources of contamination and E. coli (in both the bivariate and MLR 

analysis) suggest that a considerable proportion of well contamination is attributable to 

agricultural activities. The significant associations between E. coli P/A and several wellhead 

variables (P/A of a well cap, cover and concrete surface apron) and well type (dug vs bored) in a 

bivariate context suggests that contamination is potentially due to direct ingress of contamination 

into the well. Dug wells were considerably more likely to be contaminated compared to bored 

wells, while with respect to bored wells, those that were covered, capped and surrounded by a 

concrete surface apron were considerably less likely to be contaminated. This is further supported 

by the significance of well cap P/A in the final MLR model.  

The significant association between microbial contamination and wellhead variables does suggest 

that private well contamination may be somewhat preventable. Of interest, would be to know 

if/how the water quality of the wells with poor wellhead completion would change if the issues 

pertaining to the wellhead were rectified (e.g. by fitting caps, covers etc.) Although this would 

incur some costs to implement, this research would be warranted and extremely useful. If water 

quality improved, then contamination was likely the result of poor wellhead completion. If water 

quality was still compromised, other contamination pathways are likely. However, this would still 

be informative as remedial actions could then focus on these pathways.  

Several factors must be considered when interpreting these results. Firstly, small sample sizes are 

somewhat of a limitation. Larger sample sizes would be required to more confidently assess these 

relationships. Given that previous research has been conducted (e.g. by Hynds et al. 2012 and 

O’Dwyer et al. 2014), a collaborative effort pooling data from all relevant research could 

potentially be a useful exercise that would overcome the issues of small sample size, and 

potentially further characterise well contamination. Secondly, the microbial results are based on a 

one-off sample, and hence it accounts for no temporal variation. Temporal variation in quality is 

considered in Chapter 9.   
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Chapter 9: Temporal variation in water quality and risk 

9.1 Introduction 

This chapter presents results from the monthly sampling of the 24 selected monitoring wells (see 

Section 5.10 and 5.11). Firstly, the wells selected for monitoring are described, with a justification 

of their selection. The monitoring results are then presented and interpreted on a site by site 

basis. For each study area, the results are illustrated, highlighting any trends in temporal water 

quality. Subsequently, these temporal trends are discussed and interpreted to further 

characterise each well, the quality of the water it yields, its susceptibility to contamination, and 

the factors associated with any contamination that has been identified. Correlation analysis 

between the measured parameters and the antecedent rainfall prior to sampling is assessed to 

further characterise any temporal variation.  

A brief review of the temporal variation observed, and what this means for the interpretation of 

one-off sampling of other private wells is then provided. The chapter concludes with a review of 

the site survey, and how effective it was in assessing the quality of the water yielded by each of 

the 24 wells, and how it could be a useful tool in the future.  

Note, only preliminary conclusions are drawn here regarding the factors and potential sources 

associated with the observed contamination. Specific contamination fingerprinting techniques are 

evaluated in Chapter 10, with respect to the same 24 monitoring wells. Therefore, this chapter 

serves as a precursor to Chapter 10 by characterising the water quality associated with each of 

these wells, and illustrating where contamination fingerprinting techniques are required for more 

accurate source identification. It should also be noted that the following inferences are somewhat 

limited by the monthly resolution of the data (i.e. 14 data points for each well and respective 

parameter). As discussed in Section 5.11, improved resolution would be desirable, however, it 

would be resource intensive.  

9.2 Monitoring Wells 

As discussed in Section 5.11, 24 wells (six from each study area) were selected for monitoring 

based on the results of the site surveying and one-off sampling. Figures 9.1, 9.2, 9.3 and 9.4 

summarise each of the selected monitoring wells in terms of their respective site survey, one-off 

sampling results and their assigned colour code (developed in Section 5.10). These summaries will 

be referred to throughout the following section and related to monitoring and tracer results. A 

full list of the site survey results for these 24 wells is presented in Appendix E1.  
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Geological and land-use maps illustrating the location of each of the monitoring wells are 

presented in Appendix E2. As illustrated (and as discussed in Section 6.2), SA1 and SA3 are classed 

as areas of extreme groundwater vulnerability underlain primarily by Ordovician metasediments 

and Dinantian limestone bedrock, respectively. Whereas, in contrast, areas SA2 and SA4 are 

classed as having a high likelihood of inadequate percolation, with greater depths of poorly 

permeable overburden, and underlain primarily by Ordovician volcanics and Dinantian 

limestones, respectively.  

Well I.D. Water quality indicators Description 

CX 52 

E. coli 29 
A 50-year-old, 24 m deep, bored well on a shallow sloping site. 
Poorly finished wellhead located below ground level, is 
uncovered, uncapped and lacks a concrete surface apron 
(Figure 9.5). The DWWTS associated with the site is 30 m 
slightly down gradient, however, there are two DWWTS from 
neighbouring houses (including CX43) that are up gradient of 
the well. The well is located within a working beef/tillage 
farmyard.  

Total 
coliforms 

345 

Nitrate-N 8.0 mg/l 

CX 54 

E. coli 1 
A six-year-old, 37 m deep, bored well supplying a single house. 
The well is covered in a below ground level manhole, but lacks a 
cap and concrete apron. The associated DWWTS is 25 m slightly 
down gradient. However, the site is steeply downgradient from 
four DWWTS associated with CX53, contributing to its selection 
as a monitoring well.  

Total 
coliforms 

29 

Nitrate-N 10.6 mg/l 

CX 53 

E. coli 0 A six-year-old, bored well, that supplies four houses built as a 
single development (located up gradient from CX 54). The well 
is 60 m up gradient from the nearest DWWTS. The well is 
covered by pump house construction, finished above ground 
level, is capped and surrounded by concrete surface apron 
(Figure 9.5). It offers a useful comparison to CX54. 

Total 
coliforms 

0 

Nitrate-N 15.3 mg/l 

CX 23 

E. coli 0 A 34-year-old, 30 m deep, bored well supplying a single house. 
The well is located within a pump house, is finished above 
ground level, is capped and surrounded by a concrete surface 
apron. The associated DWWTS is 30 m steeply downgradient.  

Total 
coliforms 

0 

Nitrate-N 4.7 mg/l 

CX 45 

E. coli 0 
A seven-year-old, 40 m deep, bored well supplying a single 
house. The well liner head is finished above ground level, is 
covered by a manhole and is capped. It does lack a concrete 
surface apron. There is no DWWTS situated up gradient of the 
well. The associated DWWTS is 35 m downgradient. Notably 
high nitrate concentration despite site assessment indicting low 
susceptibility to contamination.  

Total 
coliforms  

11 

Nitrate-N 20.5 mg/l 

CX 43 

E. coli 0 
A 12-year-old, bored well of unknown depth supplying a single 
house. The well is capped, but uncovered, finished below 
ground level and lacks a concrete surface apron (Figure 9.5). 
Located 30 m downgradient of the sites associated DWWTS. 
Five other DWWTS surround the site (both up gradient and 

Total 
coliforms 

8 
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Nitrate-N 6.2 mg/l 
downgradient of the well). It is approximately 100 m from the 
CX52 farmyard. Assessment indicates high susceptibility to 
contamination.  

Figure 9.1 Summary of the site survey and one-off sampling data for the SA1 monitoring wells, 

and the subsequently assigned colour code. (Microbial results are listed as MPN (or CFU)/100ml). 

 

Well I.D. Water quality indicators Description 

BL 25 

E. coli 3 A 15-year-old, 37 m deep, borehole supplying a single house. 
The wellhead liner is finished above ground but is uncovered, 
uncapped and lacks a concrete surface apron (Figure 9.5). The 
well is located 45 m downgradient of the sites associated 
DWWTS, and is downgradient of 2 neighbouring DWWTS.  

Total 
coliforms 

649 

Nitrate-N <1.0 mg/l 

BL 44 

E. coli 1 
A 15-year-old, 34 m, deep borehole supplying a single house. 
The wellhead liner is above ground level; however, it is 
uncovered, uncapped and lacks a concrete surface apron 
(Figure 9.5). The sites associated DWWTS is 30 m on gradient 
with the well. It is directly beside BL37, offering a useful 
comparison. 

Total 
coliforms 

19 

Nitrate-N <1.0 mg/l 

BL 32 

E. coli 0 A nine-year-old, 46 m deep borehole. The well is uncapped; 
however, it is covered and sealed within a pump house with a 
concrete surface apron. The sites associated DWWTS is 45 m 
down gradient of the well. There are no DWWTS up gradient of 
the well. The site is near BL25 and offers a useful comparison. 
The well is fitted with a water softener. 

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

BL 43 

E. coli 0  A 12-year-old, bored well of unknown depth serving a single 
house. The wellhead liner is finished above ground, is covered 
by a pump house, is capped and surrounded by a concrete 
apron. The associated DWWTS is 40 m downgradient of the 
well. The well is in relative proximity to BL44 and BL37 and 
should offer another useful comparison.  

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

BL16 

E. coli 0 A 15-year-old, bored well of unknown depth serving a single 
house. The well is covered, capped, sealed, surrounded by a 
concrete surface apron and finished above ground level. The 
sites associated is DWWTS is located 54 m steeply 
downgradient of the well. High total Coliform results.   

Total 
coliforms 

816 

Nitrate-N 1.0 mg/l 

BL37 

E. coli 0 A 12-year old bored well of unknown depth. The well is capped, 
but otherwise is poorly finished, uncovered and lacks a surface 
concrete apron (Figure 9.5). Located on gradient with the 
associated DWWTS and that of BL44 (see BL44). The well is 
fitted with a water softener.  

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

Figure 9.2 Summary of site survey and one-off sampling data for the SA2 monitoring wells, and 

the subsequently assigned colour code. (Microbial results are listed as MPN (or CFU)/100ml. 
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Well I.D. Water quality indicators Description 

KX 29 

E. coli 4 A five-year-old, 122 m deep bored well. The wellhead liner is 
finished above ground and is covered within a small shed, 
however, it is uncapped. The well is 45 m from and on gradient 
with the DWWTS. The well is located beside a relatively large 
poultry coop (approx.  30 m2 in area).  

Total 
coliforms 

26 

Nitrate-N 4.4 mg/l 

KX 4 

E. coli 0 A 32-year-old, 37 m deep borehole supplying a single house. 
The well is finished above ground, covered by a pump house, is 
surrounded by a concrete surface apron and is capped. The 
associated DWWTS is located 25 m steeply downgradient of the 
well, with no other DWWTS in proximity. The well is fitted with 
a water softener and no source is available without treatment. 

Total 
coliforms 

0 

Nitrate-N 4.4 mg/l 

KX 38 

E. coli 0 An eight-year-old, 55 m deep borehole supplying a single house. 
The wellhead liner, although uncapped is finished above ground 
level, is covered by a manhole and surrounded by a concrete 
surface apron. The sites associated DWWTS is located 30 m 
downgradient of the well.  

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

KX 10 

E. coli 15 A 10-year-old, 91 m deep borehole supplying a single house. 
The well is adequately finished within a pump house. It is 
capped, finished above ground level and is surrounded by a 
concrete surface apron. The associated DWWTS is located 60 m 
downgradient of the wellhead. The site assessment indicates a 
low susceptibility to contamination.  

Total 
coliforms 

236 

Nitrate-N 8.9 mg/l 

KX 13 

E. coli 0 A two-year-old bored well. Although one-off sampling results, 
did not indicate contamination the site assessment indicated 
extremely high susceptibility to contamination (Figure 9.6). The 
well is capped, but poorly covered, sealed and inadequately 
grouted with the annulus surrounding the casing visible and 
susceptible to ingress. It is 45 m on gradient with the DWWTS.  

Total 
coliforms 

0 

Nitrate-N 4.4 mg/l 

KX 31 

E. coli 0 A 13-year-old bored well supplying a single house. The well is 
finished above ground level in a manhole construction. It is 
however, uncapped, poorly sealed and lacks a concrete surface 
apron. The well is also on gradient with the DWWTS and in 
relative proximity (20 m).   

Total 
coliforms 

0 

Nitrate-N 2.5 mg/l 

Figure 9.3 Summary of site survey and one-off sampling data for the SA3 monitoring wells, and 

the subsequently assigned colour code. (Microbial results are listed as MPN (or CFU)/100ml). 

Note, only one well was assigned to the red colour code in SA3 as fewer wells tested positive for 

E. coli, hence limiting selection. Consequently, two susceptible wells (yellow colour code) are 

included. 
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Well I.D. Water quality indicators Description 

CL 2 

E. coli 3 A 3 m deep dug well, supplying a beef and sheep farmyard in 
which the well is located (Figure 9.6). The well is poorly sealed, 
with visible surface runoff from the farmyard towards the wells. 
No working DWWTS are near the well. A disused house and 
associated DWWTS is 40 m down gradient of the well, however, 
this has not been occupied for approximately 8 years.  

Total 
coliforms 

150 

Nitrate-N 9.7 mg/l 

CL 30 

E. coli 0 
A 22-year-old, bored well supplying a single house. The wellhead 
liner is finished above ground level however, it is otherwise 
poorly finished. It is uncapped and loosely covered using poorly 
cemented blocks which lack a concrete surface base. The well is 
just 20 m from the associated DWWTS which is level with the 
well.  

Total 
coliforms 

>2420 

Nitrate-N <1.0 mg/l 

CL 44 

E. coli 6 
A 16-year-old, 55 m deep, bored well supplying a single house. 
The well is inadequately finished. The wellhead liner is located 
below ground level, is uncapped and covered only loosely by a 
poorly fitting manhole cover. Potential for direct ingress. The 
associated DWWTS is 45 m from the well however, it is on 
gradient.  

Total 
coliforms 

43 

Nitrate-N <1.0 mg/l 

CL 9 

E. coli 0 A 10-year-old 30 m deep borehole supplying a single house. The 
wellhead liner is finished above ground level and covered by a 
manhole. The well is however, uncapped and lacks a concrete 
surface apron, typical of the wells in SA4. The associated 
DWWTS is however, located 45 m downgradient of the well.  

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

CL 11 

E. coli 0 

A 10-year-old bored well. The wellhead liner is located above 
ground level. It is covered within a pump house and has a 
concrete surface apron, however, it is uncapped. While the 
absence of a cap increases susceptibility to contamination, the 
majority of wells in SA4 were also uncapped. Hence, CL11 was 
chosen as being adequately finished (with respect to the other 
aspect of wellhead design), but in the context of SA4. The well is 
located slightly up gradient of the associated DWWTS with a 
setback distance of 40 m. The nitrate value is uncharacteristically 
compared to other wells in the area.  

Total 
coliforms 

17 

Nitrate-N 14.1 mg/l 

CL 22 

E. coli 0 A 25-year-old well supplying a house and beef farm. The well is 
located and covered within a pump house with a concrete 
surface apron. The wellhead is however, level with the floor and 
uncapped. The well is downgradient of the beef farmyard and 
DWWTS (setback distance 25 m).  

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

Figure 9.4 Summary of site survey and one-off sampling data for the SA4 monitoring wells, and 

the subsequently assigned colour code. (Microbial results are listed as MPN (or CFU)/100ml). 
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Figure 9.5 Selection of monitoring wells. 
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Figure 9.6 Selection of monitoring wells. 

9.3 Temporal water quality: results and interpretation 

Each well was monitored monthly over a 14-month period from July 2015 to September 2016. The 

following section presents and interprets the monitoring data on a site by site basis. For each 

KX 13 

CL 2 
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study area, the physicochemical, major ion and microbial indicator results are presented. These 

results and any apparent temporal variations are then discussed in relation to each well.  

The influence of antecedent rainfall (24, 48 and 120-hours prior to the sampling) is also assessed. 

However, while the relationship between well water quality and antecedent rainfall is assessed 

for the 14-month period, this does not account for variation in rainfall from year to year. Further 

monitoring of rainfall and measured groundwater parameters would be required to interpret 

correlations with more confidence.  

Due to the number of parameters analysed for, not all results are graphically represented in the 

following section. For each well, the physicochemical parameters temperature, electrical 

conductivity and pH are represented due to their importance in characterising groundwater. 

Results for nitrate, chloride and the microbial indicators (total coliforms and E. coli) are also 

illustrated and discussed for each well. The significance of nitrate and microbial indicators in 

determining groundwater quality and contamination is well known (Section 4.2). Chloride is 

however, another potential water quality indicator. With respect to chloride in groundwater, 

natural sources include atmospheric deposition and precipitation, and soil-water and rock-water 

interactions (Panno et al., 2006; Mullaney et al., 2009; Tedd et al., 2017). However, elevated 

concentrations have been associated with numerous sources of contamination. Due to its 

conservative nature, it has been proposed and investigated as a potential indicator of 

contamination.  

Domestic wastewater effluent is known to have elevated concentrations of chloride. Due to its 

conservative nature, the chloride in salts contained in food, beverages, and household cleaning 

products is discharged to the environment through DWWTS (Mullaney et al., 2009). Based on a 

recommended daily adult sodium intake of 2,300 mg/d, Mullaney et al. (2009) estimate that the 

average person releases about 1.3 kg of chloride per year to wastewater. The chloride content of 

wastewater can be even greater where water softeners are installed. Subsequently, elevated 

groundwater chloride concentrations have been proposed as an indicator of an impact from a 

DWWTS (Hancher, 1991; McQuillan, 2004; Davies et al., 1998; Daly, 2000; Jagucki and Darner, 

2001; Katz et al., 2011). However, agricultural sources of chloride have also been identified. Salt is 

used as an animal feed additive and may be used in other agricultural products such as pesticides 

and fertilisers (Mullaney et al., 2009). Agricultural fertilisers can be a source of chloride to 

receiving waters because the potassium in most fertilizers is in the form of potassium chloride 

(Panno et al., 2006; Mullaney et al., 2009). Consequently, BGR (2017) state that a good correlation 

between chloride and nitrate indicates the contamination of groundwater by agriculture caused 

by the excess of chlorinated inorganic fertilisers that infiltrate down to the aquifer together with 

the recharged water. Organic agricultural wastes and manures can also have high concentrations 
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of chloride with respect to natural groundwater. Panno et al. (2006) reported a median chloride 

concentration of 847 mg/l from hog and horse waste, and a median concentration of 57 mg/L in 

water samples from wells affected by animal waste in Illinois. In an Irish context, Daly (2000) 

states that chloride is a known contaminant contained in soiled or dirty water runoff from 

agricultural buildings, and in turn, is associated with the land spreading or organic agricultural 

wastes. In summary, while elevated chloride concentrations can be indicative of anthropogenic 

contamination, where several potential sources are present, conclusive identification of the 

source does not appear possible based on chloride concentrations alone. However, several 

fingerprinting methods capable of identifying specific sources have been proposed using chloride 

in combination with bromide. This is investigated in Chapter 10.  

For the parameters not graphically represented, the mean 14-month values for all parameters 

and for each well are shown in Appendix E3. Ion balance errors were calculated for every sample 

analysed. Errors were within the desired 5% bounds.  

Correlations are used throughout to assess any relationships in temporal variation between 

parameters. Correlation coefficients are a measure of the strength of association between two 

continuous variables (Helsel and Hirsch, 2002). For this analysis, due to the non-normal 

distribution of much of the data, non-parametric Spearman rank correlations have been 

employed. Spearman rank correlations are commonly applied within the water resources field 

and show no loss of power compared to the equivalent parametric tests (Helsel and Hirsch, 2002). 

Correlation is measured by means of a dimensionless correlation coefficient that lies within the 

range of -1 and +1. Where there is no correlation between variables, the corresponding 

correlation coefficient will be 0. As the coefficient increases and moves towards +1 it can be said 

that a positive correlation exists, whereby as one variable increases the other variable in question 

does too. A move towards -1 indicates an inverse correlation. A correlation coefficient of exactly 

+1 or -1 indicates a perfect correlation.  It is imperative that the difference between correlation 

and causation is distinguished and not confused in this context. A strong correlation as indicated 

by a statistical test does not imply a causative relationship. Furthermore, care must be taken 

when interpreting the meaning of “statistical significance” in this context. A statistically significant 

Spearman correlation means that there is less than a 5% chance that the strength of the 

relationship happened by chance if the null hypothesis were true (i.e. that there is no association 

between the two variables). Therefore, a relatively small correlation coefficient of +0.2 may be 

statistically significant, but indicates only a very weak level of association between the two 

variables. 
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9.3.1 SA1 (Clogh, County Wexford) 

SA1: Physicochemical parameters 

Figures 9.7, 9.8 and 9.9 below illustrate the monthly measured temperature, pH and conductivity 

values, respectively, for the six wells in SA1. Note, while the results are presented here, in depth 

discussion and interpretation is offered in a concluding subsection. A seasonal trend in 

groundwater temperature is apparent. A decrease in temperature is evident over the 

winter/spring months, with higher temperatures consequently measured during the summer. 

Although this trend is apparent in all wells, the range of temperature change is not equal. Greater 

seasonal range is apparent in CX23 and CX45.  

The overall average pH for the six wells was 5.9. This is lower than the expected Irish natural 

background median pH of 7.2 (Tedd et al., 2017) and the average pH of 6.29 recorded during the 

one-off sampling of SA1. As discussed in Section 7.4.1, the low pH in SA1 is consistent with the 

limited buffering capacity of the Ordovician metasediment bedrock which can leave aquifers 

vulnerable to acidification. Overall, the pH was relatively stable over the monitoring periods in 

five of the wells. A slight trend of increasing pH values of the winter months is apparent in CX23; 

however, it is tenuous at best. Of note is the consistently higher pH associated with CX23. 

Further disparity is seen between CX23 and the remaining five wells with respect to conductivity. 

Although conductivity is relatively constant over the monitoring period for five of the wells, 

relatively larger and somewhat erratic variation is seen in CX23. Of note is an isolated spike in 

CX52 conductivity in January. Again, a tenuous seasonal trend in electrical conductivity is 

apparent, with reductions possibly occurring over the winter months.  

 

Figure 9.7 SA1 monthly groundwater temperature. 
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Figure 9.8 SA1 monthly groundwater pH. 

 

Figure 9.9 SA1 monthly groundwater conductivity. 

SA1: Major ions 

Figures 9.10, 9.11 and 9.12 below illustrate the monthly measured alkalinity, nitrate and chloride 

values, respectively, for the six wells in SA1. Alkalinities are relatively stable throughout the 

monitoring period in five of the wells. Large and erratic variation is again seen in CX23, however. 

The mean overall nitrate concentration in SA1 was 9.9 mg/l-N. All wells, except for CX43, 

exceeded the legislative 11.3 mg/l-N limit at least once over the 14 months. However, the months 
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in which each well exceeded the MAC were not the same for all wells. A high degree of variability 

is seen both within wells from month to month, and between wells. Nitrate in CX53 was relatively 

stable and consistently elevated. Nitrate in CX45 shows a general seasonal trend, with a reduction 

in concentrations over the winter/early spring months. In CX45, the nitrate concentrations during 

January, February and March are all below the 11.3 mg/l-N limit; however, either side of this 

period the concentrations consistently exceed it. A somewhat similar trend is seen in CX54, 

however, at slightly lower concentrations. In contrast, in CX23, CX52 and CX43, isolated peaks in 

nitrate concentrations are apparent during the winter months, with concentrations otherwise 

relatively stable over the summer months.  

Seasonal trends are not as apparent in relation to chloride. Concentrations were relatively stable 

in wells CX53, CX45 and CX54. However, several peaks of elevated concentrations are seen in 

CX23, and CX43. Consistently high chloride concentrations are seen in CX52. A notable reduction 

in chloride in CX52 (as opposed to an increase) is seen in December, with value returning to be 

relatively stable afterwards. 

 

Figure 9.10 SA1 monthly groundwater alkalinity. 
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Figure 9.11 SA1 monthly groundwater nitrate concentrations. Dotted line shows the legislative 

limit.  

 

Figure 9.12 SA1 monthly groundwater chloride concentrations. 

SA1: Microbiological parameters  

The microbial indicator (total coliforms and E. coli) results are shown in Figures 9.13 and 9.14, 

respectively. Of the six wells, only two were consistently free from both total coliforms and E. coli 

(CX23 and CX53). Wells CX52 and CX54 consistently tested positive for total coliforms over the 

fourteen monitoring months. Total coliforms were also detected in CX43 and CX45, however, 

their presence was more sporadic.  
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Of the four wells that tested positive for total coliforms, three also tested positive for E. coli at 

least once, with significant temporal variation. Notably, CX45 consistently tested positive for total 

coliforms, however, it never tested positive for E. coli. CX54 tested positive for E. coli on just one 

of the monitoring months. It did however, also test positive during the one-off sampling, hence its 

inclusion as a monitoring well. CX52 was consistently contaminated with E. coli, with positive 

results in 13/14 of the monitoring events, ranging from 1 to 687 cfu/100ml. Well CX43 was 

contaminated on 6/14 monitoring events with results ranging from 3 to 326 cfu/100ml. The 

microbial results for CX43 are however, somewhat unrepresentative for at least part of the 

monitoring period. Upon receiving results from the monitoring programme, the householder 

carried out a once off disinfection of the well between the December and January monitoring 

events. Subsequent tests for E. coli and total coliforms were negative for seven and three 

monitoring events, respectively. It is therefore likely that the number of monitoring events that 

tested positive for faecal contamination is lower than it would have been had the disinfection not 

been carried out. Nevertheless, the fact that faecal contamination was detected again after the 

disinfection suggests that the original contamination was not an isolated incident and that the 

well is being impacted from a faecal source. 

 

Figure 9.13 SA1 monthly total coliforms results. 
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CX54 517 56 172 461 117 102 20 176 2 5 7 5 91 102

CX45 89 51 88 1733 34 24 0 15 25 291 0 2 19 122
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CX23 0 0 0 0 0 0 0 0 0 0 0 0 0 0
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Figure 9.14 SA1 monthly groundwater E. coli results. 

SA1: Temporal water quality: Discussion and interpretation 

The following section examines the results and temporal trends in water quality in SA1 presented 

above. Antecedent rainfall for the 24, 48 and 120 hour periods before sampling are represented 

in Figure 9.15. As expected, there are apparent increases in precipitation over the winter months.  

 

Figure 9.15 Antecedent rainfall for the fourteen monitoring events in SA1. 
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As stated by Misstear et al. (2006), true groundwater temperature will approximate to annual 

average air temperature. The recorded groundwater temperatures in SA1 are consistent with this, 

with the highest temperatures recorded in the summer period and a decrease over the winter 

period. Seasonal variation in groundwater temperature is known to be related to groundwater 

depth. Nelson (2002) states that for groundwater deeper than 50-75 feet (15.2-22.9 m), the 

seasonal effects are generally less than 1oC, while shallower groundwater can exhibit larger 

seasonal effects in the order of 5-10oC, or potentially even greater internationally (Nelson, 2002). 

This greater variation is a result of its proximity to the warming and cooling occurring at the 

surface, as well as the introduction of water from the surface during times of high recharge 

(Nelson, 2002). Although CX23 and CX45 are no shallower than the other monitoring wells, the 

greater seasonal variation in their groundwater temperature could indicate a pronounced 

influence from recharge or other surface interactions. Such recharge can also lead to variations in 

other parameters (Nelson, 2002), and is considered below. Notably, however, groundwater 

temperature is not significantly correlated with the antecedent rainfall variables in any of the 

wells. 

While this seasonal trend in groundwater temperature would be anticipated, many of the 

measured temperatures during the summer months in SA1 are higher than would be expected for 

natural Irish groundwater. Significant research into Irish groundwater temperatures and potential 

geothermal resources was conducted in the early 1980’s (Aldwell and Burdon, 1978; Aldwell and 

Burdon, 1989; Burdon, 1983; Aldwell and Burdon, 1986 and more). As part of the investigation, 

temperatures were monitored in large groundwater springs in Northern and Southern Ireland. 

Mean annual temperatures for individual springs ranged from 9.4°C to 12.5°C. Specifically, the 60 

springs monitored in Northern Ireland had an overall average annual temperature of 10.05°C, 

with mean winter and summer temperatures of 8.33°C and 10.80°C, respectively. The 100 springs 

in the southern part of Ireland had an overall annual average temperature of 10.87°C, with 

10.36°C in winter and 11.08°C in summer. Consequently, Burdon (1983) concluded that any 

springs with temperatures >13°C would be classed as being warm. The average temperatures 

recorded for the six wells in SA1 range from 11.4 – 12°C (see Appendix E3), which is consistent 

with the overall range encountered by Burdon and Aldwell. However, in five of the six wells, at 

least one sample exceeded the 13°C value quoted by Burdon and Aldwell. One potential reason 

for the disparity between this research and the findings of Burdon and Aldwell (1986) is the 

groundwater source type sampled. While this current research sampled bored wells, the work by 

Burdon and Aldwell (1986) monitored groundwater springs. Burdon and Aldwell state that springs 

were used rather than boreholes to avoid distortion of readings due to heat derived from 

pumping. This could account for the apparent elevated temperatures in SA1. Notably, the 
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temperature values from this current research are consistent with the results from previous 

private borehole monitoring by Hynds (2012), where several samples were also found to have 

temperatures in excess of 15°C during the summer months. This suggests that the elevated 

temperatures encountered in SA1, although not consistent with the findings of Burdon and 

Aldwell, are not uncommon in Irish boreholes.  

The disparity between the pH of CX23 and the other five monitoring wells is potentially a result of 

the spatial separation between them, as CX23 is relatively isolated (see Appendix E2). Although 

they are located in similar hydrogeological settings (according to the respective maps), in reality, 

heterogeneity in the hydrogeological conditions could account for the difference. While a tenuous 

inverse relationship between temperature and pH in CX23 was apparent, the correlation was not 

significant. pH is not strongly/significantly correlated with antecedent rainfall or temperature in 

any of the wells.  

The disparity between CX23 and the other wells is also evident in the conductivity record. 

Conductivity in CX23 is significantly positively correlated with 24-hour antecedent rainfall (r=.565, 

p<0.05). A positive correlation between rainfall and conductivity is somewhat unexpected. As 

outlined by Chapman (1996), the amount of time with which groundwater is in contact with rock 

can greatly influence its degree of mineralisation. Where contact time with the rock matrix is 

relatively short, readily soluble minerals will be removed, but insufficient contact time exists for 

less soluble minerals to be taken up. For instance, groundwater in the outcrop areas of aquifers is 

likely to be low in overall mineralisation (Chapman, 1996). Therefore, increased rainfall and hence 

increased recharge (and hence lower residence times) would be more intuitively linked with lower 

conductivities. While the correlations are not all significant, for the remaining five wells in SA1, 

conductivity is indeed inversely correlated with antecedent rainfall. Furthermore, temperature 

and conductivity are positively correlated in CX45 (r=.66, p<0.05), CX43 (r=.781, p<0.01), CX53 

(r=.557, p<0.05) and CX54 (r=.630, p<0.05). This suggests a higher degree of mineralisation during 

the summer months (times of lower recharge and higher residence times). However, temperature 

and conductivity are negatively (albeit not significantly) correlated in CX23. Therefore, the reason 

for the variation in conductivity in CX23 is not immediately apparent. One possible explanation for 

the positive correlation between conductivity and rainfall is that high rainfall increases 

conductivity by recharging certain minerals. Notably, conductivity in CX23 is correlated with 

sodium (r=.709, p<001) suggesting changes in sodium concentrations are at least a contributing 

factor to the measured conductivities. This could be an indication of contamination from a source 

such as DWWTS during periods of higher rainfall, particularly given CX23 is fitted with a water 

softener, which would increase the sodium content of the DWWTS effluent (note, this is by no 
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means conclusive). However, neither sodium or conductivity are significantly correlated with any 

other water quality parameters.  

Further temporal variation in CX23 hydrochemistry is apparent with respect to chloride and 

nitrate. Elevated chloride in December coincides with the elevated nitrate concentrations, which 

would be indicative of a contamination event. As the spreading of organic and inorganic fertiliser 

is prohibited during these months (discussed below), it is unlikely that they are the cause 

(provided the legislation is adhered to). This would again point towards an impact from another 

source such as a DWWTS. However, despite the erratic hydrochemical results for CX23 the 

microbial quality has been excellent. While this suggests the well water is of good quality, it does 

make the erratic trends seen in its hydrochemistry somewhat more difficult to interpret. The 

hydrochemical results suggest that the well is being impacted in some way, although the 

microbial indicators suggest it is not a nearby faecal source, such as a DWWTS or organic 

agricultural waste. This highlights where an effective contamination fingerprinting techniques 

would be useful.  

One possible explanation is that the erratic variation in CX23 water quality could be a result of 

differences in well use (i.e. water consumption) by the household prior to each sampling event. 

For instance, if the household had abstracted a larger than usual quantity of water prior to the 

sampling, then the resulting sample may be representative of a different aquifer horizon of 

fracture. If the groundwater quality was stratified and these different horizons or fractures had 

distinctly different hydrochemical signatures, this could account for the apparent erratic variation. 

While each well was purged for a standard five minutes, the quantity of the water used by the 

householder prior to sampling could not be controlled.  

This variability in nitrate concentrations between the six wells suggests differences in either 

nitrate source and/or pathway components. In CX45 (and potentially in CX54), the reduction in 

nitrate over the winter could be due to several different (or a combination) of reasons. As 

discussed in relation to conductivity, the reduction could be due to dilution as a result of 

increased recharge. Nitrate in CX45 is strongly and significantly positively correlated with 

conductivity (r=.969, p<0.01), calcium (r=.697, P<0.01), potassium (r=.938, <0.01), magnesium 

(r=.881, p<0.01) and sodium (r=.916, p<0.01). All of these parameters are also positively 

correlated with temperature, indicating a seasonal effect consistent with increased recharge and 

dilution and lower degrees of mineralisation. However, another possible explanation is that the 

reduction in nitrate in winter is due to the prohibition of the land spreading of agricultural 

fertilizers by the European Union Good Agricultural Practice for the Protection of Water 

Regulations, implemented in Ireland under SI 31/2014. SA1 is located in “Zone A” under the 

legislation, limiting the spreading of chemical fertilizers from the 15th of September - 12th of 
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January, organic fertilizers from the 15th of October - 12th of January and farmyard manure from 

the 1st of November - 12th of January. The nitrate concentrations in CX45 decrease from 

November and start to increase from April, while the concentration in CX54 peaks in September 

before deceasing over the winter months and increasing again in April. Furthermore, Bonton 

(2010) states that correlations between nitrate and other inorganic parameters can indicate that 

these ions come from the same source. Bonton (2010) and Kelly (1997) state that agricultural 

fertilisers contain a number of inorganic constituents in addition to the well-known traditional 

nitrogen species. For instance, Teagasc (2008) states that use of calcium ammonium nitrate (CAN) 

fertilizers have increased in Ireland. Furthermore, liming can introduce higher concentrations of 

both calcium and magnesium. The seasonal trend in nitrate in CX45 coupled with the significant 

correlations (outlined above) is a potential indicator of an impact from diffuse fertiliser 

applications. This is also consistent with the relatively larger range in groundwater temperatures 

found in CX45, which indicates surface interactions. Furthermore, there are no DWWTS up-

gradient of the well. While this does not rule out an impact from the downgradient DWWTS, it 

does suggest that the elevated nitrate concentrations are a result of agriculture activates. This is 

further supported by the consistent absence of E. coli.  

Although the same seasonal trend in nitrate is not apparent in CX53, as it is in proximity to CX45 

(and there are no DWWTS up-gradient), it is likely that nitrate is also a result of agricultural 

practices. While the depth of CX53 is unknown, if it was deeper than CX45 this could account for 

the difference. Again, no E. coli contamination was detected in CX53, further supporting this 

inference.  

CX54 is in proximity to CX53 and CX45 therefore, it is reasonable to assume that agriculture is a 

significant contributor to the elevated nitrate in CX54, particularly given the apparent decrease 

over the winter period. However, it is also steeply downgradient of four DWWTS. Despite the 

apparent greater susceptibility to an impact from the DWWTSs, nitrate is consistently lower in 

CX54. While CX54 was selected as a well that is susceptible to contamination from DWWTSs, it 

only tested positive for E. coli once over the 14-month period (it did also test positive during the 

one-off sampling). While it is likely that this well is impacted by nitrate inputs from agriculture, 

the presence of E. coli (albeit on two occasions) suggests that there could be an impact from the 

DWWTSs. This is a good example of where a contamination fingerprinting method would be of 

considerable value (see Chapter 10). 

The isolated in peaks in nitrate in CX52 and CX43 (and CX23 which was discussed previously) over 

the winter months do not support the same assumption of a steady seasonal increase and 

decrease due to agricultural inputs. Although, while a seasonal trend in CX45 and CX54 is 
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consistent with an impact from agricultural fertiliser, the lack of a seasonal trend in CX23, CX52, 

CX43 and CX53 does not mean the fertiliser is not the cause of the elevated nitrate values. The 

peaks could suggest specific contamination events.  

For instance, a single elevated conductivity value was observed in CX52 in January. This coincides 

with the isolated peak in nitrate which is consistent with an isolated contamination incident. 

While nitrate concentrations were not correlated with antecedent rainfall, these isolated peaks 

could be due to the elevated rainfall in the winter months. Isolated contamination events would 

not necessarily be expected to give rise to significant correlations. While specific contamination 

incidences are apparent in CX52, the persistent occurrence of E. coli in CX52, coupled with 

chloride being significantly elevated with respect to the other wells also suggests a chronic 

ongoing impact. With respect to CX43, the elevated chloride concentration in August coincides 

with the first time it tested positive for E. coli. This is consistent with a contamination impact. The 

consistent occurrence of E. coli that follows in CX43 suggests that it is considerably impacted.  

The contamination seen in both CX52 and CX43 displays a possible seasonal trend. The highest 

levels of E. coli were detected in CX52 and CX43 in the winter months, with a notable increase in 

E. coli in the November monitoring event (which coincides with an increase in antecedent rainfall 

– see Figure 9.16). While faecal contamination was not correlated with antecedent rainfall 

variables, as discussed previously, isolated incidences would not give rise to significant 

correlations.  

The microbial contamination of CX52 and CX43 is potentially consistent with their respective site 

surveys. CX43 is in proximity of several DWWTS (see Figure 9.1). CX52 is also close to several 

DWWTS, while it is situated within a working beef farmyard. These sources could be associated 

with the E. coli presence and the chloride concentrations. Furthermore, as shown in Figure 9.5, 

both CX52 and CX43 wellheads were poorly covered/sealed and vulnerable to ingress from the 

surface. The increase in E. coli over the winter months (with the highest antecedent rainfall) is 

consistent with contamination via this pathway. This highlights how a well can be classed as a 

source as well as pathway in the source-pathway-receptor model. It should be noted that 

contamination from several sources can also not be ruled out. Again, this highlights the need for 

contamination fingerprinting techniques. 
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      Figure 9.16 SA1 E. coli occurrence with antecedent rainfall. 

9.3.2 SA2 (Prospect, County Wexford) 

SA2 Physicochemical parameters 

Figures 9.17, 9.18 and 9.19 below illustrate the monthly measured temperature, pH and 

conductivity values, respectively, for the six wells in SA2. It should be noted that although BL32 

and BL37 are included in the following figures, they are fitted with a water softener, which would 

greatly alter the natural hydrochemical properties.  

As expected, the seasonal trend in temperature seen in SA1 is also observed in SA2, with a fall in 

groundwater temperatures seen over the winter months. This trend appears relatively uniform 

across all six wells. Although pH appears to vary for each well over the monitoring period, no 

obvious discernible pattern is evident. The mean pH values for each well are within the ranges 

expected for the associated bedrock lithologies (Tedd et al., 2017). As mentioned in relation to 

SA1, a possible increase is apparent over the winter and early spring months, however, the trend 

is tenuous.  

Seasonal variation in conductivity is apparent. Conductivities are lower in the winter and spring 

months, with increases at either end of the monitoring period (July and August). There is 

considerable consistency in this seasonal trend between the six wells. 

0.0

20.0

40.0

60.0

80.0

100.00

250

500

750

1000

Jul Aug Sep Oct Nov Dec Jan Feb Mar Apr May Jun Jul Aug

A
n

te
ce

d
en

t 
ra

in
fa

ll 
(m

m
)

E.
 c

o
li 

M
P

N
 C

FU
/1

0
0

m
l

Month

SA1 E. coli vs antecedent rainfall

24 hr 48 hr 120 hr CX52 CX54 CX43



 

206 
 

 
Figure 9.17 SA2 monthly groundwater temperatures. 

 
Figure 9.18 SA2 monthly groundwater pH. 

 
Figure 9.19 SA2 monthly groundwater conductivity. 
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SA2: Major ions 

Figures 9.20 and 9.21 below illustrate the monthly measured alkalinity and chloride values, 

respectively, for the six wells in SA2. Nitrate results are not included as most wells had 

concentrations below the detection limit. Very little variation in alkalinity is seen in SA2. However, 

distinctly higher alkalinity values are apparent in BL32 and BL25 compared to the remaining four 

wells. A somewhat similar trend is seen with respect to chloride concentrations with little 

temporal variation and distinctly higher concentrations again associated with BL32 and BL25.  

 

Figure 9.20 SA2 monthly groundwater alkalinity. 

 
Figure 9.21 SA2 monthly groundwater chloride concentration. 
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SA2 Microbiological parameters 

The microbial indicator (total coliforms and E. coli) results are shown in Figure 9.22 and Figure 

9.23, respectively. All wells in SA2 tested positive for total coliforms at least once, however, to 

greatly variable extents. Only BL44 and BL25 tested positive for E. coli, and only on two and three 

monitoring occasions, respectively. Furthermore, E. coli was only found to be present in very small 

numbers, with four of the five positive samples displaying 1 MPN (or CFU)/100ml. Both of these 

wells had by far the highest mean numbers of total coliforms over the monitoring period, with 

both exceeding the methods higher limit of quantification at least once.  

 
Figure 9.22 SA2 monthly groundwater total coliforms results. 

 

Figure 9.23 SA2 monthly groundwater E. coli results. 
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SA2 Temporal water quality: Discussion and interpretation 

Antecedent rainfall for the 24, 48 and 120 hour periods before sampling are represented in Figure 

9.24. Note, the rainfall data for SA1 and SA2 were obtained from the same weather station (which 

was installed in SA2 as part of the surface water study). Given the proximity of SA1 to SA2, the 

assumption of similar precipitation is reasonable.  As SA1 and SA2 were always sampled on the 

same day, the antecedent rainfall in Figure 9.24 is identical to that presented in SA1. Again, as 

expected, there are apparent increases in precipitation over the winter months. 

 
Figure 9.24 Antecedent rainfall for the fourteen monitoring events in SA2. 

As observed in SA1, groundwater temperatures in SA2 appear slightly elevated in the summer 

months compared to the research by Aldwell and Burdon (1986). However, as discussed, the 

results are in line with the previous private well research by Hynds (2012).  

Overall, pH was not significantly correlated with groundwater temperature or antecedent rainfall. 

However, a potential seasonal trend, albeit slight, is apparent with increases over the winter 

months. A seasonal trend in conductivity appears more defined. In contrast to pH conductivity 

appears to decrease over the winter months, with increases during the summer. Therefore, as 

anticipated, conductivity is significantly correlated with groundwater temperature in BL16 (r=.905, 

p<0.01), BL25 (r=.667, p<0.01) and BL43 (r=.734, p<0.01), further supporting the seasonal trend. 

This is potentially due to increased recharge over the winter months which reduces residence 

times and the level of mineralisation (as discussed with respect to SA1). Conductivity is also 

inversely correlated with 48-hour antecedent rainfall in BL16 (r=-.569, p<0.05) and BL25 (r=-.532, 

p<0.05), further supporting this assumption. Notably, conductivity is not statistically significantly 

correlated with any individual chemical. This suggests that the trends in conductivity reflect the 

cumulative variation in several ionic parameters.  
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While the variation in conductivity is notably consistent between the six wells, conductivity values 

were greater in BL32 and BL25. This was also apparent with respect to chloride, with higher 

concentrations in BL32 and BL25. These differences could be due to natural spatial variation. BL32 

and BL25 are situated close to one another, but are some distance from the other monitoring 

wells. Although the hydrogeological settings are similar (see Appendix E2), differences may exist, 

including distance from recharge area/distance along flow path which would account for the 

dissimilarities in alkalinity. Differences in well depth could be another explanatory factor, but well 

depths were unknown for three of the six monitoring wells, hence limiting comparisons.   

With respect to BL44, the infrequent detection of E. coli means correlations with other 

parameters cannot be meaningfully investigated. However, the occurrence of E. coli does not 

appear to be related to any other parameters or antecedent rainfall (Figure 9.25). While 

correlations in BL25 must also be treated with care, it is notable that E. coli was only detected in 

late summer, and never in during the winter months during periods of higher rainfall (Figure 

9.25). This suggests a possible seasonal source of contamination. Potential sources of faecal 

contamination associated with the summer months include grazing animals on agricultural 

pasture and the application of organic fertilisers. However, BL25 is not in immediate proximity to 

either of these practices. Again, a possible association between wellhead finish and microbial 

contamination is apparent. Both BL25 and BL44 were poorly finished (see Figure 9.5), and 

susceptible to surface ingress.  

 

      Figure 9.25 SA2 E. coli occurrence with antecedent rainfall. 

Less temporal variation in hydrochemistry and microbial quality is apparent in SA2 compared to 

SA1. The more stable nature of conductivity and alkalinity could be associated with thick, 

impermeable superficial geology, which may reduce recharge rates and provide a buffering effect. 
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This could also account for the lower levels and less frequent detection of E. coli. Hynds (2012) 

suggested that contamination of private wells in low groundwater vulnerability areas of Ireland is 

linked to the poor construction of wells, whereby surface ingress bypasses the protection 

provided by the superficial geology. The results from this study are consistent with this finding, as 

both BL25 and BL44 were both poorly finished and contaminated.  

9.3.3 SA3 (Gowran, County Kilkenny)  

SA3: Physicochemical parameters  

Figures 9.26, 9.27 and 9.28 below illustrate the monthly measured temperature, pH and 

conductivity values, respectively, for the six wells in SA3. KX4 is fitted with a water softener, and 

so the hydrochemical results need to be interpreted accordingly.  

A seasonal trend in temperature is again apparent. The extent of this seasonal variation is 

however, not equal across the six wells. The magnitude of change is greater in KX4 and KX31. 

With respect to pH, as discussed in SA1 and SA2, and again although it is only slight, a general 

increase in the pH of all six wells is seen over the winter and spring months. A lower pH is evident 

in KX38 compared to the other wells.  

The conductivity record for KX10 shows large variation. In contrast, in KX31, KX13, KX38 and KX29, 

conductivities are relatively stable, with little temporal variation. The conductivity was 

consistently lower in KX38. While some variation in conductivity is apparent in KX4, the findings 

must be considered with caution as well treated with a water softener.  

 

Figure 9.26 SA3 monthly groundwater temperatures. 
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Figure 9.27 SA3 monthly groundwater pH. 

 

Figure 9.28 SA3 monthly groundwater conductivity. 

SA3: Major ions 

Figures 9.29, 9.30 and 9.31 below illustrate the monthly measured alkalinity, nitrate and chloride 

values, respectively, for the six wells in SA3. Alkalinity values show very little temporal variation 

over the monitoring period. Alkalinity value are notably higher than the average values recorded 

in the other study areas. As discussed in Section 7.4.3, this is expected given the limestone 

geology (Tedd et al., 2017). Significantly lower alkalinities are, however, consistently recorded for 

KX38.  
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With respect to chloride, again little variation is evident in four wells. Although elevated 

concentrations are evident in KX4, this is likely due to the water softener. However, considerable 

variation is evident in KX10, with exceptionally high concentrations ranging from 46.5 – 410 mg/l. 

Temporal variation in nitrate appears irregular with no obvious seasonal trends. Peaks in nitrate 

concentrations are however, seen in KX29, KX10 and KX4. Consistently lower nitrate 

concentrations are apparent in KX38. 

 

Figure 9.29 SA3 monthly groundwater alkalinity. 

 

Figure 9.30 SA3 monthly groundwater chloride concentration. 
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Figure 9.31 SA3 monthly groundwater nitrate concentration. 

SA3: Microbiological parameters 

The microbial indicator (total coliforms and E. coli) results are shown in Figure 9.32 and Figure 

9.33 respectively. Similar to what was seen in SA2, all wells in SA3 tested positive for total 

coliforms at least once, again however, to varying extents. Total coliforms occurrence ranged 

from isolated incidences in small numbers (KX38), to consistent occurrence in every monitoring 

event (KX10 and KX29).  

Two wells were consistently free from E. coli (KX4 and KX31), while the remaining four tested 

positive at least once. E. coli was particularly common in KX10, which was the only well over the 

four study areas that tested positive for E. coli, often in high numbers, in every monitoring event. 

KX29 was also consistently contaminated (11/14 events), albeit at lower numbers. Occurrence 

was sporadic and in low numbers in KX13 (6/14 events), and especially in KX38, where E. coli 

occurred in just one monitoring event at 1 MPN (or CFU)/100ml.  
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Figure 9.32 SA3 monthly groundwater total coliforms results. 

 

Figure 9.33 SA3 monthly groundwater E. coli results. 

SA3 Temporal water quality: Discussion and interpretation 

Antecedent rainfall for 24, 48 and 120 hour periods before sampling are represented in Figure 

9.34. Although somewhat higher rainfall is apparent over the winter months, high levels are also 

apparent in some summer months, notably in July and August (2015), and August (2016). 
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Figure 9.34 Antecedent rainfall for the fourteen monitoring events in SA3. 

Again, as observed in SA1 and SA2, groundwater temperatures in SA3 appear elevated in the 

summer months compared to the research by Aldwell and Burdon (1986). However, as discussed, 

the results are in line with the previous private well research by Hynds (2012).  

As outlined with respect to SA1, differences in the extent of seasonal variation in groundwater 

temperature can be related to well depth (and in turn proximity to the warming and cooling 

occurring at the surface), and/or the influence recharge. This may account for the greater 

seasonal variation in KX4 and KX31. Although the depth of KX31 is unknown, KX4 is significantly 

shallower than the other wells (of known depth) in SA3. Unfortunately, however, KX4 is fitted 

with a water softener which makes comparisons with the other wells in terms of hydrochemistry 

difficult. Another potential reason for differences in the magnitude of seasonal temperature 

fluctuations between wells is the unique nature of groundwater flow in karst systems. Rapid 

recharge pathways could give rise to more pronounced seasonal trends. 

Although pH shows a slight seasonal trend, it is not significantly correlated with groundwater 

temperature in five of the six wells. KX10 is the exception, where the two parameters are 

significantly inversely correlated (r=-.699, p<0.01). This suggests a seasonal influence. However, 

pH was not significantly correlated with any of the antecedent rainfall variables in any of the 

wells.  

The significantly lower pH associated with KX38 is likely the result of its hydrogeological setting. 

KX38 is located on the boundary between the Clogrenan Formation (which consists of cherty, 

muddy, calcarenitic limestone) and the Luggacurren Shale Formation (which consists of shales 
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with muddy cherts, limestones with ironstone ribs). The lower pH is consistent with an influence 

from the more silica rich rocks of the Luggacurran formation, with less of an influence from the 

Clogrenan Formation, which would be more dominated by carbonate minerals. This is further 

supported by the elevated iron concentrations associated with KX38. Note, this is also likely the 

cause of the lower alkalinity and conductivity values associated with the well.  

With respect to conductivity, the considerable variation in KX10 is suggestive of impacts on water 

quality. Notably, significant agreement is apparent between these peaks in conductivity and the 

peaks in chloride, with both parameters highly significantly correlated (r=.890, p<0.01). 

Conductivity is also significantly correlated with sulphate (r=.771, p<0.01), alkalinity (r=0.666, 

p<0.01), calcium (r=.938, p<0.01), potassium (r=.815, p<0.01), magnesium (r=.881, p<0.01) and 

sodium (r=.912, p<0.01) (see Figure 9.35). Furthermore, chloride in highly and significantly 

correlated with sulphate (r=.648, p<0.05), calcium (r=.943, p<0.01), potassium (r=.705, p<0.01), 

magnesium (r=.824, p<0.01) and sodium (r=.943, p<0.01) (with significant correlations also 

between each of these parameters). None of these parameters were strongly or significantly 

correlated with antecedent rainfall, however. The exceptionally high chloride concentration in 

KX10 indicates a significant impact from an anthropogenic source. Furthermore, the significant 

correlations suggest that the chloride, potassium, calcium, magnesium, sodium and sulphate are 

associated with the same source (Figure 9.35). With respect to microbial indicators, the persistent 

occurrence of total coliforms and E. coli in KX10 is again consistent with an impact from a source 

of faecal contamination. However, the considerably elevated peaks in conductivity seen in KX10 

do not appear to be related to E. coli. Furthermore, the other chemical parameters (chloride etc.) 

that are highly correlated with conductivity also do not appear related to E. coli. A significant 

correlation or at least some agreement might be expected if the microbial and chemical indicators 

were coming from the same source. While there is no correlation between E. coli and the ionic 

parameters, there is a potential seasonal trend in E. coli occurrence. Elevated levels are seen at 

either ends of the monitoring period (late summer), with reductions to much lower levels over 

the autumn, winter and spring periods (which is similar to the trend seen in BL25 in SA2). 

Consistent with this, E. coli was significantly correlated with temperature (r=.781, p<0.01). It was 

not however correlated with antecedent rainfall (Figure 9.36). 



 

218 
 

 

 
Figure 9.35 Conductivity measurements in KX10 plotted against measurements for sodium, 

calcium, chloride and potassium, respectively.  

With respect to the site survey details, this contamination of KX10 is not anticipated. The 

wellhead is adequately sealed, a considerable distance of a well maintained secondary treatment 

DWWTS, and not in proximity to a point source of agricultural contamination. An obvious source 

of such significant contamination is therefore not apparent. This is further investigated in Chapter 

10. It should be noted that due to the limestone bedrock and the unique nature of groundwater 

movement in karst systems, the migration and impact of contamination from a more distant 

source cannot be ruled out.  

In KX29, while total coliforms numbers show gentle increases and decreases over the 14-month 

period, the reason for the variation is not apparent as it is not correlated with antecedent rainfall 

(Figure 9.36), temperature or any other parameters. Additionally, the occurrence of E. coli does 

not appear to follow any seasonal trend, with contamination evident in both the winter and 

summer months. However, with respect to well headworks and site survey details, the 

contamination in KX29 is unsurprising. The contamination could be a result of the nearby poultry 

enclosure, the DWWTS, the poor wellhead seal, or indeed a combination of both. Consistently 

elevated potassium concentrations were also evident, which are associated with contamination 
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from organic sources (this is discussed in depth in Chapter 10). Again, a fingerprinting technique 

would be useful (see Chapter 10).  

The occurrence of E. coli in KX13 is variable, with positive results evident periodically over the 14 

months. However, a possible increase in faecal contamination is apparent over the winter 

months, suggesting a possible association with antecedent rainfall (Figure 9.36). This is potentially 

consistent well site survey details, which indicates that the well is susceptible to the ingress of 

surface runoff (see Figure 9.3). 

 
      Figure 9.36 SA3 E. coli occurrence with antecedent rainfall. 

9.3.4 SA4 (Kilnacrott, County Cavan)  

SA4: Physicochemical parameters 

Figures 9.37, 9.38 and 9.39 below illustrate the monthly measured temperature, pH and 

conductivity values, respectively, for the six wells in SA4. CL22 is fitted with a water softener, and 

so the hydrochemical results need to be interpreted accordingly. A seasonal trend in groundwater 

temperature is again apparent. The seasonal effect appears relatively uniform across all six wells.  

The pH values of CL11, CL44, CL30 and CL9 are all relatively similar. Disparities are however seen 

in CL2 and CL22. As CL22 is fitted with a water softener, little can be inferred from the 

hydrochemical results. Again, although slight, a certain degree of temporal variation is also seen, 

as pH values increase over the winter months, starting in December, with values falling again from 

late spring. Conductivity values do not appear to show any seasonal variation. However, several 

isolated peaks are evident. A consistently higher conductivity is seen in CL30. 
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Figure 9.37 SA4 monthly groundwater temperatures. 

 
Figure 9.38 SA4 monthly groundwater pH. 

 
Figure 9.39 SA4 monthly groundwater conductivity. 
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SA4: Major ions 

Figures 9.40, 9.41 and 9.42 below illustrate the monthly measured alkalinity, nitrate and chloride 

values, respectively, for the wells in SA4. Alkalinity values don’t appear to show any seasonal 

variation. However, isolated slight increases and decreases are evident in CL2, CL30 and CL11.  

Unlike the other site with poorly permeable overburden (SA2), several wells in SA4 had 

quantifiable concentrations of nitrate. Nitrate was consistently quantified in CL2 and CL11. A 

possible seasonal trend is apparent in CL2, with an increase in nitrate concentrations from 

December, over the winter period, with a reduction in concentrations during spring time. The 

same seasonal trend in nitrate is not evident in CL11, however, the nitrate concentrations appear 

more variable over the winter/spring period. In CL30, a nitrate concentration above the method’s 

limit of detection was only observed once, in December. No values exceeded the 11.3 mg/l-N 

legislative limit.  

Seasonal trends in chloride were not found. Almost consistently, the highest chloride 

concentrations were detected in CL2, albeit significant variation is apparent from month to 

month. Variation, albeit to a lesser extent, is apparent in CL9, CL11 and C44.  

 

Figure 9.40 SA4 monthly groundwater alkalinity. 
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Figure 9.41 SA4 monthly groundwater nitrate concentrations. 

 
Figure 9.42 SA4 monthly groundwater chloride concentrations. 

SA4: Microbiological parameters 

The monthly microbiological results are shown in Figures 9.43 and 9.44. All wells tested positive 

for total coliforms at least once. Total coliforms were consistently found, often in high numbers, 

in CL2, CL9, CL30, CL44 and CL11. In contrast, CL22 tested positive in 3/14 monitoring events for 

total coliforms. Five out of the six wells tested positive for E. coli at least once, with CL9 being the 

exception. Sporadic and isolated E. coli occurrence was seen in CL30, CL22 and CL11 (1/14, 1/14 

and 2/14 monitoring events respectively). However, consistent occurrence was seen in CL2 and 

CL44 (13/14 and 7/14 respectively).  
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Figure 9.43 SA4 monthly groundwater total Coliform occurrence. 

 

Figure 9.44 SA4 monthly groundwater E. coli results.  

SA4 Temporal water quality: Discussion and interpretation 

Antecedent rainfall for 24, 48 and 120 hour periods before sampling are represented in Figure 
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18km north of the study area. However, as part of the surface water aspect of this research, a 

weather station was installed within the study area in August 2015. Rainfall data for 12 of the 14 

monitoring months were therefore obtained from this weather station (September 2015 

onwards). For the two monitoring months that were prior to its installation (July and August 

2015), rainfall data are taken from the Ballyhaise synoptic station used in the one-off sampling. 

Seasonal trends in rainfall are somewhat unclear. While an increase is evident over the winter 

months, high levels of rainfall are also apparent in June, July and August.  

Again, as observed in the three other study sites, groundwater temperatures in SA4 appear 

elevated in the summer months compared to the research by Aldwell and Burdon (1986). 

However, as discussed, the results are in line with the previous private well research by Hynds 

(2012).  

 

Figure 9.45 Antecedent rainfall for the twelve monitoring events in SA4.  

The pH of CL2 is consistently lower than the other wells. This is unsurprising because CL2 is a 

shallow dug well, which is poorly covered and susceptible to ingress of surface runoff. 

Consequently, a lower pH would be anticipated due to the influence of slightly acidic rainfall 

coupled with a lower potential for buffering from the local geologic material. Further disparity 

between CL2 and the other wells would also be expected. The susceptibility of CL2 to surface 

water ingress, coupled with its location within a working farmyard, is likely a factor in the 

consistent presence of both total coliforms and E. coli. CL2 also had high levels of chloride, nitrate 

and potassium, compared to other wells in the area, which is consistent with contamination from 

the farmyard. 
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While conductivity is relatively constant, the isolated peaks in some wells suggest variation in 

water quality. The peaks in conductivity in CL30 do not appear to be associated with any other 

parameters. The cause of this variation is not discernible.  

The variation in conductivity in CL11 is more consistent with changing water quality. Lower 

conductivity values were recorded in December and March. In both months, there were also 

distinct reductions in the concentration of chloride, nitrate and alkalinity in CL11. These changes 

in the chemical properties appear to be related with changes of microbial quality. In both 

December and March, CL11 exceeded the upper limit of detection for total coliforms (2420 MPN 

(or CFU)/100ml). While E. coli was not detected in March, CL11 was positive for E. coli in 

December. As illustrated in Figure 9.46, this coincides with the high levels of 24 and 48-hour 

antecedent rainfall recorded in March and December. Furthermore, a photograph of the wellhead 

taken on the same day as the December sample is shown in Figure 9.47. Surface ponding within 

the well chamber and ingress down the uncapped borehole casing is evident. This ingress could 

be the cause of the microbial contamination, as well as the changes in the other parameters. The 

ingress of slightly acidic rainfall/surface ponding could reduce groundwater alkalinity, and also 

dilute the more mineralised groundwater which would be consistent with the reduction in nitrate, 

chloride and conductivity.  

 
      Figure 9.46 SA4 E. coli occurrence with antecedent rainfall. 
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Figure 9.47 CL11 wellhead chamber on the December monitoring event. 

While these results suggest that the poor wellhead finish leads to CL11 being susceptible to 

contamination during periods of high rainfall, the consistently high concentrations of nitrate are 

suggestive of another more persistent impact. Nitrate was consistently and uncharacteristically 

high for a bored well in SA4. Nitrate in CL11 was significantly correlated with sodium (r=.944, 

r<0.01), magnesium (r=.755, p<0.01), potassium (r=.741, p<0.01) and calcium (r=.657, p<0.05). 

While this is indicative that they are from the source (e.g. potentially agricultural fertiliser as 

discussed in Section 9.3.1), these correlations are somewhat misleading. The significant 

correlations appear to be largely a result of the significant reductions in sodium, magnesium, 

potassium and calcium in March and December, along with nitrate, as outlined above. This is 

consistent with dilution over the periods of high rainfall, and so little can be inferred from the 

correlations regarding a source. However, the consistently high nitrate is worth investigating using 

more specific fingerprinting methods (Chapter 10).  

The high rainfall event in December is also potentially associated with the increase of E. coli in 

CL44 (Figure 9.46). A picture of the wellhead taken during the December monitoring event is 

shown in Figure 9.48. Surface ponding is evident, with potential for ingress directly down the 

borehole casing, which is not capped and is inadequately covered by the highlighted manhole. 

Also, highlighted in Figure 9.48 are dog faeces near to the wellhead. Direct ingress of runoff 

contaminated with this faecal matter could potentially be the cause of the elevated occurrence of 

E. coli in December. While changes in other parameters are not evident, a considerable increase 

in chloride is seen in January, with E. coli also detected. This further suggests the well is 

susceptible to contamination.  
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Figure 9.48 CL44 wellhead and surrounding ground surface taken on the December monitoring 

event. The loosely fitting well cover and dog faeces are highlighted. 

The results from SA4 are consistent with the conclusions drawn in Section 9.3.2 and by Hynds 

(2012), whereby poor wellhead completion appears to be associated with contamination in areas 

of low groundwater vulnerability. E. coli occurrence in SA4 appears to be related to poor wellhead 

completion potentially as the lack of a well cap or waterproof seal provides a direct pathway for 

surface ingress (and contaminants) to enter the well.  

9.4 Temporal variability: recommendations for future well testing 

Private wells in Ireland are generally tested infrequently, or in many cases, not tested at all. At 

best, the householder/owner may get the well tested once, or perhaps several times a year. 

Therefore, householder knowledge on the quality of their private well would be based on a 

limited amount of sampling, if any. As outlined in Section 5.10, the selection of monitoring wells 

for this current research was based on results from the one-off sampling of 212 wells, as well as 

site specific variables recorded during the one-off surveying. While a monitoring record over an 

annual cycle would not exist for most domestic wells in Ireland, it is now available for the 24 wells 

included in this study. It would therefore be of interest to compare how accurately the one-off 

sample represented the true quality of the well. This could be useful in developing 

recommendations for well sampling frequency in the future.  
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Significant temporal variation in water quality was observed in the 24 monitoring wells. As 

illustrated in Figure 9.49, sampling of the 24 wells in October would have indicated that 17% were 

contaminated. However, sampling in the preceding September would have concluded that a 

much greater 37% were contaminated. Furthermore, over the 14-month period 58% of the wells 

tested positive for E. coli at least once. This highlights how the frequency and timing of sampling 

can greatly influence results. Additionally, it also highlights the caution with which results from a 

single sample should be treated. Currently, the EPA (2017) recommends that a well should be 

tested at least once a year for bacterial contamination, and once every three years for chemical 

contamination, especially after heavy rain. EPA (2017) does, however, state that this does not 

allow for temporal variation and that if there are concerns regarding the quality then the well 

should be retested. Based on this current research, frequent sampling would be required to 

accurately assess the quality of well water. 

 

 

Figure 9.49 Temporal variability in E. coli presence/absence encountered during the monitoring of 

the 24 selected wells.  

This temporal variation also highlights the caution with which the results from one-off samples 

collected during this research should be treated. It can be concluded that if the 212 wells initially 

sampled by the research were resampled or routinely monitored, the proportion to have tested 

positive for E. coli could be much greater. This must also be considered when interpreting the 

results and findings of Chapter 8, as discussed. It is likely that improved long-term monitoring of a 

large number of wells would increase the ability of a logistic model to predict the likelihood of 

contamination and better define the associated risk factors. The model accuracy may also 

increase with improved monitoring resolution (e.g. hourly). As discussed, due to resource 
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constraints, monitoring during this research was performed on a monthly basis. Hourly resolution 

may better characterise well quality, however, this was unfeasible in this current research.  

9.5 Site surveying: assessing well susceptibility 

As discussed, monitoring well selection was based on results from the site survey, as well as the 

one-off sampling results. To aid selection and ensure that the wells selected were representative 

of a range of different scenarios/conditions, a colour code system was developed (see Section 

5.10). While the previous section compared results from the one-off sample to the monitoring 

record, it would be of value to know how accurately the site survey, in combination with a single 

one-off sample (and by association the assigned colour code) could predict each well’s 

susceptibility to contamination and its long-term water quality. Therefore, using a similar format 

to that used in Section 9.2 (specifically Figures 9.1-9.4), the efficacy of the site assessment and 

one-off sampling to predict well susceptibility to contamination and long term water quality is 

assessed using comparisons with the monitoring data in Figures 9.50, 9.51, 9.52 and 9.53, 

respectively. 

Well I.D. One-off results Performance of the site survey and one-off sample 

CX 52 

E. coli 29 The site assessment and one-off sampling correctly identified 
the high susceptibility to contamination and the true long-
term water quality, respectively. The well was consistently 
contaminated throughout the 14-month monitoring.  

Total 
coliforms 

345 

Nitrate-N 8.0 mg/l 

CX 54 

E. coli 1 Although E. coli was only detected once over the 14-month 
period, nonetheless the site assessment and one-off sampling 
correctly identified the high susceptibility to contamination 
and the risk to water quality. 

Total 
coliforms 

29 

Nitrate 10.6 mg/l 

CX 53 

E. coli 0 The site assessment survey and one-off sampling somewhat 
correctly classified this well as having a low susceptibility to 
contamination, with no microbial contamination found during 
monitoring. As discussed, the high nitrate is likely the result of 
agricultural impacts and the extreme groundwater 
vulnerability setting (which is unavoidable in the area). 

Total 
coliforms 

0 

Nitrate-N 15.3 mg/l 

CX 23 

E. coli 0 The site assessment survey and one-off sampling correctly 
classified this well as having a low susceptibility to 
contamination. This was confirmed by the monitoring results, 
as no microbial contamination was detected.  

Total 
coliforms 

0 

Nitrate-N 4.7 mg/l 

CX 45 

E. coli 0 
Despite the detection of total coliforms and high levels of 
nitrate, E. coli was never detected. As discussed, the nitrate is 
likely a result of agricultural activities. Similar to the 
conclusion for CX53, the site assessment survey somewhat 
correctly classified this well as having a low susceptibility to 
contamination. 

Total 
coliforms 

11 

Nitrate-N 20.5 mg/l 
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CX 43 

E. coli 0 
The site survey suggests that CX43 is susceptible to 
contamination despite not being contaminated in the one-off 
sampling and therefore this site was correctly categorised by 
the site assessment. The significant contamination during the 
monitoring period highlights the usefulness of a site survey, 
and also, the limitations of a one-off sample.  

Total 
coliforms 

8 

Nitrate-N 6.2 mg/l 

Figure 9.50 Assessment of the efficacy of a site assessment and one-off sampling in SA1 to predict 

a wells susceptibility to contamination and true long-term water quality, respectively. (Microbial 

results are listed as MPN/CFU/100ml) 

Well I.D. One-off results Performance of site survey and one-off sample 

BL 25 

E. coli 3 The site assessment and one-off sampling correctly identified 
the high susceptibility to contamination and water quality, 
respectively. Although not consistently contaminated with E. 
coli, contamination was periodic. 

Total 
coliforms 

649 

Nitrate-N <1.0 mg/l 

BL 44 

E. coli 1 The site assessment and one-off sampling correctly identified 
the susceptibility to contamination, and water quality, 
respectively. Although not consistently contaminated with E. 
coli, contamination was again periodic. 

Total 
coliforms 

19 

Nitrate-N <1.0 mg/l 

BL 32 

E. coli 0 The site assessment and one-off sampling correctly identified 
the low susceptibility to contamination and good water 
quality, respectively. Monitoring results consistently indicated 
good quality.  

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

BL 43 

E. coli 0 Similar to BL32, the site assessment and one-off sampling 
correctly identified the low susceptibility to contamination 
and good water quality, respectively. Monitoring results 
consistently indicated good quality. 

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

BL16 

E. coli 0 Despite the high levels of total coliforms, the site survey 
indicated low susceptibility. Over the monitoring period the 
high levels of total Coliforms were not detected again, and E. 
coli was never detected. The site surveys assessment of 
susceptibility was correct. 

Total 
Coliforms 

816 

Nitrate-N 1.0 mg/l 

BL37 

E. coli 0 Despite the poorly finished wellhead and proximity/position 
with respect to the DWWTS, contamination was not detected 
over the monitoring. This provides a good contrast to BL44 
and shows that the conclusion from the site survey proved to 
be incorrect. 

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

Figure 9.51 Assessment of the efficacy of a site assessment and one-off sampling in SA2 to predict 

a wells susceptibility to contamination and true long-term water quality, respectively. (Microbial 

results are listed as MPN/CFU/100ml) 

Well I.D. One-off results Performance of site survey and one-off sample 

KX 29 

E. coli 4 The site assessment and one-off sampling correctly identified 
the high susceptibility to contamination and the true long-term 
water quality, respectively. The well was consistently 
contaminated throughout the 14-month monitoring. 

Total 
coliforms 

26 

Nitrate-N 4.4 mg/l 

KX 4 E. coli 0 The site assessment and one-off sampling correctly identified 
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Total 
coliforms 

0 
the low susceptibility to contamination and good water quality, 
respectively. Monitoring results consistently indicated good 
quality. Nitrate-N 4.4 mg/l 

KX 38 

E. coli 0 KX38 tested positive for E. coli on one monitoring occasion (at 
1 CFU MPN/100ml). While at low levels, this contamination 
indicates how neither a one-off sample or site survey can be 
absolute in classifying susceptibility. Nonetheless, KX38 water 
quality was mostly good, and susceptibility is still likely to be 
low. 

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

KX 10 

E. coli 15 Despite the site survey indicating low susceptibility, the one-off 
sampling results indicated contamination. The monitoring 
results confirmed that this well was consistently grossly 
contaminated. This highlights how a site survey can lead to 
incorrect conclusions. 

Total 
coliforms 

236 

Nitrate-N 8.9 mg/l 

KX 13 

E. coli 0 
The site survey suggests that KX13 is susceptible to 
contamination despite not being contaminated in the one-off 
sampling and therefore this site was correctly categorised by 
the site assessment. The significant contamination during the 
monitoring period highlights the usefulness of a site survey, 
and also, the limitations of a one-off sample. 

Total 
coliforms 

0 

Nitrate-N 4.4 mg/l 

KX 31 

E. coli 0 
Despite the poor well finish and proximity to the DWWTS, no 
contamination was apparent. This again contradicts the site 
survey results and led to an incorrect conclusion. 

Total 
coliforms 

0 

Nitrate-N 2.5 mg/l 

Figure 9.52 Assessment of the efficacy of a site assessment and one-off sampling in SA3 to predict 

a wells susceptibility to contamination and true long-term water quality, respectively. (Microbial 

results are listed as MPN/CFU/100ml) 

Well I.D. One-off results Description 

CL 2 

E. coli 3 The site assessment and one-off sampling correctly identified 
the high susceptibility to contamination and the true long-term 
water quality, respectively. The well was consistently 
contaminated throughout the 14-month monitoring. 

Total 
coliforms 

150 

Nitrate-N 9.7 mg/l 

CL 30 

E. coli 0 The site assessment and one-off sampling somewhat correctly 
identified the high susceptibility to contamination and water 
quality. While, the well was not consistently contaminated, E. 
coli was detected once. 

Total 
coliforms 

>2420 

Nitrate-N <1.0 mg/l 

CL 44 

E. coli 6 The site assessment and one-off sampling correctly identified 
the high susceptibility to contamination and the true long-term 
water quality, respectively. The well was periodically 
contaminated throughout the 14-month monitoring. 

Total 
coliforms 

43 

Nitrate-N <1.0 mg/l 

CL 9 

E. coli 0 The site assessment and one-off sampling correctly identified 
the low susceptibility to contamination and good water quality, 
respectively. Monitoring results consistently indicated good 
quality. 

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

CL 11 E. coli 0 
(See Figure 9.4 for why CL11 is in the blue category despite 
being uncapped). While the site survey indicated low 
susceptibility (with respect to the other wells in SA4), the one-
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Total 
coliforms 

17 

off sampling results indicated contamination (exceptionally 
high nitrate compared to other wells in the area). The 
monitoring indicated that CL11 was contaminated in high 
rainfall events. While the site survey predicted low 
susceptibility (in the context of SA4) (which was incorrect) it 
did note that the well was uncapped. This is therefore still an 
example of how a site survey can correctly assess 
susceptibility, and also guide preventative measures. 

Nitrate-N 14.1 mg/l 

CL 22 

E. coli 0 The site survey indicated high susceptibility despite the good 
one-off sampling results. E. coli was detected, suggesting that 
the classification of high susceptibility was correct. E. coli was 
however only detected once, suggesting contamination is not 
persistent.   

Total 
coliforms 

0 

Nitrate-N <1.0 mg/l 

Figure 9.53 Assessment of the efficacy of a site assessment and one-off sampling in SA4 to predict 

a wells susceptibility to contamination and true long-term water quality, respectively. (Microbial 

results are listed as MPN/CFU/100ml) 

In summary, the site survey proved to be reliable in predicting well contamination. All wells 

classed in the “red category” (due to the site survey and one-off sampling indicating high 

susceptibility) were found to be contaminated over the monitoring period. All wells classed in the 

contrasting green category (except for KX38 which tested positive for E. coli on one occasion (at 1 

MPN (or CFU)/100ml on one occasion), were consistently free from E. coli. Additionally, there 

were several wells in the blue and yellow categories (CX45, CX43, BL16, BL11 and CL22) that were 

successfully characterised by the site survey. For instance, despite the one-off sample indicating 

that CX43 was free from faecal contamination, the site survey indicated that it was susceptible 

and, accordingly, significant faecal contamination was detected over the monitoring period. This 

suggests that a relatively simple site survey could be a useful tool in identifying a wells 

susceptibility to contamination. In identifying the factors that give rise to a wells susceptibility, it 

could in turn be useful in guiding remediation efforts and preventative measures to protect 

against contamination.  

There were, however, certain cases where the site survey was not accurate in predicting water 

quality (BL37, KX31, KX10 and KX38). For instance, a site survey may indicate low susceptibility 

while sampling may indicate contamination, and vice versa. These scenarios are not surprising for 

several reasons. Firstly, a site survey can only assess visual aspects of the site. While geological 

and groundwater vulnerability maps should be assessed as part of a site survey, they cannot 

conclusively characterise the subsurface. For instance, preferential subsurface pathways for 

contamination to migrate towards the well may exist, despite adequate setback distances and 

well headworks that may appear adequate. Therefore, regular sampling is still essential. Secondly, 

just because a well is susceptible to contamination, it doesn’t necessarily mean it will be 

contaminated. For instance, a poorly sealed well in proximity to a faecal contamination source 
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would be deemed susceptible to contamination via surface ingress. However, the presence of a 

potential source and potential pathway does not guarantee ingress. The well would only test 

positive for E. coli if ingress had actually occurred. In these instances, while the site assessment 

may not therefore conclusively predict contamination, this may not always be disadvantageous. 

For instance, if no contamination is found during sampling despite a site survey indicating that the 

well is susceptible to contamination, this would still be of value. The well should not be 

susceptible to contamination regardless of the water quality results. In these cases, the site-

specific factors giving rise to the increased susceptibility should be rectified as a precaution.   

While the monitoring results and temporal variation highlight the limitation of a one-off sample, 

its value should not be underestimated. In many cases, the one-off sample was effective in 

identifying the quality of a well. For instance, with respect to E. coli, in 75 % of the monitoring 

wells (n=18), the one-off sampling results (i.e. presence/absence of E. coli) would have accurately 

predicted whether the wells would test positive/negative (for E. coli) over the monitoring period. 

Note, this would vary depending on when the one-off sampling is done. Nonetheless, given the 

temporal variation and the value of a simple site survey, ideally both a site survey and one-off 

sample would be undertaken together, to provide the best possible assessment of a well’s quality 

and susceptibility. Either way, doing one without the other would be ill-advised based on these 

results.  

Furthermore, this site survey could also be useful in identifying the likely source of the 

contamination, and act as a precursor to the specific fingerprinting techniques assessed in 

Chapter 10. For instance, if contamination was found in a well and both agricultural and DWWTS 

sources were possible causes (e.g. CX54 or KX29), fingerprinting techniques would be extremely 

useful. However, if the site surveys show that the wellheads are poorly sealed and contamination 

via surface runoff is also a possibility, then rectifying the wellhead works may be a more efficient 

use of resources. This would be particularly valuable given the high costs in applying 

contamination fingerprinting techniques (discussed in Chapter 10). If the well is still contaminated 

after these works, the fingerprinting techniques could then be applied. Either way, the wellhead 

finish should be rectified. 

9.6 Conclusions 

While some wells have been grossly and consistently contaminated, contamination of others has 

been shown to be transient to greatly variable extents. The considerable variation in E. coli 

occurrence highlights how one-off samples must be treated with caution, and how regular well 

sampling would be necessary to ensure consumer health is protected. In several cases, this 

contamination has been relatable to site specific aspects recorded by the site surveys. This 
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highlights the potential value of such assessments as a tool for identifying susceptible wells and 

guiding remedial works, but also a potential precursor to contamination fingerprinting 

techniques. Nonetheless, while surveys can be useful, inferences regarding the sources of 

contamination based on these surveys are by no means absolute, and so, this Chapter has 

illustrated several scenarios where the development of effective contamination fingerprinting 

techniques would be invaluable. Furthermore, while this current research was limited in being 

able to only monitor 24 wells due to resource constraints, a larger study monitoring a greater 

number of wells for a longer period would no doubt build upon the conclusions drawn here.   
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Chapter 10: Contamination Fingerprinting 

10.1 Introduction 

This chapter presents the results from the application of various contamination fingerprinting 

techniques to the private wells in this study. Firstly, conventional faecal indicator bacteria are 

reviewed. This is followed by a brief introduction to contamination fingerprinting techniques, and 

why there is a need for their development. The chapter proceeds on a fingerprinting method by 

method basis. Each technique is presented and evaluated in terms of an introduction, 

comprehensive literature review, methodology (used by this current research), the results 

obtained and the subsequent conclusions and recommendations that can be made. 

10.2 Conventional water quality indicators 

As reviewed in Section 4.5, an array of pathogenic microbial contaminants can compromise the 

quality of drinking water sources. Contamination of drinking water with human faecal matter is 

considered to pose the greatest risk to human health, as they are more likely to contain human 

specific pathogens. However, animals can also serve as reservoirs for a variety of enteric 

pathogens (Scott et al., 2002). To protect human health from the adverse health effects 

associated with these pathogens, it is imperative that drinking water sources are of appropriate 

quality.  

To circumvent the need for labour intensive procedures that would be required to analyse for 

every pathogen that may be present in water, indicator microorganisms have traditionally been 

used to assess microbial water quality. Scott et al. (2002) state that an ideal indicator should be: 

• Non-pathogenic 

• Rapidly detected 

• Easily enumerated 

• Have survival characteristics that are similar to those of the pathogen of concern 

• Strongly associated with the presence of pathogenic microorganisms 

Total and thermotolerant coliforms have been used extensively for many years as indicator 

microorganisms (Scott et al., 2002; Savichtcheva and Okabe, 2009). The coliform group of bacteria 

comprises all aerobic and facultative anaerobic, gram-negative, non-spore forming, rod-shaped 

bacteria that ferment lactose with gas and acid formation within 48 hours at 35.0°C. 

Thermotolerant coliforms (which were historically and often still are referred to as faecal 

coliforms) are a distinct subgroup of coliforms distinguishable by their ability to grow at elevated 

temperature (44.5°C) and ferment lactose (Ashbolt et al., 2001; Griifin et al., 2001). Limitations 
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have, however, been shown in the use of both total and thermotolerant coliforms as indicator 

bacteria. Total coliforms are not specific indicators of faecal pollution, and although the subgroup 

thermotolerant coliforms are often termed faecal coliforms, research has shown that they may 

originate from non-faecal sources (hence why the subgroup is now commonly referred to as 

thermotolerant) (Scott et al., 2002; Tallon et al., 2005). 

Due to the limitations in using these broad groups of coliforms, E. coli became the preferred 

indicator of faecal pollution from warm-blooded animals (Ashbolt et al., 2001; Tallon et al., 2005). 

A member of the thermotolerant subgroup, E. coli is an indigenous member of the intestinal flora 

of healthy humans and warm-blooded animals, comprising about 1% of the total bacterial 

biomass, and has been shown to be the only coliform almost exclusively associated with a faecal 

source (Talon et al., 2005). 

Despite the apparent suitability of E. coli for use as an indicator bacteria, there are limitations. A 

number of studies have indicated that E. coli may multiply in tropical natural water systems, 

which would greatly influence their efficiency as an indicator of recent faecal contamination 

(Jimenez et al., 1989; Anderson et al., 2005). It has also been recognised that E. coli may not be 

suitable as an indicator of some specific pathogens, including C. parvum, G. lamblia and enteric 

viruses (Tallon et al., 2005). A further limitation, and hence the requirement for this current 

research, is that while the presence of faecal bacteria indicates potential contamination from a 

faecal source such as a DWWTS (Collins, 2000; De Simone et al., 2009), they are not source 

specific (Sinton et al., 2008; Hagedorn and Weisberg, 2009). As understanding the origin of faecal 

pollution is paramount in assessing the associated health risks as well as the actions necessary to 

rectify the problem, effective contamination fingerprinting techniques would be invaluable.  

10.3 Contamination fingerprinting methods 

Many techniques have been developed in recent decades in attempts to find a reliable method 

for attributing faecal contamination in surface water and groundwater to its specific source. 

Collectively referred to as faecal source tracking techniques (FST), these methods can be broadly 

divided into chemical and microbial based approaches. Chemical based approaches rely on the 

presence of chemical compounds in faeces/wastewater that are specifically related to the host or 

source. The subsequent detection and quantification of these chemicals in aquatic environments 

can be used to indicate an impact from the source with which they are associated. Chemical 

based markers include simple ionic ratios, faecal sterols, fluorescent whitening compounds, 

artificial sweeteners, caffeine, pharmaceuticals and personal care products. Microbial based 

approaches rely on detecting subtle differences present within different groups of 

microorganisms that can subsequently be used to identify the host or environment from which 
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the organisms were derived (Scott et al., 2002). Microbial techniques have included the use of 

enteric viruses, F + RNA coliphages and host specific genetic markers (Tran et al., 2015). It should 

be noted that the terms MST (microbial source tracking) and FST are often used interchangeably 

in the literature to refer to all types of fingerprinting techniques. However, in this context, the 

term MST is used to refer to microbial based techniques only.  

An increasing number of studies have been published on these techniques, with several 

comparing the performance of each in attributing contamination to a source (Scott et al., 2002; 

Simpson et al., 2002; Blanch et al., 2006; Hagedorn and Weisberg, 2009; Pal et al., 2014; Harwood 

et al., 2014; Tran et al., 2015). However, no single approach has been shown to comprehensively 

identify the origins of faecal pollution in aquatic environments (Blanch et al., 2006; Tran et al., 

2015). Furthermore, much of the research into the performance of these FST techniques has 

focused on identifying impacts from large scale wastewater treatment systems. Considerably less 

research has investigated the applicability of these FST techniques to identifying the impacts of 

DWWTS on private domestic wells, hence the need for this research. 

Hagedorn and Weisberg (2009) created seven categories for evaluating the performance of 

chemical tracers, although in practice they equally apply to microbial tracers. The list was 

modified from the USEPA (2007) on microbial-based methods, the APHA (2005) approach to 

evaluating water monitoring method performance and the criteria described in Blanch et al. 

(2006). The categories are:  

1. Specificity: a good indicator would be one that is specific to DWWTS effluent. In addition, 

the indicator should have similar transport and degradation characteristics to those of 

pathogens of human wastewater. 

2. Temporal and geographic applicability: the tracer should be applicable over a large spatial 

and temporal scale. For instance, the tracer should be present in all wastewaters and not 

just a single region or for a particular season. 

3. Sensitivity and accuracy: it must be possible to accurately measure these tracers in the 

environment. Importantly, there must be a suitable detection limit without the need to 

collect excessive sample volumes. 

4. Repeatability: the method must be relatively easily repeated not only within a laboratory 

with precision, but also between laboratories of different countries and still yield accurate 

results.  
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5. Matrix-independence: a good tracer should still be applicable in samples where other 

factors such as salinity, turbidity and pH may interfere with the analysis.  

6. Practicality: the technique must also be feasible in terms of cost, labour inputs and 

logistics. 

7. Rapidity of results: the speed of sampling and analysis is important, as accurate 

identification of contamination may have important human health and management 

implications.  

The performance of the tracers studied as part of this research will be assessed in similar terms. 

The tracers applied and evaluated in the following sections include simple ionic ratios, faecal 

sterol profiles, caffeine, artificial sweeteners, pharmaceuticals, fluorescent whitening compounds, 

and genetic Bacteroidales markers. As discussed in Chapter 5 (Section 5.11), to examine the 

suitability of the fingerprinting techniques and to aid comparisons between them, each was 

applied during the M11 (April) and M13 (July) monthly monitoring events.  

10.4 Potassium/Sodium Ratio 

10.4.1 Potassium/sodium: Literature review 

Effluents from known sources of contamination, such as farmyards, often have K concentrations 

and K/Na ratios distinctly different to those normally found in natural uncontaminated 

groundwater. Consequently, contamination of groundwater by these effluents would result in an 

altered K concentration and K/Na ratio that is intermediately characteristic of the initial natural 

groundwater and the effluent itself. These ratios and/or changes in ratios have been investigated 

as a potential contamination tracing technique. 

Early work on the use of K as a tracer was outlined by Ellis (1980). The study states that the 

breakdown of vegetable material results in the release of K. Subsequently, Ellis (1980) used K 

concentrations to study the migration of leachate from municipal landfills which have a high 

proportion of material of vegetable origin. Potassium was found to be a useful tracer of the 

leachate entering the aquatic environment. It was concluded that it would be particularly suited 

to preliminary investigations that require the determination of the direction of movement of the 

effluent and the extent of dilution by the receiving waters. 

In an Irish study, Daly and Daly, (1982) stated that during the breakdown of vegetable matter, 

both Na and K are released in the effluent, however, with higher masses of K released with 

respect to Na. The concentrations in which they are released are elevated with respect to the 

concentrations usually found in Irish groundwater, where K is generally less than 3.0 mg/l, and 
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K/Na ratios are generally less than 0.4 (Daly and Daly, 1982). This is consistent with the natural 

background level (NBL) research by Tedd et al. (2017), which quoted the national median NBL for 

K as 1.12 mg/l, with a 5th%ile and 95th%ile of 0.23 mg/l and 2.10 mg/l, respectively. Consequently, 

Daly and Daly, (1982) suggested that groundwater K concentrations greater than 5 mg/l, and K/Na 

ratios >0.3 are indicative of contamination from local sources of decaying organic vegetable 

wastes, such as farmyard runoff. While the land spreading of artificial fertilizers is another source 

of relatively high concentrations of potassium, Daly and Daly, (1982) suggest that the threshold of 

5mg/l K already allows for considerable leaching from this source.  

Later applications of the use of the K/Na ratio as a fingerprinting technique are seen in Fitzsimons 

and Wright, (2000), Kelly and Wright, (2002) and Cunningham et al. (2003). Similar to the Daly and 

Daly study (1982), these studies agree that effluent from decaying organic vegetable matter, such 

as that from a farmyard, has an elevated K/Na ratio, much greater than 0.4. However, these 

studies also state that effluent from DWWTS has a distinctly lower K/Na ratio, much closer to 0.2. 

Subsequently, the studies suggest that these differences can be used to distinguish contamination 

from local sources of farmyard run-off from DWWTS.  

The findings from several studies support the lower ratios associated with DWWTS effluent. A 

comprehensive review of studies that have examined the K and Na concentrations of various 

waste effluents is provided by Arienzo et al. (2009). Arienzo et al. review that dairy shed effluent 

had Na and K concentrations of 220 and 50 mg/l, respectively, while piggery effluent had 

concentrations of 500-2000 and 320 mg/l, respectively. These values are consistent with the 

elevated K concentrations and ratios suggested by Daly and Daly, (1982). In contrast, based on a 

review of numerous studies that have examined the properties of municipal wastewater, Arienzo 

et al. (2009) suggest that K concentrations in domestic effluent are lower, with Na and K ranges of 

13-20 and 50-250 mg/l, respectively). Based on these ranges, this would yield K/Na ratios 

between 0.4 and 0.05. Brandes (1978) measured the concentrations of K and Na in separate 

domestic black and grey water tanks in Australia. The K and Na values measured for the grey 

water tank ranged from 4.5-13 mg/l and 59-90 mg/l, respectively. For the black water tank, they 

ranged from 26-46 mg/l and 96-108 mg/l, respectively. Based on these mean measured 

concentrations, the K/Na ratios for grey and black water would be between 0.12 and 0.4 

respectively. A study by Patterson, (1997) tested the effluent from 50 domestic septic tanks in 

America. Again, based on mean values, the K/Na ratio would be approximately 0.4. In a more 

recent study by Richards et al. (2016), K and Na concentrations (among numerous other 

parameters) were measured from 12 septic tank systems in Scotland. The mean results are 

presented in Table 10.1. As illustrated, despite slight seasonal variation, the mean K/Na ratios are 

approximately 0.4. 
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Table 10.1 Mean K and Na concentrations measured in 12 septic tank systems in Scotland (from 

Richards et al. (2016). 

Season K (mg/l) Na (mg/l) K/Na ratio* 

Spring 28 63 0.44 

Summer 26 61 0.43 

Autumn 23 63 0.37 

Winter 20 46 0.43 

* based on the mean values listed 

 

Spruill et al. (2002) developed statistical models based on ionic ratios (among other variables) in 

an effort to attribute groundwater nitrate contamination in Northern Carolina to a specific source. 

Potential sources were thought to be crop fertilizer application, fertilizers used on golf courses, 

irrigation spray, various leachates from agriculture such as poultry litter and septic tank systems. 

The study found that the best ionic ratio to distinguish septic tank waste from other animal 

derived nitrate sources was the Na/K ratio (Note, this is the inverse of the previous ratio K/Na 

ratio). The study suggests that sodium relative to potassium is much higher in septic wastes 

compared with other animal-derived wastes, which may be due to the prevalence of sodium in 

the typical human diet, as well as the use of salt in water softeners. The results of the study 

showed groundwater contaminated by septic tank systems displayed distinctly higher Na and 

Na/K values. 

Several caveats in using the K/Na ratio as a fingerprinting technique must be considered. Ellis, 

(1980), Daly and Daly, (1982) and Thorn and Hanna, (1989) explain the limitations to the use of 

the K/Na ratios as a tracer due to their behaviour in the soil matrix. Specifically, K is preferentially 

adsorbed by clay particles compared to Na, which may result in attenuation and reduction in the 

K concentrations as the water passes through the soil matrix. This attenuation is a function of the 

soil textural properties, for instance, calcareous soils would be expected to have much less of an 

effect. The concentrations of potassium in groundwater could, as a result, decrease as it travels 

further from the contamination source. This suggests that high levels of potassium may indicate a 

localised source of contamination, but not necessarily prove that other more distant sources are 

not influencing other water quality parameters. Furthermore, a K/Na ratio below 0.4 does not 

definitively indicate that farmyard wastes are not the source of contamination, or that a septic 

tank is the cause. 

In summary, K concentrations and K/Na ratios warrant investigation in private wells. Studies of 

effluent properties show that effluent from DWWTS and decaying organic farmyard wastes both 

have elevated concentrations of K with respect to natural groundwater concentrations. Elevated K 

concentrations, therefore, may be indicative of an impact from either of these sources. However, 
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using the ratio of K to Na may distinguish between these sources. The K/Na ratio associated with 

decaying vegetable matter and farmyard runoff is elevated with respect DWWTS effluent, which is 

in line with the K/Na ratio that would be expected in natural groundwater. Therefore, while the 

K/Na ratio may not identify an impact from a DWWTS, an elevated K/Na ratio in groundwater may 

be a potential indicator of an impact from decaying vegetable matter (farmyard effluent). While 

the objective of this research is to identify tracers of DWWTS contamination, identifying the 

presence or absence of an impact from agriculture would be a useful assist for identifying the 

source of well contamination, particularly given the intensive agricultural production in rural 

Ireland.  

10.4.2 K/Na: Methodology 

In contrast to the other fingerprinting techniques that could only applied during the M11 and M13 

events (see below), potassium and sodium were analysed for during the one-off sampling and 

over the 14-month monitoring period. Their performance as a contamination tracer is examined 

using these data.  

Potassium and sodium were measured by Inductively Coupled Plasma Atomic Emission 

Spectrometry (ICP-AES) using a Varian-Liberty AX Sequential AES (see Section 5.8 for method 

details). Due to the influence on both sodium and potassium, wells fitted with a water softener 

(where no sampling source was available without treatment) have been excluded from this 

investigation. This is a limitation of the method for this particular application of sampling water at 

the tap.  

10.4.3 K/Na: Results 

One-off sampling results 

The results are first analysed in a general overall sense to examine if there are any correlations 

between K/Na ratios and faecal indicator bacteria. Following this, the data are examined on a site-

specific level, to assess whether or not K/Na ratios can indicate an impact from an agricultural 

point source. As discussed throughout the following section, when analysing the data, careful 

interpretation is required. 

Summary statistics for the potassium concentrations measured over the one-off sampling period 

are shown below (Table 10.2). No wells in SA1 or SA2 exceeded the threshold value of 5 mg/l 

stated by Daly and Daly (1982). It should be stressed this does not necessarily mean they are not 

contaminated. SA3 and SA4 both have 5 and 7 individual wells that exceed this 5 mg/l value 

respectively. With regards to the K/Na ratio, no wells in SA1 or SA2 had ratios greater than the 

0.3, however, SA3 and SA4 had 13 and 11 wells with ratios of 0.3 or greater, respectively.   
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 Table 10.2 Summary statistics of the potassium concentrations measured for the four study 

areas. 

Study area Unit Mean Median S.D. Min Max 

SA1 mg/l 1.04 0.82 0.57 0.23 3.41 

SA2 mg/l 2.61 2.41 1 0.98 4.99 

SA3 mg/l 3.87 1.58 7.7 0.77 47.33 

SA4 mg/l 4.26 2.31 6.17 0.36 32.9 

 

Due to the elevated K concentrations associated with farmyard and DWWTS effluents, a positive 

correlation with FIB may be expected. However, no significant correlation was found between K 

concentrations and E. coli MPN (or CFU)/100ml, in any of the study sites, when analysed 

individually or as an amalgamated dataset. While this indicates that K and E. coli are poorly 

associated, the lack of a positive correlation is not unexpected. The presence of the E. coli could 

be the result of faecal pollution from any warm-blooded animal (WHO, 2001). As E. coli presence 

is not necessarily a result of farmyard or DWWTS contamination, elevated K would not always be 

expected to occur with E. coli presence.  

Similarly, there is no significant correlation between E. coli and K/Na ratios. Again, while this 

indicates that they are poorly associated, the lack of a correlation is not surprising. A positive 

correlation between K/Na ratios and E. coli would only be anticipated if E. coli contamination was 

solely due to organic matter/farmyard run-off with a high K/Na ratio, and not due to DWWTS 

contamination or other potential sources. Consequently, the lack of a correlation between K/Na 

and E. coli does not mean that K/Na is a poor indicator of contamination. 

It should also be noted that these correlations are based on quantified MPN/CFU of E. coli. 

Therefore, to further test the level of association between K, K/Na and E. coli, tests for statistically 

significant differences in K and K/Na concentrations between wells that were positive for E. coli 

and those that were negative were carried out. For all four study areas, there was no statistically 

significant difference between the K and K/Na values for wells that tested positive for E. coli and 

those that were E. coli negative. The difference in SA1 was just outside the 0.05 significance level 

(U=152, p=0.052). This lack of a significant difference was also found to be the case for total 

coliforms. Again, this is not unexpected. However, when the data from all four study areas are 

amalgamated, there is a statistically significant difference between the K concentrations of wells 

that tested positive and negative for E. coli (U=1609, p<0.01). This may now be significant due to 

the increased sample size. This difference indicates that K is indeed, on average, higher in E. coli 

contaminated wells. While K concentration alone cannot differentiate between sources, it is 

consistent with impacts from a source with elevated potassium.  
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The lack of a correlation and significant difference, although unsurprising, does show that K and 

K/Na ratios cannot simply be calculated and used to indicate groundwater quality, and/or the 

likely sources of contamination in an overall blanket sense. However, their use as a tracer needs 

to be assessed in relation to the specific site assessment details (e.g. proximity to a point 

agricultural source of contamination). To assess how K and K/Na values may be used in this way, 

they are examined here in relation to the wells from the one-off sampling that tested positive for 

E. coli (n=30) and their associated site assessment details.  

Three out of the 30 wells that tested positive for E. coli have elevated K and K/Na values 

(compared to the values suggested by Daly and Daly, 1982: K >5mg/l and K/Na >0.3). By far the 

largest K and K/Na values (25.2 mg/l and 1.7) were measured in CL2 (Figure 10.1), a dug well in 

SA4. Notably, there is no operational DWWTS in proximity of this well. It is however, immediately 

down gradient of a mixed sheep and cattle farmyard, with a high potential for direct ingress of 

farmyard runoff. It can be said with confidence therefore that this elevated K value is not due to 

DWWTS contamination, and is in fact due to farmyard runoff (which is also the potential source of 

the E. coli). This is consistent with the concepts outlined by Daly and Daly (1982).  

 

Figure 10.1 CL2 location, downgradient of a working farmyard. 

The second highest K and K/Na values were seen in CL21 (12.1 and 0.6 mg/l respectively). 

Although the well head was inaccessible, this well is located within a working beef farmyard. 

Again, the K and K/Na values indicate an impact from the farmyard. In this case, there was a 

DWWTS located 55 m downgradient of the well; however, an impact from this DWWTS would not 

be discernible based on the K and K/Na values. The only other well with elevated K and K/Na 
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(which was also positive for E. coli) was CL48 (9.16 and 0.9 mg/l respectively). This dug well was 

also in proximity to a working beef farmyard. Here two DWWTS are within 100m of the well, 

however, again no impact is discernible. For these three wells (CL2, CL21 and CL48) the K and 

K/Na values are indicative of contamination from the nearby farmyards, and by association this is 

a likely source of the faecal contamination. 

Following this however, there are 27 E. coli positive wells with K/Na values that do not indicate 

farmyards as the source of the faecal contamination. For these wells, 56% (n=15) were within 100 

m of an agricultural point contamination source, while the remaining 44% (n=12) were not. These 

wells could therefore either be contaminated by farmyard runoff, despite the K/Na ratio not 

indicating so, or by another source, such as a septic tank or another faecal source. 

One major limitation of using data from the one-off study is that there is no account for temporal 

variation in E. coli occurrence or K/Na ratios. For instance, a well located near an agricultural point 

source may test negative for E. coli and have an elevated K/Na ratio. While this may suggest K/Na 

ratio is poor indicator, the well may test positive for E. coli in later tests. This is considered with 

respect to the monitoring data.  

Monitoring results 

Given the limitations outlined with respect to one-off sampling and the associated lack of 

allowance for temporal variation, K and K/Na ratios and their relationship with microbial water 

quality are assessed here with regards to monthly monitoring data.  These temporal data give a 

more accurate indication of the well water quality. Again, no significant relationships between K, 

K/Na and FIB were observed in an overall sense (for each individual month, study area etc.).  

Three of the monitoring wells are situated within working beef farmyards (CX52, CL2 and CL22). 

Furthermore, while KX13 and KX29 are not situated within farmyards, they do have potential 

animal related point sources within proximity to the well (see Section 9.2). KX13 is beside an 

animal drinking trough (see Figure 9.6), while KX29 is situated directly beside a large chicken 

coop. Therefore, these are the only wells that would be expected to potentially show elevated K 

concentrations along with elevated K/Na ratios. It must be noted, however, that the proximity of 

a well to an agricultural point source of contamination does not necessarily mean it will display an 

elevated K/Na ratio. Provided the well is adequately sited, constructed and sealed (see Section 

2.8), and the farmyard is adequately managed, an impact should not be evident. Elevated ratios 

would only be expected where contamination has occurred. 

The temporal variation in K and K/Na values for SA1 – SA4 is shown in Figures 10.2 – 10.8. Note, 

due to the influence of water softeners on hydrochemistry (particularly Na concentrations), K and 
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K/Na values for wells treated with a water softener cannot be meaningfully interpreted. These 

wells are illustrated on Figures 10.2 - 10.8 using dotted lines. This includes CL22; so while CL22 is 

in a farmyard, K and K/Na values cannot be applied.  

In SA1 (Figures 10.2 and 10.3), little variation is seen in the K concentrations and K/Na ratios of 

five of the wells. However, in CX52, a significant increase in both K and K/Na is seen from October 

to March. This is consistent with an impact from the adjoining farmyard. As shown in Figure 9.14 

(Section 9.3.1), over the same period, there is a notable rise in the recorded levels of E. coli in 

CX52. As a result, both K and K/Na are significantly correlated with the occurrence if E. coli 

(r=0.77, and r=0.73; p<0.01 respectively). This coincides with the housing of animals during the 

winter period, which could be a potential causal factor. It should be noted that this would not 

have been identified by a single one-off sample outside of October-March.  

With respect to SA2 (Figure 10.4), little temporal variation is seen in the K concentrations of the 

four wells that are not treated by a water softener. As none of the wells in SA2 are in proximity to 

an agricultural point source, these results are to be expected. The corresponding K/Na ratios for 

SA2 are not shown, as no variation is seen. In SA3 (Figures 10.5 and 10.6), elevated K 

concentrations and K/Na ratios are seen consistently in KX29. This is consistent with an impact 

from the poultry coop. Somewhat elevated values are seen in KX13 with respect to the remaining 

wells. Although only slight, this could be a result of contamination from runoff around the animal 

drinking. As discussed in Section 9.3.3, both KX29 and KX13 tested positive for E. coli on several 

occasions over the monitoring period. In SA4 (Figures 10.7 and 10.8), consistently elevated K and 

K/Na values are evident in CL2. This is again consistent with an impact from the associated 

farmyard (as discussed above with respect to the one-off data). 

 
Figure 10.2 Temporal variation of K concentrations in monitored wells in SA1. 
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Figure 10.3 Temporal variation of K/Na ratios in monitored wells in SA1. 

 
Figure 10.4 Temporal variation of K concentrations in monitored wells in SA2. 

 
Figure 10.5 Temporal variation of K concentrations in monitored wells in SA3. 
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Figure 10.6 Temporal variation of K/Na ratios in monitored wells in SA3. 

 
Figure 10.7 Temporal variation of K concentrations in monitored wells in SA4. 

 
Figure 10.8 Temporal variation of K/Na ratios in monitored wells in SA4. 
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Tracer Evaluation (M11 and M13 events) 

While the K concentrations and K/Na ratios for the M11 and M13 monitoring events were 

examined as part of the monitoring data, they are briefly discussed independently here to 

facilitate comparisons with the other tracer methods (which could only be assessed for the M11 

(April) and M13 (July) events). As presented in Sections 9.3.1-9.3.4, the same four wells tested 

positive for E. coli in M11 and M13 (CX52, KX10, KX29 and CL2). As detailed above, CX52, KX29 

and CL2 have all had elevated K and K/Na values over the monitoring period, suggesting an impact 

from decaying organic matter, which is consistent with the site assessment which noted proximity 

to a potential agricultural point source. With respect to KX10, there was no agricultural point 

source near the well, and so the low K and K/Na values are expected.  

The K and K/Na values for CL2 during M11 and M13 are in line with the values from the other 12-

months. This suggests a consistent and prolonged impact from the farmyard runoff. However, for 

CX52, during the M11 and M13 events, the K and K/Na values are not elevated. Similarly, in KX29, 

the lowest ever K/Na value recorded over the 14 months was in M11. It was, however, elevated in 

M13.  

This highlights the care that is required in general when analysing individual one-off samples and 

when interpreting K/Na ratios. For instance, the K/Na ratios for CX52 from M11 and M13 (and 

also the earlier “one-off” sample) suggest no impact from the associated farm. However, with the 

benefit of the 14-month record, it is evident that there is a clear seasonal impact, potentially from 

the farmyard, over the winter months. This study has the benefit of a 14-month record; however, 

in reality, this would not be available for any of the other private wells.  

10.4.4 K/Na: Conclusion 

In conclusion, the use of K/Na ratios as a potential method for identifying impacts from decaying 

organic matter, such as farmyard effluent, has shown some promise. However, careful 

interpretation is required, and applying this technique to a single “one-off” sample must be 

treated with caution due to the observed variation in E. coli and K/Na ratios. In particular, the 

K/Na ratios performed best when analysed over the 14-month monitoring period. While a 14-

month monitoring record is not likely to exist for most wells, given that K and Na are parameters 

that are usually tested in a routine analysis, the calculation of the K/Na ratio is worthwhile. While 

the K/Na ratio cannot definitively identify, or rule out, an impact from a DWWTS, it may identify 

an impact from a nearby farmyard.  
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10.5 Chloride/Bromide Ratios 

10.5.1 Cl/Br: Literature Review 

In general, the ratio of chloride to bromide (Cl/Br) in groundwater remains relatively stable over 

time (Davies et al., 1998; Vengosh and Pankratov, 1998; Francy et al., 2004; Landon et al., 2008; 

Brown et al., 2009). However, due to specific geochemical differences between chloride and 

bromide, different types of water can have distinctly different Cl/Br ratios. These ratios and/or 

changes in ratios have been used in numerous studies to reconstruct the history of groundwater 

systems, as well as identify sources of pollution (Davies et al., 1998; Jagucki and Darner, 2001; 

Dumouchelle, 2006; Brown et al., 2009; Katz et al., 2011; Macarthur et al., 2012). 

In natural water, chlorine and bromine exist mainly in the ionic form of chloride and bromide 

(Davies et al., 1998). A large proportion of the chloride and bromide in potable groundwater 

originates from atmospherically transported material that falls as both wet precipitation and dry 

fallout, which subsequently moves through the subsurface via groundwater recharge (Davies et 

al., 1998). In natural groundwater systems, Cl and Br can also originate from the dissolution of 

evaporites, the extrusion of brine from compacting clays, the diffusion of ions out of saline fluid 

inclusions and micropores, the expulsion of water through the recrystallization of minerals and 

the intrusion of sea water (Davies et al., 1998). However, the concentrations of both elements in 

the environment have also been altered and made more complex by anthropogenic processes. 

Chlorine has been used in so many ways that Davies et al. (1998) state that a brief enumeration 

would not be possible. Bromine has been used extensively in pesticides, medicines, industrial 

solvents, gasoline additives and water purification compounds (Davies et al., 1998).  

In many respects, the behaviour of both Cl and Br in the environment are similar. Both are highly 

soluble, act conservatively when ionized in water, are minimally affected by adsorption to 

sediment once dissolved in water, are not altered by oxidation-reduction reactions and neither 

occur in high concentrations in common rock forming minerals (with the exceptions of evaporites 

such as halite) (Davies et al., 1998). Importantly, however, some key differences between the two 

elements give rise to distinct Cl/Br ratios that make them useful as tracers. The most significant 

difference is in terms of their natural abundance. While chlorine is approximately 40 to 8,000 

times more abundant in the environment than bromine, bromide is naturally found in only very 

small concentrations (Davies et al., 1998). Therefore, while using bromide on its own has little use 

as a tracer, using bromide as a ratio with chloride is much more useful, as a relatively small 

change in the total mass of bromide will give rise to a large change in the overall Cl/Br ratio, 

provided chloride remains relatively unchanged (Davies et al., 1998). Another important 

difference is their solubility, as chloride has a slightly lower aqueous solubility than bromide 
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(Davis et al., 1998). The difference in solubility is key in creating distinct natural Cl/Br ratios in 

natural fluids and solids (Davies et al., 1998). For instance, natural groundwater will generally 

have a Cl/Br ratio of between 100 and 200 (Davies et al., 1998). However, as water is evaporated, 

halite will precipitate first, leaving brine enriched in bromide. Therefore, if sea water is 

evaporated, the remaining brine will have a Cl/Br ratio of around 50, while the precipitated halite 

will have a ratio of about 9000). Water influenced by the subsequent dissolution of this halite can 

then have a Cl/Br ratio of between 1000 and 10000 (Davies et al., 1998). Importantly, in the 

context of this research, domestic wastewater has a Cl/Br ratio of 300-600 (Davies et al., 1998).  

These differences have been central to the use of Cl/Br ratios in identifying impacts on 

groundwater. For instance, wells impacted by domestic wastewater or halite used for water 

softening or road de-icing, would be expected to have elevated Cl/Br ratios (with respect to 

natural groundwater). Consequently, these distinct Cl/Br ratios have been used by numerous 

studies to distinguish pristine groundwater from groundwater that has been influenced by these 

anthropogenic inputs, and other natural sources of salinity such as seawater and deep basin 

brines (Katz et al., 2011).  

Many of the studies have used plots of Cl concentration against the mass ratio of Cl/Br to 

illustrate the differences in Cl/Br signatures between natural groundwater, and those that have 

been impacted (Jagucki and Darner, 2001; Dumouchelle, 2006; Panno et al., 2006; Brown et al., 

2009; Katz et al., 2011; Macarthur et al., 2012). Furthermore, several of these studies have 

developed mixing curves, to illustrate how the Cl concentration and Cl/Br ratio of natural 

groundwater changes with the mixing of solutions with different Cl/Br ratios, such as halite 

solutions or domestic wastewater (Jagucki and Darner, 2001; Panno et al., 2006; Brown et al., 

2009; Katz et al., 2011; Macarthur et al., 2012). Comparing the Cl/Br ratio of a groundwater 

sample to these plots and mixing curves can then be used to infer if the groundwater has been 

anthropogenically influenced, and if so, the likely source. 

An early study by Jagucki and Darner (2001) developed simple mixing curves to show how the 

Cl/Br ratio of groundwater would change with the addition of saturated halite solution, oilfield 

brine or domestic sewage. The mixing curves were developed using equations outlined by 

Whittemore (1988) and the distinct Cl/Br ratio signatures associated with the different solutions. 

The Cl/Br ratio of the domestic sewage was selected as the midpoint of the range (300-600) 

reported by Davis et al. (1998), based on analyses of urban sewage from England and the United 

States. The natural groundwater Cl/Br ratio was determined from a well considered to not be 

impacted, and hence representing natural conditions. The Cl/Br signatures for the halite and brine 

solutions were determined from measurements on representative samples of each. As discussed 

above, the Cl/Br ratio for halite is considerably elevated with respect to both natural groundwater 
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and domestic wastewater (approximately 9000), while the ratio associated with brines is much 

lower (approximately 50) (Davies et al., 1998). Water quality analysis data from 31 wells were 

then interpreted using the resulting mixing curves. Wells that plotted near the natural 

groundwater end member, were deemed to not be impacted from any of the potential sources. 

Wells that plotted along the mixing curves were deemed to be impacted by the source associated 

with that particular mixing curve. For instance, wells plotted along the wastewater mixing curve 

are indicative of an impact from a DWWTS, while wells plotted along the halite mixing curve are 

indicative of an impact from halite dissolution. For wells that plotted along the halite mixing 

curve, given the geology of the study area, Jagucki and Darner (2001) ruled out an impact from 

naturally occurring halite. Consequently, they concluded that these wells are likely impacted from 

human uses of halite, potentially road de-icing and/or water softening. Samples plotting between 

the curves were deemed to be potentially impacted by more than one source. Jagucki and Darner 

(2001) suggest that this may be a result of the use of halite in water softeners, which would 

greatly increase the Cl/Br signature of the DWWTS. In conclusion, due to natural variations in 

groundwater chemistry, the study states that no definitive statements can be made regarding 

anthropogenic effects on waters that have Cl/Br ratios between 200 and 400. However, in turn, 

the study concludes that water with a ratio of greater than 400 is more likely to be affected by 

anthropogenic influences (either from halite or domestic wastewater effluent), particularly if it 

plots close to the mixing lines. Where elevated ratios (>400) are detected, Jugucki and Darner, 

(2001) suggest using coliform and nitrate data to further attribute the high ratio to either road 

run-off (halite) or DWWTS effluent.  

This approach of comparing groundwater Cl/Br signatures to mixing curves has also been taken by 

numerous other studies (Vengosh and Pankratov, 1998; Thomas, 2000; Francy et al., 2004; 

Dumouchelle, 2006; Panno et al., 2006; Brown et al., 2009; Katz et al., 2011; Macarthur et al., 

2012), all with positive results, concluding that the distinct Cl/Br ratio can be used to identify 

impacts from domestic wastewater and halite. For instance, Francy et al. (2004) found that if Cl/Br 

had been used as screening tool, it would have accurately predicted 88% of the wells that tested 

positive for enteric viruses and total coliforms. 

However, a particularly relevant review on the use of Cl/Br ratios as a tracer of septic tank 

leachate in groundwater is provided by Katz et al. (2011). Chemical data were evaluated from 

1848 domestic wells in 19 aquifers, and 121 public supply wells in six aquifers. Mixing curves were 

again developed (Figure 10.9) based on Cl/Br ratios reported by previous studies. The septic tank 

end-member Cl/Br ratio was taken as 769, with a Cl concentration of 91 mg/l, based on Panno et 

al. (2006). The seawater end member Cl/Br ratio was taken as 67, based on the figures from Davis 

et al. (1998). The Cl/Br ratio for road salt (halite) was taken as 6770, based on chloride and 
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bromide concentrations of about 10,000 and 1.48 mg/L, respectively, as listed by Granato (1996). 

As shown in Figure 10.9, wells plotting within the designated regions (based on these end 

members and mixing curves) were considered to be impacted by the respective sources.  

 
Figure 10.9 Mixing curves developed by Katz et al. (2011) showing the change in Cl/Br ratio and 

chloride concentrations of natural pristine groundwater with the mixing of halite, brine and 

domestic sewage. 

Furthermore, Katz et al. (2011) examined the effectiveness of Cl/Br ratios in identifying source 

impacts by dividing wells into two categories. Using the previously defined threshold of 400, they 

classed wells with a Cl/Br ratio below this value as “non-impacted”, while wells with a Cl/Br ratio 

in the range of 400-1100 were classed as being influenced by septic systems. Katz et al. (2011) 

then compared these two groups of wells in terms of water quality indicator parameters and 

selected ancillary data (e.g. land-use data, well depth and soil characteristics). The study found 

that for shallow domestic wells (<20 m), those classed in the impacted class (Cl/Br ratio within 

400-1100) had higher median percentage of houses with septic tanks than the non-impacted 

wells (Cl/Br <400). Furthermore, higher nitrate, potassium, boron, chloride, dissolved organic 

carbon, and sulphate concentrations were associated with the impacted class, which is consistent 

with an influence from septic-tank effluent. The study concluded that the relatively inexpensive 

analyses to give the Cl/Br ratio means the technique has the potential for screening shallow 

domestic wells for possible contamination from septic tanks, if used in conjunction with the other 

indicators and ancillary information. Such indicators listed as potentially useful were potassium, 

boron, sulphate, DOC, nitrate, and organic wastewater compounds, such as microbial indicators. 
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Subsequently, the study also concluded that “the seasonal collection of microbiological data along 

with major ions, nutrients, boron, and bromide in areas near septic tank and other waste disposal 

sites would be helpful in future studies to determine what combination of tracers are most useful 

in identifying health concerns associated with degraded groundwater quality”. This is 

fundamentally, the objective of this current research. 

The studies discussed so far have looked at distinguishing pristine groundwater from groundwater 

that has been influenced by domestic wastewater and halite, and natural sources of salinity. 

However, other sources of contamination must be considered. For instance, these previous 

studies did not examine the potential influence of organic agricultural waste on Cl/Br ratios. In 

fact, few studies have looked at the Cl/Br signature from farm wastes, despite these being a 

known groundwater contaminant source. Hudak (2003) found that there was no statistically 

significant difference in the Cl/Br ratio between waste from cattle, horses and goats, and that the 

ratios were significantly lower than values quoted for DWWTS effluent. This suggests that Cl/Br 

signatures of DWWTS and animal waste do not overlap, and that Cl/Br ratios may a useful 

technique for identifying the contamination from a DWWTS where both are potential sources.  

Other research into the Cl/Br signature of farm wastes has produced some conflicting results. 

Panno et al. (2006) examined the potential use of Cl/Br ratios in identifying sources of sodium and 

chloride in groundwater, including agricultural chemical, human wastewater effluent, animal 

waste, municipal landfill and road de-icing agents. Notably, Panno et al. (2006) measured the 

Cl/Br ratio of waste from pigs and horses, and found the median ratios to range from 1245 to 

1654. They suggest this disparity with the findings of Hudak (2003) could be a result of differences 

between the animal facilities, feeds used, the source water and where the samples were 

collected. Importantly however, the elevated Cl/Br ratio associated with animal waste, as 

indicated by Panno et al. (2006), suggests that the Cl/Br signature of human wastewater and 

animal waste may overlap and as a result, identifying the origin of well contamination where both 

are potential sources would be problematic. It should be noted that while overlaps were present, 

the study still concluded that the Cl/Br ratio was useful in identifying impacts on groundwater. 

Despite the disparity between the findings of Hudak (2003) and Panno et al. (2006), the findings 

of the studies reviewed to date suggest that the Cl/Br ratio may complement the use of the K/Na 

ratio. If the Cl/Br ratios associated with animal waste in Ireland are consistent with Hudak (2003), 

an elevated Cl/Br ratio would be consistent with an impact from a DWWTS, while an elevated 

K/Na ratio would be consistent with an impact from sources of decaying organic matter such as 

farmyard effluent and animal waste. On the other hand, if the Cl/Br ratios associated with animal 

waste in Ireland is consistent with Panno et al. (2006), an elevated Cl/Br ratio would be consistent 

with an impact from either a DWWTS or farmyard animal waste. However, the K/Na ratio could 
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then be used to discern whether or not there is an impact from the farmyard animal waste. This 

highlights how both ratios could be used in parallel. Furthermore, the use of both ratios would 

only be required where an impact from both sources were suspected. If a DWWTS source was 

suspected, and no agricultural source was present, the Cl/Br ratio would be sufficient on its own 

to indicate an impact.  

However, there are challenges in the use of Cl/Br ratios in contamination fingerprinting. Domestic 

wastewater effluent tends to have a large range in Cl/Br ratios due to variations in the source 

water and other anthropogenic influences (Vengosh and Pankratov, 1998; Katz et al., 2011). As a 

result, typical “end points” for DWWTS effluent, as mentioned previously, may differ on a spatial 

scale. Davies et al. (1998) stated the typical ratios for domestic sewage to be between 300 and 

600. This range was also used in the study by Jagucki and Darner (2001) with a chloride midpoint 

of 69 mg/l. Vengosh and Pankratov (1998), however, measured the Cl/Br ratio in wastewater 

within a range from 410 to 873, with an average of 732 and a chloride concentration from 260-

396 mg/l. Katz et al. (2011) used a ratio of 769 as the domestic wastewater end member. 

Groundwater Cl/Br ratio will also naturally vary spatially. Cl/Br ratios can vary with proximity to 

the coast, as a result of seawater intrusion and/or differences in precipitation. Davies et al. (1998) 

suggest that the Cl/Br ratio in precipitation can range from 130-180 near the coast, down to 75 to 

120 inland. Studies have also shown the sorption of bromide with clay particles and iron oxides, 

which could alter a Cl/Br signature (Vengosh and Pankratov, 1998; Alcalá and Custodio, 2008; Katz 

et al., 2011). Elevated Br concentrations may also originate from decomposition of organic matter 

which would result in lower Cl/Br ratios (Gerritse and George, 1988; Seaman et al., 1996). These 

challenges mean all data should be carefully interpreted, as ratio overlaps are possible (Vengosh 

and Pankratov, 1998).  

While there are challenges in the use of Cl/Br ratios to identify anthropogenic impacts, the 

positive results from previous research suggest that an investigation into the applicability of the 

method to Irish private wells is warranted. Furthermore, there is potential for Cl/Br ratios to 

complement the use of K/Na ratios. Given the relative low cost of assessing ionic ratios, these 

methods could provide a low-cost screening tool for assessing private well impacts.  

10.5.2 Cl/Br: Methodology 

All samples from the M11 and M13 monitoring events were analysed for bromide by an 

accredited independent laboratory. Analysis was performed on a Dionex ICS 3000 direct injection 

ion chromatography system using an electrolytically generated potassium hydroxide eluent and 

selective column with suppressed conductivity detection. Chloride analysis was performed using 

the same method outlined in Section 5.7, using a Merck Spectroquant Nova 60 
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spectrophotometer and associated reagent test kit (analogous to methods EPA 325.1 and APHA 

4500-Cl- E).  

10.5.3 Cl/Br Results 

The Cl/Br ratios for the 24 wells sampled during the M11 and M13 monitoring events are shown 

in Figure 10.10. Also illustrated are the results for the corresponding presence/absence of E. coli. 

Note, the same four wells tested positive for E. coli in the M11 and M13 events (CX52, KX10, KX29 

and CL2).  

With respect to the M11 event, all wells had quantifiable concentrations of Br, except for KX13, 

which had a concentration below the lower detection limit (1.67 µg/l). For the remaining wells, 

the Cl/Br ratio ranged from 125 to 1208. During the M13 event, all wells except for CX23 had 

quantifiable concentrations of Br, with Cl/Br ratios ranging from 21 to 953.  

 
Figure 10.10 Cl/Br ratios for all wells in M11 and M13 monitoring periods. Also shown are the 

wells that tested positive for E. coli. Samples treated by water softeners are excluded.  

As stated by Davies et al. (1998), shallow groundwater has a Cl/Br ratio typically between 100 and 

200. As shown in Figure 10.10, during the M11 and M13 events, approximately half (n=12 and 

n=11, respectively) of the wells tested had a Cl/Br ratio greater than 200. Note, this does not 

necessarily mean that these wells are contaminated.  

The Cl/Br ratios for all wells analysed in M11 and M13 are plotted against the corresponding 

chloride concentrations in Figure 10.11. Also illustrated are the different ranges that have been 

developed by Davies et al. (1998), Vengosh and Pankratov, (1998), Jagucki and Darner, (2001), 

Panno et al. (2006) and Katz et al. (2011), and used as diagnostic tools for indicating 

anthropogenic influences (as discussed above). As stated by Jagucki and Darner (2001), due to 

natural variations in groundwater chemistry, no definitive statements can be made regarding 

anthropogenic effects on waters that have Cl/Br ratios between 200 and 400.  
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Of the twelve wells that exceeded the threshold value of 200 during the M11 event, eight fall 

within this range of 200 to 400. Similarly, of the eleven wells that exceeded the threshold value in 

M13, seven fall within this inconclusive 200-400 range. While these wells could, in theory, be 

somewhat influenced by anthropogenic activities, the Cl/Br is not distinguishable from natural 

variation. Again, as noted in relation to K/Na ratios, conclusions based on “one-off” samples must 

be treated with care.  

The review study by Katz et al. (2011) used the Cl/Br range of 400-1100 and chloride 

concentrations of 20-100 mg/l to identify wells influenced by septic tanks (see Figures 10.9 and 

10.11). Of the remaining four wells from M11 with ratios greater than 400, (KX29, KX4, KX10 and 

BL37), three fall within this range. The remaining well only slightly exceeds the 1100 Cl/Br 

threshold, with an actual ratio of 1207. With respect to M13, similarly, four wells have Cl/Br ratios 

greater than 400 (CL11, KX13 and KX10 and KX4). These values are consistent with groundwater 

that has been anthropogenically influenced, potentially from a source of domestic wastewater. 

Note, as stated previously, a relatively small change in the total mass of bromide will give rise to a 

large change in the overall Cl/Br ratio. Hence, reliable analytical techniques are imperative.  

 

Figure 10.11 Cl/Br ratio versus chloride concentration for M11 and M13 monitoring event (n=24 

wells). Included are previous measured ranges for domestic wastewater and thresholds for 

indicating potential influences from anthropogenic activities.  

While these wells could be impacted by a DWWTS, as discussed above, studies have listed road 

salt as another potential factor in altering groundwater Cl/Br ratios (Jagucki and Darner, 2001; 

Katz et al., 2011). The Cl/Br ratio of 6770 for road salt (halite), is based on Cl and Br 

concentrations of approximately 10,000 and 1.48 mg/L, respectively (Granato, 1996). While road 
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salt is applied to Irish roads, it is very rarely required and only applied a limited number times of 

year due to the mild maritime climate. However, water-softeners are another potential source of 

halite that could influence Cl/Br ratios. Of the wells with Cl/Br ratios over 400 in the M11 and M13 

events, two (KX4 and BL37) are fitted with a water softener, with no sampling source available 

without treatment. It is likely therefore that the elevated Cl/Br ratios are a result of the water 

softeners, and so no conclusions can be drawn on these wells with regards to a potential impact 

from a DWWTS. This is an obvious limitation of the method.  

With respect to the M11 event, excluding KX4 and KX37, for the remaining two wells that had 

Cl/Br ratios of 493 (KX29) and 1207 (KX10), while both houses are fitted with a water softener, the 

sample was taken from a non-treated source. These ratios are therefore valid, and are consistent 

with an impact from a DWWTS. Both wells also tested positive for E. coli during this monitoring 

event and have repeatedly done so over the monitoring period. Therefore, both the Cl/Br and E. 

coli are consistent with an impact from a DWWTS. 

As both of these houses use a water softener, the DWWTS effluents would be expected to have 

elevated chloride concentrations and Cl/Br ratios (Thomas, 2000). This could potentially explain 

why the elevated Cl/Br ratio was identified in these two wells. Panno et al. (2006) state that if 

NaCl is added to a water softening systems serving a family of four at the manufacturer’s 

recommended rates for moderately hard water, a single water softening system may discharge 

close to 1000 kg/year of dissolved NaCl. Water softeners would therefore increase the Cl/Br ratio 

that would be expected from typical DWWTS effluent. This in turn would alter the Cl/Br ratio 

expected to be found in a groundwater well contaminated with wastewater from such a system. 

Notably, KX10 (Cl/Br ratio 1207) in particular plots between the halite and the wastewater/halite 

mixing curves developed by Katz et al. (2011) and Jagucki and Darner (2001). In contrast, KX29 

(Cl/Br ratio of 493) plots almost exactly on the groundwater-domestic sewage mixing curve. 

With respect to M13, once KX4 is excluded (due to the water softener) three wells have elevated 

Cl/Br ratios (CL11, KX13 and KX10). It is evident therefore, some temporal variation is apparent in 

Cl/Br ratios between M11 and M13. There is an increase in Cl/Br ratios for KX13 and CL11 (which 

were less than 400 in M11), while there is a decrease in KX29, which is now no longer above the 

400 threshold. In contrast, consistency is seen in KX10, which had an elevated Cl/Br ratio in both 

M11 and M13.  

The consistently elevated Cl/Br ratio in KX10, coupled with the presence of E. coli, supports the 

conclusion that it could be influenced by a DWWTS. Furthermore, the consistently low K/Na ratio 

(see Section 10.4) suggests that organic agricultural waste is not the E. coli source, indicating how 

the two ratios can be used in parallel. The same cannot be said for KX29. While the Cl/Br ratio in 
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M11 indicated an impact from the DWWTS, the lower Cl/Br ratio during M13 does not. It is 

possible that the impact from the DWWTS is transient, and that the impact was less during the 

M13 monitoring. However, as E. coli was present in both M11 and M13 samples, it also possible 

that there is an impact from another source of contamination. Interestingly, elevated K/Na ratios 

were seen repeatedly in KX29. This is consistent with an impact from the nearby chicken coup, or 

another source of decaying organic matter. While the exact source of the contamination is not 

discernible here, both the K/Na and Cl/Br indicate that this well is being contaminated from one 

or both of these faecal sources of contamination.  

Despite the elevated Cl/Br ratios in M13, neither KX13 nor CL11 tested positive for E. coli in M11 

or M13. However, CL11 tested positive for E. coli in six out of the 14 monitoring events 

respectively. This may indicate a possible transient impact from a DWWTS. Notably, while KX13 

did not test positive for E. coli in M11 or M13, it did so in M12. This coincides with an increase in 

the Cl/Br ratio between M11 and M13, which increased from 0 (due to Br being below the 

detection limit), to 505, which is above the 400-ratio threshold. This is in line with an impact from 

a DWWTS between the M11 and M13 events.  

The two remaining wells (CX52 and Cl2) that tested positive for E. coli in the M11 and M13 events 

had low Cl/Br ratios. This suggests that the contamination originated from a source other than a 

DWWTS. Notably, as discussed in Section 10.4, K/Na ratios indicated that these wells are 

impacted by nearby agricultural point sources of contamination (beef farmyards).  

Potential correlations were examined between all measured parameters and the Cl/Br ratio. The 

Cl/Br ratio was found to not be statistically significantly correlated with other contamination 

indicators such as nitrate, E. coli or total coliforms. It should be noted that correlations on such a 

small number of wells with no account for temporal variation are somewhat weak. Positive 

correlations had been reported by Thomas (2000), where Cl/Br ratios above 400 were found to be 

correlated with elevated nitrate concentrations. 

10.5.4 Cl/Br: Conclusion 

The Cl/Br ratio does seem to have potential as a viable screening tool for identifying wells that are 

impacted by DWWTSs. In view of the promising results, further monitoring to assess temporal 

variation in Cl/Br ratios, how they relate to conventional faecal indicator bacteria and the ratio 

ranges that are indicative of human impacts is warranted. It should be noted that the inferences 

from this research are somewhat limited due to the relatively small number of wells assessed. 

While the Cl/Br ratio is potentially useful on its own, analysing it in combination with K/Na ratios 

may be even more informative. Although neither method can attribute contamination to a source 
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with complete certainty, using both ratios in parallel may be a useful preliminary fingerprinting 

technique. Further research into the characteristics of source material would be useful in 

assessing how these results could be used together.  

Given both ratios can be calculated relatively quickly and inexpensively, they could be used as a 

preliminary screening tool to guide further actions. For instance, if the ratios indicate an impact 

from a source, remedial or preventative actions could be taken. The application of more detailed 

fingerprinting techniques as part of a tiered approach is considered in Chapter 11.    

10.6 Faecal sterol profiles 

10.6.1 Sterols: Literature Review 

All faecal material contains sterols, and their breakdown products, stanols. However, the types 

and distribution of sterols and stanols in faeces vary between animals, which gives rise to distinct 

faecal sterol profiles or fingerprints. This level of specificity between an animal and its faeces gives 

rise to the potential use of faecal sterol profiles as a tracer of faecal contamination (Leeming et 

al., 1996; Lucas et al., 2007). Distinguishable faecal sterol characteristics for humans, herbivores 

and birds have been found to be sufficiently distinctive to be of diagnostic value in identifying 

sources of faecal contamination in waters (Marvin and Brown, 2001; Lucas et al., 2007; Shah et 

al., 2007; Moriarty and Gilpin, 2009; Derrien et al., 2012; Leeming et al., 2015). The following 

section provides a review of the literature pertaining to the use faecal sterols as tracers of aquatic 

contamination.  

The specific sterol profile found in an animal’s faeces is dictated by several factors, as reviewed in 

an early study by Leeming et al. (1996). Firstly, the differences in diets between animals 

contribute to distinct faecal sterols profiles. For example, humans, dogs and sheep are 

omnivorous, carnivorous and herbivorous, respectively, and each of these diets has a distinct 

proportion of sterols (cholesterol, 24-ethylcholesterol, 24-methylcholesterol, and/or 

stigmasterol). Secondly, an animal’s ability to synthesise its own sterols can give rise to a unique 

sterol profile. Therefore, even with a low dietary intake of sterols, endogenous sterols are 

biosynthesised by higher animals and discharged to the digestive tract. This means that humans 

on low cholesterol diets can still synthesise cholesterol. Thirdly, and importantly in terms of 

creating distinct sterol profiles, anaerobic bacteria in the digestive tract of some animals 

biohydrogenate sterols to stanols of various isomeric configurations (Leeming et al., 1996).  

A summary of the different sterol and stanol compounds and their associations is shown in Table 

10.3. This shows that cholesterol can be hydrogenated to one or more of four possible stanols. 

For instance, in human beings, cholesterol (C27 Cholest-5-en-3β-ol), which is a constituent of 

animal cell membranes and is therefore found in human diets, is preferentially reduced to 
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coprostanol (C27 5β-cholestan-3β-ol). In contrast, in the environment, this cholesterol is 

predominately reduced to cholestanol (C27 5α-cholestan-3β-ol). Therefore, as only anaerobic 

bacteria can hydrogenate cholesterol to coprostanol, coprostanol is not generally found in 

unpolluted fresh or marine waters, or in fully oxic sediments (Leeming et al., 1996; Gilpin et al., 

2011). Similarly, plant-derived 24-ethylcholesterol (C29 24-ethylcholest-5-en-3β-ol, which is 

common in the diets of herbivores) is reduced to 24-ethylcoprostanol (C29 24-ethyl-5β-cholestan-

3β-ol) and 24-ethylepicoprostanol (C29 24-ethyl-5β-cholestan-3α-ol) in the gut of herbivores, 

whereas in the environment it is primarily reduced to 24-ethylcholestanol (C29 24-ethyl-5α-

cholestan-3β-ol) (Leeming et al., 1996; Moriarty and Gilpin, 2009; Leeming et al., 2015).  

Table 10.3 Summary of sterol and stanol compounds (after Leeming et al., 2015). 

C27 sterols and stanols 

Systematic name Trivial name Description 

Cholest-5-en-3β-ol Cholesterol 
C27 precursor to 5α-and 5β-stanols– constituent of 
animal cell membranes. 

5β-cholestan-3β-ol Coprostanol 
Human faecal biomarker–high relative amounts indicate 
fresh human faecal contamination. 

5β-cholestan-3α-ol Epi-coprostanol 
Present in sewage sludge -high relative amounts suggest 
older faecal contamination and/or anaerobic sediments 

5α-cholestan-3β-ol Cholestanol 

Thermodynamically most stable isomer, ubiquitous–
likelihood that5β-stanols are of faecal origin, if 
coprostanol/cholestanol ratio is: <0.3= low, 0.3-<0.5 
=moderate, ≥0.5=high 

   

5α-cholestan-3α-ol Epi-cholestanol 

Presence indicates biohydrogenation of precursor 
cholesterol in anoxic sediments 

C29 sterols and stanols 

Systematic name Trivial name Description 

24-ethylcholest-5-
en-3β-ol 

24-ethylcholesterol 
β-sitosterol 

C29 precursor to 5α-and 5β-stanols – constituent of 
plant cell membranes. 

24-ethyl-5β-
cholestan-3β-ol 

24-
ethylcoprostanol 

Herbivore faecal biomarker–high relative amounts 
indicate herbivore faecal contamination. 

24-ethyl-5β-
cholestan-3α-ol 

24-ethyl-epi-
coprostanol 

Also present in some herbivore faeces. 

24-ethyl-5α-
cholestan-3β-ol 

24-ethylcholestanol 
Sitostanol 

Thermodynamically most stable isomer, ubiquitous–
likelihood that 5β-stanols are of faecal origin, if 24-
ethylcoprostanol/ 24-ethylcholestanol ratio is: <0.3= 
low, 0.3-<0.5= moderate, ≥0.5= high. 

24-ethyl-5α-
cholestan-3α-ol 

24-ethyl-epi-
cholestanol 

May co-elute in trace amounts with 24-ethyl-epi-
coprostanol, but not separately identified any previous 
work (Leeming et al., 2015) 

 

To identify specific faecal sterol profiles, Leeming et al. (1996) examined the sterol content of 

faeces from humans and 14 species of animals, common to rural and/or urban environments. A 

total of 17 sterols were identified in the 70 faecal samples analysed. With regards to herbivores, 

the total sterol content in sheep, cow and possum faeces ranged from 1000 to 1900 µg/g, while
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horse faeces generally contained only half the concentration of total sterols as other herbivores 

(Leeming et al., 1996). The major sterols present in herbivore faeces were 24-ethylcoprostanol, 

sitosterol and sitostanol, while minor sterols were campestanol, cholesterol and coprostanol. The 

relative ratio of 5β-stanols to their sterol precursors (cholesterol and sitosterol) was on average 

close to 1 for cows and horses, and generally between 1-3 for sheep. Notably however, sheep 

sterol profile was also found to contain 24-ethylepicoprostanol (Leeming et al., 1996).   

In contrast, for omnivores, the total sterol content ranged from 130 μg/g for seagull faeces, to 

8800 μg/g for human faeces. In general, C27 sterols were present in higher or similar levels to C29 

sterols.  Human faeces was dominated by coprostanol, followed by 24-ethylcoprostanol. 

However, in sewage effluent cholesterol was found to be the second must abundant (replacing 

24-ethylcoprostanol), due to the influence of other inputs into the sewerage network. Overall, 

coprostanol was found to constitute about 60% of the total sterols in human faeces. The ratio of 

5β-stanols to their precursor sterols was generally greater than 10. On average, there is 10-times 

more coprostanol in human faeces than in the faeces of any other animal on a dry weight basis. 

The major sterols in pig faeces were 24-ethylcoprostanol, coprostanol, sitosterol, cholesterol and 

sitostanol. The sterol profile of pig faeces was found to be similar to that of humans except that 

the concentrations of total and individual major sterols were 4-10 times less abundant. The ratio 

of 5β-stanols relative to their precursor sterols was generally greater than two. Leeming et al. 

(1996) also state that many other warm-blooded animals including rats, primates and sealions are 

also capable of producing coprostanol in their faeces. The variation in the sterol profiles of bird 

faeces analysed was greater than that observed for any other animal group. The major sterols in 

bird faeces were sitosterol, cholesterol, stigmasterol and isofucosterol. However, coprostanol was 

either absent or present at very low levels and the ratio of 5β-stanols to their sterol precursor was 

generally less than one (Leeming et al., 1996). 

In relation to carnivores, the total sterol content in cat faeces ranged from 1400 and 2200 μg/g. 

The major sterols detected were cholesterol, coprostanol, sitosterol, 24-ethylcoprostanol and 

sitostanol. The sterol profile of cat faeces was similar to that of pigs and humans, however, as was 

seen in pig faeces, the concentrations of the major sterols and especially coprostanol were much 

lower in cats than in humans. The sterol profile of dog faeces was very different to that of cats. 

The average total sterol content in dog faeces was 2200 μg/g, with cholesterol alone comprising 

approximately 71% of the total sterols. Other major sterols were sitosterol and campesterol, 

while coprostanol was only detected as a trace component.  

When aquatic systems are contaminated with faecal matter, the sterol fingerprint of the faeces 

(and in turn the source animal) is mixed with the sterol profile already associated with the aquatic 

systems, which includes sterols from algae, detritus and other material (Leeming et al., 1996). 
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Nonetheless, the sterol profile and biomarkers of the faecal contamination are still identifiable 

(Leeming et al., 1996). However, the presence of the various faecal sterol and stanol biomarkers 

alone does not necessarily indicate a source, as biomarkers are not entirely unique to one source. 

Leeming et al. (1996), however, state that examining the entire sterol profile along with other 

indicator data can distinguish a source. Leeming et al. (1996) use a principal component analysis 

to summarise the differences between the sterol profiles of various animals (see Figure 10.12).  

 
Figure 10.12 Principal components analysis of 69 faecal samples. Generally, the differences 

between groups, and hence placement in the plot, are the carbon number of sterol precursors 

(C27, C28 or C29) and the ability to reduce those precursors to 5β-stanols or not (Leeming et al., 

1996).    

As shown, the differences between the animals are a result of the carbon number of sterol 

precursors (C27, C28 or C29), and their ability to reduce those precursors to 5β-stanols or not. 

Human faeces are isolated in Figure 10.12 since 60% of its total sterol content is comprised of 

coprostanol. As discussed previously, however, cats and pigs can have a similar sterols profile to 

humans due to the presence of coprostanol in their faeces. However, both pig and cat faeces have 

a relatively lower amount of coprostanol than human faeces hence the distinct location in Figure 

10.12. Nonetheless, this difference would not be enough to distinguish between human, pig and 

cat source of faecal contamination in an aquatic system. Leeming et al. (1996) suggest that the 
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contribution from cats and pigs can largely be ruled out in many situations. Pig faecal 

contamination would generally only occur in areas associated with pig farming, while cat faeces 

would only ever be a relatively small contributor. Cow and sheep faecal profiles are also clearly 

represented on Figure 10.12. As their food intake is predominantly grass and other plant based 

material, the sterol precursors are mainly C29 ethylcholesterol. By association, this means that 

water samples that contain greater amounts of C29 5β-stanols than C27 stanols are likely to be 

contaminated faecal contamination from herbivores. Contamination by sheep faecal matter can 

further be identified by the presence of 24-ethylepicoprostanol. The faeces of dogs and birds do 

not contain coprostanol or ethylcoprostanol, and therefore, graph relatively distinctly in Figure 

10.12. Leeming et al. (1996) suggest therefore, that the presence of high numbers of faecal 

indicator bacteria in the absence of 5β-stanols, is an indication of faecal contamination from a 

source other than humans such as birds or dogs.  

Leeming et al. (1996) also suggest that ratios of certain sterols can be used to identify the source 

of faecal contamination. A summary of the numerous ratios and how they can be combined is 

reviewed by ESR (2016), and presented in Figure 10.13. It should be noted that ESR (2016) state 

that Figure 10.13 is an expert opinion system rather than a decision tree, and that it is updated 

based on the results of continuing research. Leeming et al. (1996, 2015) state that the most 

sensitive sterol parameter for identifying human and herbivore faecal contamination is the 5β/5α-

stanols ratio. The ratio includes the C27 pair for human contamination and the C29 pair for 

herbivores. Grimalt et al. (1990) first suggested the C27 ratio pair, which calculated the ratio of 

coprostanol / (coprostanol+cholersterol). The ratio was refined by Leeming et al. (1997, 1998) to 

simply coprostanol/cholestanol. The ratio indicates whether the coprostanol present is of faecal 

origin or not (Gilpin et al., 2011). A ratio <0.3 was deemed to be indicative of no faecal 

contamination and may suggest environmental reduction by, for example, anaerobic bacteria in 

sediments. A ratio of >0.5 indicates contamination. Higher ratios in the range 6-10 are more likely 

to be due to human pollution as undiluted human faeces yield ratios of >10, whereas undiluted 

sheep and cow faeces ranged from 1.5 to 3.0 (Gilpin et al., 2011). A ratio between 0.3-0.5 means 

additional information is required. Similarly, the equivalent C29 ratio is the ratio of 24-

ethylcoprostanol/24-ethylcholestanol. This ratio is similar to the coprostanol/cholestanol ratio but 

uses the C29 analogues to confirm if raised coprostanol levels are due to faecal contamination 

(>0.5) rather than in situ anaerobic bacteria (<0.3) (Gilpin et al., 2011).  

While the previous ratios can be used to indicate and impact from faecal contamination, further 

ratios can be used to determine the probable source(s). The % coprostanol/total sterol is the 

normalisation of coprostanol to total sterol concentration, with greater than 5-6% indicative of 

sewage being the source of the pollution (Gilpin et al., 2011). The ratio of 5β/(5β+5α stanols) or  
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Figure 10.13 Summary of decision processes and ratios used to determine faecal contamination 

sources (ESR, 2016). 

5β-coprostanol/(5β-coprostanol + 5α-cholestanol) was developed by Grimalt et al. (1990). A ratio 

of >0.7 is indicative of urban sewage, while <0.3 indicates unpolluted sediments and 0.4-0.6 

suggesting a complex intermediary (Gilpin et al., 2011). The ratio of coprostanol/epicoprostanol 

has also been suggested as an indicator of the type of sewage contamination. Epicoprostanol is 

found in low levels in fresh sewage, and at higher levels in treated sewage due to the microbial 

conversion of cholesterol or coprostanol to epicoprostanol during treatment processes. 

Therefore, a high ratio of coprostanol to epicoprostanol suggests untreated faecal pollution 

(Gilpin et al., 2011). The ratio of coprostanol/24-ethylcoprostanol has been used to indicate the 

proportion of contribution by either human or herbivore faeces to the faecal contamination. A 

ratio of >1 indicates a human source of sterols, while well below 1.0 suggests herbivore faecal 

contamination to be the more likely source (Gilpin et al., 2011). Where mixed aquatic pollution 

involving contamination from both human and herbivore sources is suspected, a method, 

illustrated in Figure 10.14, has been suggested for the estimation of the percentage faecal 

contribution from human and herbivore sources. 

Several studies have successfully used faecal sterols analysis to trace faecal contamination. 

However, to date, the majority of research has been conducted on surface water systems (Grimalt 

et al., 1990; Leeming et al., 1998; Blanch et al., 2006; Lucas et al., 2007; Shah et al., 2007; 
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Moriarty and Gilpin, 2009; Derrien et al., 2012; Leeming et al., 2015, and more). Tran et al. (2015) 

discuss the potential applicability of faecal sterol tracing in groundwater. Their review states that 

due to their hydrophobic nature, faecal sterols and stanols are easily adsorbed onto particulate 

phases of wastewater, sediments, and soils during the passage from the surface to subsurface 

environment. As a result, the review suggests that sterol analysis may not be ideal for tracing 

faecal contamination in groundwater.  

 
Figure 10.14 Ratio method for calculating the percentage human contribution to faecal 

contamination (ESR, 2016) 

A study by Gottschall et al. (2013) analysed for the presence of sterols (among other parameters) 

in tile drainage water, groundwater (at 2, 4, 6 m depth) and surface soil cores in a field, both pre 

and post an application of dewatered municipal bio solids. Sterols were detected in soils up to 

one year after the application, and in water from the tile drains throughout the post application 

study period (1 year), with the previously detailed sterol ratios also indicating bio solids as the 

source. Furthermore, the presence of coprostanol was significantly linearly related to the 

presence of faecal indicator bacteria in the tile drainage water. The analysis of sterols in the 

groundwater was however, less successful. Sterols were detected before and after the bio solids 

application, and in both scenarios the sterols ratio offered little as a tracer of contamination from 
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the bio solids. Again, it was suggested that this may be a result of the hydrophobicity of the 

compounds.  

10.6.2 Sterols: Methodology 

Sterol analysis was performed on well samples taken during the M11 and M13 monitoring event. 

The development of the analytical method and the subsequent analysis was performed by Dr 

Donata Dubber, a postdoctoral researcher from the Department of Civil, Structural and 

Environmental Engineering in Trinity College Dublin funded by the Irish Research Council. Analysis 

was carried out in the Dublin Institute of Technology. Due to the cost and time intensive nature of 

the extraction procedure and analytical methods, sampling and analysis was only carried out on 

four wells from each study area (i.e. 16 in total). These wells were selected based on the previous 

monitoring record and likelihood of them being contaminated. Each sample was analysed for 10 

sterols and stanols (Table 10.4). These included cholesterol, the precursor of the human specific 

faecal stanol coprostanol, as well as the most important phytosterols (β-sitosterol, stigmasterol 

and campesterol) and their transformation products 24-ethyl-coprostanol and 24-ethyl-

epicoprostanol that are produced by herbivores (Leeming et al., 1996).  

Table 10.4 Sterol and stanols analysed for by the study. 

Common name Full name Formula 

Internal standard   

Cholestane 5α-Cholestane C27H48 

Animal sterols   

Cholesterol Cholest-5-en-3β-ol C27H46O 

Coprostanol 5β-cholestan-3β-ol C27H48O 

Epicoprostanol 5β-cholestan-3α-ol C27H48O 

Cholestanol 5α-cholestan-3β-ol C27H48O 

Phytosterols   

Campesterol 24-methylcholest-5-en-3β-ol C28H48O 

Campestanol 24-methyl-5α-cholestan-3β-ol C28H50O 

Stigmasterol 24-ethylcholesta-5,22-dien-3β-ol C29H48O 

β-Sitosterol 24-ethylcholest-5-en-3β-ol C29H50O 

24-ethyl-coprostanol 24-ethyl-5β-cholestan-3β-ol C29H52O 

24-ethyl-epicoprostanol 24-ethyl-5β-cholestan-3α-ol C29H52O 

Sitostanol/Stigmastanol 24-ethyl-5α-cholestan-3β-ol C29H52O 

The sample preparation and extraction methods are based on those described by Shah et al. 

(2006). 20 L of water were taken from each well, filtered through Whatman GF/F glass fibre filter 

(0.7 μm pore size) and dried over night at 30  C̊. The dried solids (and 5α-cholestane added as 

internal standard) were then extracted with 100 mL diethyl ether in a Soxhlet apparatus, allowing 

for at least 6 refluxes. After evaporation of the solvent a saphonification with 10% KOH in 

methanol was carried out (2h at 100 C̊). The sample was then neutralised with 6M HCl and dried 
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under a gentle flow of N2 gas. The precipitate was washed with 100% ethanol before being 

discarded while the supernatant was dried under N2 before derivatisation using 200 µL BSTFA + 

1% trimethyl chlorosilane (1h at 100 C̊) to form trimethylsilyl (TMS) derivatives. 

The extracts were then analysed by a gas chromatography mass spectrometry (GC-MS) system 

consisting of a Thermo Scientific Trace Ultra gas chromatograph coupled with a Thermo Scientific 

ITQ 900 GC-Ion Trap MS System with full-scan electron ionisation. The GC was fitted with a 

Thermo Scientific AI/AS 3000 injector systems and a non-polar TraceGold TG-SQC GC column 

(30m x 0.25mm x 0.25μm). Helium was used as carrier gas at a constant flow of 0.5 mL/min. The 

sterols/stanols were separated on the column using the following temperature programme: 220 ̊C 

held for 1 min, increased to 228 C̊ (held for 3 min) at 5 C̊/min, to 230 C̊ (held for 2 min) at 5 C̊/min, 

to 270 C̊ (held for 2 min) at 5 C̊/min, to 275 C̊ (held for 1 min) at 0.5 C̊/min, to 285 C̊ (held for 1 

min) at 5 C̊/min.  

Peak detection, sterol identification (with m/z ratios of diagnostic ions) and quantification was 

performed using the Thermo Xcalibur chromatography software. The quantification was based on 

the internal standard (IS) 5α-cholestane which was added to the sample prior to extraction. The 

quantification method utilised a nine-point calibration (25-150 μg/mL, R2 for all sterols/stanols > 

0.99) with constant IS concentration of 75 μg/mL. 

10.6.3 Sterols: Results 

The results from the sterol analysis for the M11 and M13 events are shown in Tables 10.5 and 

10.6, respectively. These results can be interpreted using the decision processes developed by ESR 

(2016) and illustrated in Figure 10.13. The first step in the decision process is based on the total 

sterol content. A sample with a sterol content greater than 2000 ppt (ng/l) can move to the next 

step in the process. However, where the total sterol content is below this 2000 ng/l (2 µg/l) 

benchmark, ESR (2016) state that the source should be resampled with a greater quantity of 

water.   

For the M11 sampling, seven of the sixteen wells had a total sterol content below the 2 µg/l 

benchmark, and so no conclusion can be drawn regarding an impact (or otherwise) from faecal 

contamination. According to the ESR (2016) these wells should be resampled for a larger quantity 

of water, however, the sample volume taken in this current research (20 L) is already much 

greater than the recommended volume suggested by the ESR (2016). ESR (2016) state that 

generally, 4 L water samples are collected, and that for turbid or heavily polluted water 2 L 

samples may suffice. Sampling for volumes greater than 20 L would be logistically challenging and 

resource costly.  
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Table 10.5 Sterols and stanol results from the M11 monitoring event 

Table 10.6 Sterols and stanol results from the M13 monitoring event 

M13 Monitoring event 

Site and Well I.D. 

SA1 SA2  SA3 SA4 

CX52 CX43 CX53 CX54 BL16 BL25 BL44 BL32 KX10 KX13 KX29 KX31 CL2 CL44 CL9 CL11 

Sterols 
and 
stanols 
[µg/l) 

Total sterol 1.24 0.89 0.81 0.56 1.01 0.95 0.61 0.51 0.66 0.77 0.52 0.50 0.62 0.46 0.47 0.33 

Coprostanol 1 NF NF NF NF NF NF NF NF NF NF NF NF NF NF NF NF 

Cholesterol 2 0.18 NF 0.18 NF 0.19 NF NF NF NF NF NF NF NF NF NF NF 

Cholestanol 1 0.08 0.08 NF 0.08 NF 0.08 NF NF NF NF NF NF 0.08 NF NF NF 

24-ethyl coprostanol 1 NF NF NF NF NF NF NF NF NF NF NF NF NF NF NF NF 

24-ethylepicoprostanol 1 NF NF NF NF NF NF NF NF NF NF NF NF NF NF NF NF 

Campesterol 1 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 0.07 NF 

Stigmasterol 1  0.06 0.05 0.05 0.05 0.06 0.07 0.04 0.05 0.05 0.06 0.04 0.04 0.04 0.04 0.04 0.04 

Sitosterol 1 0.76 0.60 0.42 0.36 0.69 0.64 0.41 0.39 0.44 0.55 0.31 0.38 0.34 0.35 0.36 0.29 

Stigmastanol 1 0.09 0.09 0.09 0.00 0.00 0.09 0.09 0.00 0.09 0.09 0.09 NF 0.09 NF NF NF 

  1 Lower limit of detection = 50 ng/l;      2 Lower limit of detection = 100 ng/l;        NF= not found 

M11 Monitoring event 

Site and Well I.D. 

SA1 SA2  SA3 SA4 

CX52 CX43 CX53 CX54 BL16 BL25 BL44 BL32 KX10 KX13 KX29 KX31 CL2 CL44 CL9 CL11 

Sterols 
and 
stanols 
[µg/l) 

Total sterol 1.72 4.27 1.75 1.68 3.19 3.25 2.58 3.79 4.94 1.84 2.05 1.70 3.61 8.45 1.56 1.57 

Coprostanol 1 NF NF NF NF 0.10 NF NF 0.10 NF NF NF NF 0.10 NF NF NF 

Cholesterol 2 NF NF NF NF NF NF NF NF 1.89 NF NF NF NF NF NF NF 

Cholestanol 1 NF NF NF NF 0.14 NF NF NF NF NF NF NF NF NF NF NF 

24-ethyl coprostanol 1 NF NF NF NF NF NF NF 0.19 NF NF 0.19 NF 0.20 NF NF NF 

24-ethylepicoprostanol 1 NF NF NF NF NF 0.12 NF NF NF NF NF NF NF NF NF NF 

Campesterol 1 0.00 0.11 0.10 0.00 0.11 0.11 0.11 0.00 0.12 0.00 0.00 0.11 0.11 0.11 0.00 0.00 

Stigmasterol 1  0.22 0.36 0.23 0.23 0.32 0.34 0.32 0.34 0.31 0.25 0.23 0.22 0.33 0.26 0.21 0.21 

Sitosterol 1 1.49 3.60 1.42 1.37 2.52 2.67 2.15 3.15 2.53 1.59 1.54 1.38 2.78 8.07 1.35 1.36 

Stigmastanol 1 0.00 0.20 0.00 0.09 0.00 0.00 0.00 0.00 0.09 0.00 0.09 0.00 0.09 0.00 0.00 0.00 

 1 Lower limit of detection = 50 ng/l;      2 Lower limit of detection = 100 ng/l;        NF= not found 
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The remaining nine wells did have a total sterol content greater than 2 µg/l, and so the next step 

in the decision process (examining the ratios of coprostanol: cholestanol and 24-

ethylcopsrostanol:24-ethylcholestanol) could potentially be applied. However, in three out of the 

nine wells none of these sterols were detected. In the remaining six wells, there were isolated 

detections of coprostanol, cholesterol, cholestanol, 24-ethylcoprostanol. Three had quantifiable 

levels of one of these sterols, while the remaining three had quantifiable levels of two sterols. This 

was not sufficient to apply the ratio techniques. While coprostanol, 24-ethylcoprostanol and 24-

ethylepicoprostanol are associated with faeces, their presence alone cannot be used to indicate a 

source of contamination (ESR, 2016). No individual sterol is unique to a particular animal, and 

therefore, source identification relies on the examination of the sterol profile and ratios (ESR, 

2016). This means that no definitive conclusions regarding a contamination impact can be made 

from these results. The results from the M13 event bring about similar conclusions. None of the 

wells had a total sterol content greater than the 2000 ng/l threshold.  

Apparent however, is the almost ubiquitous presence of plant related sterols campesterol, 

stigmasterol and sitosterol. On average, these sterols account for 90% of the total sterols content 

of all the wells tested. Therefore, while some wells had total sterols contents greater than the 

2000 ng/l threshold, this was mainly due to the presence of plant sterols, which explains why the 

ratio methods were not applicable. These plant sterols likely originate from the decay of plant 

matter.  

10.6.4 Sterols: Conclusion 

Results from this research suggest that faecal sterols analysis is not a suitable human wastewater 

contamination fingerprinting technique for domestic wells. This is likely due to the hydrophobic 

nature of the faecal sterols and stanols which means they are easily adsorbed onto particulate 

phases of wastewater, sediments, and soils during the passage from the surface to subsurface 

environment. While increasing the sample volume (to even greater the 20 L) might yield more 

promising results, the increased costs and resources that would be required would make it 

impractical.  

10.7 Microbial source tracking 

10.7.1 Microbial source tracking: Literature review 

Microbial source tracking techniques are centred on the fact that certain faecal microorganisms 

are strongly associated with their host, and that these observable host-specific attributes or 

“fingerprints” can be used as markers to indicate the source(s) of faecal contamination (Harwood 

et al., 2014). Useful reviews of MST techniques are provided by Simpson et al., 2002; USEPA, 
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2005; Stoeckel and Harwood, 2007; Sargeant et al., 2011; Harwood et al., 2014 and Ahmed et al., 

2016). 

Methodologies currently used for microbial source tracking generally fall into a few broad 

categories. These include genotypic and phenotypic analysis of either cultivated target organisms, 

or cultivation-independent approaches by the direct analysis of samples from the environment 

(USEPA, 2005). Genotypic (molecular) techniques examine the genetic makeup to fingerprint the 

cell or organism, while phenotypic (biochemical) techniques examine observable characteristics of 

the organism, such as physiological traits (USEPA, 2005; Sargeant et al., 2011). The strategies 

associated with the use of these various techniques can further be broadly divided into two main 

categories: library-dependent and library-independent methods (Simpson et al., 2002; Harwood 

et al., 2014).  

Library-dependent vs library-independent 

Library-dependent methods are centred on the creation of a database or “library” from the 

collection, isolation and typing or “fingerprinting” of many different faecal indicator bacteria (FIB) 

from human or animal faeces. These fingerprints can then be compared with those from 

environmental waters to identify the source(s) of FIB (Stoeckel and Harwood, 2007). These 

library-dependent techniques were the basis of many early MST studies.  

Recently, however, the trend in MST research has been to move away from library-dependent 

techniques towards library-independent techniques (Sargeant et al., 2011). Reasons for this shift 

include the high cost and time inputs required to develop faecal source libraries, as well as the 

advancement of molecular technologies and high throughput sequencing and analytical capacity. 

Library-independent techniques rely on sample level analyses that target a particular feature of a 

specific bacterial species/type, such as a host associated genetic marker in their DNA (Stoeckel 

and Harwood et al., 2007).  

Numerous library-independent techniques based on PCR and qPCR (quantitative PCR) have been 

developed to identify and quantify host-specific genetic material in protozoa, bacteria and viruses 

(Harwood et al., 2014). However, one of the first library-independent methods developed for the 

detection of human faecal contamination was based on the specific genetic makeup of bacteria in 

the Order Bacteroidales (Bernhard and Field, 2000; Harwood et al., 2014). The use of 

Bacteroidales as a potential faecal indicator was initially proposed in the mid-1980s due to its 

greater abundance in faeces than traditionally used coliform bacteria (USEPA, 2005). Early work 

by Bernhard and Field (2000) demonstrated that bacteria of the order Bacteriodales (specifically 

the genus Bacteroides) were host-specific and that 16S rRNA gene markers that could be used to 

identify either human and ruminant hosts. In the study, two human specific forward primers 
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(HF134F and HF183F) were designed. HF183F was considered the most useful due to is specificity 

and sensitivity. These forward primers were paired with a general reverse primer (Bac 708R) 

(Harwood et al., 2014).  

Several PCR/qPCR assays targeting uncultured Bacteroides 16S rRNA and non-16S rRNA genes 

have since been developed (Seurinck et al., 2005; Layton et al., 2006; Kildare et al., 2007; Okabe 

et al., 2007; Reischer et al., 2007; Dorai-Raj et al., 2009; Fremaux et al., 2009; Mieszkin et al., 

2009; Lee et al., 2010; Shanks et al., 2009; Shanks et al., 2010; Dick et al., 2011; Lu et al., 2011). A 

list of these methods, their developed assays and their source associations are shown in Table 

10.7 below.  

Developed methods: performance and comparisons 

Although the individual performance of each of the assays and markers listed in Table 10.7 is 

beyond the scope of this review, several studies have compared and reviewed their performance 

(Boehm et al., 2013; Layton et al., 2013; Ahmed et al., 2016; Shanks et al., 2016). The key findings 

from these reviews are summarised here. The specific assays applied as part of this current 

research were developed by Kildare et al. (2007). These assays are referred to in the following 

section and are reviewed in more detail in the methodology section (10.7.2).  

To evaluate the performance of the many PCR assays developed to date, several performance 

indicators have been developed. Commonly used indicators include host-sensitivity and host-

specificity. Host sensitivity is expressed as the percentage of samples from a targeted host that 

are positive for the chosen marker (Ahmed et al., 2016; O’Flaherty et al., 2017). Host specificity 

refers to the confidence that the detection of marker by an assay is a true indication of the actual 

host/source, again stated as a percentage. The ideal MST method would exhibit both high 

specificity and sensitivity. To date no universal sensitivity or specificity benchmark has been set, 

however, Ahmed et al. (2016) suggest that sensitivity and specificity values of >80% are generally 

considered acceptable, and that a marker with sensitivity <80% may still be suitable if the 

specificity is >90%.  

Ahmed et al. (2016) reviewed the host sensitivities reported by studies that have used human-

specific Bacteroides markers. The review focused on the HF183 marker, about which the most 

information was available.  The method yielded an overall host sensitivity value of 83%. The 

overall sensitivity value was less than 100% as results from studies that examined individual 

human faecal samples were included, rather than just studies that tested mixed sewage samples. 

This reduced the sensitivity as not all individual human faecal samples are reported to be PCR 

positive for the Bacteroides markers. It is not clear why the Bacteroides markers are not present 
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in all individual human faecal samples; however, other host-associated markers have also shown 

<100% distribution in their hosts (Ahmed et al., 2016).  

Table 10.7 Summary of methods developed for targeting uncultured Bacteroides 16S rRNA and 

non-16S rRNA genes (from O’Flaherty et al., 2017). 

Source Association Assay Assay Type Reference 

Human HF134, HF183 PCR Bernhard and Field, 2000 

BacHum-UCD PCR, qPCR Kildare et al. 2007 

HuBac PCR, qPCR Layton et al. 2006 

BacH PCR, qPCR Reischer et al. 2007 

Human-Bac1 PCR, qPCR Okabe et al. 2007 

HumM2, HumM3 PCR, qPCR Shanks et al. 2009 

Cows/Cattle (Bovine) CF128, CF193 PCR Bernhard and Field, 2000 

BacCow-UCD (BacBov)* PCR, qPCR Kildare et al. 2007 

Cow-Bac1, Cow-Bac3 PCR, qPCR Okabe et al. 2007 

BacR PCR, qPCR Reischer et al. 2007 

CowM2, CowM3 PCR, qPCR Shanks et al. 2009 

RumB1F, 
(BacPreR)**, 
(Bac32F)**, 
RumD1R, 
(Bac32F)**,  
RumD2R 

PCR Dorai-Raj et al. 2009 

Rum2Bac PCR, qPCR Mieszkin et al. 2009 

Chicken Chicken-Bac PCR, qPCR Kobayashi et al. 2013 

Deer EF990 PCR Dick et al. 2010 

Dog BacCan-UCD PCR, qPCR Kildare et al. 2007 

DF475 PCR Dick et al. 2010 

Duck Duck-Bac PCR, qPCR Kobayashi et al. 2013 

Goose CGPrevF5 PCR Lu et al. 2011 

CGOF1-Bac, CGOF2-Bac PCR, qPCR Fremaux et al. 2009 

Horse HoF597 PCR Dick et al. 2010 

Pig PF163 PCR Dick et al. 2010 

Pig Bac-1, Pig Bac-2 PCR, qPCR Okabe et al. 2007 

Pig-1-Bac, Pig-2-Bac PCR, qPCR Mieszkin et al. 2009 

Poultry CP-1-10, CP1-24 PCR Lu et al. 2011 

* BacCow-UCD is now known as BacBov-UCD (personal communication)  
** Primers in brackets were designed by (Bernhard and Field, 2000) 

The review by Ahmed et al. (2016) calculated the overall host specificity values for the Bacteroides 

markers by compiling specificity values reported in the relevant research articles. The method 

yielded an overall host specificity value of 94.6%. The occasional presence of the HF183 markers 

in non-human faecal samples has been reported particularly in dog, deer, and chicken faeces 

(hence why the specificity is not 100%). Although the review by Ahmed et al. (2016) has indicated 

that the HF183 marker is both adequately sensitive and specific, considerable variation has been 

seen both between markers, and significantly, also between the laboratories used for the 

analyses.  
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A study by Boehm et al. (2013) examined the host-specificity and host-sensitivity of 41 MST 

methodologies performed by 27 laboratories on faecal samples from 12 different animal sources. 

Each laboratory was given 64 blind samples containing a single source, or two sources, as well as 

diluted samples to assess method sensitivity. Laboratories used their own protocols when 

performing the methods and data were deposited in a central database before samples were un-

blinded. Performance was assessed both in terms of their ability to predict presence/absence and 

the ability to predict quantitative results. The results from this study are further reported in 

Layton et al. (2013). 

Early blind-sample MST method evaluation experiments had performed poorly (Griffith et al., 

2003), however, this study by Boehm et al. (2013) found that several more recently developed 

methods were both sensitive and specific, with HF183 Taqman found overall to be the most 

effective marker of human faecal contamination. However, assay performance was found to vary 

significantly between laboratories. For the same study, Layton et al. (2013) examined the impact 

of certain laboratory variables on assay performance. The assay results were assessed for 

presence/absence of the human markers and also quantitatively while varying the following: 1) 

classification of samples that were detected but not quantifiable (DNQ) as positive or negative; 2) 

reference faecal sample concentration unit of measure (i.e. the different means of normalisation) 

and 3) human faecal source type (stool, sewage or septage). The study found that assay 

performance using presence/absence metrics greatly depended on the classification of DNQ 

samples. For instance, assigning DNQ as negative rather than positive resulted in increased 

specificity and reduced sensitivity for some assays. Concern was therefore raised regarding how 

laboratories reported low concentrations. Some quantified as concentrations below the lower 

limit of quantification (LLOQ), some reported as not detected and some reported at DNQ. 

Furthermore, different laboratories reported vastly different LLOQ values. Notably, there is no 

consensus on how to classify DNQ results in MST field studies. Additionally, for some assays, 

performance differed depending on whether they were assessed on quantitative ability or simple 

presence/absence. Therefore, different laboratories may produce different results which may 

lead to different assumptions as to the source of the contamination.  

Assay performance was also found to vary depending on the reference faecal sample 

concentration unit of measure used for normalising the qPCR signal. For instance, the 

characterization of sample faecal concentrations in different terms (such as 1 mg of wet faeces or 

1 ng of total DNA) may produce variable performance results, which can vary the performance of 

the assay. For instance, BacUni-UCD sensitivity was 75% when normalized to 1 ng DNA, and 92% 

normalized to 10 ng DNA. It is also significant that all nine of the markers evaluated by Layton et 

al. (2013) showed some level of cross reactivity with non-human faeces, particularly from deer.  
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Both Boehm et al. (2013) and Layton et al. (2013) conclude that although the results are positive, 

standard operating procedures are clearly required for accurate performance assessment and 

successful implementation of these methods. Attempts have been made to develop such 

standards (Shanks et al., 2016), however, these have only recently been published, and even with 

standardized protocols that define how to deal with values below the LLOQ etc., inter-laboratory 

variability in assay performance may still arise depending on numerous other variables, such as 

laboratory infrastructure, reference material and technician skill (Layton et al., 2013). Layton et al. 

(2013) and Boehm et al. (2013) also warn that the data in their research represents results for a 

best-case scenario of each methods performance.  

The suitability of these markers and methods for environmental studies is further addressed by 

Ahmed et al. (2016). While specificity and sensitivity assesses assay performance in terms of 

presence/absence, the concentration at which it is detected is also important. The concentration 

in the faeces/wastewater will influence how easy it is to find in the environment.  The 

concentrations of a marker are generally estimated by qPCR and expressed as gene copies per g 

or mg wet weight faeces or per mL, 100 mL, or L of wastewater (Ahmed et al., 2016). Again 

Ahmed et al. (2016) reviews the concentrations that have been reported in the literature. 

Although concentrations do vary between markers, several (e.g. HF183 and BacHum-UCD) have 

been shown to be present in high enough concentrations in raw sewage to act as a marker of 

contamination. With regards to the concentrations they have been detected at in natural water, 

again variation is seen between markers. Sauer et al. (2011) determined the concentrations of the 

BacHum-UCD marker in 828 water samples from 45 storm water outfalls over a four-year period. 

Fifty-seven percent of samples were positive for the BacHum-UCD marker, with concentrations 

ranging from 3.0 x 103 to 4.1 x 106 gene copies per L in positive samples.  

In evaluating MST results, it is important to know how Bacteroides markers correlate with 

pathogens and indicator bacteria in water. An ideal MST marker should be able to predict human 

health outcomes, such as the probability of gastroenteritis from exposure to water. However, 

results have been highly varied. Some studies have shown positive correlations between the 

various Bacteroides markers and culturable faecal coliform, E. coli, and Enterococcus species in 

environmental waters, however, other studies have shown negative correlations (Ahmed et al., 

2016). Ahmed et al. (2016) states that many factors could be the cause of these inconsistencies 

such as types of water, dilution effect, turbidity, differences in analytical methods, sources of 

faecal inputs, differential decay, and the magnitude of faecal pollution.  

The decay properties of the specific Bacteroides markers in the environment are key to 

understanding their performance as a tracer. Ideally, they should have a decay profile similar to 

those of human pathogens. However, PCR methods can detect DNA from both live and dead cells, 
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and so the presence of the marker does not also guarantee the presence of a viable faecal 

microorganism (Ahmed et al., 2016). It is therefore, important to understand how fast these cells 

and markers decay in environmental waters; however, little has been documented on the decay 

of Bacteroides cells and DNA in the aquatic environments. Most of the work has been carried out 

using laboratory microcosm experiments, and thus Ahmed et al. (2016) state that the data must 

be treated with care. The decay rates are variable, depending on several variables including 

sunlight exposure, temperature and the type of water (e.g. freshwater vs seawater). Moreover, 

little work has been done on the decay rates in groundwater. Nonetheless, while Bacteroidales 

culturable cells tend to persist for a relatively short time in environmental waters, studies have 

reported that the decay of the Bacteroidales DNA markers in water is comparable to culturable 

FIB (Ahmed et al., 2016).  

As with many tracers, most work into the performance of these assays has been done on surface 

waters, with fewer studies performed on groundwater systems and even less, if any, done on the 

private well setting. A study by Zhang et al. (2014) examined Bacteroidales based biomarkers in 

wells in karst system in the U.S. The results were positive, with human and livestock indicators 

regularly detected. However, given the unique characteristics of karst geology and the proven 

variability in the performance of different assays, much more work is needed to evaluate the 

potential use of these MST in groundwater and domestic well settings. Nonetheless, the positive 

results to date justify such work.  

Applications in Ireland 

With regards to Ireland, a limited number of studies have investigated the use of PCR assays in 

faecal source tracking (Dorai-Raj et al., 2009; Keegan et al., 2014; Murphy, 2015). Dorai-Raj et al. 

(2009) investigated the performance of four ruminant-specific and five human-specific PCR 

assays, which target 16S rDNA from Bacteroidales or Bifidobacteria. The assays were tested on 

DNA extracted from ruminant, human and non-ruminant animal sewage/faecal samples collected 

in Ireland. Dorai-Raj et al. (2009) reported positive results, with several of the assays exhibiting 

both high sensitivity and specificity, both from faecal and rural water samples. It should be noted 

however, that the assays assessed were conventional PCR assays as opposed to real-time PCR 

assays. The advantages of real time PCR include increased specificity, sensitivity and the ability to 

accurately quantify the target. However, real-time PCR technology is expensive and requires 

additional expertise. The technique applied by this current research (and outlined below) is based 

on the real-time PCR method developed by Kildare et al. (2007). This methodology was recently 

used by Keegan et al. (2014) for microbial source tracking in DWWTSs and percolation areas. 

Human-specific Bacteroidales bacteria (BacHum) were successfully detected and quantified in 
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septic tanks and percolation areas, with a general reduction found throughout the treatment 

system. Non-human sources were also identified from a separate non-human marker (BacCow). 

In conclusion, the advancement of technology has brought about huge possibilities in the field of 

MST. However, Stoeckel and Harwood (2007) conclude that the positive results from some MST 

studies have led to many believing that existing methodologies for tracking faecal contamination 

are accurate, reliable and readily deployed in field investigations. Stoeckel and Harwood (2007) 

state that many MST methods have the potential to provide faulty data and generate misleading 

interpretations. Although end users are eager for recommendations on the comparative accuracy 

of MST methods, the fact is that the field has not yet reached the state where any one method 

can be discarded or universally recommended. The validation and improvement of MST methods 

(such as those by Shanks et al., 2016) are ongoing processes, and important avenues for future 

research.  

10.7.2 MST: Methodology 

Eight wells were analysed during the M13 monitoring event by the Department of Microbiology in 

the National University of Ireland Galway (NUIG), using the assays developed by Kildare et al. 

(2007). Wells were selected based on previous monitoring and site assessment results so that 

both contaminated and uncontaminated wells would be represented in each study area.  

The assays developed by Kildare et al. (2007) are TaqMan based qPCR assays for microbial source 

tracking which are centred on the amplification of faecal 16S rRNA marker sequences from 

uncultured cells of the order Bacteroidales. The assays were specifically developed for the 

detection and enumeration of inputs of faecal pollution to watersheds (Kildare et al., 2007).  

Kildare et al. (2007) designed the assays using Bacteroidales DNA sequences found in the 

Genbank Database (Pittsburgh Supercomputing Centres, Pittsburgh). Specific genetic markers 

were identified and used to developed mixed human-specific assay (BacHum-UCD), dog-specific 

(BacCan-UCD), cow-specific (BacCow-UCD) as well as a universal (BacUni assay). Kildare et al. 

(2007) evaluated these assays on faecal samples from a range of different animals as well as 

natural water samples. All samples tested produced positive and quantifiable results for the 

universal BacUni-UCD assay. The performance of the BacHum-UCD assay was not as clear cut. The 

assay amplified 67% of the 18 human faecal samples tested, and 100% of the 14 raw sewage 

samples tested. This is consistent with the review by Ahmed et al. (2016). This latter finding is 

important in an environmental monitoring context because human faecal contamination of 

aquatic systems is more likely caused by a mixed-human faecal input (i.e. from more than just one 

person). However, the assay also amplified 13% (1 out of 8) of canine samples tested. This cross 

reactivity and difficulty in differentiating between human and canine sources has been noted in 
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previous studies (Ahmed et al., 2016). The BacHum-UCD marker did however, discriminate fully 

between human and cow stool samples. The cow-specific assay BacCow-UCD also fully 

discriminated between cow and human stool samples. BacCow-UCD amplified 100% of the cow 

faecal extracts tested, but, there was also 38% detection of horse stool. The dog assay BacCan-

UCD discriminated fully between dog and cow stool and seagull samples and detected 62.5% stool 

samples from dogs. There was some cross-reactivity with 22.2% detection of human stool, 14.3% 

detection of cat stool, and 28.6% detection of wastewater samples. 

After validation using stool samples, Kildare et al. (2007) performed single-blind tests to 

demonstrate the efficacy of the developed markers; all assays were sensitive, reproducible and 

produced no false positives or negatives (Kildare et al., 2007). Kildare et al. (2007) also compared 

the assays they developed to previously developed Bacteroidales assays by Dick and Field, (2004), 

Seurinck et al. (2005) and Layton et al. (2006). Relatively large variation was observed between 

the methods, however, BacUni-UCD and BacHum-UCD both compared favourably.  

The study by Ahmed et al. (2016) also reviewed the studies that have applied the assays 

developed by Kildare et al. (2007). The specificity of the BacHum-UCD marker was much lower 

(78.1%) than that off the HF183 marker, suggesting that this marker is not useful in areas where 

the faeces of non-targeted hosts contain this marker. The overall average sensitivity was still 

85.6%.  

Kildare et al. (2007) do state that it is unlikely that any PCR assay can be absolutely host specific 

and differentiate between all possible hosts of faecal Bacteroidales. Given this limitation, Kildare 

et al. (2007) examine the potential use of Bayesian statistics to estimate the probabilities of 

correctly identifying human or animal sources in a watershed based on the assay results. These 

reported Bayesian probabilities are not fixed but are subject to variations based on background 

probabilities in other watersheds and further testing of animal faeces (Kildare et al., 2007). 

Although beyond the scope of this review, it does highlight that the results from the assays do not 

absolutely attribute contamination to a source. For instance, the presence of the human specific 

marker does not guarantee an impact from human wastewater.  

10.7.3 MST: Results 

The results from the Bacteroidales assays from the M13 monitoring event are shown in Figure 

10.15. Also shown are the corresponding results for the conventional FIB (total coliforms and E. 

coli). While an assessment of these results is now provided, the small sample size inhibits 

meaningful statistical tests. 
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The human specific marker, BacHum-UCD, was quantified in three out of the eight wells, with 

GCC/L values ranging from 2.73e+03 to 7.37e+03, indicating that these wells are impacted by a 

human faecal source, such as a DWWTS. The BacBov-UCD marker was quantified in two out of the 

eight well samples, with GCC/L values ranging from 2.13e+02 to 2.73e+03, indicating an impact 

from bovine based agriculture. The two wells that tested positive for the BacBov marker also 

tested positive for BacHum, which indicates mixed sources of contamination. The BacUni-UCD 

marker was detected in all eight wells ranging from 2.16e+02 to 1.32e+03. With respect to the 

conventional FIB, two wells (KX10 and CX52) tested positive for E. coli, while four wells tested 

positive for total coliforms. 

 
Figure 10.15 Results from the Bacteroidales assays carried out on eight well samples from M13. 

Note the difference in scales between the results for Bacteroidales assays (GCC/L) and 

conventional faecal indicator bacteria (MPN (CFU)/100ml).  

Both BL16 and CL44 tested positive for the BacHum, BacBov and BacUni-UCD markers. This 

suggests an impact from DWWTS as well as bovine based agriculture. While neither of these sites 

are in proximity to a point source of agricultural contamination, they are both surrounded by 

pasture based dairy agriculture, which may account for the presence of BacBov. While the 

DWWTS associated with BL16 is downgradient, the well does have five DWWTS within a 100 m 
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radius. With respect to CL44, the well is level with the associated DWWTS. Therefore, the 

presence of the BacHum marker in both wells is a possible indication of an impact from these 

DWWTS. BL25 was the only other well that tested positive for the BacHum marker. This well is 

downgradient of numerous DWWTS, which may account for the presence of the BacHum marker.  

Well KX10 had high levels of both total coliforms and E. coli (1733 and 980 MPN CFU/100ml 

respectively). While KX10 did test positive for the BacUni-UCD marker, neither the human or 

bovine specific markers were detected. Similarly, CX52 tested positive for both the conventional 

FIB (albeit at lower levels) yet tested negative for the BacHum and BacBov markers. These results 

would be consistent with faecal contamination from a source other than a DWWTS (human) or 

beef/dairy related agriculture. The KX10 site assessment indicates that the well is not vulnerable 

to contamination from either bovine or human contamination source, and so it is possible that 

the contamination is from another source. However, CX52 is located within a working beef 

farmyard and is also surrounded by several DWWTS within a 100 m radius. 

In summary, the results are only relatable in general terms to the properties of the sites. 

Moreover, as reviewed earlier, the issue of potential cross reactivity must be considered when 

interpreting these results. Cross reactivity has been shown between the BacHum-UCD marker and 

canine faeces (Kildare et al., 2007; Ahmed et al., 2006). This is potentially significant in all cases of 

private well contamination given the large number of houses with dogs as domestic pets. In 

particular, this could be in an issue in CL44, where dog faeces were a potential source of 

contamination. 

Evident in Figure 10.15 is the poor level of agreement between the conventional FIB and the 

Bacteroidales markers. Considering BL16 had the highest concentration of both BacHum and 

BacUni (and was also one of the two wells that tested positive for BacBov), it did not test positive 

for total coliforms or E. coli. Furthermore, it never tested positive for E. coli over the 14-month 

monitoring period, and only sporadically tested positive for total coliforms, usually at low levels. 

Conventional indicators would therefore class this well as being of appropriate quality for human 

consumption, while the Bacteroidales markers would indicate multiple sources of contamination. 

This disparity is also seen in CL44 and BL25. While both tested positive for BacHum (and CL44 also 

tested positive for BacBov) and total coliforms, neither tested positive for E. coli. The only two 

wells that tested positive for E. coli (KX10 and CX52) did not test positive for any of the 

Bacteroidales markers (however, as mentioned previously this could be a result of faecal 

contamination from a source other than a DWWTS or bovine agriculture).  

Further disparity is seen between the BacUni marker and the conventional faecal bacteria. All 

wells tested positive for BacUni, but, only four and two wells tested positive for total coliforms 
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and E. coli, respectively. This indicates that all wells have been impacted by bacteria from the 

Order Bacteroidales, from a source other than human of bovine faecal matter. However, this 

faecal contamination is not evident from the conventional FIB results. The ubiquitous occurrence 

of BacUni means it appears to offer little as a contamination tracer in this context. 

This disparity could be due to the relative greater abundance of Bacteroidales bacteria in faeces 

than coliform bacteria. This may make them more likely to detect faecal contamination in 

groundwater. Alternatively/additionally, the differences could be due to the culture-dependent 

nature of conventional FIB tests and the culture-independent nature of the PCR methods. The test 

for E. coli relies on the culturing of viable cells, while the PCR methods can detect DNA from both 

live and dead cells. Therefore, the presence of the genetic markers (e.g. BacHum) does not 

guarantee the presence of viable faecal microorganisms. Their presence may be a result of non-

viable cells and their remaining genetic material. As reviewed by Ahmed et al. (2016), little has 

been documented on the decay of Bacteroides cells and DNA in aquatic environments 

internationally, yet alone in the Irish private well setting. It is therefore difficult to interpret 

whether the Bacteroidales markers are indicating recent contamination by live bacteria, or 

whether they may be indicating the presence of older non-viable cells and their remaining genetic 

material. This makes it extremely difficult to compare the presence/absence of the Bacteroidales 

markers to the presence/absence of the conventional FIB.  

This disparity raises questions regarding the use and interpretation of PCR fingerprinting results. 

While the method has the ability to detect a signal of human or bovine faecal contamination the 

contamination may not pose a risk to human health (as the signal may be a result of non-viable 

cells). It is unclear as to whether the Bacteroidales markers or the conventional FIB better 

represent the fate and occurrence of pathogens 

Nevertheless, this difference in sensitivity could still yield potentially useful information. While 

CL44 and BL25 tested positive for BacHum and negative for E. coli during M13, they have 

sporadically tested positive for E. coli over the 14-month monitoring period, which shows they are 

vulnerable to contamination. Therefore, irrespective of the lack of agreement, the presence of the 

BacHum marker may indicate that the sporadic presence of the E. coli may be a result of DWWTS 

contamination.  

10.7.4 MST: Conclusions 

The results show that the assays developed by Kildare et al. (2007) can detect BacHum-UCD, 

BacBov-UCD and BacUni-UCD markers in Irish private wells. However, interpreting the results is 

challenging for several reasons. Notably, there is a significant lack of agreement between the 

Bacteroidales markers and the conventional FIB. This is potentially due to the culture-
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independent and culture-dependent nature of the respective tests along with the fact that little 

has been documented on the decay of Bacteroides cells and DNA in aquatic environments 

internationally (Ahmed et al., 2016). While the conclusions that can be drawn from this study are 

limited due to the small sample sizes, they are in line with the following conclusions drawn by 

Stoeckel and Harwood (2007): 

“Although there has been significant progress in the MST field over the last 10 years, 

variability among performance measurements and validation approaches in 

laboratory and field studies has led to a body of literature that is very difficult to 

interpret, both for scientists and for end users” and “Although end users are eager 

for recommendations on the comparative accuracy of MST methods, the fact is that 

the field has not yet reached the state where any one method can be discarded or 

universally recommended.” (Stoeckel and Harwood, 2007).  

Nonetheless, the results to date, both internationally and from this study, indicate there to be 

potential value in further and more extensive investigations. While this research investigated the 

assays from Kildare et al. (2007), a large number of assays have been developed. Given the likely 

advancement of technology, the scope for further work is vast. Owing to the large variability that 

has been shown to exist between this large number of assays, as well as between the laboratories 

that apply them, extensive work is required to create standard operating procedures (Boehm et 

al., 2013; Layton et al., 2013), so that the performance of each assay can be accurately assessed.  

10.8 Emerging organic contaminants  

The introduction of a vast number of organic compounds, now used in everyday life, has brought 

about new challenges in the field of water quality, but also new opportunities in the field of 

contamination fingerprinting. These emerging organic compounds (EOCs), as well as their 

metabolites and transformation products, can originate from a range of sources. Although new 

EOCs are still being discovered, a review by Pal et al. (2014) classifies them into 16 general groups 

(Table 10.8). 

Table 10.8 Categories of EOCs as described by Pal et al. (2014) 

Categories 

Plasticizers Antibiotics Artificial sweeteners Other personal care products 

Hormones Pharmaceuticals Musks & fragrances Fluorescent whitening agents 

Pesticides Off flavours UV filters Iodinated x-ray contrast media 

Surfactants Algal toxins Antimicrobial preservatives Perfluorinated compounds 

Figure 10.16 below outlines the various sources, routes and receptors for the migration of EOCs 

into the aquatic environment. While landfill sources have been shown to have the highest median 
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values for all EOCs, the number of EOCs detected in wastewater effluent is much higher than all 

other sources (Lapworth et al. 2012). Furthermore, and with special importance for this research, 

point sources, such as wastewater treatment plants and septic tanks are considered one of the 

main sources of EOC contaminants in the aquatic environment (Daughton and Ternes, 1999; 

Glassmeyer et al. 2005; Lapworth et al. 2012).  

 

Figure 10.16 Schematic diagram of the various sources, routes and receptors for the migration of 

EOCs into the aquatic environment (Lapworth et al., 2012). 

While many EOCs are highly attenuated during wastewater treatment processes and the 

subsequent discharge to the environment, removal is often incomplete, with some compounds 

conservative in nature (Daughton and Ternes, 1999; Nikolaou et al., 2007; Lapworth et al., 2012). 

To date, the occurrence of these EOCs has been much better characterised in wastewater and 

surface waters, however, more and more studies are emerging, helped by improved analytical 

techniques, that are investigating the impact of these EOCs on groundwater (Onesios et al., 2009; 

Lapworth et al., 2012). The specific anthropogenic origins of many of the EOCs has led to 

investigations into their potential use as tracers of wastewater contamination. The following 

sections review the potential use of fluorescent whitening compounds, pharmaceuticals, caffeine 

and artificial sweeteners as DWWTS contamination tracers, with the results from the analysis of 

these compounds in the 24 monitoring wells also presented.  

10.9 Fluorescent whitening compounds 

10.9.1 Fluorescent whitening compounds: Literature Review 

Fluorescent whitening compounds (FWC), also known as optical brighteners (OB) are added to 

common laundry detergents due their favourable ability to make fabrics appear brighter in colour 

and prevent yellow staining and fading over time (Poiger et al., 1998; Hartel et al., 2007; Cao et 

al., 2009; Hagedorn and Weisberg, 2009). When attached to a substrate, such as fabric, FWC 
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absorb invisible UV light, which subsequently increases the energy state of the electrons in the 

FWC molecule. The absorbed energy is then released from the FWC as visible light, which makes 

the substrate fluoresce and appear brighter to the human eye (Murray et al., 2007). Two 

commonly used optical brighteners are DSBP (4,40-bis(2-sulfostyry) biphenyl) and DAS1 (4,40- 

diamino-2,20-stilbene-disulfonic acid), both of which are highly soluble (Hartel et al., 2007; Cao et 

al., 2009). FWC are also used in textiles, specialty papers, plastics, and synthetic fibres, however, 

90% of these compounds are used in laundry detergents (Cao et al., 2009). Due to their almost 

ubiquitous use in modern households, FWC are regularly discharged via wastewater into the 

treatment network. Their specific anthropogenic origin, specificity, hydrophilic nature and low 

potential for biodegradability has led to studies into their use as a tracer for domestic wastewater 

(Tran et al., 2015).  

The use of FWC as environmental markers has been suggested since the 1970s (e.g. Smart and 

Laidlaw, 1977). Most of the research into the use of FWC as tracers of wastewater contamination 

has been conducted with a focus on surface waters (Stoll and Giger, 1997; Hayashi et al., 2002; 

Boving et al., 2004; Shu and Ding, 2005; Dickerson et al.2007; Hayakawa et al., 2007; and more). 

However, limited research has been done on the occurrence of FWC in groundwater and private 

wells.  

One of the earliest groundwater related studies by Close et al. (1989) examined the potential use 

of FWC as tracers of septic tank contamination in private wells in New Zealand. A total of 86 

samples from 67 wells were tested in an unsewered area that was entirely dependent on septic 

tanks. Results showed that 15 samples (17%) tested positive for FWC. As a result, the study 

concluded that, at least in some of the scenarios, FWC would be good tracers of wastewater 

contamination. A study by Murray et al. (2007) investigated the potential use of FWC from 

DWWTS to characterise groundwater flow in a karstic aquifer in the USA. FWC were successfully 

detected and used to interpret groundwater flow.  

Other studies have reported conflicting results. A study by Alhajjar et al. (1990) measured 

fluorescence in the effluent from seventeen septic tanks and the surrounding groundwater. No 

significant difference in fluorescence was found between the groundwater both up and 

downgradient of the septic tanks. The study concluded the septic tank systems contributed no 

added fluorescence to the surrounding groundwater, and subsequently that FWC are poor 

indicators of DWWTS effluent contamination. 

One possible explanation for the varying levels of success in the detection of FWC in groundwater 

is the natural variation in FWC occurrence, perhaps controlled by locally differing characteristics, 

such as geology or laundry detergent usage. Another explanation could be that the variation is 
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due to the different analytical methods used in each study. For instance, Alhajjar et al. (1990) and 

Boving et al. (2004) used simple fluorometric methods to measure the level of fluorescence of 

water samples using specific excitation and emission wavelengths. In contrast, in the study by 

Murray et al. (2007) 1L samples were filtered through 1.6 μm polyethersulfone membrane to 

retain any suspended material to which FWC could be bound. The membrane was subsequently 

analysed for the presence or absence of FWC using a spectrofluorophotometer to measure the 

spectrum of wavelengths of emitted light. A more complex method was employed by Close et al. 

(1989) consisting of a double extraction of the sample into 1,2-dichloroethane followed by 

fluorometric detection. It is apparent therefore that the sensitivity and hence suitability of the 

various methods must be considered when analysing for FWC.  

In summary, there are three common methods for the detection of FWC in water as reviewed by 

Hartel et al. (2007) and Hagedorn and Weisberg, (2009). The first and simplest method involves 

leaving cotton pads in the water for 2-3 days (Hagedorn and Weisberg, 2009) during which FWC if 

present, will bind to the pad. They can then be identified using a UV light, under which they will 

visibly fluoresce. This method does not yield quantifiable concentrations and has a low specificity 

(Hagedorn and Weisberg, 2009), and therefore was not evaluated as part of this research. A 

second method is the use of high-performance liquid chromatography (HPLC), which is highly 

sensitive, but is much more labour intensive, costly and specialised. The third approach is to use a 

fluorometer. Fluorometric methods in contrast to HPLC are simple, inexpensive, and can be done 

in the field to yield practically real-time results. For these reasons, most of the studies looking at 

the use of FWC as a wastewater tracer have used fluorometry. Even though there is a loss in 

sensitivity Cao et al. (2009) suggest that the simple fluorometric analysis of FWC could be used as 

a screening technique in a tiered system of tracing techniques.  

As the focus of this study was to assess potentially cost-effective tracers applicable to private 

wells, the fluorometric method is evaluated here. Furthermore, this method has never been 

applied previously to private wells in Ireland, or internationally (to the author’s knowledge).  

Early studies noted several limitations associated with the simple fluorometric detection of FWC. 

One such drawback is the potential presence of naturally occurring fluorescent compounds such 

as humic and tannic acid, as well as other dissolved organic compounds. These compounds can 

cause spectral interferences leading to difficulties in the detection of FWC (Boving et al., 2004; 

Hartel et al., 2007; Murray et al., 2007; Cao et al., 2009). In response to this limitation, Hartel et 

al. (2007) suggested a modified approach to the detection of FWC by combining fluorometry and 

UV exposure. This method is based on the premise that FWC degrade rapidly under UV light, 

while the organic compounds do not (Kramer et al., 1996). A notable reduction in the 

fluorescence of a sample after UV light exposure is measurable, and can be inferred to be due to 
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FWC and their subsequent degradation. Fluorescence post UV light exposure is assumed to be a 

result of some other natural compound, such as humic or tannic acids (Hartel et al., 2007).  

Hartel et al. (2007) tested this UV exposure method experimentally in a range of natural surface 

waters as well as laboratory formed samples of known organic matter and FWC concentration. 

The relative percentage of photo decay was significantly greater for optical brighteners in the 

laundry detergent compared with natural waters with just organic matter present. Therefore 

Hartel et al. developed a practical working guideline for the method. In a blind study under these 

conditions, the method correctly identified the presence or absence of FWC in 99% of unknown 

water samples using the field fluorometer and 97% using the handheld fluorometer. 

A study by Cao et al. (2009) further investigated the method suggested in Hartel et al. (2007), 

applying the method to test 21 laundry detergents, septic tank sludge and wastewater in 

California. The fluorescence of the samples was measured using a fluorometer calibrated using 

known concentrations of a branded laundry detergent (Tide). The blank was simply deionised 

water, while a concentration of 50 μg/l of Tide was set as an equivalence of 100 fluorometric 

units. This calibration curve was then used to convert the fluorescent values for all the samples 

analysed in the study to Tide detergent equivalents in μg/l.  

After the initial fluorescence had been recorded, the solutions were then exposed to UV light with 

fluorometric readings taken after 0, 2, 5, 10, 15, and 30 minutes of exposure. The photo decay 

curves of all detergents were characterized by sharp drops in fluorescence within minutes of 

exposure, with a subsequent flattening out for the remainder of the UV light exposure. However, 

according to the thresholds suggested by Hartel et al. (2007) only 11 of the 21 detergents actually 

tested positive for FWC. Initial fluorescence was consistent for all effluents. However, after UV 

exposure, none of the effluents displayed decay exceeding the 15% set by Hartel et al. (2007), and 

therefore would all be classed as negative for FWC. However, the photo decay curves for the raw 

wastewater were similar to those from the laundry detergents, with a sharp drop seen in the early 

stages of UV exposure. The study concluded that the UV exposure method produced no false 

positive but was insensitive as it failed to detect FWC in sewage and up to half of the laundry 

detergents diluted to 5 μL/L (the expected concentrations following discharge from a house and 

subsequent dilutions).  

Cao et al. (2009) proposed a modified method that uses the magnitude of the decay as before, 

but in combination with the shape of the photo decay curve. The photo decay curves for the FWC 

in the study displayed a rapid drop in the first 2-5 minutes’ post UV exposure, with the curve 

levelling off for the remaining UV exposure period. In contrast, samples with no FWC present 

displayed little photo decay, with a more linear curve. Therefore, Cao et al. (2009) proposed the 
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use of the ratio of reduction after 10 min of UV light exposure to reduction after 5 min of UV light 

exposure as a more specific means for differentiating FWC fluorescence from that of natural 

organic matter. In addition, Cao et al. proposed dividing the simple decay threshold from 15% 

fluorescence reduction after 5 minutes into two steps (Figure 10.17). It should be noted that prior 

to exposing the samples to UV light, if the initial fluorescence is below 5 μg/l, then it can 

automatically be concluded that FWC are not present, or at least not detectable using this 

method.  

The steps are as follows: 

Step 1: “if reduction in fluorescence after 5 min is greater than 30%, conclude that the sample 

contains optical brighteners; if the reduction is less than 8%, conclude that the sample is negative 

for optical brighteners. For a reduction in fluorescence greater than 8% and less than 30% after 5 

min, Step 2 is required.”  

Step 2: “if the ratio of reduction after 10 min of UV light exposure to reduction after 5 min is no 

less than 1.5, conclude that the sample is negative for optical brighteners, otherwise conclude 

that the sample contains optical brighteners. The second step uses the shape of the curve to 

segregate those samples for which the photo decay response after the initial 5 min is ambiguous.” 

The resulting modified method was found to be considerably more sensitive. The ratio method 

correctly identified 90% and 100% of the positive and negative samples in the study, respectively, 

therefore greatly increasing the overall accuracy.  

Some of the limitations of the use of FWC as tracers must also be considered. Variation between 

the laundry detergents used in different households could be a limitation of applying this tracer 

technique to individual private sites. Furthermore, while FWC are not readily biodegradable, they 

can be photochemically degraded and have been known to be easily photo-degraded in the 

surface environment (Kramer et al., 1996; Hayashi et al., 2002). Yamaji et al. (2010) examined the 

role of photo degradation in the persistence of FWC in surface water environments. The study 

found the half-lives of DSBP and DAS1 to be 79 and 365 minutes respectively. Similar values had 

been observed earlier by Kramer et al. (1996) with DSBP degrading approximately three times 

faster than DAS1 and DAS2. 
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Figure 10.17 Flow diagram of criteria for the detection of FWC (Cao et al., 2009). 

10.9.2 FWC: Methodology 

The method developed by Cao et al. (2009), and detailed above, forms the basis for the method 

applied in this current study. The method is, however, modified from that seen in Figure 10.17 

based on experimentally derived data collected as part of this study. The development of this 

method and the subsequent analysis was done in collaboration with Dr Donata Dubber, a 

postdoctoral researcher funded by the Irish Research Council, and carried out in the Department 

of Civil, Structural and Environmental Engineering in Trinity College Dublin.  

In contrast to Cao et al. (2009), which used the Tide branded laundry product as a standard 

solution for calibration, this research acquired standard solutions of DSBP and DAS1. The 

calibration curve based on DSBP standard solutions of known concentration is shown in Figure 

10.18. This curve was used to convert the initial fluorescence readings from the raw well water 

samples into equivalent DSBP concentrations. The instruments lower limit of detection was 

calculated as 0.03 μg/l based on this DSBP standard. 
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Figure 10.18 Calibration curve of DSBP standard fluorescence. 

The photo decay profiles of these DSBP and DAS1 standards were assessed (Figure 10.19). A 

characteristic reduction in fluorescence is seen for DAS1, while an even more notable reduction is 

seen for DSBP. In contrast, the organic matter shows a small linear reduction in fluorescence 

intensity, highlighting the premise behind the photo decay method. Given the sharp reduction in 

fluorescence of DSBP and DAS1 after one minute of UV exposure, the photo-decay method 

suggested by Cao et al. (2009) was modified. Instead of UV exposure for 5 and 10 minutes, 

samples were exposed for one and ten minutes respectively.  

Given this change in the exposure times and the new reference photo decay curves for the DSBP 

and DAS1 FWC standards, the criteria developed by Cao et al. (2009) for determining the 

presence/absence of FWC were also modified. Firstly, the threshold limit for the photo decay 

method was determined as 0.3 μg/l. Therefore, while samples may have concentrations greater 

than the instruments limit of detection (0.03 μg/l), if this concentration was less than 0.3 μg/l it 

was not suitable for further analysis using the photo decay method. Therefore, samples below 

this 0.3 μg/l threshold are deemed as being negative for FWC by this method. Consequently, all 

samples with fluorescence concentrations greater than 0.3 μg/l were analysed further using the 

photo decay method. Samples were first exposed to UV light for 1 minute, with sample 

fluorescence measured post exposure. The percentage reduction in fluorescence is then 

calculated. If the percentage reduction is greater than 13% it can be concluded that the sample is 

positive for FWC. If the percentage reduction is less than 1.4% it can be concluded that the 

sample is negative for FWC. If the reduction is within the range of 1.4% to 13%, the results are 

inconclusive and the sample is exposed for a further 9 minutes. Following this, the ratio of decay 

after 1 minute exposure to decay after 10 minutes of exposure was calculated. A ratio less than 

0.25 indicates a negative result, whereas a value greater than 0.25 indicates a positive result.  
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Figure 10.19 Reference photo decay profiles for standard solutions and organic matter. 

All samples from the M11 and M13 tracer evaluation events were tested using this modified 

method. Samples were collected in 50 ml amber glass bottles to limit exposure to UV light. All 

samples were analysed in 10 mm polymethacrylate cuvettes using a Perkin Elmer LS 55 

Fluorescence Spectrometer using excitation and emission wavelengths of 350 nm and 436 nm 

respectively. The fluorescence intensity of each raw untreated well sample was measured in 

triplicate, with each replicate containing 10 individual measurements (i.e. 30 individual 

measurements of fluorescence intensity for each well sample which were then averaged to yield a 

single value). Well samples with initial fluorescence concentrations below the photo decay 

threshold value can be deemed to be negative for FWC, at least per this method. Samples that 

exceeded the threshold were subject to photo decay procedure.  

10.9.3 FWC: Results 

The results from samples taken during the M11 and M13 monitoring events are shown in Figures 

10.20 and 10.21, respectively. Of note is the difference in scales between Figure 10.20 and 10.21. 

In SA1 and SA2, most values are relatively close to the method’s limit of detection (0.03 μg/l). 

Furthermore, all these values are below the photo decay threshold, and so, the photo decay 

method cannot be applied. Subsequently, it can be concluded that none of the wells in SA1 or SA2 

have tested positive for FWC, at least per this method.  
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Figure 10.20 SA1 and SA2 initial sample fluorescence (i.e. pre-UV light exposure). Fluorescence 

readings expressed in terms of FWC concentration calculated from DSBP calibration curve. 

 

Figure 10.21 SA3 and SA4 initial sample fluorescence (i.e. pre-UV light exposure). Fluorescence 

readings expressed in terms of FWC concentration calculated from DSBP calibration curve. 
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Initial fluorescence values were, however, notably higher for many of the wells in SA3 and SA4 

(Figure 10.21). With respect to M11, five of the wells (in SA3 and SA4) had concentrations below 

the photo decay threshold, which again indicates a negative result. However, the remaining seven 

wells had concentrations above the threshold, and so the photo decay method was applied to 

these samples. The reductions in fluorescence of these samples after the exposure to UV light for 

0, 1 and 10 minutes are shown in Figure 10.22. As is evident, for all samples there is no noticeable 

reduction of fluorescence after 1 minute exposure. A relatively consistent drop is, however, seen 

after 10 minutes of exposure. The ratios of decay after 1 minute exposure to decay after 10 

minutes of exposure for each well are shown in Table 10.9. Correspondingly, according to the 

predefined criteria (where a ratio of >0.25 indicates the presence of FWC), no wells tested 

positive for FWC.  

 
Figure 10.22 Photo decay profiles of M11 samples. 

Table 10.9 Ratios of % fluorescence reduction after 1 minute to % reduction after 10 minutes for 

wells tested during M11 monitoring event. Ratios >0.25 indicate FWC presence.  

Well I. D CL 2 CL 9 CL 11 CL 30 KX10 KX 13 KX 29 

Ratio -0.17 -0.13 0.08 0.03 0.12 0.13 0.09 

 

With respect to M13, three of the wells (in SA3 and SA4) had concentrations below the photo 

decay threshold, which again indicates a negative result. The remaining nine wells were evaluated 

using the photo decay method. The reductions in fluorescence of each sample after the exposure 

to UV light are shown in Figure 10.23. As is evident, for eight of the well samples there is no 

noticeable reduction of fluorescence after 1 minute exposure, with a relatively consistent drop 

seen after 10 minutes of exposure. The ratio of decay after 1 minute exposure to decay after 10 

minutes of exposure for each well is shown in Table 10.10. Correspondingly, according to the 
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predefined criteria (where a ratio of >0.25 indicates the presence of FWC), eight of the wells 

tested negative for FWC. However, for well CL22 a greater percentage reduction is seen after both 

1 and 10 minutes of exposure. The ratio of reductions is, however, right on the threshold (0.25), 

and therefore any conclusions would be tentative. 

 
Figure 10.23 Photo decay profiles of M13 samples. 

Table 10.10 Ratios of % fluorescence reduction after 1 minute to % reduction after 10 minutes for 

wells tested during M13 monitoring event. Ratios >0.25 indicate FWC presence.  

Well I. D CL 2 CL 9 CL 11 CL 22 CL 30 KX 4 KX10 KX 13 KX 29 

Ratio -0.07 -0.10 0.04 0.25 -0.02 0.09 0.12 0.05 0.07 

Data represented from M11 and M13 are combined in Figure 10.24 below. Of note, as mentioned 

previously, is the difference in fluorescence between SA1/SA2 and SA3/SA4. However, also 

apparent is the relative consistency in sample fluorescence between the M11 and M13 

monitoring events. 

A considerable amount of research has been carried out into the fluorescent properties of natural 

water. A recent and comprehensive review of this research is provided by Coble et al. (2014). As 

detailed previously, the presence of naturally occurring compounds such as humic and tannic 

acid, as well as other dissolved organic compounds can give rise to background fluorescence in 

natural groundwater. This natural organic matter (NOM) is derived from the decay of organic 

material from plant, animal and microbial sources (Lapworth et al., 2008). Coble et al. (2014) state 

that this dissolved organic matter (DOM) fluorescence of a water sample can be measured and 

presented in a variety of ways, the simplest of which is to measure fluorescence intensity of a 

single excitation and emission wavelength pair. This was the method employed in this current 

research to detect FWC. However, the advancement of fluorescence spectrophotometry has 
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brought a higher resolution of data and the generation of excitation-emission matrices (EEMs). 

These EEMs represent the three-dimensional fluorescence landscape of a sample. Parallel Factor 

(PARAFAC) analysis is increasingly being used to decompose fluorescence EEMs into their 

underlying chemical components and, in turn, better characterise the DOM and their fluorescent 

properties in natural waters (Murphy et al., 2013).  

 
Figure 10.24 Combined initial sample fluorescence (i.e. pre-UV light exposure) for the M11 and 

M13 sampling events.  

Coble et al. (2014) provides a review of the typical EEM characteristic of natural waters, including 

groundwater, and the typical peaks associated with its fluorescence related to its DOM content. 

While a detailed description of these characteristics is beyond the scope this current work, the 

unique fluorescent properties associated with different types of DOM has been used in many 

studies to understand the composition of DOM in marine, wastewater, surface water, 

groundwater and terrestrial ecosystems (Lapworth et al., 2008). Furthermore, and notably in 

terms of this current research, the unique fluorescent properties associated with DOM have been 

investigated as a potential tracer to discriminate between the potential sources of DOM in the 

aquatic system (Baker and Lamont-Black, 2001; Lapworth et al., 2009; Coble et al., 2014). 

Research (albeit limited) has also investigated the potential use of these fluorescence properties 

as a tracer of aquatic contamination, including from wastewater sources (Baker, 2001; Baker, 

2002; Lapworth et al., 2008). Coble et al. (2014) state that dissolved organic material in natural 

aquatic systems is distinctly different to the dissolved organic matter associated with wastewater, 

and that these differences are reflected in the respective EEMs. 
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Lapworth et al. (2008) investigated the fluorescent properties of groundwater in two well-studied 

UK sites using EEMs. Characterisation of fluorescence EEMs and in turn, DOM at different depth 

profiles at one site indicated a potential impact from the application of manure at the surface, 

with possible rapid routing from recent applications evident along fractures. A distinctly different 

EEM in the second site indicated a different source of DOM, most likely a mixture of terrestrial 

and microbial sources. These results correlated well with results from other tracer studies. The 

study concluded that fluorescence analysis can be used to rapidly identify different types of DOM 

in groundwater which can be used to trace different sources of organic carbon and aid the in 

understanding of groundwater movement. 

The fluorescent analysis carried out during this current research was done using a simple 

fluorescent excitation and emission wavelength pair, and so full EEMs for each sample are not 

available. While the fluorescence observed in each sample (Figure 10.24) is likely a result of DOM, 

EEMs would be required to characterise the fluorescent properties of each sample. Based on the 

current data, the reason(s) for the greater fluorescence in SA3 and SA4 compared to SA1 and SA2 

are not clear. Given that the analysis of samples from the four sites was done on the same day, 

and that the same trends were apparent in both the M11 and M13 events, it is unlikely to be due 

to instrumental error. The disparity between the study areas may indeed indicate differences 

between the wells in terms of interactions with the surrounding environment and the influence of 

their respective hydrogeological setting and any potential sources of contamination. However, 

while hydrogeological conditions would be considered a potential influencing factor, intuitively, 

similarities would be expected to occur between areas of similar hydrogeological conditions (i.e. 

SA1 should be similar to SA3 and SA2 should be similar to SA4 due to their extreme and low 

groundwater vulnerability characteristics, respectively). Other geological variables, such as 

bedrock type, subsoil and topsoil type do not appear to account for the variation either. Similarly, 

while the influence of localised contamination sources may be the cause, contamination 

pressures are similar across the four study areas. It must be noted that identifying the reasons for 

the disparity between the sites is hindered by the small samples sizes. Indeed, random variation 

could not be ruled out.  

Other studies have investigated the use of EEMs as a potential approach for monitoring aquatic 

water quality, including that intended for drinking water (Baker et al., 2001; Henderson et al., 

2009; Bieroza et al., 2010). A study by Stedmon et al. (2011) found that EEMs can identify 

microbial contamination of groundwater, and potentially act as an early warning system to 

identify microbial contamination of groundwater intended for use as drinking water. A recent 

study by Sorenson et al. (2015) examined the use of a specific fluorescence property (tryptophan 

like fluorescence) as a real-time indicator of faecal contamination in groundwater drinking 
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supplies. The study found promising results, indicating tryptophan like fluorescence to be a very 

good and rapid indicator of microbial quality. Again, while EEMs are not available, correlation 

coefficients between the measured fluorescence concentrations and other water quality 

parameters are shown in Table 10.11. Significant correlations are seen with several parameters. A 

moderate strength correlation is seen with conductivity in both the M11 and M13 monitoring 

events. Notably, a correlation, albeit weak, is seen between E. coli and fluorescence. It should be 

noted however, that inferences based on these correlations are somewhat weak given the small 

sample size and the fact that fluorescence readings are taken from a single excitation and 

emission wavelength pair.  

Table 10.11 Coefficients of correlation between sample fluorescence and other measured 

parameters. (Note, only significant correlations are shown).  

Spearman Correlations 

    Conductivity Chloride Sulphate Total Coliform E. Coli Alkalinity Cl/Br 

M11 Fluorescence .651** .453* .448* .422* .473* .474* 
 

M13 Fluorescence .624** .662** .648** 
 

.441* .588** .434* 

*. Correlation is significant at the 0.05 level (2-tailed). 

**. Correlation is significant at the 0.01 level (2-tailed). 

10.9.4 FWC: Conclusions 

Based on the results of this research, the fluorometric and UV exposure method, as described by 

Cao et al. (2009), does not appear to be suitable for the detection of FWC in private wells. 

Although relatively inexpensive and easy to apply, the method provides no positive indications of 

FWC presence in any of the wells, despite other parameters and tracers indicating an impact from 

human sources of contamination. While FWC may indeed not be present in the private wells 

tested, it is also likely that the method does not achieve the required sensitivity, which was noted 

as a limitation of the method by Cao et al. (2009). However, their ubiquitous use by households 

means FWC, as a tracer, warrant further investigation using liquid chromatography, a more 

sensitive analytical technique.  

While the fluorometric method does not seem suitable for the detection of FWC in groundwater, 

research has shown that fluorometric spectroscopy offers other potential methods in 

groundwater contamination fingerprinting. In particular, more detailed EEMs have shown promise 

in characterising groundwater movement, identifying contamination sources and assessing water 

quality. While detailed EEMs were not available in this current study, simple fluorescence results 

from this study indicate specific differences between the wells monitored as part of this study. 

Future work into EEMs and subsequent PARAFAC analysis of private groundwater wells could 

shed light on these observed differences, and potentially link them causal factors.  
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10.10 Pharmaceuticals and personal care products 

10.10.1: Pharmaceuticals and personal care products: Literature Review 

The emergence of pharmaceuticals and personal care products (PPCPs) as contaminants of 

aquatic environments has been a relatively new area of research. However, while PPCPs have 

received more attention in recent years, a great deal about their occurrence and toxicity is still 

poorly understood (Daughton and Ternes, 1999; Onesios et al., 2009; Lapworth et al., 2012). 

While the individual compounds are usually present in levels that are considered too low to have 

toxic effects (Daughton and Ternes, 1999), their specific anthropogenic origin has led to several 

investigations into their potential use as wastewater contamination tracers.  

Pharmaceuticals can enter aquatic environments from various different sources, including from 

the direct disposal of pharmaceuticals down drains, landfills and the direct discharges from 

pharmaceutical manufacturing companies. Importantly however, the main source of 

pharmaceuticals is believed to be the discharge of both treated and untreated domestic 

wastewater (Drewes et al., 2002; Zhang et al., 2008; Lapworth et al., 2012; Pal et al., 2014). The 

potential routes of entry for PPCPs to enter aquatic environments from households are illustrated 

in Figure 10.25 below.  

 
Figure 10.25 Routes for PPCPs to migrate from households to aquatic environments. (Adapted 

from Bound and Voulvoulis, 2005). 
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A study of 392 people in the UK by Bound and Voulvoulis (2005) found that approximately half of 

the respondents did not finish their drugs, and among those, 63.2% discarded their unfinished 

drugs in household waste, 21.8% brought them back to a pharmacist, and 11.5% discarded them 

into the sink or toilet. An earlier study of 500 people in the USA by Kuspis and Krenzelok (1996) 

found an even higher proportion (35.4%) of the sample population disposes of medications down 

the sink/toilet. Pharmaceutical agents disposed of in this manner will invariably enter WWTS, or 

DWWTS in unsewered areas. Personal care products include mosquito repellents, antimicrobial 

and antifungal agents, surfactants, perfumes and sunscreens, all of which are widely used in 

modern society (Pal et al., 2014). In contrast to pharmaceuticals these products are often not 

ingested by their users, and therefore are not subject to any human metabolic processes; 

however, they can still enter the aquatic environment through wastewaters. PPCPs are often 

incompletely removed by common wastewater treatment processes, and subsequently are 

discharged into the environment in the form of parent compounds or as altered compounds 

(Zhang et al., 2008; Pal et al., 2014). 

Much of the research regarding the presence of PPCPs in aquatic environments has been focused 

on wastewater and surface waters (Drewes et al., 2002; Kim et al., 2007; Benotti and Brownawell, 

2009; Daneshvar et al., 2010; Daneshvar et al., 2012; Pal et al., 2014; and many more). 

Nonetheless, considerable research has also been done on the occurrence of PPCPs in 

groundwater. Due to the large number of PPCP compounds and the vast amount of individual 

studies that have been undertaken, this literature summary will focus on review papers and 

studies that are particularly relevant to this research. Comprehensive review papers include 

Halling-Sørensen et al. (1998); Zhang et al. (2008); Lapworth et al. (2012); Deo and Halden, (2013) 

and Pal et al. (2014). 

A review by Deo and Halden (2013) states that thirty-three different pharmaceuticals have been 

reported in U.S. groundwater alone. These include acetaminophen, carbamazepine, ciprofloxacin, 

codeine, dehydronifedipine, diclofenac, dilantin, diltiazem, 1,7-dimethylxanthine, erythromycin, 

17-α-ethinylestradiol, fluoxetine, gemfibrozil, ibuprofen, lincomycin, meprobamate, naproxen, 

oestriol, oestrone, triclosan, oxybenzone, oxytetracycline, pentoxifylline, primidone, 

sulfadimethoxine, sulfamerazine, sulfamethazine, sulfamethazole, sulfamethoxazole, 

sulfathiazole, tetracycline, and trimethoprim.  

A review by Lapworth et al. (2012) summarises data from a vast number of studies, all since 1993, 

which have reported emerging organic contaminants (EOCs including PPCPs) occurrences in 

groundwater. Of all the different categories of EOCs, pharmaceuticals were the most commonly 

reported in groundwater. In total, 16 pharmaceutical compounds were commonly reported, each 

in a minimum of four studies, with many in even more. These included five analgesics, four anti-
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inflammatory drugs, three antibiotics, one anti-epileptic (carbamazepine), one barbiturate 

(primidone), a commonly used insecticide (DEET), an X-ray contrast agent (iopamidol) and 

clofibric acid (Lapworth et al., 2012). Analgesics were reported to occur in groundwater in the 

following order of maximum concentration (n= the number of studies that data was taken from); 

paracetamol (n=8), ibuprofen (n=14), phenazone (n=4), propyphenazone (n=5) and salicylic acid 

(n=4). Similarly, anti-inflammatory drugs were reported in the following order of maximum 

concentration; ibuprofen (n=14), ketoprofen (n=6), diclofenac (n=11). The three most commonly 

reported antibiotics were triclosan (n=6), sulfamethoxazole (n=15), lincomycin (n=5). In these 

studies, the main origins of these PPCPs were wastewater, artificial recharge, leakage from urban 

sewage systems and septic tanks. 

Overall, Lapworth et al. (2012) concluded that the most commonly reported pharmaceutical 

compounds in groundwater globally were as follows: carbamazepine (23 studies, average max. 

conc. = 5 x 103 ng/L), sulfamethoxazole (15, 252 ng/L), ibuprofen (14, 1.5 x 103 ng/L) and 

diclofenac (11, 121 ng/L). These four specific compounds and their potential use as wastewater 

tracers will be discussed in turn. Their persistence both in the environment and wastewater 

treatment processes is evaluated due to the obvious influence this has on their suitability as a 

contamination tracer. In terms of PPCP persistence during wastewater treatment, a range of 

studies have been conducted to look at the removal efficiency of large scale wastewater 

treatment systems (Ternes, 1998; Heberer, 2002; Clara et al., 2004; Paxeus, 2004; Benotti and 

Brownawell, 2009; Onesios et al., 2009 and more). 

Carbamazepine is a drug used to control epileptic seizures as well as several mental disorders 

(Zhang et al., 2008), including bipolar depression (Clara et al., 2004). Maintenance dosages of 

carbamazepine are usually between 800-1200 mg daily, with approximately 72%, when taken 

orally, absorbed by the body, with the remaining 28% unchanged and subsequently excreted. Of 

the absorbed carbamazepine, only 1% leaves the body unaltered, with the remaining majority 

metabolised by the liver.  

Carbamazepine has been the focus of several studies examining its fate in wastewater treatment 

plants and its occurrence in aquatic systems. A review of these studies is provided by Zhang et al. 

(2008) and Lapworth et al. (2012). The review by Zhang et al. (2008) found the carbamazepine 

removal efficiencies of wastewater treatment plants to be mostly below 10%. The average 

concentration of carbamazepine (and diclofenac, which is also discussed below) measured in 

WWTP effluents on a national scale is shown in Figure 10.26.  
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Figure 10.26. National average WWTP carbamazepine and diclofenac concentrations (Review of 

studies by Zhang et al., 2008). 

Clara et al. (2004) examined the behaviour of carbamazepine during large scale wastewater 

treatment (activated sludge) and subsequent groundwater infiltration in both lab and full scale 

treatment plants. Post treatment and during soil infiltration no removal of carbamazepine was 

observed. Any observed drop in the concentration of carbamazepine in groundwater was due 

only to dilution processes. This resistance to degradation is due in part to its resistance to 

hydrolysis and neutral charge at pH values found in most groundwater environments, which 

results in poor interaction with mineral surfaces with negative charges (Lapworth et al., 2012). 

Shinohara et al. (2006) also found that amide compounds such as carbamazepine were poorly 

attenuated in the soil zone.  

With regards to smaller treatment systems, Godfrey et al. (2007) observed that carbamazepine 

(and another PPCP, sulfamethoxazole) was persistent enough to migrate in primary treated 

wastewater through a 2 m thick vadose zone to reach the underlying groundwater. A study by 

Matamoros et al. (2009) studied the PPCP removal capability of thirteen DWWTS including two 

compact bio filters, two biological sand filters, five horizontal subsurface flow and four vertical 

flow constructed wetlands. Of the thirteen PPCPs included in the analysis, the removal was 

generally >80% for salicylic acid, methyl dihydrojasmonate, hydrocinnamicacid, oxybenzone, 

ibuprofen, OH-ibuprofen, CA-ibuprofen, caffeine and furosemide. However, poor removal was 

seen for of carbamazepine, diclofenac and ketoprofen.  

The apparent persistence of carbamazepine is reflected in groundwater studies, and has led to 

numerous papers concluding that carbamazepine could be a suitable wastewater contamination 

marker (Clara et al., 2004; Lapworth et al., 2012; Muller et al., 2012; Van Stempvoort et al., 2013). 

As reviewed by Lapworth et al. (2012), carbamazepine was detected in 23 separate studies, the 

highest number for all EOCs. Such studies include Sacher et al. (2001); Godfrey et al., 2007; Loos 
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et al. (2010); Fram and Belitz (2011); Vulliet and Cren-Olivé (2011); Wolf et al. (2012); Schaider et 

al. (2014). 

The second most commonly reported PPCP detected in groundwater EOC studies was the 

antimicrobial compound sulfamethoxazole (Lapworth et al., 2012). Environmental contamination 

by antimicrobial compounds has become a concern due to fears over the potential development 

of antibacterial resistances (Daughton and Ternes, 1999; Larcher and Yargeau, 2010). The 

sulphonamides antibacterial group is considered to be one of the first antimicrobial drugs used. At 

present, however, only a few sulphonamides derivatives are still in clinical use (most commonly 

sulfamethoxazole) due to the development of bacterial resistance (Tilles, 2001). Its widespread 

use however, has resulted in its regular detection in wastewater, surface water and groundwater 

systems (Bendz et al., 2005; Godfrey et al., 2007; Avisar et al., 2009; Onesios et al., 2009; and 

more). In terms of the persistence of sulfamethoxazole in WWTP, in a review by Onesios et al. 

(2009), removal can be highly variable. Removal in lab, pilot, and full-scale conventional WW 

treatment membrane bioreactors, sequencing batch reactors, and anaerobic digesters ranged 

from negative (due to sulfamethoxazole being re-formed from its metabolites) to 99 % removal. 

As a result of this removal, Larcher and Yargeau (2010) state that caution should be employed 

when considering the use of sulfamethoxazole as a tracer.  

Furthermore, sulfamethoxazole is also used in some medicinal veterinary products (Health 

Products Regulatory Authority, 2017). As listed by the Health Products Regulatory Authority 

(2017), sulfamethoxazole is an active ingredient in the product “Metaxol”, used for the treatment 

of both pigs and chickens, and in the product “Co-Trimoxazole 24%” for the treatment of cattle. 

This potentially reduces its use a general tracer of wastewater contamination.  

As reviewed by Lapworth et al. (2012), ibuprofen and diclofenac were detected in 14 and 11 

groundwater studies respectively. The persistence of diclofenac (a non-steroidal anti-

inflammatory drug (NSAID)), and ibuprofen has been studied in various wastewater treatment 

settings (Figure 10.26). However, somewhat conflicting results have been observed. In a study by 

Matamoros et al. (2012), poor removal of diclofenac was seen. However, a study by Drewes et al. 

(2003) examined the persistence of a range of PPCPs in treated wastewater, specifically with a 

focus on their distribution and percolation through the subsurface. As would be expected, 

carbamazepine, (and another antiepileptic primidone) were not removed during percolation 

under either anoxic saturated or aerobic unsaturated flow conditions over travel times of up to 

eight years. However, diclofenac, ibuprofen, ketoprofen, naproxen, fenoprofen and gemfibrozil 

were all efficiently removed to concentrations near or below their detection limit. Using a similar 

methodology to that in Clara et al. (2004), another study by Clara et al. (2005) found no diclofenac 

removal evident in one WWTP and up to 70% removal observed in another with “no reasonable 
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explanation”. In an overall review of such diclofenac studies, the removal rate in WWTPs has been 

highly variable, with values ranging from 0-80%, but with values usually between 21-40% (Zhang 

et al., 2008). In terms of ibuprofen persistence during wastewater treatment, high removal has 

also been seen in studies by Drewes et al. (2003); Clara et al. (2005); Shinora et al. (2006); 

Matamoros et al. (2009). 

Consideration must, however, be given to the fact that much of this research has been conducted 

at large scale WWTPs, and not on DWWTS. Large scale wastewater treatment plants should in 

theory have a greater chance of receiving a range of PPCPs due to larger number of people they 

serve. In contrast, as DWWTS only receive wastewater from an individual household, the 

application of the PPCP compounds as tracers of wastewater contamination of private wells 

would depend on the use of those specific PPCPs by one or more of the householders. For 

instance, Van Stempvoort et al. (2013) estimate that less than 2% of households would be 

prescribed carbamazepine. Provided this figure can be extrapolated to an Irish context, this would 

limit its applicability to the private well setting. Similarly, as sulfamethoxazole is an antibiotic, it 

would only be used by householders during incidences of illness, and only if the prescribed 

antibiotic is sulfamethoxazole. While still potentially suitable in certain situations, this may reduce 

their application to specific locations.  

In summary, the persistence of diclofenac, ibuprofen and sulfamethoxazole is varied, with 

considerable removal reported. This may restrict their suitability as tracers of wastewater 

contamination. Nonetheless, they are among the most commonly reported pharmaceutical 

compounds in groundwater globally, and their detection does indicate contamination likely from 

a wastewater source (Lapworth et al., 2012). Therefore, they may still be a useful tracer 

irrespective of the variable persistence. Given the evidence to suggest that carbamazepine is 

highly persistent, coupled with it being the most commonly detected pharmaceutical in 

groundwater, it is likely that it offers the most potential as a tracer of wastewater contamination. 

The applicability of PPCPs as wastewater tracers in a domestic setting between DWWTS and a 

private well is not guaranteed, but should be evaluated. This is further supported by the likely 

increase in the number and concentrations of new and existing pharmaceuticals in the water 

environment as a result of increased consumption of pharmaceuticals by a growing and aging 

population (Deo and Halden, 2013).  

10.10.2 PPCPs: Methodology 

All samples taken during the M11 and M13 mass tracer evaluation events (i.e. each of the 24 

monitoring wells were sampled twice) were analysed for carbamazepine and sulfamethoxazole. 

Method development and analysis was performed by a Dr David O’Connell, a postdoctoral 
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researcher from the Department of Civil, Structural and Environmental Engineering in Trinity 

College Dublin. All analysis was carried out in the Teagasc Food Research Centre, Ashtown, County 

Dublin. Note, the analysis for caffeine and artificial sweeteners (presented in Sections 10.11 and 

10.12, respectively) was also performed using the following method.  

Instrument and conditions: High performance liquid chromatography (HPLC) coupled with 

electrospray ionization tandem mass spectroscopy (ESI-MS) (Shimadzu, Japan) was utilised for 

detection based on a method developed by (Tran et al. 2013). The column used was an Agilent 

ZORBAX SB-C18 9150 x 2.1 mm id; 3.5 µm particle size) for separation and quantification of the 

target analytes. Tandem MS was carried out on a triple quadrupole MS (LCMS-8030, Shimadzu, 

Japan). Ions were acquired in multiple reaction monitoring (MRM) modes with a seven second 

dwell time. Collision induced dissociation (CID) was performed using argon at approximately 230 

kPa. Electrospray source and desolvation temperature were set at 300 and 250°C. Drying and 

nebulizing gas flow rates were set at 15 and 3 l/m. Interface voltage and interface current were 

set at 3.5 KV and 0.2 µA. After choosing the precursor ions, product ions were obtained and 

optimized with three key parameters: entrance potential (EP), collision energy (CE) and collision 

exit potential (CXP).  

Chemicals and materials: Analyte compounds included caffeine, carbamazepine, acesulfame, 

aspartame, cyclamate, saccharin, sucralose. Seven 2H isotope labeled compounds were used as 

internal/surrogate standards to correct the loss during solid phase extraction procedures and ESI-

MS/MS. The individual stock solutions of each target compound as well as the isotopically labelled 

internal standards (ILIS) solution were prepared in methanol-water (50/50, v/v) at 2.0 g/L and 

0.05 g/L and stored in the dark at -18 °C. Mixtures were prepared in methanol and renewed 

before each analytical run. Note, a separate mixture of ILIS used for internal standard 

quantification was prepared in methanol-water (75/25, v/v) and further diluted in MeOH/H2O 

(75/25, v/v) solution.  

Solid phase extraction (SPE) procedure: For environmental water samples, prior to SPE, water 

samples were pH adjusted with 1M HCl and spiked with the seven ILIS. The SPE cartridges were 

preconditioned with 6ml methanol for 15 minutes, followed by 6ml of MQ water (pH 2) at a flow 

rate of 3 ml/min. After the conditioning step, groundwater samples were passed through the wet 

cartridges (8 ml min-1) after which the reservoirs and cartridges were rinsed with 15 ml with (90% 

H2O:10% MeOH). Following this rinsing, the sides of the cartridges were pushed into the cartridge 

membrane with a strong stream of N2, with the SPE cartridges dried for 40 mins under high 

vacuum. The cartridges were eluted using 2 x 5 ml of MeOH at a flow rate of 1ml/min. The 

resulting extracts were dried under a gentle stream of nitrogen at 50°C and finally dissolved again 

in a MeOH/H2O (75/25, v/v) solution to a final volume of 500 µl. This reconstituted solution was 
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vortexed for 30 seconds prior to filtering through 0.2µm Agilent Captivia© filters into the HPLC 

glass vials. Recovery for environmental water samples (groundwater) were higher than 70% for 

most of the analytes when the SPE procedure involved HR-X cartridges under pH 2. Prior to the 

solid phase extraction, 7 ILIS were added to water samples to compensate for losses during the 

procedure and correct any matrix effects on signal in the ESI source. The RSD was below 10% for 

most analytes in various matrices. 

10.10.3 PPCPs: Results 

No wells tested positive for carbamazepine in either the M11 or M13 monitoring event. However, 

one well (CX43) tested positive for sulfamethoxazole during the M11 event, measuring 152 ng/l. 

This well did not test positive during the M13 event. CX43 did not test positive for E. coli in either 

of the monitoring events, but as stated previously, this well was treated by a one-off disinfection 

between the M6 and M7 events, and so the microbial quality may not be truly representative. 

This disinfection would have no effect on the presence of sulfamethoxazole, and so this may 

account for the disparity between the microbial and sulfamethoxazole results. However, as CX43 

tested positive for E. coli in M14, it can be said with confidence that is impacted by a faecal 

contamination source, and that the one-off disinfection was only temporarily effective. 

Furthermore, as sulfamethoxazole was detected, it is likely that there is an impact from a 

DWWTS.  

10.10.4 PPCPs: Conclusions 

The results found carbamazepine and sulfamethoxazole to be of limited use as tracers of DWWTS 

contamination in private wells. This could potentially be due to the domestic scale of the research 

and the assumed relatively low likelihood of these PPCPs being in the wastewater. Nonetheless, 

as the presence of PPCPs in a private groundwater does indicate a human influence, potentially 

from a DWWTS, the testing for PPCPs in private wells could yield useful results and may still be 

warranted. However, the high cost of analysis and the advanced technology required must be 

considered. While this study has shown limited use, the large number of PCPPs that could be used 

as tracers offers significant potential for further research.    

10.11 Caffeine 

10.11.1 Caffeine: Literature Review 

Caffeine, a xanthine alkaloid compound and central nervous system stimulant, is the most 

commonly used psychoactive drug in the world (Knee et al., 2010). While usually associated with 

coffee products, caffeine is also found in tea, chocolate, tobacco, medication and energy drinks 

(Chen et al., 2002). The average person globally consumes approximately 70 mg of caffeine per 
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day (Buerge et al., 2003). In a study on the caffeine content of coffee, 33 samples of home brewed 

coffees were found to contain an average of 346 mg/l of caffeine, with an observed range from 83 

to 741 mg/l (Stavric et al., 1988). However, consumption has been shown to vary geographically 

and socially, with consumption levels of 210 and 440 mg/day seen in the USA and the United 

Kingdom respectively (Hagedorn and Weisberg, 2009). 

Of the caffeine consumed by humans, a small proportion (approx. 3%) is not metabolized and is 

excreted as urine (Tang-liu et al., 1994), and in turn enters the wastewater treatment system 

Furthermore, wastewater systems can also receive caffeine from the disposal of unconsumed 

caffeine products and the washing of coffee pots and cups (Stavric et al., 1988; Chen et al., 2002; 

Hagedorn and Weisberg, 2009). Unsurprisingly therefore, numerous studies have detected 

caffeine in human wastewater, both internationally and in Ireland (Paxeus and Schroder, 1996; 

Seiler et al., 1999; Chen et al., 2002; Godfrey et al., 2007; Gill et al., 2009c; Daneshvar et al., 2012; 

Richards et al., 2016). Caffeine was detected at concentrations of between 100 and 120 µg/L in 

septic tanks in an early study by Seiler et al. (1999). A more recent study in Scotland by 

Richardson et al. (2016) measured caffeine in septic effluents in the range from < 5 - 391 µg/l. 

Subsequently, caffeine has been studied as potential tracer for contamination of anthropogenic 

origin. The presence of even low levels of caffeine in surface and groundwater is a possible 

indicator of contamination from a human source, such as domestic wastewater (Chen et al., 

2002).  

Several studies have detected caffeine in surface waters (Siegner and Chen, 2002; Weigel et al., 

2002; Buerge et al., 2003; Knee et al., 2012; Daneshvar et al., 2012). In relation to groundwater, 

data from the UK Environmental Agency states that caffeine is within the 30 most frequently 

detected compounds in a monitoring programme for organic pollutants (Stuart et al., 2013). 

Similarly, in a pan-European study by Loos et al. (2010) that looked at groundwater from 23 

different European countries, caffeine was detected in 20% of samples. A groundwater study by 

Rabiet et al. (2006) in Southern France detected caffeine in four of seven wells examined. In a 

more recent groundwater study of 494 groundwater sites in France, caffeine was detected at a 

quantification frequency (the number of results reported above the limit of quantification 

(positive samples) divided by the total number of samples) of 40% (Lopez et al., 2015). It is 

evident therefore that caffeine is present and detectable in wastewater, surface water and 

groundwater. This suggests that it may a suitable tracer of wastewater contamination.  

Studies have indicated several limitations with regards to using caffeine as a fingerprinting 

technique. Evidence suggests that it does not act as a conservative tracer, with uncertainty 

around its environmental persistence. A study in Buerge et al. (2003) examined the caffeine 

concentrations in influents and effluents of Swiss wastewater treatment plants. Results showed 
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caffeine concentrations of the influents and effluents as 7-73 μg/l and 0.03-9.5 μg/l respectively, 

indicating an efficient elimination of 81-99.9 %. A study by Froehner et al. (2012) in Brazil found 

that overall, >99 % of caffeine was removed by three large scale wastewater treatment plants. A 

study by Drewes et al. (2003) found that caffeine was efficiently removed to concentrations near 

of below the detection limit after less than six months’ retention time during groundwater 

recharge of treated wastewater. It should be noted that these studies examined large scale 

treatment plants. An early study by Paxeus and Schroder (1996) measured concentrations of 

caffeine in septic tank influent and effluent at 37 and 4.0 µg/L respectively, indicating a relatively 

high level of treatment.  

In an Irish context, a study by Gill et al. (2009c) examined the fate of caffeine in DWWTSs. 

Caffeine was measured in septic tank effluent at a concentration of 32μg/l, while a much lower 

concentration (0.62 μg/l) was detected in effluent from packaged treatment plant (RBC), 

suggesting that caffeine is degraded during secondary aerobic treatment. Furthermore, caffeine 

was found to be removed to a considerable extent in the aerobic subsoil conditions beneath the 

percolation trenches, but remained largely conservative when passing through the 

anoxic/anaerobic conditions of constructed wetland treatment systems. No evidence of caffeine 

was found in the groundwater at any of the sites. The findings of Gill et al. (2009c) suggest that 

the volume of caffeine entering the unsaturated zone in domestic wastewater effluent will vary 

from site to site depending on the operational efficiency of the DWWTS and the hydrogeological 

conditions. There are further doubts regarding its environmental persistence as its half-life when 

exposed to natural light is as little as 12 days (Buerge et al., 2003). Furthermore, the volume of 

caffeine entering the DWWTS can vary depending the household occupants and there use of 

caffeinated products. 

The somewhat non-conservative nature of caffeine was evident in a groundwater study in 

Montana USA (Godfrey et al., 2007). This study looked at two aquifers, both receiving primary 

treated wastewater. In one site, while caffeine was detected in the school septic system it was not 

found to have percolated through the 2 m thick sand vadose zone, indicating degradation. 

However, in a second site, sampling of a sand, gravel and cobble dominated unconfined aquifer, 

partially overlain by septic systems and a city sewer system, revealed the presence of caffeine. 

Furthermore, one of the earliest studies regarding caffeine and groundwater by Seiler et al. (1999) 

tested a variety of nitrate contaminated groundwater wells in a DWWTS dependent area of 

Nevada USA for the presence of caffeine. Caffeine was detected in three shallow groundwater 

wells at concentrations of <0.04 - 0.23 µg/l, however, there was no apparent presence of caffeine 

in deeper groundwater wells (>10 m).  While the primary mechanism for the removal of caffeine 

and the subsequent lack of detection in groundwater wells was not tested in the study, Seiler et 
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al. (1999) hypothesised that the breakdown of caffeine may potentially occur in the anaerobic 

septic tanks or the aerobic percolation areas. Given the findings of Gill et al. (2009c), the removal 

was likely due to the aerobic subsoil conditions beneath the percolation trenches 

A large-scale study in California tested 1231 wells for caffeine (Fram and Beltiz, 2011). While 

carbamazepine was the most commonly detected compound, caffeine was among the group of 

the next most commonly detected compounds. However, Fram and Belitz (2011) state that on 

average caffeine is consumed in much higher quantities than carbamazepine. The fact that 

caffeine is detected at lower concentrations and less frequently than carbamazepine highlights 

how it is less persistent in the subsurface (Fram and Belitz, 2011).  

In summary, the human specific origin of caffeine, its presence in wastewater and its widespread 

detection in groundwater makes it a potentially useful tracer. However, its reliability as a tracer of 

wastewater contamination is somewhat unknown due to its potentially non-conservative nature, 

and therefore investigation is required. 

10.11.2 Caffeine: Methodology 

All samples taken during the M11 and M13 mass tracer evaluation events (i.e. each of the 24 

monitoring wells were sampled twice) were analysed for caffeine. The sample preparation and 

analytical procedures used are the same as those presented in Section 10.10.2. 

10.11.3 Caffeine: Results 

None of the monitoring wells tested positive for caffeine over the two monitoring months.   

10.11.4 Caffeine: Conclusions 

The results from the analysis of the private wells in the study found caffeine to be of limited use 

as a tracer of wastewater contamination, at least in a domestic setting. This is potentially due to 

its lack of persistence and a breakdown in the DWWTS and subsurface environment. Again, the 

presence of caffeine in a private groundwater supply would indicate a human influence, 

potentially from a DWWTS, and so testing for caffeine in private wells could yield useful 

information regarding the source of contamination. However, as with the PPCPs, the high cost of 

analysis and the advanced technology required must be considered, especially given the high 

likelihood of negative results.  

10.12 Artificial sweeteners 

10.12.1 Artificial sweeteners: Literature review 

Artificial sweeteners are common place in modern diets due to their presence in many food and 

drinks. They are commonly added as an alternative to conventional table sugar, as due to their 



 

307 
 

high intensity sweetness they can be used in much lower quantities than sugar. By replacing 

conventional sugar with artificial sweeteners, the food/drinks calorie content can be reduced 

while still maintaining their desired sweetness (Scheurer et al., 2009).  

Six artificial sweeteners are approved for use in the U.S by the United States Food and Drug 

Administration (FDA): acesulfame-K, aspartame, neotame, saccharin, advantame and sucralose 

(FDA, 2014). The use of artificial sweeteners in Europe is regulated under the European 

Regulation 1333/2008, with a full list of approved sweeteners located therein (1333/2008/EC). 

Notably, the sweeter cyclamate is approved for use in Europe, while it has been prohibited for use 

in U.S. since the 1970s (Scheurer et al., 2009; FDA, 2014). A survey by the Food Safety Authority of 

Ireland (FSAI, 2007) examines and lists the levels of artificial sweeteners in Irish retail products.  

Some artificial sweeteners are not metabolised by the human body, and therefore are unaffected 

as they pass through into the DWWTS via urine and faeces (Buerge et al., 2009; Scheurer et al., 

2009). Recent studies have indicated that certain artificial sweeteners are resistant to breakdown 

during treatment processes and thus persist in the environment, which has led to investigations 

into their potential use as tracers of wastewater contamination (Buerge et al., 2009; Scheurer et 

al., 2009; Buerge et al., 2011; Van Stempvoort et al., 2011a; Van Stempvoort et al., 2011b; Lange 

et al., 2012; Wolf et al., 2012; Robertson et al., 2013; Van Stempvoort et al., 2013; Tran et al., 

2014; Richards et al., 2016; Robertson et al., 2016), all yielding positive results. These are 

reviewed here.   

Artificial sweeteners: European research 

Buerge et al. (2009) examined four artificial sweeteners in Switzerland with regards to their 

environmental occurrence and their potential use as tracers of wastewater. The study examined 

surface water, groundwater and municipal wastewater for four artificial sweeteners, acesulfame, 

cyclamate, saccharin and sucralose. Acesulfame, cyclamate and saccharin are usually anionic 

compounds when found in natural waters and are therefore expected to be quite mobile in the 

subsurface. Sucralose is a chlorinated disaccharide, which has been shown to be mobile in 

wastewater (Brorstrom-Lunden et al., 2008). Analysis was done using liquid chromatography mass 

spectrometry (LC-MS) after online solid phase extraction. With regards to the municipal 

wastewater samples, all four sweeteners were consistently detected in the concentration range 

from 2-65 μg/L, with cyclamate and acesulfame the most common, followed by saccharin then 

sucralose. This was normalised by wastewater volume and population to yield per capita loads of 

each sweetener into wastewater, with mean values of 11, 10, 3.9 and 1.5 mg/person/d-1 

respectively. Interestingly, the loads for cyclamate and saccharin were elevated on colder days; 

possibly due their use in common table sweeteners. In terms of the persistence, the wastewater 



 

308 
 

treatment process was found to have little effect on the concentrations of acesulfame and 

sucralose, however, the concentrations of cyclamate and saccharin were considerably lower in 

activated sludge treated wastewater versus untreated wastewater, with treatment efficiencies of 

99% and 90% respectively. In the analysis of 100 groundwater samples, sucralose cyclamate and 

saccharin were not detected. However, acesulfame was detected in 65 of the 100 groundwater 

samples, sometimes at high concentrations of up to 4.7 μg/L indicating an impact from domestic 

wastewater. 

To understand how these compounds behave in the subsurface, a more recent study by Buerge et 

al. (2011) examined the persistence of these saccharin, sucralose, acesulfame and cyclamate in six 

soils under aerobic conditions in a lab scale experiment using specially prepared solutions of 

artificial sweeteners.  A relatively fast rate of degradation was observed for cyclamate and 

saccharin in soils, which is consistent with the extensive reduction observed in wastewater 

treatment plants (99 and 90%, respectively) in Buerge et al. (2009). With regards to acesulfame 

and sucralose however, relatively rapid degradation was also observed in soils (although some 

exceptions were seen with certain soil types where the level of degradation was lower), which is a 

contrast to their persistence in the activated sludge plant (Buerge et al., 2009). This could 

potentially be due to the obviously different residence times, and the differences in the microbial 

communities between activated sludge treatment plants and the soil environment (Buerge et al., 

2011). Notably, the study found the degradation of sweeteners in soils appears to be biologically 

mediated, as in a sterile control experiment, no acesulfame, saccharin and sucralose and 

considerably slower cyclamate degradation was observed.  

Buerge et al. (2011) also examined the degradation of sweeteners in subsoils fed by untreated 

human wastewater (to mimic the conditions that would be created by a leaking sewer) using lab 

scale column experiments. Concentrations of sweeteners in the solution fed into the column were 

compared to the leachate from the column. During the initial stages of the experiment the 

concentrations of the four sweeteners in the leachate increased continuously, and with similar 

rates relative to the feed concentrations, with little retardation in the subsoil. In the second week, 

concentrations of cyclamate and saccharin decreased to levels of 16 and 27% of the feed 

concentrations, respectively, probably due to the growth of microorganisms capable of degrading 

these compounds. In contrast, concentrations of acesulfame and sucralose did not decrease and 

reached those in the feed solution, indicating that they were quite stable in this environment. In 

the third week, concentrations of cyclamate and saccharin increased to approximately 76% of the 

feed concentrations. It was assumed that this was due to changes in the environmental conditions 

in the subsoil, in particular the redox potential. While it is noted that extrapolating these results 

to real life field situations must be done with caution, the study concludes that in general the data 
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suggests that cyclamate and saccharin are degradable in such an environment and that the redox 

potential has a pronounced influence. Acesulfame and sucralose, on the other hand, seem to be 

reasonably stable (Buerge et al., 2011). 

Another European study by Scheurer et al. (2009) looked at the occurrence of artificial 

sweeteners in two German wastewater plants. The four sweeteners detected by Buerge et al. 

(2009) were found in the influent untreated wastewater in two treatment plants. The sweeteners 

aspartame, neotame, and neohesperidin dihydrochalcone (NHDC) were not detected. The 

concentrations ranged from 34 to 50 μg/L for acesulfame and saccharin, up to 190 μg/L for 

cyclamate and below 1 μg/L for sucralose. The study found that elimination of acesulfame and 

sucralose by the wastewater treatment processes was low. However, >90% removal efficiencies 

were seen in for saccharin and cyclamate. Nonetheless, due to high influent concentrations, both 

saccharin and cyclamate were still detectable in the treated wastewater. The same study also 

examined sweeteners in a soil aquifer treatment (SAT) system that treats secondary effluent from 

a treatment plant in a Mediterranean country. Again, acesulfame was found in the highest 

concentrations, and was found to be even more persistent during the SAT than in conventional 

wastewater treatment. A significant decrease of the sucralose concentration in the aquifer 

occurred, but it was still present at a considerable level. Scheurer et al. (2009) states that these 

results for acesulfame and sucralose are remarkable given the results of previous studies dealing 

with the overall removal efficiency of the SAT process for the removal of other organic trace 

pollutants. Other than acesulfame and sucralose, only few other compounds like carbamazepine 

(Section 10.10) are known to persist during long-term SAT. This persistent nature of acesulfame 

and sucralose suggests their potential for use as tracers. Of the remaining studied sweeteners, 

only cyclamate and saccharin were found in the effluent used for SAT, but were detected only in 

traces in the monitoring wells. Interestingly, the ratio of acesulfame to sucralose in the effluents 

from Germany was about 40, whereas the ratio in the effluent in the Mediterranean country was 

just three, suggesting different patterns of usage between the two countries.   

Another German study by Wolf et al. (2012) looked at the impact of sewer leakage on urban 

groundwater quality, a range of tracers including acesulfame were analysed for in groundwater 

samples taken from boreholes in the city of Rastatt. The research found that acesulfame was one 

of the most common trace organics in the underlying groundwater, and its presence in 

groundwater positively correlated with the distance to the nearest sewer.  

Artificial Sweeteners: Canadian research 

Extensive research looking at artificial sweeteners in this context has been conducted in Canada. 

Van Stempvoort et al. (2013) found acesulfame to be present in similar percentage of 
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groundwater wells to Buerge et al. (2009). In the two sites examined as part of the study, 

acesulfame was detected in 65.2% and 73.3% of wells respectively (65% of wells in Buerge et al., 

2009). In one of the sites, cyclamate and saccharin were also detected in 43.5% and 13% of the 

wells respectively; however, they were not detected in any of the wells in the second study area.  

In an extensive study of a 15-year-old septic plume in Ontario by Robertson et al. (2013), the 

persistence of artificial sweeteners was examined. All four of the sweeteners (acesulfame, 

cyclamate, sucralose, saccharin) were found in the septic effluent at concentrations of 15-51 μg/L. 

The persistence of the four sweeteners within the environment follows similar trends seen in 

Buerge et al. (2009), with cyclamate and saccharin degrading to approximately <10% of the initial 

concentrations. While cyclamate evidently degraded, it did persist, albeit in small concentrations, 

to distant parts of the effluent plume. Sucralose was found to be at elevated levels within the 

plume, but a relatively high limit of detection meant it was only elevated by a factor or 3-15 above 

background levels. In contrast, acesulfame which has a much lower detection limit, was found at 

>1000 times the natural background levels, even at greater distances from the effluent source 

than sucrose. Over the 15-year study period, the concentrations of acesulfame in the plume were 

found to have steadily increased, with evident environmental persistence.  

A more recent study in Robertson et al. (2016), examined the potential use of acesulfame as a 

tracer of wastewater contamination in groundwater. The study measured acesulfame 

concentrations in wastewater and impacted groundwater at 12 septic system sites in Canada. 

Sampling was carried out on direct effluent from the septic tank, the shallow groundwater within 

1 m below the water table (proximal plumes), as well as distal plume zones located beyond the 

edges of the tile beds and up to 200 m downgradient. All samples of septic tank effluent (n=37) 

had acesulfame concentrations >6 μg/l, and all samples from the proximal plume zones (n=93) 

had concentrations >1 μg/l. Variation in acesulfame was, however, seen between the sites, 

indicating differences in diet. Even where concentrations were low, they were still greater than 50 

times above the quantification limit, which suggests it could be used to indicate even slight 

impacts from wastewater. Where the distal plumes were sampled, acesulfame persisted 

throughout with the concentrations in most samples >2 μg/l, which was expected given dilution. 

This study concluded that acesulfame is a powerful tracer and a useful diagnostic tool for 

establishing whether waste water is a significant contributor to groundwater contamination or 

not. It should be noted that the septic systems used in this study were notably larger than the 

DWWTS encountered in this current research. 

While the simple presence of artificial sweeteners indicates an anthropogenic impact, further 

investigation can provide more information regarding the source of the contamination. Robertson 

et al. (2016) also used data from the study to examine the potential for using ratios of total 
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inorganic nitrogen to acesulfame to estimate the amount of nitrogen contamination in three 

Canadian aquifers that can be attributed to wastewater impacts. The mean mass ratios of total 

inorganic nitrogen to acesulfame at the 12 sites ranged from 680 to 3500 for the septic tank and 

proximal plume samples. At five of the sites, decreasing ratios of total inorganic 

nitrogen/acesulfame to lower values of 30-800 in the distal plume zones indicated that inorganic 

N was being consumed (likely transformed to N2, N2O, or organic N). Therefore, the study inferred 

that by examining the ratio of nitrogen to acesulfame, the contribution of DWWTS to overall 

groundwater nitrogen concentrations could be estimated, and distinguished from other potential 

sources such as agriculture.  For instance, at one aquifer site, lower acesulfame values and higher 

nitrogen/acesulfame ratios suggested that waste water contributes <15% of the nitrate present in 

most samples. The method does however make several assumptions such as that acesulfame is 

not degraded appreciably along the groundwater flow system, and that other sources of total 

inorganic nitrogen do not contain acesulfame, among other assumptions. Nonetheless, it does 

highlight the potential usefulness of acesulfame as a tracer, and the potential of further research.  

The presence of other sweeteners alongside acesulfame can also provide useful information. 

Buerge et al. (2009) suggests that although acesulfame is the most persistent sweetener, the 

presence of other sweeteners can be a useful indicator of the type of wastewater contamination. 

As cyclamate and saccharin are less persistent and more efficiently removed, their presence in 

groundwater can indicate more recent contamination by untreated wastewater. It should be 

noted however, that these assumptions were made based on large scale treatment plants, and so 

its relatability to DWWTS must be considered. However, this does suggest that analysing for the 

cyclamate, saccharin and sucralose is still warranted. Furthermore, the use of the sweetener 

advantame was only approved for use in Europe under the legislative amendment 497/2014/EU. 

This sweetener has not been examined by the aforementioned studies, and so any future 

detection would indicate recent contamination. This highlights how emerging organic 

contaminations offer new opportunities in the field of contamination tracing.  

Artificial sweeteners in Ireland 

In an Irish context, no known work to date (to the knowledge of the author) has been carried out 

on the presence of artificial sweeteners in human wastewater, or is occurrence in groundwater. A 

recent study by Richards et al. (2016) did test for artificial sweeteners (among numerous other 

parameters) in the effluent from 12 septic systems in Scotland. Saccharin, sucralose and 

acesulfame were all detected from concentrations of < 2 to 115 μg/l, 164 μg/l to 192 μg/l 

respectively.  
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Limitations 

Potential limitations of the use of artificial sweeteners must be considered. Although DWWTS are 

known sources of artificial sweeteners in the environment, other potential sources are known. 

Buerge et al. (2011) states that saccharin is also a registered as an additive in pig feed. Saccharin 

fed to piglets is largely excreted and, consequently, found in liquid manure at concentrations up 

to 12 mg/L, where it is for up to 2 months of storage (Buerge et al., 2011). Subsequent land 

spreading of this manure can release it into the environment. Saccharin is also a known soil 

metabolite of certain sulfonylurea herbicides. Furthermore, land spreading of human sewage 

sludge could introduce a range of artificial sweeteners into the environment, not just saccharin 

(Buerge et al., 2011). Sweeteners may also enter the environment via leaky sewers, however, as 

areas dependent on DWWTS are usually not served by a main sewerage network, this is unlikely 

to be a limitation.  

Conclusions of literature review 

To conclude, studies on the use of artificial sweeteners as tracers have yielded positive results. 

Many have stated that acesulfame is “an almost ideal tracer” that shows the most promise as a 

conservative tracer for wastewater in groundwater (Buerge et al., 2009; Van Stempvoort et al., 

2011a; Robertson et al., 2013). Without doubt it warrants study in an Irish context, and may be 

applicable to the domestic scale. 

10.12.2 Artificial sweeteners: Methodology 

All samples taken during the M11 and M13 mass tracer evaluation events (i.e. each of the 24 

monitoring wells were sampled twice) were analysed for acesulfame, saccharin, sucralose, 

cyclamate and aspartame. The sample preparation and analytical procedures used are the same 

as those presented in Section 10.10.2. 

10.12.3 Artificial sweeteners: Results 

The results for M11 and M13 are shown in Figures 10.27 and 10.28 respectively. Note, only 

positive results are shown. All wells tested during M11 were negative for saccharin, sucralose, 

cyclamate and aspartame. However, 25 % (n = 6/24) tested positive for acesulfame (Figure 10.27). 

The measured concentrations for these six wells had a relatively large range, from 48 ng/l to 1973 

ng/l, with an average concentration of 626 ng/l.  

During the M13 event all wells were again negative for saccharin, sucralose and aspartame. 

However, in contrast to M11, a single well (CL 30) tested positive for cyclamate, with a 

concentration of 40.9 ng/l (Figure 10.28). Furthermore, a larger proportion of wells tested positive 

for acesulfame in M13 (33%, n= 8/24). A larger range in concentrations was also seen, ranging 
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from 28 - 2625 ng/l, with an average concentration of 675 ng/l. The presence of acesulfame and 

cyclamate in these wells is consistent with an impact from a nearby DWWTS. 

 
Figure 10.27 Artificial sweetener results from the M11 monitoring event. Only positive results are 

shown. 

 
Figure 10.28 Artificial sweetener results from the M13 monitoring event. Only positive results are 

shown. 

These results largely follow trends observed in the studies outlined in the literature review, where 

acesulfame was found to be the most persistent and the most commonly detected artificial 
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sweetener in groundwater (Buerge et al., 2009; Scheurer et al., 2009; Wolf et al., 2012; Van 

Stempvoort et al., 2013; Robertson et al., 2013). 

The presence of cyclamate in CL30 highlights how the analysis of a suite of sweeteners, and not 

just acesulfame, can be useful. As reviewed, cyclamate was found by Buerge et al. (2009) and 

Scheuer et al. (2009) to be significantly degraded during wastewater treatment processes. 

However, cyclamate was the sweetener detected at the highest concentrations in raw 

wastewater by both studies, and was detected at distant parts of the septic tank plume 

monitored by Robertson et al. (2013). Furthermore, Van Stempvoort et al. (2009) detected 

cyclamate in 43% of wells in a study area. Buerge et al. (2009) suggests that although acesulfame 

is the most persistent sweetener, and its presence indicates an impact from human wastewater, 

as cyclamate and saccharin are less persistent and more efficiently removed by wastewater 

treatment processes, their presence in groundwater can indicate a more recent contamination by 

untreated wastewater. Although this relates to larger scale treatment plants, a similar assumption 

may apply to private well studies. The absence of cyclamate in CL30 in M11, and its presence 

during M13 would be consistent with a recent contamination event from a DWWTS.  

The non-detection of saccharin is to be expected. Studies have shown it is typically not persistent 

during wastewater treatment processes and/or in the environment (Buerge et al., 2009; Scheurer 

et al., 2009; Buerge et al., 2011; Robertson et al., 2013). However, given the number of studies 

that have shown sucralose to be persistent during wastewater treatment and in the environment 

(Buerge et al., 2009; Buerge et al., 2011; Scheuer et al., 2009; Robertson et al., 2013), it is 

somewhat surprising that it was not detected in any of the well samples. This lack of detection is, 

however, consistent with studies by Buerge et al. (2009) and Van Stempvoort et al. (2013) that 

also failed to detect in sucralose in groundwater samples. This could potentially be related to the 

lower reported concentrations of sucralose in the wastewater. Buerge et al. (2009) found loadings 

of sucralose into Swiss wastewater treatment plants to be 1.5 mg/person/d-1, which is much 

lower than the loadings of cyclamate, acesulfame and saccharin (11, 10 and 3.9 mg/person/d-1). A 

similar trend was seen by Scheuer et al. (2009) in German wastewater, where concentrations 

ranged from 34 to 50 μg/L for acesulfame and saccharin, up to 190 μg/L for cyclamate and below 

1 μg/L for sucralose.  

It is of obvious importance to know how the presence of these sweeteners relates to the presence 

of conventional faecal indicator bacteria and other fingerprinting compounds. As outlined, the 

same wells tested positive for E. coli in the M11 and M13 monitoring events (CL2, KX29, KX10 and 

CX52). Three of these wells (CL2, KX29, and CX52) also tested positive for acesulfame in the M11 

and M13 monitoring events. This indicates that a DWWTS may be the source of the E. coli in these 
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three wells. However, the lack of a sweetener in KX10 suggests a different source of faecal 

contamination.   

This does, however, raise questions regarding the remaining wells that tested positive for 

acesulfame, and yet were negative for E. coli. However, as presented throughout Chapter 9, the 

occurrence of E. coli has shown significant temporal variation. Tables 10.12 and 10.13 show the 

number of monitoring months that each well tested positive for both E. coli and total coliforms, 

along with the sweetener results (mainly acesulfame) from the M11 and M13 events. These 

tables show that while the wells that tested positive for acesulfame may not have tested positive 

for E. coli during M11 and M13, they have tested positive for E. coli on at least one other 

occasion. This indicates a difference in persistence (which would be expected) between 

acesulfame and E. coli. As per the literature review, acesulfame has been shown to be particularly 

persistent while, in contrast, the migration and attenuation of microbes in the subsurface is 

dependent on numerous subsurface conditions (Section 3.4).  

Table 10.12 The number of months (out of 14) where each well tested positive for faecal indicator 
bacteria and the sweetener presence/absence results for the M11 and M13 events.   

 
SA1 SA2 

 
CX23 CX43 CX45 CX52 CX53 CX54 BL16 BL25 BL32 BL37 BL43 BL44 

No. of months +ive         
E. coli  

0 6 0 13 0 1 0 3 0 0 0 2 

No. of Months +ive 
Total Coliforms  

0 10 12 14 0 14 10 14 4 12 4 12 

M11: (+/- for 
sweeteners) 

- + - + - + - - - - - - 

M13: (+/- for 
sweeteners) 

- + - + - + - - - - - - 

Table 10.13 The number of months (out of 14) where each well tested positive for faecal indicator 
bacteria and the sweetener presence/absence results for the M11 and M13 events.   

  SA3 SA4 
  KX4 KX10 KX13 KX29 KX31 KX38 CL2 CL9 CL11 CL22 CL30 CL44 

No. of months +ive   
E. coli  

0 14 6 11 0 1 14 0 2 1 1 7 

No. of months +ive 
Total Coliforms  

7 14 13 14 1 6 14 11 12 3 14 13 

M11: (+/- for 
sweeteners) 

- - - + - - + - - - + - 

M13: (+/- for 
sweeteners) 

- - + + - - + - - - + + 

 

This is significant in terms of interpreting the presence of acesulfame in a well and its usefulness 

as a tracer. The presence of acesulfame in a well indicates an impact from a DWWTS. However, 

given that acesulfame has been shown to persist during wastewater treatment processes, it 

would be expected to persist even in an adequately functioning DWWTS, where enteric bacteria 
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should be attenuated before reaching the groundwater. Therefore, the presence of acesulfame 

may not guarantee the presence of faecal microbes, or an actual threat to human health. 

Additionally, the detection of acesulfame and E. coli in the same well does not guarantee that the 

E. coli originated from a DWWTS.  

This is also significant in terms of interpreting routine FIB results from a single one-off analysis. 

Due to the temporal variation in FIB detection, a single “one-off” sampling and analysis may 

indicate good quality (i.e. a lack of FIB), when, in reality the water quality is transient. In this 

scenario, a more persistent compound, such as acesulfame may be valuable.  

10.12.4 Artificial sweeteners: Conclusions 

The results indicate that acesulfame, as a tracer of wastewater contamination, is applicable to the 

DWWTS and private well scale. The isolated presence of cyclamate in a single well suggests that it 

is also potentially useful, albeit less so. The absence of saccharin and sucralose suggests they have 

limited use as a groundwater tracer. However, given that these four sweeteners are analysed for 

using the same analytical procedure (along with PPCPs and caffeine), any further research into 

acesulfame and cyclamate should also continue to analyse for saccharin and sucralose, 

particularly given that their presence would indicate an even stronger link to an impact from a 

DWWTS. In conclusion, research into artificial sweeteners and their presence in groundwater 

appears to be a promising direction for future research. In particular, research is required to 

examine the differences in persistence between FIB and the sweeteners, and how they could be 

used in parallel.  

The method developed Robertson et al. (2016), whereby acesulfame is used in combination with 

nitrogen to determine the contribution of wastewater to groundwater nitrogen contamination is 

not possible here, primarily due to the relatively small number of wells that tested positive for 

acesulfame overall. Furthermore, as discussed in Section 7.5, nitrate was found to be largely 

controlled by localised pathway components. This would be a potentially useful direction for 

future research.   

10.13 Contamination fingerprinting: Conclusions 

The evaluation of various contamination fingerprinting techniques has yielded mixed results. 

Simple ionic ratios (K/Na and Cl/Br) yielded interesting results. Elevated Cl/Br appear to be 

consistent with an impact from a DWWTS, while elevated K/Na ratios appear to be consistent 

with an impact from decaying organic matter, such as farmyard effluent. While neither method is 

absolutely conclusive in identifying a contaminant source, given the positive results and low cost 

of application, the method appears to have value. Further positive results were seen with respect 

to the sweetener acesulfame. Consistent with the literature, acesulfame was detected in several 
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wells, suggesting that it is conservative, and a useful tracer of DWWTS contamination. In contrast, 

faecal sterol profiling, FWC, carbamazepine and caffeine analysis yielded negative results, with 

apparent limited applicability to the private wells and DWWTSs in Ireland. While the 

pharmaceutical product sulfamethoxazole was detected in a single well, this provides little 

information as to its overall applicability as a contamination tracer. MST results using the 

Bacteroidales assays developed by Kildare et al. (2007) did yield positive results, albeit 

interpretation is difficult for several reasons.  

While negative results may appear to be of less value, they are, along with the positive results, 

also useful for focusing future efforts and research. In the following chapter, all results (routine 

monitoring and tracer data) are considered together to draw conclusions on the status of each of 

the monitoring wells (i.e. non-impacted or impacted and the likely contaminant source(s)). The 

results are then used to develop a tiered approach, or series of steps, outlining how this could be 

applied to other wells in the future. 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

318 
 

Chapter 11: Contamination fingerprinting: a tiered approach  

11.1 Introduction 

This chapter describes how the contamination fingerprinting techniques evaluated as part of this 

research may be applied to private wells in Ireland. First, each technique investigated (see 

Chapter 10) is briefly evaluated in terms of its performance, applicability to private wells and the 

resources required for its application. These factors, along with insights into contamination 

sources and pathways gained from the one-off site assessments and sampling (Chapters 6, 7, 8 

and 9) are then used to develop a conceptual tiered approach. This tiered approach creates a 

logical series of steps/procedures that can be applied to any well in order to identify the likely 

sources/pathways of contamination.  

11.2 Fingerprinting method performance 

A review and comparison of the performances of each fingerprinting methods evaluated during 

this research is presented in Figure 11.1. Method performance is assessed in terms of the results 

it yielded in this study, but also in terms of the resources required for its application. Resource 

inputs include the time, cost, analytical equipment and expertise required to carry out the 

analysis. These are important factors in determining how widely available the techniques will be.  

As illustrated in Figure 11.1, it was concluded that three methods/compounds (K/Na, Cl/Br and 

artificial sweeteners) performed adequately as tracers of private well contamination. Both K/Na 

and Cl/Br ratios were found to be useful for identifying impacts from decaying organic matter 

(farmyard runoff) and DWWTS, respectively (Sections 10.4 and 10.5). Artificial sweetener analysis 

also yielded positive results, indicating that acesulfame in particular behaves conservatively and is 

applicable at the domestic well scale. This is consistent with the literature pertaining to previous 

artificial sweetener research (Section 10.12).  

The resource inputs required for the application of these three methods varies considerably 

(Figure 11.1). The assessment of the ionic ratios is relatively simple and not resource intensive. 

Potassium, sodium and chloride are commonly analysed for during routine water quality analysis. 

Bromide analysis is somewhat of an exception. Bromide, on the other hand is not commonly 

analysed for during routine testing, but the analytical technique required is relatively simple and 

inexpensive compared to the other tracer techniques assessed. In contrast, artificial sweetener 

analysis requires costly and complex analytical techniques to be performed by a competent and 

skilled researcher (see Section 10.10).  
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Figure 11.1 Review of fingerprinting method/compound performance in terms of the resource 

costs associated with its application. 

It was found that four methods/compounds performed poorly, and hence were not suitable 

tracers of private well contamination. These were caffeine, faecal sterol profiles, microbial source 

tracking (MST) and fluorescent whitening compound (FWC) analysis. Again, the resource intensity 

varied between the methods.  

First with respect to caffeine, it was not detected in any wells. This is consistent with previous 

research that has shown its breakdown in the environment, and therefore it does not appear to 

be a suitable tracer in groundwater. The analytical procedure for the analysis of caffeine is the 

same as that required for the detection of artificial sweeteners, and hence it is resource intensive.  

With respect to the analysis of faecal sterols profiles, while sterols were detected, they were not 

found in high enough concentrations for the application of faecal sterol ratios and contamination 

source identification. Furthermore, the method requires the sampling and filtration of large 

quantities of water (20L were sampled in this current study and this was found to be insufficient) 

and involves time consuming extraction and analytical procedures.  

With respect to FWC, while the specific method evaluated here was relatively low cost and easy 

to execute, the results suggest that the method is not suitable for the detection of FWC in well 



 

320 
 

samples. Further research into the potential use of high-performance liquid chromatography 

(HPLC) to detect FWC in wells would be warranted. However, this would be much more resource 

costly.  

Conclusions regarding MST techniques are limited due to fewer wells being analysed. 

Nonetheless, the results showed that the assays developed by Kildare et al., (2007) can detect 

BacHum-UCD, BacBov-UCD and BacUni-UCD markers in private wells. The performance of these 

methodologies is, however, somewhat difficult to interpret (Section 10.7). Further work is clearly 

required to evaluate the applicability of these methods to private wells and how the results 

reflect contamination. Consequently, based on these results alone, the method performance was 

deemed to be low and resource intensive. It is important to note that this is based on these 

limited numbers of results; the method should not be discounted, particularly given the likely 

advancement in technology and the development of standardised procedures in the future. 

In contrast to the previously discussed methods, the performance of pharmaceutical compounds 

is less clear (see Figure 11.1). Although the literature suggests that the pharmaceutical 

compounds carbamazepine and sulfamethoxazole are relatively conservative, they were not 

detected at the same frequency as acesulfame. Carbamazepine was not detected in any wells, 

while sulfamethoxazole was detected only in a single well during the M13 event. As discussed in 

Section 10.10, this could be due to the smaller scale of DWWTS (compared to WWTS) and the 

lower likelihood of them receiving pharmaceutical compounds. This suggests that both 

compounds are less suited to the domestic well scale. However, given that sulfamethoxazole was 

detected (albeit just once) and its presence is indicative of a human impact, its potential use as a 

tracer should not be discredited. Further research would be warranted, particularly given the 

large number of PPCP compounds that could be investigated. 

Also included on Figure 11.1 is the use of a relatively simple site assessment. As discussed in 

Section 9.5, the site assessment was found to be particularly effective in predicting the 

susceptibility of a well to contamination. In contrast to the other methods, it is relatively resource 

inexpensive. 

11.3 Tiered approach 

In view of the variation in fingerprinting method performance and the resources required for their 

application, a tiered approach for utilising the potentially useful fingerprinting techniques is 

proposed. This tiered approach prioritises techniques and activities into a series of steps based on 

their performance and the resources required for their application. Each stage of the tiered 

approach has the potential to identify the sources/pathways associated with any observed 

contamination, hence potentially negating the need for the next more resource intensive step. 
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This tiered approach could be applied to any well in order to identify the associated water quality, 

its susceptibility to contamination, the likely sources of any contamination that are present and 

the remedial works required to protect the well against future contamination. The tiered 

approach consists of three distinct Stages: 1a, 1b and 2 (see Figure 11.2). 

The tiered approach begins with Stages 1a (a site assessment) and 1b (sampling and analysis). 

Ideally, both of these stages should be carried out at the same time, however, if a recent sampling 

and analysis has been performed, then stage 1a could be carried out on its own. With respect to 

Stage 1a, each site assessment should consist of both desk and site based investigations. Desk 

based analysis should record the hydrogeological conditions at the site including the bedrock, soil 

and subsoil type as well as the aquifer, groundwater vulnerability and likelihood of inadequate 

percolation classification. An on-site assessment (potentially similar to the one developed as part 

of this current research - see Appendix B3) should then be carried out. This assessment should 

consider all potential site-specific factors that could be associated with well contamination 

including well construction (e.g. depth, grouting, adequacy of wellhead completion), DWWTS 

properties (e.g. number of DWWTS in proximity to the well, age of the associated DWWTS, 

setback distance and gradient, maintenance record and indicators of performance) and any other 

potential sources of contamination (e.g. agricultural point/diffuse sources of contamination). 

Note this assessment must be performed by a competent individual. This person should have 

relevant training and knowledge with respect to Irish hydrogeology, well construction and 

contamination mechanisms.  

Stage 1b involves routine sampling and analysis. The well should, at a minimum, be tested for 

common water quality indicators (i.e. E. coli, total coliforms, conductivity, pH, nitrate, chloride, 

ammonium, potassium, sodium and bromide). As illustrated in Figure 11.2, although bromide is 

not ordinarily analysed during many routine analyses, based on the findings of this current 

research, it should be included. The analysis of other major and minor ions (i.e. calcium, sulphate, 

magnesium, iron and manganese) although less essential, would also be desirable given that they 

allow for the calculation of ion balance errors and further characterisation of the groundwater. 

The results from both 1a and 1b should then be carefully interpreted. The site assessment data 

should be assessed in combination with the water quality parameters (including the calculation of 

the ionic ratios) to identify the potential sources and pathway that could be giving rise to any 

contamination. Specifically, Cl/Br ratios and K/Na ratios should be assessed and compared to the 

specific ranges indicative of an impact (see Sections 10.4 and 10.5, respectively). For instance, if a 

well in proximity to a livestock farmyard is found to have an elevated K/Na ratio, it is likely that 

this is also the source of the microbial contamination. Similarly, if a well in proximity to a DWWTS 

has an elevated Cl/Br ratio, this would be indicative of human impact. Data analysis should also 
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consider correlations between other water quality parameters (as discussed in Chapter 9), as well 

as drawing comparisons with the NBLs for the respective lithology (as discussed in Chapter 7). 

 

 

Figure 11.2 Tiered approach for the application of contamination fingerprinting techniques. 

Upon completion of Stages 1a and 1b, if any remedial works are deemed necessary they should 

then be carried out. For instance, if a well is found to be contaminated with E. coli and the site 

assessment survey indicates that the well is uncapped, uncovered or lacking a concrete surface 

apron, the well should be capped, covered and fitted with a concrete surface apron. The well 

should then be disinfected and retested on several occasions afterwards to examine whether the 

contamination still persists. Similarly, if a well is found to be susceptible to contamination from a 

nearby agricultural point source and the sampling shows an elevated K/Na ratio, remedial works 
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should focus on protecting the well from the agricultural impact (i.e. through better point source 

management or infrastructural changes). Again, the well should then be disinfected and retested. 

Sampling before and after the remedial works have taken place has the potential to serve as 

diagnostic tool for identifying the contamination source. If contamination is no longer evident, it 

is possible that the well is now adequately protected and that Stages 1a and 1b correctly 

identified the sources/pathways of contamination. If the resampling shows that the well is still 

contaminated after the remedial works, another source of contamination may be likely. Note, 

even if rectifying the factors thought to be giving rise to the contamination does not improve the 

water quality, it would still have been worthwhile. Any factors identified as potentially increasing 

well susceptibility to contamination should be rectified as a precautionary step. However, if the 

well is still contaminated, the progression to the more resource-intensive stage two would be 

warranted, particularly if a DWWTS is a potential source. Note, if a well shows an elevated Cl/Br 

ratio during stage 1b, then progression to stage two would also be recommended.  

Stage two of the tiered approach involves the sampling and analysis of the well(s) for artificial 

sweeteners and pharmaceuticals. The presence of these compounds is highly suggestive of an 

impact from human wastewater given their specific anthropogenic origin, and hence steps to 

remediate the contamination can then be taken. If deemed necessary based on professional 

judgement, Stages 1a, 1b and 2 could also be carried out at the same time. Such instances may 

include where it is envisaged that several pollution sources are equally likely based on the site 

assessment. Performing all stages at once is a trade-off between rapidity of results and resource 

inputs required. 

Performing each task (1a, 1b and 2) in the order suggested by this tiered approach allows 

resources to be more efficiently allocated. Stages 1a and 1b are much less resource intensive, and 

should be performed for all wells anyway. In view of the fact that several wellhead variables were 

associated with E. coli P/A (see Chapter 8) and that the site survey was found to accurately predict 

well contamination in the majority of monitoring wells (see Section 9.5), it is likely that stages 1a 

and 1b (and the remedial works they suggest) would be able to improve the quality of a large 

proportion of wells, and lower their susceptibility to contamination. While Stages 1a and 1b seem 

intuitive, as outlined in Section 6.3, just 35% of wellheads assessed in this study were adequately 

finished, and hence improvements can obviously be made. If successful, Stages 1a and 1b would 

negate the need for the application of the more resource intensive stage two. It is possible that 

stage two would only be required in a small number of wells.  

Note, identifying a source based on Stages 1a, 1b and 2 must be done with care. While this 

current research has shown that a site-assessment, ionic ratios and artificial 
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sweetener/pharmaceutical analysis will in many cases identify likely sources and pathways of 

contamination, none of the methods can be entirely conclusive. There will likely be cases where a 

well tests positive for E. coli, while the site assessment and ionic ratios do not suggest a clear 

contaminant source or pathway. It is also possible that the site assessment may indicate a likely 

source and/or pathway of contamination, while the well is in fact being impacted by an 

alternative source. Additionally, it is also possible that a well may be impacted by more than one 

source or pathway. For instance, a well with an elevated Cl/Br ratio and a high concentration of 

acesulfame does not mean it that it is not impacted by an agricultural point source too. 

Note, at all stages in the tiered approach, temporal variation in well water quality (which was 

found in Section 9.4 to be significant) must be considered. As outlined, a one-off sample can be of 

limited use, particularly where the contamination source and/or pathways are seasonally 

dependent. Hence, frequent sampling would be recommended for all wells, and particularly when 

applying this tiered approach. Where a well has been shown to be contaminated, more regular 

sampling would be desirable. Where persistent contamination is identified and the tiered 

approach does not indicate an apparent source, regular monitoring (i.e. monthly for one year) 

would be advisable. This could potentially identify the contamination source and could be added 

as an optional “third stage” to the tiered approach. This would, however, be resource intensive.  

11.4 Tiered approach application 

As discussed, all wells should be subjected to Stages 1a and 1b of the tiered approach. In view of 

the variation between wells encountered during the one-off and monitoring site assessments (i.e. 

in terms of well construction, DWWTS properties and the presence of other contamination 

sources – see Chapter 6) coupled with the variation in well water quality (Chapter 7), each well 

will perform differently when assessed using the tiered approach. Using examples from the 24 

monitoring wells, the application of the tiered approach is illustrated below. A series of scenarios 

are presented illustrating where the tiered approach performs well, but also where its limitations 

are evident.  

While the tiered approach is applied below to a selection of wells, this obviously has been carried 

out retrospectively, but also, to an extent it has been done somewhat hypothetically, as none of 

the issues relating to the wells’ susceptibility were rectified. As discussed above, rectifying the 

factors that are associated with well contamination may help refine inferences regarding 

contamination sources/pathways.  

11.4.1 Scenario one 

Of the 24 monitoring wells from this research, several would have performed adequately in both 

a site assessment and one-off sampling (1a and 1b of the tiered approach). This includes all wells 
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classed in the green colour code category (i.e. site assessment and one-off sampling indicated low 

susceptibility). For these wells, the application of stage two would not be deemed to be necessary 

and hence resources could be focused on contaminated or susceptible wells. This is further 

justified by the fact none of the wells in the green colour code tested positive for artificial 

sweeteners or pharmaceuticals in the M11 and M13 monitoring events (see Section 10.12).  

While these wells were not contaminated, temporal variation must be considered, and hence 

stage 1b should be applied frequently thereafter.  

11.4.2 Scenario two 

In contrast to wells that were adequately protected and not contaminated, several of the 24 

monitoring wells performed poorly in stages 1a and/or 1b of the tiered approach. For instance, 

the site survey may have indicated high susceptibility to contamination and/or the sampling may 

have confirmed the well to be contaminated.   

As discussed, prior to deciding on whether stage two should be applied, any remedial works that 

are required (as indicated by 1a and 1b) should be carried out. The well should then be 

disinfected and re-tested on several occasions afterwards to assess whether the remedial works 

have rectified the contamination. Several of the monitoring wells illustrate where the remedial 

works may indeed prevent contamination, and hence negate the need for the application of the 

Stage 2 assessment. These include: 

BL25 

The site assessment (1a) suggested that this well is susceptible to contamination given the poor 

wellhead completion (see Figure 11.3). A potential impact from a DWWTS could also not be ruled 

out. The sampling (1b) indicated that it was indeed contaminated with E. coli, however, the ionic 

ratios did not have suggest a potential contamination source. In this instance, the wellhead should 

be adequately sealed (i.e. capped, covered and fitted with a concrete surface apron). The well 

should then be disinfected and retested on several occasions afterwards.  

BL44 

In a similar process to BL25, the site assessment (1a) indicated poor wellhead completion, while 

the one-off sampling (1b) identified the presence of E. coli. Similarly, remedial works should seal 

the wellhead so that it is capped, covered and fitted with a concrete surface apron (see Figure 

11.3), after which the well should be disinfected and retested on several occasions afterwards. 

For both wells, although this is an assumption, the application of Stage 2 is unlikely to be 

necessary. Given that the monitoring found the contamination of both wells to be sporadic and at 

low levels, coupled with the fact that the ionic ratios were within normal ranges, it is likely that 
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the contamination was the result of isolated ingress. This is supported by the fact that neither 

well tested positive for artificial sweeteners during the M11 or M13 events.  

It is likely therefore that the wellhead remediation would greatly reduce the well’s susceptibility 

to contamination and improve the long-term water quality. This would not be surprising given 

that the several wellhead variables were found to be related to E. coli presence (see Chapter 8) 

and that the site assessment data was survey was capable of predicting contamination in a large 

proportion of the monitoring wells.  

 
Figure 11.3 Poorly sealed and contaminated wells (BL25 and BL44) where remedial work is 
necessary.  

11.4.3 Scenario three 

In contrast to the above wells where remedial works may solve the contamination issues, there 

would almost certainly be wells where this remediation may not improve well water quality and 

the contamination may persist. In this instance, the application of the Stage 2 assessment may be 

necessary if a DWWTS is a potential source.   

CX43 

The site assessment (1a) indicated that the wellhead was inadequately sealed (see Figure 11.4) 

and that the position downgradient of several DWWTS means it is susceptible to contamination. 

The sampling (1b) showed the presence of E. coli indicating that the well is indeed contaminated. 

However, neither of the ionic ratios would suggest an impact. Given the poor wellhead finish, as 

performed in Section 11.4.2, prior to assessing whether Stage 2 is required, remedial work should 

focus on adequately sealing it to prevent direct ingress. The well should then be disinfected and 

resampled on several occasions after. 

It is likely however, that after these remedial works are carried out that contamination would 

reappear. As illustrated in Section 10.10, CX43 tested positive for sulfamethoxazole during the 
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M11 event and tested positive for acesulfame in both the M11 and M13 events. If indeed 

contamination did reoccur, then Stage 2 would need to have been applied, which would have 

resulted in the detection of the artificial sweeteners and pharmaceuticals. This would be a strong 

indication that the well is being impacted by a nearby DWWTS. Work should then focus on the 

DWWTS performance to ensure it is adequately protecting the groundwater.  

CL30 

The site assessment indicated that the wellhead was poorly sealed (a potential pathway – see 

Figure 11.4) while it is also on gradient and in proximity to the DWWTS (a potential source). 

Although the well only tested positive for E. coli on one occasion, it consistently tested positive for 

total coliforms in exceptionally high numbers. Given the poor wellhead completion, the tiered 

approach would suggest remedial works to cover, cap and appropriately seal the well.  

Again it is likely that contamination would have reoccurred given the fact that CL30 tested 

positive for acesulfame in M11 and acesulfame and cyclamate in M13. This again would have 

justified the application of Stage 2. As there is a likely impact from the DWWTS, remedial work 

should again focus on improving its performance. 

      
Figure 11.4 Poorly sealed wellheads (CX43 and CL30) with potential for the direct ingress of 

contaminants. 

The findings from CX43 and CL30 illustrate several points raised in Section 10.3. First, it illustrates 

that remedial actions carried out based on recommendations of the site survey may not 

necessarily prevent future contamination. However, this does not mean that such remedial 

actions would be unnecessary or a waste of resources; for example, wellhead completion should 

be carried out anyway as it would reduce the likelihood of direct ingress in the future. 

Furthermore, by performing the work in this order, if contamination occurs again, then direct 

ingress can be ruled out as a possible pathway. The contamination would now be more suggestive 
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of contamination from a source such as a DWWTS (which can then be investigated/confirmed 

using Stage 2).  

Secondly, CX43 and CX30 illustrate where disparity can exist between tracers. Neither well had an 

elevated Cl/Br ratio despite testing positive for acesulfame. These wells highlight how it should be 

considered low-cost screening tool and not a conclusive technique.  

11.4.4 Scenario four 

For the wells where the Cl/Br ratio (from Stage 1b) indicates an impact from a DWWTS, Stage 2 

should be applied immediately. Examples include: 

KX29 

The site assessment indicated that there are several factors (both sources and pathways) 

increasing the well’s susceptibility to contamination. With respect to potential contamination 

pathways it is uncapped and situated in an area of extreme groundwater vulnerability with a 

karstified bedrock aquifer. Furthermore, it is on gradient with the DWWTS and in proximity to a 

large poultry coup, both of which are potential point sources of contamination. Sampling indeed 

justified the high susceptibility rating suggested by the site assessment as it was contaminated 

with E. coli. Additionally, both the K/Na and Cl/Br ratios indicated an impact from decaying 

organic matter (potentially the chicken coup) and a DWWTS, respectively. In this instance, given 

the apparent gross contamination and the indication of contamination from a DWWTS (elevated 

Cl/Br ratio), the application of Stage 2 would be recommended. Indeed, KX29 had the highest 

concentrations of acesulfame of all the wells in both the M11 and M13 event. This is highly 

suggestive of an impact from the nearby DWWTS. For this well, immediate steps would be 

recommended to protect the well from both sources of contamination.  

KX13 

Sampling (1a) indicated the presence of E. coli in KX13. The site survey (1b) suggested that the 

well is highly susceptible to direct ingress from the nearby animal drinking trough (see Figure 

11.5). However, the ionic ratio analysis shows that the well has an elevated Cl/Br ratio for the 

M13 monitoring event. As a DWWTS is in relative proximity to the well, the application of stage 

two would be warranted.  

KX13 did indeed test positive for acesulfame during the M13 event, suggesting that there is a 

potential impact from the DWWTS. Note, this does not rule out an impact from the nearby 

drinking trough. Hence, remedial actions should focus on the wellhead, the relocation of the 

drinking trough, and the performance of the DWWTS.  
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Figure 11.5 Poorly sealed KX13 wellhead downgradient of an animal water trough. 

11.4.5 Scenario five  

While wells that show an elevated Cl/Br ratio warrant the application of Stage 2, wells found to 

have an elevated K/Na ratio may not. As an elevated K/Na ratio indicates an impact from decaying 

organic matter, remedial works should first be carried out to rectify the impact from the decaying 

organic matter (as well as any wellhead features that may be increasing well susceptibility). The 

well should then be disinfected and resampled.  

CX52 

The site assessment (1a) indicated that the well is highly susceptible to contamination due to the 

poor wellhead completion and the proximity to the farmyard (see Figure 11.6). A DWWTS impact 

could also not be ruled out. The sampling then confirmed contamination, while the K/Na ratio 

indicated an impact from the farmyard. Both stages would therefore recommend that the 

wellhead needs to be rectified, as well as identifying and then preventing the specific agricultural 

sources giving rise to the elevated K/Na value (and potentially the E. coli occurrence).  

The advancement to Stage 2 would not be recommended until these issues have been resolved. If 

well water quality improves, then regular monitoring would be recommended to ensure it is 

sustained. However, if it is still contaminated, either remedial works were unsuccessful or the well 

is potentially impacted by a DWWTS. Either way, Stage 2 should be carried out. Notably, CX52 did 

test positive for acesulfame during M11 and M13. This would suggest that a DWWTS may be 

impacting on the well.  

This situation highlights where multiple sources are likely impacting on the well. While Stages 1a 

and 1b may have erroneously suggested that Stage 2 was not required, the tiered approach still 
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came to the correct conclusion, while also remediating aspects that were increasing the well’s 

susceptibility to contamination.  

CL2 

Stages 1a and 1b indicated that this well is impacted by the nearby farmyard due to the presence 

of E. coli, the elevated K/Na ratio, the proximity to the point agricultural source, the nature of the 

dug well construction, its poorly sealed wellhead and the visible ingress of surface runoff (see 

Figure 11.6). In view of these results, the assessment of artificial sweeteners and pharmaceuticals 

would not have been performed. Instead, remedial works would have been recommended. These 

would include proper completion of the wellhead to prevent direct ingress as well as the 

improved management of the runoff from the farmyard. The well should then be disinfected, and 

resampled repeatedly.  

However, this well did test positive for acesulfame. This was not anticipated given the well is not 

close to a working DWWTS. A discussed in Figure 9.4, the house and associated DWWTS is 40 m 

down gradient of the well, however, this has not been occupied for approximately 8 years. The 

source of the acesulfame, although suggestive of a DWWTS impact, is therefore unclear. It could 

potentially be due to the presence of acesulfame in animal feed or other agricultural products. As 

discussed in Section 10.12, Buerge et al. (2011) detected saccharin in pig feed and pig manure. 

While pigs were not present on the farm in proximity to CL2, as presented in Section 7.5.1, the 

highest density of pig farming in Ireland is found in County Cavan (in which SA4 is situated) 

(Teagasc, 2008). 

While the presence of acesulfame is surprising, the conclusion drawn by Stages 1a and 1b of the 

tiered approach (i.e. that the well is impacted by the farmyard) appears correct and would have 

triggered worthwhile remedial works. This well does however illustrate where tracers can 

contradict one another and that further research is required.  

 
Figure 11.6 Poorly sealed wells (CX52 and CL2) that are likely impacted by a nearby farmyard. 
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11.5.6 Scenario six 

There will be cases where the tiered approach is not capable of identifying the sources/pathways 

of contamination.  

KX10 

Considerable disparity is apparent between the different aspects of the tiered approach when it is 

applied to KX10. The site assessment indicated that it is not susceptible to contamination, hence 

no remedial works based on this alone would be recommended. However, the sampling 

consistently showed exceptionally high levels of E. coli. The K/Na ratio was not elevated; however, 

the Cl/Br ratio was characteristic of a human impact in both the M11 and M13 events. Hence, 

Stage 2 would be applied under the tiered approach. The well, however, did not test positive for 

any artificial sweetener of pharmaceuticals, which would be expected if a DWWTS was the 

source. 

One possible explanation is that acesulfame is not consumed by the householders, and hence it 

would not be a reliable tracer here. Analysis of the DWWTS effluent would be required to assess 

this. As discussed in Section 10.12, little is known about the occurrence of acesulfame in the Irish 

wastewater, surface water and groundwater. Further research into its occurrence in each of these 

would be required to assess its performance as a tracer. Another possible explanation is that the 

contamination is originating from a source other than a typical agricultural point source or a 

DWWTS. It is possible that this source has a Cl/Br ratio similar to that of DWWTS. However, the 

site assessment did not note any such sources in proximity to the well. Although an immediate 

source is not apparent, a more distant source could not be ruled out, particularly given the unique 

nature of groundwater flow in karstic bedrock aquifers, in which the well is located.  

Nevertheless, the tiered approach has not been able to identify the source/pathway. However, 

KX10 does appear to be somewhat of an extreme case. As illustrated in Section 9.3.3, the 

hydrochemical results were uncharacteristic even when compared to other grossly contaminated 

wells. It is obvious that it is being greatly impacted, but identifying the source in this case would 

require a specifically tailored approach.  

11.5 Conclusions 

This research has shown that there is considerable variation in the performance of the 

fingerprinting methods examined. Furthermore, of the fingerprinting methods that appear to be 

applicable to private wells, the resources required for their application varies greatly. Hence, it is 

proposed here that the application of these methods to private wells should be carried out in a 

tiered fashion, whereby the process starts with the less resource intensive tasks and proceeds to 
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the more resource intensive methods if deemed necessary. In view of the results of this research, 

it is likely that the preliminary stages of the tiered approach (a site assessment and sampling) will 

be able to identify potential sources and pathways of contamination, and, in turn, guide remedial 

works that will be able to rectify contamination issues in many wells. This would negate the need 

for the application of the more resource costly fingerprinting methods. However, where these 

stages are unable to rectify well contamination, or where the source of contamination is 

suspected to be a DWWTS, the more resource intensive (artificial sweetener and pharmaceutical) 

analysis can be performed to gain further insight. 

While the proposed tiered approach cannot guarantee that a particular source is impacting on a 

well, or indeed that it is not, it does provide a useful framework for identifying well susceptibility 

to contamination and remedial procedures that should be performed in order to ensure it is 

adequately protected. Its application would be worthwhile and no doubt holds potential for 

protecting consumer health.  

It must be noted that this conceptual tiered approach was developed based on the findings of this 

current research. With further investigation into the use of other compounds as tracers (e.g. 

other EOCs) as well as the advancement of technology and other tracer techniques (e.g. MST), this 

approach could be refined or expanded to include more stages.  
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Chapter 12: Summary and Conclusions 

12.1 Introduction 

Through a combination of householder engagement, onsite assessments, well sampling and 

extensive laboratory and statistical analysis this doctoral thesis has investigated private wells in 

Ireland, their water quality and the factors that give rise to their contamination. Furthermore, by 

evaluating a range of contamination fingerprinting techniques that have previously never been 

assessed in Ireland, this research has developed a proposed framework of methods for identifying 

the sources of well contamination. The research has succeeded in not only making original 

contributions to knowledge, but also in providing direction and foundation for future research. 

The following sections discuss the key findings of this research and how it has achieved the four 

objectives set out in Section 1.2.  

12.2 Private wells and contamination 

As the contamination of drinking water by faecal microorganisms poses a serious risk to human 

health, it is imperative that all wells are adequately sited, designed, constructed and maintained. 

However, the 212 site assessments conducted as part of this research have shown that the 

standard of wells in Ireland (and hence their susceptibility to contamination) is highly variable.  

This research has demonstrated that just 35% of the wells assessed were adequately finished and 

sealed, as defined by where the liner extends above the ground surface, is capped, covered and 

surrounded by a concrete surface apron,. A considerable proportion of wells were therefore 

found to be inadequately sealed leaving them potentially vulnerable to contamination via the 

direct ingress of contaminants. In view of the fact that nearly all wells are also in proximity to 

potential sources of faecal contamination (91 % were close to at least one DWWTS, while 26 % 

were in proximity to a potential point source of agricultural contamination) it is evident that there 

is significant scope for improvement in the standard of the construction of private wells in Ireland, 

which at present is largely unregulated.  

Subsequent sampling showed that a proportion of wells in each of the study areas were indeed 

contaminated with E. coli (16 % in SA1; 17 % in SA2; 10 % in SA3 and 16 % in SA4). Through 

extensive statistical analysis (bivariate tests and multiple logistic regression) of the water quality 

and site assessment data, this research has been able to identify source and pathway components 

associated with (and indeed not associated with) the observed well contamination. 

Several site-specific factors were found to be associated with incidences of E. coli contamination. 

Bivariate tests and the development of a multiple logistic regression (MLR) model demonstrated 
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that poor wellhead completion, coupled with proximity to a potential point source of agricultural 

contamination, significantly increases the likelihood of microbial contamination. Specifically, the 

MLR illustrated that wells that were not fitted with a cap and in proximity to a potential point 

source of agricultural contamination were 3.5 and 6.1 times more likely to test positive for E. coli, 

respectively. This suggests that agricultural point sources, such as farmyards, are the source of a 

considerable proportion of private well contamination and that the ingress via poorly sealed 

wellheads is a prominent contamination pathway. As limitations were apparent in previous 

private well MLR models developed in Ireland by Hynds et al. (2012) and O’Dwyer et al. (2014), 

the findings of this current MLR have furthered our understanding of well contamination.    

This research has also illustrated how well susceptibility to contamination depends on the well 

design (i.e. dug vs bored). In SA4 (which contained 81% of the dug wells included in this study), 

dug wells were seven times more likely to be contaminated with E. coli than bored wells. This was 

also apparent with respect to nitrate, where 85% of the dug wells in SA4 had quantifiable 

concentrations of nitrate compared to just 16% of boreholes. This greater susceptibility in dug 

wells highlights how a well can act as both contamination pathway and receptor.  

Although the study sites were selected based on their distinct geological settings, the proportion 

of wells that tested positive for E. coli did not differ significantly between the four areas. 

Correspondingly, no geological variables were found to be statistically significantly related to E. 

coli by bivariate or MLR analysis. Although this does not discount geological variables as being key 

factors in controlling private well susceptibility to contamination, it does suggest that certain 

other site-specific factors (i.e. wellhead finish) are more prominent controls. 

It was also notable that there was a lack of any statistically significant associations between 

private well contamination and any of the DWWTS variables recorded by the site assessment 

(DWWTS age, type, setback distance, gradient etc.). While this does not rule out DWWTS as 

sources of private well contamination, as concluded with respect to geology, it does suggest again 

that other site-specific factors are more prominently related to contamination.  

Whereas hydrogeological setting was found not to be statistically associated with microbial 

contamination, several hydrogeological variables were found to be significantly related to 

groundwater nitrate concentrations. Measured nitrate concentrations during the one-off 

sampling varied considerably between the four areas. Concentrations were higher in SA1 in and 

SA3 (extreme groundwater vulnerability sites), with several wells exceeding the EU MAC of 11.3 

mg/l NO3-N (98/83/EC). In contrast, in SA2 and SA4 (high likelihood of inadequate percolation 

sites) the majority of wells had nitrate concentrations below the analytical lower limit of 

quantification.  Consequently, there were clear associations between measured nitrate 
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concentrations and topsoil, subsoil and aquifer type, as well as groundwater vulnerability and 

likelihood of inadequate percolation classes. Significantly higher nitrate concentrations were 

found in areas of well drained topsoil, areas with an X/E groundwater vulnerability rating (and 

hence with a shallow depth of subsoil), areas with a moderate/low likelihood of inadequate 

percolation and in areas underlain by aquifers classed as LI or Rkd. In contrast, with the exception 

of SA1, there was an overall absence of significant associations between nitrate and potential 

nitrate source components (both in relation to agriculture and DWWTs). These results suggest 

that, in general, pathway components are more important than source components in controlling 

groundwater nitrate concentrations. These findings are consistent with previous findings by Tedd 

et al. (2014).  

While nitrate and faecal indicator bacteria are the most commonly used indicators of 

groundwater quality and contamination, consideration of other hydrochemical parameters is 

worthwhile. This research has demonstrated how trilinear plots and comparisons with established 

natural background levels (NBL) are useful tools for identifying not only natural hydrochemical 

facies, but also for identifying deviations from NBL that may be a result of anthropogenic impacts. 

Although limitations are evident in the use of NBL (namely the limited number of monitoring 

points on which NBLs are based and, in particular, the lack of data distinguishing between 

confined and unconfined conditions), this preliminary investigation has shown promise.  

The subsequent monthly monitoring of 24 specially selected wells over a 14-month period 

identified significant temporal variation in well water quality. For instance, while 37% of the 

monitoring wells tested positive for E. coli in September, just 17% tested positive in the following 

month. Overall, 58% of the wells tested positive on at least one occasion over the 14-month 

sampling period. This highlights the caution with which a one-off sample must be treated. As 

discussed in Chapter 9, based on these results, frequent sampling would be recommended to 

accurately assess the well water quality.  

This temporal variation does, however, illustrate the potential value of the site assessment. As 

detailed in Section 9.5, the site assessment was found to accurately predict susceptibility to 

contamination and long term-water quality in the majority of wells. Wells deemed to be highly 

susceptible were indeed found to be persistently contaminated, whereas wells classed as being 

adequately sealed, sited and protected were found to have consistently good water quality. There 

were wells where the site assessment indicated high susceptibility to contamination while the 

one-off sample indicated that no contamination was present. However, in many of these cases 

the long-term monitoring did identify contamination, justifying the high susceptibility rating based 

on the site assessment.  
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12.3 Contamination fingerprinting 

The contamination fingerprinting techniques applied and evaluated during this study include: 

ionic ratios (K/Na and Cl/Br), library-independent microbial source tracking (MST), faecal sterol 

profile analysis, as well as the analysis of a range of emerging organic contaminants of specific 

anthropogenic origin (including fluorescent whitening compounds (FWC), caffeine, artificial 

sweeteners and pharmaceuticals). As reviewed in Section 11.2, the performance of each 

technique as well as the resources (and hence costs) required for their application varied 

considerably.  

It was found that three methods/compounds (K/Na, Cl/Br and acesulfame) performed adequately 

as tracers of well contamination. Both K/Na and Cl/Br ionic ratio techniques showed potential in 

identifying impacts from decaying organic matter (such as farmyard waste) and DWWTS, 

respectively. The ratio signatures associated with these potential sources of faecal contamination 

are distinct from natural uncontaminated groundwater. Consequently, any significant deviations 

from the expected natural ranges ordinarily associated with uncontaminated groundwater can be 

used as a diagnostic tool for identifying impacts and hence, the sources of contamination. Given 

that an elevated K/Na ratio may indicate an organic agricultural impact and an elevated Cl/Br ratio 

may indicate a DWWTS impact, using both ratios in parallel may be a useful preliminary 

fingerprinting technique. While neither method can attribute contamination to a particular source 

type with complete certainty, the relative low cost of assessing ionic ratios, means that these 

methods potentially provide a low-cost screening tool. 

With respect to artificial sweeteners, previous research has illustrated that significant variation 

exists between the various sweetener compounds in terms of their persistence during 

wastewater treatment and in the subsurface. The apparent ubiquitous use of the sweetener 

acesulfame, coupled with its highly conservative nature has led to previous research concluding 

that it is “an almost ideal tracer” for detecting wastewater impacts on groundwater (Buerge et al., 

2009; Van Stempvoort et al., 2011a; Robertson et al., 2013). However, other sweetener 

compounds (sucralose, saccharin and cyclamate) have been shown to be less conservative, with 

significant degradation apparent. The results from the 24 monitoring wells in this study are closely 

consistent with this previous research. Acesulfame was detected in several faecal contaminated 

monitoring wells, and hence it appears to show significant potential as an indicator of an impact 

from a DWWTS. The isolated presence of cyclamate in a single well suggests that it is also 

potentially useful, albeit probably less so than acesulfame. The absence of saccharin and 

sucralose suggest they have limited use as a groundwater tracer. 
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Although several pharmaceutical compounds have also been found in previous studies to behave 

conservatively during wastewater treatment and in the environment, they appear to have a 

somewhat restricted potential in private well studies. Carbamazepine was not detected in any 

wells, while sulfamethoxazole was detected in a single well sample. This limited success is 

potentially due to the small rural domestic scale at which this research has been conducted. Given 

that a relatively small proportion of society is likely to use carbamazepine (or other 

pharmaceuticals), it would only be a potentially viable tracer in a small number of houses. 

Nonetheless, given the detection of sulfamethoxazole, it may be useful in certain scenarios.  

Several of the evaluated methods/compounds (caffeine, FWC, faecal sterol profiles, MST analysis) 

did not perform adequately as tracers. Notably, neither caffeine nor FWC were detected in any 

wells. The non-detection of caffeine was unsurprising given that previous research, both 

internationally and in Ireland, has identified its non-conservative behaviour in the environment. 

With respect to FWC, although it was not detected in any wells, it should be noted that this was 

based on the use of a low-cost photodecay method. Further research into the potential use of 

high-performance liquid chromatography (HPLC) to detect FWC in wells would be warranted. 

Nonetheless, based on this research, neither caffeine nor FWC appears to be a suitable tracer.   

Faecal sterol profile analysis also yielded limited results. Although sterols were detected and 

quantified, these were not in the concentrations required to identify their origin. This is 

potentially due to the hydrophobic nature of faecal sterols and stanols, which means they easily 

adsorb onto particulate phases of wastewater, sediments, and soils during the passage from the 

surface to subsurface environment.  

While library independent MST assays employed here (based on Kildare et al., 2007) did detect 

bovine and human specific genetic material, the results are difficult to interpret (see Section 

10.7). Previous research has illustrated that standardised procedures and further method 

assessment would be required to reliably assess the technique. However, given likely 

advancements in technology as well as the development of new assays, this work could be of 

huge potential value and would be warranted.  

12.4 Tiered approach 

As this research has illustrated considerable variation in fingerprinting method performance and 

the resources required for their application, a tiered approach for utilising the potentially useful 

fingerprinting techniques was developed. This tiered approach provides a logical structure of 

steps that could be applied to any private well in Ireland (and potentially internationally) in order 

to identify well water quality and the source(s) of any contamination that is present. The 

approach starts by using the less resource intensive tracer techniques (K/Na and Cl/Br ratios) on a 
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well water sample in combination with a rigorous site assessment. If these procedures are 

deemed unsuccessful (i.e. they don’t indicate a clear source or if the remedial works they 

recommend do not rectify the contamination) then the more resource intensive second stage in 

the tiered approach is applied whereby the well is tested for artificial sweeteners. As the site 

assessment and ionic ratios were found to accurately assess susceptibility to contamination in a 

considerable number of wells, it is likely that the first stage in the tiered approach will be able to 

identify the likely sources and pathways of observed contamination. If remedial work based on 

the findings of stage one is successful in improving well quality and preventing future 

contamination, then the application of stage two would not be necessary.  

This tiered approach provides a logical and efficient framework that could be utilised to improve 

the quality of wells. As this research has indicated that a significant number of private wells are at 

least intermittently contaminated and that there is significant scope for improvement, the 

application of the tiered approach across Ireland is both recommended and necessary.  

12.5 Recommendations for future research 

1. Larger scale sampling studies: in view of the fact that statistical analyses (and hence, the 

inferences that can be formed based on their findings) are greatly influenced by sample sizes, 

larger scale private well sampling studies would be warranted. In addition to including a 

greater number of wells, given the heterogeneous nature of the Irish landscape, such a study 

should also encompass a wider range of hydrogeological settings. The findings would provide 

greater insights into the issues raised by this research and potentially further elucidate the 

source and pathway factors that give rise to well contamination. 

2. Research and results collaboration: while future large scale private research would be 

warranted, a collaboration of results from the previous sampling studies would be worthwhile 

and a less resource intensive exercise. Several sampling studies preceded this current 

research, including those by Hynds et al. (2012), O’Dwyer et al. (2014) (and many more). 

Amalgamating data would provide a larger sample size distributed over a more diverse range 

of hydrogeological settings.  

3. Remedial works: this research suggests that private well contamination in Ireland is 

associated with several site-specific factors, including poor wellhead completion works and 

the presence/absence of point sources of agricultural contamination. These findings suggest 

that the contamination in a considerable proportion of wells could be prevented by simple 

remedial works. Further research into assessing the efficacy of such remedial works in 

preventing contamination may produce some interesting insights. 
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4. Further development of NBLs: as outlined in Section 7.4, NBLs are a potentially useful 

comparative tool for assessing anthropogenic impacts on groundwater. The further 

development of NBLs established by Tedd et al. (2017) would be useful. Such work should 

focus on identifying a greater number of monitoring points (on which the NBLs are based) as 

well as more comprehensive information regarding confined/unconfined aquifer conditions.  

5. Ionic ratio refinement: further investigations into the application of ionic ratios should be 

carried out. This research should focus on assessing the ability of K/Na and Cl/Br ratios to 

indicate an impact from decaying organic matter (farmyard waste) and DWWTS, respectively. 

This work should further assess the ratio signatures that are characteristic of each source and 

refine the ranges that are indicative of an impact if found in a private well. 

6. MST analysis: this research has indicated that library independent MST methods, and 

specifically the assays developed by Kildare et al. (2007) are potentially suitable for private 

well studies. However, further work is required to assess the applicability of other assays and 

to develop a standardised methodology for their analysis and application to groundwater 

research. 

7. Artificial sweetener analysis: artificial sweeteners (particularly acesulfame) have shown 

potential as tracers of DWWTS contamination. Further research would be recommended 

focusing on the occurrence of sweeteners in Irish DWWTS effluent, their persistence in the 

environment and their occurrence in private wells. 

8. EOC analysis: this research investigated only a select number of EOCs as potential tracers of 

DWWTS contamination. Given the substantial number of EOCs currently in everyday usage, 

there is considerable scope for further research to assess other potential tracers of 

anthropogenic impacts.  

9. Refinement of a tiered approach: these previous suggestions for future research would no 

doubt yield findings that could be used to refine the tiered approach developed as part of this 

current research. The tiered approach in turn would be better equipped to identify sources of 

private well contamination, guide remedial works and hence protect consumer health.   
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Appendix B1 

 

 

Catchment 1 
Catchment 2 

(SA2) * 
Catchment 3 

(SA4) * 
Catchment 4 

Low subsoil permeability -0.5 1 1 1 

DWWTS close to river 1 1 1 1 

Soil type -1 1 1 1 

High density of DWWTS 1 1 1 1 

Subsoil type 1 1 1 1 

<3 hr drive from Dublin 1 1 1 1 

Permission from landowners 1 1 1 1 

Catchment size 1 1 1 1 

Previously studied catchment 0 0 0 0 

Aquifer category 1 -1 1 1 

Q value of river 0 0 0 0 

Bedrock type 1 1 1 1 

High density of private wells 1 0.5 0.5 0.5 

Low GW vulnerability class 1 1 0.5 0.5 

MRP concentration in river 0 0 0 0 

WFD risk score 0 0 0 0 

WFD River Status 2007-2009 0 0 0 0 

Total 8.5 9.5 11 11 

*selected for the groundwater aspect of the research 
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Appendix B2 

 

 

 

Dear Householder, 

 

As part of a new PhD research project based in the Department of Civil, Structural and 

Environmental Engineering of Trinity College Dublin, I am conducting research in the area 

with regards to drinking water quality. 

Specifically, I aim to sample private groundwater wells, with the subsequent samples to 

be analysed for a range of chemical and microbiological parameters. The sampling itself is 

straightforward and can be taken from a cold-water tap fed directly from the 

borehole/well. In addition, I aim to collect some information on the borehole and the 

surrounding area to assist in interpreting the water quality results. 

Participating households will receive a free copy of the results as well as free advice 

regarding the well water quality. It should be noted that this research is strictly for 

academic purposes only, with the results to be kept strictly anonymous. 

If you have any queries regarding any aspect of the research, please do not hesitate to get 

in contact. 

 

Many thanks. 

 

 

Chris Fennell (B.A Mod)                       
PhD Student,  
Department of Civil, Structural and Environmental Engineering,  
Trinity College Dublin,  
Dublin 2. 
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Appendix B3 

 

 

Well & Site Assessment 

Study Area  

Well Code  

Survey Date  

Sample Collection Date  

 

Site Contact Details 

Household Name  

Site Address (See Map)  

Contact Phone Number  

Contact Email  

Grid Reference  

 

Desk Based Analysis 

Bedrock  

Topsoil  

Subsoil  

Aquifer Category  

Vulnerability Category  

Likelihood of Inadequate Percolation  

Comments 
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General Site Details 

Slope 

Steep  

(>1:5) 

Shallow 

(1:5-1:20) 

Flat 

(<1:20) 

   

Site Boundaries  

On Site Ground Conditions  

Comments 

 

Well Details 

Household Water Supply 

Private 
GWS 

Well 
(Bored) 

Well 
(Dug) 

Other 

    

Well Location (See Map)  

Well Grid Reference  

Well Age  

Well Depth  

Well Dimensions  

Construction Materials  

Drilling Company  

Borehole Report Available From 
Householder? 

 

No. House(s) Supplied 
1 2 3 Other 

    

No. of Residents Supplied 
House 1 House 2 House 3 Other 

    

Others Supplied e.g. farm buildings, other 
farm uses etc. 

 

Outdoor Tap Available  

Fitted with any treatment system e.g. UV 
filters etc.? 

 

Source Available Without Treatment?  

Past/Present Water Quality Problem e.g. 
taste, colour, odour etc.  

 

Previous Testing? Yes No 
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Results Available? 
Yes No 

  

Comments 

 

Well Head Assessment 

Secure Boundary Yes / No Radius: 

Well Liner Head Above/Below Ground Level  

Well Cover e.g. pump house/manhole Yes / No 
Details: 

Above/Below ground level 

Well Cap Yes / No Material: 

Concrete Surface Pad Yes / No Radius: 

Ground Cond. Within 10m of Well   

Comments 

 

Land Use Surrounding Well (100m radius) 

% Agriculture  
Arable Pastoral Other 

   

% Farm Building/Infrastructures  

% Residential Property  

% Roads  

% Other  

Number of Other Wells  

Comments 
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DWWTS Details (100m radius) 

DWWTS 
Number 

Type of 
DWWTS 

DWWTS 
Proximity 

to Well 
(m) 

Perc. 
Area 

Proximity 
to Well 

(M) 

Pe Age 

Evidence of 
malfunction 

(e.g. 
ponding) 

Slope with 
regards to 

well 

1 

       

2 

       

3 

       

4 

       

5 
 

       

6 
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SA1 Well Location & Likelihood of Inadequate Percolation 
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Appendix C2 
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Appendix D1 

 

Temperature 
°C 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 12.93 12.9 1.07 11 15.2 11.2 15 

SA2 11.39 11.7 1.08 8.3 12.8 8.64 12.4 

SA3 9.43 9.4 1.33 6.9 11.7 7.09 11.03 

SA4 8.53 8.8 1.82 4.6 13.3 6 10.87 

 

Conductivity   
µS/cm 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 306 245 242 130 1760 137 620 

SA2 502 412 197 227 992 259.5 806.3 

SA3 706 699 164 261 1302 518.5 911.9 

SA4 520 527 194 126 994 153.3 856.8 

 

pH 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 6.29 6.17 0.43 5.5 7.55 5.68 7.17 

SA2 7.27 7.3 0.32 6.45 8.01 6.57 7.71 

SA3 7.13 7.1 0.19 6.63 7.58 6.87 7.42 

SA4 7.16 7.3 0.53 5.71 8.02 5.94 7.63 

 

Alkalinity 
(mg/l 

CaCO3) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 32.3 24 22.06 8 110 10 80 

SA2 201.72 192 100.9 38 422 62.4 330 

SA3 315.58 314 68.12 102 478 240.1 408.4 

SA4 206.04 215 96 8 494 35.4 351.4 

 

Nitrate 
(mg/l-N) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 7.88 7.7 3.6 0.1 20.5 2.8 13.20 

SA2 0.86 0 1.53 <0.1 4.6 0 4 

SA3 3.69 3.85 3.29 <0.1 15.3 0 8.56 

SA4 1.99 <0.1 4.12 <0.1 18.1 0 9.67 

 

Chloride 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 19.8 19 7.87 9 57 10 29 

SA2 30.26 26 10.81 17 62 20 55.85 

SA3 20.38 14 22.44 9 135 9 41.2 

SA4 14.83 13 7.3 2.1 37 6.91 29.8 

 

Ammonium 
(mg/l) 

 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 0.01 <0.05 0.02 <0.05 0.08 0 0.06 

SA2 0.1 <0.05 0.37 <0.05 2.34 0 0.48 

SA3 0.01 <0.05 0.03 <0.05 0.17 0 0.01 

SA4 0.08 0.06 0.04 0.05 0.14 0 0.06 
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Sulphate 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 11.38 11.3 5.57 1.7 34.4 3.2 18.2 

SA2 15.62 15.3 7.48 1.9 37.5 5.91 27.48 

SA3 15.99 13.55 10.25 3 66.1 7.06 27.52 

SA4 29.04 21.85 29.61 5.4 208.2 7.94 52.17 

 

Sodium 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 14.43 13.42 7.13 8.96 66.01 10.51 18.08 

SA2 36.76 33.01 17.43 16.61 86.08 18.45 72.18 

SA3 12.34 10.28 8.25 6.91 49.02 7.03 23.82 

SA4 18.25 18.7 7.9 5.6 38.7 6.71 31.66 

 

Potassium 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 1.04 0.8158 0.57 0.23 3.41 0.61 2.06 

SA2 2.61 2.41 1 0.98 4.99 1.42 4.77 

SA3 3.87 1.58 7.7 0.77 47.33 0.8 9.92 

SA4 4.26 2.31 6.17 0.36 32.9 1.01 12.46 

 

Calcium 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 13.27 11.27 7.12 0.3 38.54 5.98 24.75 

SA2 44.6 32.82 23.76 13.77 86.46 18.32 80.66 

SA3 98.3 107.16 26.3 12.08 134.8 59.76 131.69 

SA4 67.32 64.8 33.44 6.64 148.62 13.11 122.39 

 

Magnesium 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 8.16 7.91415 2.27 2.88 15.52 4.63 11.65 

SA2 15.25 10.55 9.54 4.31 38.85 5.02 34.38 

SA3 16.04 13.67 10.44 2.93 38.72 5.14 37.75 

SA4 15.05 14.07 8.72 3.08 48.12 3.35 28.11 

 

Iron 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 0.03 <0.1 0.07 0 0.35 0 0.17 

SA2 0.95 0.23 1.52 0 6.2 0 4.25 

SA3 1.26 1.17 0.33 0.98 2.46 0.99 2.05 

SA4 1.75 1.85 1.12 0 6.76 0 2.9 

 

Manganese 
(mg/l) 

Area Mean Median SD Min Max 5th%ile 95th%ile 

SA1 0.01 <0.1 0.05 <0.1 0.21 0 0.14 

SA2 0.12 <0.1 0.21 <0.1 0.86 0 0.62 

SA3 0.08 <0.1 0.23 <0.1 1.11 0 0.64 

SA4 0.19 <0.1 0.28 <0.1 1.2 0 0.7 
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Parameter 
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Ammonia Y   Y       Y 

Nitrate Y   Y       Y 

Nitrite Y   Y       Y 

Molybdate Reactive Phosphorus Y   Y       Y 

Total Phosphorus Y   Y       Y 

Sodium Y   Y       Y 

Sulphate Y     Y     Y 

Calcium Y       Y   Y 

Magnesium Y       Y   Y 

Potassium Y           Y 

Total Organic Carbon Y           Y 

Boron   Y   Y     Y 

Chloride   Y         Y 

Copper   Y         Y 

Fluoride   Y         Y 

Iron   Y         Y 

Manganese   Y         Y 

Nickel   Y         Y 

Zinc   Y         Y 

Cadmium       Y     Y 

Alkalinity         Y   Y 

Hardness         Y   Y 

pH         Y   Y 

Dissolved Oxygen           Y Y 

Electrical Conductivity           Y Y 

Turbidity           Y Y 

Aluminium             N 

Antimony             N 

Arsenic             N 

Barium             N 

Beryllium             N 

Chromium             N 

Cobalt             N 

Lead             N 

Mercury             N 

Silica             N 

Strontium             N 

Uranium             N 
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Appendix E1 

SA1 

Well I.D CX52 CX54 CX53 CX23 CX45 CX43 

Slope Shallow Steep Steep Shallow Steep Shallow 

Well type Bored Bored Bored Bored Bored Bored 

Well age (Yr.) 50 6 6 34 7 12 

Well depth (ft.) 80 120 Unknown 100 130 Unknown 

No. houses supplied 1 1 4 1 1 1 

No. people supplied 4 5 19 2 4 4 

Other uses Farm No No No No No 

Treatment No No No UV+Salt No No 

Source available without 
treatment 

Yes Yes Yes Yes Yes Yes 

Secure boundary (m) 0 0.5 3 2 1 0 

Well liner head 
above/below G. level 

Below Above Above Above Above Below 

Well cover No Yes Yes Yes Yes No 

Well cover type n/a Manhole Pump house Pump house Manhole n/a 

Well cover above/below G. 
level 

n/a Below Above Above Below n/a 

Well cap No No Yes Yes Yes Yes 

Concrete surface pad No No Yes Yes No No 

Road setback (m) 97 31 >100 29 >100 29 

Slope regards to well DG UG n/a UG n/a Level 

No. of other working wells 
within 100m 

2 0 0 1 0 3 

Point ag. cont. source 
within 100m of well 

Yes No No No No Yes 

Distance to ag. point source 0 n/a n/a n/a n/a 93 

No. DWWTS 100m 
(Including own) 

4 5 4 2 1 6 

DWWTS type 
      

DWWTS setback dist. (M) 30 25 60 30 35 30 

Percolation area setback 
distance (m) 

30 30 70 35 45 35 

P.e. 4 5 6 2 4 4 

Age 20 7 6 34 8 12 

Evidence of malfunction No No No No No No 

Slope with regards to well DG DG DG DG DG UG 
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SA2 

Well I.D BL25 BL44 BL32 BL43 BL16 BL37 

Slope Shallow Shallow Steep Flat Steep Shallow 

Well type Bored Bored Bored Bored Bored Bored 

Well age (Yr.) 15 15 9 12 15 12 

Well depth (ft.) 120 110 150 Unknown Unknown Unknown 

No. houses supplied 1 1 1 1 1 1 

No. people supplied 4 4 4 2 5 6 

Other uses No No No No No No 

Treatment No No Salt No No Salt 

Source available without 
treatment 

Yes Yes No Yes Yes No 

Secure boundary (m) 0 0 2 2 2 0 

Well liner head 
above/below G. level 

Above Above Above Above Above Level 

Well cover No No Yes Yes Yes No 

Well cover type n/a n/a 
Pump 
house 

Pump 
house 

Pump 
house 

n/a 

Well cover above/below G. 
level 

n/a n/a Above Above Above n/a 

Well cap No No No Yes Yes Yes 

Concrete surface pad No No Yes Yes Yes No 

Road setback (m) 25 58 75 77 20 51 

Slope regards to well UG Level DG DG UG Level 

No. of other working wells 
within 100m 

3 1 4 1 4 1 

Point ag. cont. source 
within 100m of well 

No No No No No No 

Distance to ag. point source n/a n/a n/a n/a n/a n/a 

No. DWWTS 100m 
(Including own) 

4 2 2 2 5 2 

DWWTS type 
      

DWWTS setback dist. (M) 45 30 45 40 54 60 

Percolation area setback 
distance (m) 

50 45 50 45 60 70 

P.e. 4 4 4 2 5 6 

Age 15 15 9 12 15 12 

Evidence of malfunction No Yes No No No No 

Slope with regards to well UG Level DG DG DG Level 

 

 

 

 

 

 



 

388 
 

SA3 

Well I.D KX13 KX29 KX4 KX38 KX10 KX31 

Slope Shallow Shallow Shallow Steep Shallow Shallow 

Well type Bored Bored Bored Bored Bored Bored 

Well age (Yr.) 2 5 32 8 10 13 

Well depth (ft.) Unknown 400 120 180 300 Unknown 

No. houses supplied 1 1 1 1 1 1 

No. people supplied 2 5 3 4 4 6 

Other uses No No No No No No 

Treatment Salt Salt Salt Salt UV+Salt Salt 

Source available without 
treatment 

Yes Yes No Yes Yes Yes 

Secure boundary (m) 0 10 3 1.5 3 0.5 

Well liner head 
above/below G. level 

Above Above Above Above Above Above 

Well cover Yes Yes Yes Yes Yes Yes 

Well cover type Manhole Pump house Pump house Manhole Pump house Manhole 

Well cover above/below G. 
level 

Below Above Above Below Above Below 

Well cap Yes No Yes No Yes No 

Concrete surface pad No Yes Yes Yes Yes No 

Road setback (m) 40 35 24 45 98 8 

Slope regards to well DG UG Level DG DG Level 

No. of other working wells 
within 100m 

0 0 0 0 0 1 

Point ag. cont. source 
within 100m of well 

No Yes No No No No 

Distance to ag. point source n/a 5 n/a n/a n/a n/a 

No. DWWTS within 100m 1 1 1 1 1 2 

DWWTS type 
      

DWWTS setback dist. (M) 45 45 25 30 60 20 

Percolation area setback 
distance (m) 

50 50 30 35 65 25 

P.e. 2 5 3 4 4 6 

Age 3 5 10 8 13 13 

Evidence of malfunction No No No No No No 

Slope with regards to well Level Level DG DG DG Level 
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SA4 

Well I.D CL2 CL30 CL44 CL9 CL11 CL22 

Slope Shallow Shallow Shallow Steep Shallow Shallow 

Well type Dug Bored Bored Bored Bored Bored 

Well age (Yr.) 100 22 16 10 10 25 

Well depth (ft.) 3 Unknown 180 100 Unknown Unknown 

No. houses supplied 0 1 1 1 1 1 

No. people supplied 0 1 3 3 5 7 

Other uses Farm No No No No No 

Treatment No No No No No Salt 

Source available without 
treatment 

Yes Yes Yes Yes Yes No 

Secure boundary (m) 0 0.5 0 0.5 2 1 

Well liner head 
above/below G. level 

Level Above Below Above Above Level 

Well cover No No No Yes Yes Yes 

Well cover type n/a n/a n/a Manhole Manhole 
Pump 
house 

Well cover above/below G. 
level 

n/a n/a n/a Below Below Above 

Well cap No No No No No No 

Concrete surface pad No No No No Yes Yes 

Road setback (m) >100 22 55 5 18 >100 

Slope regards to well n/a DG Level UG UG n/a 

No. of other working wells 
within 100m 

0 4 0 2 1 1 

Point ag. cont. source 
within 100m of well 

Yes No No No No Yes 

Distance to ag. point source 15 n/a n/a n/a n/a 32 

No. DWWTS 100m 
(Including own) 

0 5 1 2 2 1 

DWWTS type 
      

DWWTS setback dist. (M) 45 20 45 45 40 25 

Percolation area setback 
distance (m) 

45 25 45 50 45 25 

P.e. 0 1 3 3 5 7 

Age 55 22 16 10 10 31 

Evidence of malfunction No No No No No No 

Slope with regards to well DG Level Level DG DG UG 
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SA1 Monitoring Well Location & Likelihood of Inadequate Percolation 
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SA3 Monitoring Wells & Likelihood of Inadequate Percolation 
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Appendix E3 

 

SA1 

Site I.D. CX23 CX45 CX43 CX52 CX53 CX54 

Temperature (°C) 11.7 11.4 11.6 11.5 11.8 12.0 

Conductivity (µS cm-1) 269 218 186 276 306 240 

pH 7.0 5.3 5.7 5.5 5.8 6.1 

Chloride (mg/l) 15.9 16.9 18.2 31.4 27.2 17.7 

Nitrate-N (mg/l) 6.1 13.9 6.4 8.3 14.8 10.0 

Ammonium (mg/l)  <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 

Sulphate (mg/l) 19.0 7.8 9.8 18.4 13.8 14.9 

Alkalinity (mg/l CaCO3) 71.9 15.6 34.9 34.4 37.0 43.3 

Ca (mg/l) 30.3 9.2 9.3 7.9 20.7 18.4 

Fe (mg/l) 0.12 0.12 0.13 0.13 0.12 0.12 

K (mg/l) 0.8 0.8 0.8 10.3 2.6 1.0 

Mg (mg/l) 7.3 10.4 8.9 11.7 10.6 8.8 

Mn (mg/l) <0.1 <0.1 <0.1 <0.1 <0.1 <0.1 

Na (mg/l) 10.6 11.2 12.9 18.1 18.0 13.7 

 

 

SA2 

Site I.D. BL16 BL25 BL32 BL37 BL43 BL44 

Temperature (°C) 12.2 12.5 12.1 11.9 11.5 12.0 

Conductivity (µS cm-1) 354 720 762 364 331 460 

pH 7.2 7.0 7.3 7.3 7.0 7.1 

Chloride (mg/l) 20.9 35.8 43.3 19.2 18.8 22.8 

Nitrate-N (mg/l) 1.1 n/a n/a n/a n/a n/a 

Ammonium (mg/l) <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 

Sulphate (mg/l) 16.1 18.1 18.6 9.8 10.2 17.7 

Alkalinity (mg/l CaCO3) 142.3 361.0 360.3 169.1 142.1 216.9 

Ca (mg/l) 31.2 87.1 0.8 5.7 21.4 23.7 

Fe (mg/l) 0.12 0.13 0.13 0.26 0.26 0.12 

K (mg/l) 2.0 2.3 1.0 1.2 2.8 3.2 

Mg (mg/l) 9.7 23.2 1.1 3.8 10.7 9.8 

Mn (mg/l) <0.01 <0.01 <0.01 0.1 <0.01 0.4 

Na (mg/l) 26.7 40.9 199.0 77.6 30.5 56.3 
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SA3 

Site I.D. KX4 KX10 KX13 KX29 KX31 KX38 

Temperature (°C) 11.7 11.6 11.5 11.4 11.8 11.6 

Conductivity (µS cm-1) 968 1166 775 774 597 237 

pH 7.3 7.0 7.0 6.8 7.1 6.6 

Chloride (mg/l) 97.1 191.7 42.4 33.8 18.8 16.1 

Nitrate-N (mg/l) 3.8 6.3 3.9 5.1 2.4 n/a 

Ammonium (mg/l) <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 

Sulphate (mg/l) 24.9 14.7 8.5 30.4 15.2 5.8 

Alkalinity (mg/l CaCO3) 364.6 291.6 360.0 336.7 290.3 101.1 

Ca (mg/l) 0.8 151.9 128.7 118.5 104.8 11.4 

Fe (mg/l) 0.11 0.12 0.11 0.11 0.11 0.71 

K (mg/l) 0.6 2.4 4.7 17.3 1.0 1.0 

Mg (mg/l) 0.0 4.1 11.2 6.2 9.4 10.5 

Mn (mg/l) <0.1 <0.1 <0.1 <0.1 <0.1 0.8 

Na (mg/l) 216.2 69.8 19.9 34.9 13.1 20.4 

 

 

SA4 

Site I.D. CL2 CL9 CL11 CL22 CL30 CL44 

Temperature (°C) 11.1 11.8 11.7 11.7 11.5 12.4 

Conductivity (µS cm-1) 560 583 475 595 711 496 

pH 6.4 7.2 7.1 7.6 7.0 6.9 

Chloride (mg/l) 36.9 29.4 15.9 13.0 23.7 14.3 

Nitrate-N (mg/l) 7.2 n/a 7.8 n/a 1.2 n/a 

Ammonium (mg/l) <0.05 <0.05 <0.05 <0.05 <0.05 <0.05 

Sulphate (mg/l) 42.9 31.0 23.8 46.1 37.8 23.1 

Alkalinity (mg/l CaCO3) 153.0 242.0 174.3 253.1 313.0 229.6 

Ca (mg/l) 58.8 65.7 72.9 0.0 102.8 59.9 

Fe (mg/l) 0.13 0.13 0.12 0.11 0.11 0.12 

K (mg/l) 28.0 2.0 2.2 0.6 1.5 2.0 

Mg (mg/l) 10.4 22.9 7.4 0.0 15.2 13.0 

Mn (mg/l) <0.1 <0.1 <0.1 <0.1 <0.1 0.2 

Na (mg/l) 14.1 17.7 9.8 137.4 22.7 24.4 

 

 


